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DISCLAIMER 

This report was prepared as an account of work sponsored by an agency of the United States 
Government.  Neither the United States Government nor any agency thereof, nor any of their 
employees, makes any warranty, express or implied, or assumes any legal liability or responsibility 
for the accuracy, completeness, or usefulness of any information, apparatus, product, or process 
disclosed, or represents that its use would not infringe privately owned rights.  Reference herein to 
any specific commercial product, process, or service by trade name, trademark, manufacturer, or 
otherwise does not necessarily constitute or imply its endorsement, recommendation, or favoring 
by the United States Government or any agency thereof.  The views and opinions of authors 
expressed herein do not necessarily state or reflect those of the United States Government or any 
agency thereof. 
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ABSTRACT 

This document serves as the final report for the project “Atmospheric Aerosol Source-Receptor 
Relationships:  The Role of Coal-Fired Power Plants” supported by the US Department of Energy.  
The project involved measurement of the ambient fine particle concentrations in the Pittsburgh 
metropolitan area, development of source profiles for important source classes in the Pittsburgh 
region, source apportionment using statistical and deterministic air quality models, and 
investigation of the response in ambient fine particle concentrations to changes in emissions.  The 
project was led by Carnegie Mellon University in collaboration with universities, companies, 
national laboratories, and regional, state and local air quality agencies.  This report describes the 
overall approach of the project and its major findings. 
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EXECUTIVE SUMMARY 

With support from the US Department of Energy and the US Environmental Protection 
Agency, Carnegie Mellon University is conducting detailed studies of the ambient particulate 
matter in the Pittsburgh, PA metropolitan area – the Pittsburgh Air Quality Study (PAQS).  The 
research was conducted by an integrated team of engineers and scientists from universities, 
companies, national laboratories, and regional, state and local air quality agencies.  This document 
is the final technical report for the DOE-supported component of the project.  Major activities of 
the project included: 

• Measurements of ambient air quality at a central monitoring site located in an urban park in 
Pittsburgh, PA and five satellite sites located in Pittsburgh, Southwestern Pennsylvania, and 
Eastern Ohio.  Baseline monitoring took place over a fourteen month period that began July 1, 
2001 and provided data for a wide variety of PM physical and chemical characteristics, 
gaseous species, fogwater and biological aerosol composition, and meteorological parameters. 
Two intensive sampling periods from July 1 to August 3, 2001 (ESP 01) and January 1 to 
January 15, 2002 (ESP 02) involved an increase in temporal resolution of many of the baseline 
measurements as well as measurements of size resolved aerosol composition, speciated organic 
composition and particle morphology, as well as semi-continuous aerosol metal composition 
and gaseous volatile organic compound (VOC) species. 

• Measurement of source profiles for important sources in the Pittsburgh region.  Profiles for 
emissions from motor vehicles, coke production, coal combustion, paved road dust, and 
vegetative detritus were developed through a combination of source testing, fenceline 
measurements, and analysis of highly time resolved data collected at the central site. 

• Source apportionment of the ambient aerosol using statistical and deterministic air quality 
models. 

• Predictions of three-dimensional aerosol chemical transport model, PMCAMx+, were 
compared to highly time-resolved measurements collected in Pittsburgh and to spatially 
resolved measurements by the EPA STN and IMPROVE networks.  The model was used to 
predict the response of ambient PM concentrations to changes in emissions. 

Major findings of the project include: 

• The annual average PM2.5 concentration (July 1, 2001 through June 30, 2002) was 15.8 µg m-3, 
indicating that the region will likely violate the annual average National Ambient Air Quality 
Standard for PM2.5 (15 µg m-3). The daily average PM2.5 standard (65 µg m-3) was never 
exceeded during the approximately 400 days of measurements during PAQS.  However, on 9 
days the daily average PM2.5 concentration was greater than 50 µg m-3.  All 9 days occurred 
during the summer months of 2001 and 2002. Roughly half of the episodes were due to high 
sulfate concentrations while the other half were mainly due to high organic matter 
concentrations. 

• Seasonal variations in PM2.5 mass and composition in Western Pennsylvania are driven by 
differences in the seasonal variations of organic carbon and sulfate, with sulfate being 
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dominant in the summer and organic matter and sulfate showing similar concentrations in the 
cooler months. In the cooler months, nitrate also is important and approximately equal to about 
half the sulfate concentration on average. 

• During the study roughly 90% of the PM2.5 concentration came from areas outside Pittsburgh.  
There are important local sources of fine particulate metals, and roughly half of the particle 
number concentration was due to local transportation sources. 

• Emissions from coal-fired power plants contribute significantly to PM2.5 concentrations in 
Pittsburgh. The vast majority of this contribution is to secondary sulfate which represents 38% 
of annual average PM2.5 mass. 

• Direct emissions of PM2.5 mass from coal-fired plants is a minor source to fine particle mass, 
estimated to contribute on average 0.25 µg m-3 to the PM2.5 mass in Pittsburgh (or 1.5% of 
annual average PM2.5). 

• No major enhancement of the organic aerosol concentration is observed during periods with 
elevated inorganic acidity. If we assume a causal relationship between inorganic acidity and 
OC, reductions in OC for Western Pennsylvania that might result from reductions in inorganic 
acidity were estimated to be 2±4% based on regression analysis of the ambient data with an 
upper bound of 5±7% based on calculations from laboratory measurements. 

• Dilution sampler measurements indicate that organic and elemental carbon contributes less 
than 5% of the PM2.5 mass directly emitted from coal-fired power plants. In addition, the 
majority of the OC emissions appear to be sampling artifacts. 

• A three-dimensional aerosol chemical transport model (PMCAMx+) was used to investigate 
the sensitivity of PM2.5 mass to changes in SO2, NOx and NH3 emissions in both the summer 
and winter. The model was evaluated by comparing predictions to daily measurements made 
by EPA STN and IMPROVE monitoring networks during July 2001, October 2001, January 
2002 and April 2002. The average fractional bias of the model predictions during each of these 
periods was less than 30% for most aerosol species. 

• During the summer (July 2001), a 50% reduction in SO2 emissions is predicted to lead to 
reductions of the average PM2.5 levels by 3-5 µg m-3, which corresponds to 20-30% reduction 
in PM2.5 mass across much of the Eastern US. During the winter (January 2002), a 50% 
reduction in SO2 emissions is predicted to reduce ambient PM2.5 mass by up to 1.5 µg m-3. The 
Southeastern US is predicted to benefit the most from wintertime controls on SO2 emissions 
while changes in PM2.5 mass in the Northeastern US are rather small (less than 0.5 µg m-3 for a 
50% reduction in SO2 emissions) mainly because the sulfate reduction is balanced by an 
increase in nitrate. Therefore, SO2 emission controls are most effective in the summer. 

• During the summer (July 2001), a 50% reduction in NOx emissions is predicted to reduce PM2.5 

levels by as much as 2 µg m-3
 in the Midwest, Pennsylvania, and parts of the South. These 

changes correspond to reductions of PM2.5 of 5-15% in most of the Eastern US. During the 
wintertime (January 2002), PMCAMx predicts that a 50% reduction of NOx emissions can 
lead to average reductions in particulate nitrate of 0.4 to 0.8 µg m-3. 
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• During the summer (July 2001), a 50% reduction in NH3 emissions is predicted to reduce 
PM2.5 levels by up 1.5 µg m-3, which corresponds to 5 to 10% of the PM2.5 mass in the Eastern 
US. Similar levels of reduction are predicted for winter, indicating that changes in ammonia 
emissions represent an interesting emission control strategy. 

• During the summer (July 2001), a simultaneous 50% reduction in both SO2 and NOx emissions 
is predicted to lead to reductions of the average PM2.5 levels during July by 3-9 µg m-3, which 
corresponds to a 20% of the PM2.5 in the large urban areas and more than 40% in rural areas of 
both the Northeast and Southeast US.  Substantial reductions in PM2.5 are also predicted for the 
winter for control scenarios which simultaneously reduce SO2 and NOx emissions. 

• Regional scale formation of ultrafine particles (nucleation) takes place in Western 
Pennsylvania on 30% of the days of the year during all seasons, but it is most frequent in fall 
and spring and least frequent in winter. Regional nucleation is most common on sunny days 
with below average PM2.5 concentrations.  The frequent nucleation events can be explained by 
a ternary sulfuric acid-ammonia-water nucleation model. 

• As of April 2006, the findings of this study have been described in fifty papers either already 
published or submitted to peer-reviewed journals.  The ambient data collected by the project 
are available in publicly accessible on-line relational databases. 
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EXPERIMENTAL 

Activity 2. Ambient Monitoring 

The purpose of this activity is to create an extensive database of ambient PM measurements for 
source apportionment, examination of aerosol processes, evaluation of instrumentation, and air 
quality model development and evaluation.  The central monitoring site was located on a grassy 
hill in Schenley Park, located roughly 6 kilometers east of downtown Pittsburgh. The site is more 
than several hundred meters from any major source of air pollution, and roughly one kilometer of 
parkland exists between the site and the city in the predominant upwind direction (south and west). 
The site was positioned approximately 50 meters past the end of a dead end street, and several 
hundred meters from the nearest heavily traveled street (Forbes Avenue). Sampling equipment was 
housed in a 33 square meter air pollution monitoring station, with some samplers and sampler 
inlets on the station rooftop. The location of the central site in relation to the downtown Pittsburgh 
area and a picture of the central site are shown in Figure 1. 

 
 
Figure 1. Map of Pittsburgh showing the approximate location of the central site (indicated by a 
star) and a photograph of the site from the northwest. 

 

Figure 2 shows the location of satellite sites used during the site.  The PAQS team operated 
satellite sites in five locations. Satellite sites located in Florence, PA and Greensburg, PA were 
maintained by the Pennsylvania Department of Environmental Protection (PA DEP). The Florence 
site was about 50 kilometers west of the main site in a rural area with no nearby sources. The 
Greensburg site was about 50 kilometers east of the main site in a suburban area, close to a heavily 
traveled road but otherwise in an area of only moderate traffic and few stationary sources. Satellite 
sites were also located in the Lawrenceville and Hazelwood neighborhoods of the City of 
Pittsburgh, and were maintained by the Allegheny County Health Department (ACHD). The final 
satellite site was located in Athens, Ohio, and operated by Ohio University. Additional air quality 
measurements were conducted concurrently by others at the NETL laboratories, approximately 15 
kilometers south of downtown Pittsburgh, at Holbrook, PA and at Steubenville, OH. Table 1 lists 
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the latitude, longitude, and elevation of these sites. In addition to the ground-based measurements, 
two aircraft provided air quality and meteorological data aloft during the intensive periods. R. B. 
Jacko and Associates, Inc. operated a Cessna 210 Turbo Centurion and the University of Maryland 
operated a Piper 23-250 Aztec-F. 

 

 
Figure 2. Map of the Pittsburgh region showing the approximate location of the central site, the 
Florence, Lawrenceville, Hazelwood, Greensburg, and Athens satellite sites, and the NETL, 
Holbrook, and Steubenville sites independently operated by other researchers during PAQS. 
 

Baseline monitoring took place over a fourteen month period that began July 1, 2001 and 
provided data for a wide variety of PM physical and chemical characteristics, gaseous species, 
fogwater and biological aerosol composition, and meteorological parameters. Two intensive 
sampling periods from July 1 to August 3, 2001 (ESP 01) and January 1 to January 15, 2002 (ESP 
02) involved an increase in temporal resolution of many of the baseline measurements as well as 
measurements of size resolved aerosol composition, speciated organic composition and particle 
morphology, as well as semi-continuous aerosol metal composition and gaseous volatile organic 
compound (VOC) species. The frequency, resolution, and dates over which each method was used 
at the central site are summarized in Table 1. Quality control procedures used to verify the 
measurements are presented in Appendix A.  

Measurements of PM2.5 aerosol mass, inorganic ions, organic and elemental carbon, and metal 
concentrations were obtained at the satellite sites during both intensive periods. The sampling 
period of measurements at each of the satellite sites is summarized in Table 3. Two additional 
special experiments were performed at the Florence, PA satellite site during January and July of 
2002. One experiment involved the collection of 24 hour integrated PM2.5 organic speciation 
samples and the second experiment involved 10 minute resolution measurement of the aerosol size 
distribution from 0.012 to 0.28 µm. Aircraft high time resolution measurements of meteorology, 
aerosol properties, and gas-phase species were obtained during select days of July and August 
2001 and 2002. The Jacko aircraft conducted 4 flights in 2 days over Pittsburgh, PA (July 23, 2001 
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and August 2, 2001). The Maryland aircraft conducted ten flights in July and August of 2001 and 
2002 over the western PA region (six of the flights conducted measurements above Pittsburgh, 
PA). 

The ambient data from this project have been submitted to the NARSTO database for 
permanent archive (http://cdiac.esd.ornl.gov/programs/NARSTO/access.htm).  The data are also 
available in two publicly available online databases: the EPA-supported Supersites relational 
database (http://supersitesdata.umd.edu/) and the DOE-supported relational database 
(http://www.pmdata.org/). 

 
Table 1. Locations of ambient measurements collected during PAQS.  
 

Site name Group Latitude/Longitude 
(decimal degrees) Period 

Central site CMU 40.4395 / -79.9405 6/30/01-7/31/02 

Satellite sites    
Hazelwood, PA CMU/ACHD 40.4124 / -79.9424 6/30-7/30/01, 1/2-1/22/02 
Lawrenceville, PA CMU/ACHD 40.4432 / -79.9595 6/30-7/30/01, 1/2-1/22/02 
Florence, PA CMU/DEP 40.4454 / -80.4212 

 
6/30-7/30/01, 1/2-1/22/02 
1/3-1/22/02, 7/14-8/3/02 1 
2/24/02 to 3/28/02 2 

Greensburg, PA CMU/DEP 40.3043 / -79.5059 6/30-7/30/01, 1/2-1/22/02 
Athens, OH Ohio Univ. 39.3283 / -82.9067 6/30 – 8/8/01 

Aircraft    
Cessna Jacko Various 7/6-8/2/01 
Piper UM Various 7/6-8/1/01, 7/2-8/4/02 

Non-PAQS sites     
NETL NETL 40.3065 / -79.9794 6/30 – 8/8/01 
Holbrook, PA ATS 39.8160 / -80.2850 6/30 – 8/8/01 
Steubenville, OH CONSOL 40.3617 / -80.6147 6/30 – 8/8/01 

Groups – ACHD: Allegheny County Health Department; ATS: Advanced Technology Systems; DEP: Pennsylvania 
Department of Environmental Planning; NETL: National Energy and Technology Laboratory; UM: University of 
Maryland; Jacko: R. B. Jacko and Associates. 

Central site measurements – See Table 2. 

Satellite site measurements – PM2.5 mass, PM2.5 elements, and PM2.5 ammonium, nitrate, potassium, sodium, sulfate, 
elemental carbon, and organic carbon. 1 A PM2.5 quartz-PUFF organic sampler was used to measure 24 hour organic 
aerosol concentrations on 17 days within the stated range. 2 Particle sizing instruments (TSI 3071 DMA and 3010 
CPC) were used to measure 10 minute aerosol size distribution semi-continuously from 0.012 to 0.280 µm. 
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Table 2. Summary of PAQS ambient measurements. 
 
Observable 
 

Method Group Resolution Frequency Period of Operation 

Aerosol Mass  
PM10 mass  
PM2.5 mass  
PM2.5 mass  
PM2.5 mass  
PMx mass 
PMx mass 
 

 
Dichotomous sampler with gravimetry 
Dichotomous sampler with gravimetry 
Federal Reference Method sampler with gravimetry 
R&P 1400A TEOM monitor with SES 
MOUDI sampler with gravimetry 
MOUDI sampler with gravimetry 

 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 

 
24 hr 
24 hr 
24 hr 
10 min 
24 hr 
8 hr 

 
Daily 
Daily 
Daily 
Continuous 
Daily 
3 per day 

 
7/1/01-7/1/02 
7/1/01-7/1/02 
7/1/01-7/1/02 
7/1/01-9/1/02 
7/1/01-7/1/02 * 
7/22-25/01, 7/31-8/3/01 
 

Aerosol Size Distribution  
Aerosol number distribution  
Aerosol surface area distribution  
Aerosol surface area distribution  
Aerosol volume distribution  
 

 
TSI ultra fine SMPS, SMPS and APS 
TSI ultra fine SMPS, SMPS and APS 
Epiphaniometer 
TSI ultra fine SMPS, SMPS and APS 
 

 
CMU 
CMU 
PSI 
CMU 

 
10 min 
10 min 
30 min 
10 min 
 

 
Continuous 
Continuous 
Continuous 
Continuous 

 
7/1/01-7/1/02 
7/1/01-7/1/02 
6/11/01-9/18/01  
7/1/01-7/1/02 

Aerosol Chemical Composition 
PM2.5 inorganic ions  
PM2.5 inorganic ions 
PMx inorganic ions  
PMx inorganic ions 
PM10 elements  
PM2.5 elements  
PMx elements  
PMx elements  
PM2.5 organic and elemental carbon  
PM2.5 organic and elemental carbon 
PM2.5 organic and elemental carbon 
PM2.5 organic and elemental carbon 
PM2.5 organic and elemental carbon 
PMx organic and elemental carbon  
PMx organic and elemental carbon 
PM2.5 speciated organics  
PM2.5 speciated organics 
PM2.5 speciated organics 
PM2.5 biological material  
 

 
CMU sampler with IC analysis 
CMU sampler with IC analysis 
MOUDI sampler with IC analysis 
MOUDI sampler with IC analysis 
Hi-Vol sampler with ICP-MS analysis  
Hi-Vol sampler with ICP-MS analysis 
MOUDI sampler with ICP-MS analysis 
MOUDI sampler with ICP-MS analysis 
CMU TQQQ sampler with TOT analysis 
CMU TQQQ sampler with TOT analysis  
CMU denuded organic sampler with TOT analysis 
CMU denuded organic sampler with TOT analysis  
MOUDI sampler with TOT analysis 
MOUDI sampler with TOT analysis 
BYU PC-BOSS 
LPI sampler with FTIR analysis 
CMU organic speciation sampler 
CMU organic speciation sampler 
Epi-fluorescent microscopy with assays 

 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
BYU 
CMU 
FIU 
FIU 
UC 

 
24 hr 
4 – 6 hr  
24 hr 
8 hr  
24 hr  
24 hr 
24 hr 
8 hr 
24 hr 
4 – 6 hr  
24 hr 
24 hr 
24 hr 
8 hr  
24 hr 
24 hr 
24 hr 
24 hr 
24 hr 

 
Daily 
5 per day 
Daily 
3 per day 
Daily 
Daily 
Daily 
3 per day  
Daily 
5 per day 
6th day 
Daily 
Daily  
3 per day  
Daily 
Daily 
6th Day 
Daily 
Daily 

 
7/1/01-7/1/02 * 
ESP01 Intensive  
7/1/01-7/1/02 * 
7/22-25/01, 7/31-8/3/01 
7/12/01-8/02/02 
7/11/01-9/30/02 
ESP01, ESP02 Intensives* 
7/22-25/01, 7/31-8/3/01 
7/1/01-7/31/02 * 
ESP01 Intensive  
7/1/01-6/1/02 * 
ESP01, ESP02 Intensives  
ESP01 Intensive * 
7/22-25/01, 7/31-8/3/01 
ESP01, ESP02 Intensives 
ESP01, ESP02 Intensives 
7/1/01-7/1/02 * 
ESP01, ESP02 Intensives  
7/7/01-7/1/02  
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Table 2. Summary of PAQS measurements, continued. 
 
 
Observable 
 

Method Group Resolution Frequency Period of Operation 

Aerosol Chemical Composition, continued     
PM2.5 nitrate  
PM2.5 sulfate  
PM2.5 carbon  
PM2.5 carbon  
PM2.5 water soluble ions  
PM2.5 water soluble ammonium  
PM1.3 metals  
PM1.0 size resolved composition  
 

R&P 8400N with flash volatilization 
R&P 8400S with flash volatilization 
ADI monitor with flash volatilization 
Denuded Sunset Labs in situ TOT analyzer 
Khylstov steam sampler with IC analysis 
Ammonium online detector  
SEAS with GFAA analysis 
Aerodyne Mass Spectrometer (AMS) 

ADI 
ADI 
ADI 
RU 
CMU 
CMU 
UMD  
UC, AERODYNE 

10 min 
10 min 
30 min 
2 – 4 hr 
1 – 2 hr 
10 min 
30 min 
5 min 

Semi-continuous 
Semi-continuous 
Semi-continuous 
Semi-continuous 
Semi-continuous 
Continuous 
Semi-continuous 
Semi-continuous 

7/1/01-8/1/02 
7/1/01-9/1/02 
1/1/02-9/1/02 
7/1/01-9/1/02 
7/1/01-9/21/02 
7/1/01-9/21/02 
7/8-8/10/01, 3/29-4/17/02 
9/6/02-9/21/02 

Aerosol Characteristics 
Particle light scattering  
Particle hygroscopicity  
Cloud condensation 

 
Optec NGN-3 ambient nephelometer 
CMU DAASS 
DH Associates M1 CCN 

 
CMU 
CMU 
CMU 

 
10 min 
1 hr 
4 hr 

 
Continuous 
Semi-continuous 
Semi-Continuous 

 
7/16/01-6/30/02 
7/1-8/31/01, 1/1-7/1/02 
9/01 
 

Single Particle Characteristics  
Single particle polar organics  
Single particle ion composition  
Particle morphology  

 
RSMS-III 
RSMS-III 
Nuclepore filter with SEM 

 
UCD, UD 
UCD, UD 
RJL 
 

 
10 min 
10 min 
24 hr 

 
Semi-continuous 
Semi-continuous 
Daily 

 
9/20/01-10/1/02 
9/20/01-10/1/02 
ESP01, ESP02 Intensives 

Gaseous Species 
Light (C2-C12) hydrocarbons  
Light (C2-C12) hydrocarbons  
All hydrocarbons 
CO  
SO2  
NO and NO2  
O3  
Water soluble inorganic gases  
Inorganic gases  
Inorganic gases 
Total soluble peroxides 
Hydrogen and organic peroxides 
 

 
Canister with GC-FID analysis 
Canister with GC-FID analysis  
UCB GC-FID/MSD 
API 300 infrared absorption 
API 100A pulsed fluorescence 
API 200A chemiluminescence 
API 400A UV absorption 
Khlystov steam sampler with IC analysis 
CMU sampler with IC analysis 
CMU sampler with IC analysis   
CSU monitor 
CSU monitor 

 
CMU 
CMU 
UCB 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CSU 
CSU 

 
24 hr 
24 hr 
1 hr 
10 min 
10 min 
10 min 
10 min 
1 – 2 hr 
24 hr 
4 – 6 hr   
1 hr 

1 hr 

 
3rd day  
Daily 
Semi-Continuous 
Continuous 
Continuous 
Continuous 
Continuous 
Semi-Continuous 
Daily 
5 per day 
Continuous  
Continuous 

 
9/1/01-7/31/02 * 
ESP02 Intensive 
1/9-2/12, 7/10-8/10/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/21/02 
7/1/01-7/1/02 * 
ESP01 Intensive 
7/1/01-8/18/02 * 
ESP01, ESP02 Intensives 
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Table 2. Summary of PAQS measurements, continued. 
 
 
Observable 
 

Method Group Resolution Frequency Period of Operation 

Fog 
Fog composition  
 

 
CASCC2 collector with IC, TOC, and pH analyses 

 
CSU 

 
Per event 

 
8 events 
captured 

 
7/1/01-9/1/02 
 

Meteorology 
Wind speed/direction  
Temperature  
Relative humidity  
UV solar radiation  
Total solar radiation  
Precipitation  
Pressure  
 

 
Met One 014A wind vane and cup anemometer 
Campbell HMP45C thermistor-based sensor 
Campbell HMP45C capacitance thin film sensor  
Kipp & Zonen CUV3 broadband UV radiometer  
Kipp & Zonen CM3 pyranometer  
Met One 370 rain gauge  
Campbell CS105 Aneroid barometer 

 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
CMU 
 

 
10 min 
10 min 
10 min 
10 min 
10 min 
10 min 
10 min 
 

 
Continuous 
Continuous 
Continuous 
Continuous 
Continuous 
Continuous 
Continuous 
 

 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
7/1/01-9/1/02 
 

 

Groups – ADI: Aerosol Dynamics, Inc.; BYU: Brigham Young University; CMU: Carnegie Mellon University; CSU: Colorado State University; FIU: Florida 
International University; PSI: Paul Scherrer Institute; RJL: R. J. Lee Instruments, RU: Rutgers University; UC: University of Colorado; UCD: University of 
California at Davis; UD: University of Delaware; UMD: University of Maryland; UW: University of Wisconsin. 

Methods – APS: Aerodynamic Particle Sizer; CASCC2: Caltech Active Strand Cloudwater Collector; DAASS: Dry-Ambient Aerosol Size Spectrometer; FRM: 
Federal Reference Method; TEOM with SES: Tapered Element Oscillating Microbalance with a Sample Equilibration System; FTIR: Fourier Transform Infra Red 
spectrometry; GC-FID: Gas Chromatography with Flame Ionization Detection; IC: Ion Chromatography; ICP-MS: Inductively Coupled Plasma Mass Spectrometry; 
LPI: Low Pressure Impactor; R&P: Rupprecht and Patashnick; RSMS: Rapid Single-particle Mass Spectrometer; SEAS: Semi-continuous Environmental Aerosol 
Sampler; SEM: Scanning Electron Microscopy; SMPS: Scanning Mobility Particle Sizer; TOC: Total Organic Carbon; TOT: Total Optical Transmittance. 

Period of operation – ESP01 Intensive: July 1, 2001 – August 3, 2001; ESP02 Intensive: January 1, 2002 – January 15, 2002; * Except during periods when samples 
were collected at a higher time resolution. 
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PM Mass Characterization. Integrated samples of PM2.5 mass were collected 
onto Teflon filters using a Partisol®-Federal Reference Method (FRM) Model 2000 
PM2.5 Air Sampler (Rupprecht & Patashnick, Albany, NY). Integrated samples of PM2.5 
and PM10 mass were also collected on Teflon filters using a Dichotomous (Dichot) 
sampler (Thermo Andersen, Model 241). Both samplers were operated using standard 
procedures (USEPA, 1998). A Micro-Orifice Uniform Deposit Impactor (MOUDI) (MSP 
Corp., Model 110) was used to collect time-integrated samples of particles in several size 
ranges on Teflon substrates using standard procedures (MSP Corp., 1998). This permitted 
estimates of concentrations of particles with diameters less than x µm (PMx). The PMx 
estimates included mass concentrations of particles with diameters less than 2.5, 1.8, 1.0, 
0.56, 0.32, 0.18, 0.10, and 0.056 µm. The FRM, Dichot, and MOUDI filters were 
analyzed for mass concentration by gravimetric analysis using standard protocols (Code 
of Federal Regulations, 2002) in a humidity-controlled equilibration chamber in the 
CMU Air Quality Laboratory.  

Semi-continuous PM2.5 mass was measured using a Tapered Element Oscillating 
Microbalance (TEOM) monitor with a Sample Equilibration System (SES) (Rupprecht 
and Patashnick, Model 1400A). The Pallflex tapered element was maintained at a 
collection temperature of 30 °C.   

PM Size Distributions. A suite of particle sizing instruments that included a nano-
Scanning Mobility Particle Sizer (SMPS) (TSI, Inc., Model 3936N25), standard SMPS 
(TSI, Inc., Model 3936L10), and Aerodynamic Particle Sizer (APS) (TSI, Inc., Model 
3320) were used to measure particle number size distributions semi-continuously for 
particles from 0.003 to 10 µm (Stanier, Khlystov et al. 2004). The separate overlapping 
distributions from these instruments were combined, after inversion, by using the nano-
SMPS data up to 0.03 µm, the SMPS data from 0.03 to 0.6 µm, and the APS data 
beginning at 0.6 µm. Aerodynamic diameters measured by the APS were converted to 
mobility diameters prior to combining data using an effective density and a least-squares 
fitting algorithm (Khlystov, Stanier et al. 2004). 

PM Inorganic Ions. Integrated samples of PM10 and PM2.5 were collected onto filter 
packs of PTFE Teflon, nylon, and cellulose-fiber filters using a sampler that consisted of 
a combination of cyclones, denuders, and filter packs (Takahama, Wittig et al. 2004). Size 
resolved PMx inorganic ion samples were collected onto Teflon substrates using a 
MOUDI. The filter pack and MOUDI samples were analyzed for nitrate, sulfate, 
ammonium and chloride by Ion Chromatography (IC) using procedures similar to those 
described by Jaffrezo et al. (1998).  

Semi-continuous measurements of total nitrate (PM2.5 nitrate plus HNO3), total 
sulfate (PM2.5 sulfate plus SO2), and total ammonium (PM2.5 ammonium plus NH3) were 
made using a steam sampler (Khlystov, Wyers et al. 1995) with analysis by IC. Total 
ammonium was measured continuously on-line using the steam sampler and the detector 
of Slanina et al. (2001).  
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Semi-continuous measurements of PM2.5 nitrate and sulfate were made using 
Rupprecht and Patashnick Integrated Collection and Vaporization Cell (ICVC) 
instruments (Rupprecht and Patashnick, Models 8400S and 8400N) and processed using 
the method described by Wittig et al. (2004). 

PM Trace Metals. Integrated PM10 and PM2.5 samples were collected on cellulose 
filters using High-Volume (High Vol) samplers (Thermo Andersen) operated according to 
standard procedures (Thermo Andersen, 1999; USEPA, 1999).  The filters were digested 
in a combination of nitric acid, hydrofluoric acid, and hydrogen peroxide in a sealed 
microwave vessel and analyzed according to standard procedures by Inductively Coupled 
Plasma Mass Spectrometry (ICP-MS) (USEPA, 1991; USEPA, 1994) to determine 
concentrations of Al, As, Ba, Ca, Cd, Cr, Cu, Fe, Ga, K, Mg, Mn, Mo, Na, Ni, Pb, Rb, Sb, 
Se, Sr, Ti, V and Zn.  

Semi-continuous measurements of 11 metals (Al, As, Cd, Cr, Cu, Fe, Mn, Ni, Pb, Se 
and Zn) were also made using the Semi-continuous Environmental Aerosol Sampler 
(SEAS) (Kidwell and Ondov 2001) with offline analysis using Graphite Furnace Atomic 
Absorption (GFAA).  

PM Carbonaceous Material. Integrated samples of PM2.5 were collected on bare 
quartz filters and two backup quartz filters, one downstream of the bare quartz filter and 
the other in a parallel port behind a Teflon filter (Subramanian, Khlystov et al. 2004). 
Integrated samples of PM2.5 were also denuded and collected on quartz fiber filters with a 
carbon impregnated graphite backup filter (Subramanian, Khlystov et al. 2004). Size 
resolved PMx samples were collected on ungreased foil substrates using a MOUDI 
sampler. The quartz and foil filters were analyzed for organic carbon (OC) and elemental 
carbon (EC) using the Thermal Optical Transmittance (TOT) method and the NIOSH 
thermal evolution protocol (NIOSH 1999; Subramanian, Khlystov et al. 2004) in the 
CMU Air Quality Laboratory. Integrated samples of PM2.5 OC and EC were also 
collected using the PC-BOSS diffusion denuder sampler (Ding, Pang et al. 2002) and 
analyzed at Brigham Young University.  

Additional size-resolved samples were collected on zinc selenide disks using a 
Hering Low Pressure Impactor (LPI) sampler (Aerosol Dynamics) and analyzed for 
organic functional groups using Fourier Transform Infrared Spectroscopy (FTIR) at 
Rutgers University (Blando, Porcja et al. 2001). 

Semi-continuous measurements of PM2.5 OC and EC were conducted using the 
Sunset Labs in-situ carbon analyzer (Sunset Laboratory) with a denuder placed upstream 
of the instrument (Turpin, Cary et al. 1990). Semi-continuous measurements of PM2.5 
total carbon were obtained using the Aerosol Dynamics ICVC total carbon instrument 
which is similar in design to the R&P instruments used to measure PM2.5 nitrate and 
sulfate semi-continuously (Stolzenburg and Hering 2000). The carbon instrument uses 
platinum flash strips and a Li-Cor CO2 detector downstream of a 650 °C MnO2 oven that 
converts CO to CO2.  
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PM Biological Material. Ambient bioaerosols were collected using a High Vol 
sampler during July 2001, and a low volume sampler for all other periods. The samples 
were analyzed at Colorado State University using direct epi-fluorescent microscopy and 
newer molecular biology methods to obtain microbioaerosol concentrations of bacteria, 
fungi, and their spores.   

PM Hygroscopicity. The ability of ambient fine particles to absorb water and grow 
was measured using the Dry-Ambient Aerosol Size Spectrometer (DAASS) (Stanier, 
Khlystov et al. 2004). The DAASS measures the aerosol number distribution from 0.003 
to 10 µm at ambient RH and also after drying the air containing the aerosols to less than 
30 percent RH. The measurements at low RH were obtained by sampling ambient air 
though a system of Nafion dryers prior to analysis by the system of particle sizing 
instruments. Aerosol water content is based on the difference between the dried and 
ambient RH volume distributions.  

Cloud Condensation Nuclei (CCN) concentration was measured using a CCN counter 
(DH Associates, Model M1).  The CCN concentration is directly related to the ability of 
the particles to become cloud droplets. 

Aerosol Light Scattering. Continuous PM2.5 scattering coefficients from 5º to 175º at 
a wavelength of 550 nanometers were measured at ambient conditions using an 
integrating nephelometer (Optec, Inc., NGN-3) with a PM2.5 cyclone at the inlet.  

Aerosol Mass Spectroscopy.  The Aerodyne Mass Spectrometer (AMS) was used to 
measure size resolved aerosol chemical composition semi-continuously (Jayne, Leard et 
al. 2000; Jimenez, Jayne et al. 2003). The instrument determined the size distributions 
from 0.050 to 1 µm of sulfate, nitrate, ammonium, chloride, total organics, and water 
chemical components.  

Single Particle Mass Spectroscopy. The RSMS-III was used to measure the size and 
composition of individual particles for nine size ranges from 0.04 to 2 µm (Carson, 
Neubauer et al. 1995; Ge, Wexler et al. 1998). The method is able to identify metals and 
metal oxides, refractory crustal materials, sulfates and nitrates, aromatic and amine 
organic compounds, and elemental carbon. 

Single Particle SEM Analyses. PM10 and PM2.5 aerosol samples were collected onto 
Nuclepore filters for offsite analysis by SEM at the laboratories of R.J. Lee, Inc. The 
SEM analyses focus on the elemental composition and morphology of individual larger 
particles, including the identification of bioaerosol, soot, and spherical aluminosilicate 
particles. 

Gaseous Species. Integrated VOC samples were collected in 6 liter fused silica-lined 
canisters (Entech Instruments, Part 29-10621) using a Passive canister sampler inlet 
(Entech Instruments, Model CS1200) and analyzed in the CMU Air Quality Laboratory 
using standard GC-FID techniques (Lewis, Stevens et al. 1999). This approach permitted 
the quantification of over 70 compounds, including some of the standard set of 
Photochemical Assessment Monitoring Station (PAMS) species. 
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Semi-continuous VOC measurements were made by the UC Berkeley group using a 
fully automated, in-situ, two-channel GC/MS/FID system. Two separate channels (FID 
and MSD) were configured with different preconditioning systems, preconcentration 
traps, and chromatography columns, enabling quantification of over 60 compounds, 
including C3-C6 alkanes, alkenes, alkynes, and aromatic, oxygenated and halogenated 
compounds.  

Continuous measurements of O3, NO and NO2, CO, and SO2 gas concentrations were 
made using high-sensitivity gas analyzers (Teledyne Advanced Pollution Instrumentation, 
respective Models 400A, 200A, 300 and 100A). Continuous measurements of organic 
peroxide, hydrogen peroxide, and total soluble peroxide were made using the CSU 
monitor based on the method of Lazrus et al. (1986).  

Fog. Fog composition was measured using a compact version of the Caltech Active 
Strand Cloudwater Collector known as the CASCC2 (Demoz et al., 1996). Eight fog 
events long enough in duration to collect a liquid sample were observed during the 
fourteen month sampling period. Fog samples were analyzed onsite for pH. Aliquots of 
the collected fog were prepared and analyzed offsite for major anions and cations using 
IC and total organic carbon (TOC) and dissolved organic carbon (DOC) using a TOC 
analyzer (Shimadzu, Model 5000-A).  

Meteorology. Precipitation, temperature, relative humidity, wind speed and direction, 
and UV intensity were measured using standard methods. 

Activity 3. Source Characterization 

The purpose of this activity is to develop and evaluate state-of-the-art techniques for 
source characterization and to update emission data for important source categories 
around Pittsburgh.  Updated source profiles were developed through a combination of 
source testing, fenceline measurements, and analysis of highly time resolved data 
collected at the central site.  Source profiles were developed using the same analytical 
techniques as the ambient measurements to ensure that the data are compatible for 
source-apportionment calculations.  Table 3 summarizes the source characterization 
activities. 
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Table 3. Summary of source characterization activities 

Source Method Date 
Metallurgical coke 
production 

Fence-line measurements 8/02 – 9/02 

Motor vehicle emissions Tunnel study 10/02 – 12/02 & 7/04 
Coal combustion Dilution sampling 9/03 & 11/03 
Paved road dust Collection and resuspension 

in laboratory 
Summer 03 

Vegetative detritus Collection and resuspension 
in laboratory 

Summer 03 

 

Characterization of coke production emissions 

A fenceline study was conducted to develop an integrated emission profile for a 
metallurgical coke production facility.  A fenceline approach was employed given the 
significant fugitive emissions and large number of individual emission points in a coke 
facility.  The coking facility is the largest point source of fine particle pollution in 
Allegheny County.  It consists of 12 batteries with more than 850 coking ovens which 
annually convert more than 6 million tons of coal to more than 4 million tons of coke 
using slot oven by-product batteries.  This facility, like essentially all modern coke plants, 
is based on the by-product recovery process, in which a portion of the volatiles driven off 
during the coking process are collected and burned on site for energy or converted into 
chemicals.  At this plant, the byproduct recovery operations include a tar refinery that 
converts crude coke oven tars into liquid pitch and other liquid products. The plant uses 
carbonate scrubbing to remove hydrogen sulfide from the coke oven gas, and an on-site 
Claus plant converts the hydrogen sulfide to molten sulfur.  Finally the ammonia is 
separated from the coke oven gas and processed into anhydrous ammonia.  The balance 
of the coke oven gas is used for energy, either on site in boilers at or at other nearby 
facilities.  The plant operates essentially at full capacity throughout the year.  NOx 
emission rates from boilers burning coke oven gas suggest normal plant operations 
throughout the measurement period (USEPA 2003). 

There are numerous points in the coking process at which air pollutants are emitted to 
the atmosphere.  Significant emissions are associated with the coke ovens.  The coke 
ovens are sealed during most of the coking process, but leaks are not uncommon.  This 
facility is required to visually track and report door, lid, and off-take leaks.  In 2002, the 
average percentage of the doors with leaks was 1.3% and 1.4% during the study period.  
The percentage of off-take leaks was 0.6% for 2002 and 0.7% for the study period.  
Reported percentage of lids leaking is low, 0.03%.  This information is used to estimate 
annual emissions from the facility.  During pushing, both doors are removed from the 
coke oven and emissions are difficult to control.  This facility has emission control 
devices installed on the coke side of the ovens.  Traveling canopy hood in conjunction 
with a bag house are used to control emissions during pushing on eleven of the twelve 
batteries.  The twelfth battery uses a coke-side shed and bag house to help control 
pushing emissions.  Sheds are viewed as a much more effective control technology than 



 
 

23

traveling hoods.  Though coke production is a batch process, the large number of ovens 
(>850) dictate that all the steps in the coking process (such as pushing of an oven) are 
happening every few minutes. 

The sampling site was located at the edge of a plateau across a river from the coke 
plant (Figures 3 and 4).  The facility is not in a valley, but rather at the edge of a sharp 
change in elevation. The plant is upwind of the sampling site for wind directions between 
175° and 300° magnetic (Figure 3).  The transit time of emission between the plant and 
the sampling site is on the order of 5 minutes under typical sampling conditions. The 
sampling site is surrounded by scrub brush and is approximately ½ km from the public 
access road. 

Table 4 lists the pollutants measured at the fenceline site in addition to 
instrumentation, measurement frequency and period of operation. The instrumentation 
and analytical procedures used for the coke facility fenceline study were identical to 
those used for the Pittsburgh Supersite to ensure compatibility of the results for source 
apportionment analysis of ambient data. 

Background concentrations for the fenceline study were measured at the central 
Pittsburgh Supersite and several other sites in Allegheny County that are not strongly 
impacted by local sources.  Although these sites are often more than 10 km away from 
the fenceline site, they provide suitable background data because of the strong regional 
character of fine particle concentrations in the Pittsburgh region.  Tang et al. (2004) found 
little variation in daily samples collected across the Pittsburgh region further supporting 
the use of regional concentrations as an estimate of background levels. 
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Figure 3. a) Top view of coking facility and sampling site; and b) wind rose for entire 
study period. The coking facility influences the sample concentrations for wind directions 
from 175° to 300°. The coke batteries and other major operations are located between 
240° and 300°. 
 

River

Plume

Coke 
Facility 

Road
Railroad

Sampling 
Site

~400 m

~300 m

190 m

River

Plume

Coke 
Facility 

Road
Railroad

Sampling 
Site

~400 m

~300 m

190 m

 
Figure 4. Side view of coking facility and sampling site. 
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Table 4: Monitoring Instrumentation used at coke facility fenceline sampling site 
 

Instrument  Parameter Frequency Period of Operation

Semi-continuous measurements:    
API Model 100A SO2 Analyzer  SO2 5 min 8/15/02-9/4/02 
API Model 200A NOx Analyzer NOx, NO 5 min 8/15/02-9/4/02 
R&P Model 1400a TEOM® PM2.5 Mass 10 min 8/15/02-9/5/02 
R&P Model 1400a TEOM® PM10 Mass 1 hr 8/15/02-9/5/02 

SMPS, APS Number size distribution from 
0.013 to 20µm 7 min 8/15/02-8/24/02, 

8/26/04-9/5/02 
Semi-continuous Element in 
Aerosol Sampler (SEAS)  

Al, As, Cd, Cr, Cu, Ni, 
Mn, Fe, Pb, Se, Zn 30 min 8/20/02-8/22/02 

Sunset Laboratory Carbon 
Analyzer (Model 2) OC, EC 65/90 min 8/17/02-8/26/02 

Meteorological Tower Wind speed and direction  
at 10 and 33 m 15 min 8/15/02-9/5/02 

Integrated measurements:    

Thermo Anderson High Volume 
PM2.5 Sampler 

Al, As, Ba, Ca, Cd, Cr, Cu, Fe, 
Ga, K, Mg, Mn, Mo, Na, Ni, 
Pb, Rb, Sb, Se, Sr, Ti, V, Zn 

7, 6-hr 
samples 8/22/02-9/5/02 

TE 1000 PM2.5 quartz/PUF 
Sampler  113 Species 5, 6-hr 

samples 8/21/02-9/4/02 

CMU Inorganic Sampler, a 
denuder/filter-based speciation  

Na+, NH4
+, K+, Mg2+, Ca2+, Cl-

, SO4
2-, NO3

-,C2H2O4, NH3, 
HCl, HNO3 

13, 6-hr 
samples 8/21/02-9/4/02 

 

Characterization of motor vehicle emissions 

A tunnel study was performed to characterize in-use motor vehicle emissions in the 
Pittsburgh Region.  The experiments were conducted in the two-lane west-bound 
(inbound) bore of the Squirrel Hill Tunnel on Interstate 376 in Pittsburgh, Pennsylvania. 
The tunnel is 1.3 km long and has a 2.5% up-grade in the westerly direction. The tunnel 
is ventilated mechanically through ducts situated in the tunnel ceiling and by the effects 
of traffic motion. The sampling location was roughly 50 meters from the tunnel exit; at 
this position the mechanical ventilation system was under positive pressure and thus 
pushing fresh air into the tunnel. The sample inlets were inserted through an otherwise 
sealed ventilation slit in the tunnel ceiling; several slits up- and down-stream of the 
sample location were also blocked.  A schematic of the tunnel is shown in Figure 1. 

The majority of the measurements were made during a two-week period in November 
of 2002.  A more limited study was also performed in the summer of 2004 to examine 
seasonal dependence of organic aerosol emissions. 

Traffic count and speed data were gathered via a RTMS (Remote Traffic Microwave 
Sensor) operated for the Pennsylvania Department of Transportation (PennDOT). Fleet 
composition was determined from PennDOT video recorded at the entrance and exit of 
the tunnel’s west-bound tube. Vehicles were manually classified as light-duty (LD) and 
heavy-duty (HD) based on visual inspection of video. Heavy-duty vehicles include 
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tractor-trucks, large single-unit trucks and buses. City buses did not regularly pass 
through the tunnel.  While this approach separates vehicles by size and not fuel type, the 
assumption that most large vehicles are diesel-powered and smaller ones gasoline-
powered is reasonable. Less than 5% of heavy-duty vehicles with more than three axles 
in the U.S. fleet are gasoline-powered (VIUS 2002). The portion of light-duty vehicles 
powered by diesel fuel is similarly small; around 1% of vehicles in US households were 
diesel powered (EIA 1994) and at most 15% of light-duty trucks are diesel powered 
(VIUS 2002). Therefore, we assume that all of the heavy-duty vehicles are diesels 
(HDDV) and light-duty vehicles (LDV) are gasoline powered. 

 

 
Figure 5. Schematic of the Squirrel Hill Tunnel sampling location.  The tunnel is 1.3 km 
long and has a 2.5% up-grade.  Arrows in upper portion of schematic represent air flow 
in mechanical ventilation system. 

 

A suite of continuous instruments were operated during the November 2002 period to 
measure CO, CO2, NO, NO2 and PM2.5 mass. Measurement and instrument details are 
shown in Table 5.  The instrumentation and analytical procedures used for the tunnel 
study were identical to those used for the Pittsburgh Supersite to ensure compatibility of 
the results for source apportionment analysis of ambient data. 
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Table 5: Instrumentation used in Tunnel Study 
Observable Method Instrument Time 

Resolution 
CO2 Non-dispersive infrared Li-Cor LI-820 1 min. 
NOx / NO Chemiluminensce API 200A 1 min. 
PM2.5  TEOM with SES R&P 1400a 5 min. 
CO Chemiluminensce API 300A 1 min. 
Organic and Elemental 
Carbon 

Quartz / Quartz-Behind Teflon Sunset Laboratory TOT 2/4/6.5 hours 

Aerosol Size Distribution DAASS TSI SMPS / nano-
SMPS / APS 

15 min 

Size resolved OC/EC/mass MOUDI with foil filters Sunset Laboratory 2/4/6.5 hours 
Inorganic ions Ion Chromatography Dionex DX-600/120 2/4/6.5 hours 
Metals ICP-MS Agilent 4500 ICP-MS 6.5/8/12 hours 
Size resolved metals  MOUDI with Teflon filters Agilent 4500 ICP-MS 2/4/6.5 hours 
 

Characterization of coal combustion emissions 

Measurements were made on two commercial coal boilers to develop new emission 
profiles and to investigate changes in speciation of mercury emissions in the power plant 
plumes.  The first boiler (Boiler #1) was a 817 MW unit firing a blend of 60% Powder 
River Basin sub-bituminous coal and 40% mid-sulfur eastern bituminous coal.  The 
boiler is wall-fired, with low-NOx burners and has an electrostatic precipitator with SO3 
and NH4 conditioning.  A selective catalytic reduction (SCR) unit is also used for NOx 
control.  The second boiler (Boiler #2) was a 500 MW unit firing a blend of 87% Powder 
River Basin sub-bituminous coal and 13% mid-sulfur eastern bituminous coal.  The 
boiler is wall fired, with low-NOx burners and has an electrostatic precipitator for 
particle control.  Experiments were performed while both units were operating at high 
load.  One experiment was performed on Boiler #2 at medium load. 

Measurements were made on both boilers with a dynamic dilution sampler (Figure 2).  
The system is designed to simulate atmospheric dilution.  Details on the design and 
operation of the system can be found in Lipsky et al. (2005). The sampler is constructed 
out of stainless steel; for the mercury testing all of the wetted components in contact with 
sample were coated with a 1200 Å thick layer of Silcosteel, applied by Restek 
Performance Coatings.  In addition to the main dilution tunnel, a residence time chamber 
(RTC, not shown in Figure 2) was brought inline during some testing periods. With the 
RTC inline, the overall aging time of the diluted exhaust can be varied between 2 seconds 
and 5 minutes. 
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Figure 6. Schematic of CMU Dynamic Dilution Sampler (Dilution Tunnel) 
 

The experiments performed on Boiler #1 focused on measuring mercury emissions 
with more limited particle characterization using the instrumentation listed in Table 6.  
Mercury sampling and speciation were via Mercury Continuous Emission Monitors 
(CEMs). A PS Analytical Sir Galahad CEM measured gas-phase total and elemental 
mercury concentrations inside the dilution sampler.  These concentrations ranged from 0 
to 250 ng/m3.  As operated, the Sir Galahad collected sample for 5 minutes before 
analysis; analysis required 3 to 4 minutes and alternated between elemental and total 
mercury analyses. A Tekran Mercury Vapor Analyzer was used to sample the un-diluted 
flue gas.  The Tekran instrument measured concentrations in the range of 0 to 10 µg/m3 
and alternately measured elemental mercury for 10 minutes and total mercury for 45 
minutes with data points recorded every 2 minutes.  The mercury instruments were 
operated by the University of North Dakota Energy and Environmental Research Center. 

The experiments performed on Boiler #2 focused on measuring fine particle 
emissions using the instrumentation listed in Table 7.  The instrumentation and analytical 
procedures used for the tunnel study were identical to those used for the Pittsburgh 
Supersite to ensure compatibility of the results for source apportionment analysis of 
ambient data. 
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Table 6: Instrumentation used for measurements of Boiler #1 
Observable Method Instrument Time resolution / 

Number of samples 
Flue gas measurements    

Hg0, Total Hg  Tekran Mercury Vapor 
Analyzer 

2 min 

CO, CO2, HC Non-dispersive infrared Nova 4765 2 min 
O2, NOx  / NO Electrochemical  Nova 4765 2 min 

Diluted measurements    
Diluted CO2 Non-dispersive infrared Li-Cor LI-820 2 min 
Hg0, Total Hg  PS Analytical Sir 

Galahad CEM 
5 min 

PM2.5 filter samples Quartz, Teflon, 
polycarbonate filters 

URG cyclones and 
filter packs 

2 sets of samples 

Organic and Elemental 
Carbon 

Quartz / Quartz-Behind 
Teflon 

Sunset Laboratory 
TOT 

1 sample 

PM2.5 Mass Gravimetric analysis Mettler microbalance 1 sample 
Organic and elemental 
carbon 

Thermal-optical analysis Sunset Laboratory 1 sample 

Inorganic ions Ion Chromatography Dionex DX-600/120 1 sample 
Metals ICP-MS Agilent 4500 ICP-MS 1 sample 
Spherical Alumina 
Silicate 

SEM RJ Lee PSEM 2 samples 

 
Table 7: Instrumentation used for measurements of Boiler #2 
Observable Method Instrument Time resolution / 

Number of samples 
Flue gas measurements    

CO, CO2, HC Non-dispersive infrared Nova 4765 2 min 
O2, NOx  / NO Electrochemical  Nova 4765 2 min 

Diluted measurements    
Diluted CO2 Non-dispersive infrared Li-Cor LI-820 2 min 
Aerosol Size Distribution  TSI SMPS 5 min 
PM2.5 filter samples Quartz, Teflon, 

polycarbonate filters 
URG cyclones and 

filter packs 
7 sets of samples 

Organic and Elemental 
Carbon 

Quartz / Quartz-Behind 
Teflon 

Sunset Laboratory 
TOT 

7 samples 

PM2.5 Mass Gravimetric analysis Mettler microbalance 7 samples 
Organic and elemental 
carbon 

Thermal-optical analysis Sunset Laboratory 7 samples 

Inorganic ions Ion Chromatography Dionex DX-600/120 7 samples 
Metals ICP-MS Agilent 4500 ICP-MS 7 samples 
Spherical Alumina 
Silicate 

SEM RJ Lee PSEM 5 samples 
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Characterization of paved road dust 

To develop a chemical fingerprint for road dust in the Pittsburgh region, paved road 
dust samples were collected from 5 rural and 6 urban/suburban sites in the summer of 
2003 using a vacuum sampler constructed out of Teflon and stainless steel.  Samples 
were dried in an oven at 100 °C and then passed through a 37 µm sieve to remove large 
particles.  The samples were combined to create a composite urban and rural dust sample. 

The sieved road dust was then re-suspended in a glass vessel using HEPA and 
activated carbon cleaned air.  The filter samples were analyzed for: PM2.5 mass via 
gravimetric analysis, OC & EC: Thermal-Optical with Sunset Instrument and NIOSH 
protocol, elemental composition (acid digestion followed by ICP-MS), and organic 
speciation followed by GC-MS.   Multiple samples were collected and analyzed for each 
composite dust sample to verify measurement repeatability. 

Characterization of vegetative detritus 

Due to wind-induced mechanical shear and the rubbing motion of leaves against each 
other, an unspecified amount of fine particulate epicuticular wax protrusions and leaf 
deposits are released to the atmosphere that have been identified in urban and rural 
ambient PM2.5 samples.  As part of PAQS, we have developed a source profile for organic 
constituents associated with fine particulate leaf surface abrasion products. 

Green leaves from 11 common tree species that are characteristic for the Pittsburgh 
area were harvested during September of 2003 and composited according to the tree 
distribution for that area.  The distribution of leaves is given in Table 8.  This tree 
distribution is generally representative of forests that are described as a “Mixed Oak 
Forest” or “Appalachian Oak Forest”. The leaves were collected from Schenley Park, a 
park with 500 acres that is situated in Pittsburgh. The park is influenced by human 
activities, including picnic areas equipped with barbeque places. 

To simulate a windblown generation process that dislodges waxy leaf surface 
protrusions, the leaf composite was placed in a clean Teflon bag and mechanically 
agitated while passing purified air through the bag, similar to the procedure used for the 
Los Angeles leaf samples. The fine waxy protrusions (dp ≤ 2.5 µm) shed from the leaf 
surfaces were extracted and analyzed using gas chromatography/mass spectrometry. 
Individual organic compounds that were identified included: n-Alkanes, iso- and anteiso-
alkanes, n-alkanoic acids, n-alkenoic acids, alkanals, n-alkanones, steroids, pentacyclic 
triterpenoids, phenolic type compounds, and others. Trace amounts of PAH were 
identified and quantified as well.  
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Table 8. Distribution of leaves in composite sample. 

Pittsburgh Vegetation Sample Composite 
Fraction of Mass in 

Composite (%) 
Ailanthus Simaroubaceae 7.3 
White Ash Fraxinus Americana  6.3 
Ohio Buckeye Aesculus Glabra 1.0 
Wild Red Cherry Prunus Pensylvanica 2.2 
Black Oak Quercus Velutina 13.4 
American Elm Ulmus Americana 5.0 
Scarlet Hawthorne Crataegus laevigata  4.0 
Norway Maple Acer Platanoides 51.4 
Common Locust  Gleditsia triacanthos  5.4 
Pin Oak Quercus Palustris 1.5 
Slippery Elm Ulmus Rubra 2.5 

Evaluation of source characterization techniques 

A new, more portable dilution sampler has been designed, evaluated and used to 
characterize emissions from a wood stove, diesel engine, and coal boiler.  The primary 
design objective for the new dilution sampler was to create a system that reproduces the 
results of the widely cited Caltech design but that is simpler and more portable.  A 
schematic of the sampler is shown in Figure 6.  Similar to other dilution samplers, 
exhaust is sampled isokinetically into a heated-inlet line that is maintained at a 
temperature slightly (~ 10 °C) above the exhaust temperature to minimize thermophoretic 
losses.  A stack-sampling cyclone can be installed on the inlet line to prevent large 
particles from entering the system.  The sampled exhaust is then rapidly mixed by 
turbulence with filtered (HEPA and activated carbon) dilution air inside of a 0.9-m-long, 
0.15-m-diameter stainless dilution tunnel.  The total flow rate through the dilution 
sampler is 174 lpm, and the dilution ratio is varied by changing the relative amount of 
exhaust and dilution air flow.  Filter trains and other aerosol characterization 
instrumentation are connected to ports at the end of the dilution tunnel.  The sampler is 
constructed out of stainless steel to minimize contamination. 

To promote mixing, the dilution air is passed through a fan shaped mixing enhancer 
immediately upstream of where the dilution air and exhaust sample gas streams meet.  
The mixing enhancer breaks up the dilution air flow causing rapid and thorough mixing 
within the dilution tunnel.  Mixing experiments were conducted using CO2 as a tracer to 
verify that the exhaust and dilution air are completely mixed at the end of the smaller 
tunnel across the entire operational range.  The mixing rate in the smaller dilution tunnel 
was not characterized, only verified that the conditions were well mixed at the sampling 
ports.  With the addition of a mixing enhancer, we expect more rapid mixing in the new 
dilution tunnel compared to the Caltech design. 

Two changes have been made in the new design compared to the original Caltech 
design to reduce particle losses.  First we measure the CO2 mixing ratios of the undiluted 
and diluted exhaust to determine dilution ratio.  This eliminates the need for a venturi 
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flow meter on the inlet line, which has been shown to be a significant cause of particle 
losses (Hildemann, Cass et al. 1989).  Second, we changed the geometry at which the 
exhaust sample and dilution air are introduced inside the dilution tunnel.  As shown in 
Figure 1, the exhaust sample passes through the end of the dilution tunnel flowing in 
parallel with the dilution air.  In the Caltech design, the exhaust sample is introduced 
through the side of the tunnel, perpendicular to the dilution air flow.  Visual inspection of 
the inside of the large tunnel indicates that losses occur on the opposite side of the 
dilution tunnel from the exhaust port and just downstream of the initial mixing point.  
The new flow orientation appears to reduce these losses. 

A major design change was to eliminate the residence time tank.  In the Caltech 
design and its variants, diluted exhaust flows through a large residence time tank before 
filter sampling or aerosol characterization.  Eliminating the residence time tank 
significantly reduces the size and complexity of the new dilution sampler.  The purpose 
of the residence time tank is to provide adequate time after dilution for microphysical 
processes such as condensation.  As part of the evaluation of the new design, experiments 
were performed to assess the effects of additional residence time on the measured fine 
particle concentrations. 

Inter-comparison experiments were performed using a diesel engine and wood stove 
to evaluate the comparability of the new design with a sampler based on the Caltech 
design.  These experiments involved simultaneous operation of multiple dilution 
samplers from the same source, either a small single cylinder diesel engine or a wood 
stove.  Filter based measurements included PM2.5 mass, organic carbon and elemental 
carbon emissions.  Particle size distributions in the range from 10 to 480 nm were 
measured using a scanning mobility particle sizer. 

Experiments were also conducted to examine the effects of dilution on fine particle 
mass emissions from a diesel engine and wood stove.  Filter measurements were made 
simultaneously using three dilution sampling systems operating at dilution ratios ranging 
from 20:1 to 510:1.  Denuders and backup filters were used to quantify organic sampling 
artifacts. 

Activity 4. Source Apportionment 

The purpose of this activity is to quantify the contribution of different sources to the 
fine PM2.5 levels in Pittsburgh.  A variety of different existing computational tools as well 
as new approaches were developed for this project. 

Apportionment of primary organic aerosol 

The Chemical Mass Balance model was used to estimate the contribution of gasoline 
and diesel vehicles, wood combustion, meat cooking, and other primary sources to 
ambient organic carbon.  The model was applied to the large data set of organic aerosol 
composition collected by the ambient monitoring portion of the project. CMB analysis is 
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performed using data for individual days; seasonal and annual averages are then 
calculated from the CMB results for the individual days. 

The selection of source profiles and species included in CMB are important 
considerations.  Key factors are the inclusion of all dominant sources of each species in 
the model, and photo-chemical stability of the species in the atmosphere.  Significant 
previous work has been performed to determine which molecular markers are appropriate 
for CMB analysis.  Therefore, the compounds and source classes included in the model 
are largely the same as those used in previous applications of CMB with molecular 
markers (Schauer, Rogge et al. 1996; Schauer and Cass 2000; Schauer, Fraser et al. 2002; 
Zheng, Cass et al. 2002; Fraser, Yue et al. 2003). 

Source profiles for the CMB analysis are primarily taken from the literature.  The 
CMB calculations included source profiles for nine different source classes: gasoline 
vehicles, diesel vehicles, road dust, coke production, vegetative detritus, cigarette smoke, 
meat cooking, and biomass combustion.  The road dust, coke production, and vegetative 
detritus source profiles have been developed specifically for the Pittsburgh region 
(Subramanian, Donahue et al. 2005).  The cigarette profile is from Rogge et al. (1994).  
Extensive analysis was done to examine the sensitivity of the model predictions to the 
meat-cooking source profiles, gasoline and diesel vehicle source profiles, and wood 
combustion source profiles.  These are thought to be the dominant source classes for 
primary organic aerosol in Pittsburgh.  

Source profiles were selected based on comparisons with the ambient concentrations 
of different molecular markers using scatter and ratio-ratio plots.  These plots allow a 
visual comparison of source profiles and ambient concentrations.  Ratio-ratio plots are 
constructed using three species; one compound is selected as a reference to normalize the 
concentrations of the other two compounds (target species).  The best reference 
compounds are relatively abundant, stable, and specific to the sources plotted.  Source 
profiles appear as points on ratio-ratio plots and linear mixing lines can be drawn to 
visualize the effects of mixing of emissions from different sources.  Although the three 
species in a ratio-ratio plot represent only a small fraction of the compounds included in 
CMB, molecular markers are often highly source specific.  Therefore, through the 
judicious groupings of compounds, ratio-ratio plots can often provide significant insight 
into the suitability of source profiles.  More details on the construction, interpretation, 
and mathematics of ratio-ratio plots are provided in Robinson et al. (2005; 2005). 

Twenty-two species are included in the CMB model: n-heptacosane, n-nonacosane, 
n-hentriacontane and n-tritriacontane; iso-hentriacontane, anteiso-dotriacontane; 9-
hexadecenoic (palmitoleic) acid, cholesterol; syringaldehyde, sum of resin acids, 
acetosyringone, levoglucosan; 17a(H),21b(H)-29-norhopane, 17a(H),21b(H)-hopane, 
22R+S-17a(H),21b(H)-30-homohopane, 22R+S,17a(H),21b(H)-30-bishomohopane; 
benzo[e]pyrene, indeno[1,2,3-cd]pyrene, benzo[g,h,i]perylene, coronene; iron, and 
elemental carbon (EC).  Unless specifically noted, all of these species are included in 
every simulation.  In certain simulations we also include n-tetracosane and n-hexacosane 
in the CMB model.  Uncertainties for individual compounds are based on relative and 
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absolute uncertainties determined from repeated analysis of parallel samples.  Relative 
uncertainties range from ±10% to ±30% and absolute uncertainties are based on multiples 
of the minimum detection limits.  OC is not included in the model as molecular markers 
for secondary organic aerosol and potentially other primary sources are not known.  In 
order to determine the contribution of each source profile to ambient OC, calculations are 
performed using source profiles which have normalized by the OC emissions. 

Application of factor analysis approaches 

Both the Unmix (Henry, 1997; Henry, 2001) and the PMF (Paatero and Tapper, 1993, 
1994; Paatero, 1997) models were used to analyze the ambient data collected during 
PAQS.  In addition, Conditional Probability Function and Potential Source Contribution 
Function analyses were performed to examine the spatial distribution of the factors 
determined by PMF analysis. 

Both PMF and Unmix were applied to daily 24-hour averaged filter-based data for 
sulfate, nitrate, trace elements, organic and elemental carbon.  This analysis was 
performed for data collected both at the PAQS central site and the NETL site.  The 
predictions of the two approaches have been compared.  To further identify and apportion 
the sources of PM2.5, specific OC compounds that are known tracers of some sources 
were added to the PMF analysis.  Conditional probability function (CPF) and potential 
source contribution function analyses (PSCF) were performed for each source to 
ascertain the likely directions in which the sources were located. 

The particulate size distribution data were analyzed as a bilinear receptor model 
solved by PMF.  Each sample contained 165 size bins from 0.003 to 2.5 µm.  Particle 
growth periods in nucleation events were identified and the data in these intervals were 
excluded from this study so that the size distribution profiles associated with the factors 
could be regarded as sufficiently constant to satisfy the assumptions of the receptor 
model.  The values for each set of five consecutive size bins were averaged to produce 33 
new size intervals.  The factors from PMF could be assigned to particle sources by 
examination of the number size distributions associated with the factors, the time 
frequency properties of the contribution of each source (Fourier analysis of source 
contribution values), and the correlations of the contribution values with simultaneous 
gas phase measurements (O3, NO, NO2, SO2, CO) and particle composition data (sulfate, 
nitrate, OC/EC).  Seasonal trends and weekday/weekend effects were investigated.  
Conditional probability function (CPF) analyses were performed for each source to 
ascertain the likely directions in which the sources were located. 

Advances in source apportionment models 

The state-of-the-art monitoring technologies employed during PAQS permitted the 
measurement of a variety of chemical species in airborne particulate matter with time 
resolution as high as 10 min to 1 hr.  There are still species that are measured with longer 
integration periods such as several hours to a day.  These data from different 
measurement methods produce a data set of mixed time resolution.  Traditional 
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eigenvalue-based factor analysis methods are unable to analyze this kind of data set since 
these data cannot form a simple matrix.  Averaging the high time resolution data or 
interpolating the low time resolution data to produce data on the same time schedule is 
not acceptable.  The former method loses valuable temporal information and the latter 
produces unreliable high resolution series because of the invalid assumption of temporal 
smoothness.  Zhou et al. (2004b) present a solution to the problem of multiple sampling 
time intervals.  Each data value is used in its original time schedule without averaging or 
interpolation and the source contributions are averaged to the corresponding sampling 
interval.  For data with the highest time resolution, the contributions are not actually 
averaged.  The contribution series are smoothed by regularization auxiliary equations 
especially for sources containing very little high resolution species.  This new model was 
developed using the PAQS ambient data. 

A multivariate pseudo-deterministic receptor model (PDRM), combining mass 
balance and Gaussian plume dispersion equations, was applied to exploit highly-time-
resolved ambient measurements to determine emission rates of SO2 and elemental 
constituents of particles and to predict their contributions to ambient levels from known 
stationary sources influencing air quality at the Carnegie Mellon University Supersite in 
Pittsburgh, PA.  The PDRM exploits knowledge of the number and locations of major 
stationary sources, source and transport wind directions, stack gas emission parameters, 
and meteorological plume dispersion parameters during sample collections to constrain 
solutions for individual sources. The model was applied to ambient SO2 and particle 
measurements, the latter, made every 30-min for 11 elements (Al, As, Cd, Cr, Cu, Fe, Mn, 
Ni, Pb, Se, and Zn) during a 12.5-hr period on April 1st, when winds blew from direction 
of 290-330o in which four small-scale coal-fired plants are situated. 

Activity 5. Three-Dimensional Deterministic Modeling 

The purpose of this activity is to evaluate the performance of the three-dimensional 
chemical transport model (PMCAMx+) with air quality data collected by this and other 
projects.  After this evaluation, the model has been used to evaluate the response of 
ambient PM concentrations to changes in emissions. 

PMCAMx+ is a three-dimensional chemical transport model which uses the 
framework of CAMx (Environ, 2003) to simulate horizontal and vertical advection, 
horizontal and vertical dispersion, wet and dry deposition, and gas-phase chemistry.  
Three aerosol modules have been implemented in PMCAMx+ to describe inorganic and 
organic aerosol dynamics and aerosol-cloud interactions using an operator-splitting 
approach (Gaydos, Pinder et al. 2005).  The order of the processes is: emission, 
horizontal advection, vertical advection, vertical dispersion, horizontal dispersion, wet 
deposition, gas-phase chemistry, aerosol processes (nucleation, coagulation, inorganic 
aerosol condensation/evaporation), secondary organic aerosol formation, and aqueous 
phase-chemistry.  This approach is further described in Gaydos et al. (2005).  PMCAMx+ 
tracks thirteen different aerosol species: sulfate, nitrate, ammonium, aerosol water 
content, four secondary organic aerosol species, sodium, chloride, primary organic 
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aerosol, primary elemental carbon, and all primary inert material.  Each aerosol species 
has ten size sections, ranging from 40 nm to 40 µm. 

For this research, PMCAMx+ was applied to a modeling domain that covers a 
3492 x 3240 km region in the eastern United States with 36 x 36 km grid resolution with 
14 different levels up to 6 km (Gaydos, Pinder et al. 2005).  The modeling domain is 
shown in Figure 7.  Initial and boundary conditions for different aerosol species are listed 
in Table 9.  Inputs to the model include horizontal wind components, temperature, 
pressure, water vapor, vertical diffusivity, clouds, and rainfall, all created using the 
meteorological model MM5 (Grell et al., 1995). 

 
Figure 7.  The PMCAMx+ modeling domain for the eastern United States.  The locations 
of the monitoring stations for the IMPROVE network are shown. 

 

The LADCO BaseE inventory generated using EMS-2003 (LADCO, 2003), is used to 
generate emission inventories.  Emissions are derived primarily from the U.S. EPA’s 
National Emission Inventory (NEI) 1999 Version 2.0 (U.S. EPA, 2002a), with the 
following changes:  on-road transportation sources are from the U.S. EPA’s MOBILE6 
(U.S. 2002b); non-road sources are from U.S. EPA’s NONROAD (U.S. EPA 2002c).  The 
temporal profiles for electric power utility point sources are from an analysis of 
Continuous Emission Monitors (Janssen, 2003).  Ammonia emissions are from the CMU 
Ammonia Emission Inventory (Goebes, Strader et al. 2003; Pinder, Strader et al. 2004).  
Biogenic emissions are from BIOME3 (Wilkinson and Janssen, 2001).  A different 
emission inventory is used for weekdays, Saturdays, and Sundays. 

The model has been applied to July 2001, October 2001, January 2002, and April 
2002.  During each of these periods, the model predictions have been evaluated against 
hourly measurements (for both particulate matter and gases) taken during PAQS.  To 
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cover a larger spatial scale, the model results are also compared to daily average 
measurements from the U.S. EPA’s AIRS monitoring network (USEPA, 2002) and the 
IMPROVE network (IMPROVE, 1995).  The primary organic carbon and elemental 
carbon inventories used by PMCAMx+ have been evaluated by comparing source 
resolved predictions to results from Chemical Mass Balance Modeling using molecular 
markers (Lane, Pinder et al. 2005). 

After this evaluation, PMCAMX+ was used to investigate changes in PM2.5 levels in 
the Eastern US to 50% reductions in NOx, SO2, NH3, and VOC emissions.  These 
simulations were performed for two periods: July 12-28, 2001 and January 1-31, 2002.  
These time periods are representative of typical summer and winter conditions.  

 

Table 9. Boundary conditions for aerosol species. 
 

 Concentration(µg/m3) 
 July 2001 October 2001 January 2002 April 2002 

Organic aerosol 0.8 0.8 0.5 0.5 
Elemental carbon 0.1 0.1 0.1 0.1 

Sulfate  0.9 0.9 0.7 0.7 
Nitrate  0.1 0.1 0.3 0.3 

Ammonium  0.37 0.37 0.35 0.35 
 

Activity 5. Hypothesis testing 

The Pittsburgh Air Quality Study (PAQS) was designed to test a wide range of 
complementary hypotheses. The findings of the program provided strong support for 
some of these hypotheses and showed that some of them were false. A brief summary of 
the hypotheses relevant to the DOE portion of the project are presented below: 

Ambient aerosol characterization 

Hypothesis 1.1 The measured aerosol mass can be fully explained if one accounts for 
the water retained by organics and inorganics, the full organic aerosol contribution, and 
the full crustal contribution. 

Hypothesis 1.2 The regional contributions to the PM2.5 levels in the Pittsburgh region 
for some compounds exceed the local contribution, whereas for others the local exceeds 
the regional. 
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Source characterization 

Hypothesis 2.1 The high time resolution, semi-continuous measurements will permit 
resolution of plumes from individual stationary sources impacting the site, and resolution 
of local and regional sources. 

Hypothesis 2.2 Single particle instruments can directly determine the local air quality 
contributions from a broad range of sources. 

Hypothesis 2.3 Dilution sampling can be used to provide better source fingerprints of 
combustion systems than traditional methods. 

Source apportionment 

Hypothesis 3.1 Aerosol nucleation (biogenic precursors or SO2) can be a major 
source of aerosol number in both urban and rural areas in the study region. 

Hypothesis 3.2 Biogenic primary and secondary aerosols are a major component of 
the organic aerosol in the Pittsburgh region. 

Hypothesis 3.3 The secondary aerosol contribution to OC exceeds 50% during the 
peak PM days, but is around 20% on a yearly average basis (based on similar 
contributions estimated for the Western US). 

Hypothesis 3.4 The response of PM2.5 to changes in sulfate is highly non-linear 
during the winter and linear during the summer and is controlled by the ammonia 
availability. 

RESULTS AND DISCUSSION 

The key findings of the program are presented below. They are organized by activity. 
The findings are related to the corresponding hypotheses shown in brackets [ ]. 
Additional information about these findings can be found in the cited publications, which 
are included in Appendix B of this report.   

Ambient aerosol characterization 

• The annual average PM2.5 concentration (July 1, 2001 through June 30, 2002) was 
15.8 µg m-3, suggesting that the region will violate the annual average PM2.5 standard. 

• The daily average PM2.5 standard (65 µg m-3) was never exceeded during the 
approximately 400 days of measurements during PAQS.  However, on 9 days the 
daily average PM2.5 concentration was greater than 50 µg m-3.  All 9 days occurred 
during the summer months of 2001 and 2002. Roughly half of the episodes were due 
to high sulfate concentrations while the other half were mainly due to high organic 
matter concentrations (Wittig, Anderson et al. 2004). 
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• The average FRM–measured PM2.5 concentration in Pittsburgh is on average 10% 
greater than the sum of the mass of the aerosol chemical components (Figure 8). The 
most significant discrepancies were observed during the summer. This discrepancy is 
mainly due to water retention on the FRM filters and can be corrected with the use of 
thermodynamic models. Accounting for the effects of water and volatilization losses 
closes the mass balance between the FRM and the sum of the PM2.5 chemical 
components (Rees, Robinson et al. 2004). [HYPOTHESIS 1.1] 

• Seasonal variations in PM2.5 mass and composition in Western Pennsylvania are 
driven by differences in the seasonal variations of organic carbon and sulfate, with 
sulfate being dominant in the summer and organic matter and sulfate showing similar 
concentrations in the cooler months. In the cooler months, nitrate also is important 
and approximately equal to about half the sulfate concentration on average (Rees, 
Robinson et al. 2004; Wittig, Anderson et al. 2004).  These trends are illustrated in 
Figure 8. 

• The concentrations of PM2.5, sulfate, and OC were surprisingly uniform in Western 
Pennsylvania (three sites inside Pittsburgh, one upwind and one downwind of the 
city) during both the summer and winter (Tang, Raymond et al. 2004). The large 
regional contribution is supported by the weak daily patterns of the PM2.5, sulfate, 
and organic matter concentrations (Wittig, Anderson et al. 2004) and the average age 
(several days) of the particles estimated from natural radionuclide measurements 
(Gaffney, Marley et al. 2004). Time series of PM2.5 mass and composition at different 
satellite sites are shown in Figure 9.  [HYPOTHESIS 1.2] 

• PM2.5 represented on average two-thirds of the PM10 in Western Pennsylvania (Wittig, 
Anderson et al. 2004). The aerosol mass distribution was bimodal with most of the 
aerosol mass in the fine mode (Figure 10). The two modes were centered 
approximately at 0.3 and 3 µm. 
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Figure 8. PM2.5 composition on a monthly average basis at the central site from July 
2001 to June 2002. Also shown is the PM2.5 total mass measured using the FRM. Organic 
matter concentrations for July 2001 are based on 24 hour integrated denuder sampler 
measurements and the experimentally determined multiplier of 1.8. For other periods, 
organic matter concentrations are based on the difference between the OC collected on 
the upstream (‘bare quartz’) and downstream quartz filters of the CMU TQQQ sampler 
double-quartz filter pack. Sulfate, nitrate, and ammonium concentrations are composites 
of measurements made from several methods, including the CMU inorganic sampler, the 
PC-BOSS, the steam sampler and the Rupprecht and Patashnick 8400 instruments. 
Crustal component concentrations for August 2001 through June 2002 were estimated 
from daily July 2001 measurements collected at the PAQS satellite sites to be 
approximately 1 µg m-3. 

 

• The correlation between PM2.5 and PM1 in Pittsburgh was very high (R2=0.98). The 
correlation between PM2.5 and PMx decreased with decreasing size cut x but R2>0.75 
for x>0.56 µm. The correlations between PM0.1, PM0.2, and PM0.3 with PM2.5 were 
weak (Cabada, Rees et al. 2004). 

• Ultrafine particles (below 100 nm) account on average for less than 5% of the PM2.5. 
During the summer the ultrafine mass is 50% carbonaceous material and 50% 
inorganic (mainly sulfate and ammonium); during the winter these percentages are 
70% and 30% respectively (Cabada, Rees et al. 2004). 

• PM mass distributions for all seasons are dominated by the accumulation mode with 
its sub-modes at 0.2 µm (condensation mode) and 0.7 µm (droplet mode). The droplet 
mode dominates in the summer (strong photochemical production of sulfate and 
cloud processing) while the condensation mode becomes as important in the winter 
and fall (significant influence of primary emissions) (Cabada, Rees et al. 2004; 
Zhang, Stanier et al. 2004). 
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Figure 9. Time series plots of PM2.5 concentrations during summer 2001 intensive 
sampling period. 
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Figure 10. Aerosol surface area and volume size distributions composition on a monthly 
average basis at the central site from June 2001 to May 2002. Also shown are the 
distributions based on a logarithmic scale. 
 

• The organic PM (both OC and EC) has a practically unimodal mass distribution 
during the whole year consistent with its regional aged character (Cabada, Rees et al. 
2004). 

• Almost the entire nitrate in the winter exists in submicrometer particles with a size 
distribution similar to that of sulfate and ammonium suggesting that it is mostly in the 
form of ammonium nitrate (Cabada, Rees et al. 2004). 

• In the summer, most of the total nitrate in Pittsburgh is in the gas phase during the 
day and in the particulate phase during the night with maximum concentrations in the 
early morning before sunrise. Almost the entire available total nitrate is in the 
particulate phase in the winter (Wittig, Anderson et al. 2004). 
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• Sulfate concentrations show little consistent diurnal variation throughout the year, 
except in the summer when sulfate peaks slightly during the afternoon due to 
photochemical production (Wittig, Anderson et al. 2004). 

• The daily average sulfate concentration is well correlated with the hourly maximum 
sulfate concentration (R2=0.89) (Wittig, Anderson et al. 2004). 

• The average Pittsburgh number concentration is 22,000 cm-3 with an average mode 
size of 40 nm. Rural number concentrations in Western Pennsylvania are a factor of 
2-3 lower than the urban values. The highest number concentrations were observed 
during relatively clean days because of frequent nucleation events in the area.  
(Stanier, Khlystov et al. 2004). 

• Regional scale formation of ultrafine particles (nucleation) takes place in Western 
Pennsylvania on 30% of the days of the year during all seasons, but it is most 
frequent in fall and spring and least frequent in winter. Regional nucleation is most 
common on sunny days with below average PM2.5 concentrations. Twenty-four-hour 
average number concentrations were approximately 40% higher on days with 
nucleation compared to those without. (Stanier, Khlystov et al. 2004). 
[HYPOTHESIS 3.1] 

• High PM concentrations in Western Pennsylvania are associated with a transition 
from a high pressure to a low pressure regime in advance of an approaching frontal 
system indicating long-range transport of pollutants (Modey, Eatough et al. 2004). 

• The nitrate and sulfate concentrations measured by the R&P nitrate (model 8400 N) 
and sulfate (model 8400S), after standard instrument calibration, had reasonably high 
correlations (R2 about 0.85) with the filter-based methods. However, the sulfate and 
nitrate concentrations measured by the continuous instruments were low by 17% and 
29% respectively. A final calibration step using filter-based measurements was 
recommended for these instruments (Wittig, Takahama et al. 2004). 

• An automatic method for the semi-continuous measurement of the aerosol water 
content, the Dry Ambient Aerosol Size Spectrometer (DAASS) was developed and 
used continuously for a year (Stanier, Khlystov et al. 2004). 

• The organic aerosol in Western Pennsylvania is aged and as a result the negative 
artifact in quartz filters was found to be small (typically less than 10% of the OC). 
The use of a backup quartz filter behind the front quartz filter provided a better 
estimate of daily average OC positive artifact than the use of a quartz backup filter 
behind a Teflon filter (Subramanian, Khlystov et al. 2004). 

• A simple algorithm was developed to combine aerosol size distribution data measured 
with commercially available scanning mobility particle sizers and an aerodynamic 
particle sizer to produce the complete aerosol size distribution from 3 nanometers to 
10 micrometers (Khlystov, Stanier et al. 2004). 
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• The Versatile Aerosol Concentration Enrichment System (VACES) was tested during 
measurements of ambient aerosol in Pittsburgh. It was found that the shape of the 
sulfate distribution was preserved during passage through the concentrator with a 
mass enhancement factor of 10-20. The size distributions of organics, ammonium and 
nitrate were preserved in relatively clean days while artifacts smaller than 10% of the 
concentrated mass were introduced for dirty days (Khlystov, Stanier et al. 2005; 
Zhao, Bein et al. 2005). 

• The density of aerosol in the Pittsburgh area was found to be 1.5±0.5 g cm-3 
(Khlystov, Stanier et al. 2004). 

• Agreement within experimental error was obtained between the measured scattering 
coefficient and the calculations using the high temporal-resolution PM2.5 composition 
measurements and aerosol water content. Approaches relying on estimation of the 
aerosol water content tended to underpredict the scattering coefficient by around 20% 
(Cabada, Khlystov et al. 2004).  

• Aerosol sulfate and the associated water contribute around 70% to the scattering 
coefficient in the area during the summer with organics being responsible for most 
the remaining scattering. During the winter, sulfate accounts for approximately 40%, 
nitrate roughly 25%, and organics for 35% of the aerosol scattering (Cabada, 
Khlystov et al. 2004). 

• During the summer months the ambient aerosol practically always contained water 
even when the relative humidity was as low as 30%. In contrast, during the winter the 
aerosol was dry below 60% RH. The spring months were characterized by a 
transitional behavior between these two states. The observed seasonal behavior can 
be explained by the aerosol acidity. The summer aerosol was acidic and retained 
water at low RH. The winter aerosol was neutral and became wet when the relative 
humidity reached the deliquescence point of ammonium nitrate (Khlystov et al. 
2005a). 

Source characterization 

• Spherical aluminum silicate (SAS) particles are thought to be a unique tracer for 
emissions from coal combustion.  Based on tests performed at pilot and full-scale 
using 5 different types of coal (Figure 11), the average emission factor for SAS was 
3.7 x 105 (number of SAS particles/µg primary PM2.5 emissions).  There was 
reasonable agreement between pilot- and full-scale data, and some rank dependence 
of the SAS emission factor with lower rank coals having a higher SAS emission 
factor. 

• Dilution sampler measurements indicate that coal fired boilers directly emit little 
carbonaceous aerosol. For the two full-scale boilers we tested, EC contributed on 
average less than 1% of the emitted PM2.5 mass. OC measured using a quartz filter 
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contributed on average less than 2.5% of the emitted PM2.5 mass. In addition, backup 
filter measurements indicate that the majority of this OC is likely sampling artifact. 

• Dilution sampler measurements indicate some conversion of oxidized mercury into 
its elemental state in the plume of power plants.  Quantification of this effect is 
complicated by the wall losses inside the sampler (Robinson et al. 2005). 

0 1 2 3 4 5 6 7 8

Boiler #1

Boiler #2

Prater Creek Coal (Test 1)

Prater Creek Coal (Test 2)

Pittsburgh #8 Coal

Powder River Basin

Prater Creek Coal-Wood
Blend

SAS Emission Factor (SAS x 10-5/ug PM2.5)

Pilot-Scale Tests

Full-Scale Tests

 
Figure 11. SAS emission factors as a fraction of PM2.5 mass measured during pilot-scale 
and full-scale boiler testing. 

 

• The fine particle emissions profile of a large coke production facility is dominated by 
organic (40% ±9% of PM2.5 mass emissions) and elemental carbon (25% ± 5% of 
PM2.5 mass emissions). Significant contributions of inorganic ions and select trace 
metals were also observed. The particle emissions are dominated by the fine fraction, 
with PM2.5 estimated to contribute 84% ± 14% of the PM10 mass. The profile can be 
used for source-receptor analysis of similar facilities (Weitkamp, Lipsky et al. 2005). 

• On a fuel basis, emissions of NOx, PM2.5, EC and OC from heavy-duty diesel vehicles 
inside the Squirrel Hill tunnel are significantly larger than those for light-duty 
vehicles. Emissions of particulate metals associated with brake wear (Cu, Sb, Ba and 
potentially Ga) were significantly higher during the rush-hour period when there was 
more brake usage (Grieshop, Lipsky et al. 2005). 
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• There is a strong correlation between organic composition of motor vehicle exhaust 
measured inside the tunnel and the distribution of important motor vehicle markers 
(hopanes, steranes, PAHs) in the ambient air samples. 

• A seasonal shift in the average OC/EC ratio for the rush-hour period inside the 
Squirrel Hill Tunnel was observed; fall and summer OC/EC ratios are 0.83 ± 0.15 and 
0.26 ± 0.06, respectively. Potential causes for this shift are seasonal changes in fuel 
formulation and an increased partitioning of semivolatile organic compounds into the 
gas phase during the summer months (Grieshop, Lipsky et al. 2005). 

• Significant differences were observed in the PM2.5 fraction of urban and rural paved 
road dust in the Pittsburgh region.  Urban road dust is enriched in organic compounds 
found associated with motor vehicles (hopanes, steranes, PAHs, benzothiazole and 
alkylcyclohexanes) and metals associated with anthropogenic sources (Zn, Cu, Ni, 
and Mo).  Rural road dust is enriched in sterols associated with biological sources 
(cholesterol and β-sitosterol). 

• Waxy n-alkanes concentration levels for the Pittsburgh leaf abrasion sample are 
somewhat lower than found for Los Angeles (Rogge, Hildemann et al. 1993), 
possibly a result of the different plant distribution as well as differences in climate 
between the two locations. 

• For diesel engines operating at low load and wood combustion, the PM2.5 mass 
emission rate decreases significantly when the aerosol is diluted because of changes 
in the partitioning of semivolatile organics (Figure 12). For example, the PM2.5 mass 
emission rate from a diesel engine operating at low load decreases by 50% when the 
dilution ratio increases from 20:1 to 350:1 (Lipsky and Robinson 2005). 

• A new portable dilution sampler has been designed and tested for measurements of 
semivolatile aerosol emissions (Lipsky and Robinson 2005) [HYPOTHESIS 2.3]. 
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Figure 12. Fuel-based emissions from low-load diesel (left column), medium-load diesel 
(middle column), and wood smoke (right column) experiments. Plots a1-a3 show PM2.5 

mass emission factor; plots b1-b3 compare organic carbon emission factors measured 
with the Bare-Q and Q - QBT approaches; plots c1-c3 show particulate organic carbon 
(OC) and elemental carbon (EC) emission factors measured using the Q - QBT approach. 
Bare-Q is carbon measured with a quartz filter; Q - QBT is carbon measured with a 
backup-corrected quartz filter. Q - QBT is particulate OC, while Bare-Q has substantial 
positive artifact, as discussed in the text. In plots c1-c3 symbols indicate total carbon 
emissions and shading indicates the contribution of OC and EC to the emissions. Plots 
c1-c3 also show the carbon fractions from the OC/EC analysis: He1 OC is the OC that 
evolves at 340°C, and He2-He4 OC is the OC that evolves at temperatures greater than 
340°C during the OC/EC analysis. The diesel plots combine data from back-to-back 
experiments conducted on the same day.  Lines are intended as a visual aid.  Vertical bars 
in (a) are experimental uncertainties determined from intercomparison experiments 
(Lipsky and Robinson, 2005b). 
 

Source apportionment  

• During the study roughly 90% of the PM2.5 concentration came from areas outside 
Pittsburgh (Figure 9). Local mobile sources contributed only 7% to the average PM2.5 
concentration (Zhou, Kim et al. 2004; Zhou, Kim et al. 2005). [HYPOTHESIS 1.2] 
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• There are important local sources of fine particulate metals, particularly Pb, Mo and 
Cr as well as a fraction of the Fe, Mn, and Zn (Bein, Zhao et al. 2005; Pekney, 
Davidson et al. 2005).  These metals are associated with metal processing industries.  
In addition, roughly half of the particle number concentration was due to local 
transportation sources (Stanier, Khlystov et al. 2004; Zhou, Kim et al. 2004; Zhou, 
Kim et al. 2005). [HYPOTHESIS 1.2] 

• Emissions from coal-fired power plants contribute significantly to PM2.5 
concentrations in Pittsburgh.  The vast majority of this contribution is to secondary 
sulfate which represents 38% of annual average PM2.5 mass (Rees et al. 2004).  
Ambient SAS concentrations indicate that primary emissions from coal-fired power 
are estimated to contribute on average 0.25 µg m-3 to fine particle mass (or 1.5% of 
annual average PM2.5).  Factor-analysis based approaches applied to aerosol 
composition data yielded similarly low estimates for the contribution of primary coal 
combustion (Pekney, Davidson et al. 2005). 

• The SOA contribution to the total organic PM concentration in Pittsburgh varies from 
around 10% during the winter months to around 50% of the total OC concentration in 
the summer months (Cabada, Pandis et al. 2002; Cabada, Pandis et al. 2004; Millet, 
Donahue et al. 2005). The SOA was estimated to be 35±15% of the OC during July 
2001 (Millet, Donahue et al. 2005; Polidori, Turpin et al. 2005). On a daily basis the 
SOA contribution is quite variable from almost zero during the low OC days to more 
than 50% during the high PM2.5 episodes (Cabada, Pandis et al. 2004). 
[HYPOTHESIS 3.2] 

• The annual average SOA contribution to the organic PM was estimated to be around 
30% (Polidori, Turpin et al. 2005). [HYPOTHESIS 3.2]  

• No major enhancement of the organic concentration is observed during periods when 
the aerosol is acidic, which suggests that acid-catalyzed SOA formation was not an 
important process during this study (Zhang, Canagaratna et al. 2005). 

• The entire record of semi-continuous measurements of organic carbon (OC), 
elemental carbon (EC), and inorganic species were carefully examined for evidence 
of coupling in the variations of inorganic acidity and OC. We were not able to detect 
significant enhancements of SOA production due to inorganic acidity most of the 
time, but the signal might have been lost in the noise. If we assume a causal 
relationship between inorganic acidity and OC, reductions in OC for Western 
Pennsylvania that might result from reductions in inorganic acidity were estimated to 
be 2±4% by a regression technique, and an upper bound for this geographic area was 
estimated to be 5±7% based on calculations from laboratory measurements 
(Takahama et al. 2006). 

• Two systematic approaches (extensions of the EC tracer method) for the estimation of 
the SOA contribution to the OC levels were proposed (Cabada, Pandis et al. 2004; 
Millet, Donahue et al. 2005). The first method requires semi-continuous 
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measurements of OC and EC and is applicable to areas where most of the OC is not 
emitted by local sources. The use of daily average OC and EC measurements results 
in an under-prediction of the SOA concentration. The second approach requires also 
continuous VOC measurements. 

• Chemical Mass Balance modeling using molecular markers predicts that 
anthropogenic primary sources contribute on average more than two-thirds of the 
ambient OC in the winter and between one-third and two-thirds of the ambient OC in 
the summer (Figure 13).  Variability in source profiles is a major source of 
uncertainty in the predictions.  Meat cooking and gasoline vehicles are predicted to 
be the most important source classes. 
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Figure 13.  Winter and summer averages of CMB predictions using molecular markers of 
primary sources of organic aerosol.  The colored bars indicate the range of statistically 
strong CMB solutions using different combinations of source profiles. 
 

• Gasoline and diesel motor vehicles are estimated to contribute between 14% and 20% 
of the ambient OC in the winter.  There is only modest day-to-day variability in the 
contribution of motor vehicles to ambient OC.  However, the gasoline-diesel split is 
not well constrained given the variability in the source profiles.  Estimates of the 
contribution of motor vehicle emissions in the summer are uncertain given the 
seasonal shift in the ambient data relative to the source profiles (Subramanian, 
Robinson et al. 2005). 

• Biomass burning (including residential wood burning) is a relatively minor source in 
Pittsburgh, contributing roughly 14% of total OC in the winter and 7% of total OC in 
the summer, at the upper limit.  There is large day-to-day variability in the 
contribution of biomass smoke to ambient PM, even in the winter. 

• Emissions from meat cooking are estimated to be an important source of primary 
organic aerosol, contributing around 15% of the annual average OC. 
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• Coke production contributes more than 80% of the ambient concentrations of high 
molecular weight PAH in Pittsburgh.  The predicted contribution of coke production 
emissions to ambient OC is generally small (median contribution of 15 ng C m-3), but 
large spikes, up to 710 ng C m-3, are predicted on certain days (Robinson, 
Subramanian et al. 2005). 

• Use of continuous size distribution, particle composition (sulfate, nitrate, and metals), 
and gas-phase concentrations in source-receptor analysis increased dramatically our 
ability to resolve source contributions to ambient PM2.5 concentrations. Eleven 
sources were identified for two summer episodes: remote traffic, local traffic, diesel 
traffic, secondary sulfate, secondary nitrate 1 and 2, a lead source, coal-fired power 
plants, steel mills, coke plants, and nucleation (Zhou, Hopke et al. 2005). 
[HYPOTHESIS 2.1] 

• A positive matrix factorization (PMF) technique was developed for the analysis of the 
semi-continuous size distributions measured by scanning mobility particle 
spectrometers (SMPS) and aerodynamic particle sizers (APS) (Zhou, Kim et al. 
2004). The sources were identified by using the number and volume distributions 
associated with these factors, the time frequency properties of the contribution of 
each source and the correlations of the contribution values with the gas-phase and 
PM2.5 composition data. [HYPOTHESIS 2.1] 

• Use of continuous size distribution measurements and positive matrix factorization 
can provide valuable information about the contributions of local traffic and 
nucleation to the aerosol number and mass concentrations. However, additional 
information is needed to separate the rest of the sources (Zhou, Kim et al. 2005). 
[HYPOTHESIS 2.1] 

• Semi-continuous measurements of PM metal concentrations together with continuous 
PM2.5 and major gas-phase pollutant concentrations can be used together with 
multivariate pseudo-deterministic receptor model (PDRM) can be used to predict the 
contributions to ambient levels of individual coal-fired boilers and other points 
sources (Park, Pancras et al. 2005). The method also allows the calculation of the 
emission rates of each source. [HYPOTHESIS 2.1] 

• A new source-receptor analysis method (Advanced Factor Analysis) has been 
developed for datasets that have multiple resolution aerosol composition data (Zhou, 
Hopke et al. 2005). [HYPOTHESIS 2.1] 

• Results from Unmix and PMF analysis of aerosol bulk composition data (OC, EC, 
ions, trace metals) showed reasonable agreement between the two approaches, both in 
composition of factors and factor contribution trends (Pekney, Davidson et al. 2005). 

• Particles rich in K+, Na+, Fe+, and Pb+ and to a lesser extent Ga+ and Zn+ were highly 
correlated with specific wind directions, facilitating the isolation of specific sources 
(Bein, Zhao et al. 2005). [HYPOTHESIS 2.2] 
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Three-dimensional chemical transport modeling 

Maps of the PMCAMx predictions of the average PM2.5 mass, sulfate, nitrate, 
ammonium, elemental carbon, and organic mass for July 2001, October 2001, January 
2002, and April 2002 are shown in Figures 14, 15, 16, and 17 respectively.  Large spatial 
and seasonal variations are predicted in the concentrations of PM2.5 mass and individual 
aerosol species.  During July 2001 the peak PM2.5 mass concentrations are in the 
Midwest associated with high sulfate and ammonium concentrations.  For example, in 
Illinois, Indiana and Ohio the predicted sulfate and ammonium levels are up to 12 and 4 
µg/m3, respectively.  During the winter the highest PM2.5 mass concentrations are in the 
northeast associated with elevated organic aerosols. 

PMCAMx predicts strong seasonal patterns in the PM2.5 composition.  For example, 
during the summer nitrate concentrations are generally low (less than 1 µg/m3 in most 
areas) with the highest values in Indiana, eastern Ohio, and the Philadelphia area (up to 
1.5 µg/m3).  Peak nitrate concentrations are predicted in the winter with levels up to up to 
3 µg/m3 in the northeast US.  High nitrate concentrations are also predicted in the 
Midwest in the spring.  Sulfate concentrations exhibit the opposite pattern with elevated 
concentrations (up to 12 µg m-3) in the summer and much lower levels in other seasons.  
This reflects the large seasonal changes in photochemical oxidation of SO2 emissions 
from power plants.  Ammonium concentrations exhibit less of seasonal pattern than either 
nitrate or sulfate. 

Figure 18 presents maps of monthly average concentrations total organic matter, 
primary organic aerosol, and secondary organic aerosol.  In all four seasons the most of 
the organic mass is predicted to be primary, especially in urban areas.  The highest 
monthly average organic mass concentrations are predicted in the winter along the 
heavily urbanized northeastern corridor. 

PM2.5 mass is equal to the sum of the individual species (sulphate, nitrate, 
ammonium, organic matter, elemental carbon, and crustal material).  During July 2001, 
sulfate is predicted to account for 40% of total PM2.5, followed by OM (22%), 
ammonium (13%), EC (4%), and finally nitrate (3%).  During October 2001, the total 
PM2.5 mass in the entire domain is comprised by sulfate (26%), organic mass (26%), 
ammonium (11%), nitrate (6%), and elemental carbon (5%). During January 2002, the 
total PM mass consists of 25% organics, 19% sulphate, 12% nitrate, 10% ammonium and 
finally 5% elemental carbon. During April 2002, sulphate accounts for 29% of total PM2.5 
mass, followed by organic mass (22%), ammonium (13%), nitrate (11%) and elemental 
carbon (4%). 
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Summer 
 
 
 

 
  
 
 
 
         
 
 
 
 
 
 
 
 
 
 
\ 
 
 
 
      

 
 
 
 
 
 
 
 
 
 
 

  
 
 
Figure 14. Average predicted PM2.5 concentrations over the period of July 12-28 2001 
for PM2.5 mass, sulphate, nitrate, ammonium, elemental carbon and organic mass 
(µg/m3). 
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Fall 
   

 
  
 
 
 
 
 
 
 
 
 
   
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 15. Average predicted PM2.5 concentrations over the period of October 01-31 
2001 for PM2.5 mass, ammonium, nitrate, sulphate, elemental carbon and organic mass 
(µg/m3). 
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Winter 
  
 

  
  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 16. Average predicted PM2.5concentrations over the period of January 01-31 2002 
for PM2.5 mass, ammonium, nitrate, sulphate, elemental carbon and organic mass 
(µg/m3). 
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Spring 
   
 
 
 
 
 
 
 
 
 
 
 
 
 
 
  
 
 
 
 
 
 
 
 
 
 
 
 
 
  
 
 
 
 
 
 
 
 
 
 
Figure 17. Average predicted PM2.5 concentrations over the period of April 03-30 2002 
for PM2.5 mass, ammonium, nitrate, sulphate, elemental carbon and organic mass 
(µg/m3). 
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Figure 18. Primary (POC) and Secondary (SOA) OC contribution to Organic Mass (OM) 
in all four seasons (µg/m3). 

OM-July (µg/m3)                             POC-July (µg/m3)                        SOA-July (µg/m3) 

OM-Oct (µg/m3)                             POC-Oct (µg/m3)                         SOA-Oct (µg/m3) 

OM-Jan (µg/m3)                             POC-Jan (µg/m3)                         SOA-Jan (µg/m3) 

OM-April (µg/m3)                           POC-April (µg/m3)                      SOA-April (µg/m3) 
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The performance of PMCAMx was evaluated by comparing model predictions to 
daily average measurements from the U.S. EPA’s STN network and the IMPROVE 
network. Plots of the predicted versus measured concentrations are shown in Figures 5-8 
for July 2001, October 2001, January 2002 and April 2002, respectively.  These plots 
indicate relatively little bias in the model predictions for most species, but a reasonable 
amount of scatter. 

To quantitatively assess the model performance we \calculated the mean error 
(ERROR), mean bias (BIAS), fractional error (FERROR), and fractional bias (FBIAS) to 
assess the model performance: 

∑
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where Pi is the predicted value of the pollutant in a specific location, Oi is the observed 
value of the pollutant in the same location, and N is the total number of the predictions 
used for the comparison.  These parameters were evaluated separately for each month 
long simulations. 

The bias and error between the model predictions and measured concentrations are 
summarized in Tables 10-13.  The fractional bias for most species in most months is less 
than 0.3 indicating relatively little systematic bias in the model predictions.  However, 
there is reasonable amount of scatter with most species having fractional errors values for 
many species being around 0.5.  This indicates that the model has difficulty reproducing 
the observed variation in the daily concentrations across the range of sites. 

Sulfate: The best agreement between the model predictions and observations of 
sulfate are in January 2002 and April 2002.  The fractional error for January and April are 
0.44 and 0.39, respectively. During July 2001, there is little systematic bias in the model 
predictions, but more scatter than the winter months.  During October, PMCAMx 
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overpredicts sulfate across the majority of the modeling domain. We attribute this to the 
high concentrations of ammonia that the model predicts that affect the cloud pH and 
accelerate the oxidation of SO2 to H2SO4. 

Nitrate: During the summer 81% of the model nitrate predictions during summer 
diverge less than ±30% or ±0.5 µg/m3 from the measurements. In most of the domain the 
model slightly underpredicts the concentration of nitrate. This underprediction mainly 
occurs when the values of nitrate measurements are low levels, less than 1 µg/m3. 
Considering that the experimental measurements are uncertain by a ±0.5 µg/m3, this 
discrepancy could be partially due to the measurements. However, there are few areas 
such as Baltimore, MD where the model significantly underpredicts the concentration of 
nitrate.  

Model predictions of nitrate are sensitive to the ammonia concentration. Ammonia 
reacts preferentially with H2SO4 and, therefore only reacts with HNO3 to form particulate 
nitrate if sufficient NH3 is available. Thus, large underpredictions in nitrate 
concentrations are likely caused by underpredictions of ammonia emissions.  In addition, 
there are some areas where sulfate is overpredicted by the model and consequently moves 
all the available NH3 to particulate phase which causes underprediction of nitrate. 

Ammonium: The IMPROVE network does not measure ammonium, so the model 
performance can only be evaluated at the STN sites.  Reasonable agreement between the 
predicted and measured ammonium concentrations is observed in all months but October 
2001.  During October the model overpredicts the concentrations of ammonium in most 
areas giving a fractional error of 0.91 and a mean bias 0.76 µg/m3. These problems are 
probably related to the ammonia emission inventory.  The inventory predicts high 
emissions of ammonia in the fall associated with fertilizer application on farms.  
However, the agricultural activities on that season are uncertain and the ammonium 
emissions in such areas are probably overestimated. As a consequence, the emission 
inventory of ammonium over agricultural areas in the fall should be re-examined. 

Organic PM: The model predictions for the organic mass are generally in agreement 
with the measurements in most areas and seasons. For example, in October 2001 
PMCAMx predicts an average 3.1 µg/m3 for the organic mass concentration while the 
average of the measurements is 2.9 µg/m3.  During July 2001 the model underpredicts the 
concentration of the organic mass, especially in comparison with most of the STN 
monitoring stations.  However, a complication is the fact that the STN carbon data are not 
corrected for handling blanks which have been shown to create a significant bias in the 
data relative to the IMPROVE network.  The overall bias is -0.20 µg/m3, while the 
average concentration from the measurements is 2.92 µg/m3. During the winter, the 
model overpredicts the organic mass especially in comparison with some STN monitors 
in the east coast. The fractional bias during January is 0.31 while the fractional error is 
0.58. During the spring, the model predicts high levels of organic mass in south 
Louisiana, which are not in agreement with the measurements from this area (STN 
stations). The evaluation of the model in April gives a fractional bias and error of 0.13 
and 0.52 respectively. 
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Elemental Carbon: During July 2001, the mean bias in the EC concentrations is 0.24 
µg/m3 when compared to the STN measurements and is unbiased (-0.03 µg/m3) when 
compared to the IMPROVE network. IMPROVE EC levels are much lower than STN 
because the IMPROVE sites are located in rural areas. Therefore, one explanation of the 
bias between the model predictions and the STN EC data is that the EC emissions in 
cities are overestimated.  A complication is the well known inconsistencies in EC 
measured made using different analytical techniques.  The EC analysis method by the 
IMPROVE network often measures more EC than that used by the STN network.  The 
overall mean bias for the four months is 0.08 µg/m3 and 0.16 µg/m3, for the IMPROVE 
and the STN data respectively, while the overall average measurement is 0.31 µg/m3 and 
0.59 µg/m3 respectively. During October 2001 and January 2002 the fractional error is 
0.50 and 0.46 respectively. In spring (April 2002), the model has the better agreement 
with the measurements giving a fractional bias of 0.16. 

PM2.5 Concentration:  As with most of the individual species, the model predictions 
generally agree with the measurements during the four seasons of the year giving an 
average of 12.2 µg/m3 across all sites while the average of the measured concentrations is 
10.9 µg/m3. During July 2001, the model underpredicts the PM2.5 mass concentration 
with a fractional bias of -0.17. Part of this underprediction may be due to the 
measurements of water by the FRM PM2.5 method (Rees et al. 2004).  In certain periods 
regional biases in model predictions are observed.  For example, in October 2001, the 
model overpredicts PM2.5 mass along the urbanized northeast corridor but underpredicts 
PM2.5 mass in the Midwest.  The fractional error during the autumn is 0.50.  The 
fractional bias during this month is 0.35 while the fractional error is 0.49. During April 
2002, the model has the best agreement between the prediction and the observation in 
most of the PM species. That leads to a significant well prediction for the overall PM2.5 
mass too. The fractional bias is 0.15 while the fractional error is 0.41.  
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Figure 19. Comparison of predicted PM2.5 sulfate,PM2.5 nitrate, PM2.5 ammonium, 
organic mass, elemental carbon and total PM2.5 mass to data from the AIRS and 
IMPROVE Networks during July 2001. Also shown are the 1:1 and ±30% lines. 
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Figure 20. Comparison of predicted PM2.5 sulfate, PM2.5 nitrate, PM2.5 ammonium, 
organic mass, elemental carbon and total PM2.5 mass to data from the AIRS and 
IMPROVE Networks during October 2001. Also shown are the 1:1 and ±30% lines. 
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Figure 21. Comparison of predicted PM2.5 sulfate,PM2.5 nitrate, PM2.5 ammonium, 
organic mass, elemental carbon and total PM2.5 mass to data from the AIRS and 
IMPROVE Networks during January 2002. Also shown are the 1:1 and ±30% lines. 
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Figure 22. Comparison of predicted PM2.5 sulfate, PM2.5 nitrate, PM2.5 ammonium, 
organic mass, elemental carbon and total PM2.5 mass to data from the AIRS and 
IMPROVE Networks during April 2002. Also shown are the 1:1 and ±30% lines. 
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Table 10. Comparison of PMCAMx predictions with daily average measurements during the period of July 2001. 
 

Element Predicted 
Average 
(µg/m3) 

Measured 
Average 
(µg/m3) 

Bias 
(µg/m3) 

Error 
(µg/m3) 

Fractional 
Bias 

Fractional 
Error 

Number of 
comparisons 

(N)  
Sulfate 4.77 5.73 -0.96 2.57 -0.03 0.54 660 
Nitrate 0.34 0.51 -0.17 0.36 -0.62 0.92 530 

Ammonium 1.88 1.84 0.04 0.86 0.15 0.53 405 
Organic 

Mass 
2.73 2.92 -0.20 1.19 0.02 0.46 670 

Elemental 
Carbon 

0.51 0.41 0.11 0.27 0.14 0.57 670 

PM2.5 mass 12.21 15.39 -3.18 6.22 -0.17 0.46 661 
 

Table 11. Comparison of PMCAMx predictions with daily average measurements during October 2001. 
 

Element Predicted 
Average 
(µg/m3) 

Measured 
Average 
(µg/m3) 

Bias 
(µg/m3) 

Error 
(µg/m3) 

Fractional 
Bias 

Fractional 
Error 

Number of 
comparisons 

(N) 
Sulfate 3.08 2.37 -0.71 1.54 0.41 0.62 1015 
Nitrate 0.73 0.70 0.03 0.43 -0.06 0.69 921 

Ammonium 1.54 0.78 0.76 0.98 0.78 0.91 443 
Organic 

Mass 
3.07 2.90 0.17 1.42 0.06 0.50 1025 

Elemental 
Carbon 

0.60 0.48 0.11 0.29 0.21 0.48 1025 

PM2.5 mass 11.73 8.90 2.83 5.15 0.29 0.50 1021 
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Table 12. Comparison of PMCAMx predictions with daily average measurements during January 2002. 
 

Element Predicted 
Average 
(µg/m3) 

Measured 
Average 
(µg/m3) 

Bias 
(µg/m3) 

Error 
(µg/m3) 

Fractional 
Bias 

Fractional 
Error 

Number of 
comparisons 

(N) 
Sulfate 2.70 2.36 0.34 0.96 0.20 0.44 925 
Nitrate 1.66 2.20 -0.54 1.26 -0.09 0.69 853 

Ammonium 1.62 1.59 0.03 0.63 0.12 0.44 457 
Organic 

Mass 
3.47 2.55 0.92 1.73 0.31 0.58 920 

Elemental 
Carbon 

0.69 0.50 0.20 0.34 0.30 0.50 920 

PM2.5 mass 13.89 9.80 4.08 5.54 0.35 0.49 920 
 
 
Table 13. Comparison of PMCAMx predictions with daily average measurements during April 2002. 
 

Element Predicted 
Average 
(µg/m3) 

Measured 
Average 
(µg/m3) 

Bias 
(µg/m3) 

Error 
(µg/m3) 

Fractional 
Bias 

Fractional 
Error 

Number of 
comparisons 

(N) 
Sulfate 3.16 3.17 -0.01 1.14 0.02 0.39 881 
Nitrate 1.13 1.25 -0.12 0.72 -0.18 0.76 809 

Ammonium 1.69 1.50 0.19 0.51 0.14 0.34 418 
Organic 

Mass 
2.49 2.22 0.27 1.15 0.13 0.52 882 

Elemental 
Carbon 

0.47 0.41 0.06 0.21 0.16 0.46 882 

PM2.5 mass 11.08 9.41 1.67 3.96 0.15 0.41 888 
  
 



66 

PM2.5 Response to Changes in the Emissions of its Precursors in the Eastern United 

States  

Both observation based models and PMCAMx were used to investigate the sensitivity 
of fine particle concentrations to changes in emissions.  First we summarize the major 
findings from the research based on observational models.  Details on these findings are 
in the attached papers. We then describe in more detail the results from the PMCAMx 
simulations.  

• An observation-based model, the thermodynamic model with removal (TMR) was 
developed to estimate responses of PM2.5 concentrations to changes in precursor 
concentrations. Use of the model requires semi-continuous measurements of 
sulfate, total nitrate, total ammonia, PM2.5 nitrate, and PM2.5 ammonium (Vayenas 
et al. 2005). [HYPOTHESIS 3.4]  

• The ammonium nitrate concentrations in Western Pennsylvania are quite sensitive 
to the ammonia levels and reductions in PM2.5 concentrations may be assisted by 
reductions in ammonia emissions during both the summer and winter (Takahama 
et al. 2004). [HYPOTHESIS 3.4]  

• The frequent nucleation events can be explained by a ternary sulfuric acid-
ammonia-water nucleation model. The results are consistent with the composition 
of the fresh ultrafine particles of Zhang et al. (2004). Reductions of ammonia 
emissions are predicted to decrease the frequency of nucleation events during 
both summer and winter, with a more dramatic effect during the summer. 
Reductions of sulfur dioxide and the resulting sulfate by up to 40% are expected 
to increase the frequency of nucleation during the summer and decrease it during 
the winter (Gaydos et al. 2005b). [HYPOTHESIS 3.1] 

• During the winter sulfate reductions will lead to increases in the nitrate 
concentrations in Pittsburgh. It is predicted that a 50% sulfate reduction will lead 
to a 10% decrease of inorganic PM2.5 mass concentrations. For a 50% reduction in 
ammonia availability, inorganic PM2.5 was reduced by approximately 30%, while 
for a 50% reduction in total nitric acid a 15-20% reduction in inorganic PM2.5 is 
predicted (Vayenas et al. 2005). [HYPOTHESIS 3.4]  

• The available aerosol thermodynamic models can reproduce the observed nitrate 
partitioning within experimental error (Takahama et al. 2004)  

The PMCAMx model was used to predict the changes in the concentrations of PM2.5 

and its components after changes of the major precursors (SO2, NH3, NOx, VOCs). A 
spatially and temporally uniform emission change of 50% was assumed so these 
simulations should be viewed more as sensitivity tests exploring the sensitivity of the 
system to certain changes and not as analysis of detailed policy options.  
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The concentration changes were estimated as: 

]ChangeafterionConcentrat[]ionConcentratBasecase[ −=ChangeionConcentratAbsolute  

 

]ionConcentratBasecase[
]ChangeafterionConcentrat[]ionConcentratBasecase[ −

=ChangeionConcentratFractional  

therefore positive responses correspond to concentration reductions and negative 
responses correspond to increases in concentration (even if the precursor emission was 
reduced). 

 

1. Changes in SO2 Emissions 

In these simulations a uniform 50% reduction in SO2 emissions was assumed for the 
whole modeling domain. Coal fired power plants are dominant source of SO2 emissions 
in Eastern US.  

1.1 Summertime (July 2001) 

The predicted average sulfate concentration for July 2001 is shown in Figure 23. The 
highest average concentrations are predicted in the Midwest US with values up to 12 µg 
m-3. PMCAMx predicts that summertime reductions in emissions of SO2 will be quite 
efficient in reducing the sulfate concentrations, especially in the areas characterized by 
the highest concentrations (Figure 24).  

 

 
Figure 23. Predicted average base-case sulfate concentrations (µg m-3) for July 2001. 
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Figure 24. Predicted change in sulfate concentration for a 50% reduction in SO2 
emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

 
Figure 25. Predicted fractional change in sulfate concentration for a 50% reduction in 
SO2 emissions for July 2001. A positive change corresponds to a concentration reduction. 

 

The fractional changes in the sulfate concentrations (Figure 25) are close to 
proportional (a 50% reduction) for all areas that have an average sulfate concentration 
above 1 µg m-3. Smaller fractional changes smaller are observed near the boundaries of 
the modeling domain and are due to the long range transport of sulfate from areas outside 
the Eastern US.  
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The changes in sulfate concentrations result in changes in the partitioning of nitrate 
between the gas and particulate phases. The base-case nitrate concentrations during the 
summer are relatively low (less than 1 µg m-3) in most of the modeling domain (Figure 
26). However, there are areas with average nitrate concentrations above 1 µg m-3 in 
locations in the Midwest, North Carolina, eastern Pennsylvania, etc. The higher nitrate 
concentrations are predicted during the nighttime in agreement with the observations.  

 
Figure 26. Predicted average base-case nitrate concentrations (µg m-3) for July 2001. 
 

 
Figure 27. Predicted change (µg m-3) in nitrate concentration for a 50% reduction in SO2 

emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

A decrease of the sulfate concentrations may lead to increases in the nitrate levels. 
The ammonia that used to be in the form of ammonium sulfate salts is released and may 
react with the available nitric acid vapor to form ammonium nitrate. At the same time 
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reductions in sulfate ions in aqueous particles reduce the ionic strength of the solution 
and can lead to decreases of the nitrate levels.  

Figure 27 shows that PMCAMx predicts that a 50% reduction in SO2 emissions will 
cause only modest change in the average nitrate concentrations during the summertime 
(between +0.2 and -0.2 µg m-3). The major increases in nitrate concentration are 
predicted to take place in the Midwest especially around Chicago but also in the eastern 
seaboard in the areas between Baltimore and Boston. In these areas, there are significant 
concentrations of all the major inorganic aerosol precursors (sulfur dioxide, nitric acid, 
and ammonia). On the other hand, reductions of the average nitrate are predicted for parts 
of the South such as Atlanta and also parts of the Midwest (Iowa, Nebraska, Minnesota, 
Wisconsin, etc.). These areas are characterized by relatively low levels of NOx and high 
ammonia therefore most of the available nitric acid is already in the particulate phase. 
Reductions of sulfate drive some of this aerosol nitrate to the gas phase by increasing its 
activity coefficient in the aqueous solution that has now fewer ions.  

The highest ammonium concentrations are predicted to be in the Midwest with levels 
up to 4 µg m-3 (Figure 28). The reduction in sulfate is predicted to lead to a significant 
reduction in the ammonium which is transfer to the gas phase as ammonia (Figure 29).  

The largest ammonium reductions (up to 1.5 µg m-3) are predicted to take place in the 
Midwest (Figure 29) that is in the area where the base-case concentrations are the 
highest. These ammonium reductions are an additional benefit of the SO2 emission 
reductions in the effort to reduce PM2.5 levels.  

 
 
Figure 28. Predicted average base-case ammonium concentrations (µg m-3) for July 
2001. 
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Figure 29. Predicted change (µg m-3) in ammonium concentration for a 50% reduction in 
SO2 emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

The concentrations of the other major PM2.5 components (primary and secondary 
organic aerosol, elemental carbon, dust) are predicted to remain the same for all practical 
purposes (less than 1% change) as SO2 emissions are reduced.   

The net predicted change in the PM2.5 concentrations is the sum of the changes in 
sulfate, nitrate, and ammonium and is clearly dominated by the reductions in sulfate. The 
highest PM2.5 concentrations are predicted to be in a large area including Illinois, Indiana, 
Ohio, and Western Pennsylvania while high concentrations also exist in major 
metropolitan areas such as New York, Boston, and Atlanta (Figure 30).  
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Figure 30. Predicted average base-case PM2.5 concentrations (µg m-3) for July 2001. 
 

 
Figure 31. Predicted change (µg m-3) in PM2.5 concentration for a 50% change in SO2 
emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

The 50% reduction in SO2 emissions is predicted to lead to reductions of the average 
PM2.5 levels during July by 3-5 µg m-3 (Figure 31). The highest reductions are once more 
in the Midwest in the areas where sulfate and PM2.5 levels are the highest.  

The fractional change in PM2.5 concentrations is depicted in Figure 32. For most of 
the Eastern US the predicted reductions in average PM2.5 during July are in the 20-30% 
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range. These reductions suggest strongly that reductions of SO2 emissions from coal-fired 
power plants during the summer will lead to significant reductions of the average fine 
particulate matter concentrations during the summer in the Eastern US.  

 
Figure 32. Predicted fractional change in PM2.5 concentration for a 50% change in SO2 
emissions for July 2001. A positive change corresponds to a concentration reduction. 

 

1.2 Wintertime (January 2002) 

The sulfate concentrations during winter (Figure 33) are significantly lower compared 
to the summertime levels (Figure 23). Also the highest concentrations are now predicted 
to be in the Southeastern part of the country.  

The assumed 50% spatially and temporally uniform reduction in SO2 emissions once 
more results in reductions of the predicted sulfate concentrations (Figure 34) with values 
up to 1.5 µg m-3 over Florida.  
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Figure 33. Predicted average base-case sulfate concentrations (µg m-3) for January 2002. 
 

 
Figure 34. Predicted change in sulfate concentration (µg m-3) for a 50% reduction in SO2 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
 

This predicted sulfate reduction is not proportional to the SO2 emission reduction. For 
most of the Eastern US the reduction is only 20-30% (Figure 35) and only in the 
southeastern US it approaches 40%. This lack of proportionality is due to the nonlinear 
cloud chemistry (it is limited by the hydrogen peroxide availability) and also to the fact 
that a more significant fraction of the sulfate is transported to the Eastern US from other 
areas.  
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Figure 35. Predicted fractional change in sulfate concentration for a 50% reduction in 
SO2 emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 

The fine particulate matter nitrate concentrations in the winter (Figure 36) are 
significantly higher than in the summer (Figure 26) with values up to 2.5 µg m-3. The 
average concentrations exceed 1.5 µg m-3 in most of the Northeastern US and are also 
quite high in North Carolina, and in the Atlanta area. These higher concentrations are 
mainly due to the change in partitioning of the total nitrate. The lower wintertime 
temperatures favor the existence of this total nitrate in the particulate phase.  

The assumed 50% reduction in SO2 emissions and the corresponding sulfate 
reduction are accompanied mainly by increases of the aerosol nitrate concentrations 
(Figure 37). These increases are predicted to take place mainly in the Northeastern US 
and to be as much as 0.3 µg m-3. The nitrate concentration is predicted to increase over 
the entire Eastern continental US while it is predicted to decrease only over the Atlantic 
ocean and over the Gulf of Mexico. The predicted increases are due to the substitution of 
the sulfate by nitrate in the particulate phase and are consistent with the predictions of 
simpler thermodynamic models.  
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Figure 36. Predicted average base-case nitrate concentrations (µg m-3) for January 2002. 
 

 
Figure 37. Predicted change (µg m-3) in nitrate concentration for a 50% reduction in SO2 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
 

The base-case wintertime ammonium concentrations are shown in Figure 38. The 
predicted concentrations are higher in the Eastern Coast starting from South Carolina and 
extending all the way to Massachusetts. These areas are characterized by high 
concentrations of either sulfate or nitrate and also availability of ammonia to form 
ammonium sulfate or ammonium nitrate.  
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Figure 38. Predicted average base-case ammonium concentrations (µg m-3) for January 
2002. 
 

 
Figure 39. Predicted change (µg m-3) in ammonium concentration for a 50% reduction in 
SO2 emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 

The 50% reduction in SO2 emissions is predicted to cause a significant reduction in 
the ammonium levels in the Southeastern US with values as much as 0.3 µg m-3 (Figure 
39). The predicted ammonium concentration change in the Northeast, Midwest and 
Central US is rather modest at around 0.1 µg m-3 or less partially because the decreased 
ammonium sulfate is replaced by ammonium nitrate.  
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The rest of the major aerosol components (organics, dust) are predicted once more to 
remain the same in this 50% SO2 emission reduction scenario.  

The predicted average PM2.5 concentrations by PMCAMx are shown in Figure 40. 
The high primary organic concentrations lead to a high concentration area (values above 
20 µg m-3) extending from Baltimore to Maine. High concentrations are also predicted 
for the large urban areas such as Chicago and Atlanta.  

Once more the overall effects of the 50% SO2 emission change can be viewed for all 
practical purposes as the sum of the corresponding changes in the sulfate, nitrate, and 
ammonium concentrations. Figure 41 indicates that the PM2.5 concentration is predicted 
to decrease everywhere in the domain by values up to 1.5 µg m-3. The Southeast US is 
predicted to benefit the most from the reductions. In the Northeast there is a net reduction 
of PM2.5 but it is rather small (less than 0.5 µg m-3) mainly because the sulfate reduction 
is balanced by an increase in nitrate. 

 

 
 
Figure 40. Predicted average base-case PM2.5 concentrations (µg m-3) for January 2002. 
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Figure 41. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction in SO2 

emissions for January 2002. A positive change corresponds to a concentration reduction. 
 

 
Figure 42. Predicted fractional change in PM2.5 concentration for a 50% reduction in SO2 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
 

The net predicted fractional change in the PM2.5 concentrations after a 50% reduction 
in SO2 emissions is quite variable (Figure 42). The maximum effect is predicted over 
Florida with reductions around 15%, is around 5-10% in the rest of the South US and is 
less than 5% in the North. These results suggest that a SO2 emissions reduction strategy 
would help reduce wintertime PM2.5 but the changes would be modest in the South and 
rather small in the North.  
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2. Changes in NOx Emissions 

In these simulations a uniform 50% reduction in NOx emissions was assumed for the 
whole modeling domain. Coal fired power plants together with transportation sources are 
the most significant contributors to NOx emissions in the Eastern US.  

2.1 Summertime (July 2001)  

A 50% reduction in NOx emissions is predicted to be quite effective in reducing the 
PM2.5 nitrate concentrations during the summer. The predicted changes in nitrate 
concentrations for this scenario are shown in Figure 43.  The reductions have the same 
spatial distribution as the average nitrate concentrations (Figure 26).  

The fractional reduction of nitrate (Figure 44) is around 60% for most of the Eastern 
US. Therefore the reduction is more than proportional to the emission change.  This 
strong response of the aerosol nitrate to NOx emissions is caused by the fact the 
concentrations of the hydroxyl radical are also reduced.  

The decrease in the hydroxyl concentrations in most areas leads to a reduction of the 
sulfuric acid production in the gas phase from the reaction of SO2 with OH. This 
decreased sulfuric acid production reduces sulfate levels for the 50% reduction in NOx 

emission scenario (Figure 45). The reductions have the same spatial distribution as the 
average sulfate concentration (Figure 23) and are up to 1.5 µg m-3. These changes 
correspond to a 10-20% reduction in the sulfate levels with the lowest fractional 
reductions close to the urban areas and the highest fractions reductions in the rural areas.  

The reductions in sulfate and nitrate levels associated with the decrease in NOx 
emissions also cause a reduction in the corresponding ammonium concentrations as 
shown Figure 46. The decrease in ammonium is up to 0.5 µg m-3.  

The modest reductions in the sulfate, nitrate, and ammonium levels lead to reductions 
of the PM2.5 levels of up to 2 µg m-3 in the Midwest, Pennsylvania, and parts of the South 
(Figure 47). These changes correspond to reductions of PM2.5 of 5-15% in most of the 
Eastern US (Figure 48). These results indicate that reductions in NOx emissions can also 
reduce the PM2.5 levels in most areas but the reductions for the same control level will be 
smaller than the effect of SO2 emission reductions (Figure 31).  
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Figure 43. Predicted change (µg m-3) in nitrate concentration for a 50% reduction in NOx 
emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

 
 
Figure 44. Predicted fractional change in nitrate concentration for a 50% reduction in 
NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
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Figure 45. Predicted change (µg m-3) in sulfate concentration for a 50% reduction in NOx 
emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

 
Figure 46. Predicted change (µg m-3) in ammonium concentration for a 50% reduction of 
NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
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Figure 47. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction of NOx 
emissions for July 2001. A positive change corresponds to a concentration reduction. 
 

 
Figure 48. Predicted fractional change (µg m-3) in PM2.5 concentration for a 50% 
reduction of NOx emissions for July 2001. A positive change corresponds to a 
concentration reduction. 
 

2.2 Winter (January 2002)  

Reductions of NOx emissions is a potential strategy for reduction of the high 
wintertime nitrate concentrations (Figure 36) especially in the Northeast. PMCAMx 
predicts that indeed a 50% reduction of NOx emissions can lead to significant reductions 
of the nitrate concentrations (Figure 49). These reductions cover most of the Eastern part 
of the country and range from 0.4 to 0.8 µg m-3 on average.  
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The corresponding reductions in nitrate are around 50% in the South and 20% in the 
North. The smaller change in the Northern part of the domain is due to an increase of the 
hydroxyl radical concentrations that offsets part of the NOx reduction.  This increase in 
the hydroxyl radical levels accelerates the formation rate of sulfuric acid from the gas 
phase reaction of sulfur dioxide and OH leading to a rather unexpected increase in the 
sulfate concentrations in the Eastern part of the modeling domain (Figure 50).  This 
unexpected increase is predicted to be up to 0.5 µg m-3 corresponding to 5-15% of the 
sulfate levels.  

 
Figure 49. Predicted change (µg m-3) in nitrate concentration for a 50% reduction of NOx 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
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Figure 50. Predicted change (µg m-3) in sulfate concentration for a 50% reduction of 
NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 

The decreasing nitrate concentrations in most of the domain together with the 
increasing sulfate levels in the eastern part lead to a rather complex change in the 
corresponding ammonium levels (Figure 51). A 50% NOx reduction in the winter is 
predicted to cause ammonium levels in the east especially in the Baltimore to Boston 
corridor by as much as 0.15 µg m-3. In the western part of the domain and parts of the 
South the reductions of ammonium up to 0.1 µg m-3 are predicted.  

 
Figure 51. Predicted change (µg m-3) in ammonium concentration for a 50% reduction of 
NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
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The overall effect of the NOx emission reductions is a rather unexpected increase in 
the PM2.5 levels in the Northeast of around 0.5 µg m-3 (Figure 52) with reductions in the 
western part of the modeling domain of up to 0.5 µg m-3. These results suggest that NOx 
emission reductions in the winter may not be an efficient way to reduce PM2.5 levels in 
the Northeast due to the predicted increases in sulfate.  

 
Figure 52. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction of NOx 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
 
 
3. Changes in NH3 Emissions  

Coal-fired power plants are currently a small source of ammonia. However, ammonia 
controls in animal feeding operations and agriculture presents a potentially cost-effective 
way to reduce the PM2.5 levels. This could be especially important during the winter, 
when as we have seen neither SO2 nor NOx emission reductions are especially effective 
in reducing the inorganic PM2.5 concentrations. For these scenarios we assumed a 
uniform 50% reduction in ammonia emissions. 

The primary role of ammonia in the atmosphere is to neutralize the acids and 
especially sulfuric acid. As soon as sulfuric acid is formed it reacts with ammonia to form 
sulfate salts (ammonium sulfate, letovicite, ammonium bisulfate). Ammonia is a volatile 
gas and stays in the gas phase if left alone (when there are not sufficient concentrations of 
acid vapors to react and form the corresponding salts). 

When SO2 emissions are reduced, sulfate is reduced and the corresponding ammonia 
returns to the gas phase (it becomes “free ammonia”). A fraction of this ammonia may 
then react with the available nitric acid and return to the particulate phase as ammonium 
nitrate. However, due to aerosol thermodynamics, the ammonia reacting with nitric acid 
is usually less than the ammonia liberated from the sulfate reduction and SO2 emission 
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reductions result in ammonium reductions. Gas-phase ammonia concentrations do 
increase in this case. The increase is usually less than the ammonium decrease because of 
the ammonium nitrate increase and the increase in gas-phase ammonia deposition. 

3.1 Summer (July 2001)  

Reductions of ammonia emissions lead, as expected, to significant reductions of the 
aerosol ammonium levels especially in the Midwest (Figure 53). The predicted 
reductions are up to 1.5 µg m-3 and represent 0-50% changes of the ammonium 
concentration levels.  

The changes in ammonia levels have a relatively small effect on the predicted sulfate 
concentrations. Sulfate is predicted to decrease a little (less than 0.1 µg m-3) in certain 
area. These very small changes are mainly due to changes in the cloud pH and 
correspond to reductions in sulfate of only 1-2%. The effect of ammonia in nitrate levels 
is more significant, especially in the areas characterized by high nitrate levels (Figure 
54). Nitrate reductions of up to 0.6 µg m-3 are predicted for Illinois, Indiana, Atlanta, 
Baltimore, Philadelphia, and New York.  

The reductions in the ammonium and nitrate concentrations lead to an overall 
reduction of up to 1.5 µg m-3 in the PM2.5 concentration (Figure 55). The resulting 
percentage reductions vary from 5 to 10% in the Eastern US (Figure 56).  

 

 
Figure 53. Predicted change (µg m-3) in ammonium concentration for a 50% reduction of 
NH3 emissions for June 2001. A positive change corresponds to a concentration 
reduction. 
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Figure 54. Predicted change (µg m-3) in nitrate concentration for a 50% reduction of NH3 
emissions for June 2001. A positive change corresponds to a concentration reduction. 
 

 
Figure 55. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction of NH3 
emissions for June 2001. A positive change corresponds to a concentration reduction. 
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Figure 56. Predicted fractional change (µg m-3) in PM2.5 concentration for a 50% 
reduction of NH3 emissions for June 2001. A positive change corresponds to a 
concentration reduction. 
 

 

3.2 Winter (January 2002)  

The predicted wintertime ammonium concentrations are reduced significantly when 
the ammonia emissions are reduced by 50%. The highest reductions take place in the 
eastern part of the country and are up to 0.6 µg m-3 (Figure 57). The corresponding 
changes are 20-40% of the base-case ammonium levels.  

The reduction in ammonia availability leads to a significant reduction in the nitrate 
levels in most of the domain (Figure 58). The highest reductions are predicted for the 
northeast part of the country and exceed 1 µg m-3.  

The ammonia emissions reductions are predicted to cause small reductions of the 
sulfate levels in parts of the domain (Figure 59). These small changes of up to 0.3 µg m-3 
are due to changes in the cloud pH and corresponding reductions in the in-cloud sulfate 
production rate.  

The overall predicted effect of the 50% reduction in ammonia emissions on PM2.5 is 
shown in Figure 60. The reductions vary from 0.5 to 2 µg m-3 with the highest reductions 
in the northeast. Reduction of the ammonia emissions appears to be the most efficient 
strategy for reducing the inorganic fine particulate mater during the winter in the eastern 
US.  

The 50% reduction in ammonia emissions can lead to reductions in PM2.5 

concentrations varying from 5 to 15% depending on the area (Figure 61). These results 
suggest strongly that changes in ammonia emissions represent an interesting emission 
control strategy especially in the winter but also during the summer.  
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Figure 57. Predicted change (µg m-3) in ammonium concentration for a 50% reduction of 
NH3 emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 

 
Figure 58. Predicted change (µg m-3) in nitrate concentration for a 50% reduction of NH3 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
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Figure 59. Predicted change (µg m-3) in sulfate concentration for a 50% reduction of 
NH3 emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 

 
Figure 60. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction of NH3 
emissions for January 2002. A positive change corresponds to a concentration reduction. 
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Figure 61. Predicted fractional change (µg m-3) in PM2.5 concentration for a 50% 
reduction of NH3 emissions for January 2002. A positive change corresponds to a 
concentration reduction. 
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COUPLED SO2-NOx Emission Reductions 

Many potential emission control scenarios involving coal-fired plants involve 
simultaneous reduction of both NOx and SO2 emissions.  To investigate potential 
synergies in such a scenario, PMCAMx was used to simulate a case in which both SO2 
and NOx emissions were reduced uniformly by 50%.  

 Summertime (July 2001) 

The SO2 reductions by themselves are quite efficient in reducing sulfate 
concentrations during the summer (Figures 24 and 25). Coupling these reductions with 
NOx reductions decreases the sulfate a little more especially in the areas with the highest 
sulfate levels (Figure 62). The largest reduction, around 6 µg m-3, is in south Indiana.  
The net result is that in most of the modelling domain the summertime sulfate 
concentration reduction is more than proportional to the SO2 emission reductions. The net 
fractional reduction in sulfate is close to 60% throughout much of the modelling domain 
(Figure 63). 

 
Figure 62. Predicted change (µg m-3) in sulfate concentration for a 50% reduction in SO2 
and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
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Figure 63. Predicted fractional change in sulfate concentration for a 50% reduction in 
SO2 and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
 

The decrease in just SO2 emissions results in small increases of nitrate during the 
summer (Figure 27). However, coupling the SO2 reductions with NOx emission 
reductions is predicted to lead in significant reduction of aerosol nitrate throughout the 
domain (Figure 64). In the Midwest, where nitrate concentration is the highest (1.5 µg 
m-3), nitrate concentration decreases by 1 µg m-3. 

The nitrate reduction is around 70% over most of the Eastern US (Figure 65) and the 
predicted concentrations of ammonium nitrate are close to zero almost everywhere. The 
50% reduction of NOx not only prevents the increase of nitrate associated with a decrease 
in SO2 emissions, but also results in a significant reduction of the currently existing 
summertime nitrate. 
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Figure 64. Predicted change (µg m-3) in nitrate concentration for a 50% reduction in SO2 
and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
 

 
 

Figure 65. Predicted fractional change in nitrate concentration for a 50% reduction in 
SO2 and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
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The significant reductions of both sulfate and nitrate are accompanied by a significant 
decrease of the aerosol ammonium (Figure 66), which is mostly transferred to the gas 
phase as ammonia vapour but is only partially deposited to the ground. The decrease is as 
large as 2 µg m-3 and its spatial pattern is similar to that of sulfate. Therefore the largest 
decreases take place at the areas of the highest concentrations. These reductions vary 
from 30 to 60% of the base case ammonium levels. 

 
Figure 66. Predicted change (µg m-3) in ammonium concentration for a 50% reduction in 
SO2 and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
 

The changes in SO2 emissions have little effect on organic aerosol levels, but the 
reduction in NOx changes the gas-phase chemistry and results in rather complicated 
changes of secondary organic aerosol concentrations (Figure 67). Secondary organic 
aerosol concentrations are predicted to decrease in most of the domain especially in the 
South by as much as 0.3 µg m-3 (Louisiana, Arkansas). However increases of organic 
aerosol concentrations up to 0.5 µg m-3 are predicted for the major urban areas of the 
Northeast and Midwest (New York, Boston, Philadelphia, Chicago, Detroit).  
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Figure 67. Predicted change (µg m-3) in organic aerosol concentration for a 50% 
reduction in SO2 and NOx emissions for July 2001. A positive change corresponds to a 
concentration reduction. 
 

The photochemistry in these urban areas is limited by volatile organic vapors (VOCs) 
and the reduction in NOx is predicted to lead to an increase in ozone and secondary 
organic aerosol. As a fraction of the existing organic aerosol these changes are modest, 
corresponding to approximately 10% decreases in the South and 10% increases in the 
North. 

The 50% reduction in SO2 and NOx emissions is predicted to lead to reductions of 
the average PM2.5 levels during July by 3-9 µg m-3 (Figure 68) throughout the Eastern 
US. Even if there are small local increases in secondary organic aerosol, the net effect is a 
reduction of the PM2.5 levels in all areas.  The predicted reductions vary from 20% of the 
PM2.5 in the large urban areas to more than 40% in rural areas of both the Northeast and 
Southeast US (Figure 69). 
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Figure 68. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction in SO2 
and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
 

 
Figure 69. Predicted fractional change in PM2.5 concentration for a 50% reduction in SO2 
and NOx emissions for July 2001. A positive change corresponds to a concentration 
reduction. 
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Wintertime (January 2002) 

Reductions of just SO2 during the winter are predicted to result in nitrate increases 
(Figure 37), while reductions of just NOx are predicted to cause an increase of the sulfate 
concentration (Figure 50). Simultaneous reduction of emissions of both pollutants by 
50% is predicted to decrease the sulfate concentrations throughout the Eastern US 
(Figure 70). The reductions are small in the Northeast US (0-0.5 µg m-3) and larger in the 
Southeast (0.5-1.5 µg m-3).  The predicted reductions correspond to around 5% of the 
basecase sulfate in the Northeast, around 15% in the Southeast, and up to 25% over 
Florida (Figure 71). 

Reducing both the SO2 and NOx emissions also prevents the increases of nitrate 
(Figure 72) seen in the SO2 emissions reduction scenario (Figure 37). The decreases in 
nitrate concentrations in the coupled emissions reduction case are up to 1 µg m-3 with the 
largest reductions in the Southeast US. 

 

 
Figure 70. Predicted change (µg m-3) in sulfate concentration for a 50% reduction in SO2 
and NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
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Figure 71. Predicted fractional change in sulfate concentration for a 50% reduction in 
SO2 and NOx emissions for January 2002. A positive change corresponds to a 
concentration reduction. 
 

 

 
Figure 72. Predicted change (µg m-3) in nitrate concentration for a 50% reduction in SO2 
and NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
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The predicted changes correspond to nitrate reductions ranging from 10% in the 
Northeast up to 60% in Southeast. It is notable that in this case even if the highest nitrate 
levels are in the northeast, the largest reductions are achieved in the south. The 
significant reductions in both sulfate and nitrate levels result in corresponding reductions 
of ammonium especially in the Southeast (up to 30%). 

The only drawback of the coupled SO2 and NOx emissions reduction strategy appears 
to be the predicted increase in secondary organic aerosol in the Eastern US (Figure 73). 
This increase varies from around 0.1 up to 0.3 µg m-3, with the highest values in the 
coastal area extending from Southern Carolina to Maine. 

The net change in PM2.5 from the coupled SO2 and NOx emissions reduction scenario 
is depicted in Figure 74. Significant concentrations reductions (1.5-2.5 µg m-3) are 
predicted for the Southeast corner of the US, moderate reductions of 0.5-1 µg m-3 are 
predicted for the South, and small reductions (up to 0.5 µg m-3) for the North. 

There are no areas where the PM2.5 is predicted to increase (as was the case in the 
NOx only emissions control strategy – Figure 52). The reductions vary from vary small in 
the Northeast to up to 25% of the PM2.5 in parts of the South US (Figure 75). 

 

 
 

Figure 73. Predicted change (µg m-3) in organic aerosol concentration for a 50% 
reduction in SO2 and NOx emissions for January 2002. A positive change corresponds to 
a concentration reduction. 
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Figure 74. Predicted change (µg m-3) in PM2.5 concentration for a 50% reduction in SO2 
and NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
 
 

 
Figure 75. Predicted fractional change in PM2.5 concentration for a 50% reduction in SO2 
and NOx emissions for January 2002. A positive change corresponds to a concentration 
reduction. 
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Predicted PM2.5 Reductions in Pittsburgh 

The maps presented in this section provide insight to both the magnitude and the 
spatial distribution of the response of PM2.5 with the different emission control scenarios.  
The responses of the PM2.5 to emission control strategies are different for different areas 
of the country. As an example, we show below the PMCAMx predictions for Pittsburgh 
for both summer (Tables 9 and 10) and winter (Tables 11 and 12). 

 
Table 9. Predicted Reductions (µg m-3) in PM2.5 Concentrations 

for Pittsburgh (July 2001) 
Reduction in Emissions 

 Base Case 50% SO2 50% NOx 
50% SO2 
50% NOx 50% NH3 

Sulfate  9.58 3.85 0.73 4 -0.008 
Nitrate  0.33 0.003 0.17 0.2 0.09 
Ammonium  2.65 0.63 0.12 0.7 0.91 
Organic Mass 3.67 0.005 0 -0.1 -0.002 
Total PM2.5  20.92 4.48 1.02 4.8 0.99 

 

 

Table 10. Predicted Percentage Reductions in PM2.5 Concentrations 
for Pittsburgh (July 2001) 

Reduction in Emissions  
 

Component 50% SO2  50% NOx 
50% SO2  
50% NOx  50% NH3  

Sulfate  40.2% 8.4% 41.8% -0.1% 
Nitrate  0.1% 57.4% 59.2% 26.9% 

Ammonium  23.9% 5.1% 26.4% 34.2% 
Organic Mass  0.1% 0% -2.8% -0.1% 

Total PM2.5  21.4% 5.3% 23% 4.7% 
 

For July the 50% SO2 emission reductions are by far the most efficient for Pittsburgh, 
resulting in a decrease of the average PM2.5 concentration by 21.4% (or 4.48 µg m-3). 
Most of this reduction is due to the reduction of the ammonium sulfate concentration. 
The 50% reductions in NOx and NH3 reduce the PM2.5 by approximately the same 
amount, 1 µg m-3 or 5%. The NOx reductions result in decreases of both ammonium 
sulfate and ammonium nitrate. On the other hand the NH3 reductions mainly reduce the 
aerosol ammonium resulting in more acidic particles during the summer in this area. 
Reducing both the SO2 and the NOx by 50% results in a 23% reduction of the PM2.5 but 
the reductions are not additive. 

The response of the aerosol is quite different in the winter (Tables 3 and 4). In this 
case the SO2 emission reduction reduces the PM2.5 by only 0.56 µg m-3 (around 3%), the 
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NOx emission reduction increases the PM2.5 by 0.5 µg m-3 (around 3%), and the 
combined NOx/SO2 reduces PM2.5 by 0.3 µg m-3 (around 2%). It is interesting that for 
this area the most efficient strategy examined is the ammonia emission reduction leading 
to a 1.5 µg m-3 (8%) reduction in PM2.5. Control of organic particulate matter is obviously 
the most efficient strategy for winter in this area. 

 

Table 11. Predicted Reductions (µg m-3) in PM2.5 Concentrations 
for Pittsburgh (January 2002) 

  Reduction in Emissions 

 Base Case 50% SO2  50% NOx 
50% SO2  
50% NOx 50% NH3  

Sulfate  3.61 0.45 -0.45 0.21 0.03 
Nitrate  2.03 -0.09 0.32 0.19 1.06 

Ammonium  1.94 0.14 -0.08 0.13 0.37 
Organic Mass  4.3 0.05 -0.29 -0.26 0.05 

Total PM2.5  18.97 0.56 -0.5 0.27 1.51 
 
 

Table 12. Predicted Percentage Reductions in PM2.5 Concentrations 
for Pittsburgh (January 2002) 

Reduction in Emissions  
 

Component 50% SO2 
50% 
NOx  

50% SO2  
50% NOx 50% NH3  

Sulfate  12.5% -12.9% 5.7% 0.8% 
Nitrate  -4.2% 16% 9.4% 52% 

Ammonium  7.4% -4.1% 6.8% 19.2% 
Organic Mass  1.1% -7% -5.9% 1.2% 

Total PM2.5  3% -2.7% 1.5% 8% 
 

CONCLUSIONS 

The Pittsburgh Air Quality Study is a comprehensive multidisciplinary set of projects 
in the Pittsburgh region, led by Carnegie Mellon University with contributions by 
academics, consultants, national laboratories, and state and local air pollution agencies. 
Measurements of ambient air quality were made at a central monitoring site located in an 
urban park in Pittsburgh, PA and five satellite sites located in Pittsburgh, Southwestern 
Pennsylvania, and Eastern Ohio. Baseline monitoring took place over a fourteen-month 
period that began July 1, 2001 and provided data for a wide variety of PM physical and 
chemical characteristics, gaseous species, fogwater and biological aerosol composition, 
and meteorological parameters. Two intensive sampling periods were conducted from 
July 1 to August 3, 2001 and January 1 to January 15, 2002.  The ambient data collected 
by the project are available through online relational databases.  
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Updated source profiles were developed through a combination of source testing, 
fenceline measurements, and analysis of highly time resolved data collected at the central 
site. The profiles were developed using state-of-the-art sampling and analytical 
techniques. Profiles were developed for emissions from motor vehicles, coke production, 
coal combustion, paved road dust, and vegetative detritus.  

A major focus of the project was investigating the contribution of different sources to 
ambient fine particle concentrations in the Pittsburgh region.  This was done using a 
variety of statistical and deterministic air quality models.  Part of this effort involved 
evaluating a three-dimensional aerosol chemical transport model, PMCAMx+. 
Predictions of this model were compared to highly time-resolved measurements collected 
in Pittsburgh and to spatially resolved measurements by the EPA STN and IMPROVE 
networks. After this evaluation, the model was used to investigate the response of 
ambient PM concentrations to changes in emissions of major aerosol precursors.  

The study average PM2.5 mass concentration was 15.8 µg m-3. Nine days of relatively 
high PM2.5 mass concentration were experienced at PAQS, several of which formed 
multi-day episodes, and all of which occurred during the warmer summer months. 
Seasonal variations in PM2.5 mass and composition were the result of differences in 
monthly average organic carbon and sulfate components.  

During the study roughly 90% of the PM2.5 concentration came from areas outside 
Pittsburgh.  There are important local sources of fine particulate metals, and roughly half 
of the particle number concentration was due to local transportation sources.  Emissions 
from coal-fired power plants contribute significantly to PM2.5 concentrations in 
Pittsburgh.  The vast majority of this contribution is to secondary sulfate which 
represents 38% of annual average PM2.5 mass.  Primary emissions from coal fired power 
are estimated to be a minor source to fine particle mass, contributing on average 0.25 µg-3 
to fine particle mass (or 1.5% of annual average PM2.5). Primary emissions from 
anthropogenic sources contributed on average more than two-thirds of the ambient OC in 
the winter and between one-third and two-thirds of the ambient OC.  The secondary 
organic aerosol contribution to the total organic PM concentration in Pittsburgh varies 
from around 10% during the winter months to around 50% of the total OC concentration 
in the summer months.  On a daily basis the SOA contribution is quite variable from 
almost zero during the low OC days to more than 50% during the high PM2.5 episodes.  

Reasonable agreement is observed between predictions of a three-dimensional 
aerosol chemical transport model (PMCAMx+) and observations.  This model was used 
to investigate the response of ambient PM concentrations to changes in emissions.  The 
reduction of SO2 emissions during the summer is predicted to decrease significantly 
sulfate and ammonium concentrations in the Eastern US with only small increases of 
nitrate concentrations in urban areas. In comparison, summertime reductions in NOx 
emissions result in a modest decrease in nitrate, sulfate, and ammonium in the Eastern 
US. Reductions of NH3 emissions in the winter are predicted to be quite effective in 
reducing the ammonium nitrate concentrations. 
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Dust Through a Diesel Engine,” American Association of Aerosol Research 23rd 
Annual Conference (AAAR 2004), Atlanta, GA, October 4–8, 2004. (poster) 

118. A.M. Sage, K.E. Huff Hartz, E.A. Weitkamp, A.L. Robinson, and N.M. Donahue 
“Laboratory Measurement of Heterogeneous Oxidation Kinetics of Organic 
Aerosols,” American Association of Aerosol Research 23rd Annual Conference 
(AAAR 2004), Atlanta, GA, October 4–8, 2004. (poster) 

119. A.P. Grieshop, E.M. Lipsky, and A.L. Robinson, “Fuel-Based Particulate Matter 
and Gaseous Emission Factors determined from Vehicles in Pittsburgh, PA's 
Squirrel Hill Tunnel,” American Association of Aerosol Research 23rd Annual 
Conference (AAAR 2004), Atlanta, GA, October 4–8, 2004. (poster) 

120. N.M. Donahue and A.L. Robinson, “Theoretical, In Situ, and Laboratory 
Constraints on Organic Aerosol Oxidation,” American Association of Aerosol 
Research 23rd Annual Conference (AAAR 2004), Atlanta, GA, October 4–8, 
2004. 

121. A.L. Robinson, “Are Organic Molecular Markers Used for Source Apportionment 
Stable?,” presented atTelluride Workshop on Atmospheric Aerosol Aging, 
Telluride, CO, August 9–13, 2004. (invited) 

122. A.L. Robinson, “Comparison of Emission- and Receptor-based Model Predictions 
of Primary Organic Aerosol in Pittsburgh, PA,” presented at LADCO Academic 
Community Meeting, Chicago, IL, June 11, 2004. (invited) 

123. A.L. Robinson, “Sources of Organic Particulate Matter in Pittsburgh, PA,” 
presented at Mid-Atlantic Regional Air Management Association Science 
Meeting (MANE-VU/MARAMA 2004), Baltimore, MD, January 27–29, 2004 
(invited). 

124. Investigation of the Relationship Between Chemical Composition and Size 
Distribution of Airborne Particles by Partial Least Square (PLS) and Positive 
Matrix Factorization (PMF), L. Zhou, P.K. Hopke, C.O. Stanier, S.N. Pandis, J.M. 
Ondov, J. P. Pancras, presented to the 2004 Annual Meeting of the American 
Association for Aerosol Research, Atlanta, GA, October 4-8, 2004. 
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125. Source Apportionment of Baltimore Aerosol from Combined Size Distribution 
and  Chemical Composition Data, D. Ogulei, P.K. Hopke, L. Zhou, J. P. Pancras, 
N. Nair, J.M. Ondov, presented to the Particulate Matter Supersites Program & 
Related Studies Conference, Atlanta, GA, February 7-11, 2005. 

126. Identifying Sources of PM2.5 in Pittsburgh Using PMF and PSCF, N. Pekney, C. 
Davidson, L. Zhou and P.K Hopke, presented to the Particulate Matter Supersites 
Program & Related Studies Conference, Atlanta, GA, February 7-11, 2005. 
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Appendix A Quality Assurance Final Report 
 

This report summarizes the quality of the measurement data sets and provides a context for 
interpretation of measurements collected during the Pittsburgh Air Quality Study (PAQS) Supersite. 
Data quality is evaluated using particular data quality indicators (DQIs), selected by the PAQS 
Quality Assurance Manager and Principal Investigators, and the findings of the technical system and 
performance audits conducted during the field campaign. Additional information about PAQS can be 
found in the Quality Assurance Program Plan (Khlystov et al., 2001), a publication which provides an 
overview of the PAQS measurements and preliminary scientific findings (Wittig et al., 2003a), and 
various publications focusing on measurements collected at the PAQS Supersite (Cabada et al., 
2003a; 2003b; 2003c; Khlystov et al., 2001; 2003; Rees et al., 2003; Stanier et al., 2003a; 2003b; 
Subramanian et al., 2003; Takahama et al., 2003; Wittig et al., 2003b).  
 
1. Technical system and performance audits 

Data quality was assured by performing two types of audits of all instruments and systems 
used during PAQS. A single technical system audit of all sample custody forms, logs and standard 
operating procedures was performed at the beginning of the study. The intent of this audit was to 
refine the forms and procedures to be used for the duration of the study. Two performance audits 
were also performed during the field campaign to evaluate the performance of the field instruments 
by external personnel (who were not normally responsible for the instruments) using external 
standards (which were not normally used to evaluate the instrument performance). Audit findings 
were immediately communicated to and discussed with the investigators. In few cases, the 
performance audits helped to diagnose instrument issues before the measurements were 
compromised. In even fewer cases, measurements were invalidated as a result of performance audit 
findings. In a majority of cases, the audits confirmed the stable performance of the instruments. 
 
2. Data Quality Indicators 

The Data Quality Indicators (DQI) used to evaluate the PAQS data set include precision, 
accuracy, minimum detection limits (MDLs) and completeness. When appropriate, measurement 
comparability was also evaluated. Measurement representativeness was evaluated for the site as a 
whole.  

A list of all the measurements collected during the PAQS field campaign and the actual DQI 
values for a majority of the indicators are presented first in Table 1. Data quality objectives (DQOs), 
determined when possible for each instrument and system prior to use during PAQS, are also listed in 
Table 1. A brief description of each indicator and the method of calculating the indicator at PAQS is 
presented next. The actual methodology for determining each indicator is stated in the individual 
SOPs and RPs. In a few instrances typically associated with newly developed instruments, the DQI 
was greater than the DQO. In these cases, the possible explanation for the discrepancy between the 
DQIs and DQOs is presented as well. 
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Table 1. Observable Resolution, Frequency, Period of Operation, Data Quality Objectives (DQO) and Indicators (DQI) at the PAQS Supersite. 
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Aerosol mass         
 
 
PM10 mass 
 
PM2.5 mass 
 
PM2.5 mass 
 
PM2.5 mass 
 
PMx mass 
 
PMx mass 
 

 
 
Dichot sampler/Gravimetry 
 
FRM sampler/Gravimetry 
 
Dichot sampler/Gravimetry 
 
R&P 1400a TEOM with SES 
 
MOUDI sampler/Gravimetry 
 
MOUDI sampler/Gravimetry 

 
 
CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 

 
 
24 hr 
 
24 hr 
 
24 hr  
 
10 min 
 
24 hr 
 
8 hr 

 
 
Daily 
 
Daily 
 
Daily 
 
Continuous 
 
Daily 
 
3 per day 

 
 
7/1/01-7/1/02 
 
7/1/01-7/1/02 
 
7/1/01-7/1/02 
 
7/1/01-7/1/02 
 
7/1/01-7/1/02 * 
 
7/22-25/01, 7/31-8/3/01 

 
 
1.2 µg/m3  
(2 µg/m3) 
0.9 µg/m3  
(2 µg/m3) 
1.2 µg/m3  
(2 µg/m3) 
0.65 µg/m3 
(1 µg/m3) 
1.7 µg/m3  
(2 µg/m3PS) 
1.5 µg/m3  
(2 µg/m3PS) 

 
 
1.43% 
(10%) 
1.43% 
(10%) 
1.43% 
(10%) 
2.2% 
(10%) 
1.43% 
(10% PS) 
1.43% 
(10% PS) 

 
 
0.6% 
(10%) 
0.6% 
(10%) 
0.6% 
(10%) 
1.2% 
(10%) 
0.6% 
(10% PS) 
0.6% 
(10% PS) 

 
 
86.6% 
(70%) 
92.5% 
(70%) 
86.6% 
(70%) 
94% 
(70%) 
84% 
(70%) 
100% 
(70%) 

Aerosol size distribution         
Number, surface area, and  
   volume distribution 
 
Number, surface area, and  
   volume distribution 
 
Surface area distribution 
 

TSI SMPS 
 
 
TSI APS 
 
 
Epiphaniometer 

CMU 
 
 
CMU 
 
 
PSI 

10 min 
 
 
10 min 
 
 
30 min 

Continuous 
 
 
Continuous 
 
 
Semi-continuous 

7/1/01-7/1/02 
 
 
7/1/01-7/1/02 
 
 
6/11/01-9/18/01 

N/A 
 
 
N/A 
 
 
N/A 

30% 
(30%) 
 
30% 
(30%) 
 
- 
(30%) 

20% size 
30% count 
(N/A) 
10% size 
30% count 
(N/A) 
N/A 

70% 
(70%) 
 
28% 
(70%) 
 
- 
(70%) 

Aerosol Characteristics         
Light scattering 
 
Hygroscopicity 
 
 
Cloud condensation behavior 
 

Optec NGN-3 nephelometer 
 
CMU DAASS 
 
 
DH Associates M1 CCN 

CMU 
 
CMU 
 
 
CMU 

10 min 
 
1 hr 
 
 
4 hr 

Continuous 
 
Semi-continuous 
 
 
Semi-continuous 

7/16/01-6/30/02 
 
7/1-8/31/01, 1/1-7/1/02 
 
 
9/01 

N/A 
 
N/A 
 
 
N/A 

- 
(T/D) 
30% 
(T/D) 
 
- 
(T/D) 

- 
(T/D) 
20% size 
30% count 
(T/D) 
- 
(T/D) 

- 
(T/D) 
70% 
(T/D) 
 
- 
(T/D) 
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Aerosol chemical composition         
PM10 inorganic ions  
 
PM2.5  inorganic ions 
 
PM2.5  inorganic ions  
 
PMx inorganic ions  
 
PM2.5  nitrate 
 
PM2.5  sulfate 
 
PM2.5  water soluble anions 
 
PM2.5  water soluble cations 
 
PM2.5  water soluble NH4

+ 

 

CMU Speciation sampler/ IC  
 
CMU Speciation sampler/ IC  
 
CMU Speciation sampler/ IC  
 
MOUDI sampler/IC  
 
R&P 8400N (ICVC) 
 
R&P 8400S (ICVC) 
 
CMU Steam sampler/IC 
 
CMU Steam sampler/IC 
 
CMU Steam sampler/OAD 

CMU 
 
CMU 
 
CMU 
 
CMU  
 
ADI 
 
ADI 
 
CMU 
 
CMU 
 
CMU 

24 hr 
 
24 hr 
 
4-6 hr 
 
24 hr 
 
10 min 
 
10 min 
 
1-2 hrs  
 
1-2 hrs  
 
10 min 

Daily 
 
Daily  
 
5 per day 
 
Daily 
 
Semi-continuous 
 
Semi-continuous  
 
Semi-continuous  
 
Semi-continuous  
 
Continuous 

7/1/01-7/21/02 
 
7/1/01-7/21/02 * -analysis  
complete only to 12/31/01 
ESP01 Intensive 
 
7/1/01-7/1/02 * 
 
7/1/01-8/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/21/02 
 
7/1/01-9/21/02 
 
7/1/01-9/21/02 

- 
(0.1 µg/m3) 
0.01-0.5 µg/m3 
(0.1 µg/m3) 
0.03-0.62 µg/m3 
(0.1 µg/m3) 

0.01-0.67 µg/m3 
(0.1 µg/m3 PS) 
0.16 µg/m3 

(1.0 µg/m3) 
0.96 µg/m3 

(1.0 µg/m3) 
0.02-0.18 µg/m3 
(0.2 µg/m3) 

0.17-0.19 µg/m3 
(0.2 µg/m3) 

- 
(T/D) 

- 
(20%) 
6.2-59.4% 
(20%) 
6.2-59.4% 
(20%) 
5% 
(20% PS) 
19.5% 
(10%) 
20.9% 
(10%) 
15% 
(10%) 
15% 
(10%) 
- 
(T/D) 

- 
(15%) 
-5.6 to +.1% 
(15%) 
-5.6 to +.1% 
(20%) 
- 
(20% PS) 
3.1% 
(25%) 
-8.1% 
(25%) 
-8% 
(20%) 
-17% 
(20%) 
- 
(T/D) 

- 
(70%) 
53-77% 
(70%) 
53-77% 
(70%) 
78% 
(70%) 
89% 
(85%) 
83% 
(85%) 
87% 
(70%) 
86% 
(70%) 
- 
(T/D) 

PM10 elements  
 
PM2.5  elements 
 
PM1.3  elements 
 
PMx elements 
 
 

Hi-Vol sampler/ICPMS  
 
Hi-Vol sampler/ICPMS  
 
UMD SEAS/GFAA 
 
MOUDI sampler/ICPMS 
 
 

CMU 
 
CMU 
 
UMD 
 
CMU 
 
 

24 hr 
 
24 hr 
 
30 min 
 
24 hr 
 
 

Daily 
 
Daily 
 
Semi-continuous 
 
Daily 
 
 

7/12/01-8/02/02 
 
7/11/01-9/30/02 
 
7/8-8/10/01, 3/29-4/17/02 
 
ESP01, 02 Intensives * 
 
 

- 
(0.1 µg/m3) 
- 
(0.1 µg/m3) 

0.12-7.2 ppb 
(T/D) 
- 
(0.1 µg/m3 PS) 
 

- 
(20%) 
- 
(20%) 
5-10% 
(T/D) 
- 
(20% PS) 
 

- 
(20%) 
- 
(20%) 
10-15% 
(T/D) 
- 
(20% PS) 
 

- 
(70%) 
- 
(70%)10
0% 
(T/D) 
- 
(70%) 
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Aerosol chemical composition          
PM2.5 organic/elemental carbon 
 
PM2.5 organic/elemental carbon  
 
PM2.5 organic/elemental carbon  
 
PM2.5 organic/elemental carbon 

 
PM2.5 organic/elemental carbon  
 
PM2.5 organic/elemental carbon 
 
PMx organic/elemental carbon 
 
PMx organic/elemental carbon  

CMU TQQQ sampler/TOT 
 
CMU TQQQ sampler/TOT 
 
CMU Denuder sampler/TOT  
 
CMU Denuder sampler/TOT  
 
BYU PC-BOSS  
 
SLCarbon (TOT) analyzer 
 
MOUDI/TOT 
 
MOUDI/TOT 
 

CMU 
 
CMU 
 
CMU 
 
CMU 
 
BYU 
 
RU 
 
CMU 
 
CMU 
 

24 hr 
 
4-6 hr 
 
24 hr 
 
24 hr 
 
24 hr 
 
2-4 hr 
 
24 hr 
 
8 hr 
 

Daily 
 
5 per day 
 
6th day 
 
Daily 
 
Daily 
 
Semi-continuous 
 
Daily 
 
3 per day 
 

7/1/01-7/31/02 * 
 
ESP01 Intensive 
 
7/1/01-6/1/02 * 
 
ESP01, 02 Intensives 
 
7/9/01-7/31/01 
 
7/1/01-9/1/02 
 
ESP01, 02 Intensives * 
 
7/22-25/01, 7/31-8/3/01 
 

0.17-0.53µgC/m3 
 (0.5 µgC/m3) 

0.17-0.53µgC/m3 
 (0.5 µgC/m3) 

0.3 µgC/m3 
 (0.5 µgC/m3) 

0.3 µgC/m3 
 (0.5 µgC/m3) 
- 
(0.1 µgC/m3) 
- 
(0.3 µgC/m3) 
.12-.21 µgC/m3 
 (0.5 µgC/m3PS) 
- 
 (0.5 µgC/m3PS) 

8% 
 (30%) 
8% 
 (30%) 
2% 
 (30%) 
2% 
 (30%) 
- 
(5%) 
- 
(10%) 
8% 
(30% PS) 
- 
(30% PS) 

2.3-5.7% 
 (30%) 
2.3-5.7% 
 (30%) 
10% 
 (30%) 
10% 
 (30%) 
- 
(5%) 
- 
(10%) 
2.3-5.7% 
(30% PS) 
- 
 (30% PS) 

99% 
(70%) 
99% 
(70%) 
75% 
(70%) 
95% 
(70%) 
- 
(70%) 
- 
(70%) 
66% 
(70%) 
- 
(70%) 

PM2.5 speciated organics  
 
PM2.5 speciated organics  
 
PMx speciated organics 
 
PM2.5 biological material 
 
PM2.5 fog composition 
 
PM1.0 size resolved  
    composition 

Organic sampler/GC-MS 

 
Organic sampler/GC-MS  
 
LPI/FTIR 
 
Epi-fluorescent microscopy   
    with assays 
Collector/IC/TOC/pH  
 
Aerodyne Mass  
    Spectrometer (AMS) 

FIU 
 
FIU 
 
RU 
 
UColo 
 
CSU 
 
UCB, 
Aerodyne 

24 hr 
 
24 hr 
 
24 hr 
 
24 hr 
 
Per event 
 
5 min 

6th day 
 
Daily 
 
Daily 
 
Daily 
 
8 events 
 
Semi-continuous 

7/1/01-7/1/02 * 
 
ESP01, 02 Intensives 
 
ESP01, 02 Intensives 
 
7/7/01-7/1/02 
 
7/1/01-9/1/02 
 
9/6/02-9/21/02 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
1.3-27.9µM 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
0.5-6.7% 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
1-19.6% 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
100% 
(T/D) 
- 
(T/D) 

Single Particle Chemical Composition         
Polar organics 
 
Ion composition 
 
Particle morphology 

RSMS-III 
 
RSMS-III  
 
Nuclepore filter/SEM 

UCD,UD 
 
UCD,UD 
 
RJL 

10 min 
 
10 min 
 
24 hr 

Semi-continuous 
 
Semi-continuous 
 
Daily 

9/20/01-10/1/02 
 
9/20/01-10/1/02 
 
ESP01, 02 Intensives 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 

- 
(T/D) 
- 
(T/D) 
- 
(T/D) 
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Gaseous Species         
Light (C2-C12) hydrocarbons 
 
Light (C2-C12) hydrocarbons 
 
Total peroxides 
 
O3 
 
NO and NOx 
 
SO2 
 
CO 

Canister/GC-FID 
 
Canister/GC-FID  
 
CSU Monitor 
 
API 400A  
 
API 200A 
 
API 100A 
 
API 300 

CMU 
 
CMU 
 
CSU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 

24 hr 
 
24 hr 
 
1 hr 
 
10 min 
 
10 min 
 
10 min 
 
10 min 

3rd day 
 
Daily 
 
Continuous 
 
Continuous 
 
Continuous 
 
Continuous 
 
Continuous 

9/1/01-7/31/02 * 
 
ESP02 Intensive 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 

0.0-0.25 µg/m3 
(T/D) 
- 
(T/D) 
0.09 ppbv 
(0.2 ppbv) 
0.14 ppbv 
(0.6 ppbv) 
0..39 ppbv 
(0.4 ppbv) 
0.34 ppbv 
(0.4 ppbv) 
0.1 ppmv 
(0.4 ppmv) 

33% 
(T/D) 
- 
(T/D) 
2.8% 
(20% 
1.7% 
(10%) 
2.3% 
(10%) 
6.9% 
(10%) 
1.1% 
(10%) 

20% 
(T/D) 
- 
(T/D) 
-2.2% 
(20%) 
1.1% 
(10%) 
1.2% 
(10%) 
-0.8% 
(10%) 
1.1% 
(10%) 

65% 
(T/D) 
- 
(T/D) 
94% 
(70%) 
95% 
(80%) 
90% 
(80%) 
94% 
(80%) 
94% 
(80%) 

Inorganic gases 
 
Inorganic gases 
 
Water soluble inorganic gases 

CMU Speciation sampler/ IC 
 
CMU Speciation sampler/ IC  
 
CMU Steam sampler/ IC 

CMU 
 
CMU 
 
CMU 

24 hr 
 
4-6 hr 
 
1-2 hr 

Daily 
 
5 per day 
 
Semi-continuous 

7/1/01-7/1/02 * 
 
ESP01 Intensive 
 
7/1/01-9/21/02 

- 
(0.5 µg/m3) 
- 
(0.5 µg/m3) 
0.02-0.19 µg/m3 
(0.2 µg/m3) 

- 
(30%) 
- 
(30%) 
15% 
(10%) 

- 
(30%) 
- 
(30%) 
86% 
(20%) 

- 
(70%) 
- 
(70%) 
- 
(70%) 
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Hydrocarbons 
 
1-butene 
1-methylcyclopentene 
1-pentene 
2-methyl-1-butene 
2-methylpropene 
 
3-methyl-1-butene 
3-methylfuran 
acetone 
alpha pinene 
benzene 
 
butanol 
butane 
c-2-butene 
perchloroethylene 
c-2-pentene 
 
dichloromethane 
acetaldehyde 
acetonitrile 
chloroform 
cyclopentane 
 
cyclopentene 
dimethylsulfide 
ethylbenzene 
ethanol 
hexane 
 
isopropanol 
isobutane 
isopentane 
isoprene 
methacrolein 

UC Online GC-FID/MS 
 
 

UCB  1 hr 
 
 

Semi-continuous 
 
 

1/9-2/12, 7/10-8/10/02 
 
 

 
 
1.0 ppt 
0.7 ppt 
0.8 ppt 
0.8 ppt 
1.0 ppt 
 
0.8 ppt 
2.2 ppt 
47.3 ppt 
1.1 ppt 
25.6 ppt 
 
27.6 ppt 
1.0 ppt 
1.0 ppt 
0.6 ppt 
0.8 ppt 
 
33.9 ppt 
82.2 ppt 
38.1 ppt 
1.0 ppt 
0.8 ppt 
 
0.8 ppt 
3.2 ppt 
1.6 ppt 
15.7 ppt 
0.7 ppt 
 
22.8 ppt 
1.0 ppt 
0.8 ppt 
0.8 ppt 
11.3 ppt 

 
 
2% 
2% 
2% 
2% 
2% 
 
2% 
6% 
4% 
13% 
7% 
 
6% 
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Meteorology          
Wind speed  
 
Wind direction 
 
Temperature 
 
Relative Humidity  
 
Pressure 
 
Precipitation 
 
UV Radiation 
 
Solar Radiation 

MetOne 014A 
 
MetOne 014A  
 
Campbell HMP45C  
 
Campbell HMP45C  
 
Campbell CS105  
 
MetOne 370 
 
Kipp&Zonen CUV3 
 
Kipp&Zonen CM3 

CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 
 
CMU 

10 min 
 
10 min 
 
10 min 
 
10 min 
 
10 min 
 
10 min 
 
10 min 
 
10 min 
 

Continuous 
 
Continuous  
 
Continuous 
 
Continuous 
 
Continuous 
 
Continuous 
 
Continuous 
 
Continuous 

7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 
 
7/1/01-9/1/02 

0.5 m/s 
(N/A) 
N/A 
 
N/A 
 
N/A 
 
N/A 
 
0.254 mm 
(N/A) 
N/A 
 
N/A 

- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 

- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 
- 
(10%) 

99% 
(80%) 
99% 
(80%)
99% 
(80%)
99% 
(80%)
99% 
(80%)
99% 
(80%)
99% 
(80%)
99% 
(80%) 

1 Methods – ADI: Aerosol Dynamics Inc.; APS: Aerodynamic Particle Sizer; BYU: Brigham Young University; CMU: Carnegie Mellon University; CSU: Colorado State 
University; FRM: Federal Reference Method; FTIR: Fourier Transform Infrared Spectrometry; Grav: Gravimetry; IC: Ion Chromatography; ICPMS: Inductively Coupled 
Plasma Mass Spectrometry; ICVC: Integrated Collection and Vaporization Cell; LPI: Low Pressure Impactor; GC-FID: Gas Chromatography with Flame Ionization 
Spectroscopy; GC-MS: Gas Chromatography with Mass Spectroscopy; GFAA: Graphite Furnace with Atomic Absorption; OAD: Online Ammonium Detector; R&P: 
Rupprecht and Patashnick, Co.; RSMS: Rapid Single particle Mass Spectrometer; SEAS: Semi-continuous Environmental Aerosol Sampler; SEM: Scanning Electron 
Microscopy; SL: Sunset Labs; SMPS: Scanning Mobility Particle Sizer; TEOM with SES: Tapered Element Oscillating Microbalance with a Sample Equilibration System; 
TOC: Total Organic Carbon; TOT: Total Optical Transmittance; UCB: University of California at Berkeley; UCD: University of California at Davis. 

2 Groups – ADI: Aerosol Dynamics, Inc.; BYU: Brigham Young University; CMU: Carnegie Mellon University; CSU: Colorado State University; FIU: Florida International 
University; PSI: Paul Scherrer Institute; RJL: R. J. Lee Instruments, RU: Rutgers University; UC: University of California at Berkeley; UCB: University of Colorado at 
Boulder; UCD: University of California at Davis; UD: University of Delaware; UMD: University of Maryland. 

3 Period of operation – ESP01 Intensive: July 1, 2001 – August 3, 2001; ESP02 Intensive: January 1, 2002 – January 15, 2002; *: Except during periods when samples were 
collected at a higher time resolution as noted in the entry below. 

4 Data quality indicators and (Data quality objectives); N/A: Not applicable; T/D: To be determined; Values for MOUDIs and LPIs are per substrate (stage or filter).   
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2.1 Minimum detection limit (MDL) 
Analytical procedures and sampling equipment impose specific constraints on the 

determination of detection limits. MDL is defined as a statistically determined value above which the 
reported concentration can be differentiated from a zero concentration, and was calculated for a 
majority of measurements using Equation 1. 
 
Equation 1 MDL = t(n-1, 0.99) ● s 
 
where s is the standard deviation of the replicate zero analyses, and t is the student’s t-test value for a 
standard deviation estimate with n-1 degrees of freedom at a 99% confidence level. Measurement 
results below MDLs of the instrument were reported as measured and to the level of precision of the 
instrument, but flagged accordingly.  

For continuous gas monitors, the MDL accounts for all sampling and analytical procedures 
and therefore represents a detection limit that can be applied to ambient concentrations. For gas 
monitors, MDLs were based on the response of the instruments to purified air. MDLs for filter-based 
or canister-based instruments were determined from field and laboratory blank tests. At PAQS, 
approximately 10% of all substrates (filters or canisters) handled were field or laboratory blanks. The 
field blank was a substrate that underwent all the preparation, transportation, storage, and analysis 
activities as and with the sample substrate. A laboratory blank was a substrate that underwent the 
preparation and analysis activities as and with the sample substrate. However, because the analytical 
standards used to evaluate field blank and laboratory blank substrates for filter-based or canister-
based measurements are prepared and used in the laboratory, the MDL is not an ambient MDL but 
instead an instrument MDL.  

 
2.2 Precision 

Precision is a measure of the repeatability of results or of the agreement among individual 
measurements of the same parameter under the same prescribed conditions. The number of replicate 
analyses needed to properly assess the precision of each instrument was independently determined by 
each PAQS investigator.  

Precision of analytical instruments was evaluated by repeated analysis of independent 
traceable standards that were separate from the standards used for instrument calibration. Precision of 
continuous gas monitors was evaluated using purified air. Precision of semi-continuous aerosol 
instruments was evaluated, when possible, by using artificially generated analytes. When possible, 
precision of filter-based methods was assessed by running collocated samplers. For each series of 
replicate analyses, the precision was calculated using Equation 2, where s is the standard deviation 
between the replicate analyses and {x} is the mean of the replicate analyses. 
 
Equation 2 Precision (%) = 100 [2 s] / {x} 

 
2.3 Accuracy  

Accuracy (bias) is the closeness of a measurement to a reference value, and reflects the 
systematic distortion of a measurement process.  To the extent possible, accuracy was determined 
from replicate analyses of authentic, traceable standards that were not used in the calibration of the 
instrument.  For each instrument tested, multiple challenge data points were collected.  The accuracy 
of the instrument was determined by: 
 
Equation 3 Accuracy (%) = (100 * [S – {x}]) / S       
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where S is the standard value of the authentic traceable standard and {x} is the mean of the 
instrument responses to the replicate analysis.  

 
2.4 Completeness  

Completeness of a measurement data set indicates the percentage of the scheduled sample 
collections or measurements that resulted in ambient observations that were valid and met the data 
quality objectives established in the QAPP. Completeness was calculated using Equation 4, where N 
represents the number of measurements. 
 
Equation. 1 Completeness (%) = (N valid measurements/total N measurements) ● 100  
 
2.5 Comparability  

Comparability refers to how confidently one data set can be compared with another. Ideally, 
two instruments that measure the same observable should be statistically comparable.  The existence 
of several overlapping techniques will allow the intercomparison of existing measurement approaches 
and also the evaluation of new and emerging approaches. Table 2 presents a list of observables for 
which multiple measurement methods were used.  

Table 2. Comparison of methods 
Observable Methods that will be compared a Methods that will not be compared a 
PM10 Mass Dichot/Gravimetry v. MOUDI/Gravimetry - 
PM2.5 Mass FRM/Gravimetry v. Dichot/Gravimetry, 

MOUDI/Gravimetry, and TEOM with SES 
- 

PM2.5 plus gas 
Ammonium 

Speciation sampler/IC v. Steam sampler/IC RSMS-III1,2 

PM2.5 Nitrate Speciation sampler/IC v. ICVC1, and PC BOSS2 RSMS-III1,2 
PM2.5 Sulfate Speciation sampler/IC v. ICVC1, PC BOSS2, and 

Steam sampler/IC 
RSMS-III1,2 

PM2.5 Carbon TQQQ sampler/TOT v. Denuder sampler/TOT and 
TOT carbon analyzer1 

ICVC1,4, RSMS-III1,2 

PM2.5 
Elements 

- Speciation Sampler/ICPMS6 v. LIBS1,2,4, 
RSMS-III1,2, SEAS/GFAA1,2 

PM2.5 Polar 
Organics 

- Detailed Speciation/GC-FID v. LPI/FTIR2, 
RSMS-III1,2 

Particle sizing  MOUDI/Gravimetry v. APS3 and SMPS3 RSMS-III1,2, Epiphaniometer4 
VOCs Canister/GC-FID v. On-line GC-FID/MS - 
a    1: State-of-the-art measurement method  

2: Measurement method that is not quantitative 
3: Measurements only collected during intensive study periods (July 2001 and possibly January 2002) 
4: Limited availability of measurements due to excessive instrument malfunction 
5: At overlapping region only 
6: Measurement analysis not completed at the time the QAFR was written. 

 
In this report, comparisons between measurement methods were performed only for data that met the 
precision, accuracy and completeness data quality objectives. These select comparisons are presented 
in the figures that follow, as are the major axis regression statistics (assuming a linear relationship) 
used to gage comparability. Comparability was not determined for state-of-the-art measurement 
methods that were not quantitative; when only one method was used to measure a particular 
observable; and if there was limited overlap of the particular observable due to excessive malfunction 
of an instrument. More detailed comparisons and instrument evaluations have already been 
performed by several PAQS investigators (Cabada et al., 2003a; 2003c; Rees et al., 2003; Stanier et 
al., 2003a; Subramanian et al., 2003; Wittig et al., 2003b). 
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Figure 1. Comparison of aerosol mass measurements (Cabada et al., 2003c): a) 24-hour Dichot PM10 
mass v. 24-hour MOUDI PM10 mass, b) 24-hour FRM PM2.5 mass v. 24-hour average of 5-min TEOM 
PM2.5 mass, c) 24-hour FRM PM2.5 mass v. 24-hour Dichot PM2.5 mass, and d) 24-hour FRM PM2.5 
mass v. 24-hour MOUDI PM2.5 mass. Also shown are the 1:1 lines (dashed lines).   
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b)  7/1/01-6/30/02   n=310 
y=1.05x-0.09 µg m-3  
R2=0.95 

a)  7/1/01-6/30/02   n=105  
y=0.73x+2.20 µg m-3  
R2=0.80 

d)  7/1/01-6/30/02   n=248  
y=1.02x-0.09 µg m-3  
R2=0.79 

c)  7/1/01-6/30/02   n=259  
y=0.99x-0.61 µg m-3  
R2=0.96 
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Figure 2. Comparison of PM2.5 plus gas ammonium measurements: a) 24-hour average of July 2001 4-
hour and 6-hour speciation sampler and 24-hour speciation sampler for remaining months v. 24-hour 
average of 1-hour or 2-hour steam sampler. Also shown is the 1:1 line (dashed line).   

 
Figure 3. Comparison of PM2.5 nitrate measurements (Wittig et al., 2003a): a) 24-hour average of July 
2001 4-hour and 6-hour speciation sampler and 24-hour speciation sampler for remaining months v. 
24-hour average of 1-hour R&P 8400N and b) 24-hour average of July 2001 4-hour and 6-hour 
speciation sampler v. 24-hour PCBOSS. Also shown are the 1:1 lines (dashed lines).   
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Figure 4. Comparison of PM2.5 sulfate measurements (Wittig et al., 2003a): a) 24-hour average of July 
2001 4-hour and 6-hour speciation sampler and 24-hour speciation sampler for remaining months v. 
24-hour average of 1-hour or 2-hour steam sampler/IC, b) 24-hour average of July 2001 4-hour and 6-
hour speciation sampler and 24-hour speciation sampler for remaining months v. 24-hour average of  
1-hour R&P 8400N, and c) 24-hour average of July 2001 4-hour and 6-hour speciation sampler v. 24-
hour PCBOSS. Also shown are the 1:1 lines (dashed lines).   
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Figure 5. Comparison of PM2.5 organic carbon measurements: a) 24-hour TQQQ sampler v. 1-in-6 day 
24-hour Denuder sampler, b) 24-hour TQQQ sampler v. 24-hour average of 2-hour to 4-hour TOT 
carbon analyzer. Also shown are the 1:1 lines (dashed lines).   

 
Figure 6. Comparison of PM2.5 elemental carbon measurements: a) 24-hour TQQQ sampler v. 24-hour 
Denuder sampler, b) 24-hour TQQQ sampler v. 24-hour average of 2-hour to 4-hour TOT carbon 
analyzer. Also shown are the 1:1 lines (dashed lines).   
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Figure 7. Comparison of the geometric mean of the aerosol diameter: 24-hour MOUDI sampler v. 24-
hour average of 5-minute SMPS measurements. Also shown is the 1:1 line (dashed line).   

Figure 8. Comparison of gas-phase benzene measurements: 24-hour Canister sample with GC-FID 
analysis v. 24-hour average of 1-hour Online GC-MS measurements. Also shown is the 1:1 line 
(dashed line).   

 
Overall, the select methods compare reasonably. In a few instances, best estimate data sets were 
produced to address the QA concerns of these methods (PM2.5 sulfate, nitrate, and ammonium). 
 
2.6 Representativeness  

Representativeness expresses how closely a sample reflects the characteristics of the 
surrounding environment and can be quantified in terms of a spatial scale for monitoring. The main 
monitoring site is located in Schenley Park in the Oakland district of Pittsburgh. The site is on top of 
a grassy hill adjacent to the CMU campus, several hundred meters from the nearest heavily traveled 
street (Forbes Avenue), and fifty meters past the end of a dead end street on campus. There are no 
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to the south and west, the predominant upwind directions. The exposure of the surrounding environs 
represents both an ‘urban’ and ‘neighborhood’ scale for particle monitoring. 
 
2.7 Data quality objectives were not met during PAQs 

In a few instances, the data quality objectives were not met at PAQS. Typically, these 
instances were associated with newly developed instrumentation that did not perform as well as 
expected, and are summarized in Table 3. When possible, best estimate data sets were produced to 
address the QA concerns of these measurements (PM2.5 sulfate, nitrate, and ammonium).  

 
 

Table 3. Observables for which the DQI did not meet the DQO at PAQS. 

Observable Method Issue 

Number, surface 
area, and volume 
distribution 

TSI APS Data completeness - The instrument broke during fall 
of 2001 and was not repaired and returned by the 
manufacturer until March of 2002. 

PM10,  PM2.5 , and 
PMx mass 

FRM, Dichot,  
and MOUDI 
samplers/ 
Gravimetry 

MDL – Table 1 shows the MDL DQO as 2 µg/m3 for 
FRM, Dichot and MOUDI samplers.  The DQOs for 
these instruments were erroneously reported as 0.2 
µg/m3 in the QAPP. 

PM2.5  nitrate and 
sulfate 

R&P 8400N/S 
(ICVC) 

Precision - The DQOs were overly optimistic, given 
the fact that these instruments were newly 
commercialized. In actuality, the instruments were less 
precise than expected. However, a rigorous quality 
control plan allowed these issues to be tracked over the 
course of the study (Wittig et al., 2003b). 

PM2.5  sulfate R&P 8400S 
(ICVC) 

Data completeness - The instrument experienced more 
frequent malfunctions than expected (typically strip 
breakage) as well as a fatal error a month before the 
end of the study. 

PM10  and PM2.5  
elements  

Hi-Vol 
sampler/ICPMS 

MDL, precision, accuracy, data completeness - 
measurements were not finalized by the time this report 
was compiled. 

PM2.5  water soluble 
NH4

+ 
CMU Steam 
sampler/OAD 

MDL, precision, accuracy, data completeness - 
measurements were not finalized by the time this report 
was compiled. 

PM10  and PM2.5  
inorganic ions 
 

CMU Speciation 
sampler/IC 

MDL, precision, accuracy, data completeness - PM10 
measurements were not finalized by the time this report 
was compiled. 
Precision - NH3 gas was present in extremely low 
concentrations so the DQO was not achieved. 
Completeness – PM2.5 sampler malfunction as well as 
loss or destruction of samples prior to analysis were 
responsible for recovery levels below DQOs for all 
species, except SO4 which met the DQO. 
The data have not yet been finalized, and thus DQIs for 
PM10 are not included in Table 1. 
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Observable Method Issue 

Size segregated 
chemistry: 
inorganic ions, 
EC/OC 

MOUDI/IC,TOT MDL – A high limit of detection was experienced for 
calcium; all other inorganic ions achieved the DQO. 
Accuracy – No accuracy was determined for the 
inorganic analyses. 
Completeness – Instrument problems for the EC/OC 
analyses resulted in 66% completeness, just below the 
70% target DQO. 

PM2.5 total carbon 
 

ADI Carbon 
analyzer (ICVC) 

MDL, precision, accuracy, data completeness – Data 
will not be submitted due to instrument difficulties. 

Light hydrocarbons 
(C1-C12) 

Canister/GC-FID MDL, precision, accuracy, data completeness – 
Measurements for ESP02 Intensive (sampling once 
daily) not yet finalized by the time this report was 
compiled.  

Meteorology All methods MDL, precision, accuracy - The standard operating 
procedures (and manufacturer recommended 
procedures) did not allow these DQIs to be calculated. 

 
3. Conclusions 

• A majority of the data quality indicators showed the PAQS central site instruments performed 
as expected or better. 

• In a few instances, PAQS central site instruments could not be evaluated because the data were 
not finalized by the time this report was produced (PM2.5  water soluble NH4

+ using the CMU 
Steam sampler/IC and PM10  and PM2.5  elements using the Hi-Vol sampler/ICPMS). 

• Most data quality objectives that were not met were associated with newly developed 
instrumentation that did not perform as well as expected. When possible, best estimate data sets 
were produced to address the QA concerns of these measurements (PM2.5 sulfate, nitrate, and 
ammonium). 
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Investigation of the relationship between chemical composition

and size distribution of airborne particles by partial least
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[1] Two multivariate data analysis methods, partial least square (PLS) and positive matrix
factorization (PMF), were used to analyze aerosol size distribution data and composition
data. The relationships between the size distribution data and composition data were
investigated by PLS. Three latent variables summarized chemical composition data and
most variations in size distribution data especially for large particles and proved the
existence of the linearity between the two data sets. The three latent variables were
associated with traffic and local combustion sources, secondary aerosol, and coal-fired
power plants. The size distribution, particle composition, and gas composition data were
combined and analyzed by PMF. Source information was obtained for each source using
size distribution and chemical composition simultaneously. Eleven sources were
identified: secondary nitrate 1 and 2, remote traffic, secondary sulfate, lead, diesel traffic,
coal-fired power plant, steel mill, nucleation, local traffic, and coke plant.

Citation: Zhou, L., P. K. Hopke, C. O. Stanier, S. N. Pandis, J. M. Ondov, and J. P. Pancras (2005), Investigation of the relationship

between chemical composition and size distribution of airborne particles by partial least squares and positive matrix factorization,

J. Geophys. Res., 110, D07S18, doi:10.1029/2004JD005050.

1. Introduction

[2] Multivariate receptor models are widely used in
source apportionment of airborne particles [Henry, 1997,
2002; Hopke, 2003]. The measured chemical composition
data from the samples collected at the receptor site form a
matrix and this matrix can then be analyzed by UNMIX
[Henry, 2003], PMF [Paatero, 1997] or other techniques to
obtain two matrices representing source contribution and
source profile, respectively. Recently, efforts have been
made to use the methods to analyze size distribution data
to identify sources [Ruuskanen et al., 2001; Wahlin et al.,
2001; Kim et al., 2004; Zhou et al., 2004a, 2005].
[3] Even over a short distance (or transit time), there can

be substantial changes in the size distributions of the
particles emitted [Zhu et al., 2002a, 2002b, 2004]. However,
for the same location/transit time, the size distribution is

very similar. If the size distribution coming from a source
does not vary much with time, then the number concentra-
tion series measured at the receptor site have a linear
relationship with the number contribution from all sources
and also with their mass contributions. A previous applica-
tion of multivariate receptor model with size distribution
data [Zhou et al., 2004a] has indicated that the number
contribution of a source can be converted to its volume
(mass) contribution by multiplying a constant determined
by its size distribution profile.
[4] If there are linear relationships between the number

concentrations and mass concentrations, it will be useful to
combine the size distribution data and chemical composi-
tion data into a combined multivariate analysis. The source
characteristics in both size distributions and chemical com-
positions may be obtained simultaneously and a better
understanding of the source-receptor relationship will be
provided.
[5] In this study, a small data set that includes both size

distribution and composition data from the Pittsburgh Air
Quality Study (PAQS) was analyzed by partial least squares
(PLS) and positive matrix factorization (PMF). PLS is used
to investigate the interrelationships between the number
concentrations of all size intervals and the mass concen-
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trations of all chemical species. Only if the PLS analysis can
find linear relationships between the two data sets, can the
two types of data can reasonably be combined and analyzed
with a two-way receptor model. The results of the PMF
analysis will be compared with the results in the work of
Zhou et al. [2004b].

2. Data

[6] All the data used in this study were measured at Pitts-
burgh Supersite (latitude 40.4395, longitude �79.9405) on
16, 17, 18, 23 and 24 July 2001. The Pittsburgh Supersite
was located in a park, around 6 miles to the east of the city
center. The interstate highway, I376, extending from west to
east, is around 1 to 2 km to the south of the site. There are
secondary streets and minor roads rather close (<1 km) to the
site. These days were chosen during the July 2001 intensive
since there were complete and simultaneous measurements
of both particle size distributions and chemical compositions
only on these days. In particular, there was measurement of
elemental species with high temporal resolution. Although
these days may not represent the full month, the results will
give us insights into the relationship between the size
distributions and compositions of the aerosol in Pittsburgh
area, and will also be useful in more completely understand-
ing the prior size distribution analyses [Zhou et al., 2004a,
2005]. The size distribution data were obtained from two
scanning mobility particle spectrometers (SMPS) and an
aerodynamic particle sampler (APS) with 15 min resolution.
Above 583 nm, the data used in this study represent
electrical mobility diameter inferred from their aerodynamic
mobility and estimated density [Khlystov et al., 2004]. The
samples were collected at 25% relative humidity and ‘‘dry’’
particle distributions were obtained [Stanier et al., 2004].
[7] The original size distribution data include 165 loga-

rithmically even-spaced intervals from 0.003 mm to 2.5 mm.
Every five consecutive size bins were combined into one
and 33 new size intervals were produced [Zhou et al.,
2004a]. The 15 min number concentrations were averaged
to 30 min and 240 samples were produced. The detailed
description of the measurement of size distributions at
Pittsburgh Supersite can be found elsewhere [Stanier et
al., 2004]. On 24 July there was a regional nucleation event
with particle growth phenomenon and the number concen-
tration data of that day were processed by the method
introduced by Zhou et al. [2005].
[8] The composition data of PM2.5, including both parti-

cle phase and gas phase, are the same as was used before in

a multi time factor analysis [Zhou et al., 2004b] except that
all species with sampling period longer than 30 min, such as
organic carbon/elemental carbon (OC/EC), were excluded
in this study and all the concentrations used in this work are
30 min average. The missing values were replaced by the
regressed values obtained in our previous studies [Zhou et
al., 2004b, 2005]. The aerosol composition data set includes
sulfate and nitrate data obtained by continuous instruments
of Aerosol Dynamics Inc. (ADI) [Stolzenburg and Hering,
2000] and metal species measured by the Semicontinuous
Elements in Aerosol System (SEAS) [Kidwell and Ondov,
2001]. The complete description of all the measurement
techniques can be found in the work of Wittig et al. [2003,
2004]. Table 1 summarizes the sizes and species that have
been used as well as the number of missing values.

3. PLS

3.1. Method

[9] PLS is a basic tool of chemometrics for analyzing
data with strongly collinear, noisy, and numerous X varia-
bles and simultaneously multiple response variables [Wold
et al., 2001]. For this analysis, we use X to stand for
composition data and Y for size distribution data, where
X 2 Rm�n and Y 2 Rm�p with m being the number of
samples, n is the number of chemical species and p is the
number of size intervals. The data in X and Y have been
standardized from their original values so that each column
vector in both matrices has a mean of 0 and a variance of 1.
The model equations are as following:

X ¼ TP0 þ E ð1Þ

Y ¼ UC0 þ D ð2Þ

Y ¼ TC0 þ H ; ð3Þ

where T and U are score matrices, P and C are loading
matrices, and E, D and H are residual matrices. In
equations (1) and (2), T and U summarize the data in the X
and Y matrices, respectively. Each of the column vectors in
T, ti, is called a latent variable (LV) that can be thought to
be caused by a source or a source group, and so does the
column vector in U, ui. If T and U are very close, then T
can also be used to explain Y and even to predict Y as
indicated by equation (3). The above model is solved by
the nonlinear iterative partial least squares (NIPALS)

Table 1. Missing Value Number (MN) of All Sizes and Speciesa

MN Species MN Species MN Size, mm MN Size, mm MN Size, mm

9 Se 9 sulfate 24 0.168 29 0.0233 18 0.0032
9 Zn 0 nitrate 24 0.202 29 0.0279 18 0.0039
4 O3 9 Al 24 0.242 29 0.0334 18 0.0046
2 NO 61 As 24 0.289 29 0.0399 18 0.0055
2 NOx 9 Cd 24 0.3461 27 0.0478 18 0.0066
52 SO2 9 Cr 24 0.414 26 0.0573 19 0.0079
1 CO 9 Cu 24 0.496 24 0.068 20 0.0095
3 PM2.5 9 Fe 6 0.626 23 0.082 22 0.0113

9 Mn 8 0.898 32 0.098 25 0.0136
9 Ni 8 1.286 28 0.118 25 0.0163
9 Pb 8 1.843 25 0.141 29 0.0194

aThe total sample number is 240.
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algorithm described by Wold et al. [2001]. Introductions to
PLS are given in the work of Manne [1987] and Jong
[1993]. An intuitive understanding of PLS but not a strict
mathematical description can be provided as follows. The
latent variables t and u in PLS analysis try to reproduce
the variance in X and Y, respectively, and at the same time,
each pair of t and u try to maximize their similarity
(covariance) to each other. The similarities between t and u
indicate similar latent structures in X and Y. For this
specific study, similar t and u suggest they are both
controlled by the same source or source group.

3.2. Results and Discussion

[10] Table 2 shows the correlation coefficients for each
pair of latent variables (LV), ti and ui. After the first three
latent variables, the correlations become poor, suggesting
that there is no further relationships between the residual
matrices. We define the two variables Rx and Ry:

Rx ¼ 1� var Eð Þ=var Xð Þ ð4Þ

Ry ¼ 1� var Hð Þ=var Yð Þ; ð5Þ

where var means variance. These two variables describe
how much of the variance has been explained by the latent
variables. As indicated in Table 3, when using three LVs,
most of the variance in the X matrix has been explained,
but much less of the variance in the Y matrix has been
explained. This situation may suggest that the linear
relationships amongst the chemical species are better than
those amongst the sizes so that the size distribution data
have larger residuals. Another reason is that number
concentrations of all sizes were used in Y matrix, but not
all chemical species were included in X matrix. Since

some important species were not included in X matrix,
such as OC/EC, some number concentrations in Y matrix
will not be explained without those chemical species that
characterize them. This is also one reason that PLS can
identify less sources than PMF. Most of the variance of
the small particles in the Y matrix is not explained since
the small particles have little mass contribution. Thus the
chemical species reflect the mass concentrations rather
than the number concentrations. If they have no unique
marker species, they only produce small variations in X
matrix and hence are not summarized by the latent
variables. This phenomenon also supports our prior results
showing very weak correlations between number concen-
tration and mass concentration for sources dominated by
smallest sizes and largest number concentration [Zhou et
al., 2004a, 2005].
[11] Figure 1 shows the loadings of the first LV (the first

column vectors of P and C). When the correlation coefficient
between the LV score and the concentration series of a size
interval or a species is over 0.7, a black bar is used to denote
that value. The first LV (LV1) explains most of the variations
of nitrate, NO, NOx, and CO as well as several metal
elements indicating emissions from traffic and other point
combustion sources like the coke plant in the south. In our
previous study [Zhou et al., 2004b], As, Cd and Mn are
associated with point industrial sources such as metal work-
ing, and Zn was thought to be from traffic in our previous
multi time analysis [Zhou et al., 2004b]. The size range of the
first LV is wide, from 10 nm up to 200 nm, and this size range
is also found to be related to traffic and other point sources by
the analyses with only size distribution data [Zhou et al.,
2004a, 2005]. The high loadings between 1 to 2 mm are
consistent with the volume size distribution profiles of the
traffic and combustion sources [Zhou et al., 2004a].
[12] The second LV (LV2) is mostly associated with

sulfate and the size range 0.3 to 0.8 mm as indicated in
Figure 2. These are particles from distant sources, converted
from the precursor SO2 via photochemical reactions during
the transport [Zhou et al., 2004a, 2005].
[13] The third LV (LV3) also explains some sulfate but

more SO2, as shown in Figure 3 and Table 4. The coal-fired
power plants within 100 km from the receptor site are the
probable sources. Because of the short distance, most of the
SO2 cannot be converted during the transport. The trimodal
distribution implied by the size loadings are most likely
caused by the conversions when the plume traveled from
the source to the receptor. The newly formed particles are
small while the aged ones are large. Since the growth of the
particles is susceptible to meteorological and other condi-

Table 3. Rx and Ry of All Sizes and Species

Rx Species Rx Species Ry Size, mm Ry Size, mm Ry Size, mm

0.45 Se 0.84 sulfate 0.62 0.168 0.26 0.0233 0.14 0.0032
0.70 Zn 0.81 nitrate 0.63 0.202 0.28 0.0279 0.23 0.0039
0.71 O3 0.13 Al 0.67 0.242 0.24 0.0334 0.20 0.0046
0.76 NO 0.59 As 0.75 0.289 0.18 0.0399 0.14 0.0055
0.89 NOx 0.71 Cd 0.69 0.3461 0.21 0.0478 0.04 0.0066
0.55 SO2 0.44 Cr 0.63 0.414 0.22 0.0573 0.07 0.0079
0.71 CO 0.63 Cu 0.61 0.496 0.40 0.068 0.14 0.0095

0.34 Fe 0.58 0.626 0.30 0.082 0.21 0.0113
0.74 Mn 0.49 0.898 0.46 0.098 0.31 0.0136
0.15 Ni 0.64 1.286 0.39 0.118 0.29 0.0163
0.46 Pb 0.77 1.843 0.58 0.141 0.31 0.0194

Table 2. Correlations of Each Pair of Latent Variables u and v

Correlation
Coefficient LV

0.80 1
0.85 2
0.71 3
0.60 4
0.51 5
0.51 6
0.37 7
0.38 8
0.42 9
0.27 10
0.36 11
0.34 12

D07S18 ZHOU ET AL.: COMBINED SIZE AND COMPOSITION ANALYSIS

3 of 14

D07S18



tions, the linearity between the number concentration and
mass concentration is worse than for the first two LVs.

4. PMF

4.1. Method

[14] A two way receptor model was solved by PMF, an
explicit least squares regression tool developed by Paatero
[1997]. The model equation is:

X ¼ GF þ E; ð6Þ

or in the elemental form,

xij ¼
Xp
k¼1

gik fkj þ eij; ð7Þ

Figure 1. Loadings of the first LV for (top) chemical species and (bottom) sizes.
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where X is the matrix of observed data, the element xij is the
concentration value of the ith sample at the jth size interval
or species. G and F are respectively the source contributions
and source profiles to be estimated. E is a matrix of
residuals.

[15] The residual sum of squares (Q) is defined by
equation (8) and minimized by finding the optimal F and G.

Q ¼ X � GFð Þ
S

����
����

����
����
2

F;G

¼
X
i

X
j

eij

sij

� �2

: ð8Þ

Figure 2. Loadings of the second LV for (top) chemical species and (bottom) sizes.
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The uncertainties s were computed based on the measure-
ment errors by equation (9):

sij ¼ sij þ C3 max xij
�� ��; yij

�� ��� �
; ð9Þ

where yij is the calculated value for xij, sij is the
measurement error, and C3 is a dimensionless constant

value, 0.08 in this study. The estimation of the measurement
errors of size distribution data were based on the
combination of size bins and the detailed procedure was
provided in the work of Zhou et al. [2004a]. C3 is used as
the estimation of the relative uncertainties of large values
(see P. Paatero, User’s Guide for positive matrix factoriza-
tion programs PMF2 and PMF3, Part 2: Reference,

Figure 3. Loadings of the third LV for (top) chemical species and (bottom) sizes.
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available by FTP at ftp://ftp.clarkson.edu/pub/hopkepk/
pmf/). FPEAK is a parameter in PMF for controlling
rotations [Paatero et al., 2002]. When the FPEAK value is
positive, the following additional term is included in the
object function Q:

QP ¼ b2
Xp
k¼1

Xn
j¼1

fkj

 !2

; ð10Þ

where b2 corresponds to the FPEAK value. The term defined
above attempts to pull the sum of all the elements of F
toward zero and makes the program do elementary
transformations for F and G by subtracting the F vectors
from each other and adding corresponding G vectors to
obtain a more physically realistic solution. The FPEAK
value was chosen as 0.1 since there was no clearly defined
edges in G space [Paatero et al., 2005].

Table 4. The Correlations of the Latent Variables by PLS With All

Chemical Species

LV1 LV2 LV3

Sulfate �0.26 0.68 0.57
Nitrate 0.83 0.27 �0.22
Al 0.15 �0.09 0.31
As 0.77 0.00 �0.03
Cd 0.76 �0.36 �0.01
Cr 0.40 �0.41 0.35
Cu 0.41 �0.67 0.09
Fe 0.12 0.19 0.53
Mn 0.81 �0.23 0.19
Ni 0.14 �0.13 0.33
Pb 0.36 �0.27 0.51
Se 0.65 0.16 0.04
Zn 0.83 0.13 �0.07
Ozone �0.60 �0.35 0.48
NO 0.83 0.25 �0.07
NOx 0.86 0.31 �0.21
SO2 0.19 �0.03 0.71
CO 0.82 �0.02 �0.20

Figure 4. Source profiles from PMF analysis (secondary nitrate 1, remote traffic, and secondary nitrate 2).
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Figure 5. Source profiles from PMF analysis (secondary sulfate, lead, diesel traffic, and local coal-fired
plant).
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Figure 6. Source profiles from PMF analysis (steel mill, nucleation, local traffic, and coke plant).
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[16] The mass apportionment conditions [Hopke et al.,
1980] are satisfied by re-scaling the source contribution
series and source profiles as shown in equation (11).

xij ¼
XP
p¼1

fip 	
wp

wp

	 gpj ð11Þ

The scaling constants in the above equation, wp, were
determined by regressing PM2.5 mass concentrations (vj)

against the estimated source contributions as indicated in
equation (12).

vj ¼
XP
p¼1

wp 	 gpj ð12Þ

[17] The source profiles include three parts, number
concentrations for all size intervals, mass fractions for
all species and volume concentration for all gases. In
Figures 4–6, for each source profile, the unit of the

Figure 7. Source contributions from PMF analysis.
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vertical axis in each of the three rows, from left to right, is
(number/cm3)/(mg/m3), 1 and ppb/(mg/m3) (for CO, the
unit is ppm/(mg/m3)), respectively.

4.2. Results and Discussion

[18] Eleven factors were found to provide the best solu-
tion. The sources are identified as secondary nitrate 1 and 2,

remote traffic, secondary sulfate, lead, diesel traffic, coal-
fired power plant, steel mill, nucleation, local traffic, and
coke plant. When using an additional factor, the nucleation
factor is separated into two factors and thus, additional
factors were not warranted. With fewer factors, there were
apparently mixed sources or poorly fit variables. The results
will be discussed and compared with our previous PMF

Figure 8. The relationships of source contributions with wind directions.
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analyses of the size distribution data [Zhou et al., 2004a,
2005] and multi time analyses of composition data [Zhou et
al., 2004b].
[19] The major mode of secondary nitrate 1 is at 0.08 mm

as indicated in Figure 4. Figure 7 shows that the source
contribution is high in the early morning when the low
temperature favors the formation of nitrate. These particles
are associated with aged NOx emissions and grow into large
sizes during the transport. In Figure 8, where the scatter plot
of source contribution and corresponding wind directions
are presented, the highest contribution is from southeast.
Nonparametric regression (NPR) was also used to investi-
gate the wind direction effects. In this method, averaged and
smoothed source contributions are plotted against wind

direction, confidential intervals are also given. High values
indicate more transport from that direction. The detailed
description of this method can be found elsewhere [Henry et
al., 2002; Zhou et al., 2004b; Kim and Hopke, 2004] and
will not be repeated here. The NPR results in Figure 9 also
indicates that southeast is the major source direction of
secondary nitrate 1, where two thin lines give the 95%
confidential intervals.
[20] The size range of remote traffic is similar to our

previous results of the size distribution data analysis [Zhou
et al., 2005], where the particles in this size range were
found to be from traffic emissions several miles away or
some other unknown point source emissions. The source
contribution only has high peaks on the afternoon of 16 July

Figure 9. Nonparametric regression (NPR) analysis results for each source. (The unit of the expected
value is mg/m3.)
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when there is much transport. The present species only
explain a small fraction of the total particle mass contribu-
tion and some other species like OC/EC seem to be the
major components. Figure 8 shows the source emission is
from west, the direction of Pittsburgh city center, but the
confidence interval at that direction in Figure 9 is large and
this can be attributed to the short duration and small number
of samples for the high source contribution episode. How-
ever, the major reason to think it as remote traffic is from the
time series in the work of Zhou et al. [2005]. On the basis of
the information from this study, we cannot exclude the
possibility that it is from a point source.
[21] As shown in Figure 4, most particles of secondary

nitrate 2 are at around 10 nm. This source has very high
relative concentrations of NO and NOx and also a very high
fraction of nitrate. This source is associated with fresh NOx

emissions and the particles are formed in the vicinity of the
receptor site and thus they have not much time to grow into
large ones. The source contribution is high around the
morning rush hour, implying the relationship with NOx

emissions from local traffic. Figures 8 and 9 indicate no
clear dominating directions for this source.
[22] The secondary sulfate factor has a strong correlation

with sulfate as shown in Table 5. It is composed of the
largest particles and also has the largest mass contribution.
This source corresponds to LV2 in the PLS analysis. The
particles are formed during transport from distant sources.
Compared with the other sources, this source has the lowest
relative concentration of SO2 around 0.01 ppb/(mg/m3) as
shown in Figure 5, while the relative concentration is 0.1 to
1 ppb/(mg/m3) for the other sources. This situation suggests
that most of the SO2 is from local sources. It is shown in
Figures 8 and 9 that this source seems to be from many
directions.
[23] In our previous work [Zhou et al., 2004b], lead was

found to be from an unidentified source. Table 5 indicates a
strong correlation between the source contribution and lead
concentration series. The lead source here may be a local

point source. Both Figures 8 and 9 indicate that the source is
from southwest, where a metal working plant is located.
[24] Diesel traffic is similar to the traffic source identified

before [Zhou et al., 2004b] and both of them are strongly
correlated with zinc. This source has the highest relative
concentration for NO and NOx as shown in Figure 5, and
also has the highest correlation with NO and NOx as shown
in Table 5. In Figure 7, it can be found that the source
contribution is only high in the early mornings. This
phenomenon can be explained by the fact that the heavy-
duty truck drivers avoid driving in the morning rush hours.
The southeast and south directions indicated in Figures 8 and
9 are the directions of highway I376.
[25] The mode of coal-fired power plant is around 0.1 mm.

This source is corresponding to LV3 in the PLS analysis. Its
particle composition is close to secondary sulfate and it also
explains some sulfate. However, its gas composition and
size distribution profile is different from the secondary
sulfate factor and that enables the separation into two
factors. The dominating direction is between southwest
and south may also include the direction between east and
southeast. Since there are more than one coal-fired power
plants near Pittsburgh area especially in the south and
southwest directions [Zhou et al., 2004a], this source may
not be a single point source.
[26] Nucleation features the smallest particles. The small

mode at 0.1 mm explains most of the related mass
concentration and this mode is probably caused by simul-
taneous condensation with nucleation. The major chemical
component is sulfate and this is consistent with other
theoretical and experimental results on nucleation studies.
The concentration of ozone for nucleation is the highest of
all sources. Obviously, ozone is not a primary emission.
Thus this profile suggests a strong relationship between
ozone as a measure of photochemical activity and nucle-
ation events. The elevated source contribution and ozone
concentration can both be attributed to the increased
photochemical reaction activities around noon as shown

Table 5. Correlations of the Source Contributions by PMF With All Chemical Species

Sulfate Nitrate Al As Cd Cr Cu Fe Mn

Secondary nitrate 1 �0.26 0.61 �0.02 0.42 0.41 0.12 0.24 �0.12 0.42
Remote traffic �0.24 0.09 0.04 0.08 0.19 0.33 0.24 �0.04 0.27
Secondary nitrate 2 �0.10 0.26 0.06 �0.09 0.17 �0.01 0.07 �0.08 0.05
Secondary sulfate 0.77 �0.11 �0.11 �0.34 �0.42 �0.23 �0.47 0.20 �0.50
Lead 0.13 �0.21 0.04 0.15 0.16 �0.17 0.02 �0.06 0.11
Diesel traffic �0.10 0.79 0.02 0.62 0.54 0.09 0.13 0.03 0.65
Local coal-fired plant 0.45 �0.17 0.60 �0.21 �0.20 �0.05 �0.03 0.17 �0.15
Steel mill �0.04 0.43 0.00 0.75 0.24 0.18 �0.02 0.32 0.72
Nucleation 0.09 �0.55 �0.08 �0.34 �0.31 0.01 �0.01 0.06 �0.14
Local traffic �0.01 0.13 0.07 �0.03 0.12 0.16 0.09 0.13 0.13
Coke plant �0.40 0.24 0.24 0.21 0.64 0.88 0.70 0.28 0.48

Ni Pb Se Zn O3 NO NOx SO2 CO

Secondary nitrate 1 �0.11 �0.03 0.34 0.51 �0.51 0.57 0.74 0.17 0.61
Remote traffic 0.03 0.10 0.01 0.14 �0.02 0.09 0.11 0.14 0.32
Secondary nitrate 2 �0.24 �0.01 �0.01 0.11 �0.26 0.30 0.33 0.17 0.18
Secondary sulfate 0.02 �0.34 �0.26 �0.25 0.01 �0.17 �0.17 �0.10 �0.26
Lead 0.11 0.81 �0.07 0.01 0.30 �0.16 �0.20 0.20 �0.21
Diesel traffic 0.00 0.13 0.59 0.94 �0.65 0.75 0.84 �0.01 0.68
Local coal-fired plant �0.08 �0.02 �0.14 �0.18 0.17 �0.21 �0.23 0.40 �0.19
Steel mill 0.15 0.30 0.98 0.57 �0.27 0.58 0.50 0.07 0.37
Nucleation 0.03 0.07 �0.19 �0.35 0.70 �0.34 �0.51 0.18 �0.43
Local traffic �0.01 0.20 0.09 0.08 0.05 0.18 0.13 0.40 0.14
Coke plant 0.43 0.20 0.02 0.21 �0.08 0.24 0.19 0.12 0.44
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in Figure 7. The nucleation source does not have clear
dominating directions.
[27] The size range of local traffic, indicated in Figure 6, is

similar to our previous results [Zhou et al., 2004b], where we
found the particles in this range showed strong diurnal
patterns, including the contribution peak around morning
rush hours and significant weekday/weekend difference.
Figure 7 indicates that the temporal variations of the source
contribution show peaks at morning rush hours. The corre-
lations of the source contribution with the gases (NO, NOx

and CO) are weak as indicated in Table 5 since most of these
gases are emitted from other sources such as diesel traffic.
[28] A coke plant and a steel mill are two sources that

were also found by analyses of composition data. They have
two number modes at 10–20 nm to and 0.1–0.2 mm. In the
analyses of size distribution data [Zhou et al., 2004a, 2005],
the particles with the size range around 0.1 mm were thought
to be from the local combustion sources. This conclusion is
consistent with the presence of the number modes at the
large size while the number modes at 10–20 nm were not
found to be related to point sources by the analysis with
only size distribution data.
[29] The two point sources, coke plant and steel mill, as

well as secondary nitrate 1 and the diesel traffic are included
in LV1. Their size ranges are similar and are thus summa-
rized in one latent variable in the PLS analysis. These
sources explain most variations of NO, NOx and CO.

5. Conclusion

[30] Partial least squares and positive matrix factorization
have been used to analyze aerosol sized distribution data
and composition data together. PLS analyses found there are
linear relationships between the number concentrations of
large sized particles and the mass concentrations of most of
the chemical species. Since the linear relationship between
the two data sets was proved by PLS, PMF can be used for
source apportionment and it can even identify the sources
with small chemical mass concentrations but high number
concentrations caused by small particle sizes, such as
nucleation and local traffic.
[31] The two methods have revealed source information

including both size distribution and chemical composition at
the same time. These results are helpful for understanding
the results by the analysis of size distribution data.

[32] Acknowledgments. This research was conducted as part of the
Pittsburgh Air Quality Study which was supported by U.S. Environmental
Protection Agency under contract R82806101 and the U.S. Department of
Energy National Energy Technology Laboratory under contract DE-FC26-
01NT41017. This paper has not been subject to EPA’s required peer and
policy review, and therefore does not necessarily reflect the views of the
agency. No official endorsement should be inferred.
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Positive matrix factorization (PMF) method was applied to
particle size-distribution data acquired during the Pittsburgh Air
Quality Study (PAQS) from July 2001 to August 2001. After re-
moving those days with nucleation events, a total of 1632 samples,
each with 165 evenly-sized intervals from 0.003 to 2.5 µm, were ob-
tained from scanning mobility particle spectrometer (SMPS) and
aerodynamic particle sampler (APS). The temporal resolution was
15 min. The values for each set of five consecutive-size bins were
averaged to produce 33 new size channels. The size distributions
of particle number as well as volume were analyzed with a bilin-
ear model. Three kinds of information were used to identify the
sources: the number and volume size distributions associated with
the factors, the time frequency properties of the contribution of
each source (Fourier analysis of source contribution values) and
the correlations of the contribution values with the gas-phase data
and some composition data. Through these analyses, the sources
were assigned as sparse nucleation, local traffic, stationary com-
bustion, grown particles and remote traffic, and secondary aerosol
in a sequence of decreasing number concentration contributions.
Conditional probability function (CPF) analysis was performed
for each source so as to ascertain the likely directions in which the
sources were located.
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INTRODUCTION
Recently, substantial attention has been paid to the airborne

particulate matter (PM), which is believed to be associated with
increased morbidity and mortality, especially to high-risk groups
(van Bree and Cassee 2000). Particles of different size have
different deposition pattern in the airways. Ultrafine particles
(<0.1 µm) have a higher deposition fraction than fine particles
(0.1–2.5 µm). In general, pulmonary deposition increases with
decreasing particle size (Venkataraman and Kao 1999) and num-
ber concentrations of ultrafine particles were also shown to be
more closely associated with variations in lung function (Peters
et al. 1997).

To implement effective strategies to control the emission of
PM, a comprehensive data set is needed. The Pittsburgh Air
Quality Study (PAQS) is a multidisciplinary set of projects in the
Pittsburgh region that addresses issues including understanding
of the PM health effects, establishing the PM source–receptor
relationships, and finding the limitations of existing instrumen-
tation for PM measurements (Wittig et al. 2004).

Previously, principal component analysis (PCA) has been
widely used for the source apportionment and recently has been
applied to size-distribution data (Ruuskanen et al. 2001; Wahlin
et al. 2001; Kim et al. 2004). An alternative to PCA, positive
matrix factorization (PMF) is a powerful factor analysis method
and has been successfully used to solve the receptor model for
the source apportionment of the aerosol particles (Xie et al.
1999; Lee et al. 1999; Ramadan et al. 2000; Chueinta et al.
2000; Polissar et al. 2001; Song et al. 2001). In this study, parti-
cle size-distribution data from PAQS will be analyzed by PMF
method in terms of both the number and volume distributions.

The continuous measurement of aerosol size distributions has
low labor costs and can provide very large data sets with a time
resolution of minutes for a moderate investment. The number
of sites around the world measuring aerosol size distributions
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has been increasing. The present article explores the possibil-
ity of using this information to gain insights about the sources
contributing to the ambient PM levels. While it is possible to
increase the power of the proposed method by combining the
aerosol size distributions with additional measurements of the
aerosol composition (metals, speciated organics, single-particle
composition), here we focus on the use of the size distributions
only. In future work the results of the present study will be com-
pared with the more comprehensive analysis for a stricter test of
the source apportionment power of the proposed method.

The aerosol may experience some changes in the size distri-
bution during transport from the sources to the receptor site. The
size distribution will change as particles coagulate and dry de-
posit. However, after some initial changes in the vicinity of the
sources the most mobile particle sizes will be depleted, and the
particle number concentrations will be sufficiently small so that
further deposition and coagulation will be slow processes. Thus,
it is reasonable to expect that the particle size distributions will
become relatively stable at some appropriate distance from the
emission sources. In this study, the events in which there is ac-
tive growth of the particle size distribution have been explicitly
eliminated from the analysis. Gas-phase data and some particle-
mass data, such as PM2.5, sulfate, and Organic carbon/elemented
carbon (OC/EC), were also used to assist the identification of
the potential sources.

DESCRIPTION OF THE DATA SET
The size-distribution measurements were conducted from

30 June to 4 August 2001 at the Pittsburgh Supersite (Latitude
40.4395 , Longitude −79.9405). The location of the receptor site
is shown in Figure 1 and is far from any major sources. Ambient
air passed through Nafion dryers where the relative humidity
(RH) was controlled to around 15%, and thus the data obtained
through these measurements were “dry” data in comparison to
the data measured at the ambient RH. The frequency was four
15 min samples during each hour. The results obtained from three
instruments were used to produce a single size distribution.

Measurements were made with a scanning mobility parti-
cle spectrometer (nano-SMPS; TSI 3083 DMA and TSI 3025
CPC) sampling from 3–83 nm, an SMPS (TSI 3081 DMA and
TSI 3010 CPC) sampling from 13–583 nm, and an aerodynamic
particle size spectrometer (APS, TSI 3320) sampling from 0.56–
2.5 microns. The SMPS instruments measured electrical mobil-
ity diameters. The APS reported aerodynamic diameters with the
time of flight calibrated to a density of 1.0. The APS and long dif-
ferential mobility analyzer (LDMA) data were merged by solv-
ing for an effective density for the APS particles, which gave the
smallest error (in a least squares sense) in the APS–LDMA over-
lapping region (560–583 nm). Thus, above 583 nm the data rep-
resent electrical mobility diameter inferred from aerodynamic
mobility and estimated density (Khlystov et al. 2004).

The meteorological (wind direction and wind speed), gas
phase, and particle mass (including PM2.5, sulfate, and OC/EC)
data were measured at the same time and location as the particle

(a)

(b)

Figure 1. The map of the Pittsburgh region around the
supersite.

number concentration measurements. The temporal resolution
for meteorological data was 15 min, and for gas phase and parti-
cle mass data was 10 min. The sampling period for OC/EC was
4–5 h.

It appears that most of the sampling days have some degree
of homogeneous nucleation occurring. In a typical nucleation
event, the particle size initially grows rapidly (4–5 nm/h) and
then the growth slows as it reaches a size of 30–120 nm. The
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Table 1
Sampling periods without nucleation events

No. Date Day

1 Jul. 3 Tue.
2 Jul. 4 Wed.
3 Jul. 7 Sat.
4 Jul. 8 Sun.
5 Jul. 10 Tue.
6 Jul. 16 Mon.
7 Jul. 18 Wed.
8 Jul. 19 Thu.
9 Jul. 20 Fri.

10 Jul. 21 Sat.
11 Jul. 23 Mon.
12 Jul. 25 Wed.
13 Jul. 28 Sat.
14 Jul. 29 Sun.
15 Jul. 31 Tue.
16 Aug. 1 Wed.
17 Aug. 2 Thu.

basic assumption of the receptor model is that the ambient data
is the sum of constant profiles (size distributions from the con-
tributing sources). Thus, the days with intense nucleation events
(usually having particle growth) were excluded in this study.
The definition of an intense nucleation is by investigating the
temporal variation rate of the total particle number concentra-
tion between 3 nm and 10 nm, denoted as dN10/dt. If one day
has a dN10/dt value over 4,000/(cm3 h), then it is thought that an
intense nucleation events happens (Stanier et al. 2004) and that
day is excluded from this study. Most of these days excluded
have particle growth after the new particle formation. The re-
maining 17 days are indicated in Table 1, and they may still
contain some weak and shortlived nucleation without observ-
able particle growth.

The wind was generally from two directions during July, the
northwest and southeast (0◦ or 360◦ for north, 90◦ for east, etc.).
After those days with nucleation events were removed the wind
from the northwest also disappeared, as shown by the wind pro-
file subfigure in Figure 8. The reason may be that the transport
from the Great Lakes area (northwest direction) brings clean and
cooler air masses that provide good conditions for nucleation.

The missing values in the 165 size bins are replaced by the
mean value of the samples in the same size interval. Since the
maximum number of missing values for each size bin is 117,
about 7% of the total sample number, there is no necessity to
omit any size bins. The volume concentration is then calculated
by the number concentration.

ESTIMATION OF MEASUREMENT ERRORS
Since no measurement errors were provided with the original

experimental data, the following method is used to estimate the

Figure 2. Estimated instrumental errors of small particles.

measurement errors to provide the needed inputs to the PMF
program.

For the size range of 3–22 nm measured by the nano-SMPS,
the smaller of the minimum nonzero value and the minimum dif-
ference of the concentration values within each size bin, uh , was
taken as the instrumental error for the hth size interval. For larger
particles, the instrumental error cannot be estimated through this
method. Figure 2 illustrates these values, and it can be seen that
the numbers of particles smaller than 5 nm have large u val-
ues while they also have large particle numbers. Reischl (1991)
discussed the instrumental error of the differential mobility an-
alyzer (DMA) method and reported mean concentration deter-
mination errors for his DMA–Faraday cup electrometer (FCE)
system. The condensation particle counter (CPC) has a counting
efficiency that drops quickly toward zero for smaller particles
and consequently has a higher instrumental error than the FCE,
but the performance of CPC is much better for large particles,
especially around 100 nm.

Comparing the estimated instrumental error in this study and
the instrumental errors reported by Reischl (1991), it can be
found that in this study the errors for 3 nm particles are higher,
but they are lower for the larger particle sizes.

Besides the instrumental error, there are other sources of mea-
surement errors. A discussion about the measurement errors can
be found in Wong (1997). Based on statistics, the true value of
a quantity is given by the average of a large number of mea-
surements. “If the uncertainties are associated with the measur-
ing process are random, the values obtained will most likely be
scattered around the true value with some definite distribution”
(Wong 1997).

For the measurement of the i th sample at the j th size bin, the
concentration increased from 0 with a step length u j , and each
increase is independent. Let xih = Nuh . Thus the probability
distribution follows Poisson distribution with a mean of N and
a variance N . The best estimation of the measurement error is√

Nuh as indicated in Equation (1). To add 1 in the parentheses
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Figure 3. Average number and volume size distribution of all the samples.

is to avoid a zero uncertainty for a zero concentration value.

σ ′
ih =

(√
xih

uh
+ 1

)
uh, h = 1, 2, . . . , 55. [1]

Every consecutive five size intervals were combined into a
single new interval to make the size distribution smoother and
minimize the error caused by the discontinuity between instru-
ments, and thus 33 new size channels are created. Since in the
original dataset the size bins were evenly spaced (in the sense of
logarithm), the obtained 33 size channels are also evenly spaced.
The diameter of each new size channel is the diameter from the
middle one of the original five size bins. The measurement er-
ror for xi j after the combination is determined by the following
equations:

DP ≤ 0.022 µm, σi j =
5 j∑

h=5 j−4

σ ′
ih · 1

5
, j = 1, 2, . . . , 11, [2]

DP > 0.022 µm, σi j = [max(xi,5 j−4, . . . , xi,5 j )

− min(xi,5 j−4, . . . , xi,5 j )]

× 0.5, j = 12, 13, . . . , 33. [3]

For the 12 to 33 new size channels, the variation of the con-
centration is smooth. Since the variations between neighboring
size bins are small, the concentrations of the five consecutive

bins can be regarded as five measurements of the same true
value. According to the central limit theorem, a large number
of measurements conform a normal distribution whose mean is
the true concentration value no matter what distribution each
measurement follows. The five measurement are five samples
of this normal distribution. The average of the five concentra-
tions is then the best estimation of the mean. In Equation (3),
the width of this distribution is approximated by the difference
of the maximum and minimum concentration values, and the
half width is referred to as the standard deviation of the nor-
mal distribution, which is taken as the measurement error. If
any of the five original concentration values (165 size bins) is
a missing value, the corresponding measurement error is as-
signed as 4 times the new-formed concentration value (33 size
intervals).

Figure 3 gives the mean number and volume size distributions
averaged over all of the samples used in these analyses. Table 2
contains detailed information about the maximum, minimum,
and mean values for each combined size channel.

POSITIVE MATRIX FACTORIZATION (PMF)
The basic receptor model is expressed as

X = GF + E, [4]
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Table 2
Minimum, maximum, and mean value of the 33 size channels

Volume concentration Number concentration
dNV /d log DP (µm3/cm3) dN/d log DP (cm−3)

DP (µm) Minimum Maximum Mean Minimum Maximum Mean

0.003 0 0.0144 0.0006 0 8.21e + 05 3.97e + 04
0.004 0 0.0122 0.0006 0 4.22e + 05 1.75e + 04
0.005 0 0.0066 0.0006 0 1.34e + 05 1.15e + 04
0.006 0 0.0096 0.0008 0 1.06e + 05 9.74e + 03
0.007 0 0.0216 0.0014 0 1.39e + 05 9.72e + 03
0.008 0 0.031 0.0028 0 1.19e + 05 1.06e + 04
0.009 0.0002 0.0638 0.0052 214 1.37e + 05 1.17e + 04
0.011 0.0006 0.07 0.0094 776 9.43e + 04 1.22e + 04
0.014 0.0014 0.101 0.0162 998 7.72e + 04 1.23e + 04
0.016 0.0024 0.182 0.027 1043 8.02e + 04 1.19e + 04
0.019 0.0022 0.327 0.0452 563 8.53e + 04 1.16e + 04
0.023 0.006 1.28 0.0758 880 1.87e + 05 1.13e + 04
0.028 0.011 1.04 0.126 979 9.01e + 04 1.10e + 04
0.033 0.0168 1.88 0.217 857 9.50e + 04 1.10e + 04
0.040 0.0316 3.61 0.382 930 1.07e + 05 1.13e + 04
0.048 0.0724 5.75 0.670 1242 1.01e + 05 1.16e + 04
0.057 0.179 5.93 1.14 1786 6.13e + 04 1.15e + 04
0.069 0.365 9.10 1.90 2120 5.34e + 04 1.12e + 04
0.082 0.457 16.1 3.07 1600 5.50e + 04 1.05e + 04
0.098 0.530 27.0 4.86 1070 5.41e + 04 9.73e + 03
0.118 0.713 37.4 7.39 830 4.40e + 04 8.63e + 03
0.141 1.33 42.23 10.8 893 2.93e + 04 7.34e + 03
0.169 2.42 51.2 14.6 958 2.05e + 04 5.84e + 03
0.202 2.37 50.8 18.7 564 1.21e + 04 4.36e + 03
0.241 1.79 70.2 23.3 252 9.51e + 03 3.17e + 03
0.289 1.13 87.3 28.4 91.7 6.92e + 03 2.25e + 03
0.346 0.695 111.7 32.6 33.1 5.14e + 03 1.51e + 03
0.414 0.450 134 33.1 12.3 3.62e + 03 9.00e + 02
0.496 0.208 164 27.7 3.27 2.64e + 03 4.45e + 02
0.626 0.222 84.7 16.4 2.01 8.04e + 02 1.46e + 02
0.898 0.116 28.0 4.42 0.328 8.80e + 01 1.35e + 01
1.286 0.137 11.98 2.28 0.122 1.10e + 01 2.15e + 00
1.843 0.280 19.0 3.98 0.082 5.87e + 00 1.18e + 00

or in the element form

xi j =
p∑

k=1

gik fk j + ei j , [5]

where X is the matrix of observed data and the element xi j is the
concentration value of the i th sample at the j th size bin. G and F
are, respectively, the source contributions and size distribution
profiles of the sources that are unknown and to be estimated
from the analysis. To be specific, gik is the concentration of
particles from the kth source associated with the i th sample
and fk j is the size distribution associated with kth source. E is a

matrix of residuals. The model is solved by a least-square method
using the program PMF2 (two-way PMF) (Paatero 1997). The
mathematical expressions are

min
G,F

Q [6]

and

Q =
∥∥∥∥ (X − GF)

s

∥∥∥∥
2

F,G

=
∑

i

∑
j

(
ei j

si j

)2

, [7]

where si j is the uncertainty of each xi j value and the reciprocal
of si j serves as the weight.
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The details of the algorithm of PMF2 can be found else-
where (Paatero 1997). The uncertainties inputted into PMF2
were computed based on the measurement errors with the
expression

si j = σi j + C3 max(|xi j |, |yi j |), [8]

where yi j is the calculated value for xi j , σi j is the measurement
error estimated in the previous section, and C3 is a dimension-
less constant value between 0.1–0.2. The additional uncertainty
beyond the measurement errors estimated above is included to
take into account in part the variability of the source profiles.
The size distribution of particles emitted from a source cannot be
expected to be perfectly constant, and some additional variation
in the fit needs to be allowed to accommodate this variability.
PMF2 was run separately for number and volume size distribu-
tions. The results of PMF2 analysis should be rescaled to satisfy
the mass apportionment conditions (Hopke et al. 1980). For the
sake of completeness, a brief introduction is given, as shown in
the following equation:

xi j =
p∑

k=1

fik · wk

wk
· gkj . [9]

The scaling constant in the above equation, wk , is determined
by regressing the total number or volume contribution against
the estimated source contributions:

v j =
p∑

k=1

wk · gkj . [10]

The G values discussed in this article are all rescaled for a
number apportionment by this method.

CONDITIONAL PROBABILITY FUNCTION (CPF)
A conditional probability function (Ashbaugh et al. 1985;

Kim et al. 2004) was calculated with the source contributions
obtained by PMF2 and wind direction values as the following
equation:

CPF = m�θ

n�θ

, [11]

where m�θ is the number of occurrences in the direction sector
that exceed the threshold, upper 25% of the fractional contri-
bution from each source; and n�θ is the total number of wind
occurrences in the same direction sector. The fractional con-
tribution is used instead of the volume or number contribution
to avoid the influence of atmospheric dilution. Each direction
sector is set 10 degrees, and thus there are 36 direction sectors.
Those winds below 1.0 m/s are excluded from this study. The
sources are thought to be located in the direction sectors with
high CPF values. It has to be pointed out that the CPF is not so
dependable in finding the directions of far sources since the air
mass may travel through a circuitous pathway.

The wind directions are concentrated within a few adjacent
sectors; other direction sectors have a very low frequency of
occurrence, and some have zero occurance. Those high CPF
values with low values of n�θ are not reliable because of the
uncertainties between the calculated contributions and the real
contribution of each source. A threshold criteria, nc, is needed.
When nc > n�θ , the directional sector is neglected and CPF
value is set to zero. In this study, nc is arbitrarily chosen to
be 10. The proper choice of the nc value remains an open
question.

RESULTS AND DISCUSSION
Different numbers of factors and Fpeak values have been

explored to obtain the most meaningful results. Fpeak is a pa-
rameter used in PMF2 to control the rotation. When the Fpeak is
set to a positive value, the program adds one G vector to another
and subtracts the corresponding F vectors from each other to
obtain a more physically realistic solution. The details of the
mathematical process can be found in Paatero et al. (2002). Five
factors were selected, and the Fpeak value was set to 1.2 for
number size-distribution and 0.2 for volume size-distribution
analyses.

If the uncertainties are well estimated, the expected Q value is
approximately equal to the element number of X matrix, which is
50,000 in this study. Since larger uncertainties were constructed
(C3 is chosen as 0.2), the final Q value is 25,013, much smaller
than the expected Q value. The Q value decreases when the
factor number increases. When the factor number increases from
5 to 6, the Q value is not improved as much as it is when the
factor number increases from 4 to 5. Therefore, the final factor
number was chosen as 5.

Only the variation and time series analysis of the contribution
values for the number concentration are presented here since the
instruments directly measured the number concentration. The
number and volume contributions of each factor were found to
have quite similar temporal variations. For a given source, the
size distribution profile for number concentration can be con-
verted to obtain the profile for volume concentration, as indi-
cated in Equation (12). In this equation, N stands for number, V
stands for volume, d j is the diameter for the j th size channel and
f j is the fraction for the j th channel. Multiplying the number
contribution by the constant C provides the corresponding vol-
ume contribution and vice versa. Since the source profiles and
contributions for the number and volume distributions of each
source are obtained through PMF with different rotations, the
conversion is an approximate one. The match of the G values by
number and volume contribution is also based on the correlation
coefficient of the G values with gas-phase data and frequency
properties:

f V
j = f N

j d3
j · π/6∑n

j=1 f N
j d3

j ·π/6
= f N

j d3
j∑n

j=1 f N
j d3

j

= f N
j d3

j

C
. [12]
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Figure 4. Normalized feature profile for number size distribution.

The sources were identified based on the profiles for both the
number and volume size distributions of the factors, the time
frequency properties of the contribution of each factor (Fourier
analysis of G values), and the correlations of the G values with
the gas phase and some composition data. The Fourier analysis

Figure 5. Normalized feature profile for volume size distribution.

identifies the strong frequencies in the data associated with pe-
riodic behavior, such as reoccurrences of rush hour traffic each
day.

The number and volume size-distribution profiles of the five
factors are shown in Figures 4 and 5, respectively. However,



FACTOR ANALYSIS OF SIZE DISTRIBUTIONS 125

Figure 6. Number contribution for each factor.

size-distribution profiles alone are not sufficient since more than
one source may have similar size-distribution profiles. The num-
ber of contributions for each factor are presented in Figure 6.
The high temporal resolution of the experimental data make it
possible to thoroughly investigate the frequency behavior of the
contributions. It should be noted that those frequency peaks ob-
tained by Fourier analysis do not absolutely reflect the actual
temporal variations except those which are integral multiple of
1/24 h−1 because of the discontinuity of the dates resulting from
the elimination of the nucleation events. However, the results

Table 3
Correlations of G (number) factors with gas-phase data and particle-mass data

O3 NO NOx SO2 CO PM2.5 Sulfate OC EC

Factor 1 0.07 0 0.146 0.332 0.148 0.907 0.858 0.527 0.463
Factor 2 −0.24 0.394 0.52 0.21 0.495 0.17 0.06 0.373 0.643
Factor 3 −0.19 0.198 0.31 0.01 0.145 0.113 0.04 0.09 0.394
Factor 4 −0.31 0.658 0.666 0.367 0.474 0.09 −0.1 0.289 0.492
Factor 5 0.221 −0.19 −0.22 −0.12 −0.2 −0.16 −0.14 −0.43 −0.21

of the Fourier transformation can still be used to identify daily
patterns in the factors and to investigate the frequency proper-
ties qualitatively. The results of the Fourier transformation of
the G values (number) are shown in Figure 7. The results of
the correlations of the G values (number) with the gas-phase
data and CPF function are presented in Table 3 and Figure 8,
respectively. In Figure 8, the first subfigure indicates the num-
ber of occurrences in each wind direction sector is presented.
Figure 9 shows about the CPF of gases for the same days as
the particle. Because of their different temporal resolutions, the
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Figure 7. Fourier transformation of number contributions.

gas-phase data set and wind data were averaged to 30 min, which
caused some minor differences in the wind profiles of the two
figures.

Factor 1 has a peak around 0.3 µm and high correlations
with PM2.5 and sulfate. The Fourier transformation shows that
this factor has no obvious frequency peak. The total contribu-
tion to the receptor site does not change periodically with time.
This information indicates a secondary aerosol. This factor is
from distant sources; the particles were produced far from the
receptor site and have accumulated secondary aerosol compo-
nents (sulfate and organics) growing from their original size.
The CPF function shows that these particles are from south
of the site. Comparisons of the PM2.5 concentrations measured
in Pittsburgh with the measurements in satellite sites around
the city suggest that during July 2001 more than 80% of the
Pittsburgh PM2.5 was transported into the city (Wittig et al.
2004). The present analysis also indicates that this factor is
responsible for most of the aerosol volume as indicated in
Table 4.

Factor 2 has a number mode at 0.04 µm, a volume mode
around 0.09 µm, and is correlated with NO, NOx, and CO. The
correlation with EC is also strong, suggesting emissions from
diesel trucks on the highway. The fact that the heavy-duty diesels
also emit particles having this size range (Shi 2000) is consistent
with the correlation with EC. There is a peak at 1/24 h−1, indicat-
ing a daily pattern. The CPF of the NO, NOx, and CO indicate
that they are from the south, as shown in Figure 8, probably

Table 4
Average volume and number contribution of the sources

Factor Volume (µm3/cm3) Number (#/cm3)

1 14.09 2445
2 0.93 5411
3 0.36 5882
4 3.26 5741
5 0.24 7659
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Figure 8. The conditional probability function for the number contributions.

from highway 376, 1 mile south to the site, extending from west
to east. This factor may contain particles from highway 376.
The distance from the source may explain the lack of a clear
“transportation” diurnal profile. Meteorological variables such
as mixing height and wind speed influence the profile more than
the actual traffic pattern.

The number and volume modes are 0.015 and 0.2 µm respec-
tively, for Factor 3. Factor 3 is only weakly correlated with NO

and NOx, but it has an obvious frequency peak at 1/24 h−1. The
two rush-hour peaks can be identified in Figure 10. Therefore,
Factor 3 is assigned as a traffic aerosol. Because the particles
are small (15 nm number size mode), this factor may be from
the roads in the immediate vicinity of the site (Forbes Avenue,
Schenley Drive, etc.), as shown in Figure 1. There is almost no
diesel traffic in these places, which could explain the lack of
correlation with EC and the weak correlation with NOx. The
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Figure 9. The conditional probability function for gases.

CPF has peaks at east and northwest, the directions of Forbes
Avenue and other roads in the vicinity. The good diurnal traffic
profile, as indicated in Figure 10, also suggests good proxim-
ity to the source. Figure 11 indicates the temporal variations of
the gases (NO, NOx, and CO). The gases sometimes have high
values at night, which could be caused by the inversion layer.
These phenomena also occurred for factor 2. The particles cap-
tured by the inversion layer were probably particles from the
local traffic, which also weakens the “transportation” profile of

factor 2. The traffic volume is lower on these smaller roads than
on the highway, leading to a small contribution to the primary
pollutants, which is also consistent with the small volume con-
tribution of Factor 3. The low overall concentration contribution
may explain the weak correlation of factor 3 with NO, NOx, CO,
and EC in another aspect. Conversely, factor 2 is named grown
particles and remote traffic and factor 3 is titled local traffic.

Factor 4 has high correlations with NO, NOx, and CO but has
no peak at 1/24 h−1. This factor may be related to combustion
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Figure 10. The average diurnal variation of the factors.
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Figure 11. Temporal variations of NO, NOx, and CO.

sources such as a power station or biomass fires (Morawska
et al. 1998), but it is unlikely to be motor vehicle emissions. The
mode around 0.1 µm for the number distribution was suggested
as representative of vegetation-burning–influenced aerosols by
Morawska et al. (1999). The location of the volume mode is also
in accordance with the reported measurement of wood burning
(Morawska et al. 1999; Le Canut et al. 1996).

Wehner et al. (1999) reported that the number size distribu-
tion of a coal-fired heating power plant has a mode between 45
and 100 nm. The mass mode of coal combustion is at 10 µm
(Lind et al. 1994), which is beyond the size range of this study.
Factor 4 may be from local combustion sources and possibly
vegetation burning as well. The CPF shows the sources of fac-
tor 4 are located to the south. The correlation of factor 4 with
SO2 indicates coal combustion sources. Factor 4 has no corre-
lation with sulfate, which means SO2 has not had enough time
to oxidize to sulfate. Figure 12 is a map of the major emission
sources in the eastern US. There are two major power plants to
the south of Pittsburgh, close to the border with West Virginia,
at a distance of less than 100 km. A calculation is provided in
the appendix to estimate the conversion rate of SO2. The result
shows that within this range most SO2 is not reacted.

Factor 5 has a number mode at 3 nm and a volume mode
at 0.25 µm. Factor 5 has a peak at 1/24 h−1 but no correlation
with NO, NOx, or CO. The contribution reaches a peak at mid-
to late afternoon. The small particles, several nanometers large,
with high number concentration, might be caused by nucleation
events that were often observed to have peak activities in the
afternoon. Photochemical reaction intensity increases in the af-
ternoon and oxidants are produced, which can explain the pos-
itive correlation of factor 5 with ozone. These oxidants oxidize
SO2 to form sulfuric acid which then nucleates, probably with
water and possibly with ammonia. The volume mode at 0.25 µm,

corresponding to the small “bumps” in the number distribution
at the same size range, cannot be from nucleation. This volume
mode can only be created locally together with the new parti-
cles by condensation of sulfuric acid and organic compounds.
The anticorrelation of factor 5 with OC could be the result of
the fact that most OC is primary. Factor 5 is called “sparse nu-
cleation” since the nucleation occurs over limited time intervals
with insufficient material present to permit growth in size up to
the accumulation mode range (the excluded nucleation events).
Factor 5 may have a composition similar to factor 1, and they
are both secondary aerosol. The difference is that factor 5 is
new-formed particles that have a short life time, while factor 1
are aged particles and more stable in the air.

Figure 12. Map of region around the Pittsburgh area showing
locations of power plants.
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Figure 5 shows that factors 1 and 4 have small peaks at high
frequencies (over 0.1 h−1). This result may suggest that factors
1 and 4 form a kind of background that is stable and has no
regular periodicity.

Table 4 summarizes the average contribution of those fac-
tors to the volume concentration and number concentration. The
number concentration contributions are at the same order of
magnitude, but the volume contributions are quite different. The
volume contribution is mainly composed of secondary aerosol
and stationary combustion.

CONCLUSIONS
Positive matrix factorization was used to explore size-

distribution data from Pittsburgh for source apportionment.
From the investigation of the number and volume modes of
the size distributions of the factors, the frequency properties,
the correlations of the G factors with gas phase data, and the
CPF functions, five sources are identified: sparse nucleation, lo-
cal traffic, stationary combustion, grown particles and remote
traffic, and secondary aerosol. Although these factors are thus
titled, they may still be contaminated by other unknown sources,
especially the two traffic factors. Future analysis of the compo-
sition size data, such as micro-orifice uniform deposit impactor
(MOUDI) and single-particle spectrum data, might provide ad-
ditional, more specific source information.

NOTATION
C3 Coefficient used for a heuristic uncertainty in PMF2.
D Particle diameter, µm
E, e Regression residual
F, f Size distribution profile associated with each source
G, g Source contribution, 1/cm3 or µm3/cm3

m The number of occurrences in the direction sector that
exceed the threshold

n The total number of wind occurrences
N Number concentration, 1/cm3

Q Sum of the residual squares
s Uncertainty for each datum point used in PMF2
t Time
u Instrumental error for small particles, 1/cm3

V Volume concentration, µm3/cm3

v Total mass, number or volume concentration for each
sample

w A constant for mass, number, or volume apportionment
X, x Data to be regressed
y Regressed concentration value used in PMF2

Greek Letters
θ Wind direction
σ Measurement error for the combined size bins, 1/cm3

σ ′ Measurement error for the original-size bins, 1/cm3
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APPENDIX: AN ESTIMATION OF SO2

CONVERSION RATE
The distance of the coal power plant and other combustion

sources emitting SO2 is 10–100 km. Suppose the wind speed is
10 km/h. The traveling time of the pollutant is 1–10 h.

The following equation is used to estimate the conversion
rate:

dC

C
= −Rdt, [A1]

where C is the concentration of SO2 and R is the reaction rate
with a unit of %h−1. The conversion rate of SO2 X is

X = 1 − C

C0
= 1 − exp(−Rt). [A2]

A typical gas-phase SO2 oxidation rate by OH is on the order
of 1%h−1 (Seinfeld and Pandis 1998). By substituting R = 1
into Equation (A2), the conversion rate is 0.006 ∼ 1%.

The oxidation of SO2 is dominated by dissolved hydrogen
peroxide for pH < 5. Assume that the frequency of cloud oc-
currence is 0.4, the areal coverage by cloud is 0.2, and the av-
erage liquid water content of cloud is 0.2 g/m3. In Seinfeld and
Pandis (1998) the oxidation rate is estimated at around 500%/h
when the liquid water content is 1 g/m3 and hydrogen perox-
ide has a concentration of 1 ppb. Thus the reaction rate of SO2

under the former assumptions should be 0.4 × 0.2 × 0.2 ×
500%/h = 8%/h.

In this situation, the conversion rate of SO2 is 7.7–55%. In
fact, the production of sulfuric acid decreases the pH value,
which causes less dissolved SO2, so the conversion rate should
be lower.
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Abstract

New monitoring technologies have now permitted the measurement of a variety of chemical species in airborne

particulate matter with time resolution as high as 10min to 1 h. There are still species that are measured with longer

integration periods such as several hours to a day. These data from different measurement methods produce a data set

of mixed time resolution. Traditional eigenvalue-based methods used in solving multivariate receptor models are unable

to analyze this kind of data set since these data cannot form a simple matrix. Averaging the high time resolution data or

interpolating the low time resolution data to produce data on the same time schedule is not acceptable. The former

method loses valuable temporal information and the latter produces unreliable high resolution series because of the

invalid assumption of temporal smoothness. In the present work, a solution to the problem of multiple sampling time

intervals has been developed and tested. Each data value is used in its original time schedule without averaging or

interpolation and the source contributions are averaged to the corresponding sampling interval. For data with the

highest time resolution, the contributions are not actually averaged. The contribution series are smoothed by

regularization auxiliary equations especially for sources containing very little high resolution species. This new model

will be explored using data from the Pittsburgh supersite.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: Multiple time resolution; Aerosol; Source apportionment; Factor analysis; Multilinear Engine (ME); Non-parametric

regression (NPR)
1. Introduction

Multivariate statistical receptor models have been

extensively used for source apportionment of airborne

particles (Henry, 1997, 2002; Hopke, 2003). For the

conventional receptor model problem, aerosol composi-

tional data containing a number of species are obtained
ing author. Fax: 315-268-4410.

ess: hopkepk@clarkson.edu (P.K. Hopke).

e front matter r 2004 Elsevier Ltd. All rights reserve

mosenv.2004.05.040
for each sample. The concentrations of all species for all

of the samples form a matrix. This matrix can be

decomposed into two matrices representing source

contributions and source profiles.

Recent developments of measurement methods for

airborne particle species have provided higher time

resolution. Automatic sampling analysis systems are

commercially available for organic and elemental

carbon, sulfate and nitrate with typical time resolution

of 1 hour as summarized by Wilson et al. (2002). Several
d.
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investigators have developed steam injection/impaction

samplers that permit the collection of sufficient sample

size to allow analyses for multiple species with time

resolution as low as 30min (Khlystov et al., 1995;

Slanina et al., 2001; Kidwell and Ondov, 2001; Orsini

et al., 2003). Recent work on Synchrotron X-ray

fluorescence has also suggested that short time (o1 h)

resolution data can be readily obtained (Bench et al.,

2002). These data can be combined with longer term

integrated samples analyzed by conventional techniques

like XRF or PIXE to produce a data set of mixed time

resolution.

Traditional multivariate techniques (PCA, PMF2)

cannot utilize the full information content of data sets

measured with multiple sample time schedules. It would
Fig. 1. Map of Pittsburgh supersite and major local PM2.5

sources (some sources are described in Table 6).

Table 1

Summary of the data set used in this study

ADI Sulfate,

nitrate

SEAS ‘‘Best

estimation’’

of sulfate and

nitrate

S

Species

measured

Sulfate,

nitrate

Al, As, Cd,

Cr, Cu, Fe,

Mn, Ni, Pb,

Se, Zn

Sulfate,

nitrate

N

c

a

io

p

Time

resolution

10min 0.5 h 1 h 1

10min 0.5 h 1 h 1

10min 0.5 h 1 h 1

10min 0.5 h 1 h 1

10min 0.5 h 1 h 1
be necessary to somehow transform the data to a single

time schedule. Either the high-resolution data need to be

averaged over the averaging intervals of the longest

time-interval data, typically 24 h, or the low-resolution

data would have to be interpolated to the short time

periods of the fastest measurements. Averaging would

lose all of the valuable high time-resolution information.

Alternatively, interpolation must be based on uncertain

assumptions of the nature of temporal variation of the

source emissions. Interpolation would typically ignore

diurnal patterns and attribute similar amounts of

concentration to all 24 h of the sampling period. Thus,

it would be impossible to correctly deduce the proper

connections between the 24-h interpolated aerosol data

and high-resolution (e.g., hourly) concentration data

displaying the true short term patterns.

In this work, aerosol compositional data from

Pittsburgh air quality study (PAQS) have been used to

test a new model in which each data value is

preferentially used in its original time schedule. Neither

averaging nor interpolation of original data is needed.

Averaging of high resolution contribution series is only

used for low resolution data.
2. Data description

The data are from the PAQS, 16, 17, 18, 23 and 24

July, 2001. The Pittsburgh supersite was located in a

park close to the city center (Latitude 40.4395, Long-

itude �79.9405). The location of the site and major

PM2.5 sources near the site are indicated in Fig. 1.

Table 1 summarizes the data set that has been used in

this study. The species and time resolution for each

method are listed in Table 1. The total data set includes

sulfate and nitrate data obtained by continuous instru-

ments of Aerosol Dynamics Inc. ([ADI], Stolzenburg
team IC OC/EC ICP-MS Sampling

date

itrite,

hloride,

mmonium

n,

otassium

OC/EC As, Cd, Cu,

Fe, Mn, Mo,

Pb, Sb Se, Ti,

V, Zn

—

h 3, 4, 5 h 1 d 16 July

h 3, 4, 5 h 1 d 17 July

h 3, 4, 5 h 1 d 18 July

h 2 h 4, 6 h 23 July

h 2 h 4, 6 h 24 July
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and Hering, 2000), with 10min resolution; SEAS (Semi-

continuous Elements in Aerosol System) data with

30min resolution (Kidwell and Ondov, 2001); the 1 h

sulfate and nitrate data regressed from several measure-

ment methods, called ‘‘best estimation’’ (Wittig et al.,

2004a, b); steam IC (Ionic Chromatography) data with

1 h resolution (Weber et al., 2001; Khlystov et al., 1995;

Slanina et al., 2001); OC/EC data with varied sampling

periods 2–4 h (Turpin and Huntzicker, 1995); data from

digestion and analysis of integrated filter by ICP-MS

(Inductively Coupled Plasma Mass Spectrometry) with

24 h resolution or 4–6 h resolution on intensive measure-

ment days. PM2.5 mass concentrations were measured

every 10min by TEOM (Tapered Element Oscillating

Microbalance PM2.5 Sampler) running at 30�C with

sample equilibration system. Gases, including O3, NO,

NOx, CO and SO2, as well as meteorological data were

also obtained at the same time and location. Gases were

measured every 10min and meteorological conditions

were measured every 15min. Details of the measurement

methods and instruments can be found elsewhere

(Stanier et al., 2004; Wittig et al., 2004a, b). The total

sample number and the number of missing samples of all

methods for every species are indicated in Table 2.
Table 2

Sum of squares of scaled residuals of Equation 1 (Qmain) and

adjustment factors

Species Total

number of

samples

Number

of missing

samples

Qmain Adjustment

factors

Sulfate 840 31 175 0.78

Nitrate 840 10 59 0.89

Al 240 9 1007 —

As 253 63 213 1.04

Cd 253 17 209 1.29

Cr 240 9 764 —

Cu 253 19 463 2.01

Fe 253 11 673 0.126

Mn 253 11 581 0.70

Ni 240 9 63 —

Pb 253 11 1526 0.64

Se 253 11 63 0.97

Zn 253 13 95 1.04

Nitrite 120 33 372 —

Chloride 120 33 1135 —

Ammonium ion 120 33 263 —

Sodium 120 33 130 —

Potassium 133 33 5 —

OC 42 5 168 —

EC 42 5 18 —

Ti 13 1 8 —

V 13 0 5 —

Mo 13 3 34 —

Sb 13 1 10 —
3. Model description

The basic idea is to utilize the measured concentration

data in its original time schedule. For each concentra-

tion value, there are contributions from several sources,

and source contributions have to be averaged so that the

concentration value and the source contribution are in

the same sampling period. The main equation of the

model is as below:

xsj ¼ 1=ðts2 � ts1 þ 1Þ
XP

p¼1

fjp

Xts2

i¼ts1

gipZjm

 !
þ esj ; ð1Þ

where s is the sample number, j stands for the species, ts2

is the end time and ts1 is the start time (described by the

number of time units). The shortest sampling interval,

10min for this data set, is chosen as the time unit. In

Eq. (1), xsj is the concentration of jth species in sth

sample, fjp is the mass fraction of species j in particles

from source p; gip is the pth source mass contribution

during the time units for the sth sample and esj is the

residual. The source contributions are averaged over the

sampling time of xsj : If all species of all samples are
measured within same durations, ts2 ¼ ts1; then Eq. (1)
becomes the conventional two way receptor model.

Replicated species were measured by more than one

method with different time resolutions. In Eq. (1),

different values of the subscript m correspond to

different measurement methods (for ADI data m ¼ 1;
for SEAS data m ¼ 2 and for steam IC m ¼ 3). For each

sample s, the m value corresponds to the method used

for measuring the sample, m ¼ mðsÞ: For a replicated
species j; adjustment factors, Zjm in Eq. (1), are used with

the assumption that the concentration values measured

by different methods are proportional. An adjustment

factor close to 1 suggests a good agreement between the

different measurements. Usually, the methods with

longest periods provide better accuracy or are defined

as reference methods. Thus, their adjustment factors are

set to unity by default. For non-replicated species, no

adjustment factors are needed, so that their Zjm are set to

unity by default.

If a source contains no species measured with high

temporal resolution, then there is no way to obtain a

reliable high time resolution contribution series. To

solve this problem, a regularization equation is used

to smooth the time series of source contributions, as

indicated by Eq. (2), where gip is the source contribution

from the pth source during the ith time unit.

giþ1;p � gi;p ¼ 0þ ei: ð2Þ

The total residual sum of squares is composed of

residuals from both Eqs. (1) and (2). When a source

includes few high time resolution species, there is limited

influence from Eq. (1). Eq. (2) will eliminate the unreli-

able high time resolution details of the contribution
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series in order to minimize the residuals. When a source

contains some high resolution species, reducing the

residual in Eq. (2) leads to an increase in the residuals of

Eq. (1) and the high temporal variations tend to be

conserved. The balance between the two residuals can be

controlled by multiplying the residual in Eq. (2) by a

small coefficient, such as B0.1. This balancing was

implemented by weighting the residuals with their

uncertainties.

The model was solved using the multilinear engine

(Paatero, 1999). A script file was written to specify the

model equations. The final weighted sum square of

residuals ðQÞ is optimized by a conjugate gradient

method (Paatero, 1999). The uncertainties assigned for

Eq. (1) were computed with the expression:

ssj ¼ C1 þ C3 maxðjxsj j; jysj jÞ; ð3Þ

where ysj is the calculated value for xsj ; C1 is the

measurement error or an estimated error if no measure-

ment error was available, and C3 is a constant, 0.05 in

this study. For Eq. (2), the uncertainties were assigned a

constant value of 3. Missing values were imputed, see

below. For steam IC data, unrealistic and too small

uncertainties were reported so the largest reported

uncertainty from three consecutive values was chosen

as the measurement uncertainty. The structure of the

data set is displayed in Fig. 2, where the concentrations

of the chemical species measured by the same method

form a data sub block. One concentration value is

represented by a dot in Fig. 2 and the dots of one species

look like a line. The beginning and ending time units of

these five subblocks are all 0 and 720. The beginning and

ending time unit of each sampling period were also

included. Table 3 illustrates a part of the data table that

has been inputted into ME.
Fig. 2. Structure of th
This data set contains a significant number of missing

values. Both the concentrations and measurement errors

were imputed for all missing values. In the early phases of

the analysis, median values of variables were imputed for

concentrations and ‘‘large’’ values for measurement errors.

This kind of imputation is practically equivalent to

omitting the values in question from the analysis.

However, in several factors, large artifact peaks appeared

on occasions where a key variable was missing. Apparently

the multiple-time model is more sensitive to missing data

than the original PMF model. For this reason, an

‘‘intelligent’’ imputation of missing values was performed

as follows. Linear interpolation was used in order to

compute the values to be imputed for missing concentra-

tions xsj : For data errors, the values kxsj ; were imputed,
where the coefficient k was between 0.75 and 5. The

smallest value of k was used for a variable with little

overall variation, viz. ammonium ion. For other variables,

k was chosen large enough so that any likely variation

during the imputation period would be contained within

the error limits. Both the overall variation of the variable,

and the variation immediately before and after the

imputation period were considered. For most cases, k

was chosen to be approximately 3. This procedure

decreased the spurious peaks to insignificant magnitude.

The contribution series and source profiles were re-

scaled to satisfy the mass apportionment conditions

(Hopke et al., 1980) as shown in the following equation:

xij ¼
XP

p¼1

fip �
wp

wp

� gpj : ð4Þ

The scaling constants in the above equation, wk, were

determined by regressing PM2.5 mass concentrations

against the estimated source contributions. The final

source contribution series are obtained after the
e input data set.
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Fig. 3. Wind profile during 16, 17, 18, 23, and 24 July 2001.

Table 3

Part of the data table as the input into ME

Start

time Ts1

End

time Ts2

Start of

sampling

Sampling

duration

End of

sampling

Sulfate Sulfate std Al Al-std OC OC-std

yyyy/mm/dd

hh:mm

yyyy/mm/dd

hh:mm

Unit

(10min)

Unit

(10min)

Unit

(10min)

mgm�3 mgm�3 mgm�3 mgm�3 mgm�3 mgm�3

7/16/01 0:00 7/16/01 0:10 1 1 1 5.16

7/17/01 0:10 7/17/01 0:20 2 1 2 5.31

7/18/01 0:20 7/18/01 0:30 3 1 3 5.80

7/19/01 0:30 7/19/01 0:40 4 1 4 5.73

y y y y y y y

7/16/01 0:00 7/16/01 0:30 1 3 3 0.00788 0.00189

7/16/01 0:30 7/16/01 1:00 4 3 6 0.00836 0.00038

7/16/01 1:00 7/16/01 1:30 7 3 9 0.00681 0.00114

y y y y y y y

7/16/01 0:00 7/16/01 5:00 1 30 30 4.37

7/16/01 5:00 7/16/01 14:00 31 54 84 4.00 8.00

y y y y y y y y y y y
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re-scaling as indicated in Eq. (5). When computing the

regression, both the PM2.5 mass concentration and

source contributions were averaged to two hour inter-

vals values in order to reduce the possibly unreliable

high time resolution details.

vj ¼
XP

p¼1

wp � gpj : ð5Þ

4. Locating the sources with wind direction data

The conditional probability function (CPF) has been

applied for finding the directions of sources (Ashbaugh

et al., 1985; Kim et al., 2003a). However, for this small

data set, the CPF results proved misleading for the

following two reasons: (1) there are many directions

with very few (or no) wind occurrences as indicated in

Fig. 3, (2) the distribution of concentrations is far from

normal, with a small number of very large values.

Instead of using CPF, the direct relationship of the

source contributions and wind directions was graphi-

cally investigated (Chueinta et al., 2000) and non-

parametric regression (NPR) analyses were also per-

formed to locate the sources. All data with wind speed

below 1.0m s�1 were excluded in the application of both

methods. The meteorological data (wind direction, wind

speed, etc.) were obtained every 15min, so in the two

analyses, both source contributions and meteorological

data were averaged to 30min resolution.
5. NPR

In NPR, the relationship of the contribution and wind

direction is determined by NPR and confidence intervals
are also given (Henry et al., 2002; Henry, 2002). The

expected concentration C at y is computed by Eq. (6),

%Cðy;DyÞ ¼
Pn

i¼1 Kððy� W Þ=DyÞCiPn
i¼1 Kððy� WiÞ=DyÞ

; ð6Þ

where K is a Gaussian kernel function, Wi and Ci are the

wind direction and concentration of the ith sample, and

Dy is the smoothing parameter, the only adjustable

parameter in NPR. A cross validation method (Henry

et al., 2002; Henry, 2002) was used to find the best Dy:
However, the cross validation gave too small Dy values
like 2�, which may be caused by the small size of this

data set, and too many meaningless small peaks were
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produced. In this study, Dy ¼ 5� was used. The 95%

confidence intervals were also computed for the expected

concentration by the method described by Henry et al.

(2002) and Henry (2002).
6. Results and discussion

Six factors were found to be the best solution. When

using five factors, zinc, selenium and lead had large

residuals, and traffic and secondary nitrate were com-

bined into one factor. Table 2 indicates the sum of

squares of scaled residuals for the six factor solution to

Eq. (1) for each species. For seven factors, the mass

apportionment conditions cannot be satisfied and there is

always a negative source contribution, suggesting that too

many factors have been used, and the additional factor

only improved the fitting of lead. There is a possibility

that lead is contributed by an additional source, but the

current data set is insufficient to test this hypothesis. In

Fig. (4), the residuals scaled by the real measurement
Fig. 4. Histograms of
uncertainties (C1 in Eq. (3)) are presented. The existence

of large positive residuals suggests that some species such

as aluminum and lead were not well fit. There seem to be

a few outliers in the residuals of copper, but they do not

have much influence on the results since the program was

running at robust mode (Paatero, 1999).

Factors 1–6 are assigned as: traffic, crustal, steel mill,

secondary nitrate, secondary sulfate, and coke plant.

The adjustment factors for the replicated species of the

six factor solution are also presented in Table 2. Most of

the adjustment factors are close to 1 except for copper

and iron. For the SEAS data, only the particles smaller

than 1.2mm were measured. Since the mass size

distribution of the source emission is unlikely to

experience significant changes during the five days, the

variations measured by SEAS are likely to be consistent

with other measurement methods. Since most particles

have little mass in their size distribution between 1.2 and

2.5 mm, the measurements by SEAS are likely to be

consistent with the other method and the adjustment

factors are close to 1.
scaled residuals.
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Fig. 5 presents the resolved source profiles. The black

bars represent a correlation coefficient over 0.7 between

the source contribution and the concentration series of

that species. The correlation coefficients of source

contributions and all species are given in Table 4. Zinc

and EC are the two species explained mostly by

Factor 1. Zn was reported to be the most characteristic

element from burnt and unburnt lubricant oil (Ristovski

et al., 1999). Another possible origin of zinc is brake

linings and tires (Sternbeck et al., 2002). EC is usually

emitted by diesel engines. The source contribution series

in Fig. 6 does not show clear traffic patterns. The

transport from the highway to the site is influenced by

wind and the transport brings high contributions
Fig. 5. The source profil
occasionally, leading to the peaks in Fig. 6. Fig. 7

indicates that the traffic emissions were from the

southeast and south, the direction of Interstate Highway

376. Although the total traffic is heavy on Forbes and

Fifth Avenues through the middle of Oakland by the

Cathedral of Learning, 1 km to the west of the site, there

are not much transport to the site since the wind seldom

blows from that direction. In Fig. 8, very large

confidence intervals, indicated by the thin lines, are

caused by no concentration values near that direction;

when there is only one concentration value, the

confidence interval is 0. No source information can be

drawn from these two situations. Considering the

confidence interval in Fig. 8, it is not reliable to say
es of all six factors.
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Table 4

Correlations of source contributions with all chemical species

Sulfate Nitrate Al As Cd Cr Cu Fe

Traffic 0.12 0.37 �0.02 0.45 0.26 �0.01 �0.11 0.55

Crustal �0.23 0.15 0.50 0.38 0.51 0.51 0.53 0.06

Steel mill �0.07 0.44 0.00 0.77 0.25 0.12 �0.01 0.55

Secondary nitrate �0.19 0.98 0.07 0.52 0.51 0.31 0.18 0.14

Secondary sulfate 0.93 �0.43 �0.01 �0.39 �0.52 �0.64 �0.45 0.20

Coke plant �0.54 0.27 0.22 0.22 0.71 0.93 0.81 �0.16
Mn Ni Pb Se Zn Nitrite Cl NH4

+

Traffic 0.59 0.09 0.28 0.60 0.86 �0.03 0.02 0.21

Crustal 0.41 0.23 0.47 0.06 0.16 0.69 �0.29 �0.13
Steel mill 0.72 0.08 0.29 0.99 0.60 0.17 �0.12 �0.14
Secondary nitrate 0.35 0.10 0.01 0.31 0.57 0.59 �0.28 0.20

Secondary sulfate �0.50 �0.14 �0.06 �0.32 �0.36 �0.56 0.40 0.58

Coke plant 0.51 0.25 0.22 0.02 0.29 0.45 �0.15 �0.37
Na K OC EC Ti V Mo Sb

Traffic 0.29 0.16 0.52 0.80 �0.02 0.30 �0.25 0.34

Crustal �0.20 �0.15 0.02 0.06 �0.30 �0.47 0.69 0.28

Steel mill 0.05 0.02 0.27 0.63 �0.17 �0.25 0.58 0.26

Secondary nitrate 0.01 0.02 0.55 0.74 �0.38 �0.16 0.14 0.75

Secondary sulfate 0.14 0.03 0.01 �0.25 0.18 0.45 �0.60 �0.49
Coke plant �0.15 �0.04 �0.13 0.00 �0.07 �0.16 0.57 0.43
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the source is located to the south. Table 5 indicates

a correlation of the source contributions with NO

and NOx.

The crustal source is represented by Al and Fe.

Potassium was found by other researchers to be a major

component of soil or road dust (Song et al., 2001). In

this study, because of the poor quality of the steam-IC

potassium data, these 1 h data were assigned very low

weights and are not important in the fitting process.

Although Fig. 5 indicates nearly no potassium compo-

nent, the 13 ICP-MS potassium concentration values are

insufficient to make this conclusion robust. The con-

tribution from crustal materials is much smaller than

other sources as shown in Fig. 6. Both Figs. 7 and 8

indicate that there seem to be no clearly dominating

directions for this source. The source contribution drops

to nearly zero on 23 and 24 July. The meteorological

conditions of 16–18 July and 23–24 July have no

significant differences. This situation is inconsistent with

a local source, and the crustal is more likely to be from

distant sources.

The steel mill source contribution has variations that

are similar to selenium and has strong correlations

with arsenic and manganese as well, as indicated by

Fig. 5 and Table 4. There is a contribution peak in the

early morning of July 17 and nearly no contribution at

all other times, as shown by Fig. 6. This situation

suggests a local transient source whose emission is

transported to the site from a specific wind direction.

Selenium is usually a marker element of coal power

plant emissions (Morawska and Zhang, 2002). In Fig. 7,
four high-concentration samples point toward source 13

in Table 6, a steel mill. Fig. 8 also indicates that the

source is located from east to southeast, the direction of

the steel mill.

Secondary nitrate is dominated by nitrate and the

correlation between the two series is very strong. The

source contribution reaches its peak in the early morning

when the low temperature favors the formation of

ammonium nitrate and a diurnal pattern of nitrate is

thus formed. The precursor gas of nitrate, NOx, is

probably from traffic and other stationary combustion

emissions because of the strong correlations with NOx

and CO indicated in Table 5. These two sources may

also be major sources of EC, and this may explain the

strong correlation between the source contribution and

EC. EC may serve as the nuclei on which NH4NO3
nucleates or condenses (Seinfeld and Pandis, 1998). The

strong anti-correlation with ozone is the result of ozone

having high concentrations during the daytime when

there is increased photochemical activities. Thus, the

two series have reversed variations. Southeast is the

major direction for secondary nitrate in Fig. 7 as well as

Fig. 8. The NPR analysis also found a small concentra-

tion peak to the south. Note, however, that the majority

of samples with high nitrate concentration are rejected in

the directional analysis because the wind speeds are

below the acceptable lower limit. The directional pattern

seen for nitrate may be influenced by the diurnal pattern

of ammonium nitrate formation and dissociation. The

variable equilibrium behavior may make the directional

pattern less reliable.
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Fig. 6. The source contribution series of all six factors.
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Secondary sulfate is dominated by sulfate, and its

mass contribution dominates PM2.5 mass as indicated in

Table 5. Since this source is dominated by sulfate,

measured with 10min resolution, the source contribu-

tion series provides the most details and is not as

smooth as other source contributions. These particles

are formed from the oxidation of SO2 transported from

distant coal power plants (Zhou et al., 2004). OC and

EC are the largest fractions of the PM mass except for

sulfate and ammonium. Large OC/EC ratios indicate

secondary OC that has condensed onto the sulfate

particles during the transport. The source profile of

secondary sulfate is close to the results from other

eastern US sites (Song et al., 2001; Lee et al., 2002; Kim

et al., 2003a, b; Kim and Hopke, 2004; Kim et al., 2004).

Figs. 7 and 8 show that the secondary sulfate is

transported from many directions and there is no clear

dominating direction.
The coke plant explains most of the variation of

cadmium, chromium and copper as shown in Table 4.

In Fig. 6, it is found that most of its contribution

is on 16 July. Both Figs. 7 and 8 indicate the emissions

are from south where there are several sources located

(Sources 5–9, and 245 in Table 6). Among the sources in

those directions, the coke plant (source 8) has the

highest emission rate for PM2.5 according to the

emission inventory (EPA, 2003). The presence of sulfate

and nitrate in the source profile suggests a combustion

source and the high OC content is consistent with the

emissions from a coke plant. The operations of the coke

plant may be transient. When there are simultaneous

emissions and appropriate wind directions, the source

has the highest contributions. There are also some minor

sources located close to the coke plant and may have

some similar variations with the coke plant. These minor

sources give relatively low PM2.5 mass contributions
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Fig. 7. The relationship of source contributions with wind direction.

Fig. 8. NPR analysis results for each source. (The units of the expected value is mgm�3).
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and do not influence the mass apportionment much,

but they may have high emissions of some trace elements

and may influence the source profile of the coke

plant. Because of the small size of the data set, these

minor sources cannot be separated from the coke

plant.
The mean PM2.5 mass concentration is 35.0mgm
�3. The

mean contribution (in mgm�3) from the six sources are:

traffic (1.65), crustal (0.57), steel mill (0.75), secondary

nitrate (3.93), secondary sulfate (26.23), and coke plant

(1.91). It is found that the secondary sulfate dominates

PM2.5 mass concentration during these five days.
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Table 5

Correlations of source contributions with gases and PM2.5

O3 NO NOx SO2 CO PM2.5

Traffic �0.33 0.48 0.53 0.04 0.32 0.24

Crustal �0.08 0.04 0.04 0.30 0.32 �0.10
Steel mill �0.26 0.58 0.52 0.07 0.37 0.05

Secondary nitrate �0.74 0.65 0.76 0.03 0.71 0.10

Secondary sulfate 0.38 �0.34 �0.40 0.17 �0.52 0.71

Coke plant �0.05 0.27 0.24 0.14 0.48 �0.35

Table 6

Emission rate of some major PM2.5 sources near Pittsburgh

supersite (ton yr�1)

Map

no.

Category CO NOx VOC SO2 PM2.5

5 Sanitation 21 34 7.3 2.9 11.2

6 Metal processing 7.0 380 17.2 230 61

7 Metal product

manufacture

13.8 61 8.1 5.3 29

8 Coke plant 3200 8700 370 1100 550

9 Steel mill 220 640 97 70 100

13 Steel mill 1600 310 28 746 990

245 Coal power plant 720 7000 13.8 4930 287
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7. Conclusion

A new factor analysis method utilizing aerosol

compositional data with multiple temporal resolution

for source apportionment has been successfully devel-

oped in this study. The high resolution data are not

averaged and all data are used in their original time

schedule so that the information in the high resolution

details of source contributions are extracted without

loss. For sources with little component measured with

high time resolution, their contribution series are

smoothed to avoid unrealistic details. A small but

complex aerosol composition data set from the Pitts-

burgh supersite has been analyzed with this model. Six

sources have been identified: traffic, crustal, steel mill,

secondary nitrate, secondary sulfate, and coke plant.

There seem to be sources not fully separated and

identified owing to the limitations of the information

provided by this small data set. With larger data sets,

this model is expected to give better performances in

resolving source information for airborne particles.
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Abstract

Two back trajectory-based statistical models, simplified quantitative transport bias analysis and residence-time

weighted concentrations (RTWC) have been compared for their capabilities of identifying likely locations of source

emissions contributing to observed particle concentrations at Potsdam and Stockton, New York. Quantitative

transport bias analysis (QTBA) attempts to take into account the distribution of concentrations around the directions

of the back trajectories. In full QTBA approach, deposition processes (wet and dry) are also considered. Simplified

QTBA omits the consideration of deposition. It is best used with multiple site data. Similarly the RTWC approach uses

concentrations measured at different sites along with the back trajectories to distribute the concentration contributions

across the spatial domain of the trajectories. In this study, these models are used in combination with the source

contribution values obtained by the previous positive matrix factorization analysis of particle composition data from

Potsdam and Stockton. The six common sources for the two sites, sulfate, soil, zinc smelter, nitrate, wood smoke and

copper smelter were analyzed. The results of the two methods are consistent and locate large and clearly defined sources

well. RTWC approach can find more minor sources but may also give unrealistic estimations of the source locations.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: Ambient aerosol; Receptor model; Back trajectory; Simplified quantitative transport bias analysis; Residence-time

weighted concentrations
1. Introduction

Trajectory statistics methods have been designed in

the past to derive information about the source locations

and preferred transport directions of airborne particles

or gas molecules (Ashbaugh et al., 1985; Keeler and

Samson, 1989; Stohl, 1996; Poirot and Wishinaski,

1986). These methods use measured particulate or

gaseous concentrations or the source contributions from

multivariate receptor models, combined with air parcel

back trajectories computed from the receptor site. Stohl
ing author. Department of Chemical Engineer-

niversity, PO. Box 5708, Potsdam, NY 13699-

x: +1-315-268-4410.

ess: hopkepk@clarkson.edu (P.K. Hopke).

e front matter r 2004 Elsevier Ltd. All rights reserve

mosenv.2003.12.034
(1998) reviewed the computation and application of

back trajectories and trajectory statistics.

One trajectory-based approach, potential source

contribution function (PSCF) is a simple method that

links residence time in upwind areas with high concen-

trations through a conditional probability field (Ash-

baugh et al. 1985). This method has been extensively

used in the past (Zeng and Hopke, 1989; Cheng et al.,

1993; Stohl and Kromp-Kolb, 1994; Polissar et al., 1999;

Xie et al., 1999; Lin et al., 2001). Vasconcelos et al.

(1996) reported that the PSCF method gave good

angular resolution but poor radial resolution. However,

recent results (Begum et al., 2003) indicate that it is

possible to obtain good radial and angular resolutions

by PSCF. Cheng and Lin (2001) have found that using a

larger data set and high-percentile criterion value
d.
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Fig. 1. The position of the two receptor sites and major cities at

possible source areas.
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provides a better estimation of source areas. Similar

results have been observed by Poirot et al. (2001).

Seibert et al. (1994) developed a method called ‘‘con-

centration weighted trajectory’’ (CWT). The CWT

method assigns the concentration values at the receptor

site to corresponding backward trajectories. The mean

or logarithmic mean concentration is computed and

used as the weight for the residence time of each grid

cell. This method was refined by Stohl et al. (1996) into

residence-time weighted concentrations (RTWC) meth-

od by redistributing the CWT field. Lupu and Maenhaut

(2002) made an intercomparison of these two methods,

PSCF and CWT, and found the two methods agreed

well and correctly identified known emission sources.

PSCF/CWT/RTWC comparisons were made by Hsu

et al. (2003). They found PSCF and CWT were useful

for distinguishing large and moderate sources and

concluded that the three methods gave relative consis-

tent results but each approach had its own advantage

and to use them together provided better information on

source areas.

There are various errors during the calculation of the

trajectories and the uncertainties increase with the

increasing trajectory length. Position errors of 20% of

the traversed distance is considered typical (Stohl, 1998).

The uncertainties of trajectories were considered in

quantitative transport bias analysis (QTBA) by Keeler

and Samson (1989). The transport potential of each grid

cell for a given endpoint of a back trajectory is assumed

to conform to a two-dimensional normal distribution.

When applied to multi-site data, QTBA fields were

overlaid to locate the sources (Keeler and Samson,

1989). Simplified QTBA (SQTBA) method employs the

same basic framework but the effects of chemical

reactions and depositions are neglected from the

calculation of the probability function.

Stohl (1998) discussed the major assumptions of

RTWC, the linear relationship between the emission

rate and the measured concentration. For the methods

directly using the concentration measured at the

receptor site, including RTWC, CWT and SQTBA, the

linearity assumption is needed.

The particle composition data from Potsdam and

Stockton, New York have been analyzed by positive

matrix factorization (PMF) and PSCF (Liu et al., 2003).

In this study, the source contributions of the six

common sources, sulfate, soil, zinc smelter, nitrate,

wood smoke and copper smelter, combined with the
Table 1

Mean contribution of each source at the two receptor sites

Average concentration on ðmg m�3Þ Sulfate Soil Zin

Potsdam 6.03 1.58 0.21

Stockton 10.375 4.30 0.69
back trajectories from the two sites, will be analyzed by

RTWC and SQTBA. Our objective is to make an

intercomparison of the capabilities of these methods on

locating the sources.
2. Data

The particle samples were collected using a PM2.5

speciation sampler from May through August in 2000

and 2001 at Potsdam (Lat: 44:75�; Lon: �75�) and

Stockton (Lat: 42:27�; Lon: �79:375�), New York. The

locations of the two sites are indicated in Fig. 1. The

sampling duration time of each sample is 23 h:
Particulate mass, black carbon, cations, anions, trace

elements and poly-aromatic hydrocarbons (PAHs) were

measured. PMF has been applied to analyze these data

and six common sources have been found for these two

sites: sulfate, soil, zinc smelter, nitrate, wood smoke and

copper smelter (Liu et al., 2003). PSCF results are also

presented in the same report (Liu et al., 2003). Table 1

summarizes the mean contribution of each sources at the

respective site.

The 5-day back trajectories with hourly end-

points were computed by the Hybrid Single-Particle
c smelter Nitrate Wood smoke Copper smelter

3 0.988 0.953 0.218

0.41 0.302 2.156
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Lagrangian Integrated Trajectory Model (Draxler and

Hess, 1998; HYSPLIT4, 2002). The trajectories arrived

at the receptor site every 6 h and the daily contribution

of each source is assigned to the 4 trajectories belonging

to that day. The computed trajectories were within the

boundary layer. When the trajectory height exceeds the

height of the top of the boundary layer, the trajectory

was terminated (Draxler and Hess, 2002).
3. Trajectory method

3.1. SQTBA

The probability of a tracer arriving at a point ðx; yÞ at
time t is given as

Aðx; tÞ ¼
Z t

t�t

Z
N

�N

Z
N

�N

Qðx; y; tjx0; y0; t0Þ dx0 dy0 dt0; ð1Þ

where Qðx; y; tjx0; y0; t0Þ is the transition probability

density function of an air parcel located at ðx0; y0Þ and
time t0 arriving at the receptor site ðx; yÞ at time t:
The transition probability Q is assumed to be

approximately normally distributed about the trajectory

with a standard deviation that increases linearly with

time upwind

Qðx; y; tj x0; y0; t0Þ ¼
1

2psxsy

exp �
1

2

X � x0ðt0Þ
sx

� �2
 "

þ
Y � y0ðt0Þ

sy

� �2
!#

; ð2Þ

where ðX ;Y Þ is the coordinate of the grid center and

x0ðt0Þ and y0ðt0Þ are the coordinates of the center line of

the trajectory. The sx and sy are approximated by

sxðt0Þ ¼ syðt0Þ ¼ at0 ð3Þ

with a dispersion speed, a; equal to 5:4 km h�1 (Samson,

1980). The potential mass-transfer field for a given

trajectory, %Tkðx; y; tj x0; y0; t0Þ; was integrated over the

upwind period, t; of each trajectory to produce a two-

dimensional probability of natural transport field:

%Tkðx; y j x0; y0Þ ¼

R t

t�t Qðx; y; tj x0; y0; t0Þ dt0R t

t�t dt0
: ð4Þ

The resulting natural transport potential field,
%Tkðx; y; tj x0; y0; t0Þ; for trajectory k; was weighted by the

corresponding concentration, wkðx; yÞ; yielding a con-

centration-weighted mass transfer potential field:

*Tðx; y j x0; y0Þ ¼
XK

k¼1

Tkðx; y j x0; y0Þwkðx; yÞ: ð5Þ

This definition of the weighted potential field is different

from the definition given in Keeler (1987) since it is not

divided by the sum of concentrations. Thus, the
weighted potential field in Eq. (5) has the dimension of

concentrations.

In PSCF, when cells are crossed by small number of

trajectories, false source areas may be found if some of

the trajectories also pass real source areas. This problem

was solved by Cheng et al. (1993) by down-weighting the

PSCF values. This ‘‘tailing effect’’ (Cheng and Lin,

2001) problem also exists for SQTBA and RTWC. In

RTWC method, the concentrations of the cells that have

a number of trajectory points less than an arbitrary

threshold were discarded and a nine-point filter was used

to smooth the concentration field (Stohl, 1996). To solve

this problem in this study, the SQTBA field was down-

weighted empirically by the following method.

A coefficient cr is defined as

cr ¼
10K

2pðat0Þ
2
; ð6Þ

where K is total number of trajectories and t0 is the

length of the longest trajectory. The final SQTBA field is

obtained by dividing the concentration-weighted field by

unweighted field:

SQTBAðx; y j x0; y0Þ

¼
*Tðx; y j x0; y0ÞPK

k¼1
%Tkðx; y j x0; y0Þ

	 1� exp �
PK

k¼1
%Tkðx; y j x0; y0Þ

cr

 ! !
: ð7Þ

The weighted field has the dimensions of concentrations

and the unweighted natural field is dimensionless so the

final SQTBA field has the dimensions of concentrations.

As indicated in Eq. (3), the transition probability is

determined by the distance of each grid cell to the back

trajectory endpoint, the width of each grid cell is 1� of

longitude and 0:74� of latitude so that the grid cells have

relatively uniform sizes.

3.2. RTWC

The rational of the redistribution in RTWC approach

is no major pollutant sources are located along a

‘‘clean’’ trajectory (with very low concentration at the

receptor site). The ‘‘polluted’’ trajectory (with high

concentration at the receptor site) must have taken up

the emission along its path where no ‘‘clean’’ trajectories

pass. The complete detailed description of this method

can be found in Stohl (1996).

For trajectory k; ck is the concentration measured (or

computed source contribution for this study) upon the

arrival of trajectory k: Let Cik; i ¼ 1; Nk; be the mean

concentrations of the grid cells which are hit by

segments i ¼ 1; Nk of trajectory k (ðm; nÞ is the grid cell

hit by trajectory segment i). The redistribution for
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Fig. 2. Left: SQTBA field for sulfate. Right: RTWC field for sulfate.
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trajectory k is:

cik ¼ ck
CikNkPNk

j¼1 Cjk

; i ¼ 1;Nk: ð8Þ

Eq. (8) is applied to all individual trajectories. After the

redistribution, a new concentration field %Cmn is com-

puted:

log %Cmn ¼
1PM

k¼1

PNkl

i¼1 tmnil

XM
k¼1

XNk

i¼1

log ðcikÞtmnil ; ð9Þ

where tmnil is the residence time of segment i of

trajectory k in grid cell(m;n). The new field is redis-

tributed again and these procedures are repeated until

the average difference between the concentration fields

of two successive iterations is below 0.5%. The cells with

less than a criterion number of trajectories passing are

neglected. The grid cells have same sizes as those in

SQTBA method, 0:74� of latitude and 1� of longitude.
4. Results and discussion

The results by SQTBA and RTWC for the six sources

are presented in Figs. 2–7. From Eq. (7), it can be seen

that the SQTBA field has the dimensions of concentra-

tions. Unlike Stohl’s (1996) original method, the RTWC

field in this study uses concentrations instead of the

logarithmic values of concentrations. The units of the

scales in Figs. 2–8 are mg m�3:
There are two major differences between the two

methods. SQTBA assumes a normal distribution of the

transport probability along the trajectories and RTWC

features a redistribution for the concentration field.

These differences may lead to different structures in their

respective fields. All of the results by the two methods

were evaluated by comparing their predictions with the

known locations of the major sources. For RTWC
method, the RTWC field was found to be influenced by

the criterion number of trajectories and different

criterion numbers have been tested. The best results

were obtained when the criterion number were 50, but

for sulfate, this number is 30.

4.1. Sulfate

As shown in Fig. 2, the result from SQTBA indicates

the mid-west region is the potential source area, Ohio

and western Pennsylvania. The RTWC field shows that

Ohio and Pennsylvania as source areas and the highest

concentrations appear in the Ohio River Valley, where

many large coal power plants are located (Polissar et al.,

2001). The hot spot at the border of New York state and

Pennsylvania is probably from a coal power plant there

(EPA, 2003). This point source was not found by

SQTBA or PSCF. The annual SO2 emission rate of that

power plant, B10; 000 t; is small compared with the

large coal power plants in the Ohio River Valley

ðB100; 000 t y�1Þ: Either RTWC overestimates this

point source or its real contribution is high since it is

closer to the receptor sites. The two hot spots in RTWC

field in Canada were found to be unrealistic. As shown

in Table 1, the mean contribution of sulfate to Potsdam

site is higher than that to Stockton site, suggesting the

closer site may have more influence from the remote

sources.

4.2. Soil

Fig. 3 presents the SQTBA and RTWC field for soil.

The high concentration in the southern US shown in the

SQTBA field, is similar to what has been found by

Poirot et al. (2001) with residence-time analysis (RTA)

at Underhill, VT. The high concentrations of RTWC

field in the vicinity of Stockton site may be caused by
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Fig. 3. Left: SQTBA field for soil. Right: RTWC field for soil.

Fig. 4. Left: SQTBA field for zinc smelter. Right: RTWC field for zinc smelter.
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local farming since the Stockton site was in a corn field.

The much higher mean concentration at Stockton than

Potsdam site also supports that soil is a local source for

Stockton. RTWC field also shows wide source area

including western and upper Michigan, western Ohio

and northern Indiana. The farming area in these places

could put soil in the air through cultivation activities.

The source area predicted by RTWC in Canada may be

from mining activities there.

The results by SQTBA, RTWC and PSCF are quite

different, indicating fine soil emissions from a wide

variety of emissions locations associated with dry and

high wind speed conditions (Poirot et al., 2001).

4.3. Zinc smelter

The results of the two methods for zinc smelter are

quite close as indicated by Fig. 4. The highest
concentration of SQTBA field appears in Erie County,

PA and a small part of Lake Erie near Erie County.

RTWC only shows a hot spot at Erie County. There is

no known zinc smelters in this location. The emission

may also be from incinerators (Alexander et al., 2001;

Chiaradia and Cupelin, 2000). The hot spot by RTWC

may be from an incinerator there. SQTBA and RTWC

both indicate source areas in Ohio, western Pennsylva-

nia and the Detroit–Toronto area. Upper Michigan

seems to be another source area by RTWC. The weak

and isolated small source area, located north of the

Potsdam site, may include the manufacture and primary

metal industry facilities at Brownsburg–Chatham QC,

and L’Orignal, ON. They should contribute primarily to

Potsdam site because of the distance but their contribu-

tions are not large, which is in accordance with the fact

that Stockton has much higher contribution from this

source than Potsdam as indicated in Table 1.



ARTICLE IN PRESS
L. Zhou et al. / Atmospheric Environment 38 (2004) 1955–19631960
4.4. Nitrate

SQTBA and RTWC fields for nitrate are shown in

Fig. 5. The contribution of nitrate to Potsdam is much

higher than to Stockton, which implies that the major

source is closer to Potsdam. The weather of Potsdam is

cooler than Stockton. Particularly, in 2000, the average

temperature at Potsdam was much lower. Ammonium

nitrate tends to condense at low temperatures and in the

presence of ammonia. Northern New York is primarily

a dairy farming area that may contribute to Potsdam

having higher nitrate concentrations. Although they

both indicate local sources to Potsdam, the results from

the two method do not agree well. SQTBA indicates the

source area of nitrate is around North Bay–Ottawa area

and Montreal area. Nitrate is formed from the oxidation

of the precursor gas, NOx; from these areas. The major

source area with the highest concentration by RTWC is

located inside New York State. However, there are no

major NOx emission facilities in this area. The other two

source areas with lower concentrations revealed by

SQTBA are at the border of Ohio and West Virginia

where the coal power plants produce the major NOx

emissions, and Maryland where NOx emission is

probably from traffic. These locations are not seen in

RTWC field.

Wotawa and Kr .oger (1999) used simulated data from

a Lagrangian box model to test the effect of RTWC in

predicting nitric oxides source areas and found that

temporal variations of emission and deposition de-

creased the accuracy of the predictions. The formation

of nitrate is influenced by the concentrations of sulfuric

acid and ammonia (Seinfeld and Pandis, 1998), and

complex variations of nitrate concentration may be

created by variations in the concentrations of other

constituents as well as the rapid dry deposition of

gaseous nitric acid. These factors may be the cause for
Fig. 5. Left: SQTBA field for nitrate.
the RTWC map making very little sense and it is

recommended that this method should not be used for

nitrate.

4.5. Wood smoke

Fig. 6 shows the wood smoke result. The two methods

agree well. The highest concentration area is at the

border of Canada and US, very close to Potsdam site.

This source may be from home heating in June 2000.

Other source areas predicted by RTWC including the

Noranda area and the upper Michigan area are likely to

have black carbon emissions from forest fire.

4.6. Copper smelter

Fig. 7 presents the results for the copper smelter at

each site. The mean contribution at Stockton is much

higher than at Potsdam as shown in Table 1, suggesting

the source is close to Stockton. The RTWC field has the

highest concentration very close to Stockton site,

suggesting local source emissions such as the metal

industries in Dunkirk NY (National Library of Medi-

cine, 2003).

The SQTBA and RTWC results are quite different

from the previous PSCF results (Liu et al., 2003): large

sources in the area from Sudbury to Noranda was found

for the Stockton site. When only using data from the

Stockton site, SQTBA gives results close to PSCF as

indicated in Fig. 8 which is more likely related to the

large nickel smelter at Noranda, Quebec. The source

profiles of copper smelters of the two sites have some

differences (Liu et al., 2003). For example, the copper

smelter source profile of the Potsdam site contained

large fraction of black carbon but the source profile of

the Stockton site contained little black carbon. A

separate factor was separated at Potsdam and was
Right: RTWC field for nitrate.
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Fig. 6. Left: SQTBA field for wood smoke. Right: RTWC field for wood smoke.

Fig. 7. Left: SQTBA field for copper smelter. Right: RTWC field for copper smelter.

Fig. 8. SQTBA field for copper smelter for Stockton site.

L. Zhou et al. / Atmospheric Environment 38 (2004) 1955–1963 1961
assigned to the nickel smelter based on the PSCF results.

The results of this analysis do not agree well with the

Stockton PSCF map for the ‘‘copper smelter’’ since

those results did not clearly point to the Noranda

location.
5. Summary

The source contributions from the factor analysis of

particle composition data from Stockton and Potsdam

sites were used in combination with back trajectories

from the two sites to find the likely source locations. The

two methods give consistent results in estimating the

locations for large and clearly defined sources but less

consistent for smaller and multiple sources. SQTBA can

give reliable results with lower spatial resolution except
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that the ‘‘tailing effect’’ may lead to false source areas.

By combining data from the two sites, local source areas

can even be found by SQTBA. The redistribution of

RTWC can give better spatial resolution and even

emission hot spots as well as minor source areas but it

seems to miss lots of source areas seen in other methods.

The RTWC field is sensitive to the influence by many

factors such as deposition, reaction or variations in

emission rate and the analysis occasionally produces

unrealistic structures or false source areas. One needs to

be cautious when applying RTWC method, especially

when there are significant variations in the source

emissions. Besides checking the results by RTWC with

the emission inventory, other methods without redis-

tribution, such as PSCF, QTBA, or the CWT method,

may also be used to ensure the reliability of the RTWC

results.
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to the rapid single-particle mass spectrometer (RSMS-3)
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[1] A field evaluation of versatile aerosol concentration enrichment system (VACES)
coupled to a rapid single-particle mass spectrometer (RSMS-3) was conducted as part
of the U.S. Environmental Protection Agency Supersite program in Pittsburgh during
March 2002. RSMS-3 hit rate increases were measured, and possible particle
composition changes introduced by the VACES were examined in the single-particle
mass spectra. The hit rates increased by 5–20 times at particle sizes ranging from 40 to
640 nm. VACES only enhances the hit rate by about a factor of 2 for large
particle sizes because the RSMS-3 flow rates for these particles did not match the
optimum operating condition of VACES. During the 3 days of measurements most of
the particles were a mixture of carbonaceous material and ammonium nitrate with a
variation across the spectrum from particles that were mostly carbonaceous to particles
that were mostly ammonium nitrate. Both ambient and concentrated carbonaceous and
ammonium nitrate composition distributions were indistinguishable with RSMS-3,
suggesting that VACES introduces an insignificant artifact for those particles.

Citation: Zhao, Y., K. J. Bein, A. S. Wexler, C. Misra, P. M. Fine, and C. Sioutas (2005), Field evaluation of the versatile aerosol

concentration enrichment system (VACES) particle concentrator coupled to the rapid single-particle mass spectrometer (RSMS-3),

J. Geophys. Res., 110, D07S02, doi:10.1029/2004JD004644.

1. Introduction

[2] Atmospheric ultrafine particles are either formed by
gas-to-particle conversion processes, in which hot and
supersaturated vapors undergo condensation upon being
cooled to ambient temperatures, or directly emitted as
products of incomplete combustion processes [Finlayson-
Pitts and Pitts, 1986]. Although the mass fraction of the
ultrafine mode is negligible, this size range contains the
highest number of ambient particles as well as the highest
total surface area. Because of their increased number and
surface area, ultrafine particles are particularly important in
atmospheric chemistry and environmental health.
[3] Recently, increasing toxicological and epidemio-

logical evidence supports the link between respiratory
health effects and exposures to ultrafine particles. Recent
epidemiological studies [Heyder et al., 1996; Peters et al.,
1997] demonstrate a stronger association between health
effects and exposures to ultrafine particles compared to
accumulation mode or coarse particles. Toxicological stud-

ies by Donaldson et al. [1998] indicate that ultrafine
particles exerted a stronger physiological effect than
the same mass of coarse or fine particles. A recent study
by Li et al. [2003] indicates that ultrafine particulate matter
(PM) is most potent in inducing cellular heme oxygenase-1
(HO-1) expression and depleting intracellular glutathione,
both sensitive markers for oxidative stress, compared to
concurrently collected accumulation and coarse mode PM.
The same study showed that ultrafine particles, and to a
lesser extent fine particles, localize in mitochondria where
they induce major structural damage.
[4] A rapid single-particle mass spectrometer (RSMS)

was developed at the University of California, Davis,
and the University of Delaware [Phares et al., 2002]
for measuring the size and chemical composition of indi-
vidual atmospheric fine and ultrafine single particles. The
second generation of the single-particle mass spectrometer,
RSMS-2, was deployed at the U.S. Environmental Protec-
tion Agency (EPA) Supersite in Atlanta in August 1999
[Rhoads et al., 2003] and in Houston from 23 August to 18
September 2000 [Phares et al., 2003]. Over 15,000 indi-
vidual particles were recorded covering 14–1300 nm size
range and composing of 70 compound classes in the Atlanta
Supersite experiment. In Houston, transient plumes of
ultrafine particles that were present at the site for short
duration were detected because of the instrument’s fine
temporal resolution and its ability to run continuously for
a period of time. The RSMS-2 was modified to its third
generation, RSMS-3, in 2001. In comparison with RSMS-2,
there are two major improvements in RSMS-3: (1) both
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positive and negative ions can be detected and (2) two of the
four digitizer channels are used to record each ion polarity
signal to increase the spectral dynamic range (one channel is
set at low sensitivity for strong signals and the other at high
sensitivity for weak signals) and then signals in the two
channels are combined by a computer program. One RSMS-
3 was installed at the U.S. EPA Supersite in Pittsburgh. A
quarter of million single-particle mass spectra were ana-
lyzed over a 1 year period from September 2001 to October
2002. Results indicate that a rich array of multicomponent
ultrafine particles were present [Bein et al., 2005]. Another
RSMS-3 was installed at the U.S. EPA Supersite in Balti-
more for semicontinuous operation over 9 months from
2001 to 2002 [Lake et al., 2003; Tolocka et al., 2005],
where the characteristics of specific chemical components,
such as metals [Tolocka et al., 2004a], sulfate [Lake et al.,
2004], and nitrate [Tolocka et al., 2004b], and association
among multiple components in the same particle were
examined. A disadvantage of the RSMS-3 single-particle
instrument is its insufficient hit rate for all but polluted
urban conditions. Laboratory tests showed that the detection
efficiency of RSMS was about one in a million and varied
with particle size, shape, and composition [Kane and
Johnston, 2000; Phares et al., 2002]. In order to increase
the RSMS hit rate for cleaner conditions and therefore to
broaden its applicability, several methods are under
consideration. The goal is to either increase the sampling
efficiency without changing its sizing ability or concentrate
particles before they enter the instrument. Theoretical work
shows that the hit rate may be increased by more than
10 times using a new inlet system with capped cone
structure [Middha and Wexler, 2003]. Another way to
increase the hit rate is to introduce a particle concentrator
to the sampling inlet of the RSMS-3 mass spectrometer,
which is the topic of this presentation.
[5] A particle concentrator (versatile aerosol concentra-

tion enrichment system, VACES) has been developed at the
University of Southern California and deployed in many
field experiments [Sioutas et al., 1999; Kim et al., 2001a,
2001b]. In its optimum configuration, VACES concentrates
fine particles, including the ultrafine mode, by a factor up to
30, depending on the ratio of total-to-minor flow rates of the
virtual impactor [Sioutas et al., 1999; Kim et al., 2001a,
2001b]. Evaluation of the VACES was previously per-
formed in both laboratory and field and the results are
described in a great detail by Kim et al. [2000, 2001a,
2001b] and Geller et al. [2002]. The ability of the VACES
to concentrate particles has been laboratory tested using
different type of particles, including polystyrene latex
(PSL), silica beads, ammonia sulfate, and ammonia nitrate,
in the size range from 50 to 1900 nm and at three minor
flow rates of 7, 10, and 20 liters per minute (lpm) with the
major intake flow rate of 220 lpm. TSI Condensation
Particle Counter (CPC) was used to measure the number
concentration of the original aerosols at upstream and
concentrated aerosols at the downstream of the VACES.
TSI Scanning Mobil Particle Sizer (SMPS) was used to
measure the size distribution of those aerosols. The resulting
enrichment factors (ratio of downstream aerosol number
concentration to upstream) were very close to the ideal
values (ratio of total-to-minor flow rate) and the aerosol size
distribution was fairly well preserved during the concentra-

tion enrichment process. Hygroscopic aerosols, such as
ammonium sulfate and ammonia nitrate were concentrated
as efficiently as hydrophobic PSL particles [Kim et al.,
2001a]. Field evaluations of the VACES were conducted
outdoors in Southern California [Geller et al., 2002; Kim
et al., 2001b], where measurements of concentration-
enriched aerosols were compared to direct ambient measure-
ments made with micro-orifice uniform deposit impactor
(MOUDI). Downstream and upstream measurements
showed very good agreement (correlation coefficient r2 =
0.80 for coarse particles, 0.66 for PM2.5 nitrate, 0.84 for
PM2.5 sulfate, and 0.94 for ultrafine elemental carbon).
Averaged concentration enrichment of those aerosols was
very close to the ideal values. These experimental results
indicated that the concentrator does not distort the size
distribution of the original ultrafine aerosols on the basis of
bulk measurements of particle chemical composition. Com-
parisons between the VACES and a reference monitor for
ammonium nitrate, the Harvard/EPA Annular Denuder Sys-
tem, HEADS [Koutrakis et al., 1988], shows excellent
agreement between the nitrate concentrations between
HEADS and VACES [Kim et al., 2000].
[6] A field evaluation of the VACES concentrator cou-

pled to the RSMS-3 ultrafine single-particle mass spectrom-
eter was conducted at the Pittsburgh EPA Supersite in
March 2002 to determine the hit rate increase and elucidate
possible particle composition changes introduced by the
concentrator, on the basis of single-particle mass spectra.

2. Methods

2.1. Instrumental Setup

[7] Figure 1 shows a schematic diagram of rapid single-
particle mass spectrometer, RSMS-3. The principle of
RSMS-3 is nearly the same as RSMS-2, which has been
described in detail previously [Phares et al., 2002], so only
a brief description is given here. RSMS-3 consists of a
Nafion dryer (PD-750-12SS, Perma Pure Inc., Toms River,
New Jersey), a rotary valve orifice bank, an inlet system,
two liners jointed with a source region, two Microchannel
Plate (MCP) detectors (25 mm BiPolar Time-of-Flight,
Burle Opto-Electronics Inc., Sturbridge, Massachusetts),
and an UV ArF Excimer laser (EX10, GAM Laser Inc.,
Orlando, Florida). Sample air with particles passes through
a dryer and a rotary valve orifice bank and then arrives at
the inlet system composed of an aerodynamic lens with four
vacuum stages. A 3 lpm carrying dry air passes through the
dryer and removes primarily water vapor from the sample.
The orifice bank controls inlet pressure. The inlet system
creates a particle beam with a narrow particle size range and
skims off most of the gas. The optimum particle size that is
focused depends on the upstream pressure, which is con-
trolled by the rotary valve orifice bank. A 193 nm, pulsed
UV laser beam from an ArF Excimer laser is aligned
coaxially with the particle beam by a 45� folding-aligning
mirror and focused at the source region by a lens. The laser
emits laser pulses at 50 or 100 Hz and the laser energy is
between 5 and 8 mJ. When the laser beam hits a particle in
the source region, the particle is ablated and ionized.
Positive ions are accelerated by an electric field and fly
inside the liner to the MCP detector on the positive side of
the instrument. Negative ions fly in the opposite direction
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and are detected by another MCP on the negative side.
Signals from the MCP detectors are digitized by a four-
channel A/D converter (two A/D channels for each MCP
signal to increase dynamic range) and recorded by a
computer. There are nine orifices in the orifice bank, so
RSMS-3 canmeasure nine particle sizes. Table 1 lists the inlet
pressure, flow rates, and particle sizes (Stokes number = 1.14)
at each orifice. The 3 lpm air drawn from the Nafion dryer
was not included in Table 1, but shown in Figure 1.
[8] Figure 2 is a schematic diagram of VACES fine plus

ultrafine particle concentrator. The VACES consists of a
sample line, a saturation-condensation system, a virtual
impactor, and a diffusion dryer (Model 3062, TSI Inc. Shore-
view, Minnesota). Sample air is drawn through the sample
line into a 35�C saturation chamber above a warm DI water
bath where particles and air are humidified. This warm
saturated aerosol is then introduced into a section cooled by
10�C, thereby supersaturating the air and causing rapid
condensation and particle growth. Avirtual impactor concen-
trates the particles in its minor flow, which is then dehydrated
so the particles return to their original sizes by means of a
series of diffusion dryers. Particle enrichment by the VACES
concentrator depends on the ratio of the virtual impactor’s
total-to-minor flow rates [Sioutas et al., 1999; Kim et al.,
2001a]. The principle of a virtual impactor is similar to that of
an inertial impactor [e.g., Willeke and Baron, 1993]: both

methods use particulate inertia to separate particles from
gases. A jet of particle-laden air is injected at a collection
medium, which causes an abrupt deflection of the air stream-
lines. Particles larger than a certain size (the so-called cut
point of the impactor) cross the air streamlines and, in the case
of an inertial impactor, are collected on the medium, while
particles smaller than a certain size follow the deflected
streamlines. The main difference between an inertial and a
virtual impactor is that in the latter, particles are injected into a
collection probe rather than onto a collection medium. To
separate larger particles continuously from the collection

Figure 1. Schematic diagram of rapid single-particle mass spectrometer (RSMS-3).

Table 1. RSMS-3 Sizing Ability and Sample Flow Rates

Orifice
Orifice ID,
inches/mm

Inlet
Pressure,

torr

Sample
Flow Rate,a

lpm
Sizing,
nm

1 0.063/1.600 151.7 15.4 1100
2 0.035/0.889 60.5 4.96 640
3 0.024/0.610 30.2 2.82 354
4 0.017/0.432 15.2 1.44 184
5 0.015/0.381 9.6 1.09 117
6 0.013/0.330 9.0 0.74 109
7 0.011/0.280 6.0 0.55 73
8 0.008/0.203 3.2 0.23 40
9 0.006/0.152 1.5 0.10 18
aHere, lpm, liters per minute.
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probe, a fraction of the total flow, referred to as theminor flow
(typically 10–20% of the total flow), is allowed to pass
through the probe, leaving particles larger than the cut point
contained in a small fraction of the initial gases. The cut point
of the virtual impactor used in VACES was 2.5 mm.
[9] In this experiment, the minor flow of the VACES

concentrator was coupled to the RSMS-3 instrument; that is,
the minor flow of the concentrator is directly connected to
the sample port of the RSMS-3 mass spectrometer. The two
instruments were operated at their original configurations,
as described in the previous paragraphs in this section,
without any modifications.

2.2. Data Analysis

[10] After firing each laser pulse, 5000 data points of the
digitizer signals were acquired and examined by a computer.
A single-particle mass spectrum was recorded when the
height of any peak in the selected spectral region was
greater than the predefined threshold value. Afterward, the
data were transmitted from Pittsburgh Supersite to the UC
Davis campus for storage and postprocessing. The single-
particle mass spectra were first mass calibrated (converted
from time to mass coordinates) covering the spectral range
from m/z = �256 to m/z = +256. Spectra with a broad peak
centering at m/z = 149 were caused by instrument emission
and therefore were considered as background. After quality
control to remove the background spectra, the calibrated
spectra were integrated and normalized at integer m/z
values and finally classified using the Adaptive Resonance
Theory–2a (Art-2a) algorithm, which was first introduced
by Hopke and Song [1997] for mass spectra analysis.
[11] The Art-2a algorithm uses the vector dot product as

its similarity metric to classify the particles and is controlled
by two parameters. The vigilance factor sets the similarity
condition and the learning rate determines the rate at which
the parameters adjust. The algorithm first selects each
normalized spectrum in a random order and compares it
to an existing set of weight vectors. If a winning weight
vector is found to have the largest degree of similarity with
the selected spectrum and its dot product with the
corresponding particle vector is greater than the predefined
vigilance factor, the selected spectrum is considered to
belong to the class that the winning weight vector represents
and then it is incorporated into the winning weight vector. In
this case, the weight vector components are shifted toward
the added spectrum’s by the learning rate. If no weight
vector satisfies the vigilance criterion with the selected
spectrum, the particle vector becomes a new weight vector

and is then added to the set of existing weight vectors. The
first selected spectrum must be a new weight vector because
there are no existing weight vectors to compare at that time.
Once all spectra were selected, the whole procedure was
repeated with a set of weight vectors produced in the
previous iteration. Phares et al. [2001] validated the appli-
cation of Art-2a algorithm in the analysis of single-particle
spectra generated in laboratory with aerosols composing of
single and mixed know chemical components. It was shown
that a higher vigilance factor tended to overclassify (more
classes than the real number) while a lower vigilance factor
tended underclassify (less classes than the real) these
laboratory-generated mass spectra. A vigilance factor of
0.6 was recommended to produce a class number that was
very close to the real number [Phares et al., 2001]; on this
basis, the vigilance factor was predefined as 0.6 in this
study. The final weight vectors are presented with equal-
weighted averages of all spectra belonging to that class, in
order to calculate the standard deviations in the peak heights
for each class. Therefore no learning rate was used in this
data analysis.
[12] Although RSMS-3 is a bipolar mass spectrometer

measuring both positive and negative ions simultaneously,
only positive spectra were analyzed with Art-2a algorithm
and presented in this study. Previous research shows that
most of negative spectra were contributed by sulfate, which
is very difficult to ablate and detect in the fine and ultrafine
particles sampled here [Kane and Johnston, 2001; Lake et
al., 2004]. Because of the large uncertainty in the detection
of negative ion spectra, they were excluded in this study.
[13] The RSMS-3 hit rates were defined as the nonback-

ground particle hits divided by the corresponding measure-
ment interval. Enhancements of the hit rate by VACESS
concentrator were determined by ratios of the hit rate of
concentrated air to that of ambient air. Ideal enrichments of
particle concentration by VACES were predicted by the
ratio of impactor’s total-to-minor flow rate. The detection
efficiency of RSMS-3 relative to the real aerosol concen-
tration in the atmosphere will not be discussed in this work.
Previously studies showed that the efficiency of RSMS
instrument was about 10�6 and varied with particle size,
shape, and chemical composition [Kane and Johnston,
2000; Phares et al., 2002].

3. Results and Discussion

[14] Experiments were performed during two sampling
periods in spring of 2002. The first, 5 March, provided

Figure 2. Schematic diagram of VACES fine plus ultrafine particle concentrator.
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preliminary data and understanding of the use of the instru-
ments together. The second, 7–8 March, was a more
thorough test of the coupled system.

3.1. Data of 5 March 2002

[15] RSMS-3 was scheduled to measure one sample of
unconcentrated ambient air followed by a concentrated
sample at each particle size. The measurement time for
each orifice (each particle size bin) was terminated by a
maximum of 30 particle hits or 5 minutes whichever came
first. Each measurement was repeated 2–3 times. The
VACES concentrator was operated with a fixed major flow
of 105 lpm. In total, 342 mass spectra from ambient air
sample and 462 from sample with concentrator were
recorded on 5 March 2002 after removal of the background
spectra.
[16] Figure 3 shows the enhancement of RSMS-3 hit rates

by VACES concentrator at different particle sizes observed
in this study. Enrichments of particle concentration by
VACES were also predicted on the basis of the ratios of
total-to-minor flow rates of the impactor. Since the minor
flow of the VACES concentrator was directly coupled to the
RSMS-3 sample port, the minor flow of VACES was equal
to the RSMS-3 sample flow listed in Table 1 plus the 3 lpm
flow of the Nafion dryer which is not listed in Table 1.
Diamonds connected with a solid line represent the 5 March
results. The hit rate enhancement of RSMS-3 varies with
particle size for a number of reasons. Since the VACES
minor flow rate changed when RSMS-3 was sampling
different particle sizes (see Table 1), while its major flow
rate was fixed, the ratio of total-to-minor flow rate, and
therefore the VACES concentration enrichment, changed
with particle sizes, which is consistent with the predicted
enrichment of particle concentration by VACES at large
particle sizes and can readily be seen in Figure 3. With the
VACES concentrator, particle hit rates of the RSMS-3 were
increased by 10–17 times for the particles with sizes
ranging from 109 to 354 nm. From size 640 nm to
1100 nm, the hit rate enhancements became smaller as the

RSMS-3 sampling flow rate, and therefore the minor
flow rate of the concentrator, increased. For the particles
of 1100 nm, the enhancement of hit rates was only 2. The
predicted enrichment was 5 at this point. Table 1 indicates
that the flow rate at this particle size was greater than
15 lpm, which plus the 3 lpm of dryer flow was too high for
the VACES concentrator to operate in its optimum range
[Sioutas et al., 1999].
[17] At the small particle side, the hit rate enhancements

also decreased as the flow rate decreased which is contrary
to the predicted particle concentration enrichment that
increased. At these small particle sizes, the flow rates (about
3 lpm) into RSMS-3 were lower than the design conditions
for the concentrator, so particle losses to the walls of the
diffusion dryer would be substantial. On the other hand, the
enrichment of particle concentration by VACES is affected
to a large extent by the actual minor flow ratio and deviates
from its ideal value as this ratio becomes smaller (i.e., less
than about 5%). This is because as this minor flow
decreases, particle losses mostly on the collection nozzle
of the virtual impactor increase, thereby decreasing the
overall enrichment [Marple and Chien, 1980; Sioutas et
al., 1994]. This is the case also with the virtual impactors
used in the VACES to concentrate the grown ultrafine
particles [Sioutas et al., 1999]. Despite these losses, the
hit rate enhancements at 40 and 73 nm were about 5.
Accuracy of the real flow rate measurement is another
factor in difference between the predicted VACES concen-
tration enrichment and RSMS-3 hit rate enhancement. The
ablation ability of RSMS-3 for different particle sizes [Kane
and Johnston, 2000] would be another cause for the
difference. It should be emphasized that this experiment
was conducted with the RSMS-3 and VACES in their
original configurations and the main premise of this re-
search was to find out problems in coupling the two
instruments together and ways to fix them, but no efforts
were made to achieve the maximum enhancement of
RSMS-3 hit rates.
[18] All single-particle mass spectra obtained on 5, 7, and

8 March were divided into two groups, with and without the
concentrator, to calculate the hit rate enhancements and

Figure 3. Enhancement of RSMS-3 hit rate by VACES
particle concentrator. Predicted particle concentration
enrichments were calculated using the ratio of VACES
total-to-minor flow rate, where the 3 lpm flow rate
passing through the RSMS-3 Nafion dryer was taken into
account.

Figure 4. Comparison of chemical classes between
ambient air and concentrated air measured on 5 March
2002.
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Figure 5. Average spectra of (a) ammonium nitrate and (b) carbon nitrate and (c) comparison between
the two average spectra. The ammonium nitrate spectrum has been scaled up by 2.43 in Figure 5c to show
the similarity between the two spectra.
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classified using Art-2a algorithm. All spectra were parti-
tioned into 8 composition classes. Each of the eight classes
represented more than 10 particles and those classes con-
taining less 10 particles were considered minor and not
presented. Figure 4 shows the fractions of total hits for each
class observed on 5 March. The two major classes were
ammonium nitrate (nitrate peak is domain in the spectra)
and carbon nitrate (carbon peaks are domain in the spectra
with a small nitrate peak), whose average spectra are shown
in Figures 5a and 5b. Without the concentrator, about 51%
of the particles were in the ammonium nitrate class and
about 35% particles were in the carbon nitrate class, while
their values were about 40% and 40%, respectively, when
the concentrator was used. Figure 5c compares the average
spectrum of the ammonium nitrate class with the one in the
carbon nitrate class. The two spectra are very similar except
for the NO+ peak at m/z = 30 where the peak in the carbon
nitrate class was much lower than in the ammonium nitrate
class. Thus it appears that the concentrator might introduce
a compositional change in a fraction of the particles,
primarily shifting nitrate from particles in the ammonium
nitrate class to those in the carbon nitrate class. This shift
could be also due to a change in atmospheric composition
during the experiment, so experiments on 7 and 8 March
were designed to address this potential ambiguity. Including
the effects of changes in chemical position of ambient air,
the statistical uncertainty in RSMS-3 measurements, and the
coupling with particle concentrator, in total about 8%
particles were shifted from the ammonium nitrate class to
the carbon nitrate class during the experiments on 5 March.
More discussion regarding to this shift will be made in the
following sections.

3.2. Data of 7 and 8 March 2002

[19] The RSMS-3 operating schedule was adjusted to
measure one sample with concentrated air, one without,
and again one with, at each particle size to separate changes
in particle composition due to ambient conditions from
those due to the concentrator. In order to obtain a more
statistically significant sample, the measurement time was
terminated at 30 particle hits at each particle size without

setting a time limit. On 8 March, an additional 2 lpm was
drawn from the minor flow port through diffusion dryer of
the concentrator when RSMS-3 was sampling particles at
sizes from 40 to 184 nm, in order to keep the changes in the
ratio of total-to-minor flow rates small and minimize small
particle losses. In total, 227 particles were collected without
the concentrator and 701 with after removal of the back-
ground spectra.
[20] The hit rate enhancements are shown in Figure 3 for

7 March (closed squares) and 8 March (open circles).
Decrease of the hit rate enhancement for small particles
can still be seen on 7 March, but this dependence on RSMS-
3 flow rate was partially corrected by pulling out the
additional 2 lpm. On 7 March the hit rate enhancement of
RSMS-3 at 184 nm was even higher than the predicted
VACES enrichment of particle concentration, which is
likely not true and might be caused by the removal of the
background spectra. The causes for day-to-day hit rate
variation, evident in Figure 3, may be due to variation in
ambient conditions, RSMS-3 operating conditions such as
laser intensity and laser beam alignment, or imprecise
removal of background spectra.
[21] Class comparisons between samples collected with

and without the concentrator on 7 and 8 March are shown in
Figure 6. The four major classes were carbon nitrate (as
shown in Figure 5b), carbon nitrate potassium, potassium,
and carbon. Particles in the ammonium nitrate class were
not observed on these days. The experiments of 7 and
8 March were designed to sample concentrated particles
immediately before and after ambient particles to identify
whether or not a shift in particle composition occurred
during the sampling period. There is a 4% difference in
the particle fractions between the two concentrated samples
that could be due to either change in ambient air or
instrument drift. A 10% difference is also seen in the carbon
nitrate class between the ambient air and the average of the
two concentrated samples indicating a possible class shift
from other nitrate containing classes to carbon nitrate.

3.3. Causes of the Class Shift

[22] Figures 4 and 6 indicate that about 8–10% particles
shifted from the ammonium nitrate class (or other nitrate
containing classes) to the carbon nitrate class during the
experiments on 5, 7, and 8 March when the RSMS-3 was
coupled with the VACES particle concentrator. As dis-
cussed, changes in the ambient air, operational conditions
of the RSMS-3, and artifacts caused by the VACES particle
concentrator are the possible sources for the observed
differences. This section will address more possible causes
for the class shift.
[23] Figures 7a–7d compare the chemical classes be-

tween concentrated particles and ambient particles at differ-
ent particle sizes measured on 5, 7, and 8 March 2002.
Although the RSMS-3 can measure nine sizes of particles
as given in Table 1, only two size ranges, a small size (40–
117 nm) representing ultrafine particles and a large size
(184–1100 nm) for the fine particles minus ultrafines, are
grouped and shown in these figures in order to present
statistically significant results. On 5 March the class shift
from ammonium nitrate to carbon nitrate of ultrafine par-
ticles (Figure 7a) is the same pattern as the average of all
sizes (Figure 4) but the shift of fine particles (Figure 7b) is

Figure 6. Same as Figure 4 but for 7–8 March 2002.
The concentrated air was sampled immediately before
(concentrated air 1) and after (concentrated air 2) the
ambient air.
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opposite. By comparison, on 7 and 8 March, the shifts at
both fine and ultrafine particles (Figures 7c and 7d) are the
same direction as that of the average. Observation by
RSMS-3 on these days did not indicate any dependence
of the class shift on particle sizes because the shift directions
were random. From this point of view, it is thus unlikely
that the VACES particle concentrator introduced the shift of
particles from one class to another. If the concentrator did
introduce such a shift, the patterns of the class shift should
not change day-by-day.
[24] Figure 5c shows that the average spectra for the

ammonium nitrate and carbon nitrate classes are identical
when scaled to the C1

+ peak heights, except for the height
of the NO+ peaks. Therefore it appears that the two
classes have similar underlying carbonaceous cores with
varying amounts of ammonium nitrate condensed, pre-
sumably due to varying particle age. Figure 8 shows the
frequency distribution of particles from both classes as a
function of the logarithm of the NO+/C1

+ peak ratio. Areas
under each curve in Figure 8 are normalized to 1. It is
seen that the frequency of ammonium nitrate class has a
maximum at NO+/C1

+ > 1, while the maximum of carbon
nitrate class is located at NO+/C1

+ < 1. There is a valley
between the two maxima near NO+/C1

+ = 1. The Art-2a
algorithm breaks the two classes near this valley. Since
the valley is not very pronounced and in fact the
distribution between the ammonium nitrate and carbon

Figure 7. Same as Figure 4 but (a) for small size (ultrafine) particles of 5 March 2002 between 40 and
117 nm, (b) for large size (fine) particles of 5 March 2002 between 184 and 1100 nm, (c) for small size
(ultrafine) particles of 7–8 March between 40 and 117 nm, and (d) for large size (fine) particles of 7–8
March between 184 and 1100 nm.

Figure 8. Frequency of the ratios of NO+ peak to C1
+

peak of ammonium nitrate class, carbon nitrate class, and
sum of the two classes. Areas under each curve are
normalized to 1.
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nitrate classes is more of a continuous distribution, subtle
differences between ammonium nitrate class and carbon
nitrate class near NO+/C1

+ = 1 can move particle spectra
from one class to the other. The atmospheric conditions,

instrument operating conditions, and the Art-2a initial
conditions could cause this movement. It can also be
seen in Figure 8 that some of the high NO+/C1

+ particles
were classified as carbon nitrate, which may be due to

Figure 9. Comparisons of the frequency between ambient air and concentrated air measured on (a) 5
March 2002 and (b) 7–8 March 2002. Each curve is the sum of the ammonium nitrate class and the
carbon nitrate class. Areas under each curve are normalized to 1.
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other peak information, since when the Art-2a algorithm
compares a selected spectrum with the existing set of
weight vector, all peaks in the spectrum make contribu-
tion to the vector dot product. Therefore, when the
contribution of other peaks to the dot product becomes
more significant, the Art-2a may shift the class from one
to another.
[25] Comparisons of these frequency distributions for

ambient air and concentrated air are shown in Figures 9a
and 9b for 5 March and 7 and 8 March, respectively. On 7
and 8 March the frequency distribution was skewed toward
the NO+/C1

+ < 1 (see Figure 9b) indicating that on that day
carbon nitrate particles (carbonaceous particles with a small
amount of nitrate condensed on them) were observed much
more frequently than ammonium nitrate particles (carbona-
ceous particles with a lot of nitrate condensed on them).
Figure 6 shows the same results. Since both ammonium
nitrate and carbon nitrate particle classes were observed in
more equal proportions on 5 March (see Figure 4), the
frequency distribution appears on both sides of NO+/C1

+ =
1 as shown in Figure 9a. There appear to be no significant
difference in the frequency distributions between ambient
and concentrated samples on both days and that the class
shift from ammonium to carbon nitrate was not due to the
particle concentrator.

4. Summary and Conclusions

[26] Our field evaluation of coupling VACES and RSMS-
3 resulted in the following conclusions:
[27] 1. By coupling with the VACES concentrator, hit

rates of the RSMS-3 single-particle mass spectrometer
increased by 5–20 times except when RSMS-3 sampled
the smallest and largest particle sizes where its flow rate
was off the optimum configuration of the VACES
concentrator.
[28] 2. Small differences in chemical composition were

observed between samples with and without the VACES
particle concentrator. The shift of 8–10% particles from one
class to another could be caused by the changes in the
composition of ambient air, or due to statistical variation in
RSMS-3 measurements, or spectrum classification. There
was no evidence showing that the VACES particle concen-
trator introduced the particle shift.
[29] 3. The minor flow rates of the VACES concentra-

tor must be in its optimum range to effectively couple it
to RSMS-3. Outside this range, the minor flow is either
too high, resulting in a low concentration enhancement,
or too low, causing ultrafine particle loss. Therefore it is
necessary to control the minor flow rate of VACES in the
coupling system when RSMS-3 samples different sizes of
particles.
[30] 4. Since Art-2a judges class membership on the

basis of a single vigilance factor, it broke a carbonaceous
particle distribution with a wide range of ammonium nitrate
content into two composition classes. Better algorithms
should be developed that can identify distributions of
composition within a class.
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[1] An Aerodyne aerosol mass spectrometer (AMS) was deployed at the Pittsburgh
Environmental Protection Agency Supersite from 7 to 22 September 2002 as part of the
Pittsburgh Air Quality Study (PAQS). The main objectives of this deployment were to
characterize the concentrations, size distributions, and temporal variations of nonrefractory
(NR) chemical species in submicron particles (approximately PM1) and to further develop
and evaluate the AMS. Reasonably good agreement was observed on particle
concentrations, composition, and size distributions between the AMS data and
measurements from collocated instruments (given the difference between the PM1 and
PM2.5 size cuts), including TEOM, semicontinuous sulfate, 2-hour- and 24-hour-averaged
organic carbon, SMPS, 4-hour-averaged ammonium, and micro-orifice uniform deposit
impactor. Total NR-PM1 mass concentration in Pittsburgh accumulates over periods of
several days punctuated with rapid cleaning due to rain or air mass changes. Sulfate and
organics are the major NR-PM1 components while the concentrations of nitrate and
chloride are generally low. Significant amounts of ammonium, which most of the time are
consistent with sulfate present as ammonium sulfate, are also present in particles.
However, there are periods when the aerosols are relatively acidic and more than 50% of
sulfate is estimated to be in the form of ammonium bisulfate. No major enhancement of
the organic concentration is observed during these acidic periods, which suggests that
acid-catalyzed SOA formation was not an important process during this study. Size
distributions of particulate sulfate, ammonium, organics, and nitrate vary on timescales of
hours to days, showing unimodal, bimodal and even trimodal characteristics. The
accumulation mode (peaking around 350–600 nm in vacuum aerodynamic diameter for
the mass distributions) and the ultrafine mode (<100 nm) are observed most frequently.
The accumulation mode is dominated by sulfate that appears to be internally mixed with
oxidized organics, while combustion-emitted organics are often the main component of
the ultrafine particles (except during nucleation events). The ultrafine-mode organic
aerosols are mainly associated with combustion sources (likely traffic).

Citation: Zhang, Q., M. R. Canagaratna, J. T. Jayne, D. R. Worsnop, and J.-L. Jimenez (2005), Time- and size-resolved chemical

composition of submicron particles in Pittsburgh: Implications for aerosol sources and processes, J. Geophys. Res., 110, D07S09,

doi:10.1029/2004JD004649.

1. Introduction

[2] Atmospheric aerosols have important adverse impacts
on human health [Dockery et al., 1993; Pope et al.,
2002], visibility [Watson, 2002], and ecological integrity
[Bytnerowicz and Fenn, 1996; Paerl et al., 1997; Schindler,

1988]. Aerosols also play important roles in atmospheric
processes that are intrinsically linked to climate change
[Intergovernmental Panel on Climate Change (IPCC),
2001] and stratospheric ozone depletion [Solomon, 1999].
While a thorough understanding of particle concentration,
size distribution, chemical composition, state of mixing, and
morphology is essential to address the radiative, ecological
and human health effects of atmospheric particles, our
knowledge of these parameters is usually limited by the
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coarse time and size resolution of most existing instrumen-
tation for aerosol chemical measurements [McMurry, 2000].
[3] Several instruments that are capable of performing

real-time and continuous (or semicontinuous) size-resolved
measurement of ambient aerosol composition have been
developed in the last decade [Jayne et al., 2000; Murphy et
al., 1998; Suess and Prather, 1999]. Compared to the
traditional multistage impactor technologies, online tech-
niques are usually faster, less labor intensive, and less
vulnerable to artifacts introduced during sample collection
and processing. While most recently developed size-
resolved composition instruments measure the qualitative
composition of single particles [Middlebrook et al., 2003],
the Aerodyne aerosol mass spectrometer (AMS) can
determine the sizes and chemical composition of the
ensemble of submicron particles in situ, with time resolu-
tion of minutes for typical ambient measurements [Jayne et
al., 2000; Jimenez et al., 2003c]. The AMS has been
successfully employed in more than 30 field campaigns
and laboratory studies to characterize the properties, iden-
tify the possible sources and elucidate the dynamics of
ambient and laboratory aerosols [e.g., Alfarra et al., 2004;
Allan et al., 2003a; Bahreini et al., 2003; Canagaratna et
al., 2004; Drewnick et al., 2004b; Jimenez et al., 2003b,
2003c; Morris et al., 2002; Zhang et al., 2004].
[4] We deployed an AMS in Pittsburgh, Pennsylvania,

during September 2002, as part of the Pittsburgh Air
Quality Study (PAQS). PAQS was sponsored by the U.S.
Environmental Protection Agency to address the relation-
ship between particulate matter (PM) and health effects,
establish the PM source-receptor relationships, and develop
and evaluate the next generation of PM monitoring tech-
niques [Wittig et al., 2004]. The focus of this AMS
deployment was to characterize the chemistry and dynamics
of ambient aerosols with high time and size resolution and
therefore offer insights into the sources and processes of
particles in the Pittsburgh region. In this paper, we mainly
report the size-resolved chemical composition, concentra-
tions, and temporal variations of the nonrefractory particle
components (i.e., sulfate, organics, ammonium and nitrate).
Quality control measures, such as corrections for nonideal-
ity of the AMS measurements and comparisons between the
AMS results and various collocated measurements, are also
reported. The chemistry and growth mechanisms of ultra-
fine particles during nucleation events in Pittsburgh [Zhang
et al., 2004] and a more detailed organic analysis (Q. Zhang
et al., Deconvolution and quantification of primary and
oxygenated organic aerosols based on aerosol mass spec-
trometry: Part 1. Development and validation of the meth-
od, submitted to Environmental Science and Technology,
2004) (hereinafter referred to as Zhang et al., submitted
manuscript, 2004) are discussed in separate papers.

2. Experimental Methods

2.1. Sampling Site and Time

[5] The AMS was operated at the PAQS central site
(40�270N, 79�570W) continuously, except for occasional
maintenance and calibration, from 7 to 22 September
2002. This site was located �6 km east of downtown
Pittsburgh, on a hill of Schenley Park next to Carnegie
Mellon University [Wittig et al., 2004]. Baseline monitoring

for PM, gas-phase and meteorological variables lasted for
�15 months at this site from July 2001 to October 2002
[Wittig et al., 2004]. An overview of PAQS and the Super-
site operation was given by Wittig et al. [2004]. Other
details can be found in the PAQS Quality Assurance Project
Plan prepared by Khlystov et al. [2001].
[6] All dates and times are reported in Eastern Standard

Time (EST). The local time during this study was Eastern
Daylight Saving Time (EDT), which is 1 hour ahead of
EST.

2.2. AMS Instrument and Its Operation

2.2.1. Description of the AMS
[7] The AMS has been described in detail in other

publications [Alfarra et al., 2004; Allan et al., 2003b; Jayne
et al., 2000; Jimenez et al., 2003c]; thus only a brief
overview is given here. The AMS consists of three major
parts: a particle beam generation inlet system, an aerody-
namic sizing chamber, and a particle composition detection
section. The inlet system contains a 100 mm critical orifice
that sets the airflow into the AMS at a nominal rate of
�1.4 cm3 s�1 and an aerodynamic lens system that
focuses particles into a narrow beam of about 100 mm
in diameter [Heberlein et al., 2001].
[8] Particles acquire size-dependent velocities upon su-

personic expansion into the high-vacuum sizing chamber,
where their vacuum aerodynamic diameters (Dva) are deter-
mined on the basis of calibration using particles of known
sizes, densities, and shapes, such as polystyrene latex (PSL)
spheres. Details on Dva (effectively the aerodynamic diam-
eter measured in the free-molecular regime) and its relation-
ships with mobility diameter (Dm) and the traditional
aerodynamic diameter (measured in the continuum regime)
are given by Canagaratna et al. [2004], Jimenez et al.
[2003a, 2003b], and DeCarlo et al. [2004].
[9] In the composition detection section, particles are flash

vaporized upon impact with a heated surface (�600�C
during this study) under high vacuum (�10�8 torr). The
resulting vapor molecules are ionized by electron impact and
the positive ions formed are analyzed by a quadrupole mass
spectrometer (Balzers QMA410, Balzers, Liechtenstein).
Because of the use of thermal vaporization, only non-
refractory (NR) particle components, such as SO4

2�, NO3
�,

NH4
+ and organics, are determined. ‘‘Nonrefractory’’ is

defined operationally as those species that evaporate on
timescales of a few seconds (i.e., one period of the
blocked/open alternation of the particle beam chopper
during the MS mode operation) or less under the AMS
conditions. Minerals and elemental carbon are undetectable
because of their very low vapor pressure at �600�C. In
addition, since the AMS used in this study has an
approximate 1 mm transmission size cut, the results of its
measurements are referred to as NR-PM1.
[10] The AMS alternates between the particle time of

flight (P-TOF) mode and the mass spectrum (MS) mode
during operation [Jimenez et al., 2003c]. A set of prese-
lected m/z is scanned as a function of particle’s time of flight
in the P-TOF mode, from which the ensemble size distri-
butions of aerosol species are derived. Mass loadings are
calculated from the ensemble background-subtracted mass
spectra (m/z 1–300) acquired during the MS mode opera-
tion using a software package developed by Allan et al.
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[2004b]. Interferences for the mass concentration and size
distribution data are checked according to procedures
described by Jimenez et al. [2003c] using a data diagnostics
module (AMS Diagnostics 1.1.7a) developed by A. Delia
(CU).
[11] Note that the AMS used here is not a single particle

technique because the quadrupole MS measures only one
m/z at any one time, instead of the complete mass
spectrum of individual particles. Reported AMS mass
spectra and size distributions are the averages over spec-
ified intervals (5–10 min for this study; see section 2.2.2).
2.2.2. Operation of the AMS
[12] The AMS, along with a number of other PAQS

sampling instruments, was housed in a 33 m2 trailer during
this study [Wittig et al., 2004]. Ambient air was drawn into
the AMS through a thermally insulated copper tube (�5 m
long and 0.95 cm ID) from �2 m above the trailer rooftop.
Coarse particles were removed using a cyclone with a
2.5 mm cutoff (model URG-2000-30EN, URG, Chapel Hill,
North Carolina). The total flow through the copper tube
was 10 L min�1, out of which �0.1 L min�1 was isokineti-
cally sampled from the center of the tube by the AMS and
the rest was exhausted by the sampling pump. The resi-
dence time of sample air in the tube was �7 s.
[13] The AMS alternated between the P-TOF and MS

modes every �25 s. During the P-TOF mode operation
signals of twelve m/z that are representative for NO3

� (m/z
30 and 46), SO4

2� (m/z 48 and 64), organics (m/z 43, 44, 55,
and 57), NH4

+ (m/z 15 and 16), H2O (m/z 18), and N2 (m/z
28) were recorded as a function of particle’s time of flight.
Four additional (mostly) organic fragments (m/z 27, 67, 91,
and 95) were scanned after 8:55 pm on 13 September.
Reported mass concentrations and size distributions are
the averages over periods of 10 min before 9:50 am on
12 September and 5 min afterward.
2.2.3. Instrument Calibrations
[14] The AMS was calibrated several times for electron

multiplier (EM) gain, ionization and ion transmission and
detection efficiency (IE), and particle sizing during this
study (Figure 1). The electron multiplier was calibrated
every 1–2 days to compensate for the normal reduction in
sensitivity over time and to restore optimum ion signals. IE,
which is defined as the ratio of ions detected by the

multiplier to the number of the parent molecules vaporized
in the AMS, was calibrated with monodisperse pure am-
monium nitrate particles generated from an aqueous solu-
tion by a Collison atomizer (TSI model 3076, St. Paul,
Minnesota) and a differential mobility analyzer custom built
by Aerodyne Research (using the TSI DMA, model 3081).
Monodisperse polystyrene latex spheres (PSL; Duke Scien-
tific, Palo Alto, California) with nominal sizes of 50, 81,
155, 350, 600, and 700 nm and density of 1.054 g cm�3

were used to calibrate the AMS sizing. Detailed quantifi-
cation protocols are described in previous publications
[Alfarra et al., 2004; Allan et al., 2003b; Jayne et al.,
2000; Jimenez et al., 2003c].

2.3. Quality Assurance and Quality Control (QA//QC)

2.3.1. AMS Detection Efficiency
[15] In order to minimize uncertainties in the reported

mass concentrations it is desirable that the fluctuations of
the detection efficiency of the AMS are closely monitored
and properly corrected throughout the whole campaign. The
parameters that capture the AMS detection efficiency are
IENO3

�, which is the ionization efficiency of a reference
compound (NO3

�), and the air beam signal (AB), which is
the ion rate (Hz) detected for the direct beam of a major air
component, e.g., N2

+ [Allan et al., 2003b; Jimenez et al.,
2003c]. While AB can be monitored continuously during
instrument operation, the determination of IENO3

� requires
interruption of sampling to perform a calibration experiment
(typically 1–2 hours). Given this restriction and the expec-
tation (based on previous experience) that variations in IE
can be corrected by changes in air beam signal (i.e., the ratio
of IE to air beam signal was usually relatively stable)
three IENO3

� calibrations were conducted during this study
(Figure 1). The measured IENO3

� values increase by �50%
between the first two calibrations but are constant between
the second and the third, suggesting an improvement in
the general detection efficiency of the AMS during the
first few days of operation. This initial increase in
detection efficiency has very often been observed after
initial pump-down of the AMS and is possibly due to an
enhancement in the detection efficiency (ratio of output
signal pulses to ions impacting the first dynode surface) of
the electron multiplier detector after its surfaces degas.
Because the ratios of IENO3

� to AB remain remarkably
constant during this study (r.s.d. < 1%) the continuous AB
signal can be used to correct for the variations in the
AMS detection efficiencies to a very good approximation.
2.3.2. AMS Collection Efficiency (CE) and Relative
Ionization Efficiency (RIE)
[16] CE is introduced to correct for incomplete detection

of NR-PM1 by the AMS [Alfarra et al., 2004], e.g., due to
the fact that a fraction of irregularly shaped particles may
not reach the AMS vaporizer [Jayne et al., 2000; Tobias et
al., 2000] or due to particle bounce from less-volatile
particles (T. Onasch, Aerodyne Research, personal commu-
nication, 2004). Note that CE accounts only for the fraction
of PM1 that may not be detected by the AMS, and is not
intended to account for the difference in size cutoffs
between the AMS (approximately PM1) and PM2.5 instru-
ments. The AMS reports PM1 concentrations and we have
made no attempt to predict PM2.5 concentrations on the
basis of our PM1 measurement. Although strictly speaking

Figure 1. Ionization and ion transmission efficiency for
nitrate (IENO3

�) determined during IE calibrations, multiplier
voltage and air beam signal (N2

+) measured immediately
after each EM calibration, and the ratio of IENO3

� to air beam
signal.
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CE should be a function of particle size, composition, and
shape, at present it is defined as the correction factor for the
bulk mass concentrations, i.e., the fraction of the particle
mass that is measured by the AMS, relative to what would
have been measured if all particles were spherical and
particle bounce was negligible. In addition, while the
component of the AMS collection efficiency due to losses
of nonspherical particles can now be measured in real time
using a particle beam width probe (BWP) system (J. A.
Huffman et al., manuscript in preparation, 2004) this device
was not available at the time of this study. We therefore
chose CE values on the basis of the general characteristics
of the Pittsburgh aerosols and previous experience from
multiple field campaigns and laboratory experiments.
[17] A CE value of 0.5 is assigned to sulfate (Table 1), on

the basis of observations from several laboratory and field
tests for sulfate aerosols [Alfarra et al., 2004; Allan et al.,
2004a, 2003b; Drewnick et al., 2004a]. The same CE value
(i.e., 0.5) is applied to nitrate and ammonium, because they
appear to be internally mixed with sulfate in particles for
most of the time in Pittsburgh.
[18] The CE value for total NR-PM1 organics is estimated

on the basis of their size distributions, which often show
two modes: a larger accumulation mode that appears to be
internally mixed with SO4

2�, NO3
� and NH4

+, and a smaller
mode that seems to be mainly emitted from combustion
sources (see section 3.2.2). A CE value of 0.5 is thus
applied to the accumulation mode organics (due to the
likely internal mixing with SO4

2�) while CE for the smaller
mode is assumed to be 1.0 because a recent laboratory study
has shown close to 100% AMS transmission and detection
for sooty combustion particles [Slowik et al., 2004]. By
studying the size distributions of total organics, as well as
individual organic m/z, averaged over the whole sampling
period we found that these two modes can be best separated
at Dva = 160 nm and that the mass ratio of the smaller (Dva <
160 nm) to the larger mode (Dva > 160 nm) is roughly 2/3.
The CE value of the bulk organics is therefore set at 0.7
(Table 1).
[19] Relative ionization efficiency (RIE) is the ratio of the

electron impact ionization efficiency of a given species to
IENO3

� on a per unit mass basis. RIE values of individual
species (Table 1) are determined following the approach
described by Jimenez et al. [2003c] and Alfarra et al.
[2004].
[20] Although CE and RIE for organic aerosols in this

study are likely to be size dependent, at this point we have

chosen to apply constant values (i.e., CE = 0.7 and RIE =
1.4) throughout the whole size range and time period of this
study. Going beyond this simple approach requires a tech-
nique that can separate the contributions of the various
organic aerosol types, and thus allow the application of
separate values of CE and RIE to each type. One such
technique has recently been developed by our group and is
presented in a separate publication (Zhang et al., submitted
manuscript, 2004). The direct quantification of the compo-
nent of CE due to particle shape using the AMS BWP
described above (J. A. Huffman et al., manuscript in
preparation, 2004), and the use of particle humidification
and/or the redesign of the AMS vaporizer to reduce particle
bounce will further reduce the uncertainties in mass quan-
tification for future studies.
[21] An important consequence of applying constant CE

and RIE is that the proportion of the small mode and
accumulation mode in the reported organic size distribution
is likely distorted. First, the CE of the accumulation mode
organic aerosols is likely smaller than 0.7 while that of the
ultrafine mode is likely larger. Also because the average
RIE of combustion-emitted organic species is larger than
that of oxygenated organics [Jimenez et al., 2003c], RIE of
accumulation mode organics is expected to be smaller than
1.4 while that of the ultrafine mode is larger. Thus the small
mode, mainly primary organics are likely overestimated,
while the accumulation mode, mostly oxygenated organics
are likely underestimated.
2.3.3. Detection Limits of the AMS Measurements
[22] The detection limits (DL) of the AMS measurements

of mass concentration are evaluated on the basis of the mass
spectra of particle free ambient air (filtered with a HEPA
filter). The species DLs are defined as 3 times the standard
deviation of the corresponding species signals in the filtered
air. The DLs of SO4

2�, NH4
+, NO3

�, and organics during this
study are estimated to be 0.05, 0.11, 0.01, and 0.15 mg m�3,
respectively, for a 10 min averaging time (Table 2). Note
that these values are 2–3 times higher (i.e., worse) than the
3s instrumental detection limits defined by Allan et al.
[2004a, 2004b, 2003b], but 1–2 orders of magnitude lower
(i.e., better) than those of the ACE-Asia campaign [Bahreini
et al., 2003]. The major reason for the 3s instrumental DLs
estimated by Allan et al. [2004a, 2003b] to be smaller is that
they only take into account uncertainties due to electronic
noise and the ion counting statistics of the background
[Allan et al., 2003a, 2003b]. The substantially lower sensi-
tivity of the AMS during the ACE-Asia study was attributed
to a relatively high level of background signals in the AMS
due to a less optimized vacuum system and inability to

Table 1. Relative Ionization Efficiencies With Respect to

Measured IENO3
� and Collection Efficiencies for Individual

Speciesa

Chemical Species RIE CE

Sulfate 1.15 0.5
Ammonium 3.8b 0.5
Organics 1.4 0.7c

Nitrate 1.1d 0.5
aRIE, relative ionization efficiency; CE, collection efficiency.
bThis value was measured during the IE calibrations in this study.
cThis value is the weighted average CE of primary and secondary organic

aerosols (see section 2.3.2).
dRIENO3

� = true IE of nitrate/IENO3
�, where the true IE of nitrate was

calculated from all fragments produced by NO3
� while the IENO3

� was
determined only on the basis of two major NO3

� fragments: m/z 30 and 46.

Table 2. Summary of AMS Mass Concentration Data

Mass Concentration, mg m�3

Sulfate Ammonium Nitrate Organics Chloride Total

Average 6.95 2.45 0.87 4.48 0.06 14.81
1s 4.95 1.56 0.94 2.75 0.16 9.01
Median 5.99 2.31 0.56 4.24 0.01 13.75
Minimum 0.17 0.07 0.01 0.17 �0.01 0.56
Maximum 23.92 10.49 13.48 51.17 2.45 70.59
DLa 0.05 0.11 0.01 0.15 0.01 0.19

aDetection limit at an averaging time of 10 min (see section 2.3.3 for
details).
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operate the vacuum system pumps continuously due to
aircraft restrictions [Bahreini et al., 2003].

3. Results and Discussions

3.1. Intercomparisons With Collocated Instruments

[23] Figure 2 shows the time series of the concentrations
of particle mass (approximately NR-PM1), organics, sulfate,
and ammonium reported by the AMS, together with com-
parable traces from collocated instruments, including PM2.5

mass measured by a tapered element oscillating microbal-

ance (TEOM, Rupprecht & Patashnick Co., Inc, model
1400A, Albany, New York) that sampled at 30�C and was
equipped with a Nafion diffusion dryer sample equilibration
system (SES), along with a PM2.5 inlet, apparent particle
volume (calculated assuming spherical particles) measured
by a scanning mobility particle sizer system (models
3936N25 and 3936L10, TSI, Inc.), 2-hour PM2.5 OC
measured in situ using a Sunset Laboratories thermal optical
transmittance carbon analyzer [Turpin et al., 1990] and
24-hour OC from manual undenuded filter samples
(sampling details given by Subramanian et al. [2004]),

Figure 2. Comparisons of the AMS-measured mass concentrations to data reported by collocated
instruments: (a) total (= SO4

2� + NO3
� + NH4

+ + Cl� + organics) versus PM2.5 mass and apparent particle
volume (Dm = 3–698 nm); (b) organics versus 2-hour- and 24-hour-averaged PM2.5 OC; (c) sulfate
versus PM2.5 sulfate; (d) ammonium versus 4-hour-averaged PM2.5 ammonium. See Table 2 for
correlation coefficients. Plotted on the top of this figure are the time series of air temperature and relative
humidity.
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PM2.5 sulfate measured with a semicontinuous sulfate
analyzer (Rupprecht and Patashnick, model 8400S) similar
to the nitrate instrument described by Stolzenburg and
Hering [2003] and Wittig et al. [2004], and semicontinuous
PM2.5 NH4

+ measured using a steam sampler [Khlystov et al.,
1995]. Note that PM2.5 is defined on the basis of aerody-
namic diameter measured at atmospheric pressure, which to
first approximation equals the ratio of Dva to the square root
of particle density for spherical particles. Overall the agree-
ment of these comparisons is fairly good given the differ-
ences in size cutoff (Figure 2) and the correlation coefficients
(r2) are in the range of 0.64–0.88 (Figure 3).
[24] On the basis of the linear regression slopes, on

average, the AMS reports �66% of the total PM2.5 mass
observed by the TEOM and �75% of the PM2.5 sulfate
from the semicontinuous SO4

2� analyzer (Figure 3). These
differences likely reflect the fact that the AMS measures
PM1 rather than PM2.5 and that it has no response to
refractory species, such as crustal, soot and metal compo-
nents. Drewnick et al. [2004b] observed a similar regression
slope (0.64) between the AMS and PM2.5 TEOM data at
Queens, New York, during the summer of 2001.
[25] Compared to those reported during two other field

studies, the correlation coefficients (r2) of particle mass and
sulfate data measured by the AMS compared to those by
TEOM and sulfate analyzer observed during this study
(0.71 and 0.68, respectively) lie somewhat in the middle.
During the PMTACS-NY summer 2001 campaign in
Queens/New York, Drewnick et al. [2004a] reported very
high r2 (�0.9) between AMS-SO4

2� and three semicontin-
uous PM2.5 sulfate instruments, including particle into
liquid sampler (PILS), R&P sulfate monitor (R&P 8400S),
and a custom built continuous sulfate monitor. Allan et al.
[2004a], however, observed a lower r2 (�0.56) between
SO4

2 data from the AMS and those from the PILS during the
ITCT 2K2 study at Trinidad Head, California. Similarly, the
correlation between AMS-measured PM1 mass concentra-
tions and TEOM PM2.5 mass was also significantly better
during the PMTACS-NY study (r2 = 0.91) [Drewnick et al.,
2004b] than during this study (r2 = 0.71). It is not yet clear
the exact reason for these differences, but more variable
amounts of material between PM1 and PM2.5 in Pittsburgh
as compared to New York might have played a role.
[26] Good correlation is observed between the AMS

organic mass concentrations and 2-hour-averaged organic
carbon concentrations measured by the Sunset Labs in situ
carbon analyzer (r2 = 0.88; Figure 3). This observation
implies that the nominal particulate organic mass to carbon
ratios (i.e., OM:OC ratios) are mostly in the range 1.2 to
2.2, with a regression slope of �1.7 (larger if differences in
size cutoff, i.e., PM1 versus PM2.5, are accounted for). This
value is similar to the OM:OC ratio (1.6 ± 0.2) recently
estimated for urban organic aerosols [Turpin and Lim,
2001]. Although the actual values are expected to change
with time because of their dependence on organic aerosol
types (the values are likely smaller in the morning when
significant amounts of fresh combustion organic aerosols
(OM:OC ratio � 1.2) are emitted and larger (e.g., OM:OC
ratio � 2.0) in the afternoon when organics are more
oxidized and secondary in nature [Russell, 2003; Turpin
and Lim, 2001]), we did not observe significant diurnal
variations in OM:OC ratios. One possible explanation for

this is that ambient PM1 organics in Pittsburgh is often
dominated by regional aged particles [Anderson et al., 2004;
Tang et al., 2004], and thus show less pronounced differ-
ence in OM:OC ratios between morning and afternoon.
Cabada et al. [2002], for instance, estimated that up to 50%
of the organic aerosol mass in Pittsburgh is of secondary
origin during the summer. Our AMS mass spectra also
suggest that there was a relatively high concentration of
oxygenated organic aerosols during most periods in this
study (Zhang et al., submitted manuscript, 2004).
[27] Present analytical uncertainties of the AMS might

have also contributed to the lack of significant differences in
the ratios of the AMS organic mass to the organic carbon
content, between periods that appeared to be dominated by
different types of organic aerosols. The AMS organic data
may suffer from compensating systematic biases due to the
application of constant relative ionization efficiency (RIE)
and collection efficiency (CE; see section 2.3.2) for organic
signals. According to Jimenez et al. [2003c] the expected
RIE of oxygenated organics is somewhat lower than that of
the hydrocarbons. However, we have used the average of
these two types of organic aerosols (i.e., RIE = 1.4;
Table 1), which probably has led to an overestimation of
the mass concentrations of primary organic aerosols and an
underestimation of those of the secondary. Similarly, using a
constant CE, which can be different for different organic
aerosol types, might have introduced analytical errors as
well. A procedure of separating the contributions of primary
and oxidized organics aerosols (using both the size distri-
butions and the mass spectra from the AMS) is currently
under development and will be presented in a future
publication (Zhang et al., submitted manuscript, 2004). This
technique will permit the application of different RIE and
CE factors to primary and oxidized aerosols, which may
increase the variability of the OM:OC ratios.
[28] Given that the AMS and the SMPS during this study

appear to measure a relatively similar particle population
(detailed in paragraphs below and in Figure 4), the regres-
sion slope of the AMS mass concentrations and the SMPS
volume concentration provides an estimation for the density
of bulk particles in Pittsburgh, i.e., �1.4 g cm�3. However,
as shown in Figure 3, the correlations between these two
measurements appear to separate into two groups. The
likely reasons for the separation are the effects of particle
shape (see Figure 4a and associated discussions) and
density. Further work in our group is in progress to address
this apparent discrepancy by quantitative simultaneous
modeling of the AMS and SMPS data [DeCarlo et al.,
2004; Slowik et al., 2004].
[29] We estimated that the typical dry density of the

nonrefractory PM1 in Pittsburgh is roughly 1.55 g cm�3

on the basis of the average particle composition of �65%
inorganics (i.e., SO4

2�, NH4
+, and NO3

�) and �30% organics
(see section 3.2), plus 5% of black carbon, and the assump-
tion that the densities of (NH4)2SO4, NH4NO3, bulk organ-
ics, and black carbon are �1.78, 1.72, �1.2 g cm�3 [Turpin
and Lim, 2001], and 1.77 g cm�3 [Park et al., 2004]
respectively. Black carbon was estimated from AMS m/z
57 during the periods in which it was not available since
these measurements were strongly correlated (r2 = 0.78;
slope = 0.11 mg m�3/mgC m�3) (Zhang et al., submitted
manuscript, 2004). Note that the estimated densities
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reported in this study may contain systematic errors because
refractory species other than black carbon, such as metals
and crustal components, are not detectable by the AMS.
However, refractory species other than black carbon on
average only contribute <10% of the total mass of PM1 in
Pittsburgh [Cabada et al., 2004]. Thus the error in the
estimated density due to the omission of metals and crustal

components is expected to be small. Wittig et al. [2004]
reported a similar value, 1.5 g cm�3, for the bulk density of
the ambient particles in Pittsburgh, on the basis of TEOM
and SMPS measurements.
[30] Figure 4 compares the AMS to the SMPS on the

average size distributions of particle mass during 3 repre-
sentative periods. The AMS data are the sum of SO4

2�, NH4
+,

Figure 3. Correlation plots of AMS-measured mass concentrations versus data reported by collocated
instruments. Data points are colored by time. Red lines are linear fits to the data.
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NO3
�, and organics. The distributions of SMPS mass con-

centrations (M) were calculated from the number distribu-
tion data [Jimenez et al., 2003a, 2003b]:

M ¼ p=6� D3
m � rest ð1Þ

Dva � Dm � rest ð2Þ

where Dm is the mobility diameter reported by the SMPS
and rest is the estimated density of nonrefractory particles
weighted by AMS-measured particle composition assuming
an average density of 1.77 g cm�3 for inorganic species and
�1.2 g cm�3 for organics [Turpin and Lim, 2001].
[31] In order to examine the influence of black carbon on

estimated particle density, we have estimated the size
distributions of elemental carbon (EC) during this study.
Our approach is based on the findings that an AMS mass
spectral signature, m/z 57, is a good tracer for primary
combustion related organic aerosols [Alfarra et al., 2004;
Zhang et al., submitted manuscript, 2004]. Good correlation
has been observed between the mass concentrations of m/z
57 and those of EC (r2 = 0.78; slope = 0.11 mg m�3/mgC
m�3) during this study (Zhang et al., submitted manuscript,
2004). While some dependence of the density, and thus OC/
EC ratio, of diesel soot particles versus mobility diameter
has been shown [Park et al., 2004], this dependence is
significantly reduced when considered versus Dva [Slowik et
al., 2004]. Thus we estimated the size distribution of
elemental carbon (in Dva space) to be the same as that of
m/z 57. We subsequently calculated the estimated density
of particles including the EC contribution assuming an EC
density of 1.77 g cm�3 [Park et al., 2004] and along with

information about the inorganic and organic components.
The effect of EC in the estimated density is very small for
the accumulation mode, but is more important for smaller
particles and for periods where combustion emission con-
centrations are larger (e.g., Figure 4a).
[32] The average mass distributions obtained by the AMS

and the SMPS agree quite well for 2 periods (Figures 4b and
4c), but at 2:00–4:00 am, 12 September, the AMS reported
significantly larger mass of small particles (Dva < �120 nm)
and significantly lower mass of accumulation mode par-
ticles (Dva � 200–700 nm) than the SMPS did (Figure 4a).
Such discrepancy has been frequently observed in urban
areas when comparing the AMS and SMPS data, and is
attributed to the presence of a significant amount of small
irregularly shaped particles (e.g., soot from traffic emis-
sions). This is because the AMS and the SMPS respond
differently to particle shape: as a particle becomes less
spherical, the AMS-measured Dva decreases while the
SMPS-measured Dm increases [Jimenez et al., 2003a,
2003b; DeCarlo et al., 2004]. This effect also leads to an
overestimation of the accumulation mode by the SMPS, due
to irregular particles that appear larger than they really are
(and thus have much more apparent than real volume).
Indeed, we found that the ultrafine particles during 2–4 am
on 12 September were almost pure organic (average esti-
mated density including EC contributions, i.e., rest

w/EC,
�1.4 g cm�3) while those from the other two periods
contained significantly more inorganics (resulting in higher
rest
w/oEC; Figure 4a).
[33] In general, these two instruments agree well on the

size distributions of the accumulation mode particles for
periods b and c, although the AMS reports slightly lower

Figure 4. (a–c) Comparisons of 2-hour-averaged particle mass distributions measured by the AMS to
those calculated from the SMPS number distribution data assuming spherical particles and Dva/Dm =
rest
w/EC. rest

w/EC (dashed lines) is the size-resolved particle density estimated on the basis of the mass
distributions of particle species and assuming an average density of 1.77 g cm�3 for inorganics
(SO4

2� + NH4
+ + NO3

�), 1.2 g cm�3 for organics, and 1.77 g cm�3 for black carbon. Since the black
carbon size distribution was estimated (see text), rest

w/oEC (solid lines), which is the particle density
estimated only using the AMS inorganic and organic data (i.e., not including the contributions of black
carbon), is shown as a comparison.
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mass concentrations than the SMPS does at these sizes.
Besides the possible influence from particle shape, another
reason for such discrepancy is that the AMS does not
measure refractory components, such as the mineral and
crustal materials. It is interesting to note the comparatively
good agreement between the SMPS and AMS on the
distributions of the ultrafine particles during 3–5 pm,
12 September (Figure 4b). The reason is that a major
fraction of these particles were the product of extensive
condensational growth of the new particles that formed in a
regional intense nucleation event that happened in the
morning of 12 September [Zhang et al., 2004]. These
particles appeared to be relatively spherical and as such
the AMS and the SMPS detect them similarly.
[34] We also compared the average size-resolved chemical

composition data determined by the AMS in this study
(September 2002) to those obtained with a micro-orifice
uniform deposit impactor (MOUDI) for July 2001 (Figure 5).
The results from the two instruments are similar at Dva

below �0.8 mm, despite the different sampling time peri-
ods. This is not surprising since the general characteristics
of the particles during these two long averaging periods are
expected to be similar given the major regional contribu-

tions to fine particle concentrations in Pittsburgh, the likely
similar local emission mix, and the similar season of
sampling (July versus September) [Anderson et al., 2004;
Tang et al., 2004; Wittig et al., 2004]. In addition, in order
to better compare the AMS and MOUDI mass distributions,
we plotted the MOUDI data onto Dva space using the
following simplified equation [Canagaratna et al., 2004;
Jimenez et al., 2003a, 2003b]:

Dva � Da � r1=2est ð3Þ

where Da is the aerodynamic diameter measured by
MOUDI and rest is the estimated density of particles
(Figure 5). In this way, the average mass distribution of
Pittsburgh particles in July 2001 appears to peak at Dva of
�0.8–1 mm. The differences between the AMS and
MOUDI at Dva > 600 nm might be due to less than unit
transmission of the AMS for particles larger than 600 nm
(i.e., the approximately PM1 cut of the AMS versus the
PM2.5 cut of the MOUDI). This comparison is consistent
with the differences between the concentrations of particle
mass and sulfate measured by the AMS and TEOM and the
sulfate analyzer (Figures 2 and 3) are partly due to the
difference size cuts of the instruments (i.e., PM1 versus
PM2.5), although it is not a proof due to the different
sampling periods. Similar findings have been reported by
Alfarra et al. [2004].
[35] Note that a mass closure test, i.e., a thorough

evaluation of the differences between the mass concentra-
tions measured by the AMS and those of the TEOM would
be very valuable. However, it is not possible to perform
such a test for this data set since MOUDI data, as well as
data for some refractory components such as minerals and
metals, are not available for this period.

3.2. Particle Characteristics and Dynamics

3.2.1. Mass Concentrations
[36] The temporal variations of the mass concentrations

of NR-PM1 SO4
2�, NH4

+, NO3
�, organics, Cl�, and total

(= SO4
2� + NH4

+ + NO3
� + organics + Cl�) are shown in

Figure 6. Sulfate (for �70% of the time during this study),
and less frequently organics (for �30%), dominates the
particle composition. The mass concentrations of ammo-
nium are relatively high as well, and are well correlated
with those of sulfate (r2 = 0.83; Figure S1 in the auxiliary
material1). These two species together account for more
than half of the total NR-PM1 mass for over 75% of the
sampling time of this study.
[37] The correlation between the mass concentrations of

organics and sulfate is relatively weak (r2 = 0.41; Figure S1
in the auxiliary material). Our interpretation for this obser-
vation is that local traffic emissions contribute significantly
to the organic particle concentrations while the ambient
concentrations of particulate sulfate are likely mainly driven
by regional accumulation rather than local emissions. How-
ever, these two species appear to be internally mixed in the
accumulation mode, as suggested by the good correlation
between the mass concentrations of organics and sulfate in

Figure 5. Comparisons of size-resolved chemical compo-
sitions measured by the AMS during September 2002 to
those of a MOUDI during July 2001. Note that ‘‘Da’’ is the
aerodynamic diameter measured by MOUDI. Given that
diameter measurement in MOUDI is operated under higher
pressure than that within the AMS to first approximation
Dva/Da � rest

1/2.

1Auxiliary material is available at ftp://ftp.agu.org/apend/jd/
2004JD004649.
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the 250–1000 nm size range (see section 3.3.2.). Indeed,
internally mixed organics and sulfate in Pittsburgh fine
particles have been observed by Bein et al. [2005] using a
rapid single-particle mass spectrometer (RSMS). In addi-
tion, similar findings have been reported in studies at other
locations using single-particle MS techniques, such as
particle analysis by laser mass spectrometry (PALMS)
[Lee et al., 2003, and references therein].
[38] Nitrate and chloride are generally low and both show

very weak correlations with sulfate (r2 < 0.1). The mass
concentrations of NO3

� are likely controlled by partitioning
or formation of nitric acid. Since NaCl is not measured by
the AMS at the vaporizer temperature used in this study the
detected chloride must originate either from more volatile
inorganic chlorides (such as NH4Cl) or from organic chlo-
rine-containing species. We observed some correlation (r2 �
0.30, Figure S1 in the auxiliary material) between NO3

� and
Cl�, probably due to the fact that the formation of NH4NO3

and NH4Cl is favored by the same conditions: higher NH3

in the gas-phase and higher RH.
[39] Multiday episodes of fine particle pollution, with

intermittent cleaner periods, are observed (Figure 6). The
cleaner periods often start with heavy rainfall (e.g., �5 pm
on 14 September and �6 am on 21 September) and/or
the arrival of clean air from Canada (e.g., �1–4 am on
11 September), which quickly reduce the mass concentra-
tions of NR-PM1 by one to two orders of magnitude.
Afterward, the particle mass loading gradually increases
but remains low for 1–3 days. Most significant and lasting
increases of aerosol mass concentrations are associated with
rapid increases of sulfate. Several short-lived spikes of
organic aerosols are detected, likely due to the passage of
relatively fresh local plumes by the sampling site. The mass
spectra and size distributions of these organic aerosols
suggest that they originated from combustion sources.
3.2.2. Size Distributions
[40] Figure 7 shows the average size distributions and

chemical compositions of NR-PM1 during 4 periods

(marked as I, II, III, and IV on Figure 6) of this study.
These periods were selected to represent various aerosol
‘‘climatologies’’ observed in this study: Period I is relatively
polluted with approximately equal amounts of sulfate and
organic aerosols; II corresponds to the growth stage of a
strong regional nucleation event [see Zhang et al., 2004]; III
is a relatively clean period after a rain shower; and IV is a
sulfate-dominated regional pollution episode.
[41] The mass distributions are significantly different

during these 4 periods, showing unimodal, bimodal and
even trimodal characteristics. An accumulation mode peak-
ing between 350–600 nm (Dva) is constantly observed. This
mode appears to be an internal mixture of ammonium
sulfate with variable amounts of organics and a minor
fraction of nitrate. In general, as the aerosol mass concen-
tration increases and for more aged particles (e.g., in period
IV), the peak diameter of the accumulation mode increases,
the distribution appears to be narrower (e.g., the geometric
standard deviations sg of total mass distributions were �2.0
and 1.6 for periods III and IV, respectively), and the sulfate
content increases (Figure 7). However, the size distributions
reported here are ‘‘as measured’’ and could be skewed by
the limited aerodynamic lens transmissions for particles
larger than 600 nm and smaller than 60 nm in Dva [Jayne
et al., 2000]. Details in evolution of the mass distributions
of particle species during this entire study are presented in
Figures S4 and S5 in the auxiliary material.
[42] In addition to the accumulation mode, two smaller

modes, one below 100 nm and one at �200 nm, are also
frequently observed (e.g., Figure 7, periods I and II). Given
the essentially same size distributions of NH4

+ and SO4
2�

throughout the entire campaign, and the good correlations
between their mass concentrations (see section 3.2.1), these
two species appear to be internally mixed, likely in the
forms of (NH4)2SO4 and NH4HSO4, in all modes. The
organics, however, very often show an ultrafine mode
(Dva < 100 nm) that seems to be externally mixed with
the other species. We have evidence that fuel combustion,

Figure 6. Times series of the mass concentrations of SO4
2�, NO3

�, NH4
+, Cl�, organics, and total

(= SO4
2� + NO3

� + NH4
+ + Cl� + organics). Periods I, II, III, and IVare marked as references for Figure 7.
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i.e., traffic emissions (see section 3.3.2) is a major source of
these small mode organic aerosols. Similar findings have
been reported for AMS measurements in other urban areas
[e.g., Alfarra et al., 2004; Boudries et al., 2004; Drewnick et
al., 2004c]. Canagaratna et al. [2004] also reported a peak
Dva of �90 nm on the mass-weighted size distributions of
the fresh diesel exhaust particles.
[43] Ultrafine particles behave rather differently during

period II, the particle growth stage of a strong regional
nucleation event that started at �8:00 am. These particles

consist of comparable amounts of sulfate and organics,
which appear to be an internal mixture, together with
NH4

+ and NO3
� (Figure 7, period II). In fact, given the

similarities in their size distributions, SO4
2�, NH4

+, NO3
�, and

organics appear to be internally mixed over the entire size
range during period II. Such homogeneity in aerosol com-
position was developed through extensive condensation of
gas phase species including H2SO4, NH3, HNO3, and
photochemically processed organic species, a phenomenon
that is commonly observed during the growth stage of
nucleation events in Pittsburgh. The reader is referred to
Zhang et al. [2004] for a detailed description on the
evolution of particle compositions and size distributions
during this nucleation event.
[44] The average size distribution of particle mass con-

centration of the entire sampling period demonstrates a
broad peak at �550 nm (Dva), a slight shoulder at around
200 nm, and a tail that extends below 100 nm (Figure 8a).
The composition of the particles changes as a function of
size in that larger particles tend to contain more SO4

2� and
NH4

+ and less organics (Figure 8b). As a result, the
estimated particle density is strongly size dependent as
well, with higher values for the larger particles (Figure 8c).
Note that mineral species have not been taken into account
since they are not detectable by the AMS and their size-
resolved measurements were not available during this study.
As described above, this omission should only cause a small
error in the estimated density.
[45] Sulfate is the major component of the accumulation

mode while organics dominate the mass of particles smaller
than 200 nm (Dva). Despite the high frequency of nucleation
events in Pittsburgh [Stanier et al., 2004] and the fact that
the ultrafine particles produced during the nucleation events
are mainly composed of SO4

2� and NH4
+ [Zhang et al.,

2004], organics overall account for up to 80–90% of the
ultrafine mass (Dva < 100 nm) (Figure 8b). This observation
is consistent with combustion emissions being the major
source of ultrafine mass in Pittsburgh, since the nonrefrac-
tory fraction of ultrafine particles from combustion pro-
cesses are usually almost completely organic [Canagaratna
et al., 2004]. A detailed analysis on the possible sources of
organic species in Pittsburgh will be presented in a future
publication (Zhang et al., submitted manuscript, 2004).
[46] In addition to the accumulation mode and the ultra-

fine mode particles, there also appears to be an intermediate
mode (Dva � 100–250 nm) that is composed of comparable
amounts of SO4

2� and organics. The size ranges of these
particles correspond to the so-called condensation mode
[Pandis et al., 1995] and are likely the condensational
growth products of the ultrafine particles from primary
emissions or formed during the nucleation events. Concep-
tually these particles may be ‘‘on their way’’ to the accu-
mulation mode, but not yet had enough time, or had not
been through cloud or fog processes [Pandis et al., 1995], to
grow to that size yet. These AMS-measured mass distribu-
tions are consistent with measurements by MOUDI at the
same site during the summer of 2001 [Cabada et al., 2004].
3.2.3. Diurnal Variations of Mass Concentrations
and Size Distributions
[47] A summary of the diurnal cycles of SO4

2�, NH4
+,

NO3
�, and organics is shown in Figure 9. Note that the dips

at the eighteenth hour on the plots are biased by a very large

Figure 7. Average size distributions and chemical com-
positions of particle species during four time periods with
similar characteristics (i.e., periods I, II, III, and IV as
marked in Figure 6) of this study.
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and sharp drop in particle concentration between 17:00 and
18:00 on 15 September, due to heavy rainfall (see Figure 6).
The mass concentration of sulfate does not show a pro-
nounced diurnal cycle, but nonetheless demonstrates a
slight increase during the day (Figure 9a). Such increase
appears to be driven by enhanced photochemical production
of gaseous H2SO4. However, the overall lack of a clear
diurnal cycle of sulfate suggests that multiday accumulation
of sulfate on a regional scale dominates over its same-day
photochemical production. The average concentrations of
ammonium also slightly increased during the afternoon
(Figure 9b), probably a result of neutralization of the
enhanced H2SO4 uptake.
[48] Themass concentration of nitrate shows a pronounced

diurnal profile that peaks in the early morning, drops after
10 am, and stays at low levels between 12:00 noon and
7:00 pm (Figure 9c). The observed cycle is likely partially
driven by the gas-to-particle partitioning of ammonium
nitrate precursors (gaseous HNO3 and NH3), which is
favored by the lower temperature and higher relative
humidity during the night and the early morning [Seinfeld

and Pandis, 1998]. In addition, the higher level of night-
time gaseous N2O5 and NO3, which are quickly photolyzed
during the day, might have acted as a significant source of
NO3

� concentrations at night [Brown et al., 2003a, 2003b;
Pandis et al., 1995] while enhanced higher particle acidity
in the afternoon, as suggested by a relatively steeper
increase of SO4

2� than NH4
+ between 1:00 pm and 4:00 pm

(Figures 9a and 9b), might have played a role in reducing
the concentration of NO3

� in the particles during that
period.
[49] The average mass concentrations of organics are

somewhat higher at night (Figure 9d), which might be
attributed to the lower mixing layer depth that traps the
city emissions. In addition, a small peak of organic mass
is observed during the morning rush hour between 7:00–
9:00, reflecting the fact that traffic emissions are usually
an important source of organic aerosols in urban areas.
Drewnick et al. [2004b] reported similar diurnal behaviors
of SO4

2�, NO3
�, and organics at Queens, New York, during

July 2001.
[50] Figures 9e–9h are the average size distributions of

the species during two time periods of the day, 6–9 am EST
(i.e., 7–10 am EDT; the morning rush hours) and 1–4 pm
(i.e., the period of most intense photochemistry and accu-
mulation of photochemically produced aerosols). The aver-
age size distributions of SO4

2�, NH4
+, and NO3

� are similar to
each other in the morning (6–9 am) as well as in the
afternoon (1–4 pm). A much broader distribution of the
organics, however, is observed during the morning rush
hour, indicating the presence of large amounts of traffic-
related small mode organic aerosols.
[51] The average size distribution of organics is much

narrower during 1–4 pm and becomes very much alike to
those of the inorganic species (Figure 9h). It appears that the
organic aerosols from morning traffic emissions have been
diluted by the increase of the mixing layer height and
evolved by coagulation and/or condensation of gas phase
species.
3.2.4. Particle Acidity
[52] We evaluated the acidity of the particles by compar-

ing measured NH4
+ mass concentration to the amount

needed to fully neutralize the measured SO4
2�, NO3

� and
Cl�. Particles are considered ‘‘more acidic’’ if the measured
NH4

+ concentration is significantly (by 25% or more) lower
than the predicted values, and as bulk neutralized if the two
values are similar. A measured-to-predicted NH4

+ ratio of
0.75 suggests that roughly 50% of the SO4

2� molecules in
the particles are in the form of bisulfate (HSO4

�). This
approach should be relatively accurate because Pittsburgh
particles generally contain very low amounts of the metal
ions, such as Na+, Ca2+ and K+ [Rees et al., 2004; Wittig et
al., 2004].
[53] On the basis of this definition, aerosols appear to be

bulk neutralized to slightly acidic for the majority of the
time, but there are also episodes when they are ‘‘more
acidic’’ (Figure 10). We estimate that for roughly 20% of
the time during this study the measured-to-predicted NH4

+

ratios are less than 0.75, i.e., the mole ratio of NH4HSO4 to
(NH4)2SO4 is above 1 (Figure 10b). Because the acidic
particles are often found during the high-mass-loading
periods and only show a weak correlation with UV �
SO2, which is a proxy for gas-phase H2SO4 production

Figure 8. Averaged size distributions of (a) total non-
refractory mass, (b) particle chemical composition, and
(c) estimated density for nonrefractory particle compo-
nents (solid line) and estimated particle density including
the contribution of elemental carbon (EC) (dashed line)
averaged over the entire study (7–22 September 2002).
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Figure 9. Average diurnal cycles of the mass concentrations of (a) SO4
2�, (b) NH4

+, (c) NO3
� and

(d) organics and (e–h) the average size distributions of particle species during 6–9 am and 1–4 pm (7–
22 September 2002). The box plots are read as follows: the upper and lower boundaries of the box
indicate the 75th and the 25th percentiles, the line within the box marks the median, and the whiskers
above and below the box indicate the 90th and 10th percentiles. Cross symbols represent the means. The
x-axis labels of the diurnal plots correspond to the hour of the day, e.g., ‘‘1’’ means from 00:00–01:00 am.
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rate, we speculate that they are particles transported from
large plumes relatively depleted of NH3.
[54] Summarized in Figure 11 are the average compo-

sitions of neutralized (i.e., measured-to-predicted NH4
+

ratio � 1.0) and ‘‘more acidic’’ (i.e., measured-to-predicted
NH4

+ ratio < 0.75) particles. Compared to those considered as
neutralized, the ‘‘more acidic’’ particles on average contain
�30% more mass, which is almost exclusively due to the
increase of SO4

2�. These two types of particles, however,
contain comparable amounts of organics and NH4

+. Within
the limitations of this analysis, we observe negligible en-
hancement on the organic concentration that could be
attributed to acid-catalyzed secondary organic aerosol for-
mation [Jang et al., 2002]. In addition, the concentrations of
NO3

� and Cl� in the ‘‘more acidic’’ particles are roughly half
of those in the neutralized particles, probably because of
displacement of HCl and HNO3 by H2SO4 in the competi-
tion for NH3 [West et al., 1999].

3.3. Primary and Secondary Aerosol Sources and
Processes

3.3.1. Gas to Particle Partitioning of Nitrate
[55] In order to investigate the diurnal cycles of the

particulate nitrate mass, we plotted in Figure 12 the average
diurnal patterns of NO3

� together with UV � NO2, which is
a proxy for daytime HNO3 production rate, and the equi-
librium formation constant of NH4NO3 from gas phase
HNO3 and NH3 (i.e., Kp, ppb

�2). The Kp defined here is
the inverse of the product of the partial pressures of NH3

and HNO3, and thus it is calculated using the inverse form
of equation 9.91 of Seinfeld and Pandis [1998]:

lnKp ¼ 1= 84:6� 24220=T � 6:1 ln T=298ð Þð Þ

where T is the ambient temperature in Kelvin. Although this
equation only applies to dry particles, the relative trend of
partitioning versus temperature is exactly the same when

particles contain liquid water (equation 9.92 of Seinfeld and
Pandis [1998]).
[56] The diurnal profile of the CO concentrations is also

included as a first-order indicator for daily changes in the
boundary layer height. Overall, the diurnal patterns of NO3

�,
Kp and CO positively correlate, but all anticorrelate with
that of UV � NO2 (Figure 12). Although the morning peaks
of NO3

�, CO, and Kp are shifted by about 1–2 hours, these
comparisons nonetheless suggest that variations in the

Figure 10. (a) Mass concentrations of measured NH4
+ versus predicted NH4

+ and (b) box plot of the ratio
of measured to predicted NH4

+ during the entire study (7–22 September 2002 EST). Note that predicted
NH4

+ concentrations were calculated from measured SO4
2�, NO3

�, and Cl� assuming full neutralization of
these anions by NH4

+.

Figure 11. Average compositions of neutralized and
‘‘more acidic’’ NR-PM1 particles during 7–22 September
2002. The neutralized particles are defined as those with
measured-to-predicted ratio of NH4

+ between 0.93 (the
mean value) and 1.15 (90th percentile), and the ‘‘more
acidic’’ particles are those with a ratio of less than 0.75, i.e.,
those that contain approximately equal moles of NH4HSO4

and (NH4)2SO4.
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mixing layer depth and gas to particle partitioning of HNO3

appear to have played important roles in driving the diurnal
cycles of the particulate NO3

� concentrations. On the other
hand, the fact that the NO3

� concentrations remain high for
�2 hours after �7:00 am, when in general Kp starts to
decline and boundary layer height begins to increase,
suggests that either photochemical production of HNO3 or
transport of nitrate particles are responsible for maintaining
the NO3

� level during this period of time. Despite the
relatively higher photochemical production of HNO3 in
the afternoon, this mechanism does not result in increased
NO3

� concentrations during that time period.
3.3.2. Combustion Sources and Photochemical
Formation of Organic Aerosols
[57] In addition to the average size distributions (see

section 3.2.3), the average mass spectra of organic aerosols
are also considerably different between the morning rush
hours (i.e., 6–9 am EST or 7–10 am local time) and the
afternoon (1–4 pm; Figure 13). The mass spectrum of the
morning organic aerosols shows prominent peaks at m/z 55
(C4H7

+ and C3H3O
+) and 57 (C4H9

+), which are generally
associated with primary (combustion-emitted) organics
from combustion sources [Alfarra et al., 2004; Canagaratna
et al., 2004], while that of the afternoon organic aerosols is
dominated by m/z 44 (CO2

+), which is a pronounced peak
in the AMS mass spectra of oxygenated organics [Alfarra
et al., 2004; Drewnick et al., 2004b]. Note that m/z 43
(C3H7

+ and C2H3O
+) is a major peak in both mass spectra,

because it is produced in roughly equal fractions from
primary and secondary/oxidized organic aerosols and
therefore is more of a surrogate for the bulk organics. In
addition, mass fragments that are representative for com-
bustion source organic species, such as m/z 69, 71, 85, 91
and 95 [McLafferty and Turecek, 1993], are all compara-
tively higher in the mass spectrum of the morning organics
(Figure 13). Overall these mass spectra are consistent with
morning organic aerosols having a higher contribution of
traffic-related combustion source emissions while the
afternoon aerosols appear to be more oxidized.
[58] A study with two AMSs at 3 sites in the Vancouver

area in Canada reported much more marked differences
between the mass spectra of urban and rural organic
aerosols [Alfarra et al., 2004] than between the morning
and afternoon spectra in this study. The reason for the
relatively smaller difference in the mass spectra in this
study is that primary aerosols always contribute to the

observed concentrations in Pittsburgh, while their contribu-
tion is very small for the rural aerosol in Vancouver. In
addition, relatively high background of oxidized organic
aerosols has been observed in both studies most of the time.
[59] Since aged organic species more likely reside in the

accumulation mode, we compared the diurnal profiles of
small mode (Dva = 30–100 nm) and accumulation mode
(Dva = 250–1000 nm) organics (Figure 14). The mass
concentrations of the ultrafine mode are elevated in the
morning and evening rush hours and are much lower in
the afternoon when photochemistry is usually intense. The
accumulation mode on the other hand, did not show much
of a diurnal variation. The average mass loading of the
accumulation mode organic aerosols increased slightly
between 1 pm and 4 pm, suggesting the formation of
secondary organic aerosols. We observed a comparatively
good correlation between the accumulation mode organics
and sulfate (r2 = 0.73; Figure 15), which is an indication
that these two species are likely internally mixed in the
accumulation mode particles. The slope of the regression

Figure 12. Average diurnal variations of 1-hour-averaged NO3
� concentrations, CO, UV � NO2, and

the equilibrium constant for NH4NO3 formation (Ksp) during 7–22 September 2002.

Figure 13. Average AMS mass spectra of organic particles
during (a) 6–9 am and (b) 1–4 pm (7–22 September 2002
EST). Note that local time during this study was EDT, which
is 1 hour ahead of EST.
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line likely represents the ratio of the source strengths of
both aerosol types in the region.

4. Conclusions

[60] Nonrefractory submicron particles (NR-PM1) were
measured in Pittsburgh from 7 to 22 September 2002 using
an Aerodyne AMS. Reasonably good agreement was ob-
served between the AMS and collocated instruments on
total and species mass concentrations, and on size distribu-
tions, with smaller AMS concentrations likely due to the
difference between PM1 and PM2.5. The comparisons of
the size distributions obtained by the AMS and the SPMS,
and the AMS composition data suggest that the average
density of particles in Pittsburgh during this period was
�1.5 g cm�3.
[61] Submicron particles in Pittsburgh during this time

period were generally characterized by high contents of
SO4

2� and organics, and low levels of NO3
� and Cl�. The

mass balance between NH4
+ and the anions suggest that

the majority of the particles are neutralized to slightly
acidic. However, during relatively polluted periods signif-
icantly acidic particles (i.e., those estimated to contain
approximately equal or larger amounts of NH4HSO4 than
(NH4)2SO4) are observed. Compared to neutralized par-
ticles, acidic particles generally contain significantly more
sulfate, comparable amounts of organics and NH4

+, and
less NO3

� and Cl�. We see no evidence of enhanced
secondary organic aerosol formation due to acid-catalyzed
organic chemistry.

[62] We observed a quickly changing aerosol popula-
tion due to the combined influences from transport, local
emissions, gas-to-particle conversion, and photochemistry.
Through this entire study, the mass concentration of NR-
PM1 varies from below 1 mg m�3 to as high as �70 mg
m�3, with an average value of �15 mg m�3 and a

Figure 14. Average diurnal variations of (a) the ultrafine and (b) the accumulation mode organic
particles during 7–22 September 2002 EST.

Figure 15. Correlation between organics and sulfate in the
Dva = 250–1500 nm particles. Data points are colored by
the time. The red line is a linear fit to the data.
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standard deviation of 9 mg m�3. The mass concentrations
and size distributions of particulate species vary on
timescales between less than an hour to �2 days. On
the basis of the size distributions and diurnal profiles of
the particle species, in addition to the mass spectra of the
organic aerosols, we found that the NR-PM1 particles in
Pittsburgh are composed of 3 major modes, an ultrafine
mode that is mainly composed of traffic organics, a
relatively aged mode that likely grew by gaseous con-
densation, and an accumulation mode that is dominated
by sulfate and ammonium.

Appendix A: Removal of Gaseous Interference
From the Size Distribution of Ammonium

[63] The NH4
+ size distribution was derived from the

signal distribution of m/z 16 (NH2
+) in the P-TOF range

corresponding to the sizes of the particles transmitted into
the AMS. However, the O+ (also m/z 16) signal from the
ionization of gas phase O2 tails into the particle region,
interfering with the measurement of NH4

+ in small particles
for Dva < 100 nm (Figure A1). The tail of the O2 signal,
which is attributed to a spread in the velocities of O2

molecules after the focusing lens, can be modeled using
an exponential fit that has the same functional form as the
one-dimensional Boltzmann velocity distribution function
[Atkins, 1998; Morris, 2002],

s ¼ a� exp � v� bð Þ2

c

 !
ðA1Þ

where s is the ion rate (Hz) detected for the signal, a, b, and
c are fit parameters, and v is the velocity of the species
measured in the P-TOF sizing chamber.
[64] Because the same function should apply to all

gaseous species, N2 and O2 alike, we estimated the a,
b, and c values by fitting the signal distribution of m/z 28
(N2

+) to equation (A1), for P-TOFs corresponding to 1–
200 nm in Dva (Figure A1a). m/z 28 was chosen because
among all m/z it has the highest signal-to-noise ratio and is
the least affected by particle signals. Using the fitted a, b,
and c values, the gas phase signals of m/z 16 were then
calculated and subtracted from the 1–200 nm region to give
‘‘filtered’’ NH4

+ distributions (Figure A1a). All reported size
distributions of NH4

+ were corrected with this method. It
needs to be noted that this correction is negligible for
particles larger than Dva of �70 nm (Figure A1b), but is
critical for a quantitative examination of the chemistry of
new particles during the nucleation events [Zhang et al.,
2004].
[65] The same technique is generally applicable to

removal of gas signals from the size distributions of
particle species, such as m/z 28 (CO+) and m/z 44
(CO2

+) for organics and 18 (H2O
+) for water. At ambient

conditions, except for m/z 28, whose size distribution in
the particle range is hugely influenced by gaseous N2,
other m/z generally chosen in P-TOF mode contain
negligible amounts of gas signals compared to the particle
signals because the aerodynamic lens and skimmers of

Figure A1. (a) Distributions of m/z 16 (NH2
+ and O+) and

28 (N2
+) signals as a function of measured particle velocity;

(b) mass distributions of ammonium as a function of Dva

before and after the removal of gas phase O+ signals.

Figure B1. (a) P-TOF of ions (m/z = 27, 51, 78, 104 and
193; quadrupole extraction voltage = 180 V) originated
from monodisperse 500 nm PSL spheres; (b) differences in
Dva due to 60 ms difference in P-TOF plotted as a function
of particle size.
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the AMS reduce the concentration of gas phase species
by a factor of 107 relative to aerosol species [Allan et al.,
2004b].

Appendix B: Adjustment of the NH4
+++++ Size

Distributions for Faster Ion Flight in the
Quadrupole

[66] We observed a small (approximately 60 ms) shift in
time of flight between the distributions of ammonium and
sulfate throughout this campaign. The shift arises partly
because the NH2

+ ion (m/z 16) travels slightly faster within
the quadrupole than the SO+ and SO2

+ ions (m/z 48 and 64)
do. This is expected since all singly charged ions have the
same kinetic energy of about 14 eV in the quadrupole (as
used in AMS instruments), and thus the dwelling times of
ions in the quadrupole are proportional to the square root of
the mass to charge ratio of the ions. To adjust for this mass-
dependent ion transition time in the quadrupole we mea-
sured the apparent P-TOF for various PSL ions originated
from the same monodisperse particles. This experiment
shows that the average difference between the P-TOFs of
SO4

2� ions and that of NH4
+ was indeed �60 ms (Figure B1).

Because no obvious shifts in P-TOF were observed between
internally mixed SO4

2� and NO3
� or organics we adjusted the

size distributions of NH4
+ by increasing its time of flight by

60 ms.
[67] As shown in Figure B1b, the relationship between

Dva and P-TOF is nonlinear: a 60 ms difference in P-TOF
translates into �10–15% difference in Dva in particles
smaller than 70 nm but only 4–5% for the accumulation
mode particles. As such, this is most important for the
small size NH4

+, which is only significant during the
new particle formation and growth events [Zhang et al.,
2004].
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New particle formation and growth events have been
observed in several urban areas and are of concern due
to their potential negative effects on human health. The main
purpose of this study was to investigate the chemistry of
ultrafine particles during the growth phase of the frequently
observed nucleation events in Pittsburgh (∼100 events
per year) and therefore infer the mechanisms of new particle
growth in the urban troposphere. An Aerodyne aerosol
mass spectrometer (AMS) and two SMPS systems were
deployed at the U.S. EPA Pittsburgh Supersite during
September 2002. Significant nucleation events were observed
in 3 out of the 16 days of this deployment, including one
of the 10 strongest nucleation events observed in Pittsburgh
over a period of 15 months. These events appear to be
representative of the climatology of new particle formation
and growth in the Pittsburgh region. Distinctive growth
of sulfate, ammonium, organics, and nitrate in the ultrafine
mode (33-60 nm in a vacuum aerodynamic diameter or∼18-
33 nm in physical diameter) was observed during each
of these three events, with sulfate always being the first
(and the fastest) species to increase. Ultrafine ammonium
usually increased 10-40 min later than sulfate, causing
the ultrafine mode particles to be more acidic during the
initial stages of the nucleation events. Significant increase
of ultrafine organics often happened after 11:00 a.m.,
when photochemistry is more intense. This observation
coupled with a parallel increase of ultrafine m/z 44, a mass
fragment generally representative of oxygenated organic
compounds, indicates that secondary organic species
contribute significantly to the growth of particles at a
relatively later time of the event. Among all these four species,
nitrate was always a minor component of the ultrafine

particles and contributed the least to the new particle
growth.

1. Introduction
New particle formation and growth events have been
observed in many locations including forested (2, 3), coastal
(4-6), rural/remote (7-11), arctic (12, 13), and urban (1, 7,
14-19) areas. These events are one of the major sources of
ultrafine particles in both clean and polluted atmospheres
and an important mechanism for sustaining the ambient
aerosol population. Given the increased toxicity of ultrafine
particles (20) and the role of ultrafine particles in particle-
related premature deaths and morbidity (21-24), the abun-
dance of these particles after nucleation is considered as a
potential human health hazard. In addition, the growth of
nuclei from a detectable size of a few nanometers into
particles that are optically active and efficient cloud con-
densation nuclei has important implications for visibility
and climate (4, 25, 26).

New particle formation events have been observed in
Pittsburgh, PAsa polluted urban area in the Northeastern
United Statessduring all seasons, most frequently in spring
and fall (1). While these events are often associated with
elevated SO2 and UV radiation, and thus presumably with
high rates of H2SO4(g) production, classical binary H2SO4-
H2O nucleation theory considerably underestimates the
frequency and intensity of the events (1). For this reason,
additional species such as ammonia and/or organics have
been suggested to participate in nucleation and nuclei growth
(1). To some extent, this hypothesis is supported by recent
model and field studies, which suggest that ternary nucleation
(H2SO4 + NH3 + H2O) may be an efficient and prevalent new
particle formation mechanism in the troposphere (8, 9, 25,
27, 28) and that the growth of fresh nuclei (1-3 nm in
diameter) often requires the involvement of species other
than H2SO4 and H2O (25, 29, 30). Nevertheless, to identify the
compounds that are responsible for new particle formation
and growth, it is necessary to study the chemistry and
dynamics of ultrafine particles in the atmosphere with direct
measurements.

The evolution of the particle number concentration and
size distribution during nucleation has been characterized
in a number of field studies, often with techniques such as
scanning mobility particle sizers (SMPS; also known as
differential mobility particle sizers or DMPS) (1, 31, 32) and
ultrafine condensation particle counters (UCPC) (4, 11, 31,
33). However, none of these techniques determine particle
composition. Recently a thermal desorption chemical ion-
ization mass spectrometer (TDCIMS) that is able to quantify
the composition of nucleation mode particles has been
described (34, 35). This instrument has been employed to
study atmospheric nucleation in Atlanta, GA, where it was
found that newly formed aerosol in the 8-15 nm diameter
range were composed of sulfate that is neutralized to varying
degrees by ammonium (36).

Besides TDCIMS, the aerosol mass spectrometer (AMS)
developed by Aerodyne Research Inc. (37, 38) is also able to
determine the composition of ultrafine particles. Despite its
comparatively larger minimum-size cutoff (∼30-35 nm in
a vacuum aerodynamic diameter or ∼20 nm in physical
diameter, see section 2.3.1), the AMS is a powerful tool for
studying new particle growth events in the atmosphere
because of it fast time response, high sensitivity, and
simultaneous measurement of the particle size distribution
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for∼10-20 ion mass to charge ratios (i.e., m/z values). Indeed,
the AMS has been successfully applied in a recent environ-
mental (“smog”) chamber study on new particle formation
and growth (6, 39).

In September 2002, an Aerodyne AMS, together with two
SMPS systems, was operated at the Pittsburgh U.S. EPA
Supersite as part of the Pittsburgh Air Quality Study (PAQS)
(40). One of the main purposes of this deployment was to
characterize the chemistry of particles during the growth
phase of the frequently observed nucleation events in
Pittsburgh. We report here (i) the temporal variations of
particle size, number, and composition during the nucleation
events; (ii) the dynamics of chemical species in the ultrafine
particles; and (iii) the possible mechanisms responsible for
the growth of ultrafine particles.

2. Experimental Methods
2.1. Sampling Time and Location. All measurements in this
study were conducted on the main PAQS sampling site (40°27′
N, 79°57′ W) at Schenley Park right next to the campus of
Carnegie Mellon University, which is about 6 km east of
downtown Pittsburgh (40). The AMS operated continuously
for 16 days from September 7 to September 22, 2002. The
Supersite, including the SMPS systems and gas-phase and
meteorology measurements, was operated far longer, almost
continuously from July 2001 to October 2002 (40). The study
described here only encompasses the AMS operation period.
All reported dates and times are Eastern Standard Time (EST).

2.2. Instrumentation and Measurements.

2.2.1. Measurements of Particle Composition. Mass
concentrations and size distributions of submicron nonre-
fractory sulfate, nitrate, ammonium, and organics were
measured with the AMS. Detailed descriptions of the Aero-
dyne AMS can be found elsewhere (37, 38, 41). Specific
information on the AMS operation and data analysis during
this study is presented in another paper (42), and only the
main points are given here. Two new techniques were applied
to improve the determination of the NH4

+ size distribution
for ultrafine particles. These involved (a) removing the
interference of gaseous O+ (m/z 16) signal on the size

distributions of the NH2
+ fragment of ammonium below 100

nm (42) and (b) correcting the NH4
+ size distributions for the

faster ion flight from ionizer to detector by ∼60 µs as
compared to sulfate (42). Details of the new techniques and
of the standard technique for determining NH4

+ mass
concentrations from AMS data are presented in two other
publications (42, 43).

The averaging time for the AMS measurements was 10
min initially and 5 min after 9:40 a.m., September 12, 2002.
The AMS has nearly 100% transmission efficiency for particles
in the size range of 60-600 nm vacuum aerodynamic
diameters (Dva) and partial transmission up to 1500 nm (37).
On the basis of our size calibrations, we estimated that the
lower transmission limit of the AMS was ∼33 nm (Dva) with
an uncertainty of up to 7 nm (42). No attempt was made to
correct the measured size distributions for partial transmis-
sion of larger and smaller particles. While this may lead to
an underestimation of the growth rate of ultrafine species,
it does not affect our ability of identifying the species that
are responsible for the growth.

2.2.2. Measurements of Particle Number and Size
Distributions. Two scanning mobility particle sizers (SMPS),
a TSI 3936N25 nano-SMPS (3-83 nm) and a TSI 3936L10
SMPS (10-680 nm), were operated to measure particle
number concentration as a function of mobility diameter
(Dm) (1). The SMPS systems sampled alternatively between
dry (<30%) and humid (at ambient relatively humidity)
modes but only the dry-mode data are reported here. Each
SMPS size distribution used here is the average of two up-
scans (5 min each) onto a 15-min time interval. A single size
distribution from 3 to 680 nm Dm was formed by merging
data from these two SMPS systems and using data from the
nano-SMPS up to 30 nm. No multipliers are used to enforce
continuity of the size distribution.

2.2.3. Measurement of Gaseous Pollutants and Meteo-
rology. Data on concentrations of major gaseous pollutants
(SO2, O3, CO, NO, and NOx), UV radiation, and other
meteorological parameters were collected at a time resolution
of 10 min during this study. Detailed information on these
measurements is available elsewhere (40).

TABLE 1. Summary of Conditions during Nucleation Events and in Base Case Situations during September 7-22, 2002a

nucleation
starting

timeb
event

intensity
Ntot

c

(cm-3)
dNtot/dt d

(cm-3 h-1)
N10

c

(cm-3)
dN10/dt d

(cm-3 h-1)
N30-78

c

(cm3 s-1)
Me

(µg m-3)
M33-60

f

(µg m-3)
RH
(%)

T
(°C)

P
(Torr)

SO2
(ppb)

NO
(ppb)

CO
(ppm)

UV
(Wm-2)

CS
(cm-2)

Nucleation Periods
9/8/02, 10:30 Strong 1.2E+05g 2.4E+05 2.8E+04 1.2E+05 2.3E+04 20.2 0.70 35 28 740 62 3.4 0.60 28.0 1.0E-02
9/9/02, 9:45 Moderate 4.1E+04g 1.2E+04 1.6E+04 1.4E+04 8.6E+03 11.5 0.53 36 27 738 6.1 11.5 0.76 23.5 3.8E-03
9/12/02, 8:15 Strong 1.0E+05 2.1E+05 6.9E+04 1.9E+05 5.5E+03 6.0 0.33 53 17 737 33 11 0.51 17.0 7.3E-03

Statistics for Nucleation Periods
average 8.9E+04 1.5E+05 3.8E+04 1.1E+05 1.2E+04 12.6 0.52 41 24 738 33 8.8 0.63 22.8 7.0E-03
1σ 4.3E+04 1.2E+05 2.8E+04 8.6E+04 9.5E+03 7.14 0.18 10 6 2 28 4.7 0.13 5.6 3.1E-03
median 1.0E+05 2.1E+05 2.8E+04 1.2E+05 8.6E+03 11.5 0.53 36 27 738 33 11.5 0.60 23.5 7.3E-03
min 4.1E+04 1.2E+04 1.6E+04 1.4E+04 5.5E+03 6.01 0.33 35 17 737 6.1 3.4 0.51 17.0 3.8E-03
max 1.2E+05 2.4E+05 6.9E+04 1.9E+05 2.3E+04 20.2 0.70 53 28 740 62 12 0.76 28.0 1.0E-02

Statistics for Base Case Situationa

average 2.5E+04 1.0E+04 5.6E+03 14.3 0.22 69 22 735 6.0 11 0.73 12.6 9.0E-03
1σ 1.1E+04 9.4E+03 4.2E+03 10.2 0.25 16 4 2 5.6 19 0.24 8.0 5.9E-03
median 2.3E+04 6.9E+03 3.5E+03 12.9 0.15 68 22 735 4.0 3.8 0.69 10.4 7.9E-03
min 6.9E+03 5.2E+02 5.9E+02 0.76 0.57 29 15 730 0.5 1.9 0.40 1.8 1.2E-03
max 9.1E+04 7.4E+04 1.8E+04 60.9 1.26 96 31 738 36 133 1.66 30.1 3.1E-02

a The reported variables are the average of the 2-h period from the beginning of a given nucleation event (see footnote b). The base case
situations are the average between 8:15 a.m. and 13:00 p.m. during nonnucleation days. All times are in Eatern Standard Time. b Defined as the
time when N10 shows detectable increase. c Particle number counts measured by the SMPS with mobility diameters indicated in the subscript.
Specifically, Ntot: total number of particles in 3-680 nm unless flagged (see footnote g); N10: Dm ) 3-10 nm; N30-78: Dm ) 30-78 nm. d Average
increase rates (calculated by a linear fit) of particle number or total mass during the time period from the starting of the nucleation to when N10

peaks (i.e., 10:45-11:30 a.m. on 9/8/2002; 9:45-11:15 a.m. on 9/9/2002; and 8:15-9:00 a.m. on 9/12/2002). e Total fine particulate mass measured
by the AMS; [M] ) [SO4

2-] + [NO3
-] + [NH4

+] + [organics]. f Total mass of ultrafine particles (i.e., Dva ) 33-60 nm). g No particle number data
available above 78 nm; therefore, Ntot is the sum of particle number in 3-78 nm.
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2.3. Data Analysis.
2.3.1. Terminology. Mobility diameter (Dm) and vacuum

aerodynamic diameter (Dva) are used in parallel throughout
the paper with Dm denoting SMPS-measured sizes and Dva

AMS sizes. Note that Dva (the aerodynamic diameter of
particles measured in the free-molecular regime) differs from
the classical aerodynamic diameter (Dca; or aerodynamic
diameter of particles in the continuum regime) in that (i) Dva

is proportional to particle material density instead of the
square root of the density and (ii) Dva and Dca relate differently
to the dynamic shape factor (ø) (39, 44). Dm is also dependent
on ø but not on particle material density. As a result, the ratio
of Dva to Dm is a function of size, composition, shape, and
relative humidity for ambient particles. However, the Dva to
Dm ratio simplifies to particle density for spherical particles,
for which ø ) 1. The average density for the bulk Pittsburgh
particles (usually dominated by the accumulation mode) was
estimated to be roughly 1.5 during this study, based on the
average particle composition (∼70% ammonium, sulfate, and
nitrate and ∼30% organics) in Pittsburgh (42).

Because the new particles formed during the nucleation
events in Pittsburgh appear to be mainly composed of sulfuric
acid neutralized to a varying degree by ammonium and likely
containing some water (due to the high hygroscopicity of
H2SO4) by the time they are first detected by the AMS, we
assume that those particles are spheres with a density of
∼1.8 g/cm3. In this way, we estimate that the smallest particles
(i.e., Dva ) 33 nm) detectable by the AMS in these events
have a physical diameter of about 18 nm and contain ∼200
times more mass than a 3-nm nucleus. Because of this
limitation, we can directly address the question of which
species contribute to the growth of new particles but not of
which species formed the initial 1-3 nm nuclei. From this
point of view, the AMS is complementary to the TDCIMS
instrument for the study of new particle formation and growth
(34, 35), since the later instrument can analyze smaller
particles but of only one size and composition at a time.

In this paper, the modes of the observed particle size
distribution are named according to the following conven-

tion: “nucleation mode” (Dm ) 3-10 nm), “ultrafine” or
“Aitken mode”(Dm ) 10-100 nm), and “accumulation mode”
(Dm ) 100-1000 nm) (33). Number concentrations of particles
in a given size range (integrated from dN/dlogDm) were
denoted as N with their Dm range as subscripts. Specifically,
N10 stands for the number concentration of nucleation mode
particles from 3 nm (the lower detection limit of the SMPS
system) to 10 nm; N30-78 stands for the “growth mode” from
30 to 78 nm; and Ntot stands for the total concentration of
3-680 nm. These size ranges are slightly different from those
listed above to maximize comparability of SMPS and AMS
data and also due to operational considerations for the SMPS.

By the same convention, SO4
2-

33-60, NH4
+

33-60, NO3
-

33-60,
and Org33-60 stand for the mass concentrations of SO4

2-, NH4
+,

NO3
-, and organics, respectively, in particles with Dva of 33

nm (the lower detection limit of the AMS) to 60 nm. The total
mass of particles (referred to as M) is defined as the sum of
these four species (e.g., M33-60 ) SO4

2-
33-60 + NH4

+
33-60 +

NO3
-

33-60 + Org33-60. In addition, m/z 4333-60, m/z 4433-60,
m/z 5533-60, and m/z 5733-60 stand for the nitrate-equivalent
mass concentrations of the organic fragments m/z 43, 44,
55, and 57, respectively, in 33-60 nm (Dva) particles. The
nitrate-equivalent mass concentration of a given organic
fragment equals the mass concentration of nitrate that would
produce an ion signal of the same intensity (by summing the
m/z 30 and 46 signals from nitrate) (38). The nitrate-
equivalent mass concentration can be converted into the
actual mass concentration by taking into account the
ionization efficiency of the species relative to that of nitrate,
its fragmentation pattern, and the collection efficiency of
the particles (38, 42). Detailed information on AMS quan-
tification is described in a separate paper (42).

2.3.2. Characterizing Nucleation Events. Nucleation
events were identified based on the evolution of the size
distributions and particle number concentrations. Primary
emissions of nucleation mode particles (e.g., from traffic)
were screened out if the increase of N10 was comparatively
low and correlated with increases of CO and NO (1), and the
size distributions were broader than those typically observed

FIGURE 1. Change of (a) particle size distribution; (b) number concentration and total mass loading; and (c) SO2, CO, and mixing layer
depth as a function of time on September 12, 2002, a day with a well-defined and intense nucleation event. Mixing layer depth was
calculated with the HYSPLIT4 trajectory model using EDAS wind field data.
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during nucleation events. Once identified, nucleation events
were further categorized into “weak” (dN10/dt < 4000 cm-3

h-1), “moderate” (15 000 > dN10/dt > 4000 cm-3 s-1), or
“strong” (dN10/dt > 15 000 cm-3 h-1) following the clas-
sification of Stanier et al. (1).

2.3.3. Condensational Sink and Coagulation Time. The
aerosol condensational sink (CS, in units of cm-2) is a measure
of the available surface area for condensation. A larger CS
is less favorable for nucleation. For this study CS was
integrated from Dm of 3-680 nm, the size range of the SMPS
measurement, using the formulation of Pirjola et al. (45).
Because of this incomplete integration and because our Dm

values were for dry particles (see section 2.2.2), we likely
underestimate the actual CS, especially for aged air masses
that contain more larger particles and for periods that were
relatively humid.

As an attempt to qualitatively evaluate the growth history
of the ultrafine particles (i.e., Dva > 33 nm; the AMS
measurable size range), we compared the characteristic time
of coagulation to that of condensation for the nucleation
mode particles. The characteristic time of coagulation was
computed based on the theory of Brownian coagulation of
polydisperse aerosols (46) using the Aerosol Calculator
Program developed by Baron and Willeke (47).

2.3.4. Calculation of Mixed Layer Depth. Hourly values
of mixed layer depths reported in this study were calculated
using the Hybrid Single Particle Lagrangian Integrated
Trajectory (HYSPLIT4) model and the EDAS meteorological
data set available at http://www.arl.noaa.gov/ready/hysplit4.
html. Note that the mixing layer depth calculated by this
method can have significant uncertainties and is treated
qualitatively in this study.

FIGURE 2. Average diurnal patterns of various parameters on days with and without nucleation events. Symbols represent average values;
errors bars are one standard deviation.
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FIGURE 3. Time series of the mass concentrations of particle species and apparent volume (a) and evolutions of the size distributions
for apparent volume (b), total mass concentration (c), and mass concentrations of chemical species (d-g) on September 12, 2002. The
four stages (I-IV) of the nucleation and growth are marked on plot a. To the right of the corresponding image plot are the average size
distributions of given parameter during these four stages (b′-g′). Particle apparent volume was calculated using SMPS number distribution
data assuming spherical particles. Missing data (white areas in plot a and gray areas in plots b-g) are due to either occasional instrumental
malfunction or maintenance/calibration. White areas in plots b-g are due to the omission of data points that are below the detection
limit (1σ) of the AMS.
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3. Results and Discussion
3.1. Characteristics of the Nucleation Events.

3.1.1. General Characteristics. Three significant nucle-
ation and particle growth events (on September 8, 9, and 12,
respectively) and one weak event (on September 7) were
observed during September 7-22, 2002. Although another
event may have occurred on September 13 (based on the
increase of the number and mass concentrations of ultrafine
particles larger than 15 nm), we were not able to quantify it
due to lack of information on particles below 15 nm (Dm).
All events started in the morning between ∼8:00 and 11:00
a.m. (Table 1). The average conditions during the initial 2-h
periods of the nucleation events on September 8, 9, and 12
along with those averaged from 8:00 to 13:00 EST on
nonnucleation days are summarized in Table 1. The Sep-
tember 7 event was not included due to large relative
interference from traffic emissions. The nucleation periods
are characterized by a substantial increase in the nucleation
mode particles (Dm ) 3-10 nm) (e.g., the average values of
N10 ranged from 16 000 up to 69 000 cm-3) as compared to
an average value of ∼10 000 ( 9 400 (1σ) during nonnucle-
ation periods (Table 1). Ntot and N30-78 as well as ultrafine
mass (i.e., M33-60) were also significantly higher, but the
average total mass loading (M; Dva ) 33-1000 nm) was slightly
lower (Table 1), indicating a smaller average aerosol size
during the nucleation periods.

The events on September 8 and 12 are classified as strong,
and that on September 9 was classified as moderate based
on their rates of increase in N10 (see section 2.3.2). Figure 1
shows the evolution of particle number and size distribution
on September 12, one of the 10 strongest nucleation events
observed in Pittsburgh over a period of 15 months (July 1,
2001-September 30, 2002) (1). Sharp increase of nucleation
mode particles started at ∼8:10 a.m. (e.g., N10 increased by
roughly a factor of 10 within ∼1 h) followed by a gradual
growth of the new particles (Figure 1a). Significant increase
of Aitken mode particles (e.g., N30-78 and M33-60) started
roughly 1 h after that of N10 and lasted for ∼5 h (Figure 1b).

Meanwhile, synchronous increases of SO2, decrease of CO,
and rise of the calculated (HYSPLIT4) boundary layer height
were observed at the start of this event (Figure 1c), indicating
that these changes are likely a result of breakup of the morning
inversion that mixes down SO2-enriched but CO-depleted
air from aloft and dilutes the accumulated city emissions.
According to Stanier et al. (1), this phenomenon is fairly
common in Pittsburgh during the spring and fall. The well-
defined nucleation and particle growth characteristics also
suggest that the event on September 12 is occurring on a
regional scale (1).

The major traits of the development of particle number
concentrations and size distributions during the other two
events are generally similar to this one (Table 1) and are
consistent with observations from a 15-month study of
Pittsburgh nucleation (1). Therefore, although we only
characterized three events, they appear to be representative
of the climatology and the strength of nucleation events in
the Pittsburgh area.

3.1.2. Diurnal Patterns. Figure 2 summarizes the 1-h
average diurnal profiles of 12 parameters on days in which
nucleation was not observed, together with the individual
time series for the three nucleation days. In general, the
diurnal profiles of nonnucleation days are comparatively flat
while those of nucleation days show much more variation.
In addition to higher UV radiation and elevated SO2 (Figure
2a,b), we observed good correlation between N10 and the
product of UV and SO2 (a proxy for the H2SO4 production
rate) during nucleation events (Figure 2c,d; Table 1). This
observation, as well as the fact that N10 and UV*SO2 rise
simultaneously, suggests an essential role played by H2SO4

in the nucleation and early growth. Particle condensational
sink before the September 12 nucleation event (those on
September 8 and 9 were not calculated due to lack of SMPS
data for Dm > 78 nm) was comparatively smaller than that
during the same periods on nonnucleation days (Figure 2g).
This observation is consistent with the finding of Stanier et
al. (1) that low available aerosol surface favors the formation
of new particles, probably through the accumulation of

FIGURE 4. Variations in the mass concentrations of SO4
2-, NH4

+, NO3
-, and organics in the accumulation mode (Dva ) 300-500 nm) and

the intermediate mode (Dva ) 100-200 nm) together with those of CO and SO2 during the initial stage of nucleation on September 12, 2002.
Note that ammonium and nitrate were scaled in the graph to match sulfate and organics, respectively; see the legends in the plots for
scaling factors.
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condensable species in the gas phase that can be used to
nucleate and grow new particles.

The mass concentrations of sulfate, ammonium, nitrate,
and organics in the 33-60 nm (Dva) particles all increased
considerably during nucleation days, but between 20 min to
1.5 h later than the rise of N10 (Figure 2h-l). The lag
corresponds to the time needed for the nucleation mode
particles to grow into the size range detectable by the AMS.
The average diurnal profile of Org33-60 during nonnucleation
days resembles those of NOx and CO (Figure 2e,f,k), indicating
a major combustion (probably traffic) source for the small
mode organics (38, 42, 48).

3.2. Evolution of Particle Chemistry during the Nucle-
ation and Growth Event on September 12, 2002. We focus
on the September 12 event because of its well-defined
nucleation and growth characteristics (Figure 1) and the fact
that it is one of the 10 strongest events observed in Pittsburgh
in 15 months.

3.2.1. Chemistry and Dynamics of Size-Resolved Aerosol
Species. Figure 3 provides an overview of the aerosol
characteristics and their development on September 12, 2002.
We have divided the nucleation event into four consecutive
periods (I-IV) based on the dynamics of N10 and N30-78. Stage
I (8:10-9:30) corresponds to the initial nucleation period
from the beginning of the rise of N10 to its peak; stages II
(9:30-11:30) and III (11:30-14:30) represent the growth
period during which N10 was decreasing while N30-78 gradually
grew to its maximum; and stage IV (14:30-17:05) represents
a later period of the event when both N10 and N30-78 were
decreasing. Average size distributions during these four stages
are plotted to the right of the corresponding image plot (Figure
3b′-g′).

As shown in Figure 3a, the aerosol mass loading increased
in the early morning (likely due to rush hour traffic) and
gradually decreased during stage I. This decrease coincides
in time with a decrease in ambient CO concentration, an
increase in SO2, and the (modeled) rise of the mixing layer

height (Figure 1c) and therefore is likely a result of dilution
of the accumulated city emissions by an SO2-enriched air
mass from aloft. Particle mass concentration increased
gradually after stage I but remained comparatively low for
the rest of the day (Figure 3a).

The size distributions of particle apparent volume and
non-refractory mass also changed considerably during this
event (Figure 3b-g). The distribution of aerosol apparent
volume (calculated from the corresponding SMPS number
data assuming spherical particles) was dominated by a single
accumulation mode centered at ∼290 nm (Dm) before
nucleation and developed into a trimodal distribution soon
after, with the simultaneous appearance of an intermediate
mode (centered at ∼90 nm Dm) and the nucleation mode
(Figure 3b,b′). Both modes grew larger in size and in volume
concentration during the rest of the event. The intermediate
mode, for example, grew by ∼50% from a Dm of 88 to 122 nm
from stage I to stage IV, while the nucleation mode grew by
a factor of 5 from 11 to 55 nm. The accumulation mode, in
contrast, showed a slight increase in concentration and
almost no change in size.

The size distribution of the AMS-measured aerosol mass
() sulfate + ammonium + nitrate + organics) resembles
that of SMPS-measured volume (Figure 3b,c). However,
because the sizing limit of the AMS (Dva ) 33 nm) is larger
than that of the SMPS (Dm ) 3 nm), the smallest mode on
the mass distributions appeared at a relatively later time.

The evolution of the size distributions of sulfate was very
similar to those of mass and volume, except for the dynamics
of the intermediate mode that emerged shortly after the
nucleation (Figure 3b-d,b′-d′). The intermediate mode on
particle volume distribution (Dm ) 60-120 nm) declined
first and then grew higher (Figure 3b′), while that of sulfate
(Dva ) ∼ 100-200 nm) did the oppositesincreased signifi-
cantly from stage I to stage II and gradually decreased
afterward (Figure 3d′). The size distributions of ammonium,
although noisier due to comparatively higher background

FIGURE 5. (a) Concentrations of SO4
2-, NH4

+, NO3
-, organics, and particle volume in the 33-60 nm (Dva) particles on September 12, 2002.

Particle volume was calculated using SMPS data in the Dm range of 18-33 nm by assuming spherical particles with density of 1.8 g cm3.
(b) Percent fraction of each species vs total () sulfate + nitrate + ammonium + organics) in the 33-60 nm (Dva) particles. Missing data
are due to either occasional instrumental malfunction or maintenance/calibration.
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signal for this species in the AMS (42), look similar to those
of sulfate on almost every aspect, even in terms of the
declining of its intermediate mode from stage II to stage IV
(Figure 3d,e,d′,e′). The appearance and the increase of the
intermediate mode sulfate and ammonium paralleled those
of SO2 (Figure 4a), suggesting that both of them likely came
from the same stable layer that capped the boundary layer
before the breakup of the inversion.

The size distributions and evolution patterns of organics
and nitrate are quite different from those of sulfate and
ammonium, especially in the early morning before the start
of the nucleation. First of all, in addition to the accumulation
mode centered at Dva ∼400 nm, organics and nitrate had an
additional Aitken mode centered at ∼100 nm (Figure 3f,g).
The organic component of these smaller mode particles,
which contained much less ammonium and sulfate, appeared
to come from traffic emissions based on their time variation
and their strong correlation with CO and NOx (42). This mode
would likely contain internally mixed soot as well; however,
the AMS is not capable of detecting this material at the aerosol
vaporizer temperature employed for this study (∼600 °C).
Increase of particulate nitrate in the early morning may be
attributed to the favorable thermodynamic conditions for
conversion of gaseous HNO3 and NH3 into NH4NO3 aerosol
(low temperature and high RH) or to the formation of nitrate
via the NO3 radical and N2O5, a mechanism that is most
active at night. Similar phenomenology for nitrate has been
observed at other locations in the Eastern United States (38,
49).

During the initial stage of the nucleation (e.g., from 8:00-
9:30 a.m.), the mass concentrations of nitrate and organics
in both the accumulation mode (Dva ) 300-500 nm) and the
intermediate mode (Dva ) 100-200 nm) were gradually
decreasing, together with a similar magnitude of decrease of
CO (Figure 4b,d). Meanwhile, the intermediate mode sulfate
and ammonium were increasing, together with a similar
magnitude of increase of SO2 (Figure 4a). Because the increase
of SO2 was likely due to mixing of SO2-enriched air mass
from aloft while the decrease of CO was due to dilution of
city emissions, this intermediate mode appears to be an
externally mixed combination of a major portion of (NH4)2SO4

particles (i.e., neutralized) that came from the same air mass
as SO2 and a minor portion of preexisting urban particles
that were mainly composed of organics and nitrate.

Because the size distributions of all four species were
similar at Dva above 300 nm before the nucleation, the
accumulation mode was likely aged regional aerosols con-
sistent with an internal mixture of sulfate, ammonium,
organics, and a comparatively small amount of nitrate. During
the initial stage of the nucleation, all the accumulation mode
species, except for sulfate, decreased in parallel with CO
(Figure 4c,d) due to dilution from the air mixing down from
aloft. The reason for sulfate decreasing less (Figure 4c) was
probably its higher concentration in the air mass aloft and/
or the larger condensation of H2SO4.

Despite the initial differences, during stages III and IV
both nitrate and organics gradually developed into a trimodal
distribution that matched those of sulfate and ammonium

FIGURE 6. Hourly average of the mole ratio of measured NH4
+ vs predicted NH4

+ in three size bins of particles on September 12, 2002.
Error bars are standard errors of the mean (calculated from propagation of the corresponding errors for NH4

+
33-60, SO4

2-
33-60, and NO3

-
33-60

measurements and instrument noise). Note that only SO4
2-, NH4

+, and NO3
- data that are 3 times above the AMS instrument detection

limits were used to calculate the acidity values and that missing data are those below the detection limits. The predicted NH4
+ was

calculated from measured SO4
2- and NO3

- assuming full neutralization of these ions by NH4
+. A ratio of one suggests that the aerosols

are neutralized.
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(Figure 3c-g,c′-g′), indicating extensive condensation of
gaseous precursors of nitrate and organics onto preexisting
particles. This process gradually diminished the heterogeneity
of the particles so that they became more internally mixed.

3.2.2. Composition and Growth of Ultrafine Particles
(Dva ) 33-60 nm). The growth of nucleation mode particles
into the Aitken mode was one of the most prominent features
of the nucleation event (Figures 1a and 3). The smallest mode,
which was originally the nucleation mode, grew from an
average Dm of 11 nm in stage I of the nucleation event
gradually into 29, 46, and 55 nm subsequently across the
other three stages (Figure 3b′). Due to a larger size cutoff of
the AMS, this mode appeared at a later time on the mass
distributions, but the growth of each species was evident.
The growth appeared to proceed at different rates and

probably through different mechanisms (Figure 3d-f,d′-
f ′).

Variations of the mass concentration of SO4
2-, NH4

+, NO3
-,

and organics in the Dva range 33 (the lower bound of the
AMS detection) to 60 nm were thus carefully analyzed to
gain insights into which species contributed to the growth,
during which stage, and by what extent. Note that this size
range is equivalent to Dm of 18-33 nm assuming a density
of 1.8 g/cm3 (which would be appropriate for sulfuric acid
or ammonium sulfate particles) and spherical particles. It
took ∼1 h for the 3-10 nm (Dm) mode particles to grow into
this size range during this event.

As shown in Figure 5a, the concentrations of ultrafine
sulfate (i.e., SO4

2-
33-60) were very low before the nucleation

and started to increase at ∼9:00 a.m. A rapid increase of

FIGURE 7. (a) Time series of the nitrate-equivalent mass concentrations of organic fragments (m/z 43, 44, 55, and 57) in 33-60 nm (Dva)
particles on September 12, 2002 with the four stages of the nucleation event marked. (b-e) Evolution of the size distribution and mass
concentration of these four fragments during September 12, 2002. (b′-e′). The average size distribution of a given individual component
during the four stages of the nucleation event. Gray areas on plots b-e are due to either occasional instrumental malfunction or maintenance/
calibration; white areas are due to the omission of data points that are below the detection limit (1σ) of the AMS. Note that NO3

- equivalent
mass concentration equals the mass concentration of nitrate that would produce a signal of same intensity, summing all of nitrate’s m/z
(see section 2.3.1).
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SO4
2-

33-60 was observed at ∼9:50 a.m., followed by the rise
of NH4

+
33-60. Very high levels of ultrafine organics were

present prior to the nucleation event, probably due to traffic
emissions (Figure 5a). As a result, Org33-60 was more sensitive
to changes of the boundary layer height and thus decreased
dramatically during the initial stage of the nucleation (Figures
1c and 5a).

Org33-60 went through a temporary rise from ∼9:30 to
9:50a.m. but declined again afterward (Figure 5a). Because
this rise was coincident with a small increase in CO and
decreases in SO2 and SO4

2-
33-60, it was probably a result of

elevated detection of city emissions during this short period.
While it is also possible that this rise of small mode organics
was the result of organics being involved in the initial growth,
the comparatively high background level of traffic ultrafine
organics during this event and the relatively noisy signals of
m/z 44, a mass spectral marker of oxygenated organic species
(50), limited our ability to ascertain this point conclusively
for this particular event.

A discernible increase of NH4
+

33-60 was observed after
10:00 a.m., about 45 min after the rapid increase of SO4

2-
33-60

(Figure 5a). This delay suggests that the growth of the new
particles during this stage was dominated by condensation
of H2SO4 without enough NH3 to neutralize the growing
particles. The later uptake of NH3 by the particles occurred
as it became available (e.g., from traffic emissions) (51).
However, this observed lag does not rule out the involvement
of NH3 in the nucleation mechanism since the amount of
NH3 needed for nucleating a particle is at least 3 orders of
magnitude smaller than that needed for neutralizing H2SO4

in the ultrafine particles measured by the AMS. It is estimated
that given the high concentrations of SO2, and therefore H2SO4

production in sunny days, NH3-H2SO4-H2O ternary nucle-
ation is favored in Pittsburgh for as low as 10 ppt NH3 (52).

Org33-60 resumed a second rise at ∼11:15 a.m., when
NO3

-
33-60 also began to increase (Figure 5a). The increases

seem to be a result of condensation of photochemical
products onto ultrafine particles. Because of its very low
concentration compared to the other three species (e.g., ∼1%
of the M33-60) and the comparatively later rise of NO3

-
33-60,

nitrate seemed to have played a minor role in growing the
new particles.

As mentioned earlier in this section, the smallest particles
measured by the AMS during nucleation events were not
freshly formed but rather grew from the nucleation mode
that was formed ∼1-2 h before. We thus calculated the
characteristic times of coagulation and condensation to
compare the relative importance of these two mechanisms
for the growth of the nuclei to the minimum size detectable
by the AMS. According to our calculations, the growth of
nucleation mode particles due to gaseous condensation was
approximately an order of magnitude faster than that due to
coagulation. The later would have required more than 10 h

to grow the nucleation mode particles to the smallest size
detectable by the AMS. Therefore, we are unable to derive
the composition of original nuclei from these AMS measure-
ments but rather identify the species that contributed to the
condensational growth.

The mass fractions of each individual species in the 33-
60 nm mode as a function of the total (M33-60 ) SO4

2-
33-60

+ NO3
-

33-60 + NH4
+

33-60 + Org33-60) shows that before
nucleation Org33-60 was the dominant species, accounting
for ∼90% of M33-60 (Figure 5b). SO4

2-
33-60 quickly overtook

Org33-60 after the nucleation started and became the major
species (>50% in mass) in the ultrafine mode between 10:30
a.m. and 2:00 p.m. (Figure 5b). NH4

+
33-60 also rose substan-

tially during the same period. Afterward, the concentrations
of sulfate and ammonium in the 33-60 nm mode gradually
declined back to their pre-nucleation levels while Org33-60

kept rising and regained dominance (Figure 5b). There is
evidence (see section 3.2.4) that the ultrafine organic aerosols
present at high concentrations right before and after the
nucleation was mainly generated from combustion processes
(most likely traffic).

3.2.3. Particle Acidities. Particle acidity was examined
based on the ratio of measured ammonium concentrations
versus the amounts needed to fully neutralize the measured
sulfate and nitrate. A value of one suggests that sulfate and
nitrate might be fully neutralized by ammonium in the form
of (NH4)2SO4 and NH4NO3. A value close to zero suggests
that the particles are predominately H2SO4. On the basis of
this definition, ultrafine particles (Dva ) 33-60 nm) appeared
to be acidic during the initial stage of the nucleation and
gradually became neutralized (Figure 6a). Very acidic particles
seemed to exist between 9:00 and 12:00, consistent with the
observation of an earlier and faster increase of SO4

2-
33-60 as

compared to NH4
+

33-60 (Figures 5a and 6a). It is interesting
that although the start of the increase of ultrafine ammonium
occurred ∼45 min later than that of sulfate, it took more
than 2 h for the ultrafine particles to be fully neutralized.
This observation reinforces the conclusion that NH3 was
present at very low concentrations during the initial stages
of the new particle formation event. In contrast, the two
larger modes, the intermediate mode (Dva ) 100-200 nm)
and the accumulation mode (Dva ) 300-500 nm), appeared
to be nearly neutralized throughout the whole event (Figure
6b,c), probably because they were aged.

3.2.4. Possible Role of Organic Vapors in Growth of
Ultrafine Particles (Dva ) 33-60 nm). Size distributions of
four organic fragments (i.e., m/z 43, 44, 55, and 57) were
measured. Usually, m/z 44 (most likely the CO2

+ ion fragment)
is a good tracer for photochemically formed secondary
organic aerosol (48, 50), while m/z 57 (C4H9

+) is generally
associated with primary organics from combustion sources
(38, 42, 44, 50). m/z 43 and 55 can be produced by both
primary combustion aerosols (C3H7

+ and C4H7
+, respectively)

TABLE 2. Average Growth Rates of Particle Number (cm-3 h-1) and Composition (ng m-3 h-1) in Ultrafine Particles during
Nucleationa

start of growth peak of growth dN30-78/dt dM33-60/dt dSO4
2-

33-60/dt dNH4
+

33-60/dt dNO3
-

33-60/dt dOrg33-60/dtb

9/8/02, 11:00 9/8/02 12:10 4.7E+04 621 353 138 15 116
9/9/02, 12:00 9/9/02 14:00 1.2E+04 60 53 24 1.9 130
9/12/02, 9:30 9/12/02 11:00 5.9E+03 122 91 23 0.9 7
9/12/02, 11:30 9/12/02 14:00 5.7E+03 70 24 24 3.5 19
average 1.8E+04 218 130 52 5 68
1σ 2.0E+04 270 151 57 6.6 64
median 8.9E+03 96 72 24 2.7 67
min 5.7E+03 60 24 23 0.9 7
max 4.7E+04 621 353 138 15 130

a Growth rates were determined by a linear fit to the data in the time periods listed in the first two columns unless flagged. b Calculated for
the period from when Org33-60 started to rise to when it peaked (i.e., 12:00-12:40 p.m.).
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and secondary photochemical aerosols (C2H3O+ and C3H3O+,
respectively). m/z 43 seems to be produced in roughly equal
fractions from primary and secondary organic aerosols;
therefore, its time trend and size distributions most closely
resemble those of the total organics. Indeed, we found that
the mass ratio of m/z 43 to total organics was fairly constant
throughout the whole campaign (42). m/z 55, on the other
hand, seems to be produced more intensely from primary
than from secondary organics (48). The time variations of
these four fragments, in which m/z 55 and 57 peaked in the
morning during rush hours while m/z 44 built up during the
day when photochemistry is more intense, corroborate these
qualitative associations (Figure 7a). A more in-depth discus-
sion of the AMS organic fragments is given in separate papers
(42, 50).

A distinctive increase of m/z 44 in the 33-60 nm particles
was observed at ∼12:00 p.m., likely due to increased
photochemical production of secondary organic aerosol
(Figure 7a). The time series of m/z 4333-60 tracked that of m/z
4433-60 between 12:00 and ∼5:00 p.m. but instead tracked
those of m/z 5533-60 and m/z 5733-60 nicely before and after
the nucleation event (Figure 7a). Because m/z 43 often
correlated well with bulk particulate organics, not only in
mass loading but also in size distribution (42), the synchro-
nous increase of m/z 43 and 44 in the ultrafine mode between
∼12:00 and 4:00 p.m. suggests that photochemically formed
secondary organics contributed significantly to the growth
of ultrafine particles during this period of time.

As shown in Figure 7, before the nucleation event m/z 55
and 57 were mainly in the ultrafine mode while m/z 44 was

in the accumulation mode. These observations support our
hypothesis that the Aitken mode organics prior to the
nucleation were predominantly primary aerosols emitted
from combustion processes. During stages I and II (8:10-
12:05), the mass concentrations of ultrafine m/z 55 and 57
were generally decreasing (Figure 7d′,e′), because of atmo-
spheric dilution and reduced traffic emissions compared to
morning rush hours. The concentrations of ultrafine m/z 43
and 44, however, increased after stage I (Figure 7b′,c′),
probably due to photochemical production of their parent
organic compounds. The development of the size distribu-
tions of these four organic fragments during the last two
stages (III and IV) were fairly similarsall grew into three
modes that match those of the sulfate (Figures 7b′-e′ and
3d′), indicating either an extensive condensation of organic
vapors during the later stages of the nucleation event or
coagulation of the primary particles with the nucleation
mode.

3.3. Evolution of Particle Chemistry during the Other
Two Observed Nucleation Events. As mentioned in section
3.1, the general characteristics and meteorology of the other
two nucleation days (September 8 and 9) resembled those
of September 12. In addition, we found that the major traits
of the growth dynamics of sulfate, ammonium, organics, and
nitrate in the ultrafine mode (Dva ) 33-60 nm) were similar
among these three events as well. First of all, all of the ultrafine
species increased significantly, although the absolute growth
rates varied substantially from one event to another (Table
2). Such differences reflect variations in the intensity of the
individual event (e.g., the increase rate of the number

FIGURE 8. Variations of (a) concentrations of SO4
2-, NH4

+, NO3
-, organics, and apparent particle volume: (b) NO3

- equivalent mass
concentrations of organic fragments (m/z 43, 44, 55, and 57); and (c) 1-h average of the mole ratio of measured NH4

+ vs predicted NH4
+

in the 33-60 nm (Dva) particles during September 8, 2002. See the caption of Figure 5 for other details.
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concentration of the nucleation mode particles; Table 1).
Second, sulfate and ammonium appeared to be the major
contributors to the growth of ultrafine particles during all
three events (Table 2), and interestingly, a rapid increase of
SO4

2-
33-60 always happened before that of NH4

+
33-60, by 10-

40 min. As a result, ultrafine particles were more acidic during
the initial stages of the nucleation events and became more
and more neutralized later on (Figures 6a and 8c). In addition,
NO3

- typically contributed very little (<3%) to the growth of
ultrafine particles (Table 2).

The average rates and duration of the growth of ultrafine
sulfate and ammonium varied considerably among these
three nucleation events (Table 2). In comparison to the
September 12 event (Figure 8), the September 8 nucleation
event was characterized with a weaker burst of N10 but a
much faster, and relatively short-lived, growth of SO4

2-
33-60

and NH4
+

33-60 (Tables 1 and 2; Figure 8). The exceptionally
high ambient SO2 concentration during the September 8
event (maximum ) 156.4 ppb, vs maximum of 54.7 ppb on
September 12) and comparatively fewer new particles might
be responsible for the fast growth. It also appears that the
spatial extent of the September 8 event was smaller than that
of the September 12 and that more intense nucleation on
September 8 took place upwind of our sampling site.
Distinctive growth of the Org33-60 was observed during all
three nucleation events (Table 2). Although the onset of the
particle bursts varied by more than 2 h from one day to
another (e.g., from 8:15 a.m. on September 12 to 10:30 a.m.
on September 8; Table 1) significant increase in the mass of
ultrafine organics (Dva ) 33-60 nm) all started between 11:
00 a.m. and 12:00 p.m. (Table 2). In addition, the observed
growth of ultrafine organics appeared to be mainly attributed
to the increases of m/z 4433-60 and m/z 4333-60 (e.g., Figures
7a and 8b), suggesting that secondary organic species played
an important role in the growth of the new particles.
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Abstract

A method for semi-continuous (10min time resolution) PM2.5 nitrate and sulfate measurements, based on the

humidified impaction with flash volatilization design of Stolzenburg and Hering (Environ. Sci. Technol. 34 (2000) 907),

was evaluated during the Pittsburgh Air Quality Study (PAQS) from July 2001 to August 2002. The semi-continuous

measurements were corrected for several operating parameters. The overall corrections were less than 10% on average,

but could be quite large for individual 10min measurements. These corrections resulted in an improvement in the

agreement of the measurements with the filter-based measurements, with a major axis regression relationship of

y ¼ 0:83x þ 0:20mgm�3 and R2 of 0.84 for nitrate and y ¼ 0:71x þ 0:42 mgm�3 and R2 of 0.83 for sulfate. The

corrected semi-continuous measurements were calibrated over the entire year using collocated denuder/filter-

pack-based measurements. These calibrated semi-continuous measurements are used in conjunction with temporally

resolved gas-phase measurements of total (gas- and aerosol-phase) nitrate and meteorological measurements to

investigate short-term phenomena at the Pittsburgh Supersite. The gas-to-particle partitioning of nitrate varied daily

and seasonally, with a majority of the nitrate in the particle phase at night and during the winter months.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: Atmospheric aerosols; PM2.5 nitrate; PM2.5 sulfate; Continuous monitors
1. Introduction

Filter-based methods have traditionally been used to

characterize water-soluble inorganic ions in PM2.5 and

PM10. These filter methods typically involve the offline

analysis of particle samples collected onto substrates by

inertial impaction or filtration; The particles are then

extracted from the substrate in water and the extract is

analyzed by ion chromatography (IC) for the major

inorganic PM components (Chow, 1995). Filter mea-

surements are often performed daily, or at intervals of a
ing author.

ess: wittig@ce.ccny.cuny.edu (A.E. Wittig).

e front matter r 2004 Elsevier Ltd. All rights reserve

mosenv.2004.03.002
few hours during intensive field studies. Inherent draw-

backs to using filter-based methods for the measurement

of inorganic aerosols include losses of volatile or reactive

components from the substrate (Hering et al., 1988;

Koutrakis et al., 1992; Suh et al., 1994; Hering and Cass,

1999; Babich et al., 2000; Pang et al., 2001), detection

limit problems for high time temporal resolution

measurements, and high labor costs.

In light of the above limitations of conventional filter-

based methods, several alternate methods for temporally

resolved inorganics measurements have been developed.

Some methods bypass the filters and filter sampler used

in the conventional method by collecting the particles

directly into a liquid medium (Buhr et al., 1995;
d.
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Khlystov et al., 1995; Liu and Dasgupta, 1996; Karlsson

et al., 1997; Ito et al., 1998; Weber et al., 2001). These

methods avoid the collection and extraction steps and

their associated problems, although they typically

employ a similar analytical technique, IC. Flame

photometry has been used to perform in situ quantifica-

tion of sulfate concentrations by Mueller and Collins

(1980), D’Ottavio et al. (1981), Allen et al. (1984), and

Lippmann et al. (2000). Another approach uses an

aerodynamic particle time-of-flight to select the particle

size range, followed by thermal vaporization and analysis

using molecular mass spectrometry (Kolb et al., 2000).

Other instruments perform single-particle composition

analysis using mass spectrometry (McKeown et al., 1991;

Carson et al., 1995; Marijinissen et al., 1988; Liu et al.,

1999; Middlebrook et al., 2001; Prather et al., 1994).

Single particle mass spectrometry measurements are

generally not quantitative, although they provide valu-

able single-particle composition information.

We report here on an alternate method for temporally

resolved inorganic aerosol measurement, that uses bulk

collection followed by in situ analysis using a standard

gas analyzer (Hering and Stolzenburg, 1998). Recently,

Rupprecht and Patashnick (R&P) commercialized this

instrument design for semi-continuous PM2.5 nitrate

(R&P model 8400N) and PM2.5 sulfate (R&P model

8400S) (Meyer et al., 2000). These commercialized

versions of the Hering and Stolzenburg (1998) instru-

ment are the subject of this work.

While the above semi-continuous instruments offer

one to two orders of magnitude of improvement in time-

resolution over the conventional filter-based techniques,

their precision and accuracy relative to conventional

methods has not been widely investigated over long time

periods. Watson et al. (1998) used these instruments to

collect high time-resolution PM2.5 nitrate and sulfate

measurements across California during the California

Regional PM Air Quality Study (CRPAQS). Watson

et al. (2000) collected high time-resolution PM2.5 nitrate

and sulfate measurements at the Fresno Supersite.

Watson and Chow (2002) used these measurements to

investigate a wintertime PM2.5 episode at the site.

Hering et al. (2001) investigated differences in short-

term variability in ground and aloft nitrate measure-

ments collected at the rural Angiola CRPAQS site.

Hering et al. (2003) used high time-resolution PM2.5

sulfate measurements that were collected at Big Bend

National Park to estimate light extinction coefficients.

Several intercomparisons of the prototype instruments

relative to standard methods have demonstrated the

accuracy of the prototype systems (Hering and Stolzen-

burg, 1998; Stolzenburg and Hering; 2000; Liu et al.,

2000). However, issues raised during the current

intercomparison suggest that the commercialized ver-

sions of these instruments need to be investigated as

well, and under various conditions.
In this work, the performance of the semi-continuous

instruments is evaluated relative to 24 h integrated

measurements collected using a conventional filter-based

sampler and analyzed using IC. Comparisons were also

performed relative to measurements collected using

another temporally resolved semi-continuous method,

the Khlystov et al. (1995) steam sampler, and analyzed

using IC. The R&P semi-continuous nitrate and sulfate

instruments operated from July 2001 to August 2002,

the steam sampler operated from July 2001 to March

2002, and the filter sampler operated from July 2001 to

March 2002. The objectives of this paper are (1) to

evaluate the accuracy of the semi-continuous measure-

ments relative to the standard filter-based measure-

ments, (2) to evaluate the correction and calibration

techniques used to improve their accuracy, and (3) to

discuss temporally resolved variations in nitrate and

sulfate measured at the PAQS Supersite.
2. Ambient inorganic PM and gas measurements

The central site was located in Schenley Park, a 456

acre wooded park in the greater Pittsburgh area,

approximately 6 km from the downtown area and

500m from the nearest heavily traveled street.

2.1. Semi-continuous inorganic PM and gas

measurements

Semi-continuous nitrate and sulfate aerosol concen-

trations were measured on a 10min basis using

Rupprecht and Patashnick (R&P) instrument models

8400N and 8400S, respectively. The R&P instrument

model 8400N follows a two-step process to measure

PM2.5 nitrate (Stolzenburg and Hering, 2000). In the

first step, the ambient PM2.5 is sampled through a sharp-

cut cyclone, denuder, and humidifier and impacted for

8min on a Nichromes flash strip that is mounted in an

integrated collection and vaporization (ICV) cell. The

sharp-cut cyclone, denuder, and humidifier remove

larger particles and vapors and increase the collection

efficiency of the remaining particles; particle collection is

most efficient for particles above 0.1 mm. In the second

step, the collected ambient PM2.5 is analyzed using a

standard high-sensitivity NOx gas analyzer. A flow path

to the gas analyzer is established using a carrier gas of

purified nitrogen, which also serves to purge the ICV cell

of ambient gases. The baseline response of the gas

analyzer is recorded. Then the collected particles are

thermally vaporized in place, catalytically reducing the

nitrate to NOx. The evolved gas is drawn into the carrier

gas stream and delivered to the gas analyzer for analysis.

The R&P instrument model 8400S is similar in design

and operation, except that platinum flash strips are used

to collect the PM2.5, purified air is used as the carrier
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gas, and a high-sensitivity SO2 gas analyzer is used to

measure the evolved gas. For both instruments, the

instrument output is an ambient concentration calcu-

lated as the difference between the integrated areas

under the evolved gas response curve and the baseline,

adjusted for theoretical conversion efficiency, sample

flow rate and gas analyzer flow rate.

During routine operation, the instrument offset,

actual conversion efficiency, gas analyzer efficiency,

sample flow rate, and reaction cell vacuum were

measured to assess the performance of the semi-

continuous instruments. The instrument offset was

measured on a biweekly basis during PAQS by placing

a HEPA filter on the inlet of the instrument, and

collecting and averaging three consecutive 10min

measurements. The instrument offset for the whole

study was 0.1870.15mgm�3 (average7one standard

deviation) for the nitrate instrument and

0.3070.16mgm�3 for the sulfate instrument. An evalua-

tion of the daily variability over a 2 week period

indicated that the instrument offset varied as much daily

as it did biweekly.

The conversion efficiency was also quantified on a

biweekly basis by performing aqueous standard calibra-

tions. Conversion efficiency is a measure of the ability of

the instrument to convert a microliter aliquot of a

standard solution of ammonium nitrate to NOx or

ammonium sulfate to SO2. The aliquot of the standard

solution is applied directly to the flash strip using a

syringe. Three duplicate measurements were made at five

points over the working range of the instruments

(0–28mgm�3 for nitrate, and 0–29.4mgm�3 for sulfate).

The study average conversion efficiency was 0.8570.08

for the nitrate and 0.6570.07 for the sulfate instrument;

typical correlation coefficients of the relationships were

greater than 0.99. An evaluation of the daily variability

of the conversion efficiency over a 2 week period

indicated that like the instrument offset, the conversion

efficiency varied as much daily as it did biweekly.

Gas analyzer efficiency was measured daily (nitrate)

and every 4 days (sulfate) at PAQS. The gas analyzer

efficiency is a measure of the accuracy of the gas

analyzer and is determined by sequentially routing two

calibration gases through the ICV cell to the gas

analyzer. Purified nitrogen (nitrate) or air (sulfate) is

sent to the gas analyzer first. A calibration gas mixture

of 5080 ppbv NO in nitrogen (nitrate) or 790 ppbv SO2

in air (sulfate) is sent to the gas analyzer second. The gas

analyzer efficiency was calculated as the ratio of the

instrument response to calibration gas divided by the

actual concentration of the calibration gas. The study

average gas analyzer efficiency was stable at 0.9970.04

for the nitrate instrument and 0.9970.06 for the sulfate

instrument.

The actual sample flow rate was measured on a

monthly basis to quantify drift in the flow calibration
using a certified flow standard. The study average ratio

of the actual sample flow rate to the instrument

indicated sample flow rate was 0.91 7 0.15 for the

nitrate instrument and 1.2170.21 for the sulfate

instrument.

The nitrate gas analyzer reaction cell vacuum was

recorded on a 10min time basis to monitor deviations

from the vacuum setpoint as a result of variable or

declining pump performance. Vacuum deviations affect

the accuracy of the semi-continuous measurements as

well as the accuracy of the instrument offset, conversion

efficiency and gas analyzer efficiency measurements.

Kirby and Hering (2001) showed that PM2.5 nitrate

measurements made during the CRPAQS field cam-

paign decreased by 13% for every inch of Hg that the

vacuum in the gas analyzer reaction cell increased from

its setpoint.

Total (PM2.5 and gas) nitrate measurements were also

made on a 1–2 h basis using the steam sampler

developed by Khlystov et al. (1995) with analysis by

IC. The steam sampler inlet included a Teflon-coated

PM2.5 cyclone and a Teflon-coated 20 cm length 1-in ID

aluminum pipe maintained at ambient conditions.

Losses of total nitrate in the inlet were evaluated and

found to be negligible. The steam sampler draws

16.7 LPM of ambient air through the inlet and mixes it

with 2 gmin�1 of steam, supersaturating the sample air

with water vapor. The supersaturation causes a rapid

growth of water droplets on the particles. At the same

time, condensing water dissolves water soluble gases

present in the sample air. The droplets and the

condensed water, containing dissolved aerosol species

and gases, are collected using two cyclones in series and

automatically delivered into vials for offline analysis of

major inorganic ions by IC.

2.2. Filter-based inorganic measurements

Measurements of total (PM2.5 and gas) and PM2.5

nitrate, and PM2.5 sulfate were also made on a 4, 6, or

24 h time basis using a denuder- filter-based collection

system and IC analysis (Chow, 1995). The filter-based

sampler had two parallel lines, one with a PM2.5 cyclone

and filter pack and one with a denuder upstream of the

PM2.5 cyclone and filter pack. The filter packs contained

a PTFE Teflon filter (Whatman Cat. No. 7592-104),

a nylon filter (Whatman Cat. No. 7410-004), and a

backup Cellulose-fiber filter (Whatman Cat. No. 1441-

047) in series. Ambient air was drawn through both lines

at a flow rate of 16.7LPM. PM2.5 sulfate and nitrate

measurements were determined from the analysis of the

Teflon filter and the Teflon and nylon filters, respec-

tively, while inorganic gas-phase measurements were

determined by difference of the same filters on the two

parallel lines. Measurements of gas-phase and aerosol

nitrate using this configuration have minimal artifacts
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Fig. 1. Sulfate biweekly instrument offset measurements for the

fall of 2001 and averaged instrument offset values used to adjust

the ambient measurements, which were continuous and

smoothed relative to the biweekly offset measurements.
3. Corrections to semi-continuous ambient PM

measurements

The raw semi-continuous measurements were cor-

rected for sampling blanks (instrument offset) and

analytical system calibrations (conversion efficiency).

Corrections were also applied to the 10min ambient

nitrate and sulfate measurements to account for a

software error, and correct for gas analyzer efficiency,

vacuum drift, and sample flow rate drift.

3.1. Raw semi-continuous measurements

The output of the semi-continuous instruments is an

ambient nitrate or sulfate measurement that is calculated as

C�i ¼ 1000

R
Cs;i dt �

R
Cb;i dt

� �
ts;i efc;i

MWi

V

Qc;i

Qs;i
; ð1Þ

where i is nitrate or sulfate, C�i the raw semi-continuous

measurement corrected for the manufacturer software error

in mgm�3, Cs;i is the gas-phase concentration of NOx or

SO2 measured by the gas analyzer after the sample has been

flash volatilized in ppb, Cb;i is the background gas-phase

concentration of NOx or SO2 measured by the gas analyzer

in ppb, t is the duration of the flash response measured by

the gas analyzer in seconds, MWi is molecular weight of

nitrate (62.01gmol�1) or sulfate (96.06gmol�1), V is the

molar volume of the carrier gas (0.0224m3mol�1), Qc;i is

the carrier gas flow rate in lmin�1, Qs;i is the instrument

indicated sample flow rate that is impinged on the flash strip

in lmin�1, ts;i is the total sample duration in seconds, and

efc;i is the theoretical conversion efficiency (from zero to

one) of the instrument to reduce aerosol nitrates to NOx or

sulfates to SO2; Values of 0.82 and 0.69 were determined

from factory calibrations of the nitrate and sulfate

instruments, respectively, and were programmed into the

instrument software by the manufacturer.

3.2. Software error correction

A correction was applied to the raw ambient

measurements to account for an error in 8400S and

8400N software versions prior to 0.703. Version 0.702

was used during the study. The software error correction

was 3% for nitrate and 11% for sulfate.

3.3. Instrument offset correction

Biweekly instrument offset measurements were used

to assign a single instrument offset value to all

times between the offset measurements. The resultant

offset values were averaged over a rolling 30 day
period by

Co;iðtÞ ¼

Ptþ15days
t�15days Co;i;assignedðtÞ

N
; ð2Þ

where Co;i is the averaged instrument offset measurement

at date t; i is nitrate or sulfate, Co;i;assigned is the instrument

offset for nitrate or sulfate measured prior to date t; t is the
Julian date, and N is the number of offset values averaged

together over the rolling 30 day period centered at date t:
This averaging procedure was used to incorporate daily

variability into the biweekly instrument offset measure-

ments, as shown in Fig. 1. Averaged 10min instrument

offset measurements were subtracted from the software

corrected ambient measurements. The instrument offset

correction ranged from 1% to 92% (18% on average) for

nitrate and 0.1% to 53% (9% on average) for sulfate.

3.4. Conversion efficiency correction

The raw semi-continuous measurements are calcu-

lated by the instrument software using the factory

measured (‘theoretical’) conversion efficiencies. Devia-

tions from the theoretical conversion efficiency were

accounted for during data correction. The software

corrected ambient measurements were multiplied by the

theoretical conversion efficiency and divided by the

actual measured conversion efficiency. Biweekly conver-

sion efficiency measurements were used to assign a single

conversion efficiency value to all times between the

efficiency measurements. The resultant efficiency values

were averaged over a rolling 30 day period. The

conversion efficiency correction ranged from �38% to

16% (�4% on average) for nitrate and �32% to 36%

(�7% on average) for sulfate.

3.5. Gas analyzer efficiency correction

The gas analyzer efficiency is assumed to be unity in

the raw semi-continuous measurement calculation.
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Deviations in the gas analyzer efficiency from unity were

corrected for by dividing the nitrate and sulfate

measurements by the actual gas analyzer efficiency. To

account for slowly drifting efficiencies, gas analyzer

efficiency measurements made daily or every 4 days were

used to assign a single gas analyzer efficiency value to all

times between the efficiency measurements. The resul-

tant efficiency values were averaged over a rolling 2 day

period (nitrate) or 8 day period (sulfate). The gas

analyzer efficiency correction ranged from �19% to 4%

(�1% on average) for nitrate and �4% to 18% (1% on

average) for sulfate.

3.6. Sample flow drift correction

Semi-continuous measurements were also corrected

for discrepancies between the measured sample flow rate

and the indicated (by the instrument) sample flow rate.

The sample flow rate correction ranged from �12% to

18% (�3% on average) for nitrate and �90% to 98%

(�6% on average) for sulfate.

3.7. Gas analyzer vacuum drift correction

Differences between the NOx gas analyzer reaction

cell vacuum and the vacuum setpoint of 5.0 in Hg

affected the semi-continuous nitrate measurements, and

the nitrate instrument offset, conversion efficiency and

gas analyzer efficiency measurements. These discrepan-

cies were corrected by multiplying the software corrected

ambient measurement, conversion efficiency or gas

analyzer efficiency measurements by the linear relation-

ship proposed by Kirby and Hering (2001). The reaction

cell vacuum correction ranged from �24% to 5%

(�1% on average) for the semi-continuous nitrate

measurements.

3.8. Corrected semi-continuous measurements

The final corrected semi-continuous sulfate measure-

ment was calculated from the raw semi-continuous

measurement as

CS ¼ ðC�S � Co;SÞ
efc;S

ef 0c;S

1

efga;S

Qs;S

Q0
s;S

; ð3Þ

where CS is the corrected semi-continuous sulfate

measurement in mgm�3, C�S is the raw semi-continuous

measurement corrected for the manufacturer software

error in mgm�3, Co;S is the averaged instrument offset

measurement in mgm�3, efc;S is the theoretical conver-

sion efficiency, ef 0c;S is the actual conversion efficiency,

averaged, and corrected for gas analyzer efficiency, efga;S
is the averaged actual gas analyzer efficiency, Qs;S is the

instrument indicated sample flow rate in LPM, and Q0
s;S

is the actual sample flow rate in LPM. The overall

correction to the semi-continuous sulfate measurements
was �1% on average but ranged from �90% to 100%

for individual points.

The final corrected semi-continuous nitrate measure-

ment was calculated from the raw semi-continuous

measurement as

CN ¼ ðC�N � Co;NÞ
efc;N

ef 0c;N

1

efga;N

Qs;N

Q0
s;N

� ½1þ 0:13 ðVN � 5:0Þ	; ð4Þ

where CN is the corrected semi-continuous nitrate

measurement in mgm�3, C�N is the raw semi-continuous

measurement corrected for the manufacturer software

error in mgm�3, Co;N is the averaged instrument offset

measurement in mgm�3, efc;N is the theoretical conver-

sion efficiency, ef 0c;N is the actual conversion efficiency,

averaged, and corrected for gas analyzer efficiency and

reaction cell vacuum drift, efga;N is the actual gas

analyzer efficiency, averaged, and corrected for reaction

cell vacuum drift, Qs;N is the instrument indicated

sample flow rate in LPM, Q0
s;N is the actual sample flow

rate in LPM, and VN is the nitrate instrument gas

analyzer reaction cell vacuum in inch Hg. The overall

correction to the semi-continuous nitrate measurements

was 8% on average but ranged from �62% to 93% for

individual points.
4. Field comparison with filter-based measurements

The 10min measurements were averaged on a 24 h

basis for comparison against the daily filter-based

measurements. These 24 h averages were considered

valid when more than 75% of the possible 10min

measurements were available. Data recovery for the 24 h

average semi-continuous sulfate measurements was

greater than 90% for all of the study months except

November 2001, and for the nitrate was greater than

80% for all months except August 2002. Data loss was

associated with vacuum pump failures or excessive flash

strip breakages within a single month.

With only the software error correction and the

typical ambient PM corrections, the semi-continuous

measurements were found to be nonlinear (sulfate) or

moderately correlated (nitrate) underpredictions of the

true inorganic concentrations measured using the

filter-based method, as shown in Fig. 2. With all

of the corrections, the semi-continuous PM2.5 nitrate

and sulfate measurements were found to correlate

linearly and reasonably with the filter-based measure-

ments, as shown in Fig. 3. However, the relationship of

y ¼ 0:83x þ 0:20 mgm�3 for nitrate and y ¼ 0:71xþ
0:42mgm�3 for sulfate indicated that there was still a

systematic bias in the measurements. The non-unity

slope in these relationships could be due to incomplete

collection of particles after humidification on the flash
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strip or incomplete conversion of the various chemical

forms of nitrate and sulfate to NOx and SO2. The non-

zero offset indicates a positive measurement artifact

possibly due to organonitrates and organosulfates.

The apparent bias in the semi-continuous measure-

ments can be reduced by calibrating the measurements

against collocated filter-based measurements. The valid-

ity of this approach is based on two key assumptions: (1)
individual points used to compute an average semi-

continuous measurement have randomly distributed

error, and (2) filter-based measurements should serve

as the standard for evaluating the performance of the

semi-continuous measurement methods. The first as-

sumption is reasonable given that temporally resolved

measurements of semi-continuous nitrate were consis-

tent with independent temporally resolved measurements
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of UV radiation and total nitrate. The second assump-

tion is justified by the design of the filter-based sampler

used in this study that minimized volatilization losses of

nitrate from the filters.

Major axis regression was performed to account for

measurement error in both measurements. In general,

regressions were performed on 24 h filter-based measure-

ments and 24 h averages of the semi-continuous

measurements. In July 2001 and January 2002, 4 and

6 h filter-based measurements were available. During

these intensive periods, regressions were performed on

the 4–6 h filter-based measurements and identical

averages of the semi-continuous measurements basis.

A robust Huber’s method (Meier and Zund, 2000) was

used to identify gross outliers prior to regression when

more than two measurements were available. High time-

resolution concentrations were obtained by calibrating

the 1 h semi-continuous concentrations using the cor-

rected 24 h averages. The final relationship of

y ¼ 1:04x � 0:04mgm�3 for nitrate and y ¼ 0:94xþ
0:17 mgm�3 for sulfate indicated that the use of this

calibration procedure resulted in a more accurate
0

10

20

30

40

0

10

20

30

40

 0:00              12:00              0:00              12:00              0:00              12:00             0:00 

 0:00              12:00              0:00              12:00             0:00               12:00             0:00 

 July 19                       July 20                        July 21 

Total Nitrate 

   PM2.5

   Nitrate

T
em

pe
ra

tu
re

 (
de

g-
C

)
   

   
 N

itr
at

e 
co

nc
en

tr
at

io
n 

(µ
g/

m
3 ) 

Hour (EST) 

U
V

 R
ad

ia
tio

n 
(W

/m
2 ) 

0

2

4

6

8

Fig. 7. Diurnal gas-to-particle partitioning of nitrate at PAQS for three consecutive days in July 2001. Also shown are hourly averaged

temperature and ultraviolet (UV) radiation measurements made on the same days.



ARTICLE IN PRESS

                    July 2001                                             October 2001  

               January 2002             March 2002       

0 6 12 18 24
0

2

4

6

8

0 6 12 18 24
0

2

4

6

8

0 6 12 18 24
0

2

4

6

8

Total Nitrate 

 PM2.5 Nitrate
N

itr
at

e 
co

nc
en

tr
at

io
n 

(µ
g/

m
3 ) 

Hour (EST)

0 6 12 18 24
0

2

4

6

8

Fig. 8. Average diurnal gas-to-particle partitioning of nitrate for July 2001, October 2001, January 2002, and March 2002. Also shown

is the standard deviation of the hourly measurements used to compute both monthly average diurnal profiles. PM2.5 nitrate diurnal

profiles were computed from the final corrected nitrate semi-continuous measurements. Total (PM2.5+Gas) nitrate diurnal profiles

were computed from the steam sampler 1- to 2-h measurements.

15

g
/m

3
)

A.E. Wittig et al. / Atmospheric Environment 38 (2004) 3201–3213 3209
temporally resolved data set. Fig. 4 shows these final

results.
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Fig. 9. Average diurnal PM2.5 sulfate profiles for July 2001,

October 2001, January 2002, and March 2002.
5. Temporally resolved nitrate observations

Average diurnal PM2.5 nitrate profiles were computed

for each month in the study from the 1 h averages of the

final semi-continuous concentrations; profiles for se-

lected months are shown in Fig. 5. The profiles exhibit a

strong diurnal pattern, with the maximum nitrate

observed in the early morning a little before sunrise

and minimum nitrate observed a couple hours before

sunset. The time of the maximum and minimum nitrate

shifted on a seasonal basis, consistent with changes in

the ultraviolet radiation and temperature. The magni-

tudes of the maximum and minimum nitrate also

changed on a seasonal basis and were greatest during

the winter months. The minimum PM2.5 nitrate con-

centration during the winter months was non-zero and

correlated with lower ambient temperatures measured at

PAQS. Despite shifts in the position and magnitude of

the maximum and minimum nitrate concentrations, the

same general profile shape is observed regardless of
season. This consistency is also present on a daily basis.

The linear correlation of the 24 h average nitrate and the

maximum daily 1 h average nitrate over the study period

is shown in Fig. 6. Days that did not follow this

consistent pattern are also indicated in Fig. 6 and were

typically associated with a dramatic change in the air

mass.
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The daily gas-to-particle partitioning of nitrate

followed a consistent diurnal pattern as well, as shown

in Fig. 7 for three consecutive days in July 2001. During

the summer nights most of the nitrate was in the particle

phase, while during the daytime practically all the nitrate

existed in the gas phase as nitric acid vapor. Specific

features of the diurnal gas-to-particle partitioning of

nitrate varied seasonally, as shown in Fig. 8. During the

winter almost all the nitrate was in the particle phase

throughout the day. The fall and spring showed

intermediate behavior, with almost all of the nitrate in

the particle phase during the night and some nitrate in

the gas phase during the day. At night, the nitrate is

mostly in the particle phase because of the lower

temperature and higher relative humidity (RH). As the

sun rises and the atmosphere warms, nitrate is trans-

ferred to the gas phase. As the atmosphere continues to

warm and the RH continues to decrease, the nitrate

partitions almost completely to the gas phase. As the sun
sets, some nitric acid vapor is partitioned back into the

particle phase and some nitric acid vapor is lost by dry

deposition and transport away from the city of

Pittsburgh. These diurnal variations were not clear from

integrated filter based measurements (even on a 6 h

basis).
6. Temporally resolved sulfate observations

Average diurnal PM2.5 sulfate profiles were computed

for each month in the study from the 1 h averages of the

final sulfate measurements; profiles for selected months

are shown in Fig. 9. During the summer months, the

profiles exhibit a characteristic diurnal pattern, with

maximum sulfate observed a couple hours before sunset.

In fall, winter, and spring, the profiles on average do not

exhibit a diurnal pattern. Fig. 10 shows sulfate

concentrations and 24 h back-trajectories to the PAQS
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Supersite on July 26, 2002. Over 12 h the sulfate

concentration increases from 4mgm�3 to more than

60mgm�3 and then drops to less than 20mgm�3. The

initial increase in concentration occurred as the wind

direction shifted from southerly to southwesterly and

the wind speeds increased. The decrease in concentration

occurred after a front passed and the wind speed

dramatically decreased at noon. For the remainder of

the day, the sulfate concentrations are quite variable and

decrease as the result of a short rain event at 16:00.

The average PM2.5 sulfate concentrations were highest

during the summer months at PAQS. The 24 h average

sulfate concentrations are well correlated with the

maximum daily 1 h average sulfate over the study period

(Fig. 11). Days that did not follow this consistent

pattern are also indicated in this figure and were

typically associated with rain events or a change in the

air mass that resulted in a reduction of sulfate over a

short period of time.
7. Conclusions

With only the software error correction and the

typical ambient PM corrections (instrument offset and

actual conversion efficiency), the semi-continuous mea-

surements were nonlinear (sulfate) or underpredictions

(nitrate) of the true inorganic concentrations measured

using the filter-based method. To improve the accuracy

of the continuous measurements, the instrument re-

ported semi-continuous measurements were also cor-

rected for gas analyzer efficiency, drift in reaction cell

pressure (nitrate only), and drift in sample flow rate. The

overall corrections were small on average (less than 10%
for most corrections), but were quite large for individual

10minute measurements (varied from -89% to 100%).

The corrected semi-continuous PM2.5 nitrate and sulfate

measurements correlated linearly and reasonably with

the filter-based measurements, although a strong sys-

tematic bias was still apparent in the measurements. This

bias could be due to incomplete collection of particles,

lower than expected conversion of particles to the

corresponding gases, and the presence of a positive

measurement artifact. The bias was minimized by

calibrating the semi-continuous concentrations using

collocated filter-based measurements. Once corrected

and calibrated, the final semi-continuous inorganic

measurements allowed two orders of magnitude increase

in time resolution.

The final semi-continuous measurements were used to

characterize short-term variations in PM2.5 inorganic

measurements in the Pittsburgh region. When used in

conjunction with temporally resolved steam sampler and

meteorological measurements, several short-term phe-

nomena were revealed that were not clear from the

integrated filter-based measurements. Nitrate followed a

consistent diurnal pattern throughout the study period,

with maximum nitrate observed in the early morning

and minimum nitrate observed in the late afternoon.

The time of the maximum and minimum nitrate shifted

with seasonal changes in ambient temperature and UV

radiation. The maximum nitrate concentration was

observed during the winter months when the minimum

nitrate concentration was non-zero.

A majority of the nitrate was partitioned into the

particle phase at night and into the gas phase during the

day. Features of the diurnal patterns and the degree of

gas-to-particle partitioning of the nitrate shifted season-

ally with temperature, relative humidity, and ultraviolet

radiation. During the summer, a majority of the nitrate

partitioned into the gas phase during the day, while

during winter, little if any nitrate partitioned into the gas

phase. Fall and spring showed intermediate degrees of

partitioning.

Sulfate concentrations varied diurnally only during

the summer, consistent with the gas-phase photochemi-

cal production during the day. During the summer,

maximum sulfate was observed a couple hours before

sunset. During the fall, winter, and spring, sulfate

concentrations were relatively stable over the course of

a day.
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Abstract

Ambient sampling for the Pittsburgh Air Quality Study (PAQS) was conducted from July 2001 to September 2002.

The study was designed (1) to characterize particulate matter (PM) by examination of size, surface area, and volume

distribution, chemical composition as a function of size and on a single particle basis, morphology, and temporal and

spatial variability in the Pittsburgh region; (2) to quantify the impact of the various sources (transportation, power

plants, biogenic sources, etc.) on the aerosol concentrations in the area; and (3) to develop and evaluate the next

generation of atmospheric aerosol monitoring and modeling techniques. The PAQS objectives, study design, site

descriptions and routine and intensive measurements are presented. Special study days are highlighted, including those

associated with elevated concentrations of daily average PM2.5 mass. Monthly average and diurnal patterns in aerosol

number concentration, and aerosol nitrate, sulfate, elemental carbon, and organic carbon concentrations, light

scattering as well as gas-phase ozone, nitrogen oxides, and carbon monoxide are discussed with emphasis on the

processes affecting them. Preliminary findings reveal day-to-day variability in aerosol mass and composition, but

consistencies in seasonal average diurnal profiles and concentrations. For example, the seasonal average variations in

the diurnal PM2.5 mass were predominately driven by the sulfate component.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: Atmospheric aerosol; Supersite; PAQS
1. Introduction

Airborne particulate matter (PM) continues to pose

serious health risks for susceptible members of the

population and for sensitive ecosystems. The design of

cost effective PM control strategies is limited by the lack

of understanding of the relationship between PM and

health effects. This lack of understanding is exacerbated

by a paucity of physiological data, the difficulty of

establishing the PM source–receptor relationships, and

finally the limitations of existing instrumentation for

PM measurements. The Pittsburgh Air Quality Study

(PAQS) is a comprehensive multidisciplinary set of
ing author.

e front matter r 2004 Elsevier Ltd. All rights reserve

mosenv.2004.03.003
projects in the Pittsburgh region, designed to address the

above issues. PAQS was led by Carnegie Mellon

University (CMU) and included contributions by

investigators from fifteen universities, a national labora-

tory, three private companies, and state and local air

pollution agencies, as noted in Table 1. PAQS was

supported by the Environmental Protection Agency

(EPA) Supersites Program and the Department of

Energy National Energy Technology Laboratory

(NETL).

In this paper, we present the overall study design and

features of the PAQS dataset. We begin by summarizing

the PAQS program objectives and hypotheses, and

describing the study area and measurement sites. We

then describe the measurement methods and the
d.
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Table 1

PAQS contributors

Contribution Affiliation Contributor

Overall project management, Aerosol physical and chemical characterization Carnegie Mellon Univ. Cliff Davidson,

Spyros Pandis,

Allen Robinson

Field manager Andrey Khlystov

Quality assurance manager Ann (Beth) Wittig

Aircraft measurements Univ. of Maryland Bruce Doddridge

Satellite site measurements ACHD Darrell Stern

Satellite site measurements NETL Richard Anderson

Satellite site measurements Ohio Univ. Kevin Crist

Satellite site measurements PA DEP Various individuals

Additional instrumentation CONSOL Steve Winter

Single particle morphology RJ Lee Group, Ltd. Gary Casuccio

Single particle mass spectroscopy Univ. of California at Davis, Anthony Wexler,

Univ. of Delaware Murray Johnson

Semi-continuous size resolved aerosol composition Univ. of Colorado, Jose Jimenez,

AERODYNE Doug Worsnop

Semi-continuous metal measurements Univ. of Maryland John Ondov

Semi-continuous nitrate and sulfate measurements Aerosol Dynamics, Inc. Susanne Hering

Semi-continuous OC/EC measurements, FTIR spectroscopy of aerosols Rutgers Univ. Barbara Turpin

Biaerosol composition Univ. of Colorado Mark Hernandez

Integrated organic aerosol measurements Brigham Young Univ. Delbert Eatough

Integrated organic aerosol speciation Florida Intern. Univ. Wolfgang Rogge

PM surface area concentration measurements Paul Scherrer Institute Urs Baltensperger

Semi-continuous VOC measurements Univ. of California at Berkeley Allen Goldstein

Continuous peroxide measurements, cloud and fog composition Colorado State Univ. Jeff Collett

Source–receptor relationships Clarkson Univ. Phil Hopke

Meteorology Univ. of Wisconsin Jonathan Kahl
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availability of the measurements for both routine

monitoring and intensive study periods. Next, we

highlight the general features of the measurements

collected at the central site, by examining monthly

average and diurnal meteorological parameters and

ambient concentrations of gases, aerosols, and aerosol

species.
2. Program objectives

PAQS was designed to achieve several objectives: to

determine the physical and chemical characteristics of

PM in the Pittsburgh region; to develop and evaluate the
next generation of atmospheric aerosol monitoring

techniques; to update emission profiles for important

regional sources; to quantify the impact of the various

sources on the local PM concentrations; and to predict

changes in the PM characteristics due to proposed

changes in emissions. The last objective was based on

concurrent modeling studies and was designed to

support the development of regulations. These objec-

tives were addressed through four components of the

research: (1) ambient monitoring at a central site and

a set of satellite sites in the region; (2) an instrument

development and evaluation study; (3) a data analysis

and synthesis component; and (4) a comprehensive

modeling component.
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3. Hypotheses and their testing

Approximately 20 hypotheses were proposed to

meet the goals of PAQS. These hypotheses address

ambient aerosol measurement issues, questions regard-

ing atmospheric processes and aerosol properties,

and the need for refinement of source–receptor re-

lationships. The key hypotheses are summarized in

Table 2. A complete list of hypotheses and a descrip-

tion of the hypotheses testing can be found in the

PAQS Quality Assurance Project Plan (Khlystov et al.,

2001).
Table 2

Primary hypotheses to be investigated during PAQS

Ambient aerosol characterization

1.1: The measured aerosol mass can be fully explained if the

water retained by organics and inorganics, the full organic

aerosol contribution, and the full crustal contribution is

accounted for.

1.2: The ambient aerosol surface area can be calculated with an

error of less than 20% by using aerodynamic size measurements

and by assuming that all particles are spherical.

Measurement methods

2.1: Single particle mass spectrometers can be used to obtain the

full number and mass composition distributions of ambient

aerosols.

2.2: Semi-continuous nitrate, sulfate, carbon and elements

measurement techniques can quantify concentrations under

conditions prevalent at the site.

Atmospheric processes

3.1: Aerosol nucleation can be a major source of aerosol

number in both urban and rural areas in the study region.

3.2: Biogenic primary and secondary aerosols are a major

component of the organic aerosol in the Pittsburgh region.

3.3: Fogs and low clouds are responsible for extreme acid

sulfate conditions in the Pittsburgh region.

3.4: The response of PM2.5 to changes in sulfate is highly

nonlinear during the winter, is linear during the summer, and is

controlled by the ammonia availability.

3.5: The secondary aerosol contribution to organic carbon (OC)

exceeds 50% during the peak PM concentration days, but is

approximately 20% on a yearly average basis.

3.6: The regional contributions to the PM2.5 levels in the

Pittsburgh region for some compounds exceed the local

contribution, whereas for others the local contributions exceed

the regional contributions
4. PAQS supersite description

There are roughly two million people living in the

Pittsburgh Metropolitan Statistical Area, and elderly people

represent a significant fraction of the population. The area is

located between the utilities and agricultural sources of the

Midwest and the large urban centers of the East (Fig. 1).

The central site was located on a grassy hill in Schenley

Park, approximately 6km east of downtown Pittsburgh. It

was separated from the city in the predominant upwind

direction (south and west) by roughly 1 km of parkland. It

was at least several hundred meters from any other major
Source–receptor relationships

4.1: A complementary suite of instruments and techniques can

be used to directly determine the local air quality contributions

from a broad range of primary and secondary sources.

4.2: An increase in temporal resolution of elemental

constituents of atmospheric aerosol coupled with sulfate and

carbon analyses of comparable frequencies will permit

unprecedented resolution of sources by receptor modeling

techniques.

4.3: Specific aerosol signatures are associated with transport

from specific source regions and along different altitudes.

Aerosol properties

5.1: Visibility in the area can be predicted from RH and size/

composition information obtained from aerosol sizing

instruments and size bulk chemistry measurements.

5.2: Most particles in the area are liquid throughout the day in

both winter and summer.

5.3: Aerosol in the area consists of two groups of particles based

on the hygroscopic properties: those consisting mainly of

sulfates that grow rapidly with relative humidity and those

consisting of mainly carbonaceous material that grow slowly.
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source of air pollution: the site was positioned approxi-

mately 50 m past the end of a dead end street, and several

hundred meters from the nearest heavily traveled street

(Forbes Avenue). The position of the central site in relation

to the downtown Pittsburgh area is shown in Fig. 2.

Sampling equipment was housed in an air pollution

monitoring station, with samplers and instrument inlets

on the station rooftop (Fig. 2).

Five additional sites were used for satellite measure-

ments (Fig. 1). The Florence site was about 50 km west

of the main site in a rural area with no nearby sources.

The Greensburg site was about 50 km east of the main

site in a suburban area, close to a heavily traveled road

but otherwise in an area of only moderate traffic and few
Fig. 1. Map of the PAQS region showing the location of the

central site, the Florence, Lawrenceville, Hazelwood, Greens-

burg, and Athens satellite sites, and the NETL, Holbrook, and

Steubenville sites independently operated by other researchers

during PAQS.

Fig. 2. Map of the downtown Pittsburgh area showing the approx

photograph of the site from the northwest.
stationary sources. Satellite sites were also located in the

Lawrenceville and Hazelwood neighborhoods of the

City of Pittsburgh. The final satellite site was located in

Athens, OH. Additional air quality measurements were

conducted concurrently by others at the NETL labora-

tories, approximately 15 km south of downtown Pitts-

burgh, at Holbrook, PA and at Steubenville, OH

(Fig. 1). Table 3 lists the latitude, longitude, and period

of operation of these sites. In addition to the ground-

based measurements, two aircraft provided air quality

and meteorological data aloft during the intensive

periods. R. B. Jacko and Associates, Inc. operated a

Cessna 210 Turbo Centurion and the University of

Maryland operated a Piper 23-250 Aztec-F (Table 4).
5. PAQS measurements

Baseline monitoring took place over a 14-month

period that began 1 July, 2001, and provided data of a

wide variety of PM physical and chemical character-

istics, including biological aerosol composition; gaseous

species and fogwater composition; and meteorological

parameters. Intensive monitoring was performed during

two periods, from 1 July to 3 August, 2001 (ESP01) and

1 January to 15 January, 2002 (ESP02). During these

periods, the temporal resolution of these baseline

measurements was increased and the baseline measure-

ments were supplemented with measurements of particle

morphology, size resolved aerosol composition, organic

aerosol speciation, semi-continuous aerosol metal com-

position and gaseous volatile organic compound (VOC)

speciation. The frequency, resolution, and dates over

which each method was used at the central site are

summarized in Table 5. Quality control procedures used
imate location of the central site (indicated by a star) and a
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Table 3

Locations of measurements collected during PAQS

Site name Groupa Latitude/Longitude (decimal degrees) Period

Central siteb CMU 40.4395/�79.9405 6/30/01–7/31/02

Satellite sitesc

Hazelwood, PA CMU/ACHD 40.4124/�79.9424 6/30–7/30/01, 1/2–1/22/02

Lawrenceville, PA CMU/ACHD 40.4432/�79.9595 6/30–7/30/01, 1/2–1/22/02

Florence, PA CMU/DEP 40.4454/�80.4212 6/30–7/30/01, 1/2–1/22/02

1/3–1/22/02, 7/14–8/3/02d

2/24/02 to 3/28/02e

Greensburg, PA CMU/DEP 40.3043/�79.5059 6/30–7/30/01, 1/2–1/22/02

Athens, OH Ohio Univ. 39.3283/�82.9067 6/30–8/8/01

Aircraftf

Cessna Jacko Various 7/6–8/2/01

Piper UM Various 7/6–8/1/01, 7/2–8/4/02

Non-PAQS sites

NETL NETL 40.3065/�79.9794 6/30–8/8/01

Holbrook, PA ATS 39.8160/�80.2850 6/30–8/8/01

Steubenville, OH CONSOL 40.3617/�80.6147 6/30–8/8/01

a Groups—ACHD: Allegheny County Health Department; ATS: Advanced Technology Systems; DEP: Pennsylvania Department of

Environmental Planning; NETL: National Energy and Technology Laboratory; UM: University of Maryland; Jacko: R.B. Jacko and

Associates.
b Central site measurements—see Table 5.
c Satellite site measurements—PM2.5 mass, PM2.5 elements, and PM2.5 ammonium, nitrate, potassium, sodium, sulfate, elemental

carbon, and organic carbon.
d The CMU denuded organic sampler was used to measure 24 h organic carbon and elemental carbon concentrations on 17 days

within the stated range.
e Particle sizing instruments (TSI 3071 DMA and 3010 CPC) were used to measure 10 min aerosol size distribution semi-continuously

from 0.012 to 0.280mm.
f Aircraft measurements—see Table 4.

Table 4

Summary of the aircraft flights completed during PAQS

Date of flight Area of operation Group Flight details

7/6/2001a Pittsburgh, PA UMa Cadiz, OH to Sebring, OH; Sebring, OH to Cadiz, OH.

7/6/2001b Western PA, IN Jackob Allegheny, PA to Pittsburgh, PA to Lafayette, IN

7/22/2001 Pittsburgh, PA UM Steubenville, OH to Tarentum, PA to Monongahela, PA

7/23/2001a Pittsburgh, PA UM Steubenville, OH to Tarentum, PA to Monongahela, PA

7/23/2001b Pittsburgh, PA UM Steubenville, OH to Tarentum, PA to Monongahela, PA

7/23/2001c Pittsburgh, PA Jacko Lafayette, IN to Pittsburgh, PA to Lafayette, IN

8/1/2001a Pittsburgh, PA UM Steubenville, OH

8/1/2001b Pittsburgh, PA UM Monongahela, PA to Tarentum, PA

8/2/2001a IN, Western PA Jacko Lafayette, IN to Pittsburgh, PA

8/2/2001b OH, Western PA Jacko Pittsburgh, PA to Columbus, OH

7/2/2002a MD, Western PA UM Fort Meade, MD to Bedford, PA

7/2/2002b Western PA UM Clarion, PA to Corry, PA

8/4/2002a Western PA UM Fort Meade, MD to Indiana, PA

8/4/2002b Western PA, Central NY UM Wellsboro, PA to Cortland, NY

a UM (University of Maryland) measurements—Ozone (4 s resolution); NO (10 s resolution); NO2 (undetermined resolution); CO

and SO2 (1 min resolution); aerosol absorption and scattering (1 min resolution); temperature, relative humidity, pressure, latitude,

longitude, elevation (10 s resolution).
b Jacko (R. B. Jacko and Associates, Inc.) measurements—Ozone (4 s resolution); NOx (10 s resolution); VOC and Carbonyls (15 min

or longer samples); aerosol scattering (1 min resolution); PM2.5 and SO2, NH3, and HNO3 (2 h or longer samples); temperature, relative

humidity, pressure, ultraviolet radiation, latitude, longitude, elevation (10 s resolution).
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Table 5

Summary of PAQS measurements

Observable Methoda Groupb Resolution Frequency Period of operationc

Aerosol mass

PM10 mass Dichotomous sampler with

gravimetry

CMU 24 h Daily 7/1/01–7/1/02

PM2.5 mass Dichotomous sampler with

gravimetry

CMU 24 h Daily 7/1/01–7/1/02

PM2.5 mass Federal Reference Method

sampler with gravimetry

CMU 24 h Daily 7/1/01–7/1/02

PM2.5 mass R&P 1400A TEOM monitor

with SES

CMU 10 min Continuous 7/1/01–9/1/02

PMx mass MOUDI sampler with

gravimetry

CMU 24 h Daily 7/1/01–7/1/02d

PMx mass MOUDI sampler with

gravimetry

CMU 8 h 3 per day 7/22–25/01, 7/31–8/3/01

Aerosol size

distribution

Aerosol number

distribution

TSI ultra fine SMPS, SMPS

and APS

CMU 10 min Continuous 7/1/01–7/1/02

Aerosol surface area

distribution

TSI ultra fine SMPS, SMPS

and APS

CMU 10 min Continuous 7/1/01–7/1/02

Aerosol surface area

distribution

Epiphaniometer PSI 30 min Continuous 6/11/01–9/18/01

Aerosol volume

distribution

TSI ultra fine SMPS, SMPS

and APS

CMU 10 min Continuous 7/1/01–7/1/02

Aerosol chemical

composition

PM2.5 inorganic ions CMU sampler with IC analysis CMU 24 h Daily 7/1/01–7/1/02d

PM2.5 inorganic ions CMU sampler with IC analysis CMU 4–6 h 5 per day ESP01 Intensive

PMx inorganic ions MOUDI sampler with IC

analysis

CMU 24 h Daily 7/1/01-7/1/02d

PMx inorganic ions MOUDI sampler with IC

analysis

CMU 8 h 3 per day 7/22–25/01, 7/31–8/3/01

PM10 elements Hi-Vol sampler with ICP-MS

analysis

CMU 24 h Daily 7/12/01–8/02/02

PM2.5 elements Hi-Vol sampler with ICP-MS

analysis

CMU 24 h Daily 7/11/01–9/30/02

PMx elements MOUDI sampler with ICP-MS

analysis

CMU 24 h Daily ESP01, ESP02

Intensivesd

PMx elements MOUDI sampler with ICP-MS

analysis

CMU 8 h 3 per day 7/22–25/01, 7/31–8/3/01

PM2.5 organic and

elemental carbon

CMU TQQQ sampler with

TOT analysis

CMU 24 h Daily 7/1/01–7/31/02d

PM2.5 organic and

elemental carbon

CMU TQQQ sampler with

TOT analysis

CMU 4–6 h 5 per day ESP01 Intensive

PM2.5 organic and

elemental carbon

CMU denuded organic sampler

with TOT analysis

CMU 24 h 6th day 7/1/01–6/1/02d

PM2.5 organic and

elemental carbon

CMU denuded organic sampler

with TOT analysis

CMU 24 h Daily ESP01, ESP02 Intensives

PM2.5 organic and

elemental carbon

MOUDI sampler with TOT

analysis

CMU 24 h Daily ESP01 Intensived

PMx organic and

elemental carbon

MOUDI sampler with TOT

analysis

CMU 8 h 3 per day 7/22–25/01, 7/31–8/3/01

PMx organic and

elemental carbon

BYU PC-BOSS BYU 24 h Daily 7/9/01–7/31/01

PM2.5 speciated

organics

LPI sampler with FTIR

analysis

CMU 24 h Daily ESP01, ESP02 Intensives
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Table 5 (continued)

Observable Methoda Groupb Resolution Frequency Period of operationc

PM2.5 speciated

organics

CMU organic speciation

sampler

FIU 24 h 6th Day 7/1/01–7/1/02d

PM2.5 speciated

organics

CMU organic speciation

sampler

FIU 24 h Daily ESP01, ESP02 Intensives

PM2.5 biological

material

Epi-fluorescent microscopy

with assays

UC 24 h Daily 7/7/01–7/1/02

PM2.5 nitrate R&P 8400N with flash

volatilization

ADI 10 min Semi-

continuous

7/1/01–8/1/02

PM2.5 sulfate R&P 8400S with flash

volatilization

ADI 10 min Semi-

continuous

7/1/01–9/1/02

PM2.5 carbon ADI monitor with flash

volatilization

ADI 30 min Semi-

continuous

1/1/02–9/1/02

PM2.5 carbon Denuded Sunset Labs in situ

TOT analyzer

RU 2–4 h Semi-

continuous

7/1/01–9/1/02

PM2.5 water soluble

ions

Khylstov steam sampler with

IC analysis

CMU 1–2 h Semi-

continuous

7/1/01–9/21/02

PM2.5 water soluble

ammonium

Ammonium online detector CMU 10 min Continuous 7/1/01–9/21/02

PM1.3 metals SEAS with GFAA analysis UMD 30 min Semi-

continuous

7/8/–8/10/01, 3/29–4/17/

02

PM1.0 size resolved

composition

Aerodyne Mass Spectrometer

(AMS)

UC, AERODYNE

5 min Semi-continuous 9/6/02–9/21/

02

Aerosol characteristics

Particle light

scattering

Optec NGN-3 ambient

nephelometer

CMU 10 min Continuous 7/16/01–6/30/02

Particle

hygroscopicity

CMU DAASS CMU 1 h Semi-

continuous

7/1–8/31/01, 1/1–7/1/02

Cloud condensation DH Associates M1 CCN CMU 4 h Semi-

continuous

9/01

Single particle

characteristics

Single particle polar

organics

RSMS-III UCD, UD 10 min Semi-

continuous

9/20/01–10/1/02

Single particle ion

composition

RSMS-III UCD, UD 10 min Semi-

continuous

9/20/01–10/1/02

Particle morphology Nuclepore filter with SEM RJL 24 h Daily ESP01, ESP02 Intensives

Gaseous species

Light (C2–C12)

hydrocarbons

Canister with GC-FID analysis CMU 24 h 3rd day 9/1/01–7/31/02d

Light (C2–C12)

hydrocarbons

Canister with GC-FID analysis CMU 24 h Daily ESP02 Intensive

All hydrocarbons UCB GC-FID/MSD UCB 1 h Semi-

continuous

1/9–2/12, 7/10–8/10/02

CO API 300 infrared absorption CMU 10 min Continuous 7/1/01–9/1/02

SO2 API 100A pulsed fluorescence CMU 10 min Continuous 7/1/01–9/1/02

NO and NO2 API 200A chemiluminescence CMU 10 min Continuous 7/1/01–9/1/02

O3 API 400A UV absorption CMU 10 min Continuous 7/1/01–9/1/02

Water soluble

inorganic gases

Khlystov steam sampler with

IC analysis

CMU 1–2 h Semi-

continuous

7/1/01–9/21/02

Inorganic gases CMU sampler with IC analysis CMU 24 h Daily 7/1/01–7/1/02d

Inorganic gases CMU sampler with IC analysis CMU 4–6 h 5 per day ESP01 Intensive

Total soluble

peroxides

CSU monitor CSU 1 h Continuous 7/1/01–8/18/02d
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Table 5 (continued)

Observable Methoda Groupb Resolution Frequency Period of operationc

Hydrogen and

organic peroxides

CSU monitor CSU 1 h Continuous ESP01, ESP02 Intensives

Fog

Fog composition CASCC2 collector with IC,

TOC, and pH analyses

CSU Per event 8 events

captured

7/1/01–9/1/02

Meteorology

Wind speed/direction Met One 014A wind vane and

cup anemometer

CMU 10 min Continuous 7/1/01–9/1/02

Temperature Campbell HMP45C thermistor-

based sensor

CMU 10 min Continuous 7/1/01–9/1/02

Relative humidity Campbell HMP45C

capacitance thin film sensor

CMU 10 min Continuous 7/1/01–9/1/02

UV solar radiation Kipp & Zonen CUV3

broadband UV radiometer

CMU 10 min Continuous 7/1/01–9/1/02

Total solar radiation Kipp & Zonen CM3

pyranometer

CMU 10 min Continuous 7/1/01–9/1/02

Precipitation Met One 370 rain gauge CMU 10 min Continuous 7/1/01–9/1/02

Pressure Campbell CS105 Aneroid

barometer

CMU 10 min Continuous 7/1/01–9/1/02

a Methods—APS: Aerodynamic particle sizer; CASCC2: Caltech active strand cloudwater collector; DAASS: Dry-ambient aerosol

size spectrometer; FRM: Federal reference method; TEOM with SES: Tapered element oscillating microbalance with a sample

equilibration system; FTIR: Fourier transform infra red spectrometry; GC–FID: Gas chromatography with flame ionization detection;

IC: Ion chromatography; ICP–MS: Inductively coupled plasma mass spectrometry; LPI: Low pressure impactor; R&P: Rupprecht and

Patashnick; RSMS: Rapid single-particle mass spectrometer; SEAS: Semi-continuous environmental aerosol sampler; SEM: Scanning

electron microscopy; SMPS: Scanning mobility particle sizer; TOC: Total organic carbon; TOT: Total optical transmittance.
b Groups—ADI: Aerosol dynamics, Inc.; BYU: Brigham Young University; CMU: Carnegie Mellon University; CSU: Colorado

State University; FIU: Florida International University; PSI: Paul Scherrer Institute; RJL: R. J. Lee Instruments, RU: Rutgers

University; UC: University of Colorado; UCD: University of California at Davis; UD: University of Delaware; UMD: University of

Maryland; UW: University of Wisconsin.
c Period of operation—ESP01 Intensive: 1 July, 2001–3 August, 2001; ESP02 Intensive: 1 January, 2002–15 January, 2002.
d Except during periods when samples were collected at a higher time resolution as noted in the entry below.

A.E. Wittig et al. / Atmospheric Environment 38 (2004) 3107–31253114
to verify the measurements are presented in detail by

Khlystov et al. (2001).

During the intensive periods, PM2.5 aerosol mass,

inorganic ions, organic and elemental carbon, and metal

concentrations were measured at the satellite sites (Table

3). During two special experiments at the Florence PA

satellite site in January and July of 2002, the 24 h

integrated PM2.5 organic speciation and 10 min aerosol

size distribution between 0.012 and 0.28mm was also

measured. Aircraft high time resolution measurements

of meteorology, aerosol properties, and gas-phase

species were obtained during select days of July and

August 2001 and 2002 (Table 4). The Jacko aircraft

conducted 4 flights in 2 days over Pittsburgh, PA (July

23, 2001 and August 2, 2001). The Maryland aircraft

conducted 10 flights in July and August of 2001 and

2002 over the western PA region.

PM mass characterization. Integrated samples of

PM2.5 mass were collected onto Teflon filters using a

Partisols-Federal Reference Method (FRM) Model
2000 PM2.5 Air Sampler (Rupprecht & Patashnick,

Albany, NY). Integrated samples of PM2.5 and PM10

mass were also collected on Teflon filters using a

Dichotomous (Dichot) sampler (Thermo Andersen,

Model 241). Both samplers were operated using

standard procedures (U.S.E.P.A., 1998). A Micro-

Orifice Uniform Deposit Impactor (MOUDI) (MSP

Corp., Model 110) was used to collect size-resolved

samples of particles on Teflon substrates using standard

procedures (MSP Corp., 1998). This permitted estimates

of concentrations of particles, PMx, with diameters less

than 2.5, 1.8, 1.0, 0.56, 0.32, 0.18, 0.10, and 0.056 mm.

The FRM, Dichot, and MOUDI filters were analyzed

for mass concentration by gravimetric analysis using

standard protocols (Code of Federal Regulations, 2002)

in a humidity-controlled equilibration chamber in the

CMU Air Quality Laboratory.

Semi-continuous PM2.5 mass was measured using a

Tapered Element Oscillating Microbalance (TEOM)

monitor (Rupprecht and Patashnick, Model 1400A).
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The Sample Equilibration System (SES) permitted

particles to be collected onto the Pallflex tapered element

at temperature of 30�C.

PM size distributions. A suite of particle sizing

instruments was used to semi-continuously measure

the number size distributions for particles from 0.003 to

10mm (Stanier et al., 2004a). The suite included a nano-

Scanning Mobility Particle Sizer (SMPS) (TSI, Inc.,

Model 3936N25), a standard SMPS (TSI, Inc., Model

3936L10), and an Aerodynamic Particle Sizer (APS)

(TSI, Inc., Model 3320). The 3 separate distributions

were combined, after inversion, by using the nano-

SMPS data up to 0.03mm, the SMPS data from 0.03 to

0.6mm, and the APS data beginning at 0.6 mm. Aero-

dynamic diameters measured by the APS were converted

to mobility diameters prior to combining data using an

effective density and a least-squares fitting algorithm

(Khlystov et al., 2003). The average effective density

used for the period from July to August of 2001 was

1.52 g cm�3, with 5th and 95th percentile values of 0.94

and 1.94 g cm�3. Effective density was used over a

density derived from speciated aerosol measurements for

the following three reasons: PM2.5 speciation measure-

ments were not always available; the density derived

from speciated data requires an estimate of water

content, which was not always available; and the

effective density takes into account the unknown shape

factor.

PM inorganic ions. Integrated samples of PM10 and

PM2.5 were drawn through cyclones and denuders and

collected onto filter packs of PTFE Teflon, nylon, and

cellulose-fiber filters (Takahama et al., 2004). Size

resolved PMx inorganic ion samples were collected onto

Teflon substrates using a MOUDI. The filter pack and

MOUDI samples were analyzed for nitrate, sulfate,

ammonium and chloride by Ion Chromatography (IC)

using procedures similar to those described by Jaffrezo

et al. (1998).

Semi-continuous measurements of total nitrate (PM2.5

nitrate plus HNO3), total sulfate (PM2.5 sulfate plus

SO2), and total ammonium (PM2.5 ammonium plus

NH3) were made using a steam sampler (Khlystov et al.,

1995) with analysis by IC. Total ammonium was

measured continuously on-line using the steam sampler

and the detector of Slanina et al. (2001). Comparisons of

steam sampler measurements against denuder-filter pack

measurements did not reveal an ammonium artifact,

consistent with the findings of Slanina et al. (2001),

Erisman et al. (2001), and Zhang et al. (2002).

Semi-continuous measurements of PM2.5 nitrate and

sulfate were made using Integrated Collection and

Vaporization Cell (ICVC) instruments (Rupprecht and

Patashnick, Models 8400S and 8400N) and processed

using the method described by Wittig et al. (2003).

PM Trace Metals. Integrated PM10 and PM2.5

samples were collected on cellulose filters using Thermo
Andersen High-Volume (High Vol) samplers operated

using standard procedures (Thermo Andersen, 1999;

U.S.E.P.A., 1999). The filters were digested in a combina-

tion of nitric acid, hydrofluoric acid, and hydrogen

peroxide in a sealed microwave vessel and analyzed

according to standard procedures by Inductively Coupled

Plasma Mass Spectrometry (ICP-MS) (U.S.E.P.A., 1991;

U.S.E.P.A., 1994) to determine concentrations of Al, As,

Ba, Ca, Cd, Cr, Cu, Fe, Ga, K, Mg, Mn, Mo, Na, Ni, Pb,

Rb, Sb, Se, Sr, Ti, V and Zn.

Semi-continuous measurements of 11 metals (Al, As,

Cd, Cr, Cu, Fe, Mn, Ni, Pb, Se and Zn) were also made

using the Semi-continuous Environmental Aerosol

Sampler (SEAS) (Kidwell and Ondov, 2001) with offline

analysis using Graphite Furnace Atomic Absorption

(GFAA).

PM carbonaceous material. Integrated samples of

PM2.5 were collected on bare quartz filters and two

backup quartz filters, one downstream of the bare

quartz filter and the other in a parallel port behind a

Teflon filter (Subramanian et al., 2003). Integrated

samples of PM2.5 were also denuded and collected on

quartz fiber filters with a carbon impregnated graphite

backup filter (Subramanian et al., 2003). Size resolved

PMx samples were collected on ungreased foil substrates

using a MOUDI sampler. The quartz and foil filters

were analyzed for organic carbon (OC) and elemental

carbon (EC) using the Thermal Optical Transmittance

(TOT) method and the NIOSH thermal evolution

protocol (NIOSH, 1996; Cabada et al., 2004a) in the

CMU Air Quality Laboratory. Integrated samples of

PM2.5 OC and EC were also collected using the PC-

BOSS diffusion denuder sampler (Eatough et al., 2001)

and analyzed at Brigham Young University.

Additional size-resolved samples were collected on

zinc selenide disks using a Hering Low Pressure

Impactor (LPI) sampler (Aerosol Dynamics Inc.) and

analyzed for organic functional groups using Fourier

Transform Infrared Spectroscopy (FTIR) at Rutgers

University (Blando et al., 2001).

Semi-continuous measurements of PM2.5 OC and EC

were conducted using the Sunset Laboratory in situ

carbon analyzer with a denuder placed upstream of the

instrument (Turpin et al., 1990). Semi-continuous

measurements of PM2.5 total carbon were obtained

using an the Aerosol Dynamics ICVC total carbon

instrument which is similar in design to the R&P

instruments used to measure PM2.5 nitrate and sulfate

semi-continuously (Stolzenburg and Hering, 2000).

PM biological material. Ambient bioaerosols were

collected using a High Vol sampler for July 2001, and

using a low volume sampler for all other periods. The

samples were analyzed at Colorado State University

using direct epi-fluorescent microscopy and newer

molecular biology methods to obtain microbioaerosol

concentrations of bacteria, fungi, and their spores.
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PM hygroscopicity. The ability of ambient fine particles

to absorb water and grow was measured using the Dry-

Ambient Aerosol Size Spectrometer (DAASS) (Stanier

et al., 2004a). The water content of aerosols from 0.003 to

10mm was computed as the difference in particle volume

distributions at ambient RH and at ‘dried’ conditions.

Dried conditions (RHo30%) were achieved by sampling

ambient air though a system of Nafion dryers prior to

analysis by the suite of particle sizing instruments. Size-

dependent losses across the DAASS inlet were 17% at

2.5mm and practically zero at 1mm, determined as the

difference in total particle counts across the dried and

ambient RH inlets when a dry monodisperse ammonium

sulfate was injected into both inlets. Particle losses below

20 nm were estimated using the empirical particle loss

correlation of Willeke and Baron (1993).

Cloud Condensation Nuclei (CCN) concentration was

measured using CCN counter (DH Associates, Model

M1). The CCN concentration is directly related to the

ability of the particles to become cloud droplets.

Aerosol light scattering. Continuous PM2.5 scattering

coefficients from 5� to 175� at a wavelength of 550 nm

were measured at ambient conditions using an integrat-

ing nephelometer (Optec, Inc., NGN-3) with a PM2.5

cyclone at the inlet. Temperature was measured at the

inlet to the nephelometer and inside the nephelometer at

the chamber outlet. Comparisons between these two

measurements were used to correct for the decrease in

relative humidity of the sampled air due to heating

inside the chamber.

Aerosol mass spectroscopy. The Aerodyne Mass

Spectrometer (AMS) was used to measure size resolved

aerosol chemical composition semi-continuously (Jayne

et al., 2000; Jimenez et al., 2003). The instrument

determined the size distributions from 0.050 to 1 mm of

sulfate, nitrate, ammonium, chloride, total organics, and

water chemical components.

Single particle mass spectroscopy. The Rapid Single

Particle Mass Spectrometer (RSMS-III) measured the

size and composition of individual particles for nine

particle size ranges between 0.04 and 2 mm (Carson et al.,
Table 6

Days during which fog was collected at the central site

Start date (EST) Start hour (EST) End date (EST

2001/08/10 00:15 2001/08/10

2001/08/26 18:20 2001/08/27

2001/11/02 16:00 2001/11/02

2001/11/17 03:15 2001/11/17

2001/11/17 19:05 2001/11/18

2001/11/19 18:30 2001/11/19

2002/05/07 09:50 2002/05/08

2002/05/11 22:45 2002/05/13
1997; Ge et al., 1998). This method was used to detect

metals and metal oxides, refractory crustal materials,

sulfates and nitrates, aromatic and amine organic

compounds, and elemental carbon in single particles.

Single particle SEM analyses. PM10 and PM2.5 aerosol

samples were collected onto Nuclepore filters for offsite

analysis by Scanning Electron Microscopy (SEM) at

the laboratories of R.J. Lee, Inc. The SEM analyses

provided elemental composition and morphology of

individual particles, and were used to identify bioaer-

osols, soot, and spherical aluminosilicate particles.

Gaseous species. Integrated VOC samples were

collected in 6 l fused silica-lined canisters (Entech

Instruments, Part 29-10621) using a passive inlet (Entech

Instruments, Model CS1200) and analyzed in the CMU

Air Quality Laboratory using standard GC-FID tech-

niques (Lewis et al., 1999). This approach permitted the

quantification of over 70 compounds, including some of

the standard set of Photochemical Assessment Monitor-

ing Station (PAMS) species.

Semi-continuous VOC measurements were made by

the UC Berkeley group using an in-situ two-channel

GC/MS/FID system. The channels were configured with

different preconditioning systems, preconcentration

traps, and chromatography columns, enabling quantifi-

cation of over 60 compounds, including C3–C6 alkanes,

alkenes, alkynes, and aromatic, oxygenated and haloge-

nated compounds.

Continuous measurements of O3, NO and NO2, CO,

and SO2 gas concentrations were made using high-

sensitivity gas analyzers (Advanced Pollution Instru-

mentation, respective Models 400A, 200A, 300 and

100A). Continuous measurements of organic peroxide,

hydrogen peroxide, and total soluble peroxide were

made using the CSU monitor based on the method of

Lazrus et al. (1986).

Fog. Fog composition was measured using a compact

version of the Caltech Active Strand Cloudwater

Collector known as the CASCC2 (Demoz et al., 1996).

Eight major fog events were captured during the 14-

month baseline study period and are listed in Table 6.
) End hour (EST) Liquid collected during

event (ml)

06:50 21.5

06:10 88.2

21:20 27.8

07:45 36.8

08:10 444.5

19:35 24.0

23:45 19.4

11:05 18.6
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These fog samples were analyzed onsite for pH. Aliquots

of the collected fog were also prepared and analyzed

offsite for major anions and cations using IC, and total

organic carbon (TOC) and dissolved organic carbon

(DOC) using a TOC analyzer (Shimadzu, Model

5000-A).

Meteorology. Precipitation, temperature, relative hu-

midity, wind speed and direction, and UV intensity were

measured using standard methods. Backward air mass

trajectories were calculated using the methods of Harris

and Kahl (1994).
0

1

2

3

0
2
4
6
8

1024-hour 
PM2.5

organic
carbon

(µg-C/m3)

24-hour 
PM2.5

elemental
carbon

(µg-C/m3)

0

10

20

30

40

0
2
4
6
8

10

0

20

40

60
24-hour 
PM2.5 mass 

(µg/m3)

24-hour 
PM2.5 sulfate 

(µg/m3)

24-hour 
PM2.5 nitrate

(µg/m3)

Jul Aug Sep Oct Nov

Jul Aug Sep Oct Nov

Jul Aug Sep Oct Nov

Jul Aug Sep Oct Nov

Jul Aug Sep Oct Nov

2001

Fig. 3. Daily 24 h average mass, sulfate, nitrate, organic carbon, and e

to June 2002. Mass concentrations are measured using a TEOM. Org
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Elemental carbon concentrations are based on the TQQQ upstrea

composited from measurements made using the CMU inorganic sam

Patashnick 8400 instruments.
6. PAQS Source sampling experiments

Many primary sources of atmospheric aerosols for the

Pittsburgh region are inadequately characterized. Sev-

eral of these sources have been selected for more

complete characterization: vehicle exhaust (truck and

diesel), coal-fired boilers, coke production, dust (soil and

road), vegetative detritus, and fireplaces (waste wood).

Field studies that include stack testing using the

CMU dilution sampler (Lipsky et al., 2002), fence line

monitoring with high time resolution instruments, and
Study average
 15.5 µg/m3 

Dec Jan Feb Mar Apr May Jun

Dec Jan Feb Mar Apr May Jun

Dec Jan Feb Mar Apr May Jun

Dec Jan Feb Mar Apr May Jun

Dec Jan Feb Mar Apr May Jun

2002

lemental carbon concentrations at the central site from July 2001

anic carbon concentrations are based on the difference between

rtz filters of the CMU TQQQ sampler double-quartz filter pack.

m quartz filter alone. Nitrate and sulfate concentrations are

pler, the PC-BOSS, the steam sampler, and the Rupprecht and
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Table 7

Days on which the 24 h average PM2.5 mass was greater than

50 mg m�3

Date Maximum 1 h mass

concentration (mg/m3)

Average 24 h mass

concentration (mg/m3)

8/1/01 63.8 55.9

8/2/01 75.0 54.0

8/9/01 72.6 54.2

6/25/02 75.4 56.6
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sampling in a highway tunnel are being performed to

develop updated emission profiles for these source

categories. The source characterization uses the same

approaches and instrumentation as the central site

ambient monitoring, including detailed organic specia-

tion and single-particle mass spectrometry. These source

profiles will be compared to ambient measurements by

compiling source activity data and by using a variety of

source–receptor techniques.
6/26/02 74.2 51.5

7/1/02 76.7 60.9

7/2/02 79.5 56.1

7/8/02 69.3 51.1

7/18/02 70.3 53.3
7. Daily aerosol measurements collected at the

central site

The study average PM2.5 mass concentration was

15.5mg m�3. Average 24 h concentrations of mass,

sulfate, nitrate, organic carbon, and elemental carbon

are presented in Fig. 3. On average, all species exhibited

day to day variations in concentration. For example, in

July 2001, the maximum and minimum 24 h average

concentrations were 60.9 and 3.7 mg m�3 (PM2.5 mass),

33.7 and 0.1mg m�3 (PM2.5 sulfate), 2.5 and 0.0mg m�3

(PM2.5 nitrate), 11.4 and 1.2 mg m�3 (PM2.5 organic

carbon), and 1.7 and 0.1 mg m�3 (PM2.5 elemental

carbon).

The 24 h PM2.5 Federal Standard of 65 mg m�3 was

never exceeded during the study at the PAQS central

site. However, on the nine days shown in Table 7, the

24 h average PM2.5 mass concentration was greater than

50mg m�3. Six of these nine days were consecutive 2-day

episodes. All 9 days occurred during the summer months

of 2001 and 2002, when the 24 h average ambient

temperature was higher than average. On three of the

days, the episodes were associated with higher than

average sulfate and lower than average organic carbon

concentrations (1 and 2 August, 2001, and 18 July,

2002). On four other days, the episodes were associated

with lower than average sulfate and higher than average

organic carbon concentrations (26 June, 1 and 2 July,

and 8 July, 2002).

In the remaining sections, seasonality in meteorology,

gas-phase and aerosol-phase measurements is assessed

using monthly average measurements. This approach

allowed seasonal generalizations to be made that were

not biased by inconsistencies observed during anom-

alous months, such as July 2001 and November 2001.
8. Seasonal summary of measurements collected at the

central site

Meteorology. The seasonal variations in meteorologi-

cal variables are shown in Fig. 4. Monthly average

ambient relative humidity (RH) did not exhibit a strong

seasonal dependence and was approximately 60–65%.

On average, the predominant wind direction was
southeasterly or northwesterly in July 2001 and south-

westerly in January 2002. The maximum wind speeds

were higher, on average, in January 2002 than in July

2001.

PM10 and PM2.5 mass concentrations. Monthly aver-

age PM10 and PM2.5 mass concentrations are presented

in Fig. 5. On average, approximately 65% of the PM10

mass measured at PAQS was in the fine (o2.5mm)

particle range. The monthly average PM2.5 mass

concentrations were robust, as four independent meth-

ods of measurement (MOUDI, FRM, Dichot, and

TEOM with SES) were in close agreement ðR2 > 0:95Þ
throughout the study period (Wittig and Davidson,

2003; Cabada et al., 2004b). Fig. 6 illustrates this

correlation between the FRM, Dichot, and TEOM with

SES but points out that the TEOM slightly over-

estimated the PM2.5 mass.

PM2.5 composition. Seasonal differences in the average

PM2.5 mass composition are presented in Fig. 7. Organic

matter concentrations for July 2001 are based on 24 h

integrated denuder sampler measurements and a multi-

plier of 1.8. For the rest of the study, organic matter

concentrations are based on the difference between the

OC collected on the upstream (‘bare quartz’) and

downstream quartz filters of the CMU TQQQ sampler

double-quartz filter pack. Sulfate, nitrate, and ammo-

nium concentrations are composites of measurements

made from several methods, including the CMU

inorganic sampler, the PC-BOSS, the steam sampler

and the Rupprecht and Patashnick 8400 instruments.

PM2.5 crustal material concentrations were estimated

from daily 24 h PM2.5 metal species measurements at the

PAQS satellite sites in July 2001 using the sum of oxides

algorithm (Malm et al., 1994a, b). The PM2.5 metal

species concentrations did not vary substantially across

the satellite sites and the estimate of PM2.5 crustal

material concentration of B1mg m�3 compared well

with estimates from similar studies (Tolocka et al.,

2001). Because the Pittsburgh aerosol is of a regional
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Fig. 4. Monthly average ambient temperature, ultraviolet radiation, and relative humidity, and monthly total precipitation

measured at the central site from July 2001 to June 2002. Also shown is the relative occurrence of 1 h wind speeds for July 2001 and

January 2002.
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Fig. 6. Comparison of 24 h integrated FRM PM2.5 mass

measurements and other PM2.5 mass measurements collected

at the central site from July 1, 2001 to June 30, 2002. Integrated

Dichot measurements were collected on a daily basis, while

TEOM measurements were collected continuously and aver-

aged on a 24 h basis.

Fig. 7. PM2.5 composition on a monthly average basis at the

central site from July 2001 to June 2002. Also shown is the

PM2.5 total mass measured using the FRM. Organic matter

concentrations for July 2001 are based on 24 h integrated

denuder sampler measurements and the experimentally deter-

mined multiplier of 1.8. For other periods, organic matter

concentrations are based on the difference between the OC

collected on the upstream (‘bare quartz’) and downstream

quartz filters of the CMU TQQQ sampler double-quartz filter

pack. Sulfate, nitrate, and ammonium concentrations are

composites of measurements made from several methods,

including the CMU inorganic sampler, the PC-BOSS, the

steam sampler and the Rupprecht and Patashnick 8400

instruments. Crustal component concentrations for August

2001 through June 2002 were estimated from daily July 2001

measurements collected at the PAQS satellite sites to be

approximately 1 mg m�3.
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nature, this estimate was also used for the months of

August 2001 through June 2002. Overall, the monthly

average elemental and organic carbon concentrations

were variable over the year, while the nitrate concentra-

tions were highest during the winter months, and the

mass and sulfate concentrations were highest during the

summer months.

Although not noted in Fig. 7, seasonal variations in

ultra fine aerosol composition (less than 0.1 mm), which

comprise approximately 5% of the total PM2.5 mass,

were also observed at the PAQS site. During the summer

intensive, Cabada et al. (2004c) found that on average,

55% of the ultra fine aerosol mass was inorganic (mainly

sulfate and ammonium) and 45% of the mass was

carbonaceous. During the winter intensive, only 33% of
the ultra fine aerosol mass was inorganic while 65% was

carbonaceous in nature.

PM size distributions. Average surface area and

volume size distributions are presented in Fig. 8

for selected months. The aerosol surface area was

centered at approximately 0.2 mm in aerodynamic

diameter. The aerosol volume distribution was bimodal,

with a majority of the aerosol volume in the fine

mode. The two modes were centered at approximately

0.3 and 3 mm.
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May 2002, as a function of electrical mobility diameter.
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0 6 12 18 24
25
50
75

100
125
150

0 6 12 18 24
0

10

20

30

P
M

2.
5 

m
as

s
(µ

g/
m

3 ) 
B

sc
at

 (
1/

M
m

)

July 2001

January 2002

Hour (EST)

July 2001

January 2002

Fig. 10. Diurnal variation in PM2.5 mass and light scattering

for July 2001 and January 2002 at the central site. PM2.5 mass

was measured using the TEOM and back scatter was measured

using the nephelometer.
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9. Seasonal differences in diurnal patterns at the

central site

Meteorology. Monthly average diurnal profiles were

compiled for particular high time resolution measure-

ments for the two intensive periods, July 2001 and

January 2002. Diurnal profiles of several key meteor-

ological variables are presented in Fig. 9. Greater than

90% and 55% of the days followed these average

diurnal patterns in July 2001 and January 2002,

respectively.

PM2.5 mass concentration, light scattering, and size

distribution. The average diurnal profiles for PM2.5 mass

concentration (Fig. 10) did not exhibit a clear diurnal

trend. Moreover, less than 25% of the days followed the

corresponding generalized patterns in either month. This

behavior can be explained by the fact that the dominant

components of the particulate mass (sulfate and

organics) were not produced locally but were trans-

ported to the area (Tang et al., 2004). The light

scattering at ambient RH by aerosols with diameters

less than or equal to 2.5mm exhibits a diurnal pattern

following that of RH that is more pronounced during

July 2001.

Differences in the diurnal profiles of ambient and

dried RH particle size and volume distributions for the

intensive months are illustrated in Fig. 11. The number

size distributions exhibit diurnal profiles due to diurnal

variations in the ultrafine particles, with a maximum
total number count at midday (Stanier et al., 2004b).

The difference between the maximum and minimum

number count is more pronounced in the July 2001

profile, when average ambient PM2.5 concentration was

higher. Approximately 40% and 55% of the days

followed these patterns in July 2001 and January 2002,

respectively. The dramatic difference between the July

2001 dried and ambient RH volume distributions is due

to the substantial water content of the aerosols,

attributed to seasonal differences in aerosol acidity.

PM2.5 mass composition. Diurnal profiles for specific

components of the PM2.5 mass were most evident for

nitrate (Fig. 12). Ambient nitrate exhibited a consistent

diurnal pattern throughout the study period, with

maximum nitrate observed in the early morning and

minimum nitrate observed in the late afternoon (Wittig
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Fig. 11. Average diurnal variation in particle number, and dried and ambient RH volume concentration for July 2001 and

January 2002 at the central site. Size distributions were measured using the DAASS and presented as a function of electrical

mobility diameter.
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instruments, the steam sampler, and the CMU inorganic

sampler.
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et al., 2003). The time of the maximum and minimum

nitrate shifted with seasonal changes in ambient

temperature and UV radiation. Approximately 90%

and 80% of the days followed the nitrate patterns in July

2001 and January 2002, respectively. Sulfate concentra-

tions varied diurnally only during the summer, consis-

tent with the gas-phase photochemical production

during the day. During the summer, maximum sulfate

was observed a couple hours before sunset. Approxi-

mately 70% of the days followed the sulfate pattern in

July 2001. During the winter, sulfate concentrations

were relatively stable over the course of a day on

average. Diurnal profiles for were also evident for PM2.5

organic and total carbon (Fig. 13). Approximately 60%

and 70% of the days in July 2001 followed the OC and

EC patterns, respectively, while around 60% of the days

in January 2002 followed the OC and EC patterns. The

features of the profiles varied seasonally, consistent with

changes in meteorology.

Gas-phase species. Diurnal profiles for were also

evident for several photochemically generated gas-phase

species, including O3, NO, and NOx (Fig. 14). The

features of these particular profiles also varied season-

ally. Greater than 75% and 70% of the days followed
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these patterns in July 2001 and January 2002, respec-

tively. The CO pattern is characterized by higher

concentrations during the night, a peak during the

morning rush hour and a lower concentration during

the day. The pattern is more pronounced during the

summer because of the stronger atmospheric mixing

during the day.

at the central site.
10. Conclusions

PAQS is a comprehensive multidisciplinary set of

projects in the Pittsburgh region, led by Carnegie Mellon

University with contributions from academia, national

laboratories, the private sector, and state and local air

pollution agencies. The PAQS study design called for

measurements to be made at a central site, at several

satellite sites, and from two aircraft in order to

characterize PM by examination of size, surface area,

and volume distribution, chemical composition as a

function of size and on a single particle basis,

morphology, and temporal and spatial variability in

the Pittsburgh region. Measurements made during the

14-month baseline study established the day-to-day

character of the meteorology and ambient measure-

ments, while measurements during the 2 intensive

periods (ESP01 and ESP02) enhanced the temporal,

spatial, and compositional detail of the baseline

measurements. These measurements will allow the

PAQS hypotheses to be systematically investigated.

Preliminary analyses of the overall dataset were

presented in this paper. Nine days of relatively high
PM2.5 mass concentration experienced during PAQS at

the central site were discussed, several of which formed

multi-day episodes, and all of which occurred during the

warmer summer months. Monthly average concentra-

tions and diurnal profiles were also presented, to describe

the features of the dataset, to emphasize the processes

which affected the observed concentrations, and finally

to demonstrate the consistency of the overall dataset.

Changes in particular gaseous species or components of

the PM2.5 mass were consistent with seasonal differences

in average and diurnal patterns in meteorological

measurements. On average, some of these patterns were

not present or not as dramatic in January 2002 as they

were in July 2001. Changes in the overall PM2.5 mass and

light scattering were attributed to the major components

of the mass, namely the sulfate component.
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Abstract

This paper presents a fine particle emission profile for a large metallurgical coke production facility. The profile is

developed from highly time-resolved, ambient air quality measurements made at a fence line site adjacent to the plant.

A fence line approach was employed because the coke plant has hundreds of stacks and other emission points, making it

difficult to develop an integrated, facility-wide emission profile using stack sampling techniques. Continuous or semi-

continuous measurements of PM2.5 mass, PM10 mass, SO2, NOx, organic and elemental carbon (OC and EC), particle

size and number, 11 trace metals, wind direction and wind speed were made. Background pollutant levels were also

measured. A combination of highly time-resolved meteorology and air quality data were used to determine when the

coke facility emissions influenced the sampling site. Concentrations for most pollutants at the fence line site were one to

two orders of magnitude higher than background levels when the facility plume heavily influenced the fence line site.

Highly time-resolved measurements are essential to resolve these relatively short-duration, large spikes in pollutant

concentrations. Simply measuring wind direction is insufficient. From these highly time-resolved measurements an

average PM2.5 emission profile for the coke facility was developed. The profile is dominated by OC (40%79% of PM2.5

mass emissions) and EC (25%75% of PM2.5 mass emissions). Significant contributions of certain trace metals were

also observed, including As, Zn, Se, and Pb. The particle emissions are dominated by the fine fraction, with PM2.5

estimated to contribute 84%714% of the PM10 mass.

r 2005 Elsevier Ltd. All rights reserved.

Keywords: Metallurgical coke production; Emission profile; PM2.5; Receptor modeling; Coal; Source sampling; Emission

characterization; Emission inventory; Primary OC
1. Introduction

In 1997 the US EPA promulgated a National

Ambient Air Quality Standard for PM2.5 (fine particles
e front matter r 2005 Elsevier Ltd. All rights reserve

mosenv.2005.06.028

ing author. Tel.: +1412 268 3657;

3348.

ess: alr@andrew.cmu.edu (A.L. Robinson).
with an aerodynamic diameter less than 2.5 mm).
Development of regulatory strategies for PM2.5 re-

quires data on fine particle mass emission rates and

speciated fine particle emission profiles for a broad

range of sources. Stack sampling is a standard tech-

nique for measuring emission data from industrial

facilities; however stack sampling is not well suited to

developing emission profiles from facilities with a
d.
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large number of stacks and/or substantial fugitive

emissions.

Another approach to measure emissions is ambient

measurements at a fence line site significantly influenced

by a source. This basic approach has been used to obtain

ammonia emission information for cattle feedlots

(McGinn et al., 2003), and the composition of particle

emissions from a phosphorus plant (Willis et al., 2001)

and a steel mill (Prati et al., 2000). Road tunnel studies

have also been widely used to develop emissions data for

vehicles, including fine particles (Kristensson et al.,

2004).

There are considerable challenges to developing

quantitative emission data from ambient fence line

measurements. First, transport of pollutants between

the emission point and the sampling site depends

strongly on local meteorological conditions. Second,

one must correct data for background concentrations.

These challenges are difficult to overcome using long

time-averaged ambient samples such as 12- or 24-h filter

samples because of changing meteorological conditions.

Unless the meteorological conditions are unchanging,

samples with long averaging times combine emissions

from many different sources that impact a site. The net

effect of this blending is to obscure source-specific

variation in a uniform ‘background,’ greatly complicat-

ing source identification.

The challenges associated with meteorology and

background corrections can be overcome using highly

time-resolved measurements which can reveal short

duration spikes in pollutant concentrations at the fence

line site. These spikes, in combination with meteorolo-

gical data, can often be attributed to individual plumes

crossing an ambient sampling site (Kidwell and Ondov,

2004). The pollutant concentrations of these spikes are

often many times greater than background concentra-

tions, greatly reducing the uncertainty of background

corrections. Recent development and commercialization

of a number of instruments that provide highly time-

resolved measurements of fine particle mass and

composition create the possibility of using fence line

studies to measure PM2.5 emissions.

This paper presents fence line measurements using a

suite of advanced fine particle instruments adjacent to a

large, metallurgical coke production facility. Coke

production facilities are very large industrial sites that

integrate many different processes with associated stacks

and numerous locations for fugitive emissions. The

primary product, metallurgical coke, is the residue of

coal left after removing the volatile material through

destructive distillation. It is primarily used in blast

furnaces for iron and steel production. At this facility,

gaseous byproducts are also recovered and used on site

for energy and made into other saleable products.

Previous research has examined emissions from specific

mechanical processes in coke production, as well as
fugitive emissions associated with oven door leaks

(USEPA, 2000). Coke oven gases are a complex mixture

of organic compounds, such as benzene, naphthalene,

and a variety of polycyclic aromatic hydrocarbons

(PAHs) (Kirton et al., 1991). They have been the focus

of many coke-related studies because of increased risk to

plant workers of premature mortality due to cancer,

especially respiratory, kidney, and prostate cancer

(USEPA, 1984, 1994). Due to these risks, coke oven

gases are defined as a hazardous air pollutant (HAP)

and are controlled under the Clean Air Act. Particulate

matter is emitted from the large number of high-

temperature processes used for coke production as well

as from the transport and physical processing of coke

and coal. Large uncertainties exist regarding the overall

fine particle emission rate, composition and size

distribution (USEPA, 2000).

This paper presents results from 3 weeks of contin-

uous, semi-continuous, and filter-based air quality

measurements made at a site adjacent to a large coking

facility near Pittsburgh, PA. A combination of meteor-

ology and pollutant data is used to determine when the

fence line site is being impacted by the facility. The data

are used to derive an integrated, facility-wide emission

profile for PM2.5 for the coke production plant.
2. Experimental methods

2.1. Sampling site

The sampling site was located at the edge of a plateau

and across a river from the coke plant (Figs. 1 and 2) at

geo-coordinates 40:18:40–79:52:35. The plant is upwind

of the sampling site for wind directions between 1751

and 3001 magnetic (Fig. 1). However, the coke-oven

batteries and other major plant operations are primarily

located between 2401 and 3001. The sampling site is well

above the tallest stacks at the facility. The transit time of

emission between the plant and the sampling site is on

the order of 5min under typical meteorological condi-

tions. The sampling site is surrounded by scrub brush

and is approximately 1
2
km from the public access road.

2.2. Description of facility

The coking facility is large, annually converting more

than 6 million tons of coal into more than 4 million

tons of metallurgical coke. As described below, the

technology used at this coke facility is quite standard

and, therefore, the results from this paper would be

applicable to most coking facilities. Easterly et al.

(1992) describe the coking process, emissions, and

control technologies. The plant operates essentially at

full capacity throughout the year. NOx emission rates

from boilers burning coke oven gas suggest normal
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Fig. 1. (a) Overhead view of coking facility and sampling site; and (b) wind rose for entire study period. The coking facility influences

the sample concentrations for wind directions from 1751 to 3001. The coke batteries and other major operations are located between

2401 and 3001. The circled numbers in (a) and associated arrows indicate bearings from other major upwind sources of PM2.5 (410 tpy)

near the coking facility (see Table 1). The length of bars in (b) indicates the fraction of the study period the wind was blowing from the

indicated direction. The dashed lines in (b) indicate wind directions when the fence line site is downwind of the coke facility.
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plant operations throughout the measurement period

(USEPA, 2003).

The facility consists of 12 slot oven by-product type

coke batteries. Each battery is composed of numerous

individual ovens, and the entire facility has more than
850 individual coking ovens. To make coke, coal is

tipped into large ovens (charging), heated in a reducing

environment to remove the volatile material, removed

from the ovens into large bins (pushing) and then cooled

with water (quenching). This facility, similar to many

modern coke plants, is based on the by-product recovery

process in which a portion of the volatiles driven off

during the coking process are collected and either

burned on site for energy or converted into chemicals.

At this plant, the byproduct recovery operations include

a tar refinery that converts crude coke oven tars into

liquid pitch and other liquid products. The plant uses

carbonate scrubbing to remove hydrogen sulfide from

the coke oven gas, and an on-site Claus plant converts

the hydrogen sulfide to molten sulfur. Finally the

ammonia is separated from the coke oven gas and

processed into anhydrous ammonia. The balance of the

coke oven gas is used for energy, either on site in boilers

or at other nearby facilities.

There are numerous points in the coking process when

air pollutants are emitted into the atmosphere (Easterly

et al., 1992). Significant emissions are associated with

the coke ovens. The coke ovens are sealed during most

of the coking process, but leaks are not uncommon. This

facility is required to visually track and report door, lid,
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and off-take leaks. In 2002, the average percentage of

the doors with leaks was 1.3% and 1.4% during the

study period. The percentage of off-take leaks was 0.6%

for 2002 and 0.7% for the study period. Reported

percentage of lids leaking is low, 0.03%. This informa-

tion is used to estimate annual emissions from the

facility. During pushing, both doors are removed

from the coke oven and emissions are difficult to

control. This facility has emission control devices

installed on the coke-side of the ovens. A traveling

canopy hood in conjunction with a bag house is

used to control emissions during pushing on 11 of the

12 batteries. The 12th battery uses a coke-side shed and

bag house to help control pushing emissions. Sheds are

viewed as a much more effective control technology

than traveling hoods (Easterly et al., 1992). Though

coke production is a batch process, the large number of

ovens (4850) dictate that all the steps in the coking

process (such as, pushing of an oven) happen every few

minutes.

2.3. Instrumentation and measurement frequency

Table 2 lists the pollutants measured at the fence line

site in addition to instrumentation, measurement fre-

quency and period of operation. The instrumentation

and analytical procedures used at the sampling site were

identical to those used for the Pittsburgh Supersite

(Wittig et al., 2004) to ensure compatibility of the results

for source apportionment analysis of ambient data.

A suite of automated instruments was deployed in an

air conditioned shelter to provide highly time-resolved

measurements of fine particle mass, composition, and

number size distribution. Continuous PM2.5 mass was

measured using a TEOM (Model 1400a, Rupprecht &

Pataschnick Co., Inc.) operated with a sharp cut PM2.5

cyclone at a controlled temperature of 50 1C. PM10 mass

was measured using a TEOM (Model 1400a, Rupprecht

& Pataschnick Co., Inc.) also operating at 50 1C. Particle

number and size from 0.013 to 20mm were measured

semi-continuously using a standard SMPS (TSI, Inc.,

Model 3936L10) and Aerodynamic Particle Sizer (APS)

(TSI, Inc., Model 3320) (Stanier et al., 2004). The SMPS

sheath flow was dried with silica gel; the sample flow was

not dried. The 1Lmin�1 aerosol flow of the APS was

dried by a nafion tube dryer; the sheath air of the APS

was not dried. SO2 and NOx concentrations were

continuously measured at the site. Wind speed and

wind direction were measured at both 10 and 30m.

Semi-continuous measurements of PM2.5 organic and

elemental carbon (OC and EC) were made using a

Sunset Laboratory in situ carbon analyzer with an

activated carbon parallel plate denuder upstream of the

instrument. The instrument used a preliminary version

of the STN network analysis protocol (modeled after

NIOSH 5040) with a peak helium mode temperature of
870 1C. Details of operation of the carbon instrument

are described by Polidori et al. (2005).

Semi-continuous measurements of fine particle ele-

mental composition were made using a Semi-continuous

Element in Aerosol Sampler (SEAS) and analyzed

offline using Graphite Furnace Atomic Absorption

Spectrophotometry (GFAAS) (Kidwell and Ondov,

2004). The SEAS inlet has a size cut of roughly 1.8 mm
and concentration data are available for 11 elements: Al,

As, Cd, Cr, Cu, Ni, Mn, Fe, Pb, Se, and Zn. The SEAS

sampler was only operated for 2 days because of damage

to the sampler control system that occurred during a

power failure early in the study period.

Integrated filter samples were collected over 4–6-h

periods at night when the plume of the coke facility

often strongly influence the monitoring site. Integrated

PM2.5 samples were collected on cellulose filters using a

high-volume (HIVOL) sampler and analyzed using

Inductively Coupled Plasma Mass Spectrometry (ICP-

MS) to determine concentrations of Al, As, Ba, Ca, Cd,

Cr, Cu, Fe, Ga, K, Mg, Mn, Mo, Na, Ni, Pb, Rb, Sb,

Se, Sr, Ti, V and Zn (Pekney and Davidson, 2005).

PM2.5 samples were collected with a denuder-filter pack

sampler similar to that described in Takahama et al.

(2004) for analysis by ion chromatography for Na+,

NH4
+, K+, Mg2+, Ca2+, Cl�, SO4

2�, NO3
� and oxalate.

Gas-phase concentrations of NH3, HCl, and HNO3

were obtained by calculating the difference between

corresponding ion concentrations in the denuded and

undenuded channels.

2.4. Background concentrations

Regional background concentrations were measured

at the central Pittsburgh Supersite and several other sites

in Allegheny County that are not strongly influenced by

local sources. Although most of these sites are more

than 10 km away from the fence line site, they provide

suitable background data because of the strong regional

character of fine particle concentrations in the Pitts-

burgh region. Tang et al. (2004) found little variation in

daily samples collected across the Pittsburgh region

supporting the use of regional concentrations as an

estimate of background levels. As discussed in the results

section, peak concentrations at the coke facility were

significantly above this regional background, which

minimizes the uncertainty associated with the back-

ground corrections.

Background concentrations of PM2.5 mass, organic

and elemental carbon were estimated using data

collected simultaneously at the Pittsburgh Supersite

(Wittig et al., 2004). PM2.5 mass and composition at

this site are very similar to other locations within the

region (Tang et al., 2004). A PM2.5 TEOM was used to

measure PM2.5 mass at the Supersite (Rees et al., 2004).

PM2.5 OC and EC were determined from 24-h quartz
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filter samples collected using an undenuded, back-up

filter sampler at the Supersite (Subramanian et al.,

2004). OC data were corrected for positive sampling

artifacts using a quartz backup filter behind a quartz

filter (Subramanian et al., 2004). The 24-h concentra-

tions of OC and EC measured at the Supersite were

distributed into hourly estimates using the PM2.5 TEOM

data and assuming a constant ratio of OC and EC to

PM2.5 mass throughout the day and night. These ratios

were calculated for each day from the 24-h OC and EC

measurements and the 24-h average PM2.5 mass.

Background concentrations of PM10 mass, SO2 and

NOx are estimated using data from several sampling

sites operated for compliance monitoring by the

Allegheny County Health Department and Pennsylvania

Department of Environmental Protection. Background

PM10 mass concentrations were estimated using TEOM

measurements from sites located in Charleroi, Liberty,

Greensburg, Hazelwood, and Pittsburgh. Background

SO2 concentrations were estimated using data from sites

located in Charleroi, Washington, Holbrook, and

Greensburg, Pittsburgh, Liberty, Hazelwood, and Ham-

merfield. Background NOx concentrations were esti-

mated using data from sites located in Charleroi,

Washington, Holbrook, and Greensburg. Pollutant

levels at these sites were compared to identify periods

when individual sites were being impacted by obvious

site-specific plumes. Periods with site-specific plumes

were then removed from the data set, and averages

of the remaining data were used as background

concentrations.

Background concentrations for trace metals measured

with the SEAS sampler were estimated using SEAS data

at the fence line site for periods when the fence line site

was not downwind of the coke production facility. The

validity of this estimate is discussed later in the paper.

Background concentrations for elemental composition

and major ion concentrations determined from filter

samples were estimated using average values for the

summer of 2002 measured at the main Pittsburgh

Supersite.

2.5. Calculation of emission profile

A PM2.5 emission profile for the coke facility was

calculated using the measurements at the fence line site

and the background values:

EFi ¼
X f ;i � Xb;i

PM2:5f ;i � PM2:5b;i

, (1)

where EFi is the contribution of pollutant X to PM2.5 for

time period i, Xf,i and Xb,i are the fence line and

background concentrations of pollutant X for time

period i, respectively; and PM2:5f ;i and PM2:5b;i are the

fence line and background PM2.5 mass concentrations

for time period i. The PM2.5 concentrations measured
with the TEOM were averaged to correspond to the

measurement period of the different instruments; for

example, the 10min TEOM data were averaged into 30-

min blocks for calculation of the emission profile using

the SEAS data. Table 2 lists measurement periods for

the different pollutants.

Eq. (1) was applied to all measurement periods when

the fence line site was downwind of the coke facility. The

resulting set of emission profiles was then combined

using an uncertainty weighted average to determine an

average emission profile for the entire measurement

campaign (Taylor, 1997):

EFwav ¼

P
wiEFiP

wi

. (2)

EFwav is the weighted average contribution to PM2.5 of a

given species, wi is the weighting factor, wi ¼ 1=s2i . si is

the uncertainty of EFi calculated for measurement

period i, and is determined by propagating the

measurement uncertainty for each parameter (e.g. sx,f,i,

sx,b,i, sPM2:5 ;f ;i, sPM2:5 ;b;i) through Eq. (1) assuming that

the uncertainties for the different measurements are

uncorrelated. The overall uncertainty of the average

profile is then calculated using error propagation

techniques (Taylor, 1997). This approach more heavily

weighs periods during which the fence line concentra-

tions are considerably above background levels.

Uncertainty values for each measured parameter were

developed as part of the Pittsburgh Supersite (see e.g.

Rees et al., 2004). Typical uncertainties are around 10%.

Additional uncertainty is assigned to background

pollutant concentrations (e.g. sx,b,i, sPM2:5 ;b;i in Eq. (1))

to account for any differences between the regional

measurements used to estimate the background concen-

trations and actual conditions upwind of the coke plant.

Background uncertainties were determined by compar-

ing the estimated background concentrations to mea-

surements at the fence line site when the fence line site

was not downwind of the facility. Uncertainties were

then defined to account for variation in these data. This

approach accounts for both the instrument uncertainty

and any biases associated with the background. To

illustrate the approach used to define background

uncertainties, Fig. 3 compares the hourly PM10 con-

centrations at the fence line sampling site to the hourly

regional average PM10 concentration for periods when

the fence line site was not downwind of the coke facility.

The dashed lines shown on Fig. 3 bound 90% of the

variation between the regional background and fence

line PM10 concentrations for periods when the fence line

site is not downwind of the plant. These lines define the

712 mgm�3 uncertainty used for the background PM10

concentrations. Similar comparisons were performed to

determine the background uncertainties for the other

parameters. Background uncertainties for the filter-

based trace metal and inorganic ion concentrations are
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Fig. 3. Comparison of hourly PM10 at the fence line site to

background PM10 when the fence line site was not downwind of

the coke production plant. Background PM10 is estimated using

an average of six PM10 monitoring sites from around the

county as described in the text. The uncertainty assigned to the

background PM10 concentrations (712 mgm�3) are indicated

by the dashed lines. These lines were defined to encompass 90%

of data.
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twice the standard deviation of the data used to estimate

the background.
3. Results and discussion

Figs. 4 and 5 present time-series measurements of

fence line site and background air pollutant concentra-

tions and meteorology. Fig. 4 presents wind direction,

wind speed, mixing height, PM2.5 mass, PM10 mass, OC,

EC, total particle number, SO2, and NOx data for the

10-day period during which the semi-continuous carbon

analyzer was operating. Fig. 5 shows wind direction,

PM2.5 mass, and semi-continuous metal concentrations

(Al, As, Cd, Cr, Cu, Fe, Mn, Ni, Pb, Se, Zn) for the

2-day period when the SEAS was operated. Breaks

in data indicate periods of instrument maintenance or

malfunction.

Evidence of the strong influence of emissions from the

coke production facility on the fence line site are the

‘‘plume events,’’ or intermittent periods when concen-

trations at the fence line site are high compared to the

background. Fig. 4 shows three such plume events:

Period 1, a 3-h period around midnight (EST) on

August 21, 2002 during which PM2.5 concentrations at

the fence line site were 60 mgm�3 versus 20 mgm�3 in the
background; Period 2, a 30-h period that starts around

10:00 EST on August 21 during which the peak PM2.5
concentrations at the fence line site was 160mgm�3

versus 40 mgm�3 in the background; and Period 3, a 4-h

period around midnight on August 26 during which

peak PM2.5 concentrations at the fence line was

60mgm�3 versus 10 mgm�3 in the background. The

fence line site was downwind of the plant during each of

these periods (wind directions range from 1751 to 3001).

Large spikes in SO2, NOx, OC, EC, and metals

concentrations are also observed during these periods.

These spikes are significantly greater than background

levels, even after accounting for the large uncertainty in

the background concentrations.

The fence line site was downwind of the coke facility

46% of the study period (see Fig. 1), and during 75% of

that time, PM2.5 levels were greater than background

levels. Fence line concentrations were 2, 3 and 10 times

background concentrations for 37%, 20%, and 2% of

the time the sampling site was downwind of the facility,

respectively. The plume composition does not signifi-

cantly change with the strength of a plume event. For

example, the OC and EC fraction of PM2.5 is insensitive

(within uncertainty) to inclusion or removal of the

period on 21 August 2002 during which pollutant levels

were 48 mg-Cm�3 and 35 mg-Cm�3, respectively.

The fact that pollutant levels at the fence line site are

not always larger than background levels when the site is

downwind of the plant underscores the important role

that meteorological conditions play in determining

pollutant concentrations at the fence line site. Simply

having the correct wind orientation is not sufficient to

ensure high pollutant levels compared to background

concentrations. For example, Fig. 4 shows that between

0:00 and 17:00 h EST on August 23, 2002, the fence line

site was downwind of the coke plant (wind direction

between 2401 and 3001) but the ratio of fence line to

background concentrations of PM2.5 was unity. Periods

when the wind direction is from the plant and pollutant

concentrations are comparable to background levels

supports the regional measurements used to estimate

background values at the fence line site.

In addition to wind direction, boundary layer height

and wind speed also influence pollutant concentrations

at the fence line site. Mixing height data collected at

Pittsburgh International Airport located 40 km to the

NW of the fence like site are shown in Fig. 4. The

highest concentrations are generally observed at night

when the mixing height is lower forcing the core of the

plume closer to the ground. During the day when the

mixing height is high, the plume from the plant can often

be clearly seen passing above the fence line site. Note

that during nights when the fence line site was not

downwind of the coke facility, elevated pollutant

concentrations levels were not observed (e.g. 18:00

EST 24 August to 0:00 EST 25 August in Fig. 4)

indicating that the nocturnal pollutant spikes are not

regional events. Wind speed is another important factor;
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Fig. 4. Time-resolved measurements of air quality and meteorological data. (a) Wind direction, (b) mixing height, (c) wind speed,

(d) PM2.5 mass, (e) PM10 mass (f) PM2.5 OC, (g) PM2.5 EC, (h) total particle number, (i) SO2, and (j) NOx. Horizontal dashed lines in

(a) indicate wind angles when fence line site is downwind of coke facility. In (d)–(j) thick lines indicate fence line data, and thin lines

indicate background values. Error bars indicate uncertainty of background values. Vertical dashed lines indicate three periods of

significant impact as discussed in the text.
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lower wind speeds reduce pollutant dispersion increasing

the strength of a plume event. It should be noted that

microscale meteorology caused by the river is likely to
influence plume behavior. While this, in combination

with the geometry of the site and the distributed nature

of the source, complicates application of dispersion
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models to the site, the data strongly support the

conclusion that the fence line site is significantly

influenced by emissions from the coke production

facility.
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During periods when the wind direction was not from

the plant, air pollutant concentrations were, within

uncertainty, the same as the regional background. This

is illustrated by the PM10 mass data shown in Fig. 3. The

regional average PM10 is determined using data from six

sites around southwest Pennsylvania. The strong corre-

lation with a 1:1 slope supports the use of regional data

for estimating background concentrations at the fence

line site.

The short duration of the pollutant spikes shown in

Figs. 4 and 5 underscores the importance of highly time-

resolved data in combination with meteorological data

to identify strong plume events. For example, the 24-h

average OC value on 25 August 2002 at the fence line

site is 3.5mg-Cm�3, which is comparable to the 24-h

background concentration of 2.8 mg-Cm�3. However,

the peak concentration at the fence line site during this

24-h period was 19.7mg-Cm�3, almost a factor of six

higher than the estimated peak background value of

3.3mg-Cm�3. Without the high-time resolution it is

difficult to separate the contribution of the coke facility

from background.

A potential concern is that the spikes in pollutant

concentrations shown in Figs. 4 and 5 are caused by

sources other than the coke facility. Several other major

point sources are upwind of the site for wind directions

between 1751 and 3001 (USEPA, 1999). The distance and

bearing of these sources from the fence line site and their

PM2.5, NOx, and SO2 emission rates are listed in Table 1.

Arrows indicating the bearings from each of these

sources to the fence line site are also shown in Fig. 1.

Several pieces of evidence suggest that these other

upwind sources are not responsible for the large spikes

in pollutant concentrations at the fence line site. First,

the large spikes shown in Fig. 4 occur at wind directions

between 2401 and 3001, while the other upwind sources

are located between 1751 and 2301. Second, the coke

facility is by far the dominant source of PM2.5 mass

between the wind angles of 1751 and 3001, estimated to

emit more than a factor of two more PM2.5 than the rest

of the upwind sources combined. Third, the largest

PM2.5 sources listed in Table 1 (e.g., coal-fired power

plants) are not major sources of OC and EC and, thus,

would not cause the large spikes in those pollutants

(Watson et al., 2001; Lipsky et al., 2004). As seen in

Figs. 4 and 5, the large spikes in PM2.5 mass are
Fig. 5. Time-resolved meteorology and metals concentrations

measured using SEAS. (a) Wind direction and (b) PM2.5

concentration. Heavy lines are measurements at fence line site,

thin lines are background concentrations. Horizontal dashed

lines in (a) indicate wind angles when fence line site is

downwind of coke facility. Error bars indicate uncertainty of

background values. Vertical dashed lines correspond to periods

of significant impact also indicated in Fig. 4.
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Table 1

Major air pollutant sources upwind of the fence line site for wind directions between 1751 and 3001

Numbera Description Distance from

sampling site (km)

Bearing from

site

PM2.5 SO2 NOx

(deg) Emissions

(tpy)b
Emissions

(tpy)b
Emissions

(tpy)b

1 Metallurgical coke

production facility

0.4 237 922 2268 10335

2 Chemical manufacturer 5.8 219 10 4 41

3 Float glass plant 7 221 60 268 798

4 Coal-fired power plant 7.5 219 132 4930 7023

5 Coal-fired power plant 13 227 80 1031 2831

6 Fertilizer manufacturer 13.5 183 99 0 377

aNumber corresponds to those shown in Fig. 1.
btpy ¼ tons per year.

Table 2

Monitoring instrumentation used at fence line sampling site

Instrument Parameter Frequency Period of

operation

API Model 100A SO2 Analyzer SO2 5min 8/15/02–9/4/02

API Model 200A NOx Analyzer NOx, NO 5min 8/15/02–9/4/02

R&P Model 1400a TEOMs PM2.5 Mass 10min 8/15/02–9/5/02

R&P Model 1400a TEOMs PM10 Mass 1 h 8/15/02–9/5/02

Meteorological Tower Wind speed and direction, 10 and 30m 15min 8/15/02–9/5/02

SMPS, APS Number size distribution from 0.013 to 20mm 7min 8/15/02–8/24/02,

8/26/04–9/5/02

Semi-continuous Element in Aerosol

Sampler (SEAS)

Al, As, Cd, Cr, Cu, Ni, Mn, Fe, Pb, Se, Zn 30min 8/20/02–8/22/02

Sunset Laboratory Carbon Analyzer

(Model 2)

OC, EC 65/90min 8/17/02–8/26/02

Thermo Anderson High-Volume

PM2.5 Sampler

Al, As, Ba, Ca, Cd, Cr, Cu, Fe, Ga, K, Mg,

Mn, Mo, Na, Ni, Pb, Rb, Sb, Se, Sr, Ti, V, Zn

6-h samples

(N ¼ 7)

8/22/02–9/5/02

TE 1000 quartz/PUF Sampler 113 Species 6-h samples

(N ¼ 5)

8/21/02–9/4/02

CMU Inorganic Sampler, a denuder/

filter-based speciation

Na+, NH4
+, K+, Mg2+, Ca2+, Cl�, SO4

2�,

NO3
�, C2H2O4, NH3, HCl, HNO3

6-h samples

(N ¼ 13)

8/21/02–9/4/02
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associated with OC. Coal-fired power plants do emit

large amounts of metals raising the possibility that

emissions from these plants could contribute to the

metals concentrations at the fence line site. However,

spikes in metals concentration are correlated with spikes

of OC, suggesting they are from the same source.

Fourth, some of the upwind sources, such as the

fertilizer plant, do not have large stacks to create a

well-defined plume to impact the fence line site (Table 2).

The highly time-resolved measurements do provide

evidence of other sources influencing the fence line site.

For example, Fig. 5 shows peaks in Ni and Cr but no
spike in PM2.5 mass on 21 August 2002 from 1:00 to 4:30

EST. The wind direction during this period varied

between 401 and 1401 and therefore the spikes do not

correspond to the coke facility. It is likely these metals

are from another source, potentially a metal coating

plant located approximately 3 km from the sampling site

at a bearing of 481.

3.1. Emission profile for coke production facility

Under the assumption that the excess pollutant levels

observed at the fence line site compared to background
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Table 4

Gas emission profile for coke production facility

Speciesa PM2.5 Ratio uncertainty

SO2 7.4 0.9

NOx
b 5.1 0.8

NH3 0.09 0.04

HClc 0.004 0.005

aUnits are mg of gas per mg of PM2.5 mass.
bConverted to mass using a molecular weight of 46 gmol�1.
cValues not greater than zero by at least two times
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are due to emissions from the coke facility, an emission

profile for the facility can be developed by applying

Eq. (1) to the fence line and background data for periods

when the site is downwind of the coke facility. Profiles

from each measurement period were then combined

using a weighted average to determine an average profile

for the facility. Tables 3 and 4 list the average emission

profile for all of the pollutants measured. The profile

accounts for roughly 89%732% of the PM2.5 mass

when using a factor of 1.4 to convert OC (mg-Cm�3) to

organic mass (OM, mgm�3).
Table 3

PM2.5 emission profile for coke production facility

Species % PM2.5 mass (%) Uncertaintya (%)

OCb 40 9

ECb 25 5

SEAS trace metals

Al 0.57 0.045

As 0.038 0.0028

Cd 0.0039 0.0005

Cr 0.0053 0.0009

Cu 0.023 0.0035

Fe 0.42 0.041

Mn 0.092 0.010

Ni 0.0055 0.0011

Pb 0.088 0.0084

Se 0.026 0.0021

Zn 0.12 0.012

Hi-Vol trace metalsc

Cse 0.0002 0.0004

Gae 0.0058 0.0032

Ke 0.075 0.21

Rbe 0.0005 0.0015

Sbe 0.0031 0.0052

Sre 0.0022 0.0035

Tl 0.0037 0.0009

Ve 0.0012 0.0021

Inorganicsd

Na+e 0.28 0.31

NH4
+e 1.8 3.9

Mg2+ 7.5 5.0

Cl� 1.8 0.94

C2H2O4
e 0.77 5.4

aListed uncertainties are two times the propagated error as a

percentage of PM2.5 mass as described in the text.
bUnits of mg-C/mg PM2.5.
cLi, Be, Na, Mg, Ca, Ti, Co, Ag, Cs, Ce also measured but

fence line concentrations were less than estimated background

concentrations.
dK+, SO4

2�, NO3
�, and HNO3 also measured but fence line

concentrations were less than estimated background concentra-

tions.
eValues not greater than zero by at least two times

propagated error.

propagated error.
Scatter plots of background corrected values for

selected pollutant versus background corrected PM2.5

mass are shown in Figs. 6 and 7 to examine the

suitability of the average profile. The symbols in these

plots indicate data from each measurement period; the

solid line is the average emission profile listed in Table 3.

Scatter plots (Fig. 6) show strong correlation of

background corrected OC and EC versus background

corrected PM2.5 (r2 ¼ 0:82, 0.81, respectively). The

single high point strongly influences the r2 value, but

its inclusion or removal does not significantly change the

emission profile value. OC comprises 4079% of the

PM2.5 mass, and EC is 2575% of PM2.5 mass. The high

levels of OC and EC in the fine particle emissions are

expected given that coke production involves high-

temperature processing of coal in a reducing environ-

ment. Both coke oven door leaks and pushing likely

contribute significantly to these OC and EC emissions.

Polycyclic aromatic hydrocarbons (PAHs) dominate the

organic fraction from the coke facility, 32% of total

organic mass are PAHs based on the speciated organics

data collected at the fence line site. This is expected, as

PAHs are known to be a major component of coke oven

gas (Kirton and Crisp, 1990; Kirton et al., 1991). The

PAH concentrations at the fence line site were often

more than two orders of magnitude greater than the

background. Further analysis of speciated organics data

collected at the fence line site will be presented in a

future publication.

The error bars shown in Fig. 6 indicate that not all of

the scatter in the data can be explained with uncertainty.

The variability in the data is likely due to a combination

of changes in plant operations and wind direction. For

example, the plant is very large and different wind angles

correspond to different parts of the plant. One would

expect different emission profiles for different parts and

that is a likely cause of some of the variability shown in

Fig. 6. Similarly, the composition of emissions is also

likely to vary with time.

Fig. 7 shows scatter plots of background-corrected

SEAS metals concentrations versus background-corrected
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average of the data (indicated by the symbols). Error bars,

shown only on select points for figure clarity, indicate

uncertainty of background-corrected data.
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PM2.5 mass. The metals with the strongest correlations

with PM2.5 mass are As, Zn, Se, and Pb (r2 of 0.64, 0.65,

0.47, and 0.55, respectively). When the site is downwind of

the plant, peak concentrations of these species are all

30–100 times above background and the vast majority of

fence line measurements are more than twice background.

As and Se are used as tracers for emissions from coal-fired

power plants (Harrison et al., 1996) and Zn and Pb,

though not specific to coal combustion, are still present in

source profiles from coal-related emissions (Gordon,

1988). The reasonable correlations in combination with
the range of wind angles make it unlikely that sources

other than the coke facility are contributing to the

emission profile for As, Pb, Zn and Se. Again, effects of

wind angle and plant operations likely contribute to the

variability illustrated in the As, Zn, Se, and Pb data shown

in Fig. 7. Pb, and to a lesser extent Se and Fe, shows

distinct bifurcation in the data which could indicate

influence from another source. However, there is no

discernable correlation between meteorological data and

the trends in the data, and therefore no reason to believe

there is influence from other sources.

Fig. 7 indicates significant variability in the relation-

ship between Cd, Cr, Cu, Fe, and Ni and PM2.5 mass.

All of these species are much closer to background

concentrations indicating lower levels of emissions. For

example, Cr, Cd and Ni only have two samples each that

are more than twice background concentration. The

majority of Fe and Cu samples are less than twice

background. This results in much larger uncertainties in

the emissions of these species. There are also incon-

sistencies in the data for these metals. For example,

there was a single instance when Cd concentrations were

well above the rest of the values. When this point is

excluded, the Cd ratio with PM2.5 becomes

0.001170.0003%, compared to 0.003970.001% listed

in Table 3.

Analysis of filter samples by ICP-MS provides data

for 23 metals including some measured by SEAS.

However, from these 4–6 h samples, it was difficult to

separate the signal of the coke facility from the

background. For species measured by both samplers,

the SEAS data are used to develop the profile because

the high temporal resolution of the SEAS clearly

resolves periods during which the fence line site is

heavily influenced by the plume. Of the remaining

species determined by ICP-MS analysis of the filter

samples, only Cs, Ga, K, Rb, Sb, Sr, Tl, V were detected

in concentrations above background levels. Of these,

only Tl was well above (up to 80 times) background

concentrations. For Cs, Ga, K, Rb, Sb, Sr, and V, the

uncertainties in the plume concentrations and the

background estimates resulted in huge uncertainties in

the calculated emission profile. For these species, the

data only provide a bound for the emission rate.

Inorganic ions may contribute a significant amount to

the fine particle mass of the coke emissions, 12715%.

However, because of the 4–6 h sample periods and large

uncertainties in background concentrations, the results

are highly uncertain.

3.2. Particle size distribution

Time-series measurements of total particle number are

shown in Fig. 4. The coke production facility is a

significant source of particle number. For periods when

the fence line site is downwind of the coke facility, the
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Fig. 7. Background-corrected metals measured with SEAS versus background-corrected PM2.5 mass (‘‘Delta’’ indicates background

has been subtracted from the fence line measurements). Average emission profile (indicated by solid line) is a weighted average of the

data (indicated by the symbols). Error bars indicate uncertainty of background-corrected data.
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measured number concentration is often more than a

factor of 10 higher than the background concentrations.

Fig. 8 shows measured background-corrected number

and volume distributions during 20 August 2002 at

23:00 when the wind was coming from 2951 and the

fence line was being strongly influenced by emissions

from the plant. As a reference, background size

distributions measured 2 h later when the wind shifted

to 701 are also shown. The strongest plume events (total

number concentrations 47,000,000 cm�3), such as the

one shown in Fig. 8, have a number mode around 45 nm.

During weaker plume events such as the one that

occurred on 19 August 2002 at 19:00 (total number
concentrations o6,000,000 cm�3), the peak number

mode is around 35 nm. This ultrafine mode is consistent

with fresh emissions from a high temperature or

combustion source. Total particle number was also

reasonably well correlated with NOx concentrations,

another indicator of a combustion source.

The observed shift in the peak of the number mode as

a function of plume event strength may be caused by

coagulation of the very high particle number concentra-

tions in the plume. A time scale for coagulation due to

Brownian motion can be estimated from the measured

size distributions (Seinfeld and Pandis, 1998). Given the

very high number concentrations, the coagulation time
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background distribution measured 2 h later when the wind had
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scale is on the order of a minute for the very strong

plume events. For the weaker events with lower

total number concentrations the coagulation time

scales are about 6 times slower. Presumably, the

strongest events correspond to periods when the core

of the plume impacts the site, while the weaker events

correspond to more dilute conditions on the edge of the

plume.

Fig. 8 also shows the background corrected particle

volume distributions for a strong plume event and a

background distribution as a reference. The background

corrected volume distribution has two modes, one at

around 1300 nm and a second at 45 nm. The particles in
1300 nm mode are likely emitted from the mechanical

processes such as pushing, charging, and quenching,

while the smaller mode is possibly due to gas to particle

conversion inside of the high-temperature processes used

to make coke. Note that the background volume

distribution has a distinct peak in the accumulation

mode around 300 nm that is not present in the

background-corrected plume.

When the site is downwind of the plant there is strong

correlation between background-corrected PM2.5 mass

measured with the TEOM and integrated particle

volume up to 2.5 mm measured with the SMPS and

APS (r2 ¼ 0:87). This comparison yields a particle

density of 1.4 g cm�3, consistent with expectations for

organic particles (Turpin and Lim, 2001). Significant

scatter and a poor correlation is observed between PM10

mass measured with the TEOM and the integrated

volume up to 10 mm, possibly due to losses of larger

particles in the inlet used for the APS.

A comparison of the mass measurements of the PM10

and the PM2.5 TEOMs at the fence line site indicates

emissions from the coke facility are dominated by the

fine fraction. Background-corrected PM2.5 contributes

84714% of background-corrected PM10 mass for

periods when the fence line site is downwind of the

plant (r2 ¼ 0:71).
3.3. PM2.5 mass emission rate for coke production

The ultimate goal is to convert the PM2.5 emission

profile we determine into speciated mass emission rates

using an overall plant PM2.5 mass emission factor (e.g.

kg PM2.5 emission per ton of coke produced). Con-

versations with both plant personnel and local regula-

tors indicate that large uncertainties exist in the PM2.5

emission rate used to develop the emission inventory,

while the overall plant SO2 emission rate was felt to be

much more certain. Therefore, we estimated the overall

plant PM2.5 mass emission rate using the published SO2

emission factor (Hochhauser, 2002) in combination with

the average ratio of background-corrected PM2.5 mass

to background-corrected SO2 concentration measured

during this study when the fence line site was downwind

of the plant.

The published emission rate of SO2 for 2002 is

0.370.2 kg SO2 per ton of coke produced (Hochhauser,

2002). The average ratio between SO2 and PM2.5

concentrations for periods when the fence line site is

downwind of the plant (listed in Table 4) is 7.470.9 kg

SO2 per kg of PM2.5, which is almost three times the SO2

to PM2.5 ratio in the emission inventory (2.570.8 kg

SO2 per kg of PM2.5) (Hochhauser, 2002). Combining

this information, we estimate the PM2.5 mass emission

factor to be 40720 g PM2.5 per metric ton of coke

produced.
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4. Conclusions

Highly time-resolved ambient measurements were

made at a fence line site adjacent to a large coke

production facility to develop an integrated facility-wide

emission profile. The data reveal intermittent spikes of

high pollutant concentrations that are associated with

emissions from the coke facility. The strength of these

plume events depends upon a combination of wind

direction, wind speed, and mixing layer height. Simply

having the correct wind direction did not guarantee the

sampling site was being influenced from the plant.

Highly time-resolved measurements greatly simplify

separating the contribution of emissions from the coke

facility from the background concentrations.

Good correlations were observed between back-

ground-corrected PM2.5 mass and background-corrected

OC, EC, and several of the trace metals. PM2.5 emissions

from the coke facility are predominately organic carbon

(40%79%) and elemental carbon (25%75%). The

high levels of OC and EC emissions are consistent with

the nature of the coking process, which involves heating

of coal in a reducing atmosphere. Trace metals

contribute another 1.7%70.8% of the PM2.5 mass with

a distribution of elements similar to fine particle

emissions from coal-fired power plants.

The particle emissions from the coke facility are

dominated by the fine fraction, with PM2.5 estimated to

contribute 84714% of the PM10 mass. The coke

production facility is also a large source of particle

number, with a number mode at 45 nm consistent with a

combustion/high-temperature source. The particle vo-

lume distribution is dominated by larger particles with a

mode at 1300 nm and a smaller mode at 45 nm.
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[1] In the eastern United States, inorganic species account for approximately half of the
PM2.5 mass, with sulfate salts comprising the largest fraction. Current strategies for
reducing PM2.5 mass concentrations target reducing SO2 to reduce sulfate, but in such a
case more ammonium nitrate may form when nitric acid is present. Large-scale chemical
transport models suffer from uncertainties associated with emission inventories. To
examine how the inorganic PM2.5 concentration responds to changes in emissions, we
introduce an observation-based box model, the thermodynamic model with removal
(TMR), to estimate responses of PM2.5 to precursor concentrations. TMR assumes that
particles are in equilibrium with the gas phase, but the removal rate of total (PM2.5 + gas)
nitric acid from the system depends on the gas/aerosol partitioning of this species. The
model is used to investigate sulfate, total ammonia, and total nitric acid control strategies
for western Pennsylvania during the winter using measurements obtained in the
Pittsburgh Air Quality Study. Predictions from TMR are compared with observations and
predictions of a chemical equilibrium model (GFEMN), where the perturbation of sulfate
or total ammonia does not affect the total nitric acid availability. Results show that
TMR predicts more aerosol nitrate to form than GFEMN in scenarios where the total
ammonia to sulfate ratio is increased, but model results are similar under ammonia-limited
conditions. When sulfate is reduced by 50% during the winter, GFEMN predicts that
inorganic PM2.5 mass concentrations will be reduced by 23%, while TMR predicts that
there will only be an 8% reduction. For a 50% reduction in ammonia availability,
inorganic PM2.5 was reduced by 29%, while for a 50% reduction in total nitric acid a 17%
reduction in inorganic PM2.5 was predicted. The analysis suggests the importance of
the phase state of the aerosol for the effectiveness of the emission control strategies.

Citation: Vayenas, D. V., S. Takahama, C. I. Davidson, and S. N. Pandis (2005), Simulation of the thermodynamics and removal

processes in the sulfate-ammonia-nitric acid system during winter: Implications for PM2.5 control strategies, J. Geophys. Res., 110,

D07S14, doi:10.1029/2004JD005038.

1. Introduction

[2] Atmospheric particles have adverse effects on
human health and directly affect visibility, air quality
and climate change [North American Research Strategy for
Tropospheric Ozone (NARSTO), 2003; Intergovernmental
Panel on Climate Change (IPCC), 2001]. The U.S. EPA
has promulgated regulations regarding mass concentrations
of fine particulate matter (PM), which are particles with
aerodynamic diameters less than 2.5 mm (PM2.5), to

alleviate the health and economic burdens attributed to
high concentrations of particulate matter. PM2.5 consists of
many different types of particles covering a broad range of
composition and size and can be categorized into primary
and secondary. Primary aerosols include automobile exhaust,
industrial emissions but also sea spray and dust, and are
emitted directly into the atmosphere. Secondary aerosols,
which generally have diameters less than 2.5 mm, are
produced in the atmosphere from reactions involving
primary and secondary gases [Pandis and Seinfeld, 1998].
[3] In the eastern United States, inorganic species account

for approximately half of the PM2.5 mass, with sulfate
salts constituting the largest fraction [U.S. Environmental
Protection Agency, 1996]. The sources of these particles and
precursor gases are known to be primarily anthropogenic,
and are obvious targets for emission controls. Oxidation of
SO2 is the primary source of sulfate, and current control
strategies for reducing PM2.5 target this emission source.
Ammonium and nitrate are also significant contributors to
inorganic PM2.5 mass, and their sources are primarily
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agricultural sources and NOx from traffic and power gener-
ation emissions, respectively. Because of the interactions
among these species, reduction of sulfate may result in the
increase of nitrate [Ansari and Pandis, 1998].
[4] Our objective is to understand how the inorganic

PM2.5 mass responds to changes in emissions and provide
a means by which alternative emission control strategies can
be evaluated. Conceptually, three-dimensional chemical
transport models are well suited for this purpose as they
link emissions to PM2.5 concentrations directly through
detailed descriptions of the physics and chemistry of the
atmosphere. However, at this time such models suffer from
large uncertainties associated with emission inventories of
primary PM2.5 and precursor gases [Seigneur, 2001]. As
such, alternative approaches have been proposed, including
observation-based approaches or methods combining meas-
urements with models [e.g., Russell and Cass, 1986; Ansari
and Pandis, 1998; Pun and Seigneur, 2001].
[5] In particular, aerosol models relying on thermody-

namic equilibrium principles to predict the composition and
physical state of inorganic atmospheric aerosols have been
in development for the past 20 years [Bassett and Seinfeld,
1983; Saxena et al., 1986; Pilinis and Seinfeld, 1987; Kim et
al., 1993; Meng et al., 1995; Jacobson et al., 1996; Nenes et
al., 1999; Ansari and Pandis, 1999; Wexler and Clegg,
2002]. These have been incorporated as modules in large-
scale models to predict the partitioning of condensable
compounds between the gas and particle phases, but
researchers have also used these thermodynamic models
alone to conduct investigations of inorganic PM2.5 response
to changes in precursor concentrations [Ansari and Pandis,
1998; West et al., 1999; Blanchard and Hidy, 2003].
Precursor species of inorganic PM2.5 include sulfuric acid,
ammonia and nitric acid, and are used by the model to
calculate the aerosol fraction of these species. Sulfuric acid
exists almost entirely in the aerosol phase in a neutralized
form, but ammonia and nitric acid can be found in both
aerosol and gas phases. Ammonia is the predominant basic
gas in the atmosphere and neutralizes sulfuric acid and
nitric acid to form aerosols, and small quantities can also
be absorbed into liquid aerosols by quantities governed by
considerations of vapor-liquid equilibrium. Nitric acid
generated in the gas phase can lead to aerosol nitrate
formation by two pathways: nitric acid can be neutralized
by ammonia to form liquid or solid aerosols, and it can
also be incorporated into liquid aerosols by amounts
determined by the composition of the particle.
[6] Evaluating emission control strategies with these

thermodynamic models, however, makes the implicit
assumption that while the concentration of one species is
varied, the availability of other precursors remains con-
stant, which may not always be the case. Pandis and
Seinfeld [1990] showed that the partitioning of semivola-
tile species between the gas and aerosol phases can affect
their lifetime in the atmosphere. For instance, nitric acid
vapor has a much shorter residence time in the atmosphere
than aerosol nitrate, and a reduction in sulfate may
increase the amount of free ammonia and hence the
amount of nitrate partitioned into the aerosol phase. In
such a case the concentration of total nitric acid will not
remain constant but instead increase, thereby increasing
the potential to contribute to the formation of PM2.5.

[7] The present work introduces an Eulerian box model
that relies only on observation-based inputs of PM2.5

precursor concentrations and accounts for the variable
deposition rates between aerosol nitrate and gas-phase nitric
acid. The predictions by this model are evaluated for a
winter month in the western Pennsylvania region, where
meteorological conditions and atmospheric compositions
favored aerosol nitrate formation. The predicted responses
of the PM2.5 to emission changes are presented alongside
predictions made with the traditional thermodynamic
approach of Ansari and Pandis [1998] alone, and the
significance of integrating removal processes with an
equilibrium module is illustrated.

2. Measurements From the Pittsburgh Air
Quality Study (PAQS)

[8] Measurements of gases, aerosols, and meteorological
conditions were taken between July 2001 to August 2002
for the Pittsburgh Air Quality Study (PAQS). The monitor-
ing site was located atop a hill in Schenley Park, an urban
area approximately 6 km from downtown Pittsburgh, PA,
and several hundred meters from any major sources. The
city is located in the northeastern United States, in between
utility and agricultural emission sources in the Midwest and
large urban centers found along the east coast. The average
PM2.5 mass concentration as measured by the Federal
Reference Method was 12 mg/m3 during the winter with
sulfate and nitrate constituting 25% and 17% of the mass
during this period [Rees et al., 2004]. Concentrations of
crustal elements in PM2.5 were generally less than 0.2 mg/m

3

and constituted a small fraction of aerosol mass. Crustal
elements in the coarse fraction were also less than 0.2 mg/m3

on average. Data for temperature (T), relative humidity
(RH), total (PM2.5 + gas) ammonia (TA), total (PM2.5 +
gas) nitric acid (TN), and PM2.5 sulfate (TS) were collected
and corrected by the methods described by Wittig et al.
[2004a, 2004b] and Takahama et al. [2004].
[9] For this study, hourly measurements made during

January 2002 were aggregated to obtain average hourly
values of T, RH, TA, TN, TS, and aerosol nitrate to
construct a diurnal profile of these components for an
‘‘average day’’ in January (Figure 1). Error bars, represent-
ing the spread of the measurements one standard deviation
from the monthly mean in both directions, show that there
is a lot of variability over the entire month, but the diurnal
trend represented by the mean is preserved. Mean values
of the six parameters listed above for the aggregated
period in January are as follows: T = 3.0�C, RH = 68%,
TA = 1.7 mg/m3, TN = 3.0 mg/m3, TS = 3.0 mg/m3, and
PM2.5 nitrate = 2.1 mg/m3. The average molar ratio of
aerosol ammonium to sulfate for the month was 2.9,
indicating that generally, sulfate was fully neutralized
and existed as ammonium sulfate. The temperature
exhibited a daytime peak and low values in the evening
and early morning, and the relative humidity followed an
inverted pattern of the temperature. Sulfate in the Pitts-
burgh region shows on average relatively little variation
throughout the day, which is indicative of material trans-
ported from outside of the region [Tang et al., 2004]. The
total ammonia also shows little variation throughout the
day, also indicative of long-range transport, though there is
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a slight trend of higher concentrations in the evening and
lower concentrations during the day. This small variation
can be attributed to vertical mixing by changes in the
planetary boundary layer height between morning/evening
and daylight hours. Total nitric acid also shows a similar
diurnal trend, which can be attributed to chemical pro-
duction and the change in mixing heights in the morning
hours. Nitric acid can be produced during the night by
reactions of N2O5 and water, while limited quantities of
ammonia are emitted from local sources. These mecha-
nisms increase the concentrations of these two semi-
volatile species during the night and early morning
while the boundary layer height is low, and the breaking
up of the boundary layer after sunrise causes the drop in
concentrations during the day. The fraction of nitrate that
is in the aerosol phase depends on meteorological con-
ditions, ammonia and nitric acid availability, and also the
presence of other compounds in the particle phase.
Because of the cold temperatures prevalent in January,
a large fraction of the total nitric acid resides in the
aerosol phase.
[10] On the basis of aerosol water measurements,

Khlystov et al. [2005] concluded that in January 2002
particles were generally liquid above and solid below a
threshold relative humidity. The threshold was in the 50–
60% range [Takahama et al., 2004]. A value of 50% is

used as the threshold in this study based on the measure-
ments of Khlystov et al. [2005]. The mutual deliques-
cence RH of ammonium nitrate and ammonium sulfate is
generally above 70% for temperatures experienced in
January. This suggests that efflorescence and crystalliza-
tion govern the physical state of the particles. The
average RH in January drops to 59% (Figure 1), and as
the average RH remains above the critical threshold for
crystallization, in the base case all modeled particles are
assumed to be liquid. The sensitivity of the model results
to this assumption will be explored in a subsequent
section.

3. Simulations

[11] For simplicity, only the sulfate/nitrate/ammonium
system is considered in this study. For a region with low
concentrations of crustal elements, as is the case in the area
of our application, this simplification is reasonable. The
potential effect of the crustal species on the phase of the
ambient aerosol (solid or liquid) is included by the use of
the measured phase state [Khlystov et al., 2005]. Two
models are used to assess the system response to changes
in current emissions: (1) a thermodynamic model (GFEMN)
that partitions total (PM2.5 + gas) concentrations into gas
and aerosol phases using the sulfate, total ammonia, and

Figure 1. Averages of measured concentrations from the Pittsburgh Air Quality Study during January
2002. Error bars represent ± one standard deviation of the data.
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total nitric acid concentrations, and (2) a new box model
(thermodynamic model with removal (TMR)) that simulates
partitioning, emission, chemical production and deposition
of total nitric acid while sulfate and total ammonia are
obtained from ambient measurements. The main difference
between these two models is that the phase partitioning of
nitric acid affects the lifetime and therefore the availability
of total nitric acid in TMR, while in GFEMN the phase
change has no such effect.
[12] Emission changes in SO2 and ammonia are reflected

by changes in the respective concentrations of sulfate and
total ammonia. The average mass concentration of PM2.5 or
a particular component over a 24-hour cycle was used to
characterize its response to changes in emissions.
[13] Both models, as applied here, use the following

assumptions. Since the input of semivolatile components
used by the model is the sum of PM2.5 and gas-phase
concentrations, the fraction partitioned into coarse mode
aerosol is not a consideration for the base case. When the
emission changes are simulated, however, we implicitly
assume that the fraction partitioned into coarse mode
PM2.5 remains small. The error introduced by this assump-
tion is expected to be small for areas with low concen-
trations of coarse-mode crustal elements that would
compete for semivolatile species such as nitric acid. Fur-
thermore, the phase state of the particles is assumed to
remain constant as the composition of the aerosol is varied.
The possibility of a change in phase after changes in
emissions will be addressed in the discussion section. In
addition, since these two models employ a bulk equilibrium
approach, the traditional assumptions when using this
method apply: (1) particles are in equilibrium with the gas
phase, and (2) the particles are homogeneous and internally
mixed. Also, the influence of organics on inorganic ther-
modynamics is neglected.

3.1. GFEMN Model Formulation

[14] GFEMN [Ansari and Pandis, 1999] is a thermo-
dynamic model that partitions total concentrations between
gas and aerosol phases to satisfy chemical equilibrium,
which corresponds to the minimum Gibbs free energy of
the system subject to mass and charge balance constraints:

min G ¼
X
i

mi ni

s:t:
X
a

nana �
X
c

ncnc ¼ 0

Wn ¼ T;

where m is the chemical potential, n the number of moles,
and n the ion charge. The subscript i indicates any chemical
species, a indicates anions, and c indicates cations. W is a
matrix vector of stoichiometric coefficients, n the vector of
ni’s, and T the vector of total concentrations {TA, TN, TS}.
[15] Takahama et al. [2004] evaluated this model for

the case of western Pennsylvania using semicontinuous
measurements from PAQS and determined that PM2.5 nitrate
prediction errors were on average around 0.5 mg/m3, with
errors usually lying within the bounds of measurement
uncertainties. The measured T, RH, TA, TN, and TS for
each hour of the 24-hour cycle are inputs to GFEMN.

[16] Figure 2 shows the comparison between predicted
and measured concentrations of aerosol nitrate in the base
case simulations; the mean absolute error is 0.2 mg/m3 and
the model predicts the diurnal variation of aerosol nitrate
reasonably well.

3.2. TMR Model Formulation

[17] TMR is an extension of the Eulerian box model
described by Seinfeld and Pandis [1998]. The concentration
of species i in the planetary boundary layer (ci) is:

dci

dt
¼ @ci

@t

� �
cond=evap

� ni
H tð Þ ci þ

qi

H tð Þ þ Ri þ
c0i � ci

tr

þ cai � ci

H tð Þ
dH

dt
F

dH

dt

� �
; ð1Þ

where (@ci/@t)cond/evap is the rate of mass transfer of the
species between the gas and particulate phases, ni is its dry
deposition velocity, H is the mixing height, qi is its emission
rate, Ri is its production rate, co is the concentration of the
species in the air advected into the box, tr is its residence
time in the box, and ca is the concentration of the species
above the boundary layer. The unit step function, F, allows
the incorporation of the entrainment term only when the
mixing height is increasing [Seinfeld and Pandis, 1998].
[18] Measured concentrations of sulfate and total ammo-

nia are used as inputs by TMR at each time step and the
model simulates the evolution of aerosol nitrate and nitric
acid. The primary emissions of these species are negligible
and therefore qi = 0. For an atmosphere that is relatively
homogeneous ci � ci

o � ci
a and equation 1 is simplified:

dci

dt
¼ @ci

@t

� �
cond=evap

� ni
H tð Þ ci þ Ri: ð2Þ

Even if the area of this application is relatively homo-
geneous [Tang et al., 2004], the term Ri in equation 2 is in
general the net generation rate with contributions not only
from chemistry but also from horizontal and vertical
transport.

Figure 2. GFEMN prediction versus measurement of
aerosol nitrate for January 2002 in Pittsburgh.
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[19] The chemical formation rate can be estimated from
other available measurements. Nitric acid is produced
primarily by two pathways. In the absence of sunlight, the
reaction NO2 + O3 ! NO3 + O2 is followed by the
conversion of NO3 to N2O5 and eventually to HNO3.
Assuming as an upper limit that all of the NO3 produced
by this reaction yields HNO3, using NO2 and O3 measure-
ments from PAQS [Wittig et al., 2004a] and a rate constant
recommended by DeMore et al. [1997], we estimate a
maximum production rate of approximately 1 mg m�3 h�1

by this pathway. Reactions of the NO3 radical with NO
and organic vapors result in a lower production rate.
Using the measured concentrations of NO, NO2, and O3

during the nighttime production rates in the range of 0.3–
1 mg m�3 h�1 were estimated. As NO3 is rapidly
photolyzed by UV radiation, during the daytime NO2 +
OH ! HNO3 becomes the dominant reaction pathway.
Measurements of OH concentrations were not available
during PAQS; estimates suggest a range of maximum
concentrations of 0.5 to 1 � 106 molecules/cm3 for the
wintertime [Seinfeld and Pandis, 1998]. To calculate the
rate of HNO3 production by this mechanism, OH concen-
trations in this range were linearly scaled to relative UV
intensities for the day [Wittig et al., 2004a] and combined
with measurements of NO2 at PAQS [Wittig et al., 2004a]
and the reaction rate constant recommended by Dransfield
et al. [1999]. By this method we estimate daytime average
HNO3 production rates to be in the range of approximately
0.1 to 0.5 mg m�3 h�1.
[20] Using the measured concentrations of total nitric acid

as a guide, we selected as a first approximation a constant
nitric acid generation rate of 0.7 mg m�3 h�1 for the evening
hours and early mornings, and a value of 0.2 mg m�3 h�1 for
the daytime (Figure 3). The former value is less than the
upper limit of HNO3 production calculated by the NO2 + O3

reaction mechanism and is in the expected range. The
daytime generation rate is below the range calculated by
the NO2 + OH reaction using assumed OH values; it is
likely that in this case, entrainment of cleaner air from the

free troposphere may be diluting the air in the planetary
boundary when the mixing height is rising during the day.
[21] A dry deposition velocity of 6 cm s�1 was calculated

for HNO3 by the method described by Davidson and Wu
[1990] assuming aerodynamic resistance to be the only
barrier to dry deposition, a mean wind velocity at 10 m of
2 m s�1 as measured at PAQS, and an effective roughness
height of 1 m, which is appropriate for western Pennsylva-
nia. The high deposition velocity of HNO3 is the result of its
high affinity for surfaces (zero surface resistance). Values
in the range of 1–8 cm s�1 have been reported [Seinfeld,
1986]. An average deposition velocity of 0.1 cm s�1 for
aerosols species was taken from a survey of the literature
[Davidson and Wu, 1990]. The single value representing the
dry deposition velocity of all PM2.5 is thought to be the
average deposition velocity of a polydisperse aerosol pop-
ulation. The sensitivity of the model to relative deposition
rates of gas and aerosol phases will be discussed in a later
section. The model assumes a mixing height of 1000 m
between 1000 and 1700 EST and 300 m for all other hours
in a 24-hour period, inferred from estimates of twice-daily
mixing heights [Holzworth, 1972] (see also http://weather.
uwyo.edu) collected for 0700 and 1900 in Pittsburgh, and
hours of sunrise and sunset for the modeling period.
[22] Measurements of sulfate and total ammonium are

used as inputs to the model, and equation (2) is solved for
PM2.5 nitrate and nitric acid. Instead of solving the
condensation/evaporation equation to calculate partitioning
between gas and aerosol phases, the system is assumed to
be in equilibrium. Takahama et al. [2004] argue that this
equilibrium assumption is reasonable for PM2.5 in western
Pennsylvania. Because of the difference in timescales
involved in the processes equation (1), the model is solved
by the operator splitting method [Oran and Boris, 2001]
where the equilibrium module GFEMN solves the phase
partitioning part and the generation and removal processes
are solved by the Euler method. To check for problems of
convergence and stability, the integration algorithm was
tested using increasingly smaller values for the time step
until the solutions to the equations no longer changed
within a reasonable margin of error. An operator time step
of one hour was determined to be sufficiently accurate for
this study.
[23] To determine solutions to equation (2) for different

emission scenarios that do not depend on the initial
conditions of the simulation, the meteorological inputs,
sulfate, total ammonia, and total nitric acid generation
were assumed to be periodic, with each function assuming
values over its 24-hour period as described above. Under
such conditions, TMR reaches a dynamic quasi-stationary
state in a relatively small number of iterations, in which
the diurnal cycle does not change from one simulation day
to the next. Figure 4 shows the total nitric acid profile
approaching this steady state cycle after 24 hours for the
base case scenario. Concentrations from this steady state
cycle are used to calculate average PM2.5 and species
concentrations.
[24] In the TMR simulations presented, we assumed that

the changes in the gas/aerosol phase partitioning of ammo-
nia do not affect significantly its total (gas and aerosol)
concentrations. This becomes necessary because of the
complex interactions of ammonia with the ground. The

Figure 3. Diurnal profile of nitric acid generation used by
TMR for January 2002.
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surface exchange of ammonia is governed in part by a
compensation point [Farquhar et al., 1980], or a local
surface concentration below which the direction of ammo-
nia flux changes from deposition to emission, with the
ammonia deposition velocity becoming increasingly small
as the gas-phase concentrations approach the compensation
point [Asman, 1998]. The compensation point reported in
the literature varies from 0 to 4 mg/m3, and depends on
the surface vegetation or surface type as well as meteo-
rological conditions, with winter conditions generally
favoring lower compensation points. The mean gas-phase
concentrations are less than 0.4 mg/m3 for our range of
simulations, in the same general range as the expected
compensation points.
[25] Figures 5a and 5b show the predicted total nitric acid

and aerosol nitrate concentrations by TMR for the base case
simulation. The mean absolute error for total nitric acid is

0.3 mg/m3. The observed aerosol nitrate is reproduced with a
mean error of 0.1 mg/m3.

4. Results

[26] In the following simulations, concentrations of sulfate
and total ammonia and also the total nitric acid generation
rate are varied from �50 to 50% of the original value.

4.1. Response to Changes in Sulfate Concentrations

[27] The effect of changes in sulfate concentrations on
total nitric acid is shown in Figure 6a. GFEMN assumes that
a change in one component has no effect on the others and
therefore the average total nitric acid (over the 24-hour
steady state cycle) remains constant at 3 mg/m3. Meanwhile,
TMR predicts that the total nitric acid concentration
increases by 0.77 mg/m3 for every mg/m3 of sulfate reduced
in the system because of the feedback of gas/aerosol
partitioning on the total nitric acid availability. Because of
the low temperatures observed in Pittsburgh during the
winter, when sulfate is reduced and the quantity of ammonia
available to react with nitric acid increases, more ammonium
nitrate is formed. Figure 6b shows that when sulfate con-
centrations are reduced by 20%, GFEMN predicts that the
concentration of aerosol nitrate increases from 2.1 mg/m3

from the base case up to 2.3 mg/m3. For the same 20%
sulfate reduction, TMR predicts that the aerosol nitrate
concentration increases from 2.1 mg/m3 in the base case
up to 2.5 mg/m3. For a 50% reduction in sulfate, TMR
predicts that the aerosol nitrate concentration will be
3.2 mg/m3, which is 35% more than the 2.4 mg/m3 that
GFEMN predicts.
[28] When sulfate is reduced, TMR generally predicts that

more aerosol nitrate will be formed than GFEMN predicts.
The increasing fraction of total nitric acid partitioned into
the aerosol phase results in higher total nitric acid concen-
trations; higher partial pressures of nitric acid result in
higher aerosol nitrate concentrations. When sulfate is in-
creased, on the other hand, TMR predicts less of both total

Figure 4. TMR converging on dynamic quasi-stationary
state.

Figure 5. TMR prediction versus measurements of
(a) total nitric acid and (b) aerosol nitrate for January
2002 in Pittsburgh.

Figure 6. Response of (a) total nitric acid and (b) aerosol
nitrate to changes in sulfate concentrations by TMR and
GFEMN. Vertical lines indicate conditions for the base case
scenario.
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nitric acid and aerosol nitrate than GFEMN. In this case
more ammonia becomes associated with the sulfate and
more nitric acid exists in the gas phase. As Figure 6a
shows, while total nitric acid concentrations remain con-
stant according to GFEMN, total nitric acid decreases by
0.68 mg/m3 for every mg/m3 of sulfate added to the system.
The difference between GFEMN and TMR predictions of
aerosol nitrate concentrations are not as dramatic for the
case of sulfate reductions, as Figure 6b shows. The results
are somewhat similar because in this concentration regime,
the change in sulfate concentrations imposed on both
models affects the aerosol nitrate concentration more than
the change in total nitric acid. Thus, for a 20% increase in
sulfate, the difference between aerosol nitrate predicted by
the two models is 6%, and for a 50% increase in sulfate the
difference is 15%.
[29] The effect of changing sulfate concentrations on

inorganic PM2.5 mass concentrations can be seen in
Figure 7. In the ideal case where there is no substitution
of nitrate for sulfate in aerosols, PM2.5 would be reduced by
1.34 mg/m3 as ammonium sulfate for every mg/m3 of sulfate
removed from the system. The PM response is defined as
the change in PM2.5 concentration with respect to the
change in sulfate concentration, i.e., DPM/DTS. Ansari
and Pandis [1998] defined a PM response between 1.0
and 1.34 mgPM2.5/mgTS as being ‘‘linear’’ and PM
responses between 0 and 1.0 mgPM2.5/mgTS as ‘‘nonlinear.’’
We will adapt this convention here. The PM responses
predicted by GFEMN for 20% and 50% reductions in
sulfate are 0.84 and 1.16 mgPM2.5/mgTS, respectively,
indicating that there is a transition from a nonlinear to
linear response. This transition occurs because for larger
reductions of sulfate there is little nitric acid left to be
pulled into the aerosol phase; reductions in PM2.5 then
occur mainly as reductions in ammonium sulfate. Accord-
ing to TMR, however, the PM response remains nonlinear
(below 0.40 mgPM2.5/mgTS) for the entire range of sulfate
reductions (down to 50%) in our simulations. This is
again because of the fact that TMR predicts more nitrate

to replace sulfate in the aerosol because of the increased
availability of total nitric acid. For reductions in sulfate
concentrations of 50%, GFEMN and TMR predict reduc-
tions in PM2.5 of 23% and 8%, respectively. As sulfate
concentrations are increased, ammonium sulfate and
ammonium bisulfate compete for the available ammonium
and drive nitrate into the gas phase. Thus reductions in
aerosol nitrate have the effect of offsetting increases in
sulfate, and both models predict the PM response to be less
than one. For a 50% increase in sulfate, the PM2.5 mass
concentration is predicted to increase by modest amounts of
15 and 10% by GFEMN and TMR, respectively.

4.2. Response to Changes in Total Ammonia
Concentrations

[30] The response of total nitric acid to changes in
total ammonia concentrations is shown in Figure 8a.
GFEMN assumes a constant total nitric acid concentration
of 3.0 mg/m3, while TMR predicts that on average, the
total nitric acid will be reduced by 2.3 mg/m3 for every
mg/m3 of total ammonia reduced. For 20 and 50% reduc-
tions in ammonia, GFEMN predicts the aerosol nitrate
concentrations to be 1.42 and 0.34 mg/m3 (Figure 8b),
respectively. For corresponding reductions in ammonia,
TMR predicts aerosol nitrate concentrations 0.21 mg/m3

and 0.12 mg/m3 lower than GFEMN. The difference in
predictions between the two models is small because when
total ammonia is reduced, ammonium nitrate formation
becomes limited by ammonia and therefore is more sensitive
to changes in total ammonia than total nitric acid. Though
by a small amount, TMR consistently predicts concentra-
tions below that of GFEMN because of the feedback of
decreasing aerosol nitrate concentrations on the total nitric
acid concentrations. When total ammonia concentrations are
increased, GFEMN still assumes a constant total nitric acid
concentration, while TMR predicts that it will increase by
3.2 mg/m3 for every mg/m3 of total ammonia added to the
system. For 20 and 50% increases in total ammonia,
GFEMN predicts aerosol nitrate concentrations of 2.45

Figure 7. Response of inorganic PM2.5 (plotted as the sum
of components without water) to changes in sulfate
concentrations.

Figure 8. Response of (a) total nitric acid and (b) aerosol
nitrate to changes in ammonia concentrations by TMR and
GFEMN. Vertical lines indicate conditions for the base case
scenario.
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and 2.68 mg/m3, respectively; TMR predicts nitrate concen-
trations 0.69 and 2.14 mg/m3 higher than GFEMN for
these cases. At total ammonia concentrations 50% higher
than the base case, 90% of the total nitric acid is in the
aerosol phase in the GFEMN system, while only 83% of
it is in the aerosol phase according to TMR, suggesting
that as ammonia concentrations are increased, ammonium
nitrate formation is limited by the total nitric acid con-
centration in simulations with GFEMN more so than with
TMR.
[31] Figure 9 shows how PM2.5 concentrations respond to

changes in total ammonia concentrations relative to the base
case. For reductions in total ammonia of 20 and 50%, the
PM2.5 is reduced by 13 and 36% according to GFEMN and
18 and 39% according to TMR, respectively. This reduction
is mainly achieved through the reduction of ammonium
nitrate. When total ammonia is increased by 20 and 50%,
the PM2.5 concentration is predicted to increase by only
8 and 13% by GFEMN but by 20 and 53% by TMR,
respectively. For each model, increasing total ammonia is
qualitatively similar to decreasing sulfate concentrations, as
both scenarios lead to an increase of the total ammonia to
sulfate ratio, which is a metric often used to describe the
composition domain for classification into regions of similar
thermodynamic responses [Ansari and Pandis, 1999; Zhang
et al., 2000]. As Figures 6b and 8b show, when total
ammonia concentrations relative to sulfate increase, the
concentration of aerosol nitrate is also increased. For a
given set of meteorological conditions and the same total
ammonia to sulfate ratio, however, quantitative predictions
from each model depend on the difference between the total
ammonia and sulfate rather than their ratios, so the actual
response of aerosol nitrate and PM2.5 depends on which
variable, total ammonia or sulfate, is varied.

4.3. Response to Changes in Total Nitric Acid
Generation Rate

[32] TMR can also be used to make first-order approxi-
mation of how changes in total HNO3 concentrations can

impact PM2.5 concentrations by making adjustments in the
net generation rate, R, in equation (2).
[33] For the same total nitric acid concentrations (and all

other variables remaining the same), GFEMN and TMR are
identical in every respect except that gas/aerosol partition-
ing affects the total nitric acid concentration in the TMR
system; for a given concentration of total nitric acid, the two
models will predict the same PM2.5 concentration. When R
is varied from �50 to 50%, total nitric acid concentrations
are almost linear in R (correlation coefficient = 0.999) for
the range of our changes. Plotted in Figure 10 is the change
in PM2.5 mass concentration as a function of the change in R
and in total nitric acid. Only one curve is shown because for
the same variations in total nitric acid concentrations,
GFEMN will trace the same response curve as TMR. For
20 and 50% reductions in R, which correspond to 22 and
60% reductions in total nitric acid, the PM2.5 mass concen-
tration is reduced by 7 and 21% from the base case,
respectively. The PM response curve is concave because
there is more nitric acid than free ammonia initially, and the
full extent of total nitric acid reduction is not realized until
enough nitric acid is removed such that it becomes the
limiting reactant in the formation of ammonium nitrate. For
20 and 50% increases in R, which correspond to 21 and
54% increases in total nitric acid, the PM2.5 increases by
5 and 9%, respectively. As more nitric acid is introduced
into the system, more ammonium nitrate is predicted to
form, but this quantity eventually becomes limited by
ammonia availability.

4.4. Changes to Phase State After Emission Changes

[34] In all of the simulations, the particles were assumed
to be liquid because the relative humidities of the average
day in January remained above the observed crystallization
RH. If the particles were assumed to follow the deliques-
cence curve, the predictions for TMR would change

Figure 9. Response of inorganic PM2.5 (plotted as the sum
of components without water) to changes in ammonia
concentrations.

Figure 10. Response of inorganic PM2.5 to changes in
total nitric acid generation rate and corresponding total
nitric acid concentrations.
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dramatically, though not so much for GFEMN. For instance,
in TMR base case simulations, deliquescence predictions of
PM2.5 are lower than efflorescence predictions by 29%, and
deliquescence predictions of PM2.5 can be as much as 51%
lower in the range of our simulations when the total
ammonia to sulfate ratio is increased. With GFEMN the
difference is 7% in the base case and the maximum only
15% with deliquescence branch simulations consistently
predicting lower than efflorescence branch. These differ-
ences occur because the mutual deliquescence RH of
ammonium sulfate and ammonium nitrate at these temper-
atures is around 70%, and therefore the phase state
predicted is different if deliquescence is assumed. Because
the ammonium nitrate dissociation constant is higher for a
solid particle than a liquid particle at moderate to high
RHs, less ammonium nitrate aerosol is predicted to form in
the solid case. In the TMR simulations, this phenomenon
is exacerbated by the fact that more nitric acid rapidly
deposits when less aerosol is formed; consequently there is
less nitric acid available to saturate the gas phase with
ammonia to form ammonium nitrate. Since the total nitric
acid is constant in the GFEMN simulations, this feedback
of nitric acid removal on phase equilibrium is neglected,
and therefore the difference is limited to the difference in
the dissociation constant between liquid and solid aerosol
only and not the quantity of nitric acid in the system.
[35] Measurements of aerosol water content indicate that

particles were liquid below the mutual deliquescence point
of sulfate and nitrate for January 2002, suggesting that
particles were metastable during the winter, and crystalliza-
tion and not deliquescence governed the phase state of the
particles. Furthermore, for the base case simulations, both
GFEMN and TMR are able to reproduce the observed
concentrations of aerosol nitrate from the partitioning of
total nitric acid better when the aerosols are assumed to lie
on the efflorescence branch. The prevalence of metastable
aerosols in general is also reported by Rood et al. [1989].
Zhang et al. [2003] found that in their evaluation of
inorganic measurements during the Atlanta Supersite
Experiment, assuming deliquescence returned ‘‘unrealistic’’
partitioning of nitrate and nitric acid.
[36] The change in phase state of the particles when the

chemical composition of the system changes is a potentially
important issue. The crystallization RH is a function of
temperature and chemical composition of the aerosol.
Martin et al. [2003] found that for a NH4

+-NO3
�-SO4

2�-H+

system at 293 K, the crystallization RH is lowered when
(1) the sulfate fraction of anions is reduced, and when
(2) the ammonium fraction of cations is reduced. These
findings agree with our current knowledge of the hygro-
scopic properties of single-component particles. For a fixed
level of ammonium in the aerosol, as the sulfate fraction of
anions is reduced, the chemical character of the aerosol
moves away from ammonium sulfate and approaches that
of ammonium nitrate. Since the CRH of ammonium nitrate
is extremely low reducing the sulfate fraction of anions
lowers the CRH. Furthermore, for a fixed quantity of
sulfate, when the ammonium fraction of cations is reduced,
the aerosol becomes more acidic, since acidic aerosols are
generally more hygroscopic than nonacidic aerosols, so the
CRH should decrease. If such trends hold at lower temper-
atures observed during the winter, the simulated aerosols

would remain above the CRH and thus unchanged in
physical state when sulfate is reduced; a similar result would
be expected for the case of reductions in ammonia. The
effect of reducing nitrate is not as clear, as both the sulfate
fraction and ammonium fraction would be changed. How-
ever, mineral dusts within aqueous particles can increase
crystallization RHs by providing sites for heterogeneous
nucleation [Martin et al., 2001; Han et al., 2002], and the
role of organics in crystallization is uncertain. Therefore we
have imposed the assumption that the phase state of the
particles remain the same as in the base case during our
simulations, but given the sensitivity of our predictions to the
assumed phase state, it is apparent that gaining a better
understanding of phase transitions of aerosols as they occur
in the atmosphere is important.

4.5. Sensitivity to Relative Deposition Velocities

[37] The TMR results are fairly robust with respect to
the aerosol and nitric acid deposition velocities chosen. The
ratio of the nitric acid deposition velocity to that of the
aerosol used in the original TMR simulations is 60.
Between the ratios of 30 to 120, PM2.5 predictions by
TMR differ by no more than 1%, with the largest differ-
ences occurring at high total ammonia to sulfate ratios. As
this ratio of deposition velocities approaches unity, the
TMR predictions approach those of GFEMN, which is
the expected outcome as the implicit assumption in the
GFEMN simulations is that the deposition velocities of the
aerosol and gas phases are the same. These findings are
consistent with those of Pandis and Seinfeld [1990] and
Seinfeld and Pandis [1998] who found that when the ratio
of the gas-phase deposition velocity to that of the aerosol
is increased from 10 to 100, only ‘‘minor effects’’ are
observed in their metric of cumulative deposition.

5. Conclusions

[38] An observation-based Eulerian box model, TMR,
was introduced to evaluate the response of PM2.5 mass
concentrations to changes in concentrations of sulfate, total
ammonia, and total nitric acid. By using measurements as
inputs, TMR avoids the use of uncertain emission invento-
ries. TMR assumes that particles are in equilibrium with the
gas phase, but the removal rate of total nitric acid from the
system is dependent on its partitioning between the gas and
aerosol phases.
[39] Using measurements collected in the Pittsburgh Air

Quality Study, an ‘‘average’’ day for January 2002 was
constructed and used as the base case scenario for simu-
lations. Predictions of PM2.5 response to changes in precur-
sor concentrations (relative to the base case) were compared
with predictions from a chemical equilibrium model,
GFEMN, as used in the approach of Ansari and Pandis
[1998]. Use of thermodynamic models like GFEMN for
simulation of future scenarios implicitly assumes that par-
titioning has no effect on the total nitric acid concentration.
[40] For scenarios that lead to higher total ammonia to

sulfate ratios, i.e., reductions in sulfate and increases in total
ammonia, TMR predicts more aerosol nitrate to form than
GFEMN because the transformation of gas-phase nitric acid
and ammonia to ammonium nitrate increases the lifetime
and concentration of total nitric acid in the system. For a
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50% decrease in sulfate, GFEMN predicts that the PM2.5

concentration will be reduced by 23%, while TMR predicts
that the reduction will be 8%. The results from TMR
suggest that when partitioning affects the lifetime of total
nitric acid, significant increases in ammonium nitrate
may partially offset benefits of sulfate reductions alone
in low-temperature conditions as seen in the wintertime
in Pittsburgh.
[41] When the total ammonia concentration is increased

by 50%, GFEMN predicts a 13% increase in PM2.5 while
TMR predicts a 53% increase, suggesting that the system
as modeled by TMR is more sensitive to levels of total
ammonia.
[42] For increases in sulfate and reductions in total

ammonia, which lead to ammonia-poor conditions, TMR
predicts lower total nitric acid concentrations than
GFEMN, but the predictions of aerosol nitrate and PM2.5

concentrations between the two models are similar.
[43] On average, the total nitric acid concentration varies

almost linearly with the magnitude of the net generation
rate. When the net generation for nitric acid is changed, the
PM2.5 concentration responds accordingly. For a 50%
reduction in the net generation, which corresponds to a
reduction in total nitric acid concentration of 60%, the
PM2.5 decreases by 21%. For the same level of total nitric
acid concentrations, GFEMN and TMR predictions are the
same because the two models are identical in every respect
except the inclusion of feedback of partitioning on total
nitric acid concentrations in TMR.
[44] Model predictions of GFEMN and especially TMR

are sensitive to the assumed physical state of the aerosol. If
particles were allowed to become solid below the mutual
DRH during our simulations, the difference in aerosol nitrate
predictions could be as great as 15% for GFEMN and 51% for
TMR in the range of our simulations. How the crystallization
RH will actually change with the composition of the aerosol
is very uncertain. Martin et al. [2003] characterized the
crystallization RHs for particles composed of ammonium,
nitrate, and sulfate at room temperature (293 K), but the role
of organics and other species neglected in partitioning
calculations is unclear, and especially at the low temperatures
observed during the wintertime in Pittsburgh.
[45] The TMR model predictions are robust with respect

to assumed deposition velocities, however. For the base case
simulations, the ratio of gas-phase to aerosol-phase deposi-
tion velocities used was 60; when this value varies from 30
to 120 the influence on the outcome is no more than 1%.
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Measurements of 24 h PM2.5 total mass, sulfate, ammonium, and
organic carbon show similar concentrations within experimental
error at six sampling locations separated by more than 300 km. The
measurements were obtained during summer 2001 in the center of
Pittsburgh as well as in less-populated areas upwind and down-
wind of the city. Measurable differences among the six sites were
observed for nitrate and elemental carbon during the same time
period. In contrast, measurable differences were observed for total
mass and all five chemical species at the same sites during winter
2002. The results suggest that concentrations may be remarkably
uniform over large areas due to secondary aerosol production from
gases emitted in upwind areas. Meteorological back-trajectories
show that concentrations can steadily increase along an airmass
trajectory, and that regions downwind of a city such as Pittsburgh
may be affected by city emissions; however, PM2.5 levels measured
within the city may not be significantly affected by local emissions
if background levels are sufficiently high.

INTRODUCTION
Characterizing the spatial variations of aerosol concentration

and composition enhances understanding of emission sources,
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secondary PM formation, and transport. Extensive studies have
been conducted on the distribution and transport of acid aerosols
since the late 1970s (Lioy et al. 1980; Spengler et al. 1990;
Keeler et al. 1991; Brook et al. 1997; McCurdy et al. 1999). In
North America, ambient concentrations of acid aerosols tend to
be regional in nature, with the highest concentrations found in
the northeastern United States and southern Ontario (Spengler
et al. 1990). It is commonly believed that the source region for
most precursors is the Ohio River Valley (Lioy et al. 1980; Hidy
1994). In recent years, more comprehensive characterization of
fine particulate matter (PM2.5) has drawn increasing interest due
to its link to adverse health effects.

During the past several years, programs have been initiated
to investigate PM2.5 in Pittsburgh, PA and vicinity by local and
state monitoring agencies and the National Energy Technology
Laboratory (NETL) (e.g., Anderson et al. 2002; Modey et al.
2004). These studies have focused on Pittsburgh due to its loca-
tion tens to hundreds of kilometers downwind of several major
industrial sources, particularly coal combustion sources. Fur-
thermore, unlike major cities in the Boston-to-Washington cor-
ridor where urban plumes often interact in complex ways, the
relative importance of sources within the Pittsburgh urban area
and those outside the urban area can be more easily determined.
Preliminary results provided by past work suggest that the el-
evated concentrations of PM2.5 in this region may be caused
by emissions from Ohio River Valley sources to the west and
southwest of the city. Thus PM2.5 episodes in Pittsburgh may
not be eliminated by control of source emissions within the city.
However, our overall understanding of the sources and charac-
teristics of PM2.5 is lacking. More comprehensive data over all
seasons are needed to investigate further the regional nature of
PM2.5 and to support the development of strategies for reducing
ambient concentrations.
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The Pittsburgh Air Quality Study (PAQS) was organized to
characterize airborne particles with respect to size, morphology,
and chemical composition, and to identify sources, transport
pathways, and atmospheric transformations of these particles
(Wittig et al. 2004). In this article, we use data from the PAQS
for three specific objectives: (1) to identify the spatial variability
in concentration of the different chemical components of PM2.5

across the Pittsburgh region throughout the year, (2) to evaluate
the relative contributions of regional and urban sources influ-
encing PM2.5 in summer and in winter, and (3) to explore the
role of meteorology in influencing PM2.5 concentrations.

EXPERIMENTAL
Airborne concentrations and chemical composition of PM2.5

have been measured at the PAQS main site and at 5 additional
satellite sites as part of this program. Locations of the six sites
are shown in Figure 1. Table 1 lists the latitude, longitude, and
sampling periods for each location.

The main site is located in Schenley Park, on top of a grassy
hill adjacent to the Carnegie Mellon University (CMU) campus.
The site is in the densely populated Oakland neighborhood of
Pittsburgh, roughly 6 kilometers east of downtown. This loca-
tion is more than 500 m from the nearest heavily traveled road
but within a few kilometers of several major roads and industrial
sources. Two of the satellite sites are located in the Lawrenceville
and Hazelwood neighborhoods of the City of Pittsburgh, main-
tained by the Allegheny County Health Department (ACHD).
The Lawrenceville site is in an older residential area approx-
imately 3 kilometers north of CMU. The Hazelwood location
is close to several abandoned industrial plants approximately
3 kilometers south of CMU. Satellite sites are also located in
Florence, PA and Greensburg, PA, and these sites are main-
tained by the Pennsylvania Department of Environmental Pro-
tection (PADEP). The Florence site, about 50 kilometers west
of the main site, is in a rural area with no major roads or station-
ary sources within several kilometers, and is typically upwind

Table 1
Monitoring site information of PAQS

Latitude/longitude
Site name Group (decimal degrees) Sampling period

Main site CMU 40.4395/–79.9405 6/30/01–7/31/02
Hazelwood, PA CMU/ACHD 40.4124/–79.9424 6/30–8/3/01, 1/2–1/22/02, 4/2–8/7//02a,b

Lawrenceville, PA CMU/ACHD 40.4432/–79.9595 6/30–8/3/01, 1/2–1/22/02, 9/10–12/9/01,c 2/28–8/9/02b,c

Florence, PA CMU/DEP 40.4454/–80.4212 6/30–8/3/01, 1/2–1/22/02, 9/10–12/9/01,a 2/25–8/9/02a,b

Greensburg, PA CMU/DEP 40.3043/–79.5059 6/30–8/3/01, 1/2–1/22/02, 9/10–12/9/01,a 2/25–8/9/02a,b

Athens, OH Ohio Univ. 39.3283/–82.9067 6/30–8/3/01, 1/2–1/22/02, 8/29–12/21/01,c 1/23–8/29/02c

Groups: CMU, Carnegie Mellon University; ACHD, Allegheny County Health Department; DEP, Pennsylvania Department of Environmental
Protection.

a1 in 6 days sampling.
bSelected days were added during 7/1–8/7/02.
c1 in 3 days sampling.

of Pittsburgh. The Greensburg site, about 55 kilometers east of
CMU, is close to a heavily traveled road in a suburban commer-
cial district, but with few major stationary sources nearby and is
predominantly downwind of Pittsburgh. The final satellite site
is located in Athens, Ohio, about 270 kilometers southwest of
Pittsburgh, and is operated by Ohio University.

Measurements were conducted daily over the entire study
at the main site, while samples were collected at the satellite
sites during intensive runs in summer 2001, winter 2002, and
selected days in summer 2002. Additional data were obtained
at the satellite sites through routine sampling (1 in 3 days or
1 in 6 days) by ACHD, PADEP, and Ohio University. All data
presented in this article are for 24 h integrated filter samples.

At the main site, PM2.5 mass was determined gravimetri-
cally on Teflon filters using a Partisol©R-federal reference method
(FRM) model 2000 PM2.5 air sampler (Rupprecht & Patashnik,
Albany, NY, USA). Collection of PM2.5 for anion and cat-
ion analysis was accomplished with a sampling system that
included citric acid and MgO denuders, followed by a filter-
pack with PTFE Teflon (Whatman, catalog no. 7592-104), nylon
(Whatman, catalog no. 7410-004), and cellulose fiber (Whatman,
catalog no. 1441-047) filters. The cellulose filters were im-
pregnated with citric acid. The airflow through the system was
7.7 liters per minute (LPM) for most of the sampling periods.
The filters were analyzed for anions and cations by ion chro-
matography (IC); details of preparing, sampling, extracting, and
analyzing the filters are given by Takahama et al. (2004). In this
article, we report data from these filters for sulfate, nitrate, and
ammonium.

PM2.5 carbonaceous material was sampled at 16.7 LPM
through quartz filters. Some of these filters used activated car-
bon denuders, while others were undenuded. The filters were
analyzed for elemental carbon (EC) and organic carbon (OC)
by the thermal optical transmittance (TOT) method as described
by Subramanian et al. (2004).

The satellite sites used the MetOne speciation aerosol sam-
pling system (SASSTM; Met One Instruments, Inc., Grants Pass,
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Figure 1. Map of the Pittsburgh region showing the main site and the satellite sites at Lawrenceville, Hazelwood, Florence, Greens-
burg, and Athens. The enlarged map shows the three sites within the city of Pittsburgh (http://arcweb.esri.com/arcweb viewer).

OR, USA). The system included an undenuded Teflon filter,
an MgO-denuded nylon filter, and an undenuded quartz filter.
The Teflon filters were analyzed gravimetrically for PM2.5 mass
and for trace elements by x-ray fluorescence; Solomon et al.
(2003) note that PM2.5 data from the FRM are directly com-
parable with data from the MetOne system. The nylon filters
were analyzed for anions and cations by IC, and the quartz fil-

ters were analyzed for EC and OC by the TOT method. Flow
rates through all these filters were 6.7 LPM. Details of the sam-
pling and analysis are given by EPA (1999). All of the satel-
lite sites except Athens are part of the US EPA National PM2.5

Chemical Speciation Network. Preparation of filter packs and
sample analyses were conducted by Research Triangle Insti-
tute (Research Triangle Park, NC, USA). Preparation of filter
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Figure 2. Time series plots of PM2.5 concentrations during intensive sampling periods. (Continued)
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Figure 2. (Continued)
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packs and sample analysis for the Athens site were conducted
collaboratively by Ohio University and CMU using similar
methods.

RESULTS AND DISCUSSION

Spatial Variability of PM2.5

Figure 2 presents time series plots for PM2.5 mass, sulfate,
ammonium, nitrate, EC, and OC during the summer 2001 inten-

Figure 3. Average PM2.5 concentrations during intensive sampling periods.

sive and the winter 2002 intensive sampling campaigns. Data
from the Athens site during the summer are unavailable, as
are the ammonium data for the main site and the Athens site
during the winter. There are no OC data shown for the main
site because the flow rate was higher than that of the satellite
sites, making comparisons difficult due to differences in arti-
facts. Note that OC values are not corrected for artifacts due to
absorption of reactive gases. EC values from the main site are
from denuded samplers during the summer and from undenuded
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samplers during the winter; the absence of a denuder should not
affect EC data.

During summer 2001, sulfate, ammonium, and OC follow the
same trends as PM2.5 mass, since these species represent the ma-
jor components of the PM. The average PM2.5 mass of all sites
is 25 µg/m3 during the summer intensive, for which sulfate,
ammonium, and OC contribute 41%, 10%, and 18%, respec-
tively. Furthermore, concentrations of these species at all sites
track each other closely, suggesting relatively uniform levels

Figure 4. Box plots of PM2.5 concentrations grouped by seasons. A, Athens; F, Florence; M, Main site; L, Lawrenceville;
H, Hazelwood; G, Greensburg. (Continued)

throughout the region. Nitrate and EC have very low concentra-
tions (2% and 3% of total mass, respectively), and show no clear
correlation with mass. The rural Florence site consistently has
the lowest EC concentrations, as might be expected since EC is
associated with primary particles and these may be partly from
local sources, such as diesel engines. The influence of urban
sources is more significant for EC than for the other species.

During winter 2002, more scatter is observed for all species
among the six sites compared with summer, suggesting less
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Figure 4. (Continued)

regional uniformity. This may reflect less formation of secondary
PM in winter. The regional average PM2.5 mass is 14 µg/m3. Sul-
fate, ammonium, nitrate, OC, and EC account for 22%, 13%,
23%, 27%, and 4% of the PM2.5 mass, respectively. Compared
with summer, nitrate and OC represent much greater fractions
of total PM2.5 mass, while sulfate decreases by 2/3. Under win-
ter conditions, the conversion of SO2 to sulfate is much slower,
and more ammonium is associated with nitrate as modeled by
Takahama et al. (2004). The time series plots also show that
nitrate and ammonium have better agreement than sulfate and
ammonium in winter.

The average PM2.5 concentrations for the two intensive
sampling periods are presented in Figure 3. The bars represent-
ing the six sites are arranged in order of from west to east, i.e.,
Athens, Florence, Pittsburgh (Main site, Lawrenceville,
Hazelwood), and Greensburg, in order to show possible regional
trends. In general, all sites agree reasonably well, especially in
the summer, suggesting PM2.5 measurements at all sites are the
regional concentrations to a large extent with only limited local
contributions. The average concentrations vary somewhat more
during the winter intensive. There is a slight increasing trend
from west to east, most significantly for OC.
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Figure 5. HYSPLIT back trajectories to the main site on three selected days. PM2.5 mass concentrations for 5 sites for each day
are plotted on the right. F, Florence; M, Main site; L, Lawrenceville; H, Hazelwood; G, Greensburg. (Continued)
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Figure 5. (Continued)

Seasonal Variation in PM2.5

The box plots in Figure 4 show the statistics of PM2.5 con-
centrations measured at the six sites in each season. The boxes
stretch from the lower quartile to the upper quartile values. The
medians are shown as thin lines across the boxes, while the thick
black lines represent the means. The whiskers extending from
each end of the box show the 90th percentile and 10th percentile
of the data. The crosses show the 95th percentile and 5th per-
centile values.

A number of trends are evident from these plots. Mass, sul-
fate, and ammonium have similar seasonal variations, with max-
imum average concentrations and maximum extreme concentra-
tions occurring in summer. Nitrate follows the opposite trend:
the maximum values occur in the winter due to greater partition-
ing of nitrate to the particulate phase at lower temperatures. No
seasonal trends are observed for EC and OC.

Among the six sites there seems to be a net increasing
trend from west to east, especially in summer 2002. The pre-
dominant wind direction is from the west and southwest, sug-
gesting that pollutants emitted in the Ohio River Valley are
transported to the Pittsburgh region, causing elevated PM2.5

concentrations.

Influence of Meteorological Conditions
Factors affecting the spatial variations of PM2.5 have been

studied based on surface meteorological data and estimated
back-trajectories using HYSPLIT4 (NOAA 2002). Examples
of back-trajectories for three PM2.5 episodes are presented in

Figure 5, along with plots of the mass concentration at the vari-
ous sites.

Trajectories of the type seen on 25 July 2001 are frequently
observed in this region, with winds from the west and southwest.
Florence has the lowest mass concentration, while Greensburg
has the highest. Trajectories on several other days during the
summer intensive show faster winds, more rapid transport, and
strong mixing; on such days, the airborne concentrations are
similar among all sites.

The trajectories on 18 July 2001 are similar to those that
occurred throughout an episode lasting until 21 July 2001. Flo-
rence has the highest PM2.5 levels, while Greensburg has the
lowest, and concentrations in the city are midway between the
two extremes. The increasing concentrations from east to west
reflect atypical east-to-west winds.

The trajectories on 1 August 2001 show yet another type of
meteorological condition, causing high PM2.5 levels. Due to
stagnant air and relatively poor mixing, emissions from local
sources accumulate in the area. Note that the trajectories show
slowly meandering air movements as opposed to swift transport
in a well-defined direction. All sites have mass concentration
greater than 40 µg/m3, and the city sites have slightly higher
values.

CONCLUSIONS
Sampling with filters for PM2.5 mass, sulfate, ammonium,

and OC suggests that these secondary species may be remark-
ably uniform in concentration over large regions in the summer.
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Species less influenced by secondary production are likely to
be more variable in concentration. The influence of sources in
the city of Pittsburgh on PM2.5 levels within the city may be
small, although regions downwind of the city may experience
elevated concentrations resulting from city emissions. Concen-
trations are observed to increase along airmass trajectories as
additional source emissions are added to the airmass and as
photochemistry continues.
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Laboratory evidence suggests that inorganic acid seed
particles may increase secondary organic aerosol yields
secondary organic aerosol (SOA) through heterogeneous
chemistry. Additional laboratory studies, however, report that
organic acidity generated in the same photochemical
process by which SOA is formed may be sufficient to
catalyze these heterogeneous reactions. Understanding
the interaction between inorganic acidity and SOA mass is
important when evaluating emission controls to meet
PM2.5 regulations. We examine semicontinuous measurements
of organic carbon (OC), elemental carbon (EC), and
inorganic species from the Pittsburgh Air Quality Study to
determine if we can detect coupling in the variations of
inorganic acidity and OC. We were not able to detect
significant enhancements of SOA production due to inorganic
acidity in Western Pennsylvania most of the time, but its
signal might have been lost in the noise. If we assume a
causal relationship between inorganic acidity and OC,
reductions in OC for Western Pennsylvania that might result
from drastic reductions in inorganic acidity were estimated
to be 2 ( 4% by a regression technique, and an upper
bound for this geographic area was estimated to be 5 (
8% based on calculations from laboratory measurements.

Introduction
The category of carbonaceous aerosols includes elemental
carbon (EC) and organic carbon (OC). Emissions of EC are
primarily from fossil fuel combustion or burning of biomass.
OC in the atmosphere is either from these same sources or
the result of oxidation reactions of volatile organic com-
pounds (VOCs) emitted mainly by motor vehicles and
vegetation (1). The latter type of OC is associated with what
is called secondary organic aerosol (SOA), and the identifica-
tion of specific compounds that comprise SOA still poses
many challenges (2).

A previously unaccounted pathway for increased SOA
formation was proposed by Jang and co-workers (3, 4). They
proposed that heterogeneous reactions in aerosols, such as

acid-catalyzed carbonyl chemistry, can lead to large increases
in SOA formation primarily through polymerization mech-
anisms; a “multifold” increase in organic aerosol yields was
observed in the laboratory for heterogeneous reactions of
aldehydes and also in SOA yields for acrolein and isoprene
reacting with ozone when an acid seed was present, compared
with the case where the acid seed was absent (4).

The presence of acid aerosols in the atmosphere is well
documented, with anthropogenic emissions of SO2 and NOx

responsible for a large fraction of the acidity in the form of
H2SO4 and HNO3, respectively (5-9). The significant impli-
cation of the work of Jang et al. (4) is that if atmospheric
acidity is reduced through emission controls of inorganic
precursor species (e.g., SO2), acid-catalyzed formation of SOA
may also be reduced, thereby resulting in an effective control
for PM2.5 mass concentrations.

Since the seminal work by Jang and Kamens (3), other
laboratory studies have found that acidic particles can act
as catalysts for increased SOA formation. Iinuma et al. (10)
reported that in the ozonolysis of R-pinene, organic aerosol
concentration increased by as much as 40% when inorganic
acid-seed aerosols were present. Jang and co-workers
(11, 12) observed increased reaction rates and increased yields
of SOA over the duration of their studies in the presence of
acid catalysts as opposed to their absence. Limbeck et al.
(13) found that the presence of sulfuric-acid catalysts
increased the formation of polymers resembling humic-like
substances when dienes were photooxidized. Tolocka et al.
(14) observed oligomeric products in the reaction of R-pinene
and ozone and proposed reaction pathways for polymeri-
zation of organic molecules to proceed in the aerosol phase.
Furthermore, Gao et al. (15) observed the presence of more
high-molecular weight compounds in the presence of acid
seed than with seeds that were not acidic.

Kalberer et al. (16), however, reported that polymerization
can proceed without preexisting strong acid seed particles.
In a laboratory study of the photooxidation of 1,3,5-
trimethylbenzene and NOx, organic acids and nitric acid
formed from the photooxidation reaction in amounts suf-
ficient to catalyze acetal polymerization reactions. In addition,
the polymerization reactions observed continued for more
than 25 h, implying that polymerization reactions may occur
during the entire lifetime of a tropospheric aerosol. Gao et
al. (15) suggested this as a possible explanation for their
observation of high molecular weight compounds formed
even in the presence of nonacid seeds. In light of the potential
implications of the work of Jang et al. (4) and Kalberer et al.
(16), it is desirable to know if inorganic acidity is indeed
responsible for increased SOA formation in the atmosphere.
Current research has focused on laboratory studies, some at
particularly high concentrations of VOCs, oxidants, or acidity.
At this stage it is difficult to extend conclusions drawn from
these studies to the complex atmospheric system.

A synthesis of field studies has likewise produced incon-
clusive results. From an analysis of 24-h filter-based mea-
surements from the Speciation Trends Network, Chu (17)
reported high levels of both sulfate and organic aerosols
accompanied by ammonia deficiency during an episode on
July 18th of 2001 on the East Coast. From this observation,
the author suggested that SOA formation through hetero-
geneous reactions may be occurring during the summer.
Using higher time-resolution data from the Aerodyne Mass
Spectrometer, however, Zhang et al. (18) observed “negligible
enhancement” of organics in the presence of acidic aerosols
in Pittsburgh during 15 days in September 2002. As Zhang
et al. (19) have reported, it may also be possible that the
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periods of high acidity and peak periods of secondary organic
aerosol formation do not necessarily coincide in the same
period, and 24-h measurements are unable to capture the
separate diurnal patterns of these species.

The metric used to quantify inorganic aerosol acidity has
also varied across field studies. Sulfate has commonly used
as a surrogate, but this may lead to problems because a large
fraction of the sulfate may be neutralized by ammonia.
Another common metric for acidity is the deficit of ammonia
with respect to the quantity required to fully neutralize the
strong acids (i.e., sulfate and nitrate) present in the aerosol
(17, 19). Estimates of acidity from such an ion-balance
approach are equivalent to the total extractable acidity
obtained from pH measurements of aqueous extracts of
particles (9). Also referred to as the aerosol strong acidity,
this metric gives an indication of the total amount of hydrogen
that can become available in the particle when removed from
its present environment (9). However, the strong acidity often
overestimates the actual particle acidity because some of
the hydrogen is associated with bisulfate under ambient
conditions.

To address these issues, this work examines time-resolved
(1-4 h) field measurements collected during the Pittsburgh
Air Quality Study (PAQS) from July 2001 to July 2002 to
determine the potential enhancement in OC concentrations
during periods of high inorganic acidity in Pittsburgh.
Measurements of inorganic species are combined with a
thermodynamic model to calculate concentrations of aerosol
free acidity, and this analysis is extended over a period of
several seasons. In addition, some estimates are made as to
the possible reductions in OC that can be achieved as a result
of reductions in inorganic acidity.

Experimental Section
Pittsburgh, PA, is located in the northeastern U.S., between
the major agricultural and utility emissions in the Midwest
and large urban and coastal areas in the East. Between July
2001 and July 2002, measurements of aerosols, gases, and
meteorological conditions were made at the Pittsburgh Air
Quality Study monitoring station. The site was located
approximately 6 km east of downtown Pittsburgh, several
hundred meters from the closest appreciable emission
sources. From July 2001 to March 2002, the mean PM2.5

concentration was 16.1 µg/m3, with organic matter contrib-
uting on average 30% of this mass (20).

Continuous measurements of temperature, ultraviolet
(UV) radiation intensity, relative humidity (RH), and gas-
phase concentrations of O3, NO, NOx, and CO were made
and documented by Wittig et al. (21). Two to 4 h measure-
ments of OC and EC were made by an in-situ OC/EC analyzer
(22-24). Using measurements of ozone, NOx, CO, and UV
radiation collected by collocated samplers at the site, the
EC-tracer method was used by Cabada et al. (23) to derive
a primary OC/EC ratio for sources affecting the region and
then to estimate the SOA concentration.

To estimate the concentration of H+, or free acidity, 1-2-h
measurements of sulfate, total nitric acid, and total ammonia
were made with semicontinuous instruments and used as
inputs to a chemical equilibrium model, GFEMN (25). A
steam-jet aerosol collector (26) captured aerosols and gases
of these chemical species in a humidified chamber; resulting
aqueous droplets were collected and analyzed by ion
chromatography (DIONEX models DX-120 and DX-600 for
water-soluble cations and anions, respectively) using a
method described by Jaffrezo et al. (27) for the anion analysis.
Additionally, a R&P 8400S measured inorganic sulfate by a
flash-volatilization technique (28). Concentrations reported
by these semicontinuous instruments were calibrated against
a filter-based speciation sampler and implemented for
simulation as described by Wittig et al. (29) and Takahama

et al. (30). The thermodynamic calculations were made
assuming particles were liquid, except when the measured
growth factor (31) was near unity, indicating that the particles
were solid. For these periods, the H+ concentrations were
set to zero. The inorganic data were then averaged to match
the sampling intervals of the in-situ OC/EC analyzer.
Takahama et al. (30) showed that aerosol nitrate predictions
from GFEMN agreed with observations within measurement
uncertainties for most cases, which gives us some measure
of confidence in our calculations of acidity.

The observed organic aerosol concentration field is
relatively homogeneous in Western Pennsylvania (32) and
most of the northeast U.S. Production of SOA takes place
during the same time over a large area, and the system can
be described by a box model to a first approximation (33).
Therefore, the measurements represent the chemical pro-
cesses taking place over a large area even if they are from a
single location. This spatial homogeneity makes the PAQS
data set suitable for this analysis because transport in and
out of the region is a secondary effect.

Analysis of Results
In the past, sulfate concentrations have been used as a
surrogate for aerosol acidity (8). Figure 1 shows the relation-
ship between OC and sulfate; the sample correlation coef-
ficient (r) of 0.61 indicates a mild correlation. Examining
such a graph might suggest that during periods of high acidity,
there are significantly larger quantities of organic aerosol
that might be attributable to SOA from heterogeneous
chemistry (17). However, there may be other possible
explanations for this observation. First of all, each parcel of
air has its own history of accumulated emissions. Air parcels
coming from relatively clean areas tend to have lower
pollutant concentrations, while air parcels coming from
heavily populated and industrialized areas have higher
concentrations. For example, sulfate and primary OC are
both derived at least in part from stationary source combus-
tion, which could explain some of the correlation between
the two species. In addition, there are meteorological effects,
such as the strength of atmospheric mixing, common to both
sulfate and OC that may be causing the observed relationship
in Figure 1.

The use of free acidity (H+) calculated from thermo-
dynamic principles has several advantages. Limbeck et al.
(13) reported that free acidity and not the quantity of sulfate
affects the formation of polymers. Furthermore, Cocker et
al. (34) found that the presence of dry (NH4)2SO4 or
NH4HSO4 seed particles did not affect the SOA production,
but the organic aerosol yields depended on the composition

FIGURE 1. Correlation plot of OC and sulfate concentrations from
July 2001 to July 2002. r is the sample correlation coefficient.
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of the seed aerosol when wet. Because the estimation of H+

by GFEMN is composition-dependent, the solution properties
of the seed aerosol are taken into account when calculating
the particle acidity. Sulfate and H+ are mildly but not strongly
correlated (r ) 0.68) for our data setsH+ is not only a function
of the sulfate concentration but also the amount of neutral-
izing base (predominantly NH3 in this area), the presence of
other acidic species (e.g., nitrate), and also the water content
of the aerosol. Therefore, we proceed with the analysis as
follows: (1) we use the H+ concentration as our metric of
acidity, (2) we normalize the OC concentrations by the EC
concentrations, which takes advantage of the fact that EC is
mostly emitted by the same combustion sources as primary
OC, and (3) we also examine wind directions in conjunction
with the concentrations, as a change in wind direction can
indicate a change in combustion source-each of which can
have a different ratio of OC to EC emissions.

Acidity. Periods of high acidity (H+) are generally found
during the summer months with fewer instances occurring
closer to the winter season (Figure 2a). H+ in the aerosol
phase calculated by GFEMN results from an aqueous-phase
charge balance of primarily H2SO4, and to a lesser extent
HNO3, with NH3. Sulfate concentrations are higher during
the summer than in the winter (Figure 2b) primarily because
the conversion rate of SO2 to H2SO4 is faster during the warm
and sunny summer days. Lower sulfate levels in the winter
imply that the total ammonia (gas + PM2.5 aerosol) available
with respect to H2SO4 is higher (Figure 2b,c). In general, this
results in a large fraction of bisulfate ions during the summer
and more sulfate ions during the winter; the free acidity
reflects this difference. During the summer months, the H+

concentration is likely to be higher during the daytime (Figure
3a), while the opposite is true for the winter (Figure 3b).
Diurnal variations in acidity may be caused by many factors.
For example, during high periods of photochemical activity
in the morning and early afternoon, production of nitric acid
and sulfate may exceed their deposition rates, resulting in
a rise in the concentrations of these species. It is likely that
the strong diurnal pattern in acidity observed during the
summer is primarily due to the photochemical production
of sulfate. During the winter, however, a combination of
aerosol composition and low RHs often induced solid-phase
transitions in the aerosols (31), leading to lower concentra-
tions of acidity during the afternoons.

OC/EC Ratio, Acidity, and Wind Direction. Measure-
ments of wind direction were used to determine if changes
in OC/EC ratios could have occurred as a result of change
in source signature. Time series plots of OC/EC ratios, acidity
(H+), and wind direction were examined for periods in which
the aerosol became increasingly acidic. In the examination
of these time series from July 2001 to July 2002, 104
occurrences of significant increases in H+ were visually
identified.

Possible evidence for acid-catalyzed SOA taking place in
this region would be illustrated by an increase in the OC/EC
ratio accompanying or following a period of high H+

concentrations, when the wind direction does not shift
dramatically during this period. We might expect this result
if the OC and EC emission source is constant (i.e. charac-
teristic emission ratio of OC to EC remains the same), but
OC/EC ratios increase as acid-catalyzed SOA formation
proceeds. In general, there was no clear evidence that acid-
catalyzed SOA formation was consistently observable in
Pittsburgh during our study period. In fact, in some cases
the OC/EC decreased when the aerosol became acidic,
suggesting possibilities of other processes dominating the
change in organic aerosol concentrations or simply the
decoupled behavior of organic and inorganic aerosols. Figure
4 shows time-series from March 27, 2002, the wind direction
is relatively steady, but between 4 a.m. and 2 p.m., OC/EC
decreased from 2.1 to 1.4 at the same time that H+ increased

FIGURE 2. Boxplots of (a) H+, (b) sulfate, and (c) total ammonia
(PM2.5 + gas) illustrating the seasonal variation of these species.
Boxes enclose data within the 25th to 75th percentile range, black
line in the box denotes median, and whiskers extend to the 5th and
95th percentile of the data.

FIGURE 3. Time-series plots of diurnal variations in acidity for (a)
July 2001 and (b) January 2002. Bars represent the median and the
error bars extend to the 25th and 75th percentile of the monthly data
for each sampling period.

FIGURE 4. Time series of OC/EC, H+, and wind direction for March
27, 2002.
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from 5 to 18 ng/m3. Thirteen of the 104 instances of H+

increase exhibited this behavior, where the inorganic acidity
increased and the OC/EC decreased simultaneously under
conditions of constant wind direction.

Figure 5 shows an example of a case where both the OC/
EC and the acidity increased together, which was observed
on June 25, 2002, during midday, and the wind direction was
not extremely steady but on average from the same direction.
The H+ concentration increased from its initial value of 6
ng/m3 to 52 ng/m3, the latter being one of the highest values
attained during the study period. Twenty-two of the 104
accounts of H+ increase were of the second type, where
inorganic acidity and OC/EC increased together under
conditions of constant wind direction.

Changes in OC/EC accompanied by significant changes
in wind direction, however, could be indicative of a change
in the primary OC to EC ratio emitted by different sources
or SOA transported into the region. Figure 6 illustrates this
case, which was observed on July 17, 2002. Between 4 a.m.
and 12 p.m., the wind direction changed steadily (also with
increasing variability), shifting by almost 180 degrees over
an 8-h period. At noon, the OC/EC and H+ increased together,
with H+ concentrations again reaching a high value of 28
ng/m3, which may be possible evidence of acid-enhanced
formation of SOA over Pittsburgh, but this may also be
indicative of a source region rich in both primary organics
and acidic aerosols. Thirty-eight of 104 counts of acidification
were of this last type, where the inorganic acidity and OC/EC
both increased during the same period but under varying
wind direction.

In the 31 out of 104 cases remaining, there was no
detectable change in OC/EC with increase in acidity. These
observations may be explained by several means, including
the decoupled behavior of inorganics and organics, the acidity
perturbing organic aerosol concentrations by an immeasur-
able amount, or the positive and negative changes in OC/EC
due to simultaneous atmospheric processes summing to an
amount within measurement uncertainty.

Calculations of air mass back-trajectories with the HYS-
PLIT (NOAA) software on selected periods generally con-
firmed that measured wind directions at the site were
indicative of source region. For example, 6-h back-trajectory
calculations showed that during June 25, 2002, the air parcels
that arrived at Pittsburgh at 10 a.m. and 2 p.m. both originated
from the West. During the July 17, 2002, episode, however,
the air parcel that arrived in Pittsburgh at 10 a.m. was
transported from the Southeast, while the air parcel that
arrived at 2 p.m. was transported from the Southwest after
following a circuitous path around and over the city.

To formalize this analysis, observed changes in OC/EC
and acidity were grouped according to wind directions that
were relatively constant and those that were different between
two successive sampling intervals. For this analysis, the data
were averaged into regularly spaced intervals of 4 h. Wind
directions that were different were determined by a test of
statistical significance on the mean wind directions between
two successive sampling periods. The change in mean wind
direction was considered different if rejected by a two-sample
t-test at an R ) 0.05 significance level and was considered
relatively constant otherwise. Though the wind direction data
are by no means random or independently sampled, Ott and
Mage (35) showed that the mean and variance calculated by
the central limit theorem are good approximations when
applied to data exhibiting serial correlation; therefore, our
simple algorithm is acceptable. Figure 7 shows the change
in OC/EC as a function of the geometric mean acidity between
two successive periods k and k-1, for the case in which the
change in wind direction between the two periods was
relatively constant. If acid-catalyzed SOA formation were
detectable in Pittsburgh, we would expect a positive cor-
relation between the two variables, particularly in the region
of high H+ concentrations. However, as evident in Figure 7,
there is little observable correlation (r ) 0.10) between
inorganic acidity and increase in OC/EC.

The change in OC/EC shows a similar lack of correlation
with other measures of acidity. One such metric is the H+

FIGURE 5. Time series of OC/EC, H+, and wind direction for June
25, 2002.

FIGURE 6. Time series of OC/EC, H+, and wind direction for July
17, 2002.

FIGURE 7. Correlation plot of changes in OC/EC between periods
k and k-1 and acidity at k. A constant of 1 ng/m3 is added to the
H+ for displaying H+ ) 0 ng/m3 values on a logarithmic scale.
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concentration from the previous time intervalswe might
expect that this metric is important if the response of increase
in OC/EC to availability of H+ is on the order of hours; indeed,
Kalberer et al. (16) suggest that the OC increase due to acidity
could occur over the lifetime of the aerosol. The correlation
between ∆OC/EC and H+ from the previous time interval is
0.07, which is lower than the correlation of H+ of the current
time 4-h interval. In contrast, Czoschke et al. (36) report
time scales for polymerization on the order of seconds. In
the event that the acid-catalyzed SOA formation is rapid and
proceeds with any amount of increase in H+, we might expect
a positive correlation between ∆OC/EC and ∆H+ over the
same time periods. The sample correlation with changes in
OC/EC from this analysis was 0.07.

Other metrics of acidity were also considered. Though
the calculation of free acidity takes into the account the
chemical composition, ambient RH, and associated water
uptake by the aerosol, the pH provides additional information
about the availability of H+ in solution as it indicates the
quantity of H+ relative to the amount of water in solution.
The sensitivity of the pH to the water content of the aerosol
provides a means to examine periods when highly concen-
trated acidic particles exist for short durations, in which case
the H+ contribution to the total H+ burden may not be
significant, but ultrafine aerosol solutions highly concentrated
in H+ may exist. Defining the pH as -log[H+] where [H+] is
the molarity of H+ in the solution, the pH for pure sulfuric
acid at 35% RH is -1.1, according to calculations with AIM
(37). The mean pH for all 4-h periods was 0.8, with a minimum
of -0.9 and 374 periods out of 1715 dropping below 0, often
during the afternoons when RH was lowest. Despite the low
values of pH attained, the correlation of ∆OC/EC with pH
with the current time period is -0.10, with the previous time
period is -0.07, and with ∆pH is -0.02. The negative values
of correlation are as expected, as lower pH indicates higher
acidity, but the absolute magnitudes of the correlations are
not large. When the hydrogen ion activity, considering only
nonidealities caused by the inorganic fraction of the aerosol,
instead of its concentration is used to define pH, the
correlations with ∆OC/EC increase in some cases but remain
smallsthe correlation of ∆OC/EC and pH at the current time
is -0.16, with ∆OC/EC and pH from the previous time is
-0.08, and ∆OC/EC with the ∆pH is -0.09.

There is also a possibility that the polymerization reactions
that occur in the presence of acid catalysts are irreversible,
or not reversible in atmospherically relevant time scales, and
neutralization of the acidity will not lead to reductions in
OC. To account for this effect, the relationships examined
above were reanalyzed for periods only when the acidity
increased. By this method, the strongest correlations observed
were between ∆OC/EC and the three metrics of acidity of
the current time period. The correlations were 0.17, -0.18,
and -0.28 for H+ and pH defined by the hydrogen ion molarity
and activity, respectively. These relationships are stronger
than when data points for all changes in acidity are
considered, but the correlations are still weak. Zhang et al.
(19) showed that during nucleation events in Pittsburgh, un-
neutralized H2SO4 existed for short periods in the morning
during nucleation events, but rapid SOA formation and
condensation occurred several hours after nucleation after
the H2SO4 had been largely neutralized by NH3. Indeed, our
analysis suggests that normalizing the airborne H+ concen-
trations by the water content showed little improvement in
correlations of acidity with ∆OC/EC.

Estimating the Effect of Acidity on OC Concentrations
Though our method of analysis did not produce evidence of
acid-catalyzed heterogeneous chemistry leading to increased
SOA concentrations in Pittsburgh, it is possible that the effect
of acidity on SOA was masked by the myriad of other

atmospheric processes occurring simultaneously. Therefore,
we wish to know what the upper limit of the effect that
reducing inorganic acidity might have on OC concentrations
over this area in the event that SOA enhancement is still
occurring. For this purpose, we use two approaches: (1)
predicting changes in OC from a regression model and (2)
calculating the reduced OC for an assumed scenario.

Regression Analysis. To determine the contribution of
H+ in explaining the variability in OC/EC, a regression model
was constructed. Candidate regressors for the model were
preselected based on our physical understanding of atmo-
spheric chemistrysozone, ultraviolet radiation, and high
temperatures are favorable for SOA production; CO, NO, and
NOx are tracers of combustion (23). VOC concentrations are
also important variables for the formation of SOA, but VOC
measurements were not available in the time-resolution
necessary so they were not considered. H+ was also included
as a candidate regressor, as it is the variable of primary
interest. Sample correlation coefficients of these variables
and their lagged values with OC/EC are presented in Table
1. Because a sampling duration of 2-4 h is long compared
to time scales of many atmospheric processes, we find that
correlations of time-integrated OC/EC concentrations are
stronger with explanatory variables measured during the
same time period (lag ) 0), rather than the variable’s value
at the previous sampling interval. In general, the correlations
are consistent with our understanding of atmospheric
chemistry. The photochemical cycle ultimately consumes
NO and NOx in the process of producing ozone, the primary
oxidant of reactive organic gases that are precursors to SOA.
Therefore, the ozone and the inverse concentrations of NO
and NOx show some correlation with OC/EC. UV, which
initiates the photochemical reactions, is the only variable in
Table 1 whose previous time value shows a stronger
correlation with OC/EC than its present value. The sample
correlation coefficient of OC/EC with carbon monoxide is
negative, because emissions of CO indicate an increase in
emissions of EC and primary OC, lowering the OC/EC ratio
when SOA is present. Though higher temperatures are
thought to be favorable for SOA formation, temperature is
not strongly correlated with OC/EC. H+ shows a stronger
correlation than sulfate, and it is the relationship between
OC/EC and acidity around which we wish to build our
regression model.

First, all variables were averaged to regular intervals of 4
h. Because we do not have knowledge of the functional
dependence of the OC/EC ratio on other variables a priori,
we began with a subset of candidate regressors from Table
1 with the strongest correlations (i.e. all variables from the
current time period except for UV, for which the previous
time period was also included) and transformed variables
such that the assumption of linearity would approximately
hold among the response and predictor variables. Then, we
used a stepwise, forward-selection approach to variable

TABLE 1. Sample Correlations of Measurements (with No Lag
and Also When Lagged by One 4-h Time Period) with OC/EC

variable lag ) 0 lag ) 1

H+ 0.30 0.25
NO -0.25 -0.21
NOx -0.34 -0.28
CO -0.17 -0.14
O3 0.41 0.37
UV 0.12 0.25
temperature 0.22 0.21
sulfate 0.25 0.23
1/NO 0.44 0.32
1/NOx 0.48 0.38
1/CO 0.16 0.14
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selection with alternatives scored according to the Akaike
Information Criterion (AIC). Variables that exhibited strong
correlation with variables already included in the model were
not considered to avoid problems with multicollinearity, and
variables whose regression coefficients were not significant
were removed. We obtained a model of the following form

where OC/EC is the OC/EC ratio, H+ is the hydrogen ion
concentration in the aerosol and our metric of inorganic
acidity, NOx is the concentration of the oxides of nitrogen,
UV is the ultraviolet radiation intensity, T is the temperature,
and ε is the disturbance term. The â’s are regression
coefficients. The subscripts k and k-1 denote the time
intervals for which the variables are specified, i.e., OC/EC at
k-1 specifies the OC/EC ratio lagged by one time interval.
Lagged values of the dependent variable are introduced as
regressors to reduce serial correlation in the residuals that
may arise out of unaccounted influence of omitted explana-
tory variables (38). Even with the lagged dependent variable
included the residuals still exhibited serial correlation ac-
cording to the Breusch-Godfrey test (39, 40). Therefore,
residuals from ordinary least squares regression were
parametrized by a mixed autoregressive moving average
process of order p, q [ARMA(p,q)]; an ARMA(3,3) exhibited
an acceptable fit to the residuals. The regression coefficients
were then estimated by feasible generalized least squares
(41).

The estimated regression coefficients, â̂’s, are shown in
Table 2. As eq 1 is an empirical construct, it should be
mentioned that these regression coefficients are only ap-
plicable for the Western Pennsylvania region for conditions
experienced during our study period. The correlation of fitted
values with observed values of log(OC/EC)k is 0.77, with over
1250 data points included in the regression. The regression
coefficients of all regressors included in the model are
significant from zero at the R ) 0.01 significance level because
variables that were not significant were removed in the model
selection process and also because the sample size is large.
It is important to point out that statistical significance does
not necessarily imply causality. The signs of the regression
coefficients are as expected, and they agree with the signs
from the sample correlation coefficients of each variable with
OC/EC. â̂2, the regression coefficient for H+, is of particular
interest, as this parameter indicates the sensitivity of OC/EC
to inorganic aerosol acidity. Because this coefficient relates
the H+ concentration to the logarithm of OC/EC, its value
is difficult to interpret directly unless used in the context of
prediction. For instance, assuming that (1) a causal link exists
between free acidity and OC/EC in the atmosphere and that
(2) the value of all other variables are held fixed while the
acidity is perturbed, we can use this statistical model to
examine an extreme case where all effects of acidity are
removed from additional OC formation by setting H+ ) 0.
If EC remains constant, then the ratio of the predicted OC/
EC to the fitted OC/EC should give an estimate of the decrease

in OC concentrations. For our scenario of reduced acidity,
the predicted decrease in OC is about 2 ( 4% overall. Thus,
we find that the sensitivity of OC to H+ is small.

Scenario Analysis. Laboratory studies have cited obser-
vations of SOA enhancement by as much as 40% under
conditions of high inorganic acidity (10, 42). If such a
magnitude of enhancement were occurring in the atmo-
sphere, it is of interest to know what the effect of perturbing
the current levels of inorganic acidity might be. For instance,
if we assume that the enhancement is occurring above an
assumed threshold acidity (H+)*, reducing the acidity during
those periods to values below the threshold would result in
a new set of OC concentrations, OC′, in the following way

where

OCp is the primary OC concentration, SOA0 is the original
SOA concentration, φ is the magnitude of enhancement, and
H+ is the free acidity concentrations calculated for PAQS.
Primary OC and SOA were not directly measured during the
study, but the EC-tracer method is one approach that is used
to estimate their concentrations (23), and we use those
estimates here. The functional dependence of SOA enhance-
ment on aerosol acidity has only been recently elucidated by
a semiempirical approach (43), but in general the experiments
by Limbeck et al. (13) qualitatively suggest a monotonic
dependence on free acidity. Here we simply assume a step
function, though we are left with the task of arbitrarily defining
an acidity threshold to classify aerosols as acidic or not acidic.
For our preliminary analysis, we used the reported aerosol
volumes for H2SO4/(NH4)2SO4 seeds and relative humidity
conditions reported in the experiments of Jang and Kamens
(3) and calculated the H+ concentrations using a chemical
equilibrium model, AIM (37). The nonacidic seed aerosols
((NH4)2SO4) were neutral (H+ ) 0 µg/m3), and their acidic
seed aerosols (mixed-H2SO4-(NH4)2SO4 particles) ranged in
H+ from 0.025 to 0.22 µg/m3. Thus we assume a threshold
of (H+)* ) 0.025 µg/m3, above which our aerosols are
considered acidic.

The observed OC concentration, annually averaged from
July 2001 to July 2002 is around 2.5 µg/m3. If we assume that
emission reductions in precursor gases (e.g., SO2 and NOx)
to inorganic acidity results in the removal of acid-catalyzed
SOA production, the annual average OC would be reduced
by approximately 2% of this amount, though 80% of the
reductions would occur during the summer months of July-
August 2001 and June-July 2001, when aerosol acidity
concentrations are the highest. Because the enhancement
of SOA may actually become significant at acidities below
our chosen threshold, we report the % reduction in average
OC as a function of the assumed (H+)*. Table 3 shows the
assumed (H+)* and the percentile to which it corresponds

TABLE 2. Regression Coefficients, Standard Errors, and t- and
p-Values Calculated from Ordinary Least-Squares Regression

coefficient units value std error

â̂0 1.3 0.1
â̂1 0.55 0.02
â̂2 (µg/m3)-1 3.2 0.7
â̂3 (ppb) -0.30 0.02
â̂4 (W/m2)-1 0.0071 0.0012
â̂5 (°C)-1 0.0043 0.0015

log(OC/EC)k ) â0 + â1log(OC/EC)k-1 + â2Hk
+ +

â3log(NOx)k + â4UVk + â5Tk + εk (1)

TABLE 3. Estimated Overall Reduction in OC as a Function of
the Acidity Threshold and the Threshold’s Corresponding
Percentile in the Cumulative Distribution Function of H+

acidity threshold, (H+)*
(ng/m3)

percentile of H+

distribution
overall reduction

in OC (%)

25.0 96 0.4 ( 2.6
4.1 75 1.3 ( 4.0
0.9 50 2.3 ( 4.9
0.1 25 3.4 ( 5.5
0.0 0 5.4 ( 7.9

OC′ ) OCp + SOA0/(1 + φ)

φ ) {0.4
0

for
H + g (H+)*

H+<(H+)*

2196 9 ENVIRONMENTAL SCIENCE & TECHNOLOGY / VOL. 40, NO. 7, 2006



in the distribution of observed H+ concentrations and the
calculated percent reduction in annual average OC. The
percent reduction is calculated as (1-OC′/(OCp+SOA0)) ×
100% and averaged for the entire study period; the mean
and standard deviation of this value is reported. The threshold
of 0.025 µg/m3 initially selected corresponds to the 96th
percentile of the H+ distribution, indicating that only in 4%
of our observations, H+ concentrations exceeded this thresh-
old. In the extreme case where SOA is reduced during all
periods in which the acidity was nonzero (corresponding to
the 0th percentile), the overall OC reduction would conser-
vatively be estimated at 5.1 ( 7.9%, which is only slightly
higher than that predicted by the regression model.

Discussion
We examined the changes observed in OC/EC, acidity, and
wind direction from July 2001 to July 2002 using time-series
plots and using scatter plots of changes in OC/EC and acidity
conditioned on changes in wind direction. Based on this
analysis, we observed 104 cases in which the acidity increased
noticeably; 22 of which showed possible indications of acid-
catalyzed chemistry and 38 of which showed evidence of
either acid-catalyzed chemistry or transport and mixing. Chu
(17) sites an episode on July 18th, 2001, in which high
concentrations of sulfate not fully neutralized by ammonia
were accompanied by low UV intensity and high OC
concentrations in the Eastern U.S., suggesting acid-catalyzed
SOA formation as a possible explanation for this observation.
We also observed concurrent increases in acidic aerosols
and organic aerosol concentrations at the PAQS monitoring
site, but this was a rare phenomenon during our study period.
Furthermore, examination of different metrics of acidity and
OC/EC ratios showed at most an overall correlation of -0.28.
The implication from this study is that acid-catalyzed SOA
is not occurring most of the time, or that the “effect size” of
acid-catalyzed SOA formation is not large enough to be
observed consistently above the noise of other mechanisms.
These mechanisms may include the combination of transport
and mixing of primary emissions that can contribute to
changes in OC/EC in addition to that caused by SOA
formation and the net influence of uncertainties in our
measurements.

There are many factors that could contribute to the
measurement uncertainty and error, some which are more
random and others which confer a systematic bias. One
possible error of the latter type is the potential for conversion
of polymeric products to light-absorbing carbon which would
be misclassified as EC; this could underestimate the con-
tribution of SOA to the OC/EC ratio. However, the peak
temperature in the fourth helium mode used by the in-situ
carbon analyzer to analyze the samples used in this analysis
was 870 °Csthis protocol was found to under-report the EC
concentration compared to other methods for laboratory-
generated levoglucosan and R-pinene SOA samples, possibly
through the premature evolution of EC (44). Thus, there may
be measurement error resulting from the operational defini-
tion of the OC-EC split and the analysis protocol used for the
study, but this error may not necessarily bias the OC/EC
ratio to be systematically low in the presence of SOA.

The question remains whether this observation is specific
to the monitoring site, or if it can be extended to regions
outside of Pittsburgh. Stanier et al. (45) observed that
nucleation events were regional in nature, which implies
that H2SO4, the main component involved in nucleation of
new aerosols in this region (46) and also the primary source
of inorganic aerosol acidity, is also generated regionally.
During the summer when SOA concentrations are higher
(23), the OC concentration is also spatially homogeneous
(32), suggesting that primary OC and SOA formation is
regionally distributed. Therefore, we expect that our conclu-

sion can be extended to the Western Pennsylvania region
and that acid-enhancement of SOA would also be unobserv-
able in the area.

Assuming that acid-catalyzed SOA formation has occurred
within the noise of our signal, we estimated possible
reductions in OC concentrations that might result from a
reduction in inorganic acidity using two methods. One was
an empirical approach that estimated the possible response
of OC/EC to H+ from field measurements, and the other
method was based on preliminary information from labora-
tory experiments. The regression model, which is the
empirical approach, is by design constructed to return an
expected value for its predictions. The regression model
suffers from the inherent assumption that the relationship
derived between OC/EC and H+ is causal; there may be
confounding factors that cause these two variables to show
a link that may not exist directly. Therefore, the model cannot
tell us that reducing H+ will actually reduce the OC
concentration. However, if the link is indeed causal, then the
expected reduction in OC might be less than 6%, assuming
the values of other variables remain unaltered. The second
approach is based on laboratory measurements, as the
magnitude of SOA enhancement was obtained from labora-
tory studies examining the effect of inorganic acid aerosols
on increases in SOA formation. The second approach returns
a more conservative estimate as we chose an upper bound
on acid-SOA enhancement observed in the laboratory to
calculate the effect of H+ reduction on OC. However, the
functional dependence of SOA enhancement on acidity had
to be assumed, as the actual relationship is not well-known.
Furthermore, the SOA estimates used for the calculations
have high uncertainty, as a constant OC/EC ratio for primary
emissions during all periods was assumed for its calculation
(23). However, the methods by which we calculated the
response of OC to H+ are rather conservative; despite the
high uncertainties in our estimates, the benefit of reducing
the inorganic acidity entirely appears to be a reduction in
OC concentrations by less than 10%. Recently, Jang et al.
(43) have developed more sophisticated models that predict
aerosol yields as a result of interaction of carbonyls and free
hydrogen, but their model requires carbonyl-specific
parameterssin contrast, our calculation is kept sufficiently
simple and not specific to any compound such that an
estimate of the upper bound for the acid-catalysis effect is
captured.

FTIR and mass spectrometry data indicate that polymeric
products in atmospheric aerosols appear to be more ubiq-
uitous than initially speculated (3, 15), even under the absence
of inorganic acidity (15, 16). However, Gao et al. (42) also
found that increasing seed aerosol acidity results in more
rapid polymerization, which may lead to higher SOA yields
during certain periods. Thus, how changes in the inorganic
aerosol acidity will affect OC concentrations remains an
important question. We have shown that for Pittsburgh, this
effect may be small, but such conclusions are dependent on
the availability of atmospheric acidity and also the contribu-
tion of SOA to the total organic aerosol in each location. For
the Pittsburgh region, SOA contributes to ∼35% (to a
maximum of 50%) of organic aerosol (23); Lim and Turpin
(47) found that SOA can account for ∼46% of OC in Atlanta,
with contributions as high as 88% during certain periods. As
such, the effect of perturbing inorganic acidity may have
comparable or larger effects on the OC concentrations in
Atlanta. On the other hand, Strader et al. (48) reported that
most of the OC in San Joaquin Valley is primary (SOA <20%
of OC), so reducing the occurrence of acid-catalyzed SOA is
likely to have a smaller effect on PM concentrations in that
region. Furthermore, the source contribution of inorganic
aerosol acidity is different according to region and season.
For instance, in the eastern U.S. [where the highest con-
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centrations of aerosol acidity are found (8), sulfate is regionally
distributed and is the primary source of inorganic acidity
during the summer, with increasing contributions from local
production of HNO3 approaching winter. The inorganic
acidity in urban regions in southern California, however,
originates mainly from vehicular emissions that result in the
production of HNO3, but NH3 is also available in sufficient
quantities such that much of the acidity is neutralized. As
such, the implications of the interaction between inorganic
and organic components of the atmospheric aerosol should
be evaluated separately for each location.
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[1] A thermodynamic model, the Gibbs Free-Energy Minimization model (GFEMN), was
used to simulate the partitioning of PM2.5 nitrate aerosol and nitric acid using highly time-
resolved inorganic measurements collected at the Pittsburgh Air Quality Study during July
2001 and January 2002. Model results were evaluated using independent, high time
resolution measurements of aerosol nitrate. The mean observed concentration in July was
0.6 mg/m3 and 2.1 mg/m3 in January. Model predictions were in agreement with the
observations within 0.5 mg/m3 on average, with measurement uncertainties often
accounting for these discrepancies. The simulations were run assuming particles were
liquid in July for all relative humidities (RHs) and solid below 60% RH in January. For
both seasons the assumed physical state did not influence considerably the overall
agreement with observations. The assumption of particle mixing state did appear to
influence model error; however, assuming that particles were externally mixed during low
RH periods in July improved agreement significantly. The exceptional sensitivity of
predicted aerosol nitrate to ammonia in western Pennsylvania suggests that reductions in
PM2.5 may be assisted by reductions in ammonia emissions. INDEX TERMS: 0305

Atmospheric Composition and Structure: Aerosols and particles (0345, 4801); 0345 Atmospheric Composition

and Structure: Pollution—urban and regional (0305); 0365 Atmospheric Composition and Structure:

Troposphere—composition and chemistry; KEYWORDS: aerosol, nitrate, Pittsburgh Air Quality Study

Citation: Takahama, S., A. E. Wittig, D. V. Vayenas, C. I. Davidson, and S. N. Pandis (2004), Modeling the diurnal variation of

nitrate during the Pittsburgh Air Quality Study, J. Geophys. Res., 109, D16S06, doi:10.1029/2003JD004149.

1. Introduction

[2] Fine particles in the atmosphere are composed of
sulfate, ammonium, nitrate, elemental carbon, organic
material, trace metals, crustal elements, and water [Seinfeld
and Pandis, 1998]. These aerosols are either primary or
secondary in nature, depending on whether they are directly
emitted from sources or formed from gas-to-particle con-
version processes in the atmosphere. Airborne particulate
matter (PM) with aerodynamic diameters less than 2.5 mm
has been associated with excess mortality [Dockery et al.,
1993] and a key component of global change [Seinfeld and
Pandis, 1998]. To address these health concerns, EPA has
set guidelines on allowable PM2.5 levels based on a mass
standard. Understanding the partitioning behavior of semi-

volatile species between the gas and aerosol phases can help
us predict how changes in anthropogenic and biogenic
activity will influence formation of aerosols in the atmo-
sphere such that desired goals in particulate matter concen-
trations can be achieved.
[3] In the eastern United States, PM2.5 particles can be

50% or more inorganic, with sulfate constituting a sig-
nificant portion of this inorganic fraction [U.S. Environ-
mental Protection Agency, 1996]. Because sulfate is an
oxidation product of SO2, current strategies are targeted at
reducing SO2 emissions. However, West et al. [1999]
have shown that for the eastern United States, reductions
in sulfate may not be as effective as it is often assumed
in reducing PM mass, as such reductions may lead to the
formation of more aerosol nitrate. This behavior is fairly
well understood qualitatively: a portion of atmospheric
ammonia is bound in ammonium sulfate, and reductions
in sulfate concentrations result in more free ammonia
available for reaction with nitric acid to produce ammo-
nium nitrate particles. Such nonlinear chemical interac-
tions between gases and particles suggest the need for a
careful investigation of alternative PM control strategies.
Evaluation and development of mathematical tools to
describe such atmospheric interactions will allow us to
examine PM response to changes in concentrations of
precursor species, as demonstrated in the work of Ansari
and Pandis [1998].
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[4] One common approach to modeling the partitioning
behavior of semivolatile PM components is to assume that
the particles are in equilibrium with the gas phase. Several
thermodynamic models have been developed for atmo-
spheric simulations [Bassett and Seinfeld, 1983; Saxena et
al., 1986; Pilinis and Seinfeld, 1987; Wexler and Seinfeld,
1991; Kim et al., 1993; Meng et al., 1995; Jacobson et al.,
1996; Nenes et al., 1999; Ansari and Pandis, 1999].
Generally, these equilibrium models assume that particles
can be modeled as a ‘‘bulk’’ phase without consideration for
the thermodynamic differences of the particle subpopula-
tions across size and time dimensions. Often, data provided
as inputs for these thermodynamic simulations are aggre-
gated measurements obtained through filter and denuder-
based sampling methods, which have poor size and time
resolution.
[5] To examine the thermodynamic predictions of semi-

volatile inorganics when particles are not assumed to be the
same over all size ranges, Jacobson [1999] and Moya et al.
[2002] used a size-resolved chemical equilibrium approach
and observed that their model adequately reproduced the
size distribution of PM1 nitrate and ammonium measured in
southern California. However, these measurements were
available only for 24-hour periods. Moya et al. [2001]
suggested that in addition to temperature and relative
humidity, performance of equilibrium models may be
improved by high time resolution measurements.
[6] New semicontinuous instruments at the Pittsburgh Air

Quality Study (PAQS) [Wittig et al., 2004a] provided such
high time resolution measurements, and this paper will
focus on evaluating the performance of a thermodynamic
model in predicting nitrate partitioning between the fine
particulate matter (PM2.5) and the gas phase using these
time-resolved data.

2. Experimental Method

[7] Inorganic species concentrations used for thermody-
namic modeling were collected with semicontinuous instru-
ments employed during the Pittsburgh Air Quality Study
(PAQS). PM2.5 sulfate and nitrate aerosol concentrations
were measured with Rupprecht and Patashnick (R&P)
models 8400S and 8400N, respectively, which provided
resolutions as high as 10-minutes. For the purposes of this
study, the data were averaged to one and two-hour values.
Instrument performance in the PAQS is documented in the
work of Wittig et al. [2004b]. A steam sampler based on the
design of Khlystov et al. [1995] was also used to collect
PM2.5 sulfate, total (PM2.5 + gas) nitrate (TN), and total
(PM2.5 + gas) ammonia (TA) for analysis by ion chroma-
tography for one-hour periods in July 2001 and two-hour
periods until the end of PAQS.
[8] Additionally, several filter-based instruments provided

reference measurements at the site. A Particle Concentrator
Brigham Young University Organic Sampling System
(PC-BOSS) [Eatough et al., 1999] provided four and six-
hour measurements of PM2.5 sulfate and nitrate during July
2001. Another filter-based inorganic speciation sampler at
the site supplied four and six-hour measurements in July
2001 and 24-hour measurements from August 2001 to July
2002. This speciation sampler employed multiple filterpacks
to collect PM2.5 and PM10 particles after the air stream was

passed through a MgO denuder and citric-acid-coated
denuder to remove nitric acid and ammonia gas, respec-
tively. In addition, a separate filterpack was placed upstream
of the denuders to measure PM10 and gases, and the nitric
acid and ammonia concentrations were determined by
denuder difference. Each filterpack consisted of a Teflon
filter, a nylon filter, and a citric-acid impregnated cellulose
fiber filter in series to measure both stable and semivolatile
species. Teflon filters were analyzed for sulfate, nitrate,
and ammonium, while nylon filters were used to quantify
volatilized nitrate. Citric-acid impregnated filters were
analyzed for volatilized ammonium. Analysis for all of
these species was by ion chromatography using a method
similar to that described by Jaffrezo et al. [1998]. Further-
more, EPA Speciation Network sites at Hazelwood and
Lawrenceville, which were located within a 5-km radius
from the main site, provided additional 24-hour filter-based
measurements of PM2.5 sulfate, nitrate, and ammonium.
[9] Instrument inter-comparisons indicated that filter-

based measurements were generally in good agreement with
each other, but there appeared to be analytical bias in
measurements made by the semicontinuous instruments.
Thus the reported concentrations from these instruments
were calibrated by regression against the measurements
made by the inorganic speciation sampler [Wittig et al.,
2004b], which was operated for the entire duration of the
study. For 3–5 January 2002, measurements of PM2.5

ammonium from Hazelwood and Lawrenceville were used
to calibrate the total ammonia of the steam sampler due to
possible instrument difficulty and the unavailability of
inorganic speciation sampler measurements during that
period.
[10] Instrument inter-comparisons also suggested that a

measurement error on the order of 15% was present for
concentrations of total sulfate (TS) measured with the steam
sampler, after bias was removed, and similar errors of
similar magnitude are expected for other concentrations
measured by the steam sampler. Solomon et al. [2001]
suggested that the error of the R&P 8400N is around
0.5 mg/m3. Though it is more likely that measurement errors
are proportional to concentrations, nonetheless this value is
considered an estimate of the average error.
[11] The semicontinuous data, after correction, were used

for thermodynamic modeling because of their high time
resolution. For model inputs, TA and TN measurements
were obtained from the steam sampler, and sulfate measure-
ments were averages of the steam sampler and R&P 8400S
for July 2001 and from the R&P 8400S alone for January
2002. Independent, corrected semicontinuous measure-
ments of aerosol nitrate from the R&P 8400N were used
to evaluate the model’s performance in predicting nitrate
partitioning.

3. Thermodynamic Modeling

[12] The Gibbs Free-Energy Minimization model
(GFEMN) developed by Ansari and Pandis [1999] is used
to simulate the partitioning of ammonia and nitric acid, and
the aerosol water concentration. Inputs into the thermody-
namic model include temperature (T) and relative humidity
(RH), and concentrations of total ammonia (TA), nitrate
(TN), and sulfate (TS). Since sulfuric acid has a very low
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vapor pressure at ambient RH, PM2.5 sulfate concentrations
were used for values of TS.
[13] We assume that: (1) equilibrium is achieved between

gas and aerosol phases in the atmosphere, (2) all fine
particles are thermodynamically similar and can be modeled
as a single mixture, and (3) influence of organics on the
thermodynamics of the inorganic PM is negligible. In
addition, PM2.5 crustal elements were neglected in this
study, as their concentrations were very low (<0.2 mg/m3

in nearly all cases) in Pittsburgh and had little impact on the
results. Nitrate associated with coarse-mode particles is not
included in the total nitrate, so the TN used as input into the
model is the amount available to partition only between
fine-mode particles and the gas phase.
[14] An additional input required for the model is whether

the aerosols exist in a state of stable or metastable equilib-
rium (i.e. whether the aerosols lie on the deliquescence or
efflorescence branch), which depends on their history of
experienced relative humidities [Ansari and Pandis, 2000].
Experimental evidence suggests that during the summer of
2001, aerosols almost always contained water even at low
relative humidities, while during the following winter the
aerosols were dry at RH less than 60% (A. Khlystov et al.,
Water content of ambient aerosol during the Pittsburgh
Air Quality Study, submitted to Journal of Geophysical
Research, 2004, hereinafter referred to as Khlystov et al.,
submitted manuscript, 2004). As such, for the base case
simulations, July 2001 data were modeled under the
assumption that aerosols were always liquid, while for
simulations in January 2002 we assume that particles were
liquid above and solid below 60% RH. Simulations for both
months were repeated under the assumption that aerosols lie
on the deliquescence branch and compared against the base
case.
[15] An important assumption employed in thermody-

namic models is that all particles are identical and internally
mixed, meaning that the chemical species predicted to be in
the aerosol phase interact with each other in the same
particle. If the particle population is comprised of particles
of different chemical composition (external mixture), the
chemistry of nitrate partitioning can be changed significantly.
The sensitivity of the aerosol nitrate concentration to the
physical state of particles at low RH [Ansari and Pandis,
2000] allows us to investigate the validity of the internal
mixture assumption during July. During the summer, the
levels of ammonia were often insufficient to fully neutralize
the sulfate to form ammonium sulfate, and therefore the
particles were often acidic (molar ratios of TA to TS less
than 2) on average. However, as described in a later section,
there may have been periods when fully neutralized ammo-
nium sulfate particles coexisted with acidic particles in an
externally mixed state. If, for instance, both ammonium
sulfate and ammonium bisulfate particles coexisted in the
atmosphere, it is possible that during periods when the RH
was below 40%, ammonium sulfate would be found in its
crystallized form whereas ammonium bisulfate would still
exist as a liquid. If the particles are externally mixed, there
are infinite combinations of particle composition that are
consistent with the observed bulk concentrations. Here, we
simulate one rather extreme case of external mixing using
the following approach. We first run GFEMN with the
original quantities of TA, TN, and TS as inputs, assuming

that the particles are solid, and calculate the quantity of
ammonium sulfate that would form. Then, we remove the
ammonium sulfate that has been formed and repeat the
simulation with the remaining TN, TS, and TA assuming
that the particles are liquid to estimate the amount of acidic
aerosol that would form. The sum of aerosol nitrate con-
centrations associated with each type of particle approxi-
mates the total amount of aerosol nitrate that might be found
in the aerosol phase if the hypothesized mixing state
existed. This approach provides an estimate of a rather
extreme case of external mixing in that only two types of
particles are considered to exist in the system. The ability of
GFEMN to reproduce the observed partitioning behavior in
each case is evaluated.

4. Results

[16] The observed concentrations of aerosol nitrate in July
were relatively low. The average observed concentration was
0.6 mg/m3 and reached amaximum of 6 mg/m3 on themorning
of 3 July. The mean observed nitric acid concentration was
3.4 mg/m3 and 73% of the total nitrate was in the gas phase
during July. Aerosol nitrate was observed to consistently
peak in the late night and early morning hours when the
temperatures were lower and relative humidities higher, but
evaporated during the day when temperatures increased, and
relative humidity dropped (Figure 1).
[17] Predictions from GFEMN follow the diurnal trend of

aerosol nitrate quite well, except during a few daytime
periods. During the afternoons of 9, 13, 20, 21, and 27 July,
simulations predict that the aerosol nitrate concentrations
were rising during the day, when observations indicate that
they were close to zero. During these periods, RH was often
below 40% and temperatures were generally above 20�C
with thermodynamics favoring the existence of nitrate in the
gas-phase. In a subsequent section we will test the hypoth-
esis that the ambient aerosols during these periods existed as
an external mixture of solid ammonium sulfate particles and

Figure 1. Time series of predicted and observed aerosol
nitrate concentrations for July 2001. Missing data either in
any of the inputs for the simulation or in the aerosol nitrate
measurements are represented by gaps.
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wet, acidic particles. The model predictions for this month
had an absolute error of 0.41 mg/m3 (Table 1) when the PM
during periods with RH below 40% is modeled as an
external mixture.
[18] The observed average aerosol nitrate concentration

during January 2002 was around 2.1 mg/m3. As in July, the
aerosol nitrate exhibited a diurnal variation with a late night
or early morning peak and a minimum in the late afternoon.
Figure 2 shows the comparison between predicted and
observed aerosol nitrate concentrations for January 2002.
In general, there was enough ammonia to neutralize both
sulfate and nitrate. During a few periods, for example, 12,
15, 16, 20, and 22 January, the model predicts more aerosol
nitrate to be present than observed, though in many of these
cases measurement uncertainties may account for the dis-
crepancies. For the period 26 to 28 January, no aerosol
nitrate is predicted to form, though observations indicate
otherwise. The relative humidity was low during these days,
and frequently dropped below 40% during the daytime. The
concentrations of ammonia during these periods were such
that after neutralizing the sulfate, there was not enough free
ammonia remaining to react with the nitric acid vapor to
form solid ammonium nitrate particles. Therefore, all of the
total nitrate was predicted to remain in the gas phase as
nitric acid vapor. Uncertainties and sensitivities of these
predictions to measurement error will be discussed in a
subsequent section. On average, the model predictions for
this month had an absolute error of 0.64 mg/m3 (Table 1).

4.1. Experimental Uncertainty

[19] Both the predictions and the observations are affected
by experimental error. For the predictions, measurement
errors in the input variables (TS, TN, TA, T, and RH) affect
directly the predicted nitrate. To show how each of these
measurement uncertainties can combine to contribute to
uncertainties in predictions, a Monte Carlo simulation was
performed for two days in July and four days in January. A
Latin Hypercube Sampling routine [McKay, 1988] was used
considering measurement uncertainties in four of the five
input variables (RH, TA, TN, and TS). Normal distributions
were chosen for the input distribution of these variables, as
uncertainties arising from measurement errors are generally
considered to be independent and normally distributed
[Ripley and Thompson, 1987] with a mean of zero. A
coefficient of variation of 0.15 was assumed for the mea-
sured concentrations of TS, TA, and TN, in accordance with
our assessment of measurement errors. In addition, a stan-
dard deviation of 5% was assumed for RH. To avoid
generating artificial correlations among the different input
variables and to allow the statistics (e.g., mean and vari-
ance) of the output distribution to converge, a sampling size
of 200 was selected. Figure 3 shows the predictions with
error bars corresponding to the 5th and 95th percentiles of

the simulations’ output cumulative distribution function.
Combined uncertainties in model inputs can result in
uncertain aerosol nitrate concentrations. Furthermore, a
standard deviation of 0.5 mg/m3 was assumed for uncertainty
in aerosol nitrate measurements from the R&P 8400N
instrument as reported by Solomon et al. [2001], and 200
random samples for aerosol nitrate concentrations were
generated for each period. The shaded band in Figure 3
illustrates the range between the 5th and 95th percentiles of
the output cumulative distribution function, though concen-
trations below zero are not shown. In most cases the
predictions are within the uncertainties introduced by mea-
surement errors.

4.2. Sensitivity to Assumed Physical State (Solid or
Liquid) of Aerosol

[20] In three-dimensional chemical transport models sim-
ulating atmospheric aerosol thermodynamics it is often
assumed that the aerosol growth follows the deliquescence
branch of the hysteresis curve [Nenes et al., 1999]. The
error introduced by this assumption can be evaluated by
comparing the base-case results (the physical state is an
input based on the complementary measurements) to the
deliquescence branch predictions.
[21] In the base-case January simulations we assumed

that the particles were solid below 60% and aqueous
solutions in all other cases, as was observed experimentally
(Khlystov et al., submitted manuscript, 2004). The ammo-
nium nitrate deliquescence relative humidity is approxi-

Table 1. Model Performance Against PM2.5 Measurements at the PAQS for July 2001 and January 2002

Month Scenario Observed, mg/m3 Predicted, mg/m3 Mean Bias, mg/m3 Mean Error, mg/m3

July 2001 base case 0.56 ± 0.73 0.70 ± 0.89 0.13 ± 0.67 0.46 ± 0.50
deliquescence 0.32 ± 0.84 �0.25 ± 0.59 0.42 ± 0.49
external mixture 0.64 ± 0.89 0.07 ± 0.61 0.41 ± 0.46

January 2002 base case 2.09 ± 1.65 2.15 ± 1.89 0.06 ± 0.88 0.64 ± 0.60
deliquescence 2.06 ± 1.90 �0.03 ± 0.93 0.67 ± 0.64

Figure 2. Time series of predicted and observed aerosol
nitrate concentrations for January 2002. Missing data either
in any of the inputs for the simulation or in the aerosol
nitrate measurements are represented by gaps.
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mately 60%, so this choice corresponds approximately to
the deliquescence branch of the growth curve of an aerosol
containing ammonium nitrate. If deliquescence behavior
was assumed for January 2002 with GFEMN calculating
the deliquescence RH for each case, particles were predicted
to be practically always solid below 66% RH (142 cases),
while particles were predicted to be always liquid above
80% RH (79 cases). Out of the 103 remaining cases, the
model predicted 57% to be solid, 18% liquid, and 25% a
mixture of both. In these instances when the physical state
of the particle predicted by deliquescence was different
from the base case, the relative difference in mean aerosol
nitrate predictions was around 20%. These differences did

not have much impact on the overall agreement of predic-
tions and observations of nitrate partitioning, however.
Figure 4 shows the model error, defined as the difference
between the predicted and observed concentrations of
aerosol nitrate, for the 120 cases when the observed and
predicted particle states differed: the overall error between
the base case and the deliquescence case simulations is not
considerably different (Table 1). This indicates that the
model’s performance using the deliquescence branch of
the growth curve is satisfactory during the winter.
[22] For the base case for July 2001, we assumed that

particles were liquid at all relative humidities. If deliques-
cence behavior was assumed for this month, however,

Figure 3. Results from Monte Carlo simulations performed for selected periods in July 2001 and
January 2002. Error bars extend to the 5th and 95th percentiles of the cumulative distribution function
associated with each prediction. The shaded area bounds the interval between the 5th and 95th percentiles
of the observed aerosol nitrate cumulative distribution functions, although concentrations below zero are
not shown.

Figure 4. Error distribution assuming different states of particles in July 2001 and January 2002. Errors
are calculated as predicted minus observed values of aerosol nitrate. Points included are only those for
which the predicted solid or liquid state was different from the one determined based on in situ aerosol
water measurements (base case).
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particles were always predicted to be liquid above 80% RH
(127 cases), but below this RH, 15% were predicted to be
liquid, 72% solid, and 13% a mixture of both (415 cases
altogether). In the instances when the physical state of the
particle differed between the deliquescence and base case,
the relative mean difference in nitrate predictions was
almost a factor of two (Table 1). This is consistent with
the results of Ansari and Pandis [2000] who suggested that
the physical state of the particles affects significantly the
aerosol nitrate concentration at low nitrate concentration
levels. Figure 4 shows a comparison of the model error for
the 353 points when the aerosol is predicted to be solid or a
mixture of solid or liquid instead of a pure liquid. The
deliquescence case shows a large number of observations
have errors close to zero mg/m3 with an overall mean of
�0.32 mg/m3, but a consistent underprediction is observed.
This underprediction can be explained by the fact that no
nitrate was predicted to be in the aerosol phase in 314 out of
the 353 simulations for the deliquescence case, while the
same was true for only one instance during the same period
when particles were simulated as pure liquid. The spread in
the error is greater for the base case, but the distribution of
these errors is centered about a mean of 0.25 mg/m3.
[23] The assumed physical state affected the relative

difference in predictions of aerosol nitrate concentrations
during July more so than during January because the nitrate
concentrations were generally lower during the summer.
Prior knowledge of the physical state of the aerosol was a
lot more important for the summer months than in the
winter (Table 1).

4.3. Sensitivity to Mixing State (Internal Versus
External) During Periods of Acid PM

[24] We examine here the possibility that the discrepan-
cies during the low RH acidity periods in July were due to
the existence of an external mixture of acid and neutral
particles. The crystallization RH for ammonium sulfate is

40% and the crystallization RH for ammonium bisulfate is
much lower. As a result the aerosol could consist of solid
neutral particles (ammonium sulfate) and liquid acidic
particles (ammonium bisulfate) when the RH dropped
below 40%. We first examine the impact of this assumption
on the nitrate partitioning on the afternoons of 9 and 21
July, when the disagreement between predicted and ob-
served aerosol nitrate is particularly pronounced in the base
case. Figure 5 shows that if the particles are modeled as an
internally mixed population, the aerosol nitrate concentra-
tion is predicted to be 1–2 mg/m3 while observations
indicate that it is close to zero in the afternoon. However,
assuming that the particles are externally mixed and using
the algorithm described in the previous section, the pre-
dicted aerosol nitrate concentration drops to practically zero,
as observed, when the measured RH drops below 40%
between noon and 7 pm on these two days. Because the RH
threshold below which we simulate the particles as an
external mixture is set at 40%, the selection of these periods
is very sensitive to measurement errors in RH. Figure 6
shows that if a similar approach is used for the other periods
in July in which the measured RH fell below 40%, the
performance of the model improves significantly during
these times. The premise of hypothesizing the existence of
this specific external mixture during these low RH periods
is that in the base case, the aerosol nitrate concentrations are
overestimated because the particles are liquid and suffi-
ciently neutralized to accommodate a fraction of the total
nitrate present in the system. If we assume that one type of
particle is neutral but devoid of water and the other is wet
but significantly more acidic, the partial pressure product of
ammonia and nitric acid vapor required to form ammonium
nitrate becomes significantly higher than in the base case
and hence results in lower aerosol nitrate concentrations, as
we observe. While it is possible that the particles do not
exist in one extreme condition or the other but a mix of the
two, comparisons with observations suggest that particles

Figure 5. Simulations for 9 and 21 July assuming that particles are (1) internally mixed liquid aerosols,
and (2) an external mixture of crystallized ammonium sulfate and wet acidic aerosols when the relative
humidity is below 40%.
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may be closer to the externally mixed state. This simple
algorithm is not suitable for running simulations at higher
RHs, however, when both neutral and acidic particles are
assumed to be liquid. In these cases, the nitric acid and
ammonia can be incorporated into both particle types and
the algorithm cannot predict the gas-phase vapor pressures
that will satisfy equilibrium conditions with the two particle
types simultaneously.
[25] Particles can exist in an externally mixed state if their

sources and histories are different. For instance, neutralized
particles could be transported into the Ohio River Valley
and western Pennsylvania from the ammonia-rich midwest-
ern United States while acidic particles are generated
locally. The different types of particles could be mixed
together as the nighttime boundary layer vanishes in the
morning, or some particles could be formed as a result of
cloud processing, while others could be generated through
condensation and nucleation. Suitable thermodynamic
models and further experimental evidence may reveal more
information on the existence of different mixing states.

4.4. Other Sources of Error

[26] Though predictions of nitrate partitioning capture
diurnal trends reasonably well, errors in some periods can
be high (Table 1) and explanations other than measurement
error are needed. As noted previously, many assumptions
are invoked when using thermodynamic models. The equi-
librium assumption may not be valid if some particles are in
the upper size range of PM2.5. However, data collected at
the PAQS suggest that the geometric mean diameters of
PM2.5 during the summer were 0.33 mm for ammonium,
0.36 mm for sulfate, and 0.66 mm for nitrate; and during the
winter the geometric mean diameters were 0.30 mm for
ammonium, 0.31 mm for sulfate, and 0.34 mm for nitrate
[Cabada et al., 2004]. As crustal elements are found in low
levels in Pittsburgh, salts of nitrate and crustal elements are
not expected to be significant. Also, since measurements at

reasonably short timescales were used, it is difficult to
explain the observed differences by the averaging of differ-
ent air masses.
[27] Two additional sources of error remain unaccounted

for. Though previous studies have shown that on average,
the expected influence of organics on partitioning of semi-
volatile inorganics is low [Koo et al., 2003], their impacts
on individual cases are still unknown. In addition, the bulk
equilibrium approach used in this study can introduce
errors, as nitrate does not partition equally into different
particles, and modeling them in bulk can introduce errors.

4.5. Sensitivity Analysis

[28] A perturbation analysis was performed to examine
the sensitivity of our model to changes in input variables.
Such an analysis can strengthen our understanding of the
system’s chemistry and further elucidate the potential influ-
ence of measurement errors. It can also provide a notion of
the sensitivity of atmospheric processes to changes in
meteorology and chemistry and thus guide our efforts to
make preliminary estimates of PM response to changes in
concentrations of precursor species. This section will focus
primarily on the first objective, but implications for PM
control strategies will also be discussed.
[29] The response of the predicted aerosol nitrate con-

centrations to changes in input parameters depends greatly
on the point in the domain space that is examined. Ansari
and Pandis [1998] proposed a parameter, the gas ratio (GR),
that combines three input variables (TA, TS, and TN) to
describe different regions of the domain in terms of the
amount of free ammonia relative to the amount of total
nitrate:

GR ¼ TA½ � � 2 TS½ �
TN½ � :

[30] Table 2 summarizes the characteristics of the differ-
ent regions of ammonia availability parameterized by GR.
Dimensionless sensitivity coefficients can be defined by

Sx ¼
x

NO3

DNO3

Dx
;

where NO3 is the aerosol nitrate concentration and x is an
input variable. The sensitivity coefficient can be used to
assess the potential impacts of uncertainty in each input
variable on the predicted aerosol concentration: Sx is a
measure of the relative change in the predicted aerosol
nitrate concentration normalized by the relative change in
the input variable x when all other input variables are held
fixed. Because coarse nitrate is not included in our
calculations, we implicitly assume that the small amount
of nitrate associated with particles larger than 2.5 mm in the

Figure 6. Errors between predictions and observations for
periods with RH < 40% assuming different states of
particles in July 2001. Errors are calculated as predicted
minus observed values of aerosol nitrate.

Table 2. Characterization of GR Regions

Region Label Value of GR Description

Low GR <0 there is insufficient ammonia to neutralize
all of the sulfate to (NH4)2SO

Moderate GR �0 and <1 there is enough ammonia to neutralize
all sulfate but not nitrate

High GR �1 there is a sufficient quantity of ammonia
to neutralize all sulfate and nitrate
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area [Cabada et al., 2004] will not change during these
perturbations. Figures 7 and 8show values of Sx when the
temperature is perturbed by �3�C, RH is perturbed by �5%
(absolute), and TA, TN, and TS are perturbed by �15%
(relative) for the months of July 2001 and January 2002,

respectively. The response of nitrate is approximately linear
over a ±15% range of input concentrations. Overall, the
variability in Sx is much larger during the summer, when
TA, TN, and TS concentrations spanned a wider range than
during the winter.

Figure 7. Sensitivity coefficients (Sx) of aerosol nitrate in July 2001 in response to model inputs of
temperature (�3�C), RH (�5% absolute), and TA, TN, and TS (�15% relative). Separate plots are shown
for different regimes of the gas ratio (GR). Shaded boxes cover the interquartile range of Sx, while
whiskers extend to the 5th and 95th percentiles of Sx. The black line in the box corresponds to the
median.

Figure 8. Sensitivity coefficients (Sx) of aerosol nitrate in January 2002 in response to model inputs of
temperature (�3�C), RH (�5% absolute), and TA, TN, and TS (�15% relative). Separate plots are shown
for different regimes of the gas ratio (GR). Shaded boxes cover the interquartile range of Sx, while
whiskers extend to the 5th and 95th percentiles of Sx. The black line in the box corresponds to the
median.
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[31] During the summer, the sensitivity of nitrate to
temperature is relatively small but distinctly negative
(median Sx = �1.01), because decreasing the temperature
lowers the dissociation constant of ammonium nitrate and
allows more nitric acid to exist in the aerosol phase. During
the winter, nitrate is not as sensitive to this parameter
(median Sx = �0.03), as most of the nitrate is found in
the aerosol phase. The change in nitrate concentrations with
respect to RH is on average close to zero (median Sx =
�0.26 in July and 0.20 in January), but can be significant
during certain periods in July 2001 when most particles are
liquid, as illustrated by the large variability of Sx for RH
(Figure 7). At or near crystallization points, the change in
nitrate with respect to RH can be even more significant.
Since crystallization is a function of RH, changes in RH by
a few percent can change the picture of nitrate partitioning
considerably when the predicted aerosol makes a transition
from the aqueous to the solid state.
[32] The nitrate response to sulfate can be very large for

GRs less than 0 (median Sx = �9.77 in July and �4.30 in
January), as shown in Figures 7 and 8, because removing
sulfate from the system can free up ammonia to react with
nitric acid, and adding sulfate can remove ammonia gas and
prevent nitrate aerosols from being created. At higher GRs,
adding sulfate can actually increase nitrate because sulfates
are hygroscopic and increase the water content of aerosols,
thus allowing more nitric acid to be pulled into the aerosol
phase. Since concentrations of sulfate are generally higher
than those of other species, small changes relative to the
nominal sulfate can elicit a large response in nitrate, and is
reflected in the large values of Sx for this parameter. Sx for
TA can be quite large in the case of low and moderate GRs
(GR < 0, median Sx = 5.34 in July and 3.44 in January; 0 �
GR < 1, median Sx = 1.05 in July and 1.52 in January), as
the formation of nitrate aerosols is sensitive to the avail-
ability of ammonia and perturbation in TA directly changes
this quantity. This ammonia-responsive condition is
observed 61% of the time in July 2001 and 45% during
January 2002. The magnitude of Sx in response to TA can
depend quite largely on the sulfate levels if the particles are
liquid, as the equilibrium constant of ammonium nitrate is
dependent on the ionic strength of the solution, which in
turn is influenced by sulfate concentrations [Ansari and
Pandis, 1998]. As a result, predictions of aerosol nitrate are
generally sensitive to measured concentrations of ammonia
as well as sulfate, more so during the summer than in the
winter. Since aerosol nitrate formation is dependent on the
amount of TN in the system, measurement errors in TN can
also influence aerosol nitrate predictions. When there is an
excess of ammonia, as reflected by higher GRs, much of the
nitrate can be found in the aerosol phase. When this occurs,
e.g., at night or during the winter, the predicted aerosol
nitrate concentrations are more directly influenced by the
measured TN. However, the actual sensitivity is also subject
to ambient temperatures and relative humidities.
[33] This sensitivity analysis provides insight as to how

measurement errors in input variables can affect predictions
in nitrate partitioning according to the domain space, but it
also suggests implications for PM2.5 control strategies. For
instance, sulfate reduction is an obvious choice for reducing
PM mass since reducing sulfate reduces a large component
of PM2.5, but this strategy can significantly increase aerosol

nitrate concentrations when the formation of nitrate particles
is limited by ammonia availability. Our sensitivity analysis
shows that aerosol nitrate concentrations are responsive to
reductions in ammonia concentrations under such ammonia-
limited conditions, which were often observed during July
2001. In these cases, reductions in ammonia may be an
additionally effective measure in reducing PM mass.

5. Conclusions

[34] Nitrate partitioning during the Pittsburgh Air Quality
Study was simulated using a chemical equilibrium model,
GFEMN, for July 2001 and January 2002. The mean
observed aerosol nitrate concentrations for July was
0.56 mg/m3, while the model predicted 0.64 mg/m3, and
for January the observed value was 2.09 mg/m3 while the
mean predicted value was 2.15 mg/m3. GFEMN appears to
reproduce observed aerosol nitrate concentrations reasonably
well, and errors in predictions are about 0.5 mg/m3 on
average. Monte Carlo simulations indicate that in many
cases experimental uncertainties can explain the discrepancy
between model predictions and observations.
[35] For moderate relative humidities (60–80%) in Janu-

ary, the agreement between predicted and observed nitrate
aerosol concentrations was approximately the same whether
the particles were assumed to be in a stable or metastable
state. Furthermore, during July, the difference in overall
model error between efflorescence branch predictions and
deliquescence branch predictions was relatively small.
[36] During periods in July when the relative humidity

was low, our modeling results suggest that particles existed
not as internally mixed liquids but as an external mixture of
crystallized ammonium sulfate and wet, acidic particles. A
sensitivity analysis showed that different variables can have
varying degrees of influence on the predicted aerosol
nitrate, depending on the initial point in the domain space.
When temperatures are low and most of the nitrate is in the
aerosol phase, as seen in January 2002, errors in tempera-
ture measurements do not contribute to model errors as
strongly as when the temperatures are higher and nitric acid
gas is prevalent. When particles are assumed to be liquid as
in July 2001, or when the relative humidity is close to a
transition point between solid and liquid aerosol, measure-
ment errors in relative humidity can contribute significantly
to model errors for nitrate predictions. Under ammonia-
limited conditions when aerosol nitrate formation is a strong
function of ammonia availability, the predicted amount of
nitrate partitioned into the aerosol phase can be sensitive to
measurement errors in both sulfate and ammonia concen-
trations. This sensitivity has an additional implication that
while reducing sulfate is a promising strategy for reducing
PM2.5 mass, reducing ammonia could also provide addi-
tional benefits by inhibiting aerosol nitrate formation for
regions where ammonia-limited conditions are frequently
observed.

[37] Acknowledgments. This research was conducted as part of the
Pittsburgh Air Quality Study, which was supported by U.S. Environmental
Protection Agency under contract R82806101 and the U.S. Department of
Energy National Energy Technology Laboratory under contract DE-FC26-
01NT41017. This paper has not been subject to EPA’s peer and policy
review, and therefore does not necessarily reflect the views of the Agency.
No official endorsement should be inferred. This work benefited from the
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Thermal-optical analysis is a conventional method for classify-
ing carbonaceous aerosols as organic carbon (OC) and elemental
carbon (EC). This article examines the effects of three different
temperature protocols on the measured EC. For analyses of paral-
lel punches from the same ambient sample, the protocol with the
highest peak helium-mode temperature (870◦C) gives the smallest
amount of EC, while the protocol with the lowest peak helium-mode
temperature (550◦C) gives the largest amount of EC. These differ-
ences are observed when either sample transmission or reflectance
is used to define the OC/EC split. An important issue is the effect
of the peak helium-mode temperature on the relative rate at which
different types of carbon with different optical properties evolve
from the filter. Analyses of solvent-extracted samples are used to
demonstrate that high temperatures (870◦C) lead to premature EC
evolution in the helium-mode. For samples collected in Pittsburgh,
this causes the measured EC to be biased low because the atten-
uation coefficient of pyrolyzed carbon is consistently higher than
that of EC. While this problem can be avoided by lowering the peak
helium-mode temperature, analyses of wood smoke dominated am-
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bient samples and levoglucosan-spiked filters indicate that too low
helium-mode peak temperatures (550◦C) allow non-light absorbing
carbon to slip into the oxidizing mode of the analysis. If this carbon
evolves after the OC/EC split, it biases the EC measurements high.
Given the complexity of ambient aerosols, there is unlikely to be a
single peak helium-mode temperature at which both of these biases
can be avoided.

INTRODUCTION
The carbonaceous component of fine particulate matter is

commonly classified as organic carbon (OC) and elemental car-
bon (EC). A variety of thermal or thermal-optical measurement
techniques have been developed to measure particulate OC and
EC (Malissa, Puxbaum, and Pell 1976; Huntzicker et al. 1982;
Chow et al. 1993; Kerminen et al. 1997). While these methods
generally measure the same amount of total carbon, the OC/EC
split is operationally defined with significant differences in the
amount of OC and EC measured by different methods (Chow
et al. 2001; Schmid et al. 2001; Fung, Chow, and Watson 2002).

This article largely focuses on the thermal-optical trans-
mission (TOT) technique first developed by Huntzicker et al.
(1982), with subsequent developments reported by Birch and
Cary (1996). This technique is widely used in the atmospheric
science community, including the EPA’s Speciation Trends Net-
work (STN). Briefly, a filter sample is exposed to a prescribed
temperature protocol first in an inert (helium, He) environment
and then in an oxidizing (helium and oxygen mixture, He/Ox)
atmosphere. Ideally, OC volatilizes in the He-mode of the anal-
ysis, while EC combusts in the oxidizing atmosphere at high
temperatures. A major complication is that a fraction of the OC
chars or pyrolyzes in the inert mode of the analysis. The residual
carbon remaining on the filter after heating in the inert mode is
called pyrolyzed organic carbon (PC), and can absorb light and
requires an oxidizing atmosphere to evolve off the filter, similar
to EC. Not all thermally altered OC absorbs light; however, in
this article the term PC is used to refer only to light-absorbing py-
rolyzed carbon. The term “non-light absorbing carbon” is used
to refer to unaltered OC and thermally altered OC that does not
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absorb light. Not accounting for PC formation can significantly
bias the OC/EC split. To account for pyrolysis, the transmission
of a laser light through the sample is monitored and used to split
the total carbon into OC and EC. A variant on this approach is the
thermal-optical reflectance (TOR) method which uses reflected
laser light to determine the OC/EC split.

Previous studies have demonstrated that changing the tem-
perature protocol can alter the EC measured by thermal-optical
analysis (Chow et al. 2001; Yang and Yu 2002; Conny et al. 2003;
Schauer et al. 2003; Chow et al. 2004). Lowering the tempera-
tures of the steps in the He-mode can increase the measured EC;
this increase has been attributed to OC not completely evolv-
ing or not pyrolyzing into light-absorbing carbon (Conny et al.
2003; Schauer et al. 2003). While previous research has demon-
strated that certain types of OC such as wood smoke do not
completely evolve or pyrolyze at low inert-mode temperatures
(Novakov and Corrigan 1995), the effect of this on the thermal-
optical EC is not well understood. Too high of a peak inert-mode
temperature is also thought to bias the OC/EC split due to pre-
mature EC evolution (Chow et al. 2001). At high temperatures
mineral oxides can promote combustion of EC in an inert en-
vironment (Fung 1990); however, it has not been demonstrated
that the light-absorbing carbon evolving at high temperatures
in the He-mode is EC, and why this should alter the measured
EC is unclear. An additional challenge is that the effects of tem-
perature protocol on the measured EC can vary from sample to
sample, presumably due to differences in sample composition
(Schauer et al. 2003).

While a number of hypotheses have been put forward to ex-
plain the observed changes in thermal-optical EC measured with
different temperature protocols, the underlying causes of the
changes are not well understood. Yang and Yu (2002) indicate
that changes in measured EC with temperature protocol are re-
lated to the attenuation coefficients of PC and EC. Chow et al.
(2004) proposes that the effects of changing temperature pro-
tocol on the measured EC may be mitigated by using TOR as
opposed to TOT to define the OC/EC split. A critical factor in
explaining the variability in the measurements is the highest
temperature step in the He-mode (Conny et al. 2003).

This article examines the effect of the peak He-mode tem-
perature (step 4 of the Helium mode, He4) on the OC/EC split
defined by thermal-optical analysis. Both ambient and source-
dominated samples were analyzed using three different tem-
perature protocols: two versions of the NIOSH 5040 protocol
(NIOSH 1999) and a version of the IMPROVE protocol (Chow
et al. 1993). The NIOSH protocols have peak He-mode temper-
atures of 870 and 700◦C while the IMPROVE-type protocol has
a peak He-mode temperature of 550◦C. A combination of sol-
vent extraction to minimize pyrolysis, analysis of filters doped
with model OC mixtures, and quantitative analysis of optical
data is used to evaluate the fundamental assumptions behind
thermal-optical OC/EC analysis and to investigate the causes
of differences in the EC measured using different temperature
protocols. While most of the research uses sample transmission

(TOT) to define the OC/EC split, we also report results from a
number of analyses based on sample reflectance (TOR).

METHODS

Sample Collection and Analysis
Ambient PM2.5 samples were collected at an urban park near

the Carnegie Mellon University campus in Pittsburgh, PA as
part of the Pittsburgh Air Quality Study (PAQS) (Wittig et al.
2004). Mobile source dominated samples were collected using
the same samplers in the ventilation duct of the Squirrel Hill
tunnel on Interstate-376 in Pittsburgh (Grieshop et al. 2006).
Details of the design and operation of the two organic samplers
are provided in Subramanian et al. (2004). Briefly, one sampler
used a quartz fiber filter (Gelman Tissuquartz 2500 QAO-UP)
downstream of a sharp cut PM2.5 cyclone. The second sampler
had a quartz filter downstream of an activated carbon monolith
denuder (MastCarbon Ltd, UK) and a sharp-cut PM2.5 cyclone.
The majority of the samples were collected for 24 hours, with a
limited number of shorter and longer duration samples. All the
quartz filters were baked at 550◦C in air for at least four hours
prior to use. The data presented here are not blank-corrected
since we compare paired punches from the same samples, and
blank correction does not affect the results significantly.

The samples were analyzed using a Sunset Laboratory Ther-
mal/Optical Carbonaceous Aerosol Analyzer. The carbon an-
alyzer was routinely checked for leaks and operated using
Ultra-High Purity (Grade 6.0) Helium gas with two oxygen traps
installed on the inlet line to avoid problems with oxygen contam-
ination. The instrument is calibrated prior to use with a combi-
nation of sucrose standards and manual methane injections. The
OC/EC split is defined by the sample transmission measured at
680 nm. Any carbon evolving after the laser signal reaches 97%
of the initial, pre-pyrolysis value is classified as EC. A value of
97% was used to be consistent with the default value in the Sunset
Laboratories data analysis program. The calculation procedures
for defining the OC/EC split used the algorithm as described by
Sunset Labs (David Smith, personal communication, 2002).

Table 1 lists the three temperature profiles. Two are based
on the NIOSH 5040 protocol (NIOSH 1999); they are identi-
cal except that one has a peak He-mode temperature (He4) of
870◦C and the second a peak He-mode temperature of 700◦C
(typical thermograms from these two protocols are shown in Fig-
ure 1). The third protocol is an implementation of the IMPROVE
protocol, with a peak He-mode temperature of 550◦C (Chow
et al. 1993). We refer to these protocols as the He4-870, He4-
700, and He4-550. 700◦C is an intermediate temperature be-
tween the NIOSH and IMPROVE protocols. This value was
chosen to be more consistent with the original Huntzicker pro-
tocol (Huntzicker et al. 1982; Turpin 1989); it is higher (700◦C
versus 650◦C) to account for the differences in thermocouple lo-
cations in the two analyzers (B.J. Turpin, personal communica-
tion). These protocols are based on the temperature measured by
a thermocouple located immediately downstream of the sample
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TABLE 1
Temperature protocols used to analyze the samples in this article

Based on NIOSH 5040a He4-550b

Step Duration (s) He4-870 T (◦C) He4-700 T (◦C) Duration (s) T (◦C)

He1 120 340 340 120 120
He2 120 500 500 120 250
He3 120 615 615 120 450
He4 180 870 700 120 550
(Helium) 45 (cool down) (cool down) N/A N/A
HeOx1 45 575 575 300 550
HeOx2 45 650 650 240 700
HeOx3 45 725 725 240 800
HeOx4 45 800 800 180 910
HeOx5 100 910 910 N/A N/A
Internal standard 110 — — 110 —

aNIOSH (1999).
bBased on IMPROVE protocol (Chow et al. 1993). N/A = not applicable. The IMPROVE protocol does not have a

cool-down step or a HeOx5 step.

(the standard design of the Sunset OC/EC analyzer), which may
not be exactly equal to the sample temperature. For a limited
number of samples, we also lengthened the He/Ox temperature
steps (without changing the temperatures listed in Table 1) to
investigate the influence of duration of the different temperature
steps on the OC/EC split.

We adapted the solvent treatment method of Fung (1990)
to extract a portion of the organic carbon before analysis to
minimize pyrolysis and thus reduce the PC interference in the
optically-defined OC/EC split. Selected filter punches were im-
mersed in a methylene chloride: acetone: hexane mixture (2:4:4
by volume) for an hour (the solvent mixture is replaced after
30 minutes), with periodic gentle stirring. The punches are then
rinsed with methylene chloride and dried in an oven at 50◦C
for 30 minutes before OC/EC analysis. The average OC on four
pre-baked blanks solvent-treated in this manner was 0.08 µg-
C/cm2; all four values were below the instrument detection limit
for OC (0.2 µg-C/cm2).

Calculation of the Attenuation Coefficient
of Evolved Carbon

The changes in the laser transmission during OC/EC analysis
depend on the mass and the attenuation coefficient of the carbon
evolving from the filter. The attenuation coefficient (k) of the
carbon that evolves from different segments of the analysis (e.g.,
the net attenuation coefficient of the He/Ox carbon) is calculated
using the Lambert-Beer law:

k = − ln(Io/I )

C
[1]

where Io and I are the initial and final laser transmission through
the sample and filter for the portion of the analysis of interest

and C is the mass of carbon per unit filter area that is lost from
(or combusts off) the filter during the analysis segment; thus,
Io is the laser transmission through the loaded filter, not the
blank. Note that this is the reverse of the more-conventional
Aethalometer approach (e.g., Gundel et al. 1984).

When analyzing the optical data, one must be careful to ac-
count for potential effects of filter loading. This dependence is
illustrated in Figure 2, which shows the net laser attenuation
of the He/Ox carbon for samples collected in a highway tunnel
as a function of filter loading. For low filter loadings (less than
15 µg-C/cm2), the net laser attenuation increases more or less
linearly with loading and Equation (1) yields consistent values
for the net specific attenuation coefficient of the He/Ox carbon
(∼ 20 m2/g-C). However, at higher filter loadings, the carbon on
heavily loaded filters appears lighter than the carbon on more
lightly loaded filters. This effect is referred to as a “shadowing”
or “light-pipe” effect (Gundel et al. 1984; Weingartner et al.
2003). The He/Ox carbon loadings of the filters considered in
this article are less than 15 µg-C/cm2 to minimize the “shadow-
ing” or “light-pipe” effect.

Instrument Precision
The precision of the OC/EC analyzer was evaluated by ana-

lyzing multiple punches from three 102-mm filter PM2.5 samples
collected with a medium-volume sampler and parallel punches
from four 47-mm samples using the same protocol. The absolute
EC (EC in µg-C/cm2) measured with the same protocol on our
Sunset instrument showed a precision within 7% (the maximum
relative standard deviation (RSD) observed within each of the
three analysis protocols with untreated ambient samples); simi-
larly, the TC precision is 3% across all protocols. The maximum
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FIG. 1. Thermograms from the analysis of a typical ambient sample with the (a) He4-870 and (b) He4-700 protocols. The thermograms are for parallel punches
of the same filter. Dashed line indicates laser attenuation. There is clear loss of light-absorbing carbon in the He-mode of the He4-870 protocol but not in the
He-mode of the He4-700 protocol.

RSD in the EC/TC ratios within each protocol was 6%. This
performance is consistent with the Sunset Laboratory reported
measurement precision of ±5% for the same instrument, with
a minimum uncertainty of 0.2 µg-C/cm2 (Cary 2003). Schauer
et al. (2003) report the precision as 4–13% for OC and between
6–21% for EC between different instruments running the same
temperature-time protocol on parallel punches.

RESULTS
We first consider results from samples analyzed using the

He4-870 protocol. As part of the Supersite study, EPA requested
that the He4-870 protocol be used as part of the carbon analysis;

therefore, essentially all of the PAQS samples were analyzed
with this protocol. We then compare the results from analyses
using the He4-870 and He4-700 protocols and critically evaluate
the fundamental assumptions underlying TOT analysis in order
to explain the differences between the measurements. Finally, we
consider the effects of even lower peak He-mode temperatures
by comparing results from the He4-700 and He4-550 protocols.
Only limited subsets of the PAQS samples were analyzed with
the He4-550 and He4-700 protocols for comparison purposes.

A typical thermogram from the analysis of a filter punch us-
ing the He4-870 protocol is shown in Figure 1(a). The formation
of light-absorbing pyrolyzed carbon (PC) causes the transmis-
sion of laser light through the sample (and filter) to decrease
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FIG. 2. Net change in laser attenuation over the He/Ox mode of samples col-
lected in a highway tunnel, as a function of filter loading. Lightly loaded filters
yield a consistent estimate of the specific attenuation coefficient, 20 m2/g-C,
indicated by the solid line. At high filter loadings the specific attenuation coeffi-
cient appears to decrease, as indicated by the dashed line, due to the “shadowing”
or “light-pipe” effect.

through much of the He-mode of the analysis. The transmission
reaches a minimum value partway through the 870◦C tempera-
ture step of the He-mode and then begins increasing, indicating
premature evolution of light-absorbing carbon. Over 66% of
the almost 500 PAQS samples (both denuded and undenuded)
analyzed with the He4-870 protocol exhibited similar loss of
light-absorbing carbon in the He4 step. Although there is loss
of light-absorbing carbon in the He-mode, the OC/EC split oc-
curred in the He/Ox mode for more than 99% of these samples.
The loss of light-absorbing carbon in the inert mode of the anal-
ysis is not unique to Pittsburgh samples (e.g., Chow et al. 2001;
Peterson and Richards 2002).

In the event of loss of light-absorbing carbon in the He-mode
of the analysis, a standard recommendation is to reduce the peak
temperature of this mode (NIOSH 1999). Recently, Conny et al.
(2003) proposed shortening the duration of the He4 step to avoid
the loss of light-absorbing carbon in the He-mode. This is an in-
teresting approach that links the temperature and duration of the
He4 step, essentially by switching to the He/Ox mode when the
laser reaches its minimum transmission. A complication is that
this time will vary with sample loading, sample composition, and
He4 temperature, which makes it difficult to use this approach
given the large number of samples considered in this study.

Figure 1(b) shows a thermogram from the He4-700 analysis
of a second punch from the same filter shown in Figure 1(a).
The laser signal reaches its minimum value in the He4 step
(700◦C) and does not increase until the He/Ox-mode suggest-
ing no loss of light-absorbing carbon in the He-mode. How-
ever, a flat laser signal in the He4 step does not guarantee
that light-absorbing carbon is not lost in the He-mode because
the loss of light-absorbing carbon could be offset by continued
pyrolysis.

FIG. 3. Scatter plot of the EC (as a fraction of TC) measured by the He4-870
and He4-700 temperature protocols for parallel punches taken from 43 different
ambient samples including 24-hour denuded samples and undenuded samples
with sampling durations of 8, 24, 48, or 96 hours. The He4-700 protocol gives
25 ± 13% (average ± standard deviation) higher EC/TC ratios than the He4-
870 protocol. The maximum EC loading for these samples is 8.4 µg-C/cm2

(measured by the He4-700 protocol).

Figure 3 compares the TOT-EC measured on parallel punches
of 43 different filters analyzed using the He4-700 and He4-870
protocols, the comparison set including both denuded and un-
denuded samples as well as different sampling durations (8, 24,
48, and 96 hours). Comparisons are made in terms of the EC/TC
ratio to account for any minor variations in total carbon load-
ings of the parallel filter punches. During the analysis of all of
these samples the laser transmission increased in the He4 step
of the He4-870 protocol, indicating premature loss of light ab-
sorbing carbon. This rise in the sample transmission during the
He4 step is comparatively much smaller with the He4-700 pro-
tocol, as the laser reaches a minimum value in the He4 step and
remains close to this value till the end of the He-mode for most
samples.

The EC/TC ratio of the punches analyzed with the He4-700
protocol is 25±13% (average ± standard deviation) higher than
the EC/TC ratio measured on parallel punches from the same
filter using the He4-870 protocol. Both the average bias and
the variability in the bias are significantly larger than the 6%
instrument precision for EC/TC measurements made on parallel
punches from the same sample analyzed with the same protocol.
This indicates that the bias is statistically significant and that
there is some sample-to-sample variability in the bias, likely
associated with sample composition. The maximum bias is 58%,
while the EC/TC ratio measured with the He4-870 protocol is
greater than that measured with the He4-700 protocol for only
one sample (26% compared to 25%).

The difference between TOT-EC measured with the He4-
700 and He4-870 protocols is not due to inhomogeneous filter
loadings. For the 43 ambient samples included in the intercom-
parison, parallel punches from the same filter analyzed with the
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FIG. 4. Average (a) fraction of total carbon that evolves at each temperature
step and (b) specific attenuation coefficient of carbon evolving at each temper-
ature step in the He/Ox mode, for twelve undenuded 24-h samples analyzed
using both the He4-700 and He4-870 temperature protocols. The horizontal line
in (b) indicates an upper bound for kEC, the attenuation coefficient of elemental
carbon (25 m2/g-C), as discussed in the text. Error bars indicate one standard
error of the mean.

H4-870 and He4-700 protocols had TC loadings within 5% of
each other without any systematic differences. A 2-tailed paired-
sample t-test of the difference between the final and initial laser
transmission indicated that net laser attenuation (i.e., the optical
EC loading) was not significantly different between the paired
punches analyzed by the two protocols (p = 0.4680).

In addition to changing the TOT-EC, there are significant
differences in the carbon evolution and laser attenuation of
paired punches from the same sample that are analyzed with
the He4-870 and He4-700 protocols. Figures 4–6 present aver-
ages and scatter plots of carbon evolution pattern and specific
attenuation coefficients of samples used in the intercomparison.

Values are shown for different temperature steps of the analysis
protocol.

Although there is essentially no difference in the total car-
bon measured on parallel punches, changing the temperature
protocol systematically shifts when carbon evolves from the fil-
ter. Figures 4a and 5 indicate that increasing the peak He-mode
temperature shifts carbon from the He/Ox to the He-mode. For
example, almost twice as much carbon evolves in He4 step of
the He4-870 protocol compared to the He4-700 protocol. From
the perspective of the He4-700 protocol, more carbon evolves in
the lower temperature steps of the He/Ox-mode from the He4-
700 protocol compared to the He4-870 protocol. The OC/EC
split is almost always defined in one of the lower temperature
steps of the He/Ox mode, so these shifts in carbon evolution are
likely related to the change in the TOT-EC.

Significant differences also exist in the specific attenuation
coefficients of the carbon that evolves in the He/Ox mode of
samples analyzed with the two protocols. Figure 4b shows that,
on average, the He/Ox carbon that evolves during the He4-
870 protocol is significantly darker (i.e., has a higher spe-
cific attenuation coefficient) than the carbon coming off the
filter in the He/Ox mode of the He4-700 protocol. Figure 6
shows that these trends are consistent across the entire set of
samples except for the lower-temperature steps of the heavily
loaded multi-day (48-h and 96-h) undenuded samples where we
might be seeing the saturation effect illustrated in Figure 2. The
changes in sample attenuation may be related to the changes
in carbon evolution shown in Figures 4a and 5; for example,
if increasing the peak temperature of the He-mode preferen-
tially shifted carbon with a lower attenuation coefficient into
the He-mode.

Evaluation of Assumptions Underlying the Optical
Correction

The systematic bias in the TOT-EC measured with the He4-
870 and He4-700 protocols indicates that we must carefully
evaluate the fundamental assumptions underlying the optically
defined EC. In order for thermal-optical analysis to correctly
define the OC/EC split requires that either (1) PC and non-light-
absorbing carbon evolve completely before EC, or (2) the carbon
evolving after the OC/EC split has the same attenuation coeffi-
cient as EC (Yang and Yu 2002). If both assumptions are invalid
then the TOT method will misclassify the OC/EC split.

To evaluate these assumptions, carbon analyses were per-
formed on filter punches that had been solvent extracted. Fig-
ure 7 compares thermograms of extracted and untreated punches
taken from the same filter. Figure 7a shows results from a 24-h
denuded sample analyzed with the He4-870 protocol, and Fig-
ure 7b shows results from a 24-h undenuded sample collected
on the same day analyzed using the He4-700 protocol.

Figure 7 indicates that solvent extraction removes a large
fraction of the carbon from the sample, which, in turn, reduces
the formation of PC. Solvent extraction significantly reduces,
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FIG. 5. Scatter plot of carbon peaks (as a fraction of total carbon) for paired filter punches analyzed with both the He4-700 and He4-870 protocols. Lowering
the peak He-mode temperature from 870◦C to 700◦C shifts carbon from the He4 step to the lower-temperature steps of the He/Ox mode.

but does not eliminate, PC formation. For example, solvent ex-
traction reduces the dip in laser attenuation associated with PC
formation by 88% for the denuded sample shown in Figure 7a
and by 72% for the undenuded sample shown in Figure 7b com-
pared to the analyses of the untreated punches. Figure 7b also
shows that the sample transmission increases in the Helium-
mode as early as the He-3 step, which could be loss of PC

(as only 72% of the pyrolysis is eliminated), or even some
EC.

Loss of EC during solvent extraction is a concern. The
optical EC loading on the extracted and untreated punches,
as indicated by the net change in laser attenuation from the
beginning to the end of the analysis, was almost the same (the
ratio of net laser attenuation values being 97 ± 8% for 14
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FIG. 6. Scatter plot of the specific attenuation (m2/g-C) of each carbon peak for paired filter punches analyzed with both the He4-700 and He4-870 protocols.
The mixture of EC and PC co-evolving in the He/Ox mode of the He4-870 protocol is more light-absorbing than the carbon coming off the filter in the He/Ox
mode of the He4-700 protocol. The solid lines indicate the upper limit for kEC (25 m2/g-C); He4-870 samples to the left of and He4-700 samples below these lines
have attenuation coefficients less than this upper bound. Symbols represent the same samples as in Figure 5.

extracted/untreated sample pairs). This indicates that there is
minimal loss of EC during the solvent extraction procedure,
and differences in carbon loading between the extracted and
untreated punches can be attributed to removal of OC. Most of
the carbon that evolves from the He/Ox mode of the analysis of
the extracted punches is EC and increases in laser transmission
during the analysis of extracted punches are primarily due to
EC evolving from the sample.

EVOLUTION OF PC AND EC
A comparison of the carbon evolution from the paired solvent

extracted and untreated punches provides strong evidence that
PC and EC co-evolve and that this assumption is not valid for the
Pittsburgh samples. Figure 7 shows that significantly less carbon
evolves from the extracted punch than from the untreated punch
in the He/Ox-mode of both protocols (He4-870 and He4-700).
Since the extraction procedure did not affect the EC loading, the
He/Ox carbon removed by the solvent-extraction is PC. Notably,
the He/Ox carbon removed by extraction does not just evolve at
the beginning of He/Ox mode, but throughout the entire mode
providing strong evidence that PC and EC co-evolve in both
protocols.

The transmission-defined OC/EC split of the solvent-
extracted punches always occurs earlier in the analysis cycle
compared to the analysis of untreated punches. For such a shift
to occur, some fraction of the native EC must evolve before the
transmission-defined OC/EC split of the untreated punch. We
refer to this as “pre-split EC.” The grey area shown in Figure 7
is an estimate of the pre-split EC; this area is the carbon that
evolves from the extracted punch, between the transmission-
defined OC/EC splits of the extracted and untreated punches.
This estimate represents an upper-bound for the pre-split EC
because the solvent-extraction procedure does not completely
eliminate PC formation. For the sample shown in Figure 7a
analyzed with the He4-870 protocol, up to 50% of the native
EC evolved before the transmission-defined OC/EC split of the
untreated punch. In addition, a large fraction of this pre-split
EC evolved in the He4 step. There is less pre-split EC when
samples are analyzed with the He4-700 protocol; for the sam-
ple shown in Figure 7b up to 35% of native EC evolved before
the transmission-defined OC/EC split of the untreated punch.
Increasing the length of the He/Ox steps does not change the
conclusion that some fraction of the native EC evolves before
the transmission-defined OC/EC split.
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FIG. 7. Thermograms of untreated and solvent-extracted samples collected on April 17, 2002: (a) He4-870 analyses of a denuded sample; (b) He4-700 analyses
of an undenuded sample using extended duration He/Ox peaks. The thin lines indicate solvent-extracted or washed punches and thick lines indicate the untreated
punches. The solid lines are the carbon data plotted against the left axis, and the dashed lines are the laser attenuation data, ln(I/Iend ), plotted against the right axis.
EC and PC co-evolve for samples analyzed with both protocols. The grey area indicates carbon that evolves in the He/Ox mode from the solvent extracted punch
before the OC/EC split of the untreated punch. This carbon is native-EC evolving before the OC/EC split. The hashed area is carbon removed by solvent extraction
that evolves after the OC/EC split of the untreated punch. This carbon is PC evolving after the OC/EC split. The sample analyzed with the He4-870 protocol shows
premature EC loss, causing the OC/EC split of the extracted punch to be defined in the He-mode.

Comparing the solvent-extracted and untreated punches one
can also estimate the amount of PC that evolves after the
transmission-defined OC/EC split of the untreated filter. For the
samples shown in Figures 7a and 7b, solvent extraction removed
approximately 30% of the He/Ox carbon after the transmission-
defined OC/EC split of the untreated filter. This carbon is indi-
cated by the hashed area. It represents a lower-bound estimate
of the PC that evolves after the split because solvent extraction
did not eliminate PC formation.

Another issue is the type of light-absorbing carbon that
evolves in the He-mode of the analysis—is it PC or native EC?
Yu et al. (2002) suggest that it is PC. Figure 7 shows that some
light-absorbing carbon evolves in the He4 temperature step from
the solvent-extracted punches analyzed with both protocols. This

loss is significantly larger for samples analyzed with the He4-870
protocol compared to those analyzed with the He4-700 proto-
col. For extracted samples analyzed with the He4-870 protocol
(Figure 7a), the transmission-defined OC/EC split always oc-
curs in He-mode, i.e., the sample transmission rises above the
initial, pre-pyrolysis value in the He-mode. The only explana-
tion is that native EC is clearly evolving in the 870◦C step of
the He-mode. Notably the split occurs very early in the He4
step, indicating the EC evolves throughout most of the step,
making it difficult to simply shorten the He4 step to avoid the
premature loss of EC. For solvent-extracted samples analyzed
with the He4-700 protocol (Figure 7b), the transmission-defined
OC/EC split always occurs in the He/Ox mode; therefore, the
modest increase in laser transmission observed in the He-mode
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of extracted samples analyzed with the He4-700 protocol could
be due to a minor loss of either native EC or PC. Given that PC
and EC co-evolve through the analysis, our results do not contra-
dict Yu et al.’s hypothesis, but complement it; the light-absorbing
carbon evolving at the He4 step (870◦C) of the He4-870 analysis
of untreated samples is native EC, possibly combined with PC.

Analysis of extracted and untreated pairs of filter punches
from fourteen denuded and undenuded samples taken over ten
days provided results consistent with those shown in Figure 7.
This means that PC and EC co-evolve in the He/Ox mode of the
analysis for both protocols. In addition, although our discussion
has focused on the He4-700 and He4-870 protocol, similar com-
parisons (as those shown in Figure 7) for punches analyzed with
the He4-550 protocol also show clear evidence of co-evolution
of PC and EC. Therefore, the first assumption underlying the
thermal-optical analysis method that PC evolves before EC is
not valid for the Pittsburgh samples. The co-evolution of PC
and EC is consistent with recent results from Yu and co-workers
(Yang and Yu 2002; Yu, Xu, and Yang 2002). Malm et al. (1994)
also provides interesting evidence for the co-evolution of PC and
EC; in particular, their results suggest that native EC evolves in
the lower temperature steps of the He/Ox mode. A consequence
of this co-evolution is that it is incorrect to view the post-split
carbon as native EC. At best, the mass of the post-split carbon
will be equal to native EC. Whether or not this occurs depends
on the optical properties of PC and EC, as discussed in the next
section.

A second important conclusion from our analysis of the
solvent-extracted punches is that increasing the peak He-mode
temperature from 700◦C to 870◦C systematically shifts when
native EC evolves from a sample. Notably, native EC is shifted
from the low-temperature steps of the He/Ox mode of the He4-
700 protocol to the He-mode in the He4-870 analysis. Figures
4(a) and 5 indicate that this shift is consistent across a large
number of samples. An important consequence of this shift is
that increasing the peak He4 temperature changes the relative
rates at which PC and EC evolve from the filter. The native
EC evolves earlier in the analysis cycle compared to PC when
samples are analyzed with the He4-870 protocol. Again, this
will only be a problem if PC and EC have different optical
properties.

ATTENUATION COEFFICIENTS OF PC AND EC
The second assumption underlying thermal-optical OC/EC

analysis is that PC and EC have the same optical properties. If
sample transmission is used to define the OC/EC split this means
that the specific attenuation coefficients of PC (kPC) and EC (kEC)
should be the same. Estimates for kPC and kEC can be calculated
by applying Equation (1) to the thermograms of the solvent-
extracted and untreated filters. The calculations are based on the
measured laser transmission at the beginning and the end of the
He/Ox mode and the amount of carbon that evolves in the He/Ox
mode. For the sample shown in Figure 7a, the average attenu-

ation coefficients of the He/Ox carbon are 16 m2/g-C for the
solvent-extracted punch and 31 m2/g-C for the untreated punch.
The He/Ox carbon on the solvent-extracted punch is mainly
EC, and so we assume kEC for this sample as 16 m2/g-C. The
He/Ox carbon on the untreated punch is a mixture of PC and EC;
therefore kPC must be greater than kEC. The specific attenuation
coefficient of the carbon removed by solvent extraction provides
an estimate for kPC. This value can be derived by combining the
results from the analysis of the untreated and solvent-extracted
punches, and applying Equation (1). This approach yields a kPC

value of 56 m2/g-C for the sample shown in Figure 7a.
To develop a more robust estimate for kEC and kPC, we re-

peated the extraction procedure on more ambient samples. A
challenge is that the extraction procedure does not eliminate PC
formation and therefore does not cleanly separate PC and EC.
For six ambient samples collected on different days in which the
extraction procedure reduced PC formation by over 70% (aver-
age reduction 81%), the specific attenuation of the He/Ox carbon
evolving in the solvent-extracted filter, kEC, was 22.9 ± 5.4 m2/g-
C (average ± standard deviation). The average attenuation coef-
ficient of the He/Ox carbon removed by solvent extraction, kPC,
was 35.2 ± 12.7 m2/g-C. Therefore, kPC is consistently higher
than kEC, but the large standard deviation suggests significant
sample-to-sample variability in kPC. Some of this variability
may also be due to changes in extraction efficiency. In addi-
tion, systematic differences were observed in the kPC values for
samples analyzed with the different protocols. The kPC values
of samples analyzed with the He4-870 protocol were on average
around 40% greater than those analyzed with the He4-700 pro-
tocol. This difference may indicate additional formation and/or
darkening of PC at higher temperatures in the He-mode. Finally,
these values of kPC may be at the lower end of the possible range,
since for five of the six samples, pyrolysis darkens or reduces
the transmission of the untreated samples close to or beyond
the limits of linear laser response (as per Gundel et al. [1984],
ln(Iblank/Isample) of 2.0) where the “shadowing” or “light-pipe”
effect is seen.

Our estimates of kEC are consistent with literature values for
EC deposited on quartz filters, which range from 8.1 m2/g to
25.4 m2/g for solvent-extracted ambient filters (Gundel et al.
1984; Petzold, Kopp, and Niessner 1997). In comparing differ-
ent values, one must always keep in mind that kEC depends
on various factors including aging, wavelength, the extrac-
tion/thermal methods, and the filter substrate. For example, Bond
and Bergstrom (2006) suggests a mass absorption coefficient of
7.5 ± 1.2 m2/g for fresh light absorbing carbon, measured at
550 nm; assuming absorption varies inversely with wavelength
gives 6 m2/g-C at 680 nm (the wavelength of the laser in our
Sunset instrument). The aerosol in Pittsburgh is highly aged;
aging tends to increase the absorption coefficient of EC due to
coating of the EC by non-absorbing species (Fuller, Malm, and
Kreidenweis 1999). Finally, collection of EC on a quartz fil-
ter enhances the absorption coefficient by about a factor of two
(Weingartner et al. 2003). However, although there appears to be
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FIG. 8. Histograms of specific attenuation coefficient of pre- and post-split
He/Ox carbon measured using the (a) He4-870 protocol (number of samples,
N = 529), and (b) He4-700 protocol (N = 56). The results are based on the
analysis of 24-h denuded and undenuded samples. The vertical line indicates
the upper bound for kEC (25 m2/g-C).

no unique value for kEC, 25 m2/g-C appears to be a reasonable
upper bound (Liousse, Cachier and Jennings 1993). Significantly
less research has been published about kPC; Chow et al. (2004)
report kPC values greater than 45 m2/g-C.

Additional insight into kEC and kPC can be gained by examin-
ing histograms of attenuation coefficients of pre- and post-split
He/Ox carbon for samples analyzed with the He4-700 and He4-
870 protocols, shown in Figure 8. For the vast majority of the
samples, the He/Ox carbon attenuation coefficient is greater than
25 m2/g-C. This indicates that kPC is almost always greater than
kEC (assuming that 25 m2/g-C is the upper limit for kEC). The
He/Ox carbon measured with the He4-870 protocol is signif-
icantly darker than that measured with the He4-700 protocol.
This is consistent with premature evolution of EC in the He-
mode of the He4-870 protocol, which means PC contributes a
much larger fraction of the He/Ox carbon of samples analyzed
with the He4-870 protocol than during analysis with the He4-
700 protocol. An additional factor is that kPC values for samples
analyzed with the He4-870 protocol are larger than those of
samples analyzed with the He4-700 protocol as noted earlier.

By comparing the average post-split carbon attenuation coef-
ficients of the two protocols (36 and 28 m2/g-C for the He4-870
and He4-700 protocols, respectively), one can estimate the av-
erage bias in the TOT-EC defined by the two protocols. The
difference in these values means that if the net laser attenuation
of the two samples is the same, on average 29% more carbon
evolves after the split (i.e., 29% more TOT-EC) for a sample
analyzed with the He4-700 protocol compared to an analysis
with the He4-870 protocol. A 29% bias is consistent with the
intercomparison results shown in Figure 3, which is based on a
small subset of the samples shown in Figure 8.

Our examination of the attenuation coefficients of the solvent-
extracted and untreated samples indicates that PC has a sig-
nificantly higher attenuation coefficient than EC (kPC > kEC).
Therefore the second assumption underlying the thermal optical
technique is also not valid. This means that the post-split carbon
is not equal to the native EC mass. The bias will depend on the
attenuation coefficient of the post-split carbon relative to that of
the native EC. For the Pittsburgh samples, kPC is greater than
kEC; combined with co-evolution of PC and EC, this means the
TOT-defined EC is likely biased low compared to the true EC.
The extent of this bias depends on the relative rate at which PC
and EC evolve off the filter. An additional complication is that
there is no unique value for kEC or kPC, since optical proper-
ties depend on aerosol composition, measuring wavelength, and
other parameters.

Effect of Changes in the Relative Rates of EC and PC
Evolution on the OC/EC Split

We now use a model based on the Lambert-Beer law to illus-
trate quantitatively how changing the relative rate at which EC
and PC evolve from the filter biases the transmission-defined
OC/EC split. The model assumes that only two types of carbon,
PC and EC, evolve from the sample after laser transmission
reaches its minimum value. Under these conditions, the change
in laser transmission (once it has passed its nadir) can be defined
as,

I (t) = I (t − 1) · exp [C(t) · ( fPC(t)kPC + fEC(t)kEC)] [2]

where I (t − 1) and I (t) are the laser transmission values at the
start and at the end of a discrete time step during which the carbon
mass C(t) has evolved from the sample, and fPC(t) and fEC(t)
are the PC and EC fractions of C(t), with fPC(t) + fEC(t) = 1.
The model can easily be generalized to consider additional types
of carbon such as non-light-absorbing organic carbon slipping
into the He/Ox mode, but two are sufficient to illustrate how
changing the relative rate at which different types of carbon
with different optical properties evolve changes the TOT-EC.
We also assume that kEC and kPC are not temperature dependent,
but this assumption could also be easily relaxed.

We apply the model using data from the sample shown in
Figure 7(a), using the measured carbon evolution during each
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second of the analysis for C(t), and the measured minimum
laser transmission as a starting point. These values are from
the OC/EC analysis of the untreated punch. The native EC is
assumed to be the carbon evolving from the solvent-extracted
punch after the minimum laser signal of the untreated sample,
5.6 µg-C/cm2. We assume that PC is the difference of the car-
bon combusting in the He/Ox mode of the two analyses, 2.2 µg-
C/cm2, likely an under-estimate since we do not include any PC
that evolves in the He-mode (though it could also contain some
EC lost from the solvent-extracted sample). We use the spe-
cific attenuation coefficient of the He/Ox carbon of the solvent-
extracted sample as kEC (16 m2/g-C), and the specific attenuation
coefficient of the carbon removed from the He/Ox mode of the
analysis for kPC (56 m2/g-C).

Using these inputs, Figure 9 shows model calculations for
two scenarios: (a) “PC-first,” the darker PC evolves completely
before the EC; and (b) “EC-first,” the EC completely evolves
before the PC. These scenarios define the minimum and maxi-
mum amounts of TOT-EC. Underestimation of PC coupled with
some apparent loss of EC in the solvent-extracted sample (in-
dicated by the different net laser attenuation for the untreated
and solvent-extracted punches) causes the computed final laser
transmission to be slightly less than the measured final value.

The model calculations clearly illustrate how changing the
relative rate at which PC and EC evolve from the filter alters
the OC/EC split. Since kPC is greater than kEC, the first sce-
nario (“PC-first”) yields the maximum amount of TOT-EC. This
scenario is consistent with the assumptions underlying the

FIG. 9. Predicted change in laser attenuation due to evolution of light-absorbing carbon (PC and EC) off the filter for the sample shown in Figure 7a. The
PC-first scenario satisfies the method assumptions, and is the true OC/EC split. Due to the higher specific attenuation coefficient of PC (kPC > kEC), the rise
in laser transmission in the PC-first scenario is much sharper than is actually observed. The EC-first model is an extreme case which would give the maximum
underestimation of EC. In reality, EC and PC co-evolve, and the observed laser transmission falls in between the two extremes.

thermal-optical method; therefore it yields a TOT-EC of
5.7 µg/cm2, in good agreement with the native EC used as an in-
put for the calculations (a little higher since the split is calculated
at 97% of the initial laser value). The second scenario, “EC-first,”
defines the minimum value for TOT-EC at 1.7 µg/cm2, a factor
of three smaller than the native EC. The large difference between
these two limits is due to the significantly different attenuation
coefficients for PC and EC. Although this second scenario is
unlikely to occur during an actual analysis, it provides a useful
reference point.

The relative rate at which PC and EC evolve (with respect
to each other) shifts the OC/EC split between the two limits
defined by the model. More premature evolution of EC, the
farther the split shifts towards the EC-first limit. Figure 9 shows
that the actual analysis of the untreated filter using the He4-
870 protocol falls between the two calculated limits. This is
expected given the co-evolution of PC and EC, especially the
significant premature evolution of EC in the He4 step of the He4-
870 protocol. The TOT-EC measured by the He4-870 protocol
is 4.4 µg-C/cm2, about 20% smaller than the value determined
by solvent extraction (5.6 µg-C/cm2).

The results illustrated in Figure 9 provide a framework for
understanding the systematic biases between the TOT-EC val-
ues measured by different temperature protocols. For samples
analyzed with the He4-870 protocol, a larger fraction of the EC
evolves earlier in the analysis cycle—in the He4 temperature
step—compared to samples analyzed with the He4-700 protocol.
This shift alters the TOT-EC because the attenuation coefficients
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of EC and PC are different. In Pittsburgh, kPC is greater than kEC,
so shifting EC evolution to earlier in the analysis cycle (relative
to PC) reduces the amount of TOT-EC. Therefore, at least for
samples collected in Pittsburgh, the premature evolution of EC
causes the TOT-EC defined by the He4-870 protocol to consis-
tently underestimate the native EC.

Peak He-mode Temperature and Non-Light-Absorbing
Carbon

Lowering the peak He-mode temperature to 700◦C improves
the OC/EC split by avoiding premature evolution of EC, and so
the question arises: would lowering the peak He-mode temper-
ature further, say to 550◦C as in the IMPROVE protocol (Chow
et al. 1993), give better answers for the OC/EC split? A concern
created by lowering the peak He-mode temperature is that not
all of the OC will volatilize or pyrolyze during the inert portion
of the analysis resulting in non-light-absorbing carbon evolving
in the He/Ox mode (Novakov and Corrigan 1995; Schauer et al.
2003). To examine issues associated with non-light-absorbing
carbon we analyzed quartz filters loaded with either levoglu-
cosan (99+% pure; ACROS Organics) or secondary organic

FIG. 10. Thermograms for levoglucosan-doped quartz filters analyzed using the (a) He4-700 and (b) the He4-550 protocols. 23% of the levoglucosan carbon
evolves in the He/Ox mode during analysis with the He4-550 protocol. As discussed in the text, this carbon is largely transparent (not light absorbing). In contrast,
just 5% of the levoglucosan carbon evolves in the He/Ox mode during analysis with the He4-700 protocol. The laser dip due to pyrolysis in these samples is just a
few percent of that seen with ambient samples (e.g., Figure 1).

aerosol (SOA). Levoglucosan, a pyrolysis product of cellulose,
is a major component of wood smoke (Simoneit et al. 1999;
Schauer et al. 2001). The secondary organic aerosol (SOA) was
created by reacting α-pinene with ozone in the Carnegie Mellon
University smog chamber.

Figure 10 shows thermograms of pre-baked blank quartz fil-
ters doped with about 10 µg-C/cm2 of levoglucosan analyzed
with the He4-700 (Figure 10a) and He4-550 (Figure 10b) pro-
tocols. These samples do not contain EC, so all of the He/Ox
carbon is either OC or PC. Twenty-three percent of the carbon
from the levoglucosan evolves in the He/Ox mode of the He4-
550 analysis versus only 5% for the He4-700 analyses. Notably,
a significant amount of the carbon evolves in the 615◦C and
700◦C steps of the He-mode of the He4-700 protocol. The laser
data indicates modest formation of light-absorbing PC during the
analysis of levoglucosan-doped filters, with the overall pyrolytic
attenuation being a few percent of that typically observed on sim-
ilarly loaded ambient samples. For analyses using the He4-550
protocol, the average attenuation coefficient of the He/Ox carbon
was very low, 1.2 m2/g-C, which indicates that the bulk of the
He/Ox carbon is non-light-absorbing. In contrast, the He/Ox
carbon evolving during analysis with the He4-700 protocol
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FIG. 11. Thermograms for secondary organic aerosol (SOA) collected on quartz filters analyzed using the (a) He4-700 and (b) the He4-550 protocols. The SOA
was formed by the reaction of α-pinene with ozone in the Carnegie Mellon University smog chamber.

absorbs light, with an average attenuation coefficient of
18 m2/g-C.

Thermograms of SOA analyzed with both the He4-700 pro-
tocol and He4-550 protocols are shown in Figure 11. The results
for SOA are similar to those of levoglucosan-doped filters. First,
some fraction of the SOA carbon evolves in the He/Ox mode with
both protocols: 12% for the He4-550 protocol versus 5% for the
He4-700 protocol. Minor amounts of PC formation are apparent
in the SOA analyses using both protocols; the average attenua-
tion coefficient of the He/Ox carbon evolving from the He4-550
protocol is 2.2 m2/g-C versus 10.5 m2/g-C for the He4-700 pro-
tocol. Finally, a significant fraction of the He/Ox carbon during
the SOA analysis evolves in the higher temperature He/Ox steps
in both protocols. For the He4-550 protocol, one-third of the
He/Ox carbon evolved at 700◦C or higher. Overall, however,
the problems associated with SOA appear to be less severe than
those associated with levoglucosan for the He4-550 protocol.

Although Figures 10 and 11 show that significant amounts of
relatively non-light-absorbing carbon evolve in the He/Ox mode
during the analysis of levoglucosan and SOA with the He4-550

protocol, this carbon is not misclassified as EC. So, for these
simple systems, the transmission defined OC/EC split works. A
problem arises only if the non-light-absorbing organics evolve
off the filter after the OC/EC split. With ambient samples, which
are a complex mixture of many different organics and EC, we
cannot isolate this effect.

To illustrate the potential bias created by the slip of non-
light-absorbing carbon on the TOT-EC, Figure 12 presents ther-
mograms from as-collected tunnel samples superimposed on
thermograms of levoglucosan-doped tunnel samples, analyzed
with both the He4-700 (Figure 12a) and He4-550 (Figure 12b)
protocols. Figure 12a shows that negligible levoglucosan car-
bon evolves in the He/Ox mode of the samples analyzed with
the He4-700 protocol. Consequently, the measured TOT-EC re-
mains relatively unchanged despite the addition of levoglucosan
(4.9 µg-C/cm2 for the as-collected tunnel sample compared to
5.1 µg-C/cm2 for the doped sample). However, adding levoglu-
cosan increases the TOT-EC of the tunnel sample analyzed with
the He4-550 protocol, from 5.5 µg-C/cm2 for the as-is tunnel
sample to 6.5 µg-C/cm2 for the levoglucosan-doped sample. The
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FIG. 12. Thermograms showing the effect of slip of non-light absorbing carbon in the He/Ox mode. Levoglucosan is spiked onto vehicular exhaust-dominated
tunnel samples, and analyzed with the (a) He4-700 and (b) He4-550 protocols. As Figure 10 suggests, the He4-700 protocol does not experience significant slip of
levoglucosan into the He/Ox mode, while during the He4-550 analysis, a significant fraction of the He/Ox mode levoglucosan comes off at the higher temperature
steps, causing a positive bias in EC measurement with the He4-550 protocol relative to the undoped tunnel sample.

attenuation coefficient of the post-split carbon in the He4-550
protocol decreases from 16.9 m2/g-C for the as-is tunnel sam-
ple to 13.6 m2/g-C for the doped sample reflecting the effect of
non-light-absorbing carbon on the net attenuation coefficient of
the carbon evolving after the OC/EC split.

Figure 12b provides evidence that other components of the
aerosol affect the evolution of OC from the filter. For a clean
quartz filter doped with levoglucosan, 23% of the levoglucosan
OC came off in the He/Ox mode (Figure 10b) compared to only
14% of the levoglucosan OC coming off in the He/Ox mode of
the levoglucosan-doped tunnel sample (Figure 12b). This indi-
cates that ambient PM and OC, which are mixtures of emissions
from different sources, likely behave differently from pure com-
pounds; results from Yu et al. (2002) also illustrate this effect.

We also compared EC measurements made on parallel
punches taken from fourteen 24-hour ambient samples, using
the He4-550 and He4-700 protocols. Six of the samples are
high-wood-smoke samples (selected based on parallel levoglu-
cosan concentrations). The remaining samples are from peri-
ods with low levoglucosan concentrations and moderate to high

OC/EC ratios, which suggest low wood smoke and some SOA.
Total carbon and net attenuation for the paired punches were
within 10%, indicating that differences between the He4-550
and He4-700 analyses were not due to inhomogeneous filter
loadings. Figure 13 compares the EC measurements made us-
ing the He4-700 and He4-550 protocols, as a fraction of the
total carbon. For the six high wood smoke samples, the EC/TC
ratio as per the He4-550 protocol is 1.52 ± 0.15 (average ±
standard deviation) times higher than the EC/TC ratio measured
with the He4-700 protocol. A smaller, more variable bias is ob-
served for the eight non-wood-smoke samples, for which the
He4-550 EC/TC ratio is 1.21 ± 0.27 times He4-700 EC/TC
value. For three of the non-wood-smoke samples the agree-
ment between the two protocols is within measurement uncer-
tainty. The large variability in the bias between the two protocols
for the non-wood-smoke samples is not unexpected given that
the slip of non-light-absorbing carbon likely depends on sam-
ple composition and is not limited to wood smoke compounds.
Such variability is consistent with the results of Schauer et al.
(2003). Given the potential positive bias, it does not appear
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FIG. 13. Scatter plot of EC (as a fraction of TC) measured with He4-550 and
He4-700 protocols for paired punches from high wood smoke and other ambient
samples. The He4-550 protocol typically measures more EC than the He4-700
protocol, except for the three ambient samples close to the 1:1 line. Results
are shown for OC/EC splits defined using transmission (TOT) and reflectance
(TOR). TOR EC is not available for some of the samples included in the TOT
inter-comparison, including the three TOT samples that show good agreement
between the two temperature protocols.

advisable to reduce the peak He-mode temperature from 700◦C
to 550◦C.

Reflectance versus Transmission
Sample reflectance (TOR) is an alternative approach for

defining the OC/EC split (Chow et al. 1993). Chow et al. (2004)
found that TOR provides a more consistent OC/EC split than
TOT across a wide variety of temperature protocols. Toward
the end of this research the Carnegie Mellon University Sunset
Laboratory OC/EC analyzer was upgraded to simultaneously
measure both TOR and TOT EC. Figure 13 shows TOT- and
TOR-EC measured for the set of ten samples used in the He4-
550 versus He4-700 comparison.

TOR reduced but did not eliminate the EC bias between the
two temperature protocols. As a fraction of total carbon, the TOR
EC measured with the He4-550 protocol is 1.23 ± 0.11 times
higher than the TOR EC measured with the He4-700 protocol
(the bias in the TOT EC was 1.48 ± 0.17 for the ten samples ana-
lyzed by both TOR and TOT). Similar to TOT, a larger bias is ob-
served in the TOR EC of the wood smoke samples (1.30 ± 0.09)
than for the non-wood-smoke samples (1.13 ± 0.03). These re-
sults are in contrast to Chow et al. (2004) who found no bias
in TOR EC measured with different temperature protocols. One
significant difference between the two studies is the EC loading
of the filters; the peak EC loading of our filters was about 8 µg-
C/cm2, significantly lower than those considered by Chow et al.
(2004).

The TOR EC is roughly a factor of two higher than TOT EC
for both temperature protocols. This means that the split defined
by TOR occurs earlier in the analysis cycle than the TOT split.
Chow et al. (2004) also report substantially higher TOR EC
than TOT EC. An earlier optical split increases the likelihood
that non-light-absorbing carbon evolves after the OC/EC split.
However, the ratio of TOR to TOT EC was similar for both
temperature protocols (1.9 for He4-550 and 2.2 for He4-700).
Therefore, factors other than just slip of non-light-absorbing
carbon could contribute to the differences between TOR- and
TOT-EC.

DISCUSSION AND CONCLUSIONS
Different types of carbon evolve during thermal-optical anal-

ysis of an ambient aerosol sample. Since the OC/EC split is opti-
cally defined, it is important to understand the optical properties
of these different types of carbon. In this paper we have classified
this carbon into three categories: non-light-absorbing carbon,
light-absorbing pyrolyzed carbon (PC), and light-absorbing, na-
tive elemental carbon (EC). Our results show that changing the
temperature protocol affects the relative rate at which these dif-
ferent types of carbon evolve during thermal-optical analysis.
This, in turn, alters the optically defined OC/EC split and the
measured EC (“EC”). These ideas provide a framework for un-
derstanding why different temperature protocols measure dif-
ferent amounts of EC.

The evolution of different types of carbon must be carefully
considered when trying to select an optimum temperature proto-
col. First, the results presented here suggest PC and EC co-evolve
from the He/Ox mode for any temperature protocol. Therefore,
it is incorrect to view the post-split carbon as native EC. For
ambient samples analyzed using a protocol with a high peak He-
mode temperature (He4-870), a mixture of PC and EC evolves
after the split. For ambient samples analyzed with a low peak
He-mode temperature (He4-550), a mixture of PC, EC, and non-
light-absorbing carbon can evolve after the split. The optimum
protocol will be one in which the amount of post-split carbon
is equivalent to the mass of native EC on the filter. This will
only occur when the optical properties of the post-split carbon
are the same as EC. However, our results show that the optical
properties of EC and PC can be significantly different.

For samples analyzed with the He4-870 protocol, a larger
fraction of the EC evolves earlier in the analysis cycle—in the
He4 temperature step—compared to samples analyzed with the
He4-700 protocol. In Pittsburgh, kPC is greater than kEC, so
shifting EC evolution to earlier in the analysis cycle (relative
to PC) reduces the measured EC. This explains why the He4-
870 protocol measures 20–30% less post-split carbon (“EC”)
than the He4-700 protocol. Similarly, too low a peak He-mode
temperature—as in the He4-550 protocol—can result in non-
light-absorbing carbon evolving in the He/Ox mode after the
OC/EC split, biasing the EC high relative to the protocols
with higher peak He-mode temperatures, (e.g., the He4-700 or
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He4-870 protocols). This effect likely contributes significantly
to the He4-550 protocol measuring about 50% more “EC” than
the He4-700 protocol on wood smoke dominated ambient sam-
ples. These results are with the transmission-defined split. Sim-
ilar differences are also seen with a reflectance-based OC/EC
split, driven by the same changes in evolution of the different
types of carbon (relative to each other) brought about by a chang-
ing temperature protocol.

Selection of the temperature protocol does influence relative
biases created by either premature evolution of EC (accentu-
ated by higher peak He-mode temperatures) or slip of non-light-
absorbing carbon into the He/Ox mode (possible at lower peak
He-mode temperatures). When selecting a temperature proto-
col, one seeks to balance the two competing effects. The sample
composition, both organic and inorganic, can also influence evo-
lution of carbon from filters (Novakov and Corrigan 1995; Yu,
Xu, and Yang 2002). Since both premature EC evolution and
slip of non-light-absorbing carbon in the He/Ox mode likely
occur over a range of temperatures in addition to potentially
significant temporal and spatial changes in sample composition,
it is unlikely that a single He-mode peak temperature can be
specified at which both problems disappear.

Of the three protocols considered here, the He4-700 pro-
tocol appears to yield the best estimate of EC for the Pitts-
burgh samples. Although PC and EC co-evolve in the He/Ox
mode of samples analyzed with He4-700 protocol (as they do
in all of the protocols considered here), the average attenuation
coefficient of the post-split He/Ox carbon for samples analyzed
with the He4-700 protocol (28 m2/g-C) is only slightly higher
than the expected value of kEC obtained from our washed sam-
ples (22.9 m2/g-C). Our experiments with levoglucosan and SOA
suggest that positive bias in measured EC (due to slip of non-
light-absorbing carbon into the He/Ox mode) may not be a sig-
nificant problem for the He4-700 protocol.

For other locations and sample compositions, one could select
a temperature protocol that minimizes loss of EC in the He-mode
and slip of non-light-absorbing carbon into the He/Ox mode us-
ing repeated analysis and solvent extraction. However, this may
be impractical for routine monitoring applications such as the
STN. A way out could be to track the laser signal throughout
the analysis, which can indicate premature loss of EC. Com-
paring the attenuation coefficient of the post-split carbon using
a reference value for kEC (or even an upper limit of kEC) can
also help estimate any bias. For research projects that analyze a
small number of samples, a combination of solvent-extraction
with thermal/optical analysis is highly recommended.
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Abstract 1 

We present estimates of the vehicular contribution to ambient organic carbon (OC) and 2 

fine particle mass (PM) in Pittsburgh, PA using the Chemical Mass Balance (CMB) model 3 

and a large dataset of ambient molecular marker concentrations.  Source profiles for CMB 4 

analysis are selected using a method of comparing the ambient ratios of marker species with 5 

published profiles for gasoline and diesel vehicle emissions.  The ambient wintertime data 6 

cluster on a hopanes/EC ratio-ratio plot, and therefore can be explained by a large number of 7 

different source profile combinations.  In contrast, the widely varying summer ambient ratios 8 

can be explained by a more limited number of source profile combinations.  We present 9 

results for a number of different CMB scenarios, all of which perform well on the different 10 

statistical tests used to establish the quality of a CMB solution.  The results illustrate how 11 

CMB estimates depend critically on the marker-to-OC and marker-to-PM ratios of the source 12 

profiles.  The vehicular contribution in the winter is bounded between 13% and 20% of the 13 

ambient OC (274 ± 56 to 416 ± 72 ng-C/m3).  However, variability in the diesel profiles 14 

creates uncertainty in the gasoline-diesel split.  On an OC basis, one set of scenarios suggests 15 

gasoline dominance while a second set indicates a more even split.  On a PM basis, all 16 

solutions indicate a diesel-dominated split.  The summer CMB solutions do not present a 17 

consistent picture given the seasonal shift and wide variation in the ambient hopanes-to-EC 18 

ratios relative to the source profiles.  If one set of source profiles is applied to the entire 19 

dataset, gasoline vehicles dominate vehicular OC in the winter but diesel dominates in the 20 

summer.  The seasonal pattern in the ambient hopanes-to-EC ratios may be caused by 21 

photochemical decay of hopanes in the summer or by seasonal changes in vehicle emission 22 

profiles. 23 
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Keywords: Chemical Mass Balance (CMB); molecular markers; organic carbon; motor 1 

vehicle contribution; gasoline-diesel split. 2 

Introduction 3 

Gasoline and diesel motor vehicles are significant contributors to the ambient organic 4 

carbon (OC) and PM2.5 mass in urban environments (Schauer et al. 1996; Watson et al. 1998a; 5 

Fraser et al. 2003b).  The Chemical Mass Balance (CMB) model with individual organic 6 

compounds or molecular markers such as hopanes and polycyclic aromatic hydrocarbons 7 

(PAHs) is one way of quantifying the vehicular contribution to ambient OC, as well as the 8 

gasoline-diesel split. 9 

Selection of source profiles and fitting species requires careful consideration when 10 

performing CMB analysis.  More than 20 different source profiles with speciated organics 11 

data for gasoline and diesel vehicles have been published.  The majority of these source 12 

profiles have been developed for use in California, Colorado, and Texas (Rogge et al. 1993; 13 

Watson et al. 1998a; Schauer et al. 1999; Fraser et al. 2002; Schauer et al. 2002).  The 14 

appropriateness of applying these profiles to regions with different climates and vehicle fleets 15 

has not yet been established.  Further, many parts of the United States are affected by regional 16 

transport of fine particulate matter; this transport mixes emissions from large spatial domain 17 

which complicates the definition of the vehicular fleet and the selection of source profiles. 18 

Each published source profile represents the emissions from a single or a small number of 19 

vehicles.  A comparison of the published profiles reveals a wide range of emission rates and 20 

emission composition.  This variability complicates selection of source profiles because the 21 

profiles used in CMB need to represent the aggregate emissions from the entire vehicle fleet.  22 
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Co-linearity also limits the number of different vehicle profiles that can be simultaneously 1 

considered in the CMB model.  For example, previous applications of CMB have either 2 

combined multiple source profiles to construct a fleet-average gasoline profile (Schauer et al. 3 

1996; Zheng et al. 2002) or have used a single source profile to represent the gasoline vehicle 4 

fleet (Fraser et al. 2003b).  The uncertainty estimates considered by CMB are typically based 5 

on analytical uncertainties used to develop the data sets without considering the effects of 6 

variability in source profiles on the solutions. 7 

This paper has two goals.  The first is to evaluate the suitability of published motor 8 

vehicle source profiles for use in CMB analysis of a large data set of ambient molecular 9 

concentrations collected in Pittsburgh, PA.  The second is to examine the variability in CMB 10 

results due to source profile selection.  The paper concludes with a discussion of the factors 11 

affecting the source contribution estimates, including vehicle fleet composition and seasonal 12 

variations in molecular marker concentrations.  This paper is part of a series of papers 13 

examining source apportionment of primary organic aerosol in Pittsburgh, PA (Robinson et 14 

al. 2006b; c; d). 15 

Methods 16 

The EPA’s CMB8 model (http://www.epa.gov/scram001/) was implemented to estimate 17 

the contribution of gasoline and diesel vehicle emissions and other primary sources to ambient 18 

OC in Pittsburgh, PA.  The analysis uses ambient concentrations of individual organic 19 

compounds, PM2.5 organic and elemental carbon, and PM2.5 elemental composition measured 20 

on 96 days between June 20, 2001 and July 1, 2002.  The data were collected as part of the 21 

Pittsburgh Air Quality Study (Wittig et al. 2004). 22 
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Samples for organic speciation were collected every day in July 2001 and for much of 1 

January 2002, and on a 1-in-6-day schedule during the rest of the study using a PM2.5 2 

quartz/PUF sampler operating at 145 lpm.  Prior to sampling, the quartz fiber filters were 3 

baked at 550 °C for a minimum of four hours to remove any residual organics.  The 4 

polyurethane foam (PUF) plugs were cleaned thoroughly with a mixture of solvents 5 

(dichloromethane, acetone, and hexane), dried in a clean vacuum dessicator, and stored in pre-6 

cleaned glass jars shielded from light, till required for sampling.  The relevant sampler parts 7 

and sample handling tools were solvent-rinsed before use.  All solvents used were high-8 

resolution GC/MS-grade or better.  After sampling and prior to analysis, filter-PUF pairs were 9 

stored in pre-cleaned glass jars in a freezer (-18 °C or lower); samples were shipped overnight 10 

in coolers packed with dry ice for analysis at Florida International University.  Prior to 11 

extraction, each sample was spiked with an internal standard consisting of a suite of seven 12 

perdeuterated n-alkanes (C12, C16, C20, C24, C28, C32 and C36). The samples were 13 

extracted using dichloromethane.  The extracts from each filter-PUF pair were combined and 14 

the volume was reduced to about 1 ml by rotary evaporation; the volume was further reduced 15 

to about 250 µL using a gentle stream of pure nitrogen prior to methylation using freshly 16 

prepared diazomethane.  Methylation converts polar organic acids to their methyl ester 17 

analogs enabling their detection by gas chromatography-mass spectrometry (GC/MS).  The 18 

methylated extracts were analyzed by GC/MS using electron impact ionization.  Each analyte 19 

was quantified by reference to the internal standard, using a relative response factor 20 

determined with authentic standards.  Organic and elemental carbon were measured on quartz 21 

filters analyzed by a thermal-optical transmission method based on the NIOSH-5040 protocol 22 

(Subramanian et al. 2004; Subramanian et al. 2006).  Cellulose filter samples were analyzed 23 
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by inductively coupled plasma-mass spectrometry (ICP-MS) for PM2.5 elemental composition 1 

(Pekney and Davidson 2005). 2 

The selection of compounds included in the CMB model is a critical issue; all major 3 

sources of each compound must be included in the model and the species should be conserved 4 

during transport from source to receptor (Watson et al. 1998b).  This paper uses the basic set 5 

of compounds and source classes developed by Schauer et al. (1996) and Schauer and Cass 6 

(2000).  Our focus is the uncertainty associated with the specific motor vehicle profiles 7 

included in the model. 8 

The following species are included in the CMB model: iron, titanium, elemental carbon 9 

(EC), n-heptacosane, n-nonacosane, n-hentriacontane and n-tritriacontane; iso-hentriacontane, 10 

anteiso-dotriacontane; hexadecanoic (palmitic) acid, octadecanoic (stearic) acid, 9-11 

hexadecenoic (palmitoleic) acid, cholesterol; syringaldehyde, sum of resin acids (pimaric, 12 

sandaracopimaric, dehydroabietic, and 7-oxodehydroabietic acids), acetosyringone, 13 

levoglucosan; 17a(H),21b(H)-29-norhopane, 17a(H),21b(H)-hopane, 22R+S-17a(H),21b(H)-14 

30-homohopane, 22R+S,17a(H),21b(H)-30-bishomohopane; benzo[e]pyrene, indeno[1,2,3-15 

cd]pyrene, benzo[g,h,i]perylene, and coronene.  All of these species are included in every 16 

calculation.  In certain scenarios we also include n-tetracosane and n-hexacosane in the CMB 17 

model.  Uncertainties for individual compounds are the greater of the relative or absolute 18 

uncertainties.  Absolute uncertainties are based on multiples of the minimum detection limits, 19 

while relative uncertainties were determined by analyzing multiple samples collected in 20 

parallel.  Relative uncertainties range from ±10% to ±30%, depending on the species.  OC or 21 

PM is not included in the model as molecular markers for secondary organic aerosol and 22 

potentially other primary sources are not known. 23 
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Source profiles for eight source classes are included in the model: diesel vehicles, gasoline 1 

vehicles, road dust, biomass combustion, cooking emissions, coke production, vegetative 2 

detritus, and cigarette smoke.  Source profiles for cooking emissions and biomass smoke are 3 

taken from the literature, while a coke-oven emissions profile and Pittsburgh-specific 4 

vegetative detritus and road-dust profiles were developed as part of PAQS.  The complete list 5 

of source profiles used and their references are provided in the Supplementary Material 6 

(Table S1).  In order to determine the contribution of each source profile to ambient OC, 7 

calculations are performed using source profiles normalized by the OC emission rates.  The 8 

CMB estimates for motor-vehicle emissions are not sensitive to the other source profiles 9 

included in the model.  An exception is October 7, 2001 – the day with the maximum biomass 10 

smoke OC and EC – when the motor vehicle estimates are sensitive to the specific biomass 11 

smoke profiles.  A common set of non-motor vehicle source profiles is used in all simulations. 12 

Source profiles for gasoline and diesel vehicles are selected based on comparisons with 13 

the ambient concentrations of different molecular markers using scatter and ratio-ratio plots, 14 

which allow a visual comparison of source profiles and ambient concentrations.  Ratio-ratio 15 

plots are constructed using three species; one compound is selected as a reference to 16 

normalize the concentrations of the other two compounds (target species).  The best reference 17 

compounds are relatively abundant, stable, and specific to the sources plotted.  Source profiles 18 

appear as points on ratio-ratio plots and linear mixing lines can be drawn to visualize the 19 

effects of mixing of emissions from different sources.  More details on the construction, 20 

interpretation, and mathematics of ratio-ratio plots are provided in Robinson et al. (2006a; 21 

2006b). 22 
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Results and Discussion 1 

Ambient Concentrations of Motor Vehicle Markers: The Pittsburgh dataset includes 2 

measurements of a number of compounds that are used as markers for motor vehicle 3 

emissions, including hopanes, steranes, polycyclic aromatic hydrocarbons (PAHs), and EC.  4 

Hopanes and steranes are associated with unburned lubricating oil and are emitted by both 5 

gasoline and diesel vehicles (Zielinska et al. 2004).  Certain PAHs are more prevalent in 6 

gasoline exhaust while diesel exhaust is relatively enriched in EC; therefore these species 7 

have been used to distinguish between emissions from these two source classes (Cadle et al. 8 

1999b; Fraser et al. 2003a).  However, PAH concentrations in Pittsburgh, PA are dominated 9 

by emissions from metallurgical coke production (Robinson et al. 2006b), diminishing their 10 

utility as vehicular markers. 11 

Figure 1 shows a time series of ambient concentrations of two of the hopanes: norhopane 12 

(17α(H),21β(H)-29-Norhopane) and hopane (17α(H),21β(H)-Hopane).  The 24-hr average 13 

concentrations of these compounds are usually less than 0.4 ng/m3.  Normalizing the hopanes 14 

by EC to account for differences in atmospheric dilution reveals that the hopanes are a factor 15 

of two to three higher in the winter than in the summer, as shown in Figure 1c.  The other 16 

hopanes and the steranes in the Pittsburgh dataset exhibit a similar seasonal pattern. 17 

Ambient concentrations of the different hopanes are strongly correlated with linear-18 

regression correlation coefficients greater than 0.95 as illustrated by the scatter plots in 19 

Figure 2.  From the perspective of CMB, these strong correlations mean that the ambient 20 

hopane data can be explained using a single source profile (Robinson et al. 2006b) – 21 

presumably one that represents the aggregate emissions from motor vehicles. 22 
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Ambient 24-hr average EC concentrations in Pittsburgh are generally between 0.5 and 1 

1 µg/m3, with occasional large spikes (Figure 1b).  Figure 2d shows that EC is modestly 2 

correlated (R2 = 0.65) with norhopane (and by extension, with the other hopanes), but the R2 3 

value drops below 0.3 if the high concentration days (norhopane > 0.4 ng/m3) are removed 4 

from the dataset.  If the data are sorted by season, the R2 values for the lower concentration 5 

days improve to about 0.6, though the summer and winter slopes are different by over a factor 6 

of two; this reflects the distinct seasonal pattern in the ratios of the different hopanes to EC 7 

shown in Figure 1c. 8 

Ratio-ratio plots comparing ambient data and published source profiles:  CMB analysis 9 

depends critically on the relative distribution of fitting species included in the model.  In this 10 

section, we focus on the relative distribution of the five key motor vehicles markers – four 11 

hopanes and EC – that are included (fitted) in the CMB model.  We do not include steranes in 12 

the analysis because not all source profiles report sterane emissions.  Ambient data for the 13 

five motor vehicle markers can be compared to source profiles using two ratio-ratio plots: 14 

S+R-homohopanes and S+R-bishomohopanes normalized by norhopane (Figures 3a and 3c); 15 

and norhopane and hopane normalized by EC (Figures 3b and 3d). 16 

The organization of the ambient data in the ratio-ratio plots provides significant insight 17 

into potential source profile combinations.  In the winter, the ambient data of the five motor 18 

vehicle markers largely cluster to a point in the ratio-ratio plots shown in Figures 3a and 3b; 19 

the modest variability in the wintertime hopanes-to-EC ratios (Figure 3b) can largely be 20 

attributed to measurement uncertainty.  Therefore, CMB can reproduce the wintertime 21 

concentrations of all five motor vehicle markers with a single source profile.  In the summer, 22 

the hopane data cluster to a point in a ratio-ratio plot (Figure 3c) but the hopanes-to-EC ratios 23 
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are distributed along a line (Figure 3d); therefore at least two source profiles are needed that 1 

bracket the ambient hopanes-to-EC ratios along the diagonal line defined by the summertime 2 

ambient data.  A mixing line connecting these two profiles will pass through the summertime 3 

data. 4 

Source profiles are also shown in the ratio-ratio plots in Figure 3.  We consider gasoline 5 

and diesel profiles measured in the Denver, CO area as part of the Northern Front Range Air 6 

Quality Study (NFRAQS) (Watson et al. 1998a) and in Southern California (Schauer et al. 7 

1999; 2002), as well as diesel profiles measured in Texas (Fraser et al. 2002).  We do not 8 

consider the oxidation catalyst-fitted metro bus and diesel idling profiles reported by Fraser et 9 

al. (2002). 10 

The most striking feature of the source profiles is the wide scatter of the different motor 11 

vehicle profiles compared to the well-organized ambient data (Figure 3).  The fact that the 12 

source profiles exhibit much more variability than the ambient data is not surprising.  Each 13 

source profile represents the emissions from a single or small number of vehicles while the 14 

ambient data represent the aggregate emissions of the entire vehicle fleet.  The well-organized 15 

ambient data indicate that atmospheric mixing averages out much of the vehicle-to-vehicle 16 

differences in emissions. 17 

When comparing the different profiles (Figure S1, Supporting Information), one must 18 

acknowledge the potential effects of differences in testing procedures and analytical 19 

techniques used by different studies on the results.  For example, the profiles reported by 20 

NFRAQS use the IMPROVE method to measure EC (Chow et al. 1993), while the others are 21 

based on the NIOSH protocol (NIOSH 1999).  Comparison studies have revealed significant 22 

differences in EC measurements using these two techniques (Chow et al. 2001), although 23 
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more recent research indicates good agreement of EC measured in diesel exhaust samples 1 

using both protocols (Fujita et al. 2005).  However, analytical issues must be kept in 2 

perspective because large variability exists for profiles measured using the same testing 3 

procedures and analytical techniques, e.g. the order-of-magnitude difference in the EC/OC 4 

ratios across the subset of profiles measured with either technique (Figure S1).  This indicates 5 

that actual variability in vehicle-to-vehicle emissions is much larger than differences 6 

associated with analytical techniques for either hopanes or EC. 7 

The chemical composition of the emissions depends on a number of factors.  For example, 8 

the relative distribution of the hopanes in emissions depends on the origin of the crude oil or 9 

other fossil fuel (Simoneit 1984; Oros and Simoneit 2000).  Figures 3a and 3c show that 10 

emissions from non-vehicular sources such as low-temperature coal combustion (Oros and 11 

Simoneit 2000), fuel oil combustion (Rogge et al. 1997b) and tar pots (Rogge et al. 1997a) 12 

can have very different hopane distributions than motor vehicle emissions.  This fact coupled 13 

with the strong, seasonally-invariant correlation between the ambient hopanes is consistent 14 

with a single dominant source for hopanes, presumably motor vehicles.  Some of the 15 

variability in the source hopanes-to-EC ratios shown in Figures 3b and 3d is related to engine 16 

technology; the diesel vehicle profiles are rich in EC with generally lower hopanes-to-EC 17 

ratios than the gasoline vehicle profiles.  Notable exceptions are the Schauer et al. (2002) 18 

catalytic gasoline profile, which has lower hopanes-to-EC ratios than the most of the diesel 19 

profiles, and the Fraser et al. (2002) diesel school bus profile, which has larger hopanes-to-EC 20 

ratios than most of the gasoline vehicle profiles.  Within the set of NFRAQS gasoline vehicle 21 

profiles, smoking vehicles have lower hopanes-to-EC ratios than non-smoking vehicles and 22 

winter profiles have lower hopanes-to-EC ratios than summer profiles. 23 
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Developing fleet-average profiles: Although the source profiles are highly variable, the 1 

available profiles cluster by vehicle type in a manner that is largely consistent with a two-2 

source CMB solution.  In the winter, the hopanes-to-EC ratios of most diesel profiles are 3 

smaller than the ambient ratios while the hopanes-to-EC ratios of most gasoline vehicle 4 

profiles are larger than the ambient ratios (Figure 3b).  Therefore, the winter ambient data can 5 

be explained by almost any one of the diesel profiles (with the exception of the Fraser et al. 6 

(2002) school bus profile) paired with almost any one of the gasoline vehicle profiles (with 7 

the exception of the Schauer et al. (2002) catalytic gasoline and the NFRAQS smoker 8 

profiles).  The modest day-to-day variability in the wintertime ratios of the different hopanes 9 

to EC can then be attributed to changes in the gasoline-diesel split.  While a similar 10 

combination of gasoline profiles with any one of the NFRAQS diesel profiles can explain the 11 

summertime hopanes-to-EC ratios, using the Schauer et al. (1999) and Fraser et al. (2002) 12 

diesel profiles for the summer data creates a number of challenges that are considered in a 13 

later section. 14 

The major challenge for analyzing the winter or summer data with CMB is selecting 15 

among the numerous CMB models based on different pairs of individual gasoline and diesel 16 

source profiles.  The problem is that within the set of CMB models that produce statistically 17 

acceptable solutions large differences exist in the amount of OC apportioned to a given source 18 

class.  These differences are primarily caused by differences in the marker-to-OC and marker-19 

to-PM ratios of the source profiles included in the model.  These ratios vary by more than an 20 

order of magnitude across the set of published vehicle profiles (Figure S1, Supplementary 21 

Material). 22 



 13

Marker-to-OC and marker-to-PM ratios are critical because CMB calculates source 1 

strengths based on an optimized “best-fit” of the set of marker compounds included in the 2 

model.  OC or PM2.5 mass is not directly included (or fitted) in the model for CMB analysis 3 

with molecular markers because “source profiles” for secondary organic aerosols are not 4 

known.  CMB models based on source profiles with small marker-to-OC ratios (e.g. the 5 

NFRAQS smoker profiles) will apportion more OC to a given source class than profiles with 6 

larger marker-to-OC ratios (e.g. the NFRAQS low-emitters).  Across the set of NFRAQS 7 

profiles the ambient OC apportioned to gasoline vehicles varies by more than a factor of three 8 

depending on the specific gasoline vehicle profile included in the model. 9 

Another issue associated with using individual profiles is that these profiles are developed 10 

for a particular type of vehicle, e.g. low-emitter gasoline, which may not be representative of 11 

the emissions from the entire fleet.  Therefore we combine the available profiles to create 12 

more representative fleet-average profiles.  In order to account for any potential issues 13 

associated with testing procedures and analytical techniques used by different research groups 14 

we develop two sets of profiles: one based on the research by Schauer and Fraser and a 15 

second based on the NFRAQS data.  We consider only the NFRAQS summer gasoline 16 

profiles, since for the winter gasoline profiles many of the compounds were near detection 17 

limits (Cadle et al. 1999b). 18 

To develop fleet average gasoline vehicle profiles, we use information from the 2001 19 

National Household Travel Survey (http://nhts.ornl.gov/2001/), which describes the vehicle 20 

fleet in terms of vehicle age and estimated “vehicle miles traveled” (VMT).  Although this is a 21 

national survey, we assume the results are applicable to the Pittsburgh aerosol given the 22 

significance of regional transport that combines emissions across a large spatial domain.  23 



 14

While other factors such as maintenance history likely play a role in emissions, we follow the 1 

approach of Cadle et al. (1999a) and assume that vehicle age is a reasonable metric for 2 

emissions. 3 

Three fleet average gasoline profiles are constructed using the NFRAQS data.  The 4 

“middle-ground” estimate uses the low-emitter profile to represent vehicles less than five 5 

years old (43.5% of the VMT), the medium-emitter profile to represent vehicles between five 6 

and fifteen years of age (49.6% of VMT), and an average of the smoker and high-emitter 7 

profiles to represent vehicles older than 15 years (6.8% of VMT).  To test the sensitivity of 8 

the CMB results, we also use fleet compositions with smokers/high-emitters comprising 1% 9 

and 12% of VMT as two extreme fleet compositions. 10 

The second set of fleet average gasoline profiles is based on the Schauer et al. (2002) 11 

gasoline profiles.  The low and medium-emitters are represented by the Schauer et al. (2002) 12 

catalytic gasoline profile and high-emitters/smokers by the Schauer et al. (2002) non-catalytic 13 

gasoline profile.  In this case, we consider only two vehicle fleets, one with 1% smokers/high-14 

emitters and a second with 12% smokers/high-emitters. 15 

To estimate the diesel vehicle contribution, we consider two diesel profiles.  The Schauer-16 

Fraser average diesel profile consists of the Class 8 truck Fraser et al. (2002) profile (the 17 

emission rates from the two reported profiles are averaged into a single profile) and the 18 

Schauer et al. (1999) medium-duty profile (a composite sample from two vehicles).  We 19 

assume that each profile represents an equal fraction of the diesel fleet.  The second profile is 20 

the NFRAQS heavy-duty diesel profile “N048”, a composite of ten vehicles (Watson et al. 21 

1998a) – this is the “NFRAQS Heavy-duty 1 (W)” profile shown in Figure S1. 22 
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The five fleet-average gasoline and two diesel profiles are plotted with the ambient data 1 

on the ratio-ratio plots of Figure 4.  Separate plots are shown to illustrate the seasonal shifts in 2 

the ambient data relative to the source profiles.  These shifts are discussed in a later section.  3 

The summer plots also present the Schauer et al. (2002) catalytic and non-catalytic gasoline 4 

profiles separately without averaging.  The average profiles are listed in Table S2 5 

(supplementary material). 6 

CMB analysis of the wintertime data: The five fleet-average gasoline profiles combined 7 

with the two different diesel profiles result in 10 different scenarios for CMB analysis of the 8 

wintertime data.  All of these combinations yield statistically acceptable solutions on all 9 

winter days; for example, the median R2 values are 0.92 or 0.93 while median χ2 values range 10 

between 2.0 and 2.4, with 13 to 17 degrees of freedom (the minimum confidence level for any 11 

given day is 98%).  The T-statistics of the source contribution estimate (SCE) for the motor 12 

vehicle profiles are greater than 2.0 on over 85% of the days.  Therefore, these statistical 13 

parameters provide little guidance for selecting among the ten different statistically-14 

acceptable solutions. 15 

Time-series of the ambient OC apportioned to motor vehicle exhaust are shown in 16 

Figure 5a.  All of the solutions exhibit some day-to-day variability due to changes in ambient 17 

marker concentrations.  The different solutions are also strongly correlated with one another 18 

as illustrated by the scatter plots shown in Figure 6 which compare the daily OC apportioned 19 

to all vehicles, diesel vehicles, gasoline vehicles and gasoline-diesel split by two different 20 

scenarios. 21 

Figure 5a indicates that all ten wintertime scenarios apportion a similar amount of ambient 22 

OC to motor vehicle emissions.  The average total-vehicle OC estimated by the 10 different 23 
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scenarios are all within a factor of 1.5 and are not statistically different based on the standard 1 

error estimates calculated by CMB (e.g. Figure 6a).  The NFRAQS diesel plus the NFRAQS 2 

1% high-emitter/smoker gasoline scenario predicts the lowest average total-vehicle OC, 3 

274 ± 56 ng-C/m3 (± average standard error), while the NFRAQS diesel plus 1% non-catalytic 4 

Schauer gasoline scenario predicts the highest, 416 ± 72 ng-C/m3.  These predictions 5 

correspond to 13.4% and 20.3%, respectively, of the ambient OC in the wintertime.  6 

Therefore, we conclude that the total contribution of motor vehicles to ambient OC in the 7 

wintertime is well-constrained.  However, we must emphasize that the solutions are well-8 

constrained because we are performing analysis with fleet-averaged profiles.  As previously 9 

discussed one can find a wider range of solutions if one considers individual profiles such as a 10 

smoker profile.  Therefore, information regarding fleet composition (which profiles are 11 

included in the model) provides a critical constraint when considering all statistically-12 

acceptable CMB solutions. 13 

Time series of the ambient OC apportioned to diesel vehicles, gasoline vehicles, and the 14 

gasoline-diesel split are shown in Figures 5c, 5d, and 5e, respectively.  The median 15 

wintertime ratio of gasoline vehicle OC to diesel OC estimates varies between 0.63 and 2.90, 16 

indicating that some solutions predict diesel emissions dominate while others predict the 17 

opposite.  The differences in gasoline-diesel split are often greater than the standard errors 18 

calculated by CMB, as illustrated by the scatter plot shown in Figure 6c.  Therefore, there is 19 

little agreement among the solutions regarding the relative contribution of gasoline vehicles 20 

and diesel vehicles to ambient OC, or the “gasoline-diesel split”. 21 

The key factor determining the gasoline-diesel split is which diesel vehicle profile is 22 

included in the model.  Figure 5e shows that all simulations using the Schauer-Fraser diesel 23 
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profile indicate that diesel vehicle emissions are dominant, while gasoline vehicles dominate 1 

all simulations based on the NFRAQS diesel profile.  The reason for this shift can be 2 

understood by closely examining how CMB determines the contribution of gasoline and 3 

diesel vehicles to ambient OC. 4 

All of the scenarios identify diesel emissions as the dominant source of EC, contributing 5 

on average between 67% and 94% of the ambient EC (Figure 7a).  This means that the 6 

contribution of diesel emissions is essentially constrained by ambient EC levels, and the 7 

diesel OC depends strongly on the EC/OC ratio of the different diesel profiles.  The EC/OC 8 

ratio of the NFRAQS diesel profile is 3.7 versus 2.1 for the Schauer-Fraser average profile, 9 

which explains why CMB calculations using the Schauer-Fraser profile estimate almost twice 10 

as much diesel OC as the NFRAQS diesel profile (Figure 6b). 11 

The amount of OC apportioned to gasoline vehicles depends on the hopanes-to-EC ratios 12 

of the diesel profile and the hopane-to-OC ratios of the gasoline profile.  Since EC constrains 13 

the contribution of diesel emissions, the hopanes-to-EC ratios of the diesel profile determine 14 

the apportionment of ambient hopanes to the gasoline and diesel profiles.  Gasoline-vehicle 15 

OC is then determined by the “leftover” hopanes (ambient hopanes minus hopanes 16 

apportioned to diesel vehicles) and the hopanes-to-OC ratios of the gasoline vehicle profile. 17 

The hopanes-to-EC ratios of the Schauer-Fraser average diesel profile are two to three 18 

times higher than the NFRAQS diesel profile.  The result is that CMB apportions significantly 19 

more of the hopanes to diesel vehicles when the Schauer-Fraser average diesel profile is 20 

included in the model, as illustrated in Figure 7b.  On average, the Schauer-Fraser diesel 21 

profile contributes 50-62% of the wintertime ambient norhopane compared to 20-26% by the 22 

NFRAQS diesel profile.  Hence, given the same gasoline profile, a CMB solution based on 23 
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the NFRAQS diesel profile apportions more OC to gasoline vehicles than a solution based on 1 

the Schauer-Fraser diesel. 2 

The effect of the hopanes-to-OC ratios of the different gasoline profiles can be seen by 3 

comparing the predicted gasoline-vehicle OC across a set of calculations performed with the 4 

same diesel profile.  Fixing the diesel profile means that the amount of hopanes apportioned 5 

to gasoline vehicles is essentially constant.  Therefore, the factor-of-1.6 variation in the 6 

amount of gasoline-vehicle OC is caused by differences in the hopane-to-OC ratios of the 7 

different fleet-average gasoline profiles.  As previously discussed, over a factor of three 8 

variation is observed if one considers individual gasoline profiles as opposed to the fleet 9 

average profiles. 10 

CMB analysis of the summertime data:  Constructing scenarios to explain the 11 

summertime data with its wide range of hopanes-to-EC ratios creates a number of challenges.  12 

Robinson et al. (2006a) argues that the seasonal changes in this ratio are caused by 13 

photochemical oxidation of hopanes in the regional air mass.  If true, the CMB model cannot 14 

be used to analyze the summertime data because the assumption that the compounds included 15 

in the model are conserved during transport is no longer valid.  However the stability of 16 

molecular markers in the context of regional transport remains an open question.  Therefore, 17 

in this section, we apply the CMB model to analyze the summertime data, implicitly assuming 18 

that the molecular markers included in the model are conserved. 19 

As noted previously, Figures 3c and 3d indicate that the well-organized summertime data 20 

are consistent with a two-source solution, but there are few viable source profile combinations 21 

that can explain the ambient hopane-to-EC ratios.  Notably the Schauer et al. (1999) and 22 

Fraser et al. (2002) diesel profiles have larger hopane-to-EC than the summertime data.  Only 23 
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the NFRAQS diesel profiles and the Schauer et al. (2002) catalytic gasoline profile bracket 1 

the low end of the summertime data in Figure 3d.  Since non-vehicular sources contribute 2 

little EC in the summer (Robinson et al. 2006a; Robinson et al. 2006c), the ambient data 3 

require pairing one of the NFRAQS diesel profiles with one of the many gasoline profiles 4 

located in the upper right hand corner of Figure 3d. 5 

Alternatively, the summertime data can be explained by pairing either the Fraser et al. 6 

(2002) or Schauer et al. (1999) diesel profiles with the Schauer et al. (2002) catalytic gasoline 7 

profile.  However, this combination cannot explain the ambient bishomohopane and 8 

homohopane ratios (Figure 4e).  One possibility is to include the Schauer et al. (2002) non-9 

catalytic gasoline profile in the model, which would also account for emissions from high-10 

emitting gasoline vehicles.  However, Figures 4e and 4f indicate that Schauer-Fraser average 11 

diesel profile is located on the mixing line connecting the two Schauer et al. (2002) gasoline 12 

profiles.  To resolve the three motor vehicle profiles requires additional markers, so we add 13 

tetracosane (C24) and hexacosane (C26) as fitting species in our CMB model.  Schauer et al. 14 

(1996) estimate that for Los Angeles, CA in 1982, vehicular emissions contributed about half 15 

or more of the lower carbon number n-alkanes (C23 to C27).  We do not fit pentacosane 16 

(C25) because there is a marked preference for the odd n-alkanes primarily in the summertime 17 

Pittsburgh data, indicative of a strong biogenic influence over the odd n-alkanes (Simoneit 18 

1986). 19 

The summertime data are analyzed with six scenarios: the NFRAQS diesel profile paired 20 

with one of the five fleet-average gasoline vehicle profiles (the NFRAQS scenarios), and the 21 

Schauer-Fraser average diesel profile paired with the Schauer et al. (2002) catalytic and non-22 

catalytic gasoline profiles (the Schauer-Fraser scenario).  All six summertime solutions are 23 
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statistically acceptable, with median R2 values of 0.93, median χ2 values of 1.9 or 2.0 and 12-1 

18 degrees of freedom (DF) for the five NFRAQS scenarios; and a median R2 value of 0.89, 2 

median χ2 3.9, and 13-18 degrees of freedom for the Schauer-Fraser model.  The minimum 3 

confidence level based on the χ2 and DF is 96% across all scenarios except for two (out of 41) 4 

days with the Schauer-Fraser scenario.  Therefore the CMB goodness-of-fit parameters 5 

provide little guidance in selecting among the different solutions. 6 

Time series of results from the summertime solutions are shown in Figure 8.  On average, 7 

the Schauer-Fraser scenario apportions 31% of the ambient OC to motor vehicle emissions, 8 

five to six times that apportioned by the NFRAQS scenarios (4.9-5.8%).  Figures 8c and 8d 9 

indicate that the primary difference between the two scenarios is the amount of OC 10 

apportioned to gasoline vehicles.  The Fraser-Schauer scenario apportions about twenty times 11 

more OC to gasoline sources (average 28% of ambient OC) than the NFRAQS scenarios 12 

(average less than 2% of ambient OC to gasoline sources).  This difference is much larger 13 

than the standard errors calculated by CMB.  Figure 8c indicates that there is significant day-14 

to-day variation in the amount of gasoline vehicle OC predicted by the Schauer-Fraser 15 

scenario; on some days gasoline vehicles contribute almost no OC, while on other days they 16 

contribute more than 2 µg-C/m3.  Such large variations are not expected given the modest 17 

day-to-day variability in vehicle activity. 18 

The Fraser-Schauer scenario is dominated by the Schauer et al. (2002) catalytic gasoline 19 

profile which contributes 78% of the vehicular OC, and 27% of the ambient OC.  This occurs 20 

for two reasons.  First, the ratios of the different hopanes to OC (marker-to-OC ratios) of the 21 

Schauer et al. (2002) catalytic gasoline profile are an order of magnitude lower than any of the 22 

other vehicle profiles (Figure S1).  These extremely low ratios allow this profile to dominate 23 
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the OC apportionment while only contributing on average just 4.2% of the ambient 1 

norhopane.  Second, this scenario includes the n-alkanes tetracosane and hexacosane as fitting 2 

species, which are predominantly apportioned to the catalytic gasoline profile.  Note that the 3 

Schauer-Fraser scenario cannot be implemented for the summer data without fitting the n-4 

alkanes. 5 

The fact that the Schauer-Fraser scenario is dominated by a catalytic gasoline profile with 6 

a low emission rate is unexpected because “high emitters” are thought to be the dominant 7 

source of emissions, e.g. Beaton et al. (1995).  Given its low OC emission rate, the Schauer et 8 

al. (2002) catalytic gasoline profile will only influence the fleet average gasoline source 9 

profile if it represents a super-majority of the vehicle fleet.  Since the very low hopanes-to-OC 10 

ratios of the Schauer et al. (2002) catalytic gasoline profile appear to be an outlier compared 11 

to all of the other vehicular source profiles (Figure S1), the Schauer-Fraser scenario likely 12 

overestimates the actual contribution of gasoline vehicles to the ambient OC. 13 

There are also concerns with the summertime NFRAQS solutions; most notably, the large 14 

day-to-day changes in the gasoline-diesel split.  Figure 8e indicates that on many summertime 15 

days diesel vehicles dominate the gasoline diesel split while on others the split is more even.  16 

These changes are primarily associated with changes in the amount of gasoline vehicle OC.  17 

Previous studies have observed weekday-weekend patterns in the influence of gasoline and 18 

diesel vehicles on ambient air quality (Harley et al. 2005); however, the shifts shown in 19 

Figure 8e do not follow any discernable pattern.  In addition, the summertime shifts in the 20 

gasoline-diesel splits are much greater (relative standard deviation of 147% to 166%, 21 

Figure 8e) compared to the winter (RSD 40% to 62%, Figure 5e), as the CMB model has to 22 

account for the widely varying summertime hopane-to-EC ratios. 23 
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Seasonal patterns in source-apportionment:  CMB models which include the NFRAQS 1 

diesel profile paired with a gasoline profile can explain the entire data set; however all of 2 

these solutions show strong seasonal changes in the OC apportioned to motor vehicles.  The 3 

driver for the seasonal changes is the ambient ratios of hopanes-to-EC – the average hopanes-4 

to-EC ratios in the summer are almost a factor of 3 lower than those in the winter (Figure 1c).  5 

Therefore, with the NFRAQS diesel-based scenarios, diesel vehicle emissions dominate in the 6 

summer (Figure 8e) and gasoline vehicle emissions dominate in the winter (Figure 5e) in 7 

order for CMB to match the observed seasonal patterns in the ambient hopanes-to-EC ratios.  8 

A similar seasonal pattern in the gasoline-diesel split has been estimated using CMB and 9 

molecular markers in the southeastern US (Zheng et al. 2002). 10 

There are a number of potential explanations for seasonally varying ambient hopanes-to-11 

EC ratios.  These include seasonal changes in source activity; seasonal changes in the fleet 12 

composition; seasonal changes in the source emission factors; and photochemical aging of the 13 

hopanes.  All of these explanations are discussed in detail in Robinson et al. (2006a) and the 14 

first two are relatively easy to dismiss.  Some of the scatter in the hopanes-to-EC ratio might 15 

be due to issues with EC measurements (Chow et al. 2001; Subramanian et al. 2006); 16 

however, there is no evidence that these problems are sensitive to seasonal factors. 17 

Seasonal variations in the organic composition of motor vehicle emissions and 18 

photochemical decay of hopanes provide the two most likely explanations of the seasonality 19 

in the hopanes-to-EC ratios.  To explain the ambient data, the motor-vehicle emissions of 20 

hopanes relative to EC would need to be higher in the winter compared to the summer – 21 

seasonally shifting the location of the source profiles shown in the Figures 3b and 3d.  22 

Alternatively the hopanes-to-OC ratio of the emissions could shift seasonally, changing the 23 
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amount of OC apportioned to the different sources.  However, seasonally shifting profiles 1 

would not explain the significant day-to-day variations in the summertime hopanes-to-EC 2 

ratio which cause the large day-to-day changes in the gasoline-diesel split shown in Figure 8e. 3 

At present little is known about seasonal variability in the organic composition of motor-4 

vehicle emissions.  In Pittsburgh, temperatures are much colder in the winter than in the 5 

summer; gasoline composition also varies seasonally with reformulated gasoline used in the 6 

summer ozone season.  Both of these factors likely influence emissions.  Two studies have 7 

measured warm and cold-weather gasoline-vehicle emission profiles with speciated organics 8 

data (Watson et al. 1998a; Zielinska et al. 2004).  The cold weather profiles measured by both 9 

studies have lower hopanes-to-EC ratios than the warm weather profiles – the opposite of 10 

what would be required to explain the ambient data.  In fact, Figure 3b indicates that the 11 

hopanes-to-EC ratios of the winter NFRAQS gasoline profiles are lower than the winter 12 

PAQS ambient data.  The result is that CMB cannot find solutions for many of the winter 13 

days if the published cold weather profiles are used in the model.  As for diesel emissions, 14 

there could be seasonal changes in the lubricating oil used in diesel engines.  The NFRAQS 15 

results do not include heavy-duty diesel tests from the summer, but our CMB solutions 16 

already use a winter NFRAQS diesel profile.  More source testing is needed to determine if 17 

there are significant seasonal variations in the vehicular emission factors of OC, EC, and the 18 

hopanes. 19 

Photochemical oxidation of the hopanes during long-range transport is another potential 20 

explanation for the lower and widely varying hopanes-to-EC ratios in the summer.  When 21 

considering oxidation as a potential explanation, one must acknowledge the significant 22 

differences between Pittsburgh (and other areas in the eastern US) and Los Angeles where the 23 
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molecular marker techniques were developed.  Air pollution in the Los Angeles basin is 1 

dominated by local emissions mixed with fairly clean background air over relatively short 2 

transport distances, while air quality in many other areas of the country is dominated by 3 

regional transport.  Regional transport allows significant time for atmospheric processing of 4 

the emissions.  Therefore, one might expect hopanes to be depleted in the regional air mass, 5 

particularly in summer when oxidant levels are higher.  This is exactly what is shown by 6 

measurements made in Pittsburgh and at an upwind rural site (Robinson et al. 2006a), and it is 7 

difficult to explain this observation with seasonally-varying emission profiles.  The widely 8 

varying summertime ratios are also consistent with photochemistry; for example, 9 

photochemistry is likely to be less important after periods of rain when local emissions are 10 

more significant.  If oxidation is important, it likely reduces concentrations of all of the 11 

reduced organic compounds used as molecular markers in CMB, not just the hopanes. 12 

Fall and spring data are shown in Figures 4c and 4d.  Comparing the different ratio-ratio 13 

plots in Figure 4 indicates that the fall and spring data lie in between the summer and winter 14 

extremes.  In particular, there is more variability in the ratio of the different hopanes to EC in 15 

the fall and spring than in the winter but less than the variability in the summer (Robinson et 16 

al. 2006a).  CMB analysis of the fall and spring data shows some shifting of the gasoline-17 

diesel split towards diesel relative to the winter. 18 

Source apportionment of fine particle mass:  To estimate the contribution of motor 19 

vehicle emissions to fine particle mass, CMB analysis was also performed with source 20 

profiles normalized by PM2.5 mass emissions.  On a PM2.5 mass basis, the CMB results 21 

exhibit the same variability as the OC apportionment because the source profile marker-to-22 

PM2.5-mass ratios exhibit essentially the same amount of variability as the marker-to-OC 23 
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ratios (Figure S1).  Normalizing profiles with PM2.5 mass also does not alter the previously 1 

discussed seasonality of the solutions; this pattern is driven by the seasonal shift in the 2 

ambient hopanes/EC data and not the marker-to-OC or marker-to-PM2.5-mass ratios of the 3 

source profiles. 4 

In wintertime, the amount of PM2.5 mass apportioned to motor vehicular emissions by the 5 

ten different CMB scenarios varies by a factor of 1.4 with an average contribution of 6 

850±89 ng/m3 of PM2.5 mass (average ± standard deviation of the results from the ten 7 

scenarios).  Therefore, the wintertime CMB estimates of the contribution of vehicular 8 

emissions to ambient PM2.5 mass are as well constrained as the estimates to OC shown in 9 

Figure 5a.  However, the summertime solutions for PM2.5 mass show the same wide 10 

divergence as the OC results shown in Figure 8.  11 

There are some interesting differences between the CMB solutions for PM2.5 mass 12 

compared to those for OC, especially related to the gasoline-diesel split.  For example, the 13 

NFRAQS diesel-based CMB scenarios apportion 449±184 to 581±172 ng /m3 of PM2.5 mass 14 

in the wintertime to diesel vehicles versus only 239±49 to 500±108 ng/m3 of PM2.5 mass to 15 

gasoline vehicles.  The median gasoline-diesel split (the ratio of gasoline contribution to 16 

diesel contribution) for the five NFRAQS diesel-based CMB solutions is between 0.42 and 17 

0.93 on a PM2.5 mass basis versus between 1.69 and 2.90 on an OC basis (Figure 5e).  18 

Therefore, on an OC basis gasoline vehicles dominate the gasoline-diesel split while diesel 19 

vehicles dominate the split on a PM2.5 mass basis.  Results for the Schauer-Fraser diesel-based 20 

CMB scenarios are even more skewed to diesel dominance over vehicular PM2.5, with median 21 

gasoline-diesel splits between 0.23 and 0.54 on a PM2.5 mass basis.  This apparent shift in the 22 

gasoline-diesel split simply reflects the fact that diesel emissions are dominated by EC and 23 



 26

gasoline vehicle emissions by OC.  For example, the NFRAQS average gasoline profile with 1 

12% smokers/high-emitters has a PM2.5-mass-to-OC ratio of 1.7, compared to ~5 for the 2 

NFRAQS diesel profile.  This difference is accounted for in the marker-to-PM2.5-mass ratios 3 

of the source profiles. 4 

Conclusions 5 

This paper has illustrated some of the strengths and challenges associated with performing 6 

CMB analysis with molecular markers in the context of apportioning motor vehicle emissions.  7 

A significant strength of the approach is the strong correlations in the ambient molecular 8 

marker concentrations.  These correlations reflect the high source specificity of certain 9 

organic species and imply the existence of well-defined source profiles, even in Pittsburgh, a 10 

location strongly influenced by regional transport.  However, a major challenge is the 11 

variability in the source profiles.  The motor-vehicle profiles are much more variable than the 12 

ambient data, which creates significant uncertainty in the CMB estimates. 13 

The marker-to-OC ratios are a critical parameter in determining the amount of OC 14 

apportioned to a source profile.  In sum, the molecular markers fitted in the CMB model 15 

typically contribute less than 5% of the OC mass, which means that the marker-to-OC ratios 16 

can be highly variable as illustrated by the order-of-magnitude variability in these ratios 17 

among the set of published vehicle profiles (Figure S1).  This variability and its consequent 18 

effects on predicted fleet emissions must be carefully considered when evaluating CMB 19 

solutions.  In particular the divergence in different solutions caused by this variability is often 20 

greater than sampling and analytical uncertainties propagated by CMB (Figure 6).  The 21 

statistical measures calculated by CMB do not account for the variability in marker-to-OC 22 
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ratios; therefore profile-to-profile differences in these ratios can create uncertainties in the 1 

source strength estimates that are extremely hard to remove.  The same problems exist if one 2 

performs CMB analysis to apportion PM2.5 mass.  In this paper we have reduced the effect of 3 

marker-to-OC ratios by constructing fleet-average profiles from the set of published profiles. 4 

In the winter, the total amount of vehicular OC is well constrained contributing on average 5 

between 13% and 20% of the ambient OC (274 ± 56 to 416 ± 72 ng/m3).  However, source 6 

profile variability creates uncertainty in the gasoline-diesel split.  On an OC basis, the 7 

NFRAQS diesel-based CMB solutions estimate a gasoline-dominated vehicular contribution 8 

while the Schauer-Fraser diesel-based CMB models suggest either the opposite or a more 9 

even split.  On a PM2.5 mass basis, all solutions indicate that diesel emissions tend to 10 

dominate the gasoline-diesel split, but there is almost a factor-of-five variability in the split.  11 

Variability in the EC and hopanes source emission rates is the main contributor to this 12 

uncertainty.  Additional source profiles and/or motor vehicle markers are needed to better 13 

constrain the gasoline-diesel split. 14 

Explaining the summer data with its widely varying hopanes-to-EC ratios is problematic.  15 

Although CMB can find statistically acceptable solutions for the summer, there is little 16 

agreement among the different scenarios even on the total vehicular contribution (unlike in 17 

the winter), the average summer contribution varying from 5% to 31% (176 ± 49 ng/m3 to 18 

1091 ± 363 ng/m3) of the ambient OC.  Therefore, we have little confidence in the CMB 19 

solutions for the contribution of motor vehicles to Pittsburgh OC or the gasoline-diesel split 20 

during the summer.  More research is needed to better understand the seasonal variability of 21 

source profiles and the photochemical stability of molecular markers under conditions of 22 

significant regional transport. 23 
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Figure 1: Time series of ambient concentrations of (a) norhopane and hopane; (b) EC; and (c) 2 

the ratios of the two hopanes to EC.  Panel (c) shows the strong seasonal variation in the 3 

ambient hopane concentrations relative to EC. 4 
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Figure 2: Scatter plots of ambient concentrations of selected molecular markers and bulk 2 

species versus norhopane.  Lines indicate linear regressions.  In (d), the filled symbols 3 

represent the summer data, while the regression includes all the data points. 4 
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Figure 3: Ratio-ratio plots comparing (a, b) winter and (c, d) summer ambient data to 2 

published source profiles.  Gray circles are ambient data; solid symbols are diesel vehicle 3 

profiles, open symbols are gasoline vehicle profiles, and unclosed symbols are non-vehicular 4 

sources.  Two- and three-character tags are labels for selected source profiles: “SC” is 5 

Schauer et al. (2002) catalytic gasoline profile; “FO” is fuel oil boiler (Rogge et al. 1997b); 6 

“WS” is wood smoke; “NS” is NFRAQS summer smoker (Watson et al. 1998a); “ND” is 7 

NFRAQS diesel profile (Watson et al. 1998a); “FSB” is Fraser et al. (2002) school bus; “SN” 8 

is Schauer et al. (2002) non-catalytic gasoline; “CC” is coal combustion (Oros and Simoneit 9 

2000); and “TP” is tar pots (Rogge et al. 1997a).  Arrows pointing to axes indicate location of 10 

profiles located outside bounds of the plots.  Propagated analytical and sampling uncertainties 11 

are shown as error bars for select ambient data. 12 
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Figure 4: Ratio-ratio plots showing different CMB scenarios and ambient data for the 2 

(a, b) winter, (c, d) spring and fall, and (e, f) summer.  Gray circles are ambient data; solid 3 

symbols are diesel vehicle profiles and open symbols are gasoline vehicle profiles.  Error bars 4 

on select ambient data represent the propagated analytical and sampling uncertainties. 5 
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Figure 5: Time series of CMB solutions for the winter: (a) total vehicular OC, (b) total 2 

vehicular OC as a fraction of ambient OC; (c) gasoline vehicle OC; (d) diesel vehicle OC, and 3 

(e) ratio of gasoline OC to diesel OC.  Solid lines are calculations using the Schauer- Fraser 4 

average diesel profile; dashed lines are calculations using NFRAQS diesel profile.  Symbols 5 

indicate different fleet-average profiles for gasoline vehicles:  1% high-emitter Schauer 6 

gasoline; ο 12% high-emitter Schauer gasoline; ◊ 1% high-emitter NFRAQS gasoline; ∆ 6.8% 7 

high-emitter NFRAQS gasoline; and ∇ 12% high-emitter NFRAQS gasoline. 8 



 36

 1 

0 200 400 600 800
0

200

400

600

800

0 1 2 3 4
0

2

4

6

8

10

0 200 400 600 800 1000 1200
0

200

400

600

800

1000

1200

 Diesel OC
 Gasoline OC

1:1(b)

CMB with Schauer-Fraser diesel + 12% Schauer gasoline

C
M

B
 w

ith
 N

FR
AQ

S
 d

ie
se

l +
 

12
%

 N
FR

AQ
S

 g
as

ol
in

e

1:1

(c) gasoline OC/ diesel OC(a) Total vehicular OC

1:1

 2 

Figure 6. Scatter plots comparing estimated (a) total vehicular OC (ng-C/m3), (b) gasoline and 3 

diesel OC (ng-C/m3), and (c) gasoline-diesel split for two different wintertime CMB 4 

solutions.  “12% Schauer gasoline” is the 12% high-emitter composite profile based on the 5 

gasoline profiles of Schauer et al. (2002).  “12% NFRAQS gasoline” is the 12% high-emitter 6 

composite profile based on the NFRAQS data (Watson et al. 1998a).  The error bars indicate 7 

the standard errors calculated by CMB. 8 
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Figure 7: Average wintertime apportionment of (a) EC and (b) norhopane by the ten different 3 

CMB scenarios. 4 
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Figure 8: Time series of CMB solutions for the summer: (a) total vehicular OC, (b) total 2 

vehicular OC as a fraction of ambient OC; (c) gasoline vehicle OC; (d) diesel vehicle OC, and 3 

(e) ratio of gasoline OC to diesel OC.  Dashed lines are calculations using NFRAQS diesel 4 

profile with symbols indicating different fleet-average profiles for gasoline vehicles:  1% 5 

high-emitter Schauer gasoline; ο 12% high-emitter Schauer gasoline; ◊ 1% high-emitter 6 

NFRAQS gasoline; ∆ 6.8% high-emitter NFRAQS gasoline; and ∇ 12% high-emitter 7 

NFRAQS gasoline.  In (e) points plotted on axis have a gasoline-diesel split of greater than 50 8 

(i.e. diesel OC is zero) or less than 0.05. 9 
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Measurement of ambient particulate organic carbon (POC)
with quartz filters is prone to positive and negative sampling arti-
facts. One approach for estimating these artifacts is to sample with
a backup quartz filter placed behind either the main quartz filter
or a Teflon filter in a parallel line. Another approach is to use a de-
nuder to reduce the positive artifact in combination with a highly
adsorbent backup filter to capture any negative artifact. Results
obtained using both of these approaches in parallel for over one
year in Pittsburgh, PA are presented in this article. A sampler us-
ing an activated carbon monolith denuder has been developed and
tested extensively. Transmission losses were found to be negligible,
and the denuder is on average 94% efficient at removing gas-phase
organics. Denuder breakthrough is corrected for each run using a
dynamic blank in parallel with the sample line. Comparisons with
the dynamic blank indicate that the denuder almost eliminates the
positive artifact on the quartz filter. Negative artifact from the de-
nuded quartz filter is quantified using a carbon-impregnated glass
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fiber (CIG) backup filter and was found to be small, typically less
than 10% of the ambient POC. Compared to the denuded sampler
POC, 24 h bare quartz samples showed an almost constant positive
artifact of 0.5 µg-C/m3 for samples taken throughout the year-long
study period. Sampling for shorter durations (4–6 h) resulted in a
larger positive artifact. A quartz filter behind a Teflon filter (QBT)
provides a consistent estimate of the positive artifact on the bare
quartz filter irrespective of sample duration, though it overcorrects
for the positive artifact by 16–20% (attributed to particulate mat-
ter volatilizing off the upstream Teflon filter). The quartz behind
quartz (QBQ) approach provides a reasonable estimate of the posi-
tive artifact on the bare quartz filter for the 24 h samples but not for
the shorter samples. A slight seasonal variation is observed in the
absolute value of the positive artifact, with higher values observed
during the summer months.

INTRODUCTION
Carbonaceous aerosols, commonly classified as organic car-

bon (OC) and elemental carbon (EC), are a major component
of the PM2.5 mass (Shah et al. 1986; Gray et al. 1986; Malm
et al. 1994; Turpin et al. 2000). Quartz fiber filters are used to
measure particulate organic carbon (POC) and EC since they
can be heated to 1000◦C, which is necessary for the usual ther-
mal evolution methods used to determine OC/EC, such as the
NIOSH 5040 or IMPROVE protocols (NIOSH Manual of An-
alytical Methods; Chow et al. 1993). However, sampling with
quartz filters is prone to artifacts that result in erroneous mea-
surements of POC. Adsorption of gaseous OC onto the quartz
filter leads to overestimation of the POC (positive artifact), while
volatilization of the collected PM from the filter results in the
underestimation of POC (negative artifact) (Turpin et al. 2000).

27
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Numerous studies have been conducted to characterize the ef-
fect of sampling artifacts on OC/EC measurements, and a recent
detailed review is provided by Turpin et al. (2000). Estimates of
the OC artifact range from a positive artifact of over 50% of POC
(Kirchstetter et al. 2001; Turpin et al. 1994) to a negative arti-
fact of up to 80% of POC (Anderson et al. 2002; Eatough et al.
1993; Modey et al. 2001; Ding et al. 2002b). The wide range of
reported values reflects the complexity of the problem. Positive
and negative artifacts occur simultaneously and hence are diffi-
cult to isolate and quantify. A second challenge is that artifacts
are strongly influenced by sampler configuration and sampling
conditions, which often clouds interpretation and comparison
of results from the various published studies. For example, the
large negative artifacts reported by Eatough and coworkers oc-
cur on a quartz filter behind a denuder, which, as explained later,
results in higher volatilization losses. However, the positive ar-
tifact appears to dominate samples taken with bare quartz filters
(quartz filters without an upstream denuder) (Turpin et al. 1994;
Kirchstetter et al. 2001). Experiments have also shown that the
artifact is dependent on the face velocity, sampling duration, and
location (McDow and Huntzicker 1990; Turpin et al. 1994). Fur-
ther, Kirchstetter et al. (2001) report a filter lot-to-lot variability
in the measured artifact.

One way to account for the positive artifact is to use a backup
quartz filter either behind the main quartz filter (the Q-QBQ
approach), or in a parallel port behind a Teflon filter (the Q-QBT
approach) (McDow and Huntzicker 1990; Turpin et al. 1994;
Hart and Pankow 1994; Kim et al. 2001). The OC measured
on the backup quartz filter provides an estimate of the positive
artifact on the main (or “bare”) quartz filter (hence, POC = bare
quartz OC—backup quartz OC). The Q-QBQ method is simpler
in that it requires only one sample line, whereas the Q-QBT
requires two lines, one for the bare quartz filter and another for
the Teflon/quartz filter pack.

The Q-QBT two-port strategy assumes that the upstream
Teflon filter traps only the PM without adsorbing any organic
gases, and so the backup filter (quartz behind Teflon, or QBT)
is exposed to the same organic vapor concentration as the bare
quartz filter, providing a robust estimate of the positive artifact
on the bare quartz filter. The Q-QBT approach has been shown to
provide a consistent estimate of the POC for samples collected
with different face velocities and sample volumes (McDow and
Huntzicker 1990; Turpin et al. 1994). However, results from the
AUSPEX field study (Chow et al. 1996) suggest that the QBT
may overestimate the positive artifact, since this correction re-
sulted in negative POC values (bare quartz—QBT) for 33% of
the 493 samples collected.

For the quartz behind the quartz (QBQ) to provide a good
estimate of the positive artifact on a bare quartz filter, both quartz
filters should be in equilibrium with the sampled air stream. This
may not always be the case, since the backup quartz filter is
exposed to lower organic vapor concentrations until the upstream
bare quartz filter reaches equilibrium (Mader and Pankow 2001).
Hence, the QBT usually provides higher artifact estimates than
the QBQ with low sampling volumes (McDow and Huntzicker

1990; Turpin et al. 1994), though for large sample volumes the
QBQ and QBT should provide similar estimates of the positive
artifact (Hart and Pankow 1994). Kirchstetter et al. (2001) also
suggest that longer sampling times with the Q-QBQ combination
produce better estimates for the positive artifact.

A second approach to avoid positive artifacts relies on a de-
nuder upstream of the quartz filter to remove organic gases
from the incoming air stream (numerous papers by Eatough
and coworkers on the BOSS and its variants, including Eatough
et al. 1993, 1996; Eatough 1999; Ding et al. 2002a; and other
systems by Coutant et al. 1989; Gundel et al. 1995; Gundel and
Lane 1999; Mader et al. 2001). This approach can create large
negative artifacts because removal of the organic gases alters the
gas–particle equilibrium, creating the potential for volatilization
of particles collected on the quartz filter. To account for this neg-
ative artifact, an adsorbent filter such as a carbon-impregnated
filter (Eatough 1999) or a XAD-coated quartz filter (Lewtas et al.
2001) is often installed downstream of the quartz filter. A de-
nuder efficiency of less than 100% is a serious concern because
concentrations of gas-phase organics are typically an order of
magnitude greater than the POC, and the adsorbent backup filters
capture most of the gas-phase material that escapes the denuder,
potentially creating a substantial positive artifact due to the de-
nuder breakthrough.

Although both of these approaches provide important insights
into the artifact problem, few comparisons have been published
between the denuder-based and quartz backup filter techniques.
Such comparisons are important because the magnitude of the
artifact can vary with sampler configuration as well as the sam-
pling location. In one of the few available studies, Kirchstetter
et al. (2001) compared the Q-QBT, Q-QBQ, and a denuder sys-
tem, finding the denuded POC to be slightly higher than ei-
ther the QBT- or QBQ-corrected bare quartz POC. The higher
POC measured by the denuder sampler was attributed to denuder
breakthrough. Differences in sampling methodology and use of
the backup filters can also make comparisons difficult—for ex-
ample, Eatough et al. (1996) compare only the denuded quartz
data from the BOSS (without the carbon-impregnated backup
filter OC) to the bare quartz data of a collocated IMPROVE
sampler.

In this article, we compare POC measurements made using
both a denuder system and a quartz backup filter-based sam-
pler to examine the effect of artifacts on POC measurements
in Pittsburgh. The denuder sampler was extensively character-
ized using a dynamic blank with each run to estimate any pos-
itive artifact associated with denuder breakthrough. Daily and
higher frequency measurements were made for over a year. Over
seventy-five 24 h samples were collected with the denuder sam-
pler, and over 300 24 h measurements were made with the quartz
backup filter sampler. In addition, high-frequency samples were
collected with the quartz backup filter sampler for one month.
Such a large data set enables extensive testing and comparison
of these different ways of measuring POC and allows a study of
temporal variations in artifact. This work is part of the Pittsburgh
Air Quality Study (PAQS), one of the EPA Supersites.
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METHODOLOGY

The Site
The samplers were operated at the PAQS Supersite, which

was located on a hill in an urban park next to the Carnegie
Mellon University campus in Pittsburgh, Pennsylvania. The site
is not near any major industrial sources and is more than 500 m
from any major road. Additional information and other results
from the study are presented by Wittig et al. (2004).

The Samplers
The quartz backup filter sampler (TQQQ) is a two-port sam-

pler with a double quartz filter pack in one line (QQ) and a Teflon
filter followed by a quartz filter in the other (TQ) (Figure 1).
The upstream quartz filter is referred to as the “bare quartz,”
while the two downstream quartz filters are the QBQ and QBT.
A PM10 inlet head (URG, URG-2000-30DBN) is upstream of
both filter packs, and a sharp-cut PM2.5 cyclone (URG, URG-
2000-30EG) is installed upstream of the bare quartz filter, as
shown in Figure 1. As listed in Table 1, this sampler provides

Figure 1. The TQQQ sampler used in the PAQS. This sampler provides three estimates of ambient POC: (a) Bare Quartz, (b)
Bare Quartz − QBT, and (c) Bare Quartz − QBQ. A separate set of experiments was performed that showed that the absence or
presence of a PM2.5 cyclone in the TQ line (shown by the broken circle above) did not affect the carbon measured on the QBT.

three estimates of POC: the bare quartz OC, the bare quartz OC
minus the QBQ (Q-QBQ); and the bare quartz OC less the QBT
(Q-QBT). EC is determined from the analysis of the bare quartz
alone. This sampler is similar to that used by McDow and Huntz-
icker (1990) and Turpin et al. (1994). A set of experiments was
performed which showed that the QBT data did not depend on
the presence or absence of a PM2.5 cyclone in the TQ line.

The denuder sampler uses an activated carbon monolith de-
nuder (MastCarbon Ltd, UK) with an approximate BET sur-
face area of 900 m2/g. The denuders are 250 mm long and
30 mm in diameter with 230, 1 mm2 channels/sq. inch, for
a typical residence time of 0.2 s at 16.7 lpm (assuming plug
flow). The denuder is followed by a sharp-cut PM2.5 cyclone
(URG, URG-2000-30EG), a quartz filter, and then a carbon-
impregnated glass-fiber (CIG) filter, as shown in Figure 2. The
denuder removes organic gases from the incoming air stream,
while the CIG filter captures volatilization losses from the quartz
filter (and also organic gases that escape the denuder). Particu-
late matter is collected on the sample line, called ACD. Denuder
breakthrough is estimated by running a parallel dynamic blank
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Table 1
Different particulate organic carbon estimates from the TQQQ and denuder samplers

Name Calculated as Sampler Comments

Bare Quartz Bare Quartz TQQQ The configuration used by the EPA speciation network
Q-QBT Bare Quartz − QBT TQQQ QBT correction for positive artifact on bare quartz filter
Q-QBQ Bare Quartz − QBQ TQQQ QBQ correction for positive artifact on bare quartz filter
Denuded POC (QACD + CIGACD)

− (QDYN + CIGDYN)
Denuder Reference value of POC used in this study. CIG backup

filter used to measure negative artifact, and dynamic
blank used to correct for denuder slip.

Denuded Quartz QACD − QDYN Denuder

(DYN), which is similar to the ACD line except that all the
PM is removed by a Teflon filter upstream of the denuder. As
indicated in Table 1, the ambient POC level is estimated by sub-
tracting the OC measured by the dynamic blank line (quartz and
CIG) from the corresponding sample values, and the net quartz
and net CIG OC values are added together to give the ambient
POC concentration. The EC is estimated from the ACD quartz
filter.

A third line, the undenuded blank (UDB), consisting of a
Teflon filter followed by a quartz/CIG combination, was added
in September 2001 to measure the gaseous OC that is sorbed
onto the quartz and CIG filters in the absence of a denuder.
The denuder efficiency is calculated using the UDB-measured
ambient gaseous OC concentration as

Denuder Efficiency

= 1 − [(QDYN + CIGDYN)/(QUDB + CIGUDB)]. [1]

Over the course of the study, the denuders were changed
once: one set of two denuders was used from 1 July 2001 to
25 October 2001; a second set was used for the remainder of
the study period. The denuders of each set were also rotated be-
tween the sample and dynamic blank lines to examine potential
differences between the denuders, but no significant variations
were observed.

Sampling
The samplers were run in either of two main sampling

modes—low frequency and high frequency. In the low-frequency
mode, the TQQQ sampler was operated every day for a 24 h
sample starting at approximately midnight, while the denuder
sampler was usually run once every six days for a 24 h sample
synchronized with the TQQQ run for that day. Low-frequency
samples were collected throughout the study period from June
2001 to July 2002, except for July 2001. High-frequency sam-
ples were collected during July 2001, when the TQQQ sampled
for 4 or 6 h on a 0–6, 6–10, 10–14, 14–18, and 18–24 sched-
ule (all times EST), and the denuder sampler was run every day
from midnight to midnight (0–24). In January 2002, the denuder
sampler was operated daily (24 h samples) for two weeks. The
sampling schedules are summarized in Table 2.

Gelman quartz fiber filters (47 mm, Tissuquartz 2500 QAO-
UP) and CIG filters (47 mm, Schleicher & Schuell, GF 3649)
were used throughout the study. All of the filters in each set of
samples were taken from the same lot, to avoid any problems due
to interlot variability (Kirchstetter et al. 2001). Prior to sampling,
the quartz filters were baked at 550◦C in air for a minimum of
4 h; the CIG filters were baked at 360◦C in UHP Nitrogen for
a minimum of 12 h. The prebaked quartz and CIG filters were
stored in clean, sealed glass jars at room temperature till further
use. In the later part of the study (post-October 2001), the CIG
filters were stored in a freezer, but this did not have a significant
effect on the handling blanks. The Teflon filters (either Whatman
7592-104 or Pall-Gelman Teflo R2PJ047) were used as provided
by the manufacturer without any pretreatment. Filter packs were

Table 2
Monthly breakup of TQQQ and denuder sampler runs

Number of sampling days

Month TQQQ Denuder

June 2001 23 0
July 2001 31a 31
August 2001 31b 6
September 2001 30 5
October 2001 31 5
November 2001 30 5
December 2001 26 3
January 2002 31 13
February 2002 28 0
March 2002 31 0
April 2002 28 4
May 2002 31 5
June 2002 28 —
July 2002 30 —
Total (5 samples a day)a,b 30 —
Total (24-hour samples)a,b 379 77

aJuly 2001: 27 days of high-frequency sampling and four 24 h
samples.

bAugust 2001: 3 days of high-frequency samples and twenty-eight
24 h samples.
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Figure 2. The denuder sampler used in the PAQS. Ambient POC is estimated as [(QACD + CIGACD) − (QDYN − CIGDYN)]. The
UDB line is used to estimate the denuder efficiency in conjunction with the DYN line, see Equation (1).

loaded and unloaded in a laminar flow hood. After sampling, the
filters were stored in polystyrene petridishes at −20◦C.

All sample lines were operated at a nominal flow rate of
16.7 lpm. Gelman 2200 stainless steel filter packs were used,

which reduced the effective filter diameter to 35 mm, result-
ing in a face velocity of 29 cm/s at 16.7 lpm. The filter packs
were modified to allow a double filter set (i.e., Teflon/quartz,
quartz/quartz, or quartz/CIG), separating the two filters in each
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Table 3
Study averages of handling blanks for all the filters and the

dynamic blank EC for the denuder sampler

Number of OC blank EC blank
Filter blanks average average

QBT 51 0.23 ± 0.14 0.06 ± 0.07
Bare Quartz 52 0.22 ± 0.15 0.07 ± 0.08
QBQ 52 0.23 ± 0.15 0.08 ± 0.12
QACD 24 0.28 ± 0.18 0.31 ± 0.26
CIGACD 24 1.79 ± 0.61 NA
QDYN 77 NA 0.32 ± 0.33

Values are in µg-C/cm2. Negative values are taken as zero. Errors
are one standard deviation. NA, not applicable.

set by 0.5 mm. During each run, two independent measurements
were made of the flow through each sample line using (1) a ro-
tameter in combination with a vacuum gauge and (2) a dry gas
meter. The flows measured with the rotameter and the dry gas
meter were within 4% for all runs. The average variability be-
tween sampler lines for a given run was 3.2% for the TQ and
QQ lines, and 1.3% for the ACD and DYN lines. Flow audits
were conducted once every seven runs to verify performance
of the rotameters against a primary flow measurement device
(Gilibrator 2, Sensidyne, Inc.).

One set of handling blanks was taken approximately every
ten samples. Handling blanks are filter packs loaded onto the
sampler and removed after about a minute, without any air flow.
The appropriate study average blank values (shown in Table 3)
were subtracted from the sample values (the denuder quartz and
CIG OC for each run were corrected using the dynamic blank
quartz and CIG values for that day). All the handling blank
values for the quartz filters are significantly lower than the EPA
specification of 1 µg-C/cm2 used for the speciation network.
The EC blank levels of the quartz filters used in the denuder
sampler are higher than those of the quartz filters used in the
TQQQ sampler, presumably due to contamination from the CIG
backup filter. For a typical 24 h POC concentration of 3µg-C/m3,
a blank OC contribution of 0.3 µg-C/cm2 would be less than 5%
of the filter loading.

Sample Analysis
All filters were analyzed using a Sunset Laboratories Thermal

Optical Transmittance (TOT) OC/EC analyzer, usually within
one week of sampling. The CIG filters were analyzed in a Helium
atmosphere with a stepped temperature profile ramping to 330◦C
in steps of 10◦C every 30 s, followed by a 5 min soak at 330◦C.
Typical thermograms from the analysis of CIG filters are shown
in Figures 3a and b. The carbon level on the filter is determined by
integrating the area under the thermogram. Previous studies have
reported significant deterioration of carbon-impregnated filters
at temperatures around 300◦C (Modey et al. 2001; Anderson
et al. 2002). No evidence of filter degradation was observed

Table 4
The NIOSH protocol used for analyzing the quartz filters on

the Sunset Labs OC/EC analyzer

Step Mode (Atmosphere) Temperature (◦C) Time (s)

1 Helium 340 120
2 Helium 500 120
3 Helium 615 120
4 Helium 870 (or 700)a 180
5 Helium —(cool down) 45
6 Helium/Oxygen 575 45
7 Helium/Oxygen 650 45
8 Helium/Oxygen 725 45
9 Helium/Oxygen 800 45

10 Helium/Oxygen 910 100
11 Calibration (CH4) — 110

aAll the results presented in this article are with the 870◦C
temperature.

during analysis of more than 200 CIG filters. For example, the
FID signal on the thermograms of the four different CIG filters
shown in Figures 3a and b all approach zero during the final
5 min step at 330◦C.

Quartz filters were analyzed with the temperature profile
given in Table 4 and shown in Figure 4, which is based on the
NIOSH 5040 protocol (NIOSH Manual of Analytical Methods,
available at http://www.cdc.gov/niosh/nmam/pdfs/5040f3.pdf).
As per the NIOSH protocol, if any EC loss is evident in the fourth
Helium temperature step (870◦C), this temperature should be re-
duced. This was found to be the case, and a number of the filters
were analyzed with a modified profile reducing the maximum
Helium mode temperature to 700◦C, which appeared to elimi-
nate the loss of light-absorbing carbon in the fourth Helium peak.
Reducing the peak temperature of the Helium mode to 700◦C
lowers the OC values by about 5%, but since the first three peaks
are the same, it should not affect the OC artifact, which mostly
evolves from the filter at the lower temperatures. However, this
change in the peak Helium mode temperature did affect the EC
(which forms a much smaller component of the carbonaceous
aerosol as compared to POC). The EC and corresponding re-
sults are discussed in a companion paper (Subramanian et al.
2004).

Based on 101 filters analyzed twice (once with the standard
NIOSH protocol used in this study and then a second punch with
the modified NIOSH protocol with a peak Helium temperature
of 700◦C), a linear regression of the total carbon produced a
correlation coefficient (R2) of 0.99 and a slope of 1.001 (be-
tween 0.986 and 1.016 at the 95% confidence interval), with a
negligible intercept. Hence, the precision of the method due to
the instrument as well as filter loading can be taken as within
2% for total carbon. Sunset Laboratory claims the precision due
to the instrument and filter loading variability as ±5% for the
same instrument, with a minimum uncertainty of 0.2 µg-C/cm2
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Figure 3. Typical thermograms for the CIG analysis: (a) Temperature profile and FID signals for the CIGUDB and CIGACD;
(b) FID signals for the CIGACD, CIGDYN, and handling blank (HB) CIG; and (c) Net CIG OC, shown as the (ACD − DYN); and
the positive artifact on the CIG due to denuder breakthrough, shown by the (DYN − HB).

(equivalent to 0.08 µg-C/m3 for a normal 24 h sample) (R. A.
Cary 2003, Personal Communication). Schauer et al. (2003) re-
port the precision as 4–13% for OC and 6–21% for EC between
different instruments running the same temperature–time proto-
col on parallel punches.

RESULTS AND DISCUSSIONS

Denuder Performance and Negative Artifact

The denuder sampler provides the best estimate of POC be-
cause (1) the denuder reduces the positive artifact and any
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Figure 4. Typical thermogram for a quartz filter from the OC/EC analyzer.

denuder breakthrough is estimated and corrected for using the
dynamic blank line, and (2) any negative artifact is quantified
with the CIG backup filters. Hence, the denuded POC is taken
as the reference to which the POC estimates from the TQQQ
sampler are compared. To ensure that the denuder results are
reliable, it is essential that the denuder system be properly char-
acterized. Results presented in this section examine three issues
with denuder sampler operation, (1) particle losses in and con-
tamination by the denuder; (2) denuder efficiency and positive
artifact due to denuder breakthrough; and (3) negative artifacts
on the CIG backup filters.

Particle Losses in and Contamination by the Denuder. Two
different tests were performed to examine particle losses in the
denuder. First, a comparison of the levels of inert species such
as EC between the denuded and undenuded quartz filters pro-
vides a check on particle losses (Eatough et al. 1993; Ding et al.
2002a). Ambient EC concentrations from the bare quartz and
the denuded quartz 24 h samples are compared in Figure 5. A
paired t-test shows that the EC values given by the two are not
significantly different at a 95% level of confidence (p = 0.547).
Second, laboratory tests using ammonium sulfate aerosol and
an SMPS (Model 3936N25, TSI Inc.) indicated that the trans-
mission efficiency through the denuder is about 95% or higher
for particles larger than 100 nm in diameter.

As a precaution against contaminating the denuded quartz
filters due to shedding of the denuder material (activated car-
bon), PM2.5 cyclones were installed downstream of the denud-
ers (Figure 2). Significant shedding was observed with an initial

set of denuders used for sampler design experiments, but this
problem was solved by modifying the manufacturing process
of the denuders (curing the “green” denuders after cutting them
to the specified length, instead of cutting them after curing the
stock). The denuders used for this study and the results presented
in this article did not exhibit any shedding. The SMPS experi-
ments showed no increase in particle concentration across the
denuder, and the average dynamic blank quartz EC is practically
the same as the denuder sampler handling blank EC (QDYN and
QACD in Table 3).

Denuder Efficiency and Positive Artifact Due to Denuder
Breakthrough. Comparing the thermograms of the UDB and
ACD CIG filters in Figure 3a indicates that the denuder removes
a large fraction of the atmospheric gaseous OC that is normally
captured by the CIG filter. Figure 6 shows the variation of de-
nuder efficiency over time. The denuders are on average over
94% efficient (standard deviation, SD 3%) as calculated with
Equation (1), with no noticeable difference between the indi-
vidual denuders. A comparison of the ACD, DYN, and handling
blank (HB) CIG filters shows that the positive artifact on the CIG
filters (DYN-HB) violates at temperatures between 150–300◦C
(Figures 3b and c), sometimes overlapping with the negative arti-
fact (ACD-DYN, discussed below). No significant deterioration
in performance was observed over time for the three denuders,
nor does there seem to be any seasonal variability in denuder
efficiency. Lower values of denuder efficiency are typically as-
sociated with lower gaseous OC concentrations as measured on
the UDB line. The first set of denuders was replaced after 45 runs
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Figure 5. Comparison of EC for the 24 h runs as an indication that particle losses in the denuder are negligible. At low EC levels,
the denuded quartz EC appears lower, probably because the blank correction is higher than that required.

Figure 6. Denuder efficiency calculated using the dynamic blank and undenuded blank lines (Equation (1)). Lower efficiencies
were typically associated with lower gaseous OC concentrations as measured by the undenuded blank line. Sample 1 corresponds
to 2 September 2001; sample 40 was taken on 29 May 2002.
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as a precaution. Experiments were not performed to determine
the potential lifetime of the denuders.

The ratio of the DYN OC to the ACD OC provides an estimate
of the positive artifact due to denuder breakthrough. For instance,
the DYN quartz OC is just 3.0+/−3.7% (Average+/−SD)
of the ACD quartz OC, indicating negligible positive artifact
on the denuded quartz filter. The positive artifact considering
both the quartz and CIG filters is on average 18.3% (SD 12.5%)
of the ACD quartz and CIG OC, necessitating the use of the dy-
namic blank line in order to correctly interpret the CIG results.
This is not unexpected, because the highly sorptive CIG filter is
much more susceptible to denuder slip.

Negative Artifact. Comparison of the sample (CIGACD), dy-
namic blank (CIGDYN), and handling blank CIG thermograms
(Figure 3) provides insight into the negative artifact from the de-
nuded quartz filter (CIGACD −CIGDYN). Figure 3c shows the net
CIG OC (ACD − DYN), which indicates that most of the neg-
ative artifact evolves at temperatures over 250◦C, though the
negative artifact is also seen to coevolve with the denuder break-
through at temperatures over 200◦C. This particular sample cor-
responds to a moderate net (ACD − DYN) negative artifact
of 0.28 µg-C/m3, forming 6.2% of the ambient POC for that
day. Both the ACD and DYN CIG OC levels are somewhat
higher than the handling blank (HB). Figure 4c also shows that
the dynamic blank accounts for the positive artifact on the CIG
due to denuder breakthrough, avoiding an overestimation of the
negative artifact, which would occur if only a handling blank
correction were to be used for the denuder sampler.

The negative artifact estimates for the entire study are shown
in Figure 7. The negative artifact (CIGACD −CIGDYN) is usually
less than 10% of the ambient POC (quartz + CIG), and often
zero. The study average of negative artifact was 6.3% of the
POC (quartz + CIG), with a SD of 6.2%. It should be noted that
the OC on both the CIGACD and CIGDYN is usually less than
10% of the ambient gaseous OC concentration as measured by
the CIGUDB, and about twice the average handling blank CIG.
The difference between the CIGACD and CIGDYN organic carbon
is often close to the blank variability—the standard deviation of
the handling blanks (0.6 µg-C/cm2, Table 3) corresponds to an
uncertainty of 0.24 µg-C/m3 in the negative artifact for a typical
24 h run. This is less than 10% of the typical ambient OC level of
3.0 µg-C/m3; therefore, the uncertainty due to the HB variability
does not significantly impact the ambient POC estimate from the
denuder sampler.

The variability in denuder efficiency could cause errors in de-
termination of the negative artifact. For example, if the DYN de-
nuder was consistently less efficient than the sample line (ACD)
denuder, this would result in a systematic underestimation of
the negative artifact. The denuders of the ACD and DYN lines
were routinely swapped to prevent differences in denuder perfor-
mance from systematically biasing the estimates of negative ar-
tifact. Although the variation in denuder efficiency creates some
uncertainty in the estimate of negative artifact for an individual
sample, these procedures ensure that the study average values
are robust. A maximum estimate of the negative artifact is the

sample CIG OC less the handling blank (i.e., assuming a de-
nuder efficiency of 100%). In this extreme case (also shown in
Figure 7), the negative artifact would be on average 20.2% (SD
12.2%) of the total (quartz + CIG) POC; however, this estimate
is clearly too large because the denuder efficiency was only 94%.

Many studies have been conducted that indicate a negative
artifact (referred to as SVOC by Eatough and coworkers) as
much as, or more than, the organic mass retained on the up-
stream denuded quartz filter (Anderson et al. 2002; Ding et al.
2002b; Modey et al. 2001; Eatough 1999; Eatough et al. 1996).
For example, Anderson et al. (2002) used the PC-BOSS at the
NETL facility near Pittsburgh in summer 2000 and report neg-
ative artifact from the PC-BOSS as 18% of the PM2.5 mass on
average. The negative artifact varied from 0.5 to 7.3 µg-C/m3,
which is within the same range as the reported nonvolatile OC
concentration of 1.0 to 5.2 µg-C/m3 determined on the denuded
quartz filter (correcting their results with the OC multiplica-
tion factor as OC = 0.61 ∗ OM). These results are consistent
with the negative artifact reported in the other studies with the
PC-BOSS cited above. All of these estimates of negative artifact
are roughly a factor of 10 higher than that reported here for the
PAQS study, and might be due to a variety of reasons such as
sampler configuration, location, and time (the NETL study was
conducted a year before the PAQS).

TQQQ and Denuder Sampler Inter-Comparison
Time series plots of POC measured using the different sam-

plers are shown in Figure 8. Figure 8a shows a period of low-
frequency (24 h) samples from January 2002, and Figure 8b
shows a two-day period from July 2001 (high-frequency sam-
pling). The results are characteristic of Pittsburgh POC levels in
the summer and winter. The average POC concentration in the
summer (June to September) is 3.6 µg-C/m3, and in the winter
(December to March) it is 2.5 µg-C/m3, based on a bare quartz
filter.

Figure 8 illustrates the significant daily and subdaily tempo-
ral variability of the POC levels in Pittsburgh. The different esti-
mates of POC generally track each other but with different mag-
nitudes. As expected, the highest POC levels are reported by the
bare quartz filter, with the denuder and the two backup corrected
levels (from the TQQQ) closer to each other, and less than the
bare quartz. The differences between the various measurements
are due to sampling artifacts and are explored in detail below.

The low-frequency comparisons are based on forty-seven
24 h parallel runs of the TQQQ and the denuder sampler. The
high-frequency comparisons are based on data from 1 July to
3 August, 2001, which includes thirty 24 h runs of the denuder
sampler made in parallel to the five-samples-a-day schedule of
the TQQQ (the TQQQ data are 24 h, sample volume-weighted
averages of the five samples in each day). The breakdown of
different samples collected each month is shown in Table 2.

Artifacts on the Bare Quartz Filter. Figure 9a compares
the OC levels measured with a 24 h bare quartz filter to the
corresponding denuded POC measurements. The bare quartz
and denuded POC data show a remarkable fit with an almost 1:1
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Figure 7. Time series of negative artifact from the denuded quartz filter: (a) absolute values, as compared to the OC on the
denuded quartz filter, and (b) negative artifact as a percentage fraction of the ambient POC (Q + CIG). As discussed in the text,
(ACD − DYN) is the best estimate of negative artifact because it accounts for denuder slip. Negative values of the negative artifact
correspond to periods when the DYN denuder is less efficient. The (ACD − HB) is a maximum estimate of negative artifact,
assuming the denuder is 100% efficient. Sample 1 corresponds to 1 July 2001; sample 77 was taken on 29 May 2002.

correspondence except for a positive intercept of 0.53 µg-C/m3

(results from a regression analysis are summarized in Table 5),
implying a constant positive artifact on the 24 h bare quartz
filter. This fit is based on forty-seven samples taken over all four
seasons.

Possible explanations for this reasonably stable artifact are
that either the quartz filter is saturated with organic vapors or it is
in equilibrium with the gas-phase organic compounds. Figure 10
shows the OC adsorbed on the backup quartz filters as a func-
tion of the ambient gaseous OC levels as measured by the UDB
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Figure 8. Time series of ambient POC measured by the TQQQ and denuder samplers: (a) a one-week period of low-frequency
(24 h) sampling in January 2002, and (b) a two-day period of high-frequency sampling in July 2001.

line (quartz + CIG). A linear relationship is expected between
the adsorbed artifact and the gas-phase OC if the quartz filter is
in equilibrium with all the gaseous species. Figure 10 indicates
that the relationship is generally linear, suggesting the filter is

in equilibrium. Applying the framework of Mader and Pankow
(2001) suggests a minimum period of 12–14 h for the quartz
filter to reach equilibrium. The scatter can be because not all the
gaseous species that are captured on the CIG filter adsorb on the
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Figure 9. Bare quartz OC compared to the denuded POC: (a) low-frequency, 24 h samples and (b) high-frequency data (24 h
averages of the 4–6 h TQQQ samples). The solid lines show the linear regression indicated in the figures (see Table 5 for regression
parameters through the origin).
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Table 5
Results from the linear regressions of the different POC estimates from the TQQQ sampler with the reference POC from the

denuder sampler. The errors are one standard error for the coefficients

Through the origin

POC estimate
Sampling
frequency

Number of
samples Slope Intercept R2 Slope R2

Bare Quartz High 30 1.15 ± 0.08 0.71 ± 0.26 0.88 1.35 ± 0.03 0.85
Low 47 0.98 ± 0.04 0.53 ± 0.11 0.94 1.13 ± 0.02 0.91

Q-QBT High 30 0.80 ± 0.06 −0.25 ± 0.21 0.85 0.73 ± 0.02 0.85
Low 47 0.84 ± 0.03 −0.07 ± 0.09 0.94 0.82 ± 0.02 0.94

Q-QBQ High 30 1.00 ± 0.07 0.68 ± 0.23 0.89 1.19 ± 0.02 0.85
Low 47 0.92 ± 0.03 0.31 ± 0.10 0.95 1.01 ± 0.02 0.93

quartz filter (Lewtas et al. 2001). Figure 10 also suggests there
may be a saturation effect at higher gaseous OC levels. Alterna-
tive explanations could be (1) the adsorption artifact depends on
specific compounds or (2) the vapor collection efficiency of the
quartz filter decreases over the sampling period (McDow 1999).

Figure 10. Effect of ambient gaseous OC concentration on the artifact measured on the different filters, (a) QBT OC and
(b) QBQ OC.

However, further work needs to be done before any definite con-
clusions can be drawn.

It was seen earlier that the denuded bare quartz filter expe-
rienced only a small negative artifact (Figure 7). This indicates
negligible volatilization losses from the bare quartz filter because
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the denuded quartz filter should experience a higher negative ar-
tifact than a bare (undenuded) quartz filter. Thus, the positive
artifact is usually dominant when sampling with a bare quartz
filter in the Pittsburgh region, which is consistent with the results
of Turpin et al. (1994) for other sites.

A comparison of the high-frequency bare quartz data, av-
eraged by sample volume, with the corresponding 24 hr de-
nuder measurements (Figure 9b and Table 5) shows a larger
positive artifact for the shorter duration samples as compared
to the 24 h runs of the low-frequency samples (Figure 9a and
Table 5). Again, this is expected since it is unlikely that the
quartz filter reaches saturation or equilibrium (with the gaseous
OC) within 4–6 h. Once the filter has reached equilibrium, the
artifact mass on the quartz filter remains constant and will form
a smaller component of the measured POC on a concentration
basis with increasing sampling time.

Bare Quartz−QBT Versus the Denuded Sampler. Figure 11
shows that the Q-QBT estimate of POC correlates well, with the
denuder POC for both the short-duration and 24 h samples. How-
ever, the QBT overcorrects for the positive artifact on the bare
quartz filter by 16% of the denuded POC for the 24 h samples
(Figure 11a and Table 5). A similar result is obtained for the
high-frequency samples where the QBT overestimates the posi-
tive artifact on the bare quartz filter by 20% of the denuded POC
(Figure 11b and Table 5). Although the QBT overcorrects for
the positive artifact, it does provide a consistent estimate of the
positive artifact for both the high- and low-frequency samples.
Table 5 shows that the positive artifact on the high-frequency
bare quartz filters is significantly larger than on the 24 h bare
quartz filters. The similarity of the regressions of the QBT cor-
rections (Table 5) for both short-duration and 24 h samples in-
dicates that the QBT accounts for the effects of different sample
duration.

Volatilization of organic particulate matter collected on the
Teflon filter that is then adsorbed onto the QBT is a likely ex-
planation for the overcorrection of the positive artifact with the
Q-QBT approach. Our results are qualitatively similar to Chow
et al. (1996), though the PAQS did not see any negative POC after
correction by the QBT. The previous section showed negligible
volatilization loss from the bare quartz filter. Higher volatiliza-
tion losses from a Teflon filter than a quartz filter is not unex-
pected. Quartz filters are thicker and have more surface area than
the stretched Teflon membrane filters used in this study. Since the
PM is typically trapped in the uppermost part of the quartz filter
(McDow and Huntzicker 1990), it is likely that some volatiliza-
tion does occur for the bare quartz filter, but these vapors are
captured downstream on the same quartz filter.

Based on the entire study of 379 24 h samples collected be-
tween June 2001 and July 2002, the QBT OC averages 34% (SD
10%) of the bare quartz OC. Figure 12a shows the QBT OC vary-
ing from 11–83% of the bare quartz OC, with the higher values
associated with low OC levels. The PAQS results are consistent
with earlier findings, although the absolute magnitude of the
QBT artifact is lower, as are the average bare quartz OC levels.

For example, McDow and Huntzicker (1990) reported the QBT
OC at about 50% of the bare quartz OC for low OC values and
less than 20% for bare quartz OC values above 7 µg-C/m3 when
sampling in Portland, OR. Kim et al. (2001) also found the QBT
OC on an annual average basis to be 30% of the bare quartz OC
based on a year-long study at Rubidoux, CA, with the QBT OC
varying between 0.53 to 4.97 µg-C/m3.

Bare Quartz−QBQ Versus the Denuded Sampler. Fig-
ure 13a shows that for the 24-hour runs (low-frequency sam-
pling) the Q-QBQ estimate of POC is approximately the same
as the denuded POC. However, this is not the case with the
shorter duration samples (Figure 13b and Table 5), where con-
siderable positive artifact remains even after applying the QBQ
correction to the bare quartz OC. These results suggest that both
of the quartz filters are in equilibrium with the vapor phase for
the 24 h TQQQ samples, but they do not adsorb gases in equal
measure for a 4–6 h sample. These results are consistent with
Kirchstetter et al. (2001), who found that the QBQ method came
closest to being a good estimate of the positive artifact on the
front quartz filter with a 14 h sample rather than with samples of
2, 4, or 8 h duration when sampling at a face velocity of 50 cm/s.
Figure 12b shows the QBQ OC ranging from 4–30% of the bare
quartz OC (except for two values over 50% at low POC levels).
The study average is 13% with a SD of 5%. However, the trends
are less distinct than in the QBT case discussed earlier.

Analysis of the Thermograms of the Different Quartz Filters.
Comparing the carbon evolving from the quartz filters at the
different temperature steps of the NIOSH protocol (shown in
Figure 4) gives additional insight into the artifacts. More volatile
compounds (gases and particles) come off at the 340◦C Helium
step, the heavier particulate-phase organics evolve at the subse-
quent higher temperatures in the Helium mode, and pyrolyzed
organic carbon and native black carbon are expected to volatilize
in the Helium/Oxygen mode. Therefore, the OC artifact is ex-
pected to come off the filter at the lower temperature Helium-
mode steps.

The average values of the carbon evolving at each Helium
temperature step and in the Helium/Oxygen mode are shown
in Figure 14 for all the samples (grouped into high-frequency
and low-frequency sampling modes). Comparing the size of the
peaks from the different filters of the TQQQ sampler with the
denuded quartz filter indicates the temperature(s) at which the
artifact carbon evolves. For example, comparing the 24 h bare
quartz filter with the denuded quartz filter in Figure 14a indi-
cates that the positive artifact primarily occurs in the first peak
(Helium, 340◦C). For the high-frequency samples Figure 14b,
appreciable artifact also evolves in the higher Helium steps—
the mass of carbon evolving from the bare quartz filter in each
of the higher temperature Helium peaks is significantly greater
than the amount of carbon that evolves from the denuded quartz
filter in that peak.

The carbon evolution from the backup quartz filters also sup-
ports the conclusion that some of the artifact carbon evolves at
the higher temperature Helium steps. For example, Figure 14
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Figure 11. QBT-corrected bare quartz OC compared to the denuded POC for (a) low-frequency, 24 h samples and (b) high-
frequency samples (24 h averages of the 4–6 h TQQQ samples). The solid lines represent the linear regressions indicated in the
figures (see Table 5 for the regression parameters through the origin).

shows that significant carbon evolves off the QBT filter in the
first two Helium steps (340◦C and 500◦C) for both the short-
and long-duration samples. Again, the shorter duration samples
show relatively more carbon evolving at the higher temperatures

than the long-duration samples. Finally, the difference between
the bare quartz and QBT in the first two peaks is less than the
carbon evolving at these peaks from the denuded quartz filter,
which is consistent with the hypothesis of volatilization losses



PARTICULATE CARBON MEASURE ARTIFACTS 43

Figure 12. Variation of the backup filter OC, (a) QBT and (b) QBQ, as a fraction of the bare quartz OC. Data shown are for the
379 24 h samples between June 2001 and July 2002.

from the Teflon filter proposed earlier. The QBQ short-duration
and long samples show similar trends as the corresponding QBT
samples, though at much lower magnitudes.

There are two possible explanations for the artifact to evolve
at higher temperatures. The artifact can be either physically
or chemically bonded to the filter, and the energy needed to
evolve the chemisorbed vapors might be higher than that re-
quired for the physically sorbed artifact (similar to the conclu-
sions of Kirchstetter et al. 2001). Another possibility is pyrolysis
of the positive artifact into compounds that evolve later at higher
temperatures. Kirchstetter et al. (2001) dismiss this possibility
based on some of their results for single compounds, but Yu et al.
(2002) demonstrated that aerosol water extracts (water-soluble
organics) can pyrolyze and evolve partly in the Helium mode

and also later in the Helium/Oxygen mode. As the sample du-
ration increases, the positive artifact reduces on a concentration
basis, and so the higher temperature artifact is less prominent on
the low-frequency comparisons than with the shorter-duration
samples.

Temporal Variation of Artifact. Figure 15 shows the sea-
sonal variation of the different estimates of the positive artifact,
both in absolute terms (Figure 15a), and as a proportion of the
bare quartz OC (Figure 15b). For the 24 h samples, the QBT
shows a much greater artifact than the QBQ, forming 30–40%
of the bare quartz OC compared to the 10–20% for the QBQ.
Figure 15a indicates some seasonal variation of the positive arti-
fact on an absolute basis, with higher levels of artifact occurring
in the summer. However, there seems to be little variation on
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Figure 13. The QBQ corrected bare quartz OC versus the denuder POC for (a) low-frequency, 24 h samples and (b) high-
frequency samples (24 h averages of the 4–6 h TQQQ samples). The solid lines show the linear regression indicated in the figures
(see Table 5 for the regression parameters through the origin).

a relative basis (Figure 15b), as the magnitude of the artifact
appears to mirror the seasonal variation in ambient OC levels.
Kim et al.’s (2001) results show no significant seasonal trends
in the absolute values of the QBT artifact for Rubidoux, CA.

Figure 7 shows that the negative artifact is small. Higher val-
ues were seen during the summer months (Figure 7a); however,
there does not seem to be any significant seasonal trend in the
negative artifact as a fraction of POC (Figure 7b).



PARTICULATE CARBON MEASURE ARTIFACTS 45

Figure 14. Average carbon that evolves at each step of the NIOSH protocol for (a) forty-seven 24 h samples and (b) thirty days
of high-frequency samples. The data are not corrected for blanks; however, these form a very small fraction of the total carbon.
The error bars are one standard error of the study average for each peak in that particular group.
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Figure 15. Seasonal variation of artifact using monthly averages of the (a) absolute values of organic carbon on the QBT and
QBQ backup filters, and (b) ratios of the OC on the backup filters to the bare quartz OC. The error bars are one standard deviation
of the data. Data is not shown for July 2001 since most of the runs were short samples (4–6 h).

CONCLUSIONS
A comprehensive study comparing the prevalent methods for

measurement of ambient particulate organic carbon (POC) has
been conducted during the PAQS, and the major conclusions are
as follows:

1. An activated carbon monolith denuder sampler has been
developed and characterized. The denuder eliminates vir-
tually all of the positive artifact from the quartz filter. The
negative artifact due to volatilization of the organic partic-
ulate matter from the denuded quartz filter is on average

6.3% (SD 6.2%) of the ambient POC and usually less than
10% of the ambient POC.

2. With a bare quartz filter sampling for 24 h at 16.7 lpm
(face velocity of 29 cm/s), an almost constant positive ar-
tifact of 0.5 µg-C/m3 is found, irrespective of the season.
A larger positive artifact occurs on shorter duration sam-
ples on a concentration basis because the filter is not in
equilibrium. Since the denuded quartz filter experiences
only a small negative artifact, negligible volatilization
losses can be expected for the bare (undenuded) quartz
filter.
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3. The QBT provides a consistent estimate of the positive
artifact on a bare quartz filter regardless of sample du-
ration. However, it overestimates the positive artifact by
16–20%, presumably due to volatilization of organic ma-
terial off the upstream Teflon filter.

4. The QBQ provides a robust estimate of the positive artifact
on the bare quartz filter for the 24 h samples. It does not
work for the 4 or 6 h samples because both of the quartz
filters have not achieved equilibrium with the incoming
air stream.

5. The positive artifact measured on the quartz backup filters
for the 24 h samples shows a slight seasonal variation on
an absolute basis, with higher values during the summer,
but there is no temporal variation on a relative basis (com-
pared to the bare quartz OC). The negative artifact from
the denuded quartz filter also shows higher values in the
summer, but as a fraction of the POC there is no significant
seasonal variation.

6. The results of this study are most applicable to regions
with similar atmospheric conditions and meteorology.
Wittig et al. (2004) and Rees et al. (2004) provide an
overview of meteorological and fine particle composi-
tion in Pittsburgh. Briefly, sulfate is the dominant com-
ponent of fine particle mass in Pittsburgh followed by
organic material; one third of the OC is estimated to be
secondary in the summer, with smaller fractions in the
winter (Cabada et al. 2004). Tang et al. (2004) show that
fine particle concentrations in Pittsburgh are dominated by
regional transport of pollutants, which allows significant
time for atmospheric processing or aging. These condi-
tions are representative of those found in much of the
Eastern United States, particularly the Northeast.
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Abstract

Twelve months of aerosol size distributions from 3 to 560 nm, measured using scanning mobility particle sizers are

presented with an emphasis on average number, surface, and volume distributions, and seasonal and diurnal variation.

The measurements were made at the main sampling site of the Pittsburgh Air Quality Study from July 2001 to June

2002. These are supplemented with 5 months of size distribution data from 0.5 to 2.5 mm measured with a TSI aerosol

particle sizer and 2 months of size distributions measured at an upwind rural sampling site. Measurements at the main

site were made continuously under both low and ambient relative humidity. The average Pittsburgh number

concentration (3–500 nm) is 22,000 cm�3 with an average mode size of 40 nm. Strong diurnal patterns in number

concentrations are evident as a direct effect of the sources of particles (atmospheric nucleation, traffic, and other

combustion sources). New particle formation from homogeneous nucleation is significant on 30–50% of study days and

over a wide area (at least a hundred kilometers). Rural number concentrations are a factor of 2–3 lower (on average)

than the urban values. Average measured distributions are different from model literature urban and rural size

distributions.

r 2004 Elsevier Ltd. All rights reserved.
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1. Introduction

The size distribution of atmospheric aerosols, together

with their composition, sources, and sinks, is a key

element in understanding and managing aerosol effects

on health, visibility, and climate. A number of epide-

miological studies have shown adverse health effects of

particulate matter (PM) including respiratory irritation

and changes in pulmonary function as well as associa-

tions between particulate mass concentrations and

mortality (Samet et al., 2000; Wichmann et al., 2000;

Lippmann et al., 2000). Recently, there has been an
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increased interest in the relative health effects of

particles of smaller sizes (Oberdorster et al., 1992,

1995; Donaldson and MacNee, 1998). Some laboratory

studies have also shown that for a given mass

concentration, health effects are larger for smaller

particle sizes (Wichmann and Peters, 2000). In addition,

the particle size distribution is an important parameter

for the estimation of the magnitude of direct and

indirect aerosol-climate effects.

There have been many sampling efforts to measure

aerosol size distributions in urban, rural, and remote

sites around the globe, and nearly all field campaigns

now include some measurements of aerosol size dis-

tributions. Some recent continental sampling campaigns

that measured size distributions include the Atlanta PM

Supersite program (Woo et al., 2001), and sampling

campaigns in Los Angeles (Kim et al., 2002), Northern

Europe (Ruuskanen et al., 2001), Tennessee (Cheng and

Tanner, 2002), Brisbane, Australia (Morawska et al.,
d.
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2002), England (Harrison et al., 1999), Estonia and

Finland (Kikas et al., 1996) and Central Europe (Birmili

et al., 2001).

Most of these studies reported 24-h average number

concentrations (10–500 nm) at continental sites ranging

from around 5000–25 000 cm�3 (Ruuskanen et al., 2001;

Kim et al., 2002; Woo et al., 2001; Morawska et al.,

2002). Sites that have monitored 3–10 nm particles find

comparable numbers of particles in that size range

relative to the 10–500 nm size range (Woo et al., 2001).

Diurnal patterns vary between two extremes: (a) influ-

enced predominantly by meteorology for sites without

local particle sources or nucleation; and (b) strongly

influenced by local sources such as traffic and nucleation

(Kim et al., 2002; Morawska et al., 2002). Little has been

reported regarding seasonal patterns in aerosol concen-

trations due to the lack of long-term monitoring.

Some parameterizations for model size distributions

are available for urban and continental aerosols

(Whitby, 1978; Jaenicke, 1993). Even if these parame-

terizations are widely used, their applicability to areas

other than the ones for which they were developed has

not been investigated.

This paper presents a statistical summary of size

distributions measured during 1 yr of continuous mon-

itoring at the Pittsburgh Supersite during the Pittsburgh

Air Quality Study (PAQS), forming one of the first long-

term data sets for aerosol size distributions in the

Northeastern United States. Aerosol size distributions

from 3nm to 2.5mm were monitored for over 15 months

at the central sampling site of the study. Aerosol size

distributions were measured at low relative humidity,

and at ambient relative humidity to assess the impact of

aerosol water on the PM size distribution. Additional

aerosol size distributions were collected at an upwind

location for approximately 2 months to assess the

difference between rural and urban PM size distribu-

tions in the airshed. The wide size range, long-term

(more than a year) deployment, rural/urban compar-

ison, and dual relative humidity sampling provide

advantages in using the size distribution data set to

understand and quantify atmospheric aerosol forma-

tion, processes, and exposure.

Statistical averages, diurnal and seasonal trends for

the urban location, and local sources of particles are

discussed. These results are compared to size distribu-

tions measured continuously for 6 weeks at a rural site

upwind of Pittsburgh to assess the spatial variability and

impact of the urban sources on the PM number

distribution. While size-resolved aerosol chemistry is

not discussed in this work, it was addressed as part of

the PAQS. The key findings are summarized in the

Results and discussion section, based on Cabada et al.

(2004). Finally, the measurement results are compared

to other similar investigations and to model size

distributions.
2. Experimental

The main sampling location was in a park 5 km east

(downwind) of downtown Pittsburgh. Two scanning

mobility particle sizer (SMPS) systems (TSI 3936L10

and TSI 3936N25) were operated at the main location

continuously from July 2001 to July 2002. These

instruments measured the size distribution of particles

from 3 to 600 nm. These were augmented by a TSI

aerosol particle sizer (APS) 3320 measuring from 0.5 to

20 mm for the first 3 months of the sampling period and a

TSI APS 3321 measuring in the same size range for the

final 2 months of the sampling period. Aerosol

measurements at the main site were made at both low

relative humidity and ambient relative humidities to

assess the importance of relative humidity to the size

distribution. This combination of three sizing instru-

ments with RH control, called the dry-ambient aerosol

size spectrometer (DAASS) is described in Stanier et al.

(2004a). Another SMPS system (TSI 3071/3010) was

located at a rural site in Florence, Pennsylvania, 38 km

west (mostly upwind) of the city during 2002. At the

Florence site, the aerosol size distribution was measured

at slightly sub-ambient relative humidity.

The urban sampling site was relatively far from local

sources of primary particles. The nearest major city

street was 0.5 km away, and the nearest highway was

1.1 km away. Small local sources included the nearby

Carnegie Mellon University campus and a local coal-

fired steam plant that was approximately 1 km away

from the site.

Each of the three sizing instruments acquired an

aerosol size distribution eight times per hour, with four

of these using the low relative humidity channel, and

four of them using the ambient relative humidity inlet.

The raw data, and associated temperature and relative

humidity information, were acquired using a PC and

then processed afterward. Data processing consisted of

inversion of the raw size distributions using the TSI

SMPS program (version 3.2) and the TSI Aerosol

Instrument Manager Program (version 4.3) and correc-

tions for inlet losses and counting efficiencies (see

Stanier et al., 2004a, for additional discussion). The size

distributions from the individual instruments were then

merged into a single size distribution by using the nano-

SMPS data through 30 nm, the SMPS data from 30 to

600 nm, and the APS data above 600 nm. The algorithm

of Khlystov et al. (2004a) was used to account for the

inherent difference between the mobility size measured

by the SMPS instruments and the aerodynamic size

measured by the APS. The size distributions reported

here are a function of mobility diameter for sizes below

600 nm and as a function of estimated mobility diameter

for sizes above 600 nm.

Extensive quality assurance checks were performed

prior to instrument deployment and during the field
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study. Pre-study tests are described in Stanier et al.

(2004a) and include various counting and sizing preci-

sion and accuracy checks using monodisperse aerosols.

During the study, a schedule of maintenance activities

was adhered to, including daily, weekly, and monthly

equipment inspections focusing on maintenance of dry

butanol in condensation particle counters, leak checks,

and flow calibration.

After initial data reduction, two levels of data

validation were performed. The first level focused on

internal consistency of the size distribution data between

the three instruments that made up the DAASS system,

while the second looked for consistency between the

DAASS system and other instruments, particularly

those that provided continuous measurements of aerosol

mass such as the TEOM (Tapered Element Oscillating

Microbalance, Rupprecht and Patashnick, Albany,

NY). The TEOM is a continuous particulate mass

monitor that operated at the PAQS (Wittig et al., 2004)

with a sample equilibration system (Meyer et al., 2000)

to reduce the interference of water vapor on the sample

while retaining as much semivolatile mass as possible.

During validation, a small portion of the data was

flagged as invalid. Values used for data reduction

(sheath and aerosol flowrates and CPC counting

efficiencies) were occasionally modified to maintain

instrument-to-instrument precision, typically by 720%

or less. A detailed data quality statement containing the

list of corrections (as well as the measured size

distributions) is available online in the NARSTO data

archive (Stanier, 2003). The data reduction parameters

were modified by first examining the time series of the

ratio of aerosol mass (TEOM PM2.5) to aerosol volume

as measured by the SMPS (30–560 nm), checking

particularly for shifts in the ratio corresponding to

maintenance (e.g. replacement of sheath blowers, CPCs,

and dryers). No significant step changes were found in

this ratio throughout the study. Two sets of CPC

counting efficiencies (differing by about 15% for sizes

below 30 nm) were used for the two different CPC 3010

detectors used during the study. Adjustments to the
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UCPC flowrate (and therefore the concentration of

particles measured by the nano-SMPS) were required

during four separate periods from January 2002 to May

2002 to force agreement in number concentration

measured by nano-SMPS and SMPS from 15 to

60 nm. The deviations were most likely caused by poor

performance of the NDMA sheath and bypass blowers

during this period. The cycling between low and ambient

relative humidity caused a higher frequency of failures in

sizing equipment than is typical in long-term sampling

using SMPS, APS, and optical particle counters.
3. Results and discussion

The results are divided into several sections, including

(a) summary statistics, (b) size-resolved chemical com-

position, (c) temporal (seasonal and diurnal) trends, (d)

rural versus urban distributions, (e) sources of particles,

and (f) comparison to other distribution measurements.

3.1. Summary statistics

The grand average number distribution measured

during the PAQS (Fig. 1) has a number mode at 40 nm

and a particle count of 22,000 cm�3. The corresponding

surface area and volume distributions, calculated from

the number distribution assuming spherical particles, are

also shown in Fig. 1. The small discontinuity in the

surface area and volume distributions are at the point

where the SMPS and APS distributions are merged

together. These are merged using a procedure described

by Khlystov et al. (2004a). The merging procedure

removes discontinuities almost completely in the number

distribution, but not necessarily in the surface and

volume distributions. After the merging procedure, the

aerosol mass (TEOM PM2.5) and dried aerosol volume

through 2.5mm were well correlated (R2 of 0.95 using a

density of 1.52 g cm�3).

Various descriptive statistics regarding the measured

size distributions are included in Table 1. Key points
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Table 1

Descriptive statistics of PM size distributions measured during the PAQS (size range 3 nm–2.5mm)

Attributes of distributions—grand average for PAQS main site (1/7/2001–30/6/2002)

Distribution Integral Units Mode

Low RHa Number 22,100 cm�3 40

Low RH Surface Area 315 mm2 cm�3 209

Low RH Volume 11.5 mm3 cm�3 322

Ambient RHb Number 24,500 cm�3 45

Ambient RH Surface Area 417 mm2 cm�3 216

Ambient RH Volume 18.3 mm3 cm�3 414

Descriptive statistics, 24-h averaged cm�3 (low RH channel only)

Size bin Samples Mean Median Min Max Standard deviation

3–10 nm 307 5600 4900 1380 25,000 3200

10–20 nm 307 4100 4100 1210 8800 1420

20–50 nm 336 6500 6100 1880 14,000 2590

50–100 nm 327 3600 3400 910 9700 1570

100–200nm 327 1710 1510 450 4550 790

200–500nm 327 460 361 64 1632 300

0.5–1mm 102 18 11 1 67 17

1–2.5mm 103 0.59 0.56 0.10 1.5 0.27

aLow relative humidity distributions were measured at an average relative humidity of 14%.
bAmbient relative humidity distributions were measured at an average relative humidity of 58%.
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Fig. 2. Aerosol mass versus aerosol number for the PAQS.

Hourly average values from the TEOM (mass) are plotted

against hourly number integrals from 3 to 500 nm measured by

SMPS.
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from Table 1 include (a) the significant difference in

surface area and volume between the low RH (14%) and

ambient RH (58% on average) channels of the instru-

ment, (b) the fact that 25% of the aerosol number is less

than 10 nm and 75% of the aerosol number is less than

50 nm in size, and (c) the relatively good data recovery

for the SMPS instruments which operated up to 560 nm

(84–92%) and relatively poor data recovery for the APS

which operated from 0.5 to 2.5 mm (28%). The APS was

removed for service for upgrading and repair early in the

study, and not returned to service until late in the study.

Hourly averaged number concentrations from the

DAASS are compared in Fig. 2 to hourly averaged

PM2.5 values from the TEOM. The highest number

concentrations were observed during relatively clean

days when the PM2.5 concentrations were less than

25mgm�3. The number concentration is not positively

correlated with the mass concentration and there is

evidence of a negative correlation.

3.2. Size-resolved chemical composition

Measurements of size-resolved aerosol composition

taken during the PAQS and reported in Cabada et al.

(2004) are summarized here to provide context for

interpretation of the size distribution measurements.

Average PM2.5 concentrations were 20mgm
�3 in sum-

mer and 12 mgm�3 in winter. The average PM2.5 mass

composition in summer (July intensive period) was

dominated by sulfate (B40%) with significant contribu-
tions from organic matter (B30%) and ammonium

(B15%) with the balance being made up of elemental

carbon, crustal elements, and nitrate. During summer,

the sulfate and nitrate had a bimodal mass distribution,

with a larger peak at around 0.7 mm (from cloud

processing) and a smaller peak at around 0.2 mm.
Organic matter and elemental carbon were widely

distributed throughout the mass distribution, with

geometric mean diameter of 0.3 mm. During winter, the
relative importance of nitrate (B20%) and organics
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(B35%) increased, while that of sulfate decreased

(B30%). The mass distribution of the inorganic

compounds (sulfate, ammonium, and nitrate) was

similar, and showed the same bimodal behavior as the

sulfate and ammonium in summer.

Ultrafine chemical composition was also studied by

Cabada et al. (2004) and showed a significant seasonal

change. Ultrafine (o100 nm) mass was about 0.6 mgm�3

during both summer and winter, making up less than

5% of the total PM2.5, but representing 90% of the

particle number concentration. The summer ultrafine

mass composition was 45% organic matter and 40%

salts of ammonium and sulfate. During winter, the

organics increased to 55% while the sum of ammonium

and sulfate decreased to 35%. This shift is probably

caused by higher summertime levels of photochemical

activity for oxidation of SO2, and increased wood

burning and vehicular organic contributions in winter-

time.

3.3. Temporal trends

While the aerosol size distributions (especially the

number distribution) can exhibit significant variability

on the sub-hourly, hourly, and even daily timescales, the
Fig. 3. Monthly patterns in (a) number, (b) surface, and (c) volum
monthly average distributions are relatively stable.

Figs. 3 and 4 show monthly trends in properties of the

size distributions for the low relative humidity and

ambient relative humidity instrument channels, respec-

tively. Fig. 3a shows the number mean diameter, surface

mode diameter, and volume mode diameter for each

month. The monthly averaged number mean diameter

was relatively constant, varying from 39 to 52 nm

without a consistent pattern. In contrast, the surface

area and volume mode diameters show a clear summer

maximum and winter minimum. This behavior is

consistent given the summer peak in aerosol volume

(and mass) in the Eastern United States. Fig. 3b shows

the absence of a clear seasonal trend in average particle

number in three different size ranges, while Fig. 3c shows

the strong summertime maximum in aerosol volume, with

summer values approximately twice winter levels.

Differences in the ambient and low relative humidity

distributions can be seen by comparing Figs. 3 and 4.

While there is negligible difference in ambient and low

relative humidity particles counts and number mean

diameter, there are significant increases in the surface

and volume integrals and mode diameters. For example,

the volume mode diameter during summer months (July

and August 2001 plus June 2002) was, on average
e distributions for low relative humidity size distributions.
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Fig. 4. Monthly patterns in (a) number, (b) surface, and (c) volume distributions for ambient relative humidity size distributions. The

DAASS operated in the low relative humidity mode only during September and October 2001.
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415 nm for the ambient channel and 332 nm for the low

relative humidity channel. The corresponding diameters

for winter were 286 nm for the ambient channel and

256 nm for the low relative humidity channel. This

corresponds to average water content of 38% (by

volume) in measured samples during summer and 23%

(by volume) during winter and average diameter growth

factors of 1.16 and 1.09, respectively. The average

ambient summer and winter relative humidities were

similar (around 60%) and therefore the difference in

water content is due primarily to seasonal differences in

aerosol chemistry. During summer, the higher fraction

of inorganic materials in PM2.5, the higher aerosol

acidity, and higher levels of water soluble organics

increased hygroscopicity and limited crystallization

(Khlystov et al., 2004b), leading to higher measured

aerosol water contents. These changes in the size

distribution due to water uptake need to be considered

for chemical and physical processes that rely on aerosol

surface area, volume, and chemical composition, includ-

ing visibility degradation and heterogeneous reactions.

The values reported here are difficult to compare to

other locations because there are no instances in the
literature where simultaneous long-term dried and

ambient size distributions are reported.

While seasonal trends were most apparent in the

aerosol volume distribution, strong diurnal trends were

observed in the aerosol number distribution. The diurnal

pattern of aerosol number, averaged over the entire

study, is shown in Fig. 5a. The solid line at the top of the

figure is the diurnal pattern for total aerosol number,

while the other lines in the figure show the diurnal

pattern for specific size classes of aerosols, ranging from

the nuclei mode (3–10 nm) up to part of the accumula-

tion mode (50–100 nm). Figs. 5b and c plot diurnal

patterns for specific types of days, rather than for the

average day of the entire study. Circled numbers refer to

specific diurnal features discussed below in the text.

Total aerosol number, on average, peaked at midday

(Fig. 5a—feature 1). Another feature apparent in the

grand average diurnal trend is the minimum in 3–20 nm

particles during the early morning, when their sources

are at a minimum (Fig. 5a—feature 2). Also apparent is

the drop in concentration of 50–100 nm particles from

dilution during the morning when the mixing height is

rapidly rising (Fig. 5a—feature 3).
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Fig. 5. Diurnal patterns in particle number (a) average of all study days, (b) average of all study days with regional nucleation, and (c)

average of all weekdays without significant nucleation, showing influence of traffic. Numbered circles refer to qualitative features

discussed in the text. The solid line at top of each profile is the total number, while the other lines are diurnal profile for specific size

classifications. The smallest bin plotted is from 3 to 10 nm while the largest bin plotted is from 50 to 100nm.
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Two of the most representative types of days, in terms

of diurnal aerosol size distribution behavior, were days

with in situ nucleation and days with a morning rush

hour (weekdays) but no apparent nucleation. The

former (regional nucleation) occurred on 30% of the

study days and the average diurnal profile of these days

is plotted in Fig. 5b. The latter (weekday without

nucleation) also occurred on approximately 30% of the

study days, and is plotted in Fig. 5c. Key features of the

nucleation diurnal profile include the midday peak in

nuclei mode (3–10 nm) particles (Fig. 5b—feature 4) as

well as the slow growth in the number of 50–100 nm

particles during the afternoon as the small particles

created earlier in the day grow to larger sizes by

coagulation and condensation (Fig. 5b—feature 5). An

important feature of the non-nucleation weekday profile

is the increase in particle number during the morning

rush hour (Fig. 5c—feature 6). This feature can also be

seen in the grand average diurnal profile (Fig. 5a) as a

shoulder peak a few hours before the maximum from

nucleation. Fig. 5c also shows that there is no afternoon

rush hour peak and no midday peak. The former is

because the afternoon rush hour is more spread out in

time than the morning rush hour, and the mixing height

is high during the late afternoon, diluting the emissions.

The latter is because the midday peak is primarily from

nucleation.

3.4. Rural Versus urban distributions

During February and March of 2003, an SMPS

system sampled size distributions at a rural site

(Florence, PA) 38 km upwind from the main sampling

site. This provided information on the contribution of

background aerosols, the spatial homogeneity of aerosol

processes (e.g. new particle formation from in situ

nucleation), and the difference between the ‘‘rural’’ and

‘‘urban’’ size distributions in the Pittsburgh area. For
the remainder of this work, the main site results will be

referred to as urban and the Florence site will be referred

to as rural. The average size distributions measured

during February and March (Fig. 6) show that number

concentrations were, on average, 2–3 times higher at the

urban site. Furthermore, the rural site had a larger mode

size (approximately 62 versus 32 nm at the urban site).

There was little difference in the number distributions

above 200 nm, consistent with the regional nature of

the fine PM in the area and the similar PM2.5 mass

concentrations measured at the two sites during the

study. The rural site was impacted by nucleation very

similarly to the urban site (Stanier et al., 2004b), but was

not impacted nearly as strongly by traffic. Therefore,

the diurnal patterns at the rural site were not as

pronounced.

3.5. Sources of particles

Nucleation and vehicle emissions were the most

important sources of particles impacting the main

(urban) sampling site. Fig. 7 shows the evolution of

the number size distribution on 2 consecutive days. The
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first day (10 August; top panel) does not exhibit

nucleation behavior, while the second day (11 August;

bottom panel) does. At 9 AM, there is significant new

particle formation on 11 August. The frequency,
Fig. 7. Evolution of particles size distributions on a day

without nucleation (10 August) and a day with nucleation (11

August). The plots show instrument response (dN=dlogDp with

units of cm�3) over all size channels. Light colors are highest

number concentrations and dark colors are the lowest number

concentrations. Contour lines drawn at dN=dlogDp values of

102, 103, 104, 104.5, and 105 cm�3.

0

2000

4000

6000

8000

0:00 2:00 4:00 6:00 8:00

Monday - Frid
ay

Saturday & Sunday

P
ar

tic
le

C
ou

nt
, 1

0-
20

 n
m

 (
cm

-3
)

Time of Day (EST)

Fig. 8. Traffic as a source of particles. Ten to twenty

nanometer particle count as function of time for weekends

and weekdays at the urban site.

Table 2

Comparison to other size distribution measurement campaigns

Location Number concentration (cm�

10–100 nm

Alkmaar, Netherlands 18,300

Erfurt, Germany 17,700

Helsinki, Finland 16,200

Pittsburgh, Urban 14,300

Pittsburgh, Rural 6500
intensity, meteorology, and possible chemistry of such

new particle formation has been analyzed (Stanier et al.,

2004b), showing that the nucleation events are asso-

ciated with photochemical sulfuric acid production and

occur on approximately 30% of the study days. The

same type of behavior has also been witnessed in

St. Louis (Shi, 2003).

The other major particle source impacting the urban

site is traffic. On weekdays, there was a pronounced

increase in particle concentrations for particles primarily

in the size range from 3 to 30 nm (Fig. 8) beginning at

approximately 04:00 EST. On weekends, the increase

was much smaller and later in the morning. A similar

analysis for daytime traffic is complicated by changes in

the mixing height and nucleation activity.

3.6. Comparison with other distribution measurements

It is useful to compare the PAQS size distribution

measurements to (a) other studies and (b) commonly

used ‘‘typical’’ or model size distributions (Whitby,

1978; Jaenicke, 1993). Comparison to the sampling

study of Ruuskanen et al. (2001) in three Northern

European cities shows very similar results for aerosol

number concentration (Table 2).

The comparison with model distributions of Whitby

and Jaenicke is shown in Fig. 9, with number distribu-

tions in Fig. 9a and volume distributions in Fig. 9b. The

model distributions used are Whitby’s ‘‘urban average’’

distribution (labeled C-W1), Whitby’s ‘‘average back-

ground’’ distribution (labeled C-W2), and Jaenicke’s

rural continental distribution (labeled C-J). Not shown

in the figure is Jaenicke’s urban distribution, which is

very similar to Whitby’s urban average distribution. The

most general conclusion is that none of the model

distributions fit either the urban or rural results from

this study well. The model urban size distributions have

an order of magnitude higher particle concentrations,

with a strong 15 nm mode not seen in the average

distributions from Pittsburgh. The model urban dis-

tributions are more appropriate for sites close to

(oapproximately 100m) to traffic or Los Angeles.

Based on these results, it is recommended that caution

be exercised in using model distributions.
3) Source

100–500nm

2120 Ruuskanen et al. (2001)

2270 Ruuskanen et al. (2001)

973 Ruuskanen et al. (2001)

2170 This work

1900 This work
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Fig. 9. Comparison of model size distributions to Pittsburgh size distributions on a (a) number basis and (b) volume basis. Model

distributions: C-W1 = Whitby (1978) urban average; C-W2 = Whitby (1978) average background; and C-J = Jaenicke (1993) rural

continental.
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4. Summary and conclusions

Twelve months of PM size distributions from the

PAQS were summarized. The average Pittsburgh num-

ber concentration (3–500 nm) is 22,000 cm�3 with an

average mode size of 40 nm. Seasonal patterns are not

very strong for aerosol number, but are clearly evident

for the aerosol volume distribution due to the summer-

time peak in aerosol mass concentrations. Strong

diurnal patterns in number concentrations are evident

as a direct effect of the sources of particles (atmospheric

nucleation, traffic, and other combustion sources).

New particle formation from homogeneous nucleation

is significant on the 30–50% of study days and

over a wide area (at least a hundred kilometers).

Rural number concentrations are a factor of 2–3

lower (on average) than the urban values. Number

concentrations are comparable to those found in similar

sampling studies in Northern Europe, and model

size distributions tested against the PAQS results

yield a poor fit between the sampled and model

distributions.

The urban and rural PM size distributions measured

during the PAQS form an excellent data set for further

research on particle sources, nucleation, and aerosol

processes. To date, they have been used to address

nucleation (Stanier et al., 2004b), aerosol water content

(Khlystov et al., 2004b), and source–receptor relation-

ships (Zhou et al., 2004).
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A Method for the In Situ Measurement of Fine Aerosol
Water Content of Ambient Aerosols: The Dry-Ambient
Aerosol Size Spectrometer (DAASS)
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Hygroscopic growth of atmospheric particles affects a number
of environmentally important aerosol properties. Due to the hys-
teresis exhibited by the aerosol hygroscopic growth, the physical
state of particles and the amount of aerosol water are uncertain
within a wide range of relative humidities (RHs) found in the tropo-
sphere, leading to uncertainties in optical and chemical properties
of the aerosol. Here we report the design and tests of an auto-
mated system that was built to assess the amount of aerosol water
at atmospheric conditions. The system consists of two scanning
mobility particle sizers (SMPS) and an aerodynamic particle sizer
(APS) that measure the aerosol size distribution between 3 nm and
10 µm in diameter. The inlets of the instruments and their sheath
air lines are equipped with computer-controlled valves that direct
air through Nafion dryers or bypass them. The Nafion dryers de-
hydrate the air streams to below 30% RH at which point ambient
particles are expected to lose most or all water. The switch between
the dried and the ambient conditions occurs every 7 min and is
synchronized with the scan times of the aerosol spectrometers. In
this way the system measures alternatively dried (below 30% RH)
and ambient aerosol size distributions. A comparison of the ambi-
ent RH and the dried RH size distributions and the corresponding
integrated volume concentrations provides a measure of the phys-
ical state of particles and the amount of aerosol water. The aerosol
water content can be treated as a growth factor or as an absolute
quantity and can be calculated as a time series or as a function of
RH (humidigram). When combined with aerosol composition mea-
surements, the DAASS can be used to compare hygroscopic growth
models and measurements.
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INTRODUCTION
The absorption of water by atmospheric aerosols with in-

creasing relative humidity (RH) influences their size, composi-
tion, lifetime, chemical reactivity, and light scattering. Water is
the most prevalent aerosol component at RHs above 80% and
is often a significant component at lower RHs (Hanel 1976).
Accordingly, hygroscopic growth is important in a number of
air pollution problems, including visibility impairment, climate
effects of aerosols, acid deposition, long-range transport, and
the ability of particles to penetrate into the human respiratory
system.

A number of laboratory investigations of water uptake by
model or smog chamber aerosols have been conducted. Lab-
oratory studies have used single-particle levitation (Tang and
Munkelwitz 1993; Chan 1992; Wagner et al. 1996) and hygro-
scopic tandem DMA (H-TDMA) (Rader and McMurry 1986)
to investigate water uptake, deliquescence, and crystalliation of
a number of inorganic compounds. More recently, these tech-
niques have been used to investigate hygroscopicity in organic
compounds and organic–inorganic mixtures (Xiong et al. 1998;
Virkulla et al. 1999; Cruz and Pandis 2000; Peng et al. 2001;
Cocker et al. 2001a, b; Brooks et al. 2002).

Most field studies of water uptake in ambient aerosols have
used a H-TDMA (McMurry and Stolzenberg 1989; Berg et al.
1998; Dick et al. 2000). Results of H-TDMA studies are re-
viewed by Cocker et al. (2001c) and typically classify particles
into more hygroscopic and less hygroscopic fractions, with the
number of fractions, relative size of fractions, and growth fac-
tors varying at different sites. Other techniques devised to mea-
sure water uptake include RH-conditioned nephelometry (Rood
1987; ten Brink et al. 2000; Day et al. 2000), filter analysis
by gravimetry (Vartiainen et al. 1994), filter analysis by chem-
ical analysis (Ohta et al. 1998), filter analysis by beta attenu-
ation (Speer et al. 1997), observation by Fourier transform in-
frared spectroscopy (Han and Martin 1999; Onasch et al. 1999;
Martin et al. 2001; Han et al. 2002), and in situ measurement of
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evaporated water (Lee and Hsu 1998). Kreisberg et al. (2001)
used an optical particle counter for in situ automated measure-
ment of dried, humidified, and ambient size distributions.

Several thermodynamic models have been developed that cal-
culate the water uptake of pure and mixed salts (see Ansari and
Pandis 1999 and references therein). Recently, these methods
have been extended to particles containing organic compounds
(Saxena and Hildemann 1997; Ansari and Pandis 2000; Clegg
et al. 2001; Ming and Russell 2002).

While this body of experimental, theoretical, and field re-
search has significantly advanced the understanding of water
uptake by aerosols, significant uncertainties remain. First,
there is a limited amount of information about the liquid wa-
ter content of “real” particles in the atmosphere. Second, many
aerosol compositions exhibit hysteresis in aerosol water con-
tent, potentially existing at more than one thermodynamically
stable state. Third, field data are required to validate and im-
prove models for mixed organic–inorganic–water models.
Finally, a method is needed for direct in situ measurement of
this important particulate matter component. Therefore, there
is a need for additional field measurements that focus on the
in situ aerosol water content, crystallization behavior, compari-
son with mass-based measurements, and the influence of organic
compounds.

This work describes a new field instrument, the dry-ambient
aerosol size spectrometer (DAASS), for the in situ measure-
ment of the atmospheric fine aerosol liquid water content. The
DAASS was designed and deployed during the Pittsburgh Air
Quality Study (PAQS), and its design, calibration, data reduction
procedure, and first results are reported in this work.

EXPERIMENTAL
The DAASS is an automated combination of aerosol-sizing

instruments that measures the dried (<30%) and ambient RH
aerosol number distribution. The aerosol water content is cal-
culated from the difference of the dried and ambient volume
distributions.

The design goals for the DAASS included:

• Measurement of the dried (<30% RH) aerosol size dis-
tribution from 3 nm–10 µm microns for several months
with a frequency of at least 4 times per hour.

• Measurement of the ambient aerosol water content up
to ambient RH levels of 90% RH and on a frequency
of at least once per hour.

• Automatic operation and data acquisition with minimal
maintenance for field deployment.

• Operation from −15◦C to 35◦C temperatures, and dew-
points up to 25◦C.

The DAASS includes three particle-sizing instruments with
associated supporting equipment, as shown in Figure 1. The
particle-sizing instruments include two scanning mobility par-
ticle sizers (SMPS) and one aerosol particle sizer (APS). The
SMPS instruments size particles from 3–80 nm (TSI 3936N25)

and 13–680 nm (TSI 3936L10), while the APS (TSI 3320) sizes
particles from 0.5–10 µm. These systems are referred to as the
Nano-SMPS, SMPS, and APS systems in this article. Two sepa-
rate RH controlled inlets served the aerosol-sizing instruments.
One inlet conditioned aerosols for the SMPS systems, while
a separate inlet conditioned aerosols for the APS. Supporting
these components are a dry air supply system and humidity-
conditioning systems for the sheath air flows of both SMPS
systems and the APS.

All components were housed in a weatherproof plywood en-
closure with a volume of 3.6 m3. To meet the goal of measuring
the ambient aerosol size distribution at ambient temperature and
RH without active temperature and RH control, the instruments,
particularly the differential mobility analyzer (DMA) columns,
needed be kept at ambient temperature. In the first set of tests,
all equipment, including the DMA columns, was placed inside
the enclosure, and temperatures were kept near ambient using a
large exhaust fan (∼35 m3 min−1). In spite of the large flow of
outside air, the DMA column temperatures were elevated about
4◦C relative to ambient and were therefore drying the ambient
samples. The ambient scans reached only approximately 80%
of the ambient RH (e.g., outdoor RH of 95% yielded an am-
bient channel RH of around 76%). To keep the DMA column
temperatures closer to ambient, the columns were moved to a
protected ledge just outside the enclosure while fans pulled am-
bient air over them. This configuration improved performance,
and the DMAs then achieved greater than 90% of ambient RH
(e.g., outdoor RH of 95% yielded an ambient channel RH of
greater than 86%). The effects of this mismatch are discussed in
the data reduction section below.

During winter, the enclosure was maintained at a minimum
temperature of 9◦C, which was required for the maintenance of
condenser and saturator temperature setpoints in the Condensa-
tion Particle Counters (CPCs). This did not significantly affect
the final sheath and aerosol relative humidities because the DMA
columns were outside the enclosure at (or close to) the outdoor
temperature. However, the aerosol flow did pass through this
heated enclosure, and the charger was located in the enclosed
section of the inlet. This caused the minimum RH encountered by
the aerosol flow and the RH (and therefore size) during charging
to be different from the final RH at the DMA column. In future
deployments of the DAASS, it is recommended that the entire
inlet be placed outside of the enclosure in a shaded, ventilated
area. The effects of this RH minimum are considered below in
the data-reduction section.

Drying of aerosol streams was accomplished using Nafion
membrane dryers (Permapure MD-110, Toms River, NJ, USA).
Single-tube dryers with stainless steel housings were selected
for drying aerosols rather than multitube dryers to limit losses
(Woo et al. 2001). For ambient RH measurements, the dryer
could be bypassed using automated valves. For the SMPS sys-
tem, three-way solenoid valves (Alcon U33-43-21-12, Itasca,
IL, USA) were used. For the APS inlet, flow selection between
the dried and ambient inlet was achieved using full-bore ball
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Figure 1. Flow diagram of DAASS. Aerosol streams are shown by dotted lines and other flows are indicated by solid lines.

valves (Swagelock SS-41S2-31DDM) with orifice diameters
that matched tubing inner diameters. Copper and stainless steel
tubing was used throughout to minimize particle losses.

The APS was modified slightly to allow for drying. With fac-
tory settings, the APS samples 5 liters per minute (LPM) and
then separates the flow into a 1 LPM aerosol flow and a 4 LPM
sheath flow. The sheath flow is filtered and returned in the time-
of-flight section of the instrument. In the DAASS system, the
dry-ambient inlet sampled 1 LPM and was connected directly
to the APS inner nozzle. Particle-free air was supplied at atmo-
spheric pressure directly to the APS sheath air inlet (Figure 1).
Depending on the sampling mode, this air was at ambient RH
or dried. The standard APS pump and flow control was used for
both the aerosol and sheath flows.

In the SMPS systems, the aerosol is assumed to equilibrate
with the sheath flow RH because of the 0.3–6 s exposure time
of aerosols to the sheath flow (this assumption is considered in
the data-reduction section). In the data analysis, it is the SMPS
sheath flow RH that is used to analyze particle size as a function
of RH. However, in the APS, the aerosol has a much shorter ex-
posure time to the sheath air (<10−4 s). In that case, the aerosol
is assumed to be equilibrated at the aerosol stream RH and un-
affected by the sheath RH.

Operation of the dry-ambient SMPS systems required three
flow configurations of DMA sheath air: dried, ambient, and vent.
The flow configurations for these modes are shown in Figure 2. In
dried and ambient modes, the sheath air ran in a closed loop and
passed through dryers or bypassed them, depending on the mode.
After the dried scans, the system was put in “vent” mode and the
sheath flow was switched to a once-through flow configuration.
Dry air was exhausted from the system and ambient RH air was
drawn into the system.

Drying of sheath air flows for the SMPS systems was accom-
plished using Nafion membrane dryers (Permapure PD-50T and
PD-200T). Multitube dryers were selected to accommodate the
flowrates, which were 3.2 and 7.0 LPM. These dryers were rated
to achieve dewpoints of −15◦C for incoming air at a 20◦C dew-
point using shell-side utility air supplied at a −40◦C dewpoint.
This system achieved RHs in sheath air of less than 15% during
the initial summer tests. However, during the winter tests, silica
gel desiccant was added to assist in the drying. The winter drop
in performance of the membrane dryers was partly due to prob-
lems in supplying −40◦C dew point utility air during winter,
and partly due to the need to reach lower dewpoints in winter
than in summer to achieve RHs below 30% at ambient temper-
atures. During the coldest periods of the study (−10◦C), DMA
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Figure 2. Dry, ambient, and vent configurations of the DAASS System. Dark flow paths labeled with “D” are only active during
the dried mode. Light-colored flow paths labeled with “A” are only active in the ambient sampling mode. The third flow configuration
is the venting of air from the sheath loops, shown in the lower righthand inset.

sheath air dewpoints of less than −32◦C were required. Figures 3
and 4 show examples of the RH cycling achieved in the field
for the SMPS systems and the APS, respectively. Two ambient
cycles and two dry cycles are shown. The SMPS sheath air re-
sponded quickly when the drying cycle started. The venting took
longer, and the RH decreased somewhat during the ambient RH
scans.

This slight mismatch in outdoor and SMPS ambient channel
sheath flow RHs (evident in Figure 3) occurred during the du-
ration of the PAQS. The mismatch was caused by insufficient
purging of dry air from the system during the vent mode, which
was limited by the strength of the standard sheath and bypass
blowers in the TSI 3080 DMA. In future DAASS deployments,
it is recommended that a supplemental vacuum be used to assist
in purging the system during the vent stage. Other explanations,
such as a leak at the three-way solenoid for the dryer bypass, and
a positive pressure leak from the sheath- to the tube-side of the
dryers, were ruled out. When the vent time was increased from
5 min to 8 min for a test in August 2001, the outdoor-ambient
water content mismatch decreased.

Raw particle count data from SMPS systems, temperatures,
and RHs were acquired using a PC that also controlled solenoid
valves responsible for selecting the operation mode (ambient,

dried, or vent). Figure 5 shows an example of dried and wet size
distributions measured during 1 h. During that hour, the DAASS
measured four dried size distributions at around 14% RH and 4
size distributions at 64% RH.

CALIBRATION AND TESTING
A number of characterization tests were performed in the lab-

oratory. Goals during the calibration and characterization stage
included inlet loss characterization, absolute sizing accuracy,
sizing precision between ambient and dried inlet paths, and siz-
ing precision when two instruments measured particles of the
same size.

The APS time-of-flight response was calibrated using
monodisperse aerosols prior to deployment in the field. This was
done using PSL spheres (Duke Scientific, Palo Alto, CA, USA)
at diameters equal to 600 nm, and 2.1 µm and with monodis-
perse ammonium sulfate aerosols with aerodynamic diameters
from 0.5 to 1.6 µm. Above 2.1 µm, the factory time-of-flight
calibration curve was used.

After the APS calibration, all three instruments of the DAASS
system were checked for sizing accuracy simultaneously with
monodisperse aerosols fed through a common inlet. PSL spheres
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Figure 3. Example of RH time series in the SMPS instruments in DAASS. The SMPS Aerosol RH is the air sample RH before
it enters the SMPS and is exposed to the sheath RH and further dried.

(Duke Scientific, Palo Alto, CA, USA) at diameters equal to
150 nm, 500 nm, 600 nm, and 2.1 µm were used.

The nano-SMPS system and SMPS system measurements
overlapped in the diameter range from 13–80 nm. The SMPS
and APS systems overlapped from 542–680 nm (mobility equiv-
alent size). Sizing precision between dried and ambient inlets,
and sizing from instrument to instrument in overlapping size

Figure 4. Example of RH time series for APS portion of DAASS.

ranges, were checked by sizing monodisperse ammonium sulfate
through a common inlet to the DAASS in 14 different size ranges
from 20–900 nm. Differences in particle sizing between instru-
ments and between ambient and drying inlet channels were less
than 3% across the entire size range. Size-dependent inlet losses
for the SMPS inlet were determined by measuring the differ-
ence in total particle counts across the DAASS inlet (including
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Figure 5. Dried and ambient number size distributions measured during the PAQS. Shown are one hour averages for 22:00–23:00
EST on 3 July 2001. Each of the distributions is the average of 4 ambient and 4 dried distributions.

the aerosol dryer, dryer bypass line, neutralizers, and aerosol RH
probe). Particle losses below 20 nm were estimated using empiri-
cal particle loss correlations from Willeke and Baron (1993). De-
fault manufacture-counting efficiencies were used for the CPC
3010 and CPC 3025.

The APS RH-conditioning inlet was designed for maximum
possible particle transmission by minimization of tubing re-
strictions and bends. An inlet transmission efficiency was cal-
culated accounting for turbulent inertial impaction to the in-
let tubing walls with enhanced depositions at restrictions and
bends (Willeke and Baron 1993). The calculated transmission
was nearly 100% for 0.5 µm particles and greater than 90%
through 2.5 µm, but it fell off to 85% transmission at 5 µm.

APS counting efficiencies from Leinert and Weidensohler
(2000) were used in data reduction and ranged from 58% for
512 nm, to 90% at 1 µm, to 100% at 1.33 µm. The APS 3320 is
known to suffer from false counts, or “ghost particles” in sizing
channels greater than 2.5 µm due to recirculation of small par-
ticles (Armendariz and Leith 2002). This behavior could clearly
be seen in the APS 3320 data, and the reported size distribu-
tions, especially the surface area and volume distributions, are
elevated, sometimes significantly, above 2.5 microns.

After all of these basic system characterizations were per-
formed, the DAASS was used to measure diameters of hydrated
and dried ammonium sulfate particles. This test was performed
at the PAQS central sampling site by filling a 2 m3 teflon bag
with polydisperse ammonium sulfate particles. The ammonium
sulfate was drawn from the Teflon bag, through a humidifier,

and into the DAASS system which sampled alternately at the el-
evated (hydrated) RH and a lower RH (<10% sheath RH). The
results of the test are shown in Figure 6, and they show reason-
able agreement with calculated ammonium sulfate growth data
(Ansari and Pandis 1999).

DATA REDUCTION: CALCULATION OF WATER
CONTENT FROM AEROSOL SIZE DISTRIBUTIONS

Merging of Separate Size Distributions
into One Size Distribution

The raw SMPS size distributions were inverted by the TSI
SMPS program (Version 3.2), and the APS distributions were in-
verted by the TSI Aerosol Instrument Manager program (Version
4.3). These inverted size distributions were then further corrected
for counting efficiencies and inlet losses using the approach out-
lined in the previous section. The three different instrument
distributions (nano-SMPS, SMPS, and APS) were merged to
form a single size distribution for each 7.5 min sampling in-
terval. Merging size distributions between the nano-SMPS and
SMPS instruments in the overlapping region of 13–80 nm was
accomplished by using nano-SMPS data up to 30 nm and then
SMPS data above 30 nm. This creates a potential discontinuity
in the merged size distribution at 30 nm. During most peri-
ods of operation, the agreement between the nano-SMPS and
SMPS in the overlap region was within 10%. However, when
the strength of local sources varied rapidly relative to the 5 min
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Figure 6. Theoretical (line) and measured (squares) growth factors for ammonium sulfate aerosol. Data for diameter growth
factors calculated from Ansari and Pandis (1999). Vamb and Vdry are the aerosol volumes measured by the DAASS system in the
ambient and dried configurations.

scan time, the agreement between the two instruments was not
good on a distribution-by-distribution comparison. During peri-
ods of highly variable particle size distributions, 1 h averaging
reduced but did not always eliminate the discontinuity in the size
distribution at 30 nm. This limits the use of the data taken during
these periods for applications that depend on the shape of the
number distribution between 20 and 40 nm. However, for appli-
cations using the aerosol volume distribution, the discontinuity
is not a serious issue.

Merging the SMPS and APS data was more involved due to
the inherent difference between the electrical mobility measured
by the SMPS and the aerodynamic diameter measured by the
APS. The procedure used is explained in detail in Khlystov et al.
(2004a). Briefly, an apparent density was selected to minimize
the difference between the SMPS and APS number distributions
in the overlap region. Thus, the shape of the APS distribution was
preserved, while the x axis of the APS-measured size distribution
was shifted to achieve a good fit with the SMPS-measured size
distribution.

Calculation of Aerosol Water Content
A number of related calculations can be performed with the

size distributions measured by the DAASS. The selection among
the data reduction methods depends on the application. De-
scribed below are calculations for (1) volume growth factors,
(2) PM2.5 water content, (3) efflorescence branch humidigrams,
and (4) mass growth factors. The first two calculations focus
on measuring aerosol water at ambient RH. The third examines
water content as a function of RH, and the last is necessary for

comparison of DAASS data to mass-based aerosol water corre-
lations and models. The first three calculations are performed
with data solely from the DAASS, while the fourth calculation
requires aerosol composition data.

As discussed in the experimental section, the ambient channel
RH was slightly lower than the outdoor RH. Therefore, for the
calculations presented below, it should be recognized that they
are calculated and reported as a function of the ambient channel
RH rather than the outdoor RH.

Calculation of Volume Growth Factor. Once the size distri-
butions are merged, hygroscopic growth factors are calculated
for pairs of ambient and dried size distributions using the volume
distributions and assuming a single, size-independent growth
factor GFVOL:

GFVOL = VRH2

VRH1
=

∫ DRH2

0 D3no
N,RH2(logD)d logD∫ DRH1

0 D3no
N,RH1(logD)d logD

, [1]

where D is the particle diameter, VRH2 and VRH1 are the aerosol
volume concentrations measured using the ambient (RH2) and
dried (RH1) inlets, no

N,RH2 and no
N,RH1 are the ambient and dried

aerosol size distributions, and DRH2 and DRH1 are appropriately
selected limits of integration. Figure 7 shows an example of
the relationship between hypothetical dried and ambient size
distributions (assuming a single size-independent growth fac-
tor) and the limits of integration. For this study, focusing on
the water content of the fine aerosol, an upper integration limit
DRH2 of 2.5 µm was used. This limit is analogous to the size
selection performed by the PM2.5 cyclone often employed in
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Figure 7. Illustration of the difference between dried and hydrated number and volume distributions. The figure shows a hypo-
thetical trimodal log-normal distribution being shifted by a size-independent growth factor. The volume growth factor calculated
in this study is the ratio of the volume integrals. The shifting of the upper volume integration limit with hygroscopic growth (Equa-
tion (2)) is shown by the difference between DRH2 and DRH1.

aerosol sampling. Using larger diameters was not possible due
to the ghost particle artifact in the APS 3320 volume distributions
(Armendariz and Leith 2002). The lower limit of integration is
theoretically zero, but any value where there is minimal aerosol
volume smaller than that size is acceptable. The integration lim-
its for the dried and ambient size distributions are related by the
volume (or diameter) growth factor, again assuming a single,
size-independent growth factor:

DRH2 = DRH1
3
√

GFVOL [2]

Equations (1) and (2) can be solved iteratively, given any pair of
size distributions to find a volume growth factor GFVOL that ac-
counts for the differences between the ambient and dried volume
distributions.

A brief discussion of the assumption of a single growth fac-
tor is instructive, as several H-TDMA investigations (Cocker
et al. 2001b and sources therein) have shown that urban aerosols
are usually externally mixed, with two or more populations of
aerosols with different hygroscopicities. What is calculated by
Equations (1) and (2) is approximately the volume-weighted

average growth factor of the various externally mixed aerosol
subpopulations. Interpretation of this growth factor (as a volume-
weighted average) is relatively straightforward unless the limit
of integration DRH2 is inappropriately selected and a significant
fraction of the particle volume lies above the limit. Simulations
with log-normal externally mixed aerosol modes of different hy-
groscopicities show that the growth factor calculated by Equa-
tions (1) and (2) may be biased low under this circumstance.
This error is expected to be small for the PAQS when an upper
integration limit of 2.5 µm is used, as most aerosol volume is
less than 2.5 µm, and coarse aerosols are expected to be less
hygroscopic than the accumulation mode.

As the dried and ambient aerosol distributions are not mea-
sured at the same time but are separated by some sampling inter-
val �t, steady increases or decreases in the aerosol volume will
lead to biases in the growth factor calculated by Equation (1).
This can be corrected for with the following correction factor β:

GF′
VOL = GFVOLβ = GFVOL

1

1 + V′
dry

Vdry
�t

[3]
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where �t is the amount of time by which the dried measure-
ments precede the ambient measurements and V ′

dry is the rate of
change of the dry aerosol volume with respect to time. In the
limits where the dried and ambient measurements are performed
simultaneously or the dry aerosol volume is stable with respect
to time, the correction factor β goes to unity. This factor was
usually between 0.97 and 1.03 for the PAQS.

As the DAASS method relies on the difference between two
aerosol size distributions measured at different times (about
7 min from the start of the ambient scan to the dried scan), vari-
ability in the underlying aerosol size distribution on a timescale
of shorter than a few minutes can lead to random error in water-
content calculations. Variability in the mean and average rate of
change of the dried volume for each hour is calculated and prop-
agated through the water content calculations as uncertainty in
the parameters GFVOL calculated in Equation (1) and β calcu-
lated in Equation (2). Calculated growth factors for four days
of sampling are shown in Figure 8. The time series shows that
growth factors are not a simple function of RH and that they can
change rapidly with changing meteorology and composition.

Calculation of PM2.5 Water Content at Ambient Channel RH.
Using the growth factor calculated above in Equation (1), the
aerosol water content can be estimated. The method uses only
data from the DAASS and relies on two assumptions: (1) wa-
ter is the only semivolative species causing a volume change;
and (2) volume additivity between aerosol water and nonvolatile
aerosol components. Applying these assumptions, we can write
Equation (4),

VH2O,RH2−RH1
∼= VRH2 − VRH1, [4]

where VH2O,RH2−RH1 is the volume of evaporated water from the
ambient (RH2) channel to the dried (RH1) channel. Combining

Figure 8. Sample results of volume growth factors as measured by the DAASS for 1 July to 4 July 2001. The RH trace is the RH
of the ambient channel. The RH of the dried samples was 18 ± 6%.

Equations (1) and (4),

VH2O,RH2−RH1 = (GFVOL − 1)VRH1, [5]

where the upper limit for integration of aerosol volume is 2.5 µm
for the ambient channel (DRH2) and the upper limit for inte-
gration of the dried distribution is given by Equation (2). If
we further assume minimal residual water content at the dried
RH, then VH2O,RH2−RH1 is equal to VH2O,RH2, or the amount of
aerosol water at ambient RH. Aerosol water contents for 1 July to
7 July 2001 calculated using this method are shown by the filled
squares in Figure 9b and as a fraction of total dried aerosol mass
in Figure 9d. These time series correspond to ambient chan-
nel RHs shown in Figure 9a. Figure 9 shows that the DAASS
system has good dynamic range in the aerosol water content
measurements, ranging from less than 1 µg/m3 of water up to
20–30 µg/m3 of water and from less than 5% of the dried aerosol
mass to around 100% of the dried aerosol mass. Furthermore, the
time response is excellent, with experimental system and data
reduction methods following rapid changes in aerosol volume,
aerosol water content, and hygroscopicity.

Calculation of Efflorescence Branch Humidigrams. Aerosol
water content is a function of RH, chemical composition, and
state of hydration (deliques cence branch or efflorescence
branch). When aerosol water content is a smooth function of
RH (e.g., moving on the efflorescence branch without crystal-
lization) growth factors as a function of RH can be fit to sim-
ple empirical functions. For significant periods of the PAQS,
growth factors were a smooth function of RH, with no appar-
ent deliquescence or crystallization behavior (Khlystov et al.
2004b). Therefore, groups of growth factors representing rela-
tively constant aerosol composition but with different RHs could
be fit to an empirical function such as that used by Dick et al.
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Figure 9. Example of aerosol water content measurement for a 7-day period. (a) ambient channel RH; (b) calculated mass
of aerosol water by the difference of ambient and dried volume (Equation (5)) and using an estimated mass growth factor
(Equation (10)); (c) PM2.5 measured by TEOM (circles and solid line) and using the DAASS measured volume and composition-
based density estimate (× symbols); and (d) ratio of measured water to the TEOM. As noted in the experimental section, these
samples are from the time period when the DMA columns were inside the enclosure, and the outdoor RH may be up to 20% higher
than the ambient channel value in the figure.

(2000):

V (RH)

Vdry
= 1 + (a + bRH + cRH2)

RH

1 − RH
, [6]

where a, b, and c are adjustable parameters. In conjunction with
DAASS-determined volume growth factors GFVOL, the param-

eters a, b, and c could be determined by regression:

GFVOL = 1 + (
a + bRH2 + cRH22

)
RH2

1−RH2

1 + (
a + bRH1 + cRH12

)
RH1

1−RH1

. [7]

Examples of the humidigrams calculated using groups of mea-
sured growth factors are shown in Figure 10. The difference in
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Figure 10. Example of humidigrams for two different days (5 and 7 July 2001). Points are measured hourly volume growth
factors, and lines are fits of the hourly data to Equation (7).

the humidigrams between these two time periods is probably
related to the aerosol chemistry, which contained more organic
matter (52 wt%) on 7 July than on 5 July (38 wt%).

In certain applications, it is necessary to calculate aerosol
water content at a specific RH. For example, DAASS data has
been used to help estimate residual aerosol water in filter-based
samples equilibrated at RHs from 15–35% (Rees et al. 2003).
The calculation of residual water is performed using Equation
(6), subject to the assumptions discussed above.

Calculation of the Mass Growth Factor. For comparison
of volume growth factors to models and correlations involving
mass growth factors, it can be useful to convert the DAASS-
measured volume growth factors to mass growth factors. To do
this we need to estimate the density of the aerosols as a func-
tion of RH using aerosol composition information from sources
other than the DAASS instrument. The equations involved in the
conversion from the volume to mass growth factor, and a simple
method for density estimation during the PAQS, are developed
below.

The volume and mass growth factors are related by Equation
(8),

GFMASS = GFVOL
ρRH2

ρRH1
, [8]

where ρRH2 and ρRH1 are the hydrated (RH2) and dried (RH1)
densities.

With this mass-based growth factor in hand, a mass-based
estimate of aerosol water content can be made and compared
to the volume-based calculation in Equation (5). The remainder
of this section first covers the aerosol water mass balance, and

then methods for aerosol density estimation for the PAQS are
developed.

This definition of the mass growth factor can be used to
write the aerosol mass balance (assuming water is the only
semivolatile species that partitions as RH changes). If Mdry is the
completely dehydrated aerosol mass, MH2O,RH2-RH1 is the water
released from the aerosol as it dries from ambient RH (RH2)
to the dried channel RH (RH1), and MH2O,RH1 is the residual
aerosol water at the dried RH (RH1), then

MRH2 = Mdry + MH2O,RH2−RH1 + MH2O,RH1

= (Mdry + MH2O,RH1)GFMASS, [9]

where ρRH2 and ρRH1 are the hydrated (RH2) and dried (RH1)
densities. MH2O,RH2−RH1 is the water released from the aerosol
as it dries from ambient RH (RH2) to the dried channel RH
(RH1). Conceptually, there are three possibilities for the behav-
ior of the aerosol water content as the aerosol is dehydrated. At
the low RH all particles are dry, or they all have some water, or
some of them lose water and some do not. The first case corre-
sponds to MH2O,RH1 equal to zero. The other two cases corre-
spond to nonzero values for MH2O,RH1. The DAASS instrument
gives the measurement of MH2O,RH2−RH1. Since RH1 is kept as
low as possible, MH2O,RH1 is expected to be small compared to
MH2O,RH2-RH1. Assuming MH2O,RH1 is negligible, MH2O,RH2 is
then given by Equation (10):

MH2O,RH2 ≈ Mdry(GFMASS − 1)

= Mdry

(
GFVOL

ρRH2

ρRH1
− 1

)
. [10]
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The density calculations assume that the aerosol is an internal
mixture consisting of inorganic matter, organic matter, and ele-
mental carbon fractions, each with a fixed characteristic density.
The dry density is calculated assuming volume additivity and
that MH2O,RH1 is negligible:

ρRH1 =
(

fOM

ρOM
+ fEC

ρEC
+ finorg,dry

ρinorg,dry

)−1

, [11]

where f refers to mass fraction: ρ to density; and the subscripts
OM, EC, and inorg, dry refer to organic matter, elemental car-
bon, and dry inorganic mass, respectively. The ambient humidity
density is estimated assuming the aerosol consists of three frac-
tions, a hydrated inorganic fraction, an elemental carbon fraction
(assumed not to take up any water), and an organic fraction (as-
sumed not to take up any aerosol water):

ρRH2 =
(

fOM

ρOM
+ fEC

ρEC
+ finorg,dry + fH2O,RH2

ρinorg,wet

)−1

, [12]

where ρinorg,wet refers to the density of the hydrated inorganics.
For this work the PM2.5 measured by a Tapered Element

Oscillating Microbalance (TEOM, Rupprecht & Patashnick,
Albany, NY) at 30◦C with a sample equilibration system (Meyer
et al. 2000) was used for Mdry. The mass measured by the instru-
ment was in good agreement with the federal reference method
for particulate mass during these tests (Rees et al. 2004). The
sample equilibration system is a semipermeable membrane dry-
ing inlet for the TEOM that conditions the aerosol sample at
30◦C and ∼15% RH. The organic matter mass used for cal-
culations in this study was 1.8 times the organic carbon (OC).
Elemental carbon (EC) and OC were measured by the thermal
optical method (Cabada et al. 2002). The 1.8 multiplier for car-
bonaceous mass is based on estimates of Turpin and Lim (2001).
Densities of 1.2, 1.6, and 1.77 g/cm−3 were assumed for organic
matter, elemental carbon aerosol, and dry inorganic aerosol, re-
spectively. The organic matter density is based on Turpin and
Lim (2001) and the dry inorganic mass corresponds to that of
ammonium sulfate, the dominant inorganic component in the
Pittsburgh area (Anderson et al. 2002). The elemental carbon
density is most uncertain, as recent measurements show great
variability in the effective density (0.2–1.6 g/cm3) of soot ag-
glomerates depending on formation conditions (Park et al. 2003
and references therein). However, because of the small contri-
bution of EC to the total aerosol concentration in Pittsburgh,
the specific value chosen has little effect on the volume to mass
growth factor conversion in this study. The 1.6 g/cm3 value used
in this work is at the upper end of effective densities measured by
Park et al. (2003) and at the lower end of the range for the physical
density of graphite (Perry et al. 1984). The carbonaceous fraction
is assumed to not take up any water in this work, and the hydrated
density for ammonium sulfate, calculated using empirical values
from Tang (1997), is used for the ambient RH inorganic density.

The main use of the Equations (8)–(12) is for comparison of
experimental (volume-based) growth factors with mass-based

growth factors from other sources (i.e., thermodynamic mod-
els). The comparison can be made on the basis of predicted ver-
sus measured aerosol water content or on the basis of predicted
versus measured growth factors. In both cases, Equations (8)–
(12) will be required to make the comparison. While this work
does not contain any mass-based water content measurements
or model predictions (see Khlystov et al. 2004b for model–
measurement comparisons), this type of calculation is demon-
strated by the open circles in Figure 9b, which are an estimate of
aerosol water content from Equation (10) based on the DAASS-
measured volume growth factors, estimates of aerosol density
using Equations (11) and (12), and the time series of Mdry mea-
sured independently of the DAASS system. The difference be-
tween the water content calculation by Equations (5) and (10)
can be attributed to (1) uncertainty in the density calculations,
composition, and organic mass multiplier; (2) violations of as-
sumptions such as nonhygroscopic organics and negligible water
content in the dried channel; and (3) drifts in the absolute accura-
cies of the various independent instruments that are involved in
making the volume-based aerosol calculations (SMPS & APS)
and the mass-based calculations (TEOM, OC/EC sampler, and
inorganic ions sampler). The mismatch is particularly evident
during 3 and 4 July. In light of these possible errors and uncer-
tainties, Equation (5) is recommended as a more robust estimate
of aerosol water content than Equation (10). A further demon-
stration of the connection between aerosol mass, aerosol volume,
and composition-based density estimates (all measured indepen-
dently) is shown by the comparison in Figure 9c of Mdry mea-
sured by two independent techniques. The TEOM mass mea-
surement is compared to the DAASS-estimated aerosol mass
calculated using the density formula in Equation (11).

Discussion of Some Sources of Error
The following errors are discussed in this section: (1) charg-

ing of the aerosol at different RHs than classification; (2) poten-
tial for crystallization during water due to heated zones of inlet;
and (3) differences in RH between the SMPS aerosol and sheath
flows.

Differences in RH between the bipolar aerosol charger,
aerosol flow entering the DMA, and DMA sheath flow can cause
changes in the physical state of the particles and errors in parti-
cle sizing and/or counting. First, the aerosol may be charged in
the bipolar charger while at a different RH (and therefore size)
than in the DMA. Second, heated zones of the inlet prior to the
classifier (which is at ambient temperature) may induce crystal-
lization of the aerosol. Finally, the difference in the aerosol and
sheath flows may cause a size change during size classification.
The implications of these errors are discussed below.

Parts of the aerosol inlet (including the bipolar charger) were
inside the enclosure, which was usually a few degrees warmer
than the DMA column, located outside the enclosure. This
caused the RH of the aerosol flow during ambient scans to go
through a minimum inside the enclosure, at the time of aerosol
charging. In winter, the enclosure (and bipolar charger) was
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Table 1
Estimates in growth factor bias due to charging under dryer

conditions than classification

Outside temperature
Outside RH

(%) 5◦C (%) 0◦C (%) (%) −5◦C

50 +3 +3 +3
70 +2 +6 +6
85 +4 +6 +10
92 +7 +10 +14

maintained at 9◦C, while outdoor temperatures dropped to ap-
proximately −5◦C. As a result of these two effects, in general the
aerosol charging was not at the same RH as the size classifica-
tion in the DMA. For hydrated particles, this means that aerosols
may be charged at one size and then classified at another, cre-
ating an error in the equilibrium charge distribution assumed
during the inversion of the raw SMPS data. This generally leads
to an underestimation in the particle number at sizes smaller
than about 200 nm, and an overestimation at sizes greater than
about 200 nm. The magnitude of this error was estimated using
the study average size distribution and an assumed composition
of 50% ammonium sulfate and 50% organics and other nonhy-
groscopic material. Volume growth factors are biased high by a
factor of 1.00 to 1.14, with the greatest effects at low temper-
atures and humid conditions. Our error estimates are shown in
Table 1.

The higher inlet temperatures compared to ambient caused
temporary drying of the ambient channel aerosol before it was
returned to ambient temperature for size classification. During
the coldest periods of the study, this drying effect could be impor-
tant. Therefore, the minimum RH experienced by the aerosol en
route to classification is calculated and reported with the PAQS
data to allow a more complete interpretation of the results.

Sheath-aerosol stream mismatch should not pose a problem
as the thermodynamic equilibration time is expected to be short
compared to the transit times in the DMAs (0.3 s and 6 s for
the N-SMPS and SMPS, respectively). Characteristic times for
equilibration of pure water droplets up to 1 micron in size under
the conditions in the SMPS should be of order 10−3 s. There
is evidence from laboratory studies that coatings of hydropho-
bic organics over salts (5–60 wt% organics) may hinder mass
transfer (Wagner et al. 1996; Xiong et al. 1998), although the
extension of these laboratory studies to atmospheric particles
has not been established. To test the assumption that the sheath-
aerosol RH mismatch did not significantly affect the results,
an experiment was performed in 2002 during the PAQS where
the SMPS aerosol was dried more thoroughly (∼20% RH) than
usual (∼50% RH) while the sheath RH was held at around 5%.
The organic fraction of the aerosol was between 30 and 50% on
the day of the experiment, and the outdoor RH was between 85
and 95%. No shift in the dried aerosol size distribution could

be detected due to the lower RH and increased time for mass
transfer at low RH.

SUMMARY AND CONCLUSION
A system has been constructed for the in situ measurement

of aerosol water content at atmospheric conditions. The system
relies on a combination of aerosol sizing instruments and sam-
ples the atmospheric aerosol at ambient temperature and at two
RHs. The DAASS measures the aerosol volume growth factor
(ratio of the ambient and dried aerosol volume concentrations)
and aerosol water content every 15 min. A variety of data re-
duction procedures were presented to convert the raw data to
growth factors and aerosol water content, and (when combined
with aerosol composition measurements) to facilitate compari-
son with mass-based growth factors from other sources. DAASS
operated for a year during the PAQS.

The system was tested with ammonium sulfate particles equi-
librated at different RHs, and its results were in good agreement
with the known hygroscopic properties of the particles. The pre-
liminary field results show good response to RH and dry particle
mass with the water concentration varying from almost zero to
more than 20 µg/m3 (0–50% of the hydrated particle mass).
The detailed measurements of water during PAQS and the com-
parison of these measurements with predictions of theoretical
models are discussed in detail in a companion article (Khlystov
et al. 2004b).
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Characterizing Physical Processes

Nucleation Events During the Pittsburgh Air Quality Study:
Description and Relation to Key Meteorological, Gas Phase,
and Aerosol Parameters
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During the Pittsburgh Air Quality Study (PAQS) aerosol size
distributions between 3 nm and 680 nm were measured between
July 2001 and June 2002. These distributions have been analyzed to
assess the importance of nucleation as a source of ultrafine particles
in Pittsburgh and the surrounding areas. The analysis shows nu-
cleation on 50% of the study days and regional-scale formation of
ultrafine particles on 30% of the days. Nucleation occurred during
all seasons, but it was most frequent in fall and spring and least fre-
quent in winter. Regional nucleation was most common on sunny
days with below average PM2.5 concentrations. Local nucleation
events were usually associated with elevated SO2 concentrations.
The observed nucleation events ranged from weak events with only
a slight increase in the particle number to relatively intense events
with increases of total particle counts between 50,000 cm−3 up to
150,000 cm−3. Averaging all days of the study, days with nucleation
events had number concentrations peaking at around noon at about
45,000 cm−3. This is compared to work days without nucleation,
when the daily maximum was 8 am at 23,000 cm−3, and to week-
ends without nucleation, when the daily maximum was at noon
at 16,000 cm−3. Twenty-four-hour average number concentrations
were approximately 40% higher on days with nucleation compared
to those without. Nucleation was typically observed starting around
9 am EST, although the start of nucleation events was later in win-
ter and earlier in summer. The nucleation events are fairly well
correlated with the product of [UV intensity ∗ SO2 concentration]
and also depend on the effective area available for condensation.
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This indicates that H2SO4 is a component of the new particles. Pub-
lished correlations for nucleation by binary H2SO4 H2O cannot
explain the observed nucleation frequency and intensity, suggesting
that an additional component (perhaps ammonia) is participating
in the particle formation.

INTRODUCTION
The creation of new particles by homogenous nucleation of

gas-phase atmospheric components is an important atmospheric
process. Together with primary particle emission, nucleation is
responsible for maintaining the number concentration of parti-
cles throughout the atmosphere. Nucleation affects climate and
visibility by changing the size distribution of airborne particles
(Charlson et al. 1987; Kulmala et al. 2000). The formation of
ultrafine particles and the condensation of secondary aerosol
components on them may impact human health, as ultrafine par-
ticles are likely to cause adverse health effects disproportionate
to their mass (Oberdoster et al. 1995; Schwartz et al. 1996; Peters
et al. 1997).

Until recently, nucleation was assumed to be limited to clean
areas of the atmosphere such as the free troposphere. However,
a number of recent studies at both rural and urban sites around
the world have reported frequent nucleation events (Allen et al.
1999; Harrison et al. 1999a, b; Harrison et al. 2001; Shi et al.
2001; Woo et al. 2001). Woo et al. (2001) found elevated levels of
3–10 nm particles in Atlanta, with highest frequencies in spring
and summer. Birmili et al. (2001) measured elevated ultrafine
concentrations in continental Germany in April as well. In both
the German and Atlanta studies, nucleation occurred around
midday with concentrations of NOx elevated prior to many of
the nucleation events and SO2 elevated during the events (Woo
et al. 2001).

Atmospheric homogeneous nucleation has been the subject
of many theoretical and experimental studies. It is recognized
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that there are two important steps to the production of new par-
ticles that can grow to detectable size (Zhang and Wexler 2002;
Kerminen 1999). The first step is the formation of an initial nu-
cleus, and the second step is the growth of the particles to larger
sizes. A number of mechanisms have been proposed as candi-
dates for the initial nucleus formation step based on observations
and theoretical considerations, including (1) homogeneous bi-
nary nucleation of sulfuric acid and water (Weber et al. 1999);
(2) homogeneous ternary nucleation of ammonia-water-sulfuric
acid (Eisele and McMurry 1997; Kulmala et al. 2001; O’Dowd
et al. 1999); (c) homogenous nucleation of low vapor pressure
organic compounds (O’Dowd et al. 2002); (d) ion-induced nu-
cleation (Kim et al. 2002). The second step in forming detectable
new particles, growth, is also uncertain. These particles can grow
by condensation of sulfuric acid or by self-coagulation. Both of
these processes are relatively inefficient, and additional growth
mechanisms have been proposed (Kerminen 1999). The limited
experimental evidence indicates a potential role for organic com-
pounds (Novakov and Penner 1993; Rivera-Carpio et al. 1996).
Recent work considers the potential for heterogenous reactions
of SO2 (Kerminen 1999) and organic compounds (Kerminen
1999; Jang and Kamens 2001; Zhang and Wexler 2002) to sig-
nificantly contribute to growth.

Steps toward a better understanding of tropospheric nucle-
ation include: (a) elucidation of the mechanism responsible for
the initial nuclei formation in different environments; (b) identi-
fication of the chemical compounds responsible for growth; (c)
determination of the geographic scope, frequency, strength, and
impact of tropospheric nucleation.

The goal of this work is to describe the nucleation events
observed during the Pittsburgh Air Quality Study (PAQS) from
July 2001 to June 2002. Analysis of the particle size distribu-
tions during this period shows over 100 days with nucleation
activity. The gas, aerosol phase concentrations, and meteoro-
logical conditions associated with nucleation in Pittsburgh are
also discussed.

Identification of initial nuclei and condensing species
chemistry is ongoing and will be discussed in a subsequent
article.

EXPERIMENTAL
All measurements were conducted as part of the PAQS, a mul-

tidisciplinary air pollution study designed to characterize fine
particulate matter around Pittsburgh, evaluate next-generation
aerosol monitoring instrumentation, elucidate source-receptor
relationships, and improve understanding of atmospheric pro-
cesses governing aerosol concentrations.

The bulk of the gas and particle measurements discussed
in this article were conducted at the main PAQS sampling lo-
cation in a park 5 km east (downwind) of downtown Pittsburgh
(Figure 1). Two SMPS systems (TSI 3936L10 and TSI
3936N25) were operated at this location continuously. These in-
struments measured the size distribution of particles from 3 nm

to 680 nm. The SMPS systems were a part of the dry-ambient
aerosol sizing system (DAASS) (Stanier et al. 2002) and were
specially configured to alternate between ambient RH samples
and dried samples. The differential mobility analyzers (DMAs)
and most of the inlet tubing were kept at near ambient tempera-
ture to avoid volatilization of aerosols. Portions of the inlet were
maintained at above 9◦C at all times because they shared an
enclosure with the condensation particle counters (CPCs). This
sampling location was 0.5 km from the nearest major city street
and 1.1 km from the nearest highway. A small coal-fired heat-
ing plant operated 0.8 km from the site. Its plume impacted the
sampling site occasionally but did not typically contain nuclei
mode particles.

Another SMPS system (TSI 3071/3010) was located 38 km
upwind from the main site in Florence, Pennsylvania during
part of winter and spring 2002. The SMPS was sampling dried
aerosol size distributions in the size range 12–280 nm. The data
from the rural site were used to asses the regional homogeneity
of the events.

Other instruments deployed as part of the PAQS and used to
understand nucleation in this work include: O3, SO2, NO2/NO,
and CO monitors, a tapered element oscillating microbalance
(TEOM), solar radiation, and met station. For PAQS, 10 min
averaged PM2.5 data were used from the TEOM. The TEOM
operated at 30◦C to minimize volatilization of nitrate and organic
compounds, and the sample equilibration system was used to dry
the aerosol stream prior to the mass measurement. The complete
list of instrumentation used to generate the data set for nucleation
events is listed in Table 1.

RESULTS AND DISCUSSION
Around 50% of the study days (July 2001 to June 2002) were

characterized by nucleation events. Of these, about 60% showed
a characteristic growth pattern from the nuclei mode to 30–
100 nm over the course of several hours. During the other 40%
of the nucleation events the sub-10 nm particles did not appear
to grow to larger sizes. The events varied in intensity from weak
increases in the ultrafine and nuclei mode particle counts to in-
tense events which increased the overall number concentration
from 10,000–20,000 per cm3 to over 100,000 per cm3 in a few
hours. As an example of the contrast between days with and with-
out nucleation, Figure 2 depicts the size distributions measured
during 10 August and 11 August 2001. Figures 2a and b show
evolution of the size distributions, while Figure 2c indicates the
integrated particle concentration. On 10 August there was no
detectable nucleation activity, while an intense nucleation event
was observed around 9 AM EST on 11 August, followed by rapid
growth of the particles to a size around 100 nm. Missing size dis-
tributions in Figure 2 correspond to maintenance of the particle-
sizing instruments in some cases, and data flagged as invalid in
other cases. Data was typically flagged invalid due to occasional
communication errors between the data acquisition system and
the particle-sizing instruments.
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Figure 1. Map of Pittsburgh (main urban site) and Florence (rural upwind site).

Classification of Events
The size distributions from the study were first analyzed to

determine the frequency of nucleation events. The analysis was
done by examining the evolution of size distributions on each day
of the study and various time series, including those of total num-
ber concentration, nuclei mode number concentration, aerosol
mass (TEOM), meteorological parameters, and gas phase con-
centrations of CO, NO, NO2, O3, and SO2.

The most important marker for nucleation was a significant
increase in the nuclei mode particle count, defined as particles
from the lower detection limit of 3 nm up to 10 nm, referred
to as N10 in this work. Once a significant increase in N10 was
seen in the particle count time series, additional characteristics
of the data were examined to rule out primary particle sources,
such as vehicular traffic, which also produce particles smaller
than 10 nm. Traffic was fairly easy to screen out, as it usu-
ally has a weaker signal than most nucleation events. Diurnally
averaged number concentrations during nucleation days and
nonnucleation weekdays and weekends are shown in Figure 3.
The mode of the traffic-related size distribution was consistently
15–20 nm, with most of the contribution to N10 between 6 and
10 nm. The traffic influence usually increased N10 from a back-

ground level of around 2,000 cm−3 to an early morning level of
7,500 cm−3 (Figure 3a). Finally, traffic was usually correlated
with NO and CO and independent of solar radiation.

Once vehicular traffic was ruled out as the cause of a particular
increase in N10, the event was classified as a “short-lived” event,
or a “regional” event following the approach by Shi (2003). Re-
gional events were characterized by an increase in N10 followed
by the growth of the nuclei mode to larger sizes, such as that
shown in Figure 2 for 11 August. These growth events, lasting
several hours, are called regional because throughout the day dif-
ferent air parcels are arriving at the site. If nucleation happened
at a given time but was confined to a small area close by the
site, the growing mode would disappear once air parcels began
arriving at the site from outside the nucleation zone. The other
group, classified as “short-lived” events, were characterized by
an increase and then a decrease in N10, but without the growth
of the nuclei mode to larger sizes. These increases in N10 were
often shorter than 1 h and correlated with SO2, indicating local
plumes. An example of a short-lived event is shown in Figure 4.

Alternately, a regional event interrupted by precipitation, sig-
nificant change in wind direction, or front would be classified
as a short-lived event.
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Table 1
Instruments used to examine nucleation events in this work

Measurement Instrument Notes

Main supersite sampling location, Schenley Park, Pittsburgh (urban site)—Sampled 7/1/01–9/30/02
Particle size distribution, 3–80 nm TSI 3085 DMA/TSI 3025A CPC 5 min upscan; 8 scans per hour
Particle size distribution, 13–680 nm TSI 3081 DMA/TSI 3010 CPC 5 min upscan; 8 scans per hour
Particle size distribution, 0.5–10 µm TSI 3320 APS Operated 7/1/01–10/26/01
Particle size distribution, 0.5–10 µm TSI 3321 APS Operated 5/26/02–9/30/02
PM2.5 mass R&P 1400A Running at 30◦C with sample

equilibration system
Ozone API 400A
NO & NOx API 200A
SO2 API 100A
CO API 300A
Wind speed MetOne 014A
Wind direction MetOne 024A
Precipitation MetOne 370
Temperature and RH Campbell HMP45C
Barometric pressure Campbell CS105
Downwelling broadband radiation Kipp & Zonen CM3 Pyranometer
Downwelling UV radiation Kipp & Zonen CUV3 UV

Pyranometer
Upwind sampling location, Florence, PA (rural site)

Particle size dstribution, 12 nm–280 nm TSI 3071 DMA & 3010 CPC Sampled 2/24/02–3/28/02

Regional nucleation events were further classified as “weak,”
“moderate,” and “strong,” depending on the net rate of increase
in N10 during the first hour of the event. The divisions were
as follows: dN10/dt < 4,000 cm−3 h−1 was classified as weak,
dN10/dt from 4,000–15,000 cm−3 h−1 was classified as moder-
ate, and dN10/dt > 15,000 cm−3 h−1 was classified as strong
nucleation. It should be noted that dN10/dt is not the nucleation
rate, typically defined as the number of nuclei clusters growing
larger than 1 nm. Rather, this is a rough measure of the intensity
of the event and also of its impact on the particle number and
size distribution in the region.

One final challenge in distinguishing nucleation from pri-
mary particle emission was the observation of growth events,
beginning with particles larger than 6 nm, rather than the ex-
pected situation of nucleation accompanied by particles down
to the instrument detection limit of 3 nm. In these cases, the
increase in N10 was rather modest and difficult to distinguish
from the increase in N10 associated with traffic. In all other re-
spects, the events look like the other nucleation events, including
an increase in N50 (number concentration of particles smaller
than 50 nm) significantly above levels seen on days without
nucleation and the characteristic growth of the new mode to 30–
100 nm in size. An explanation for these events is that nucleation
is occurring near the sampling site but not directly at the site,
and the particles travel to the site while growing and coagulating.
Another possible explanation is that these are primary particles
from vehicle emissions that are growing by condensation, and
that the increase in N50 is explained by an increased lifetime of

primary particles due to their larger sizes. Our results support the
former explanation for two reasons. First, the sources of primary
particles in the 10–20 nm size range are mainly vehicles in and
around the city of Pittsburgh. The size of the grown primary par-
ticles as sampled would depend on the source distance from the
site, the condensational growth rate, and the wind speed. Since
the sources are at a constant distance from the site, and the con-
densational growth rate varies with photochemical activity, one
would expect an initial increase in the size of the grown primary
particles, and then a decrease later in the day. Such behavior was
not observed. The second reason is that the observed increases in
N50 for stable wind directions are too rapid to be accounted for
by increased lifetimes of particles as they grow in size. There-
fore, these events have been classified as nucleation events.

Figure 5 shows the overall frequency of days with nucleation
activity from July 2001 to June 2002 according to the classifica-
tion scheme described above. The overall nucleation frequency,
counting all event types, was 53%, or 181 of 345 study days.
The regional nucleation events occurred during 31% of the study
days. Regional nucleation seemed to be more frequent during
the spring and fall, and less active in summer and winter. Table 2
summarizes key gas phase, meteorological, and aerosol variables
during strong, regional nucleation events.

Spatial Scale of Nucleation
The spatial scale of nucleation was investigated by operating

an SMPS in Florence, Pennsylvania (Figure 1) during parts of
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Figure 2. Evolution of particle size distributions and particle concentration on a day without nucleation (10 August) and a day
with nucleation (11 August). The top two plots show instrument response over all size channels. The bottom plot shows the
integrated particle concentration time series. Nucleation is apparent at 9 am EST on 11 August.

February and March of 2002. This site was 38 km to the west of
the main site. Although the lower limit of the size distributions
was at 10 nm, the growth portion of the nucleation events was
clearly evident and coincided in time well with the events at the
main site (Figure 6). On other days of the study, no nucleation
occurred at both sites. Of the 34 days of parallel sampling, all of
the stronger nucleation events except one happened at both sites
at nearly the same time. Only five days show qualitative dis-
agreement between the two sites, usually with weak nucleation
at one site but not the other.

Conditions Favorable to Nucleation
Nucleation occurred most frequently on sunny days with

below-average PM2.5 concentrations (Table 2). This often oc-
curred on days after the passage of a cold front through the
area with subsequent high pressure and clear skies. Although
this general pattern held, no simple relationship between sun-
light, preexisting aerosols, and nucleation was identified. During
summer, regional nucleation was mostly associated with light
northwesterly winds, while in fall and winter it was mostly as-
sociated with stronger southwesterly winds. During spring, the
wind direction for nucleation was highly variable.

The hypothesis that these events are due to sulfuric acid nucle-
ation was explored by correlating nucleation activity and H2SO4

production. This correlation, based on the ideas of Pirjola et al.
(1999) and Wexler et al. (1994), was developed to see how well
the observed nucleation events, both short-lived and regional,
could be explained in terms of condensation and nucleation of
H2SO4. As neither OH nor H2SO4(g) were measured during
PAQS, the product of ultraviolet light and SO2 was used as a
surrogate parameter for H2SO4 production. The condensational
sink, CS, was calculated from the measured size distribution at
near-ambient relative humidity using the formula

CS =
∫ 500 nm

3 nm
Dpβ(Dp)n(Dp)dDp, [1]

where β is the transitional correction factor (Fuchs and Sutugin
1970), Dp is particle diameter, and n(Dp) is the measured num-
ber size distribution. The condensational sink is only integrated
through 500 nm because the size distributions extending be-
yond this size are not available for all time periods of the study.
Therefore, this is a low estimate of the actual condensational
sink, especially when aged aerosols are sampled.
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Figure 3. Diurnal averaged number concentrations, July to November 2001. Error bars signify the 95% confidence interval on
the mean: (a) particles 3–10 nm, N10, and (b) particles smaller than 500 nm, N500.

Figure 4. Example of a short-lived nucleation event on 5 July 2001.
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Figure 5. Overall frequency of nucleation. Days are classified by the occurrence of nucleation activity. Weak, medium, and strong
refer to the rate of increase of N10 during the first hour of the event. dN10/dt < 4,000 cm−3 h−1 was classified as weak, dN10/dt
from 4,000–15,000 cm−3 h−1 was classified as moderate, and dN10/dt > 15,000 cm−3 h−1 was classified as strong nucleation.
Short-lived events refer to nucleation without growth to larger sizes.

The result of the correlation is shown in Figure 7. The panels
of Figure 7 can be divided into 2 qualitative regions. The upper
left portion of each figure (Region I), dominated by grey points,
is where nucleation is relatively rare, because the sulfuric acid
production is too slow, or there is too much area available for

Figure 6. Graphical representation of instrument response for two sites. The top plot shows results at an urban sampling location
in Pittsburgh, PA and the bottom graph shows results for the same time period from an upwind, rural site 40 km away. Nucleation
is apparent at around 10 am local time.

condensation. The second region is where the bulk of the black
points are, indicating conditions more favorable to nucleation.
As the UV * SO2 product increases and the condensational sink
decreases, the ratio of nucleation points (in black) to nonnucle-
ation points (in grey) increases. The nucleating conditions do
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Figure 7. Correlation showing UV * SO2 versus condensational sink for four different seasons. Condensational sink (y axis) is
plotted against the product of ultraviolet light intensity and SO2 concentration (x axis), a proxy for sulfuric acid production. Fifteen-
minute averaged values are plotted for all time periods of the study. The black symbols correspond to onset of nucleation. The grey
symbols correspond to periods when nucleation is not observed. The 45 degree line roughly divides each plot into two regions—the
upper left region I where nucleation is not generally observed, and the lower right region II where nucleation is more common.

not form a sharp line in this plot. While this is partly due to mea-
surement errors and difficulty in assigning a precise start time
to nucleation, it is probably mostly due to additional predic-
tive variables that are important to nucleation. During summer,
nucleation takes place at higher condensational sink values for
the same value of UV * SO2. Known variables that should be
important include temperature and relative humidity.

The nucleation measurements made during this study are
compared to model-based correlations of Pirjola et al. (1999) and
Wexler et al. (1994) in Figure 8. Condensational sink (y axis)
is plotted against the product of ultraviolet light intensity and
SO2 concentration (x axis), a proxy for sulfuric acid production.
These models were designed to predict the required H2SO4 pro-
duction rates for nucleation and growth by H2SO4 as a function
of condensational sink, relative humidity, and temperature. The
observed nucleation events are plotted as solid black circles,
while the black lines are the correlation-based thresholds for
H2SO4 nucleation, with nucleation expected to the right of the
lines and not expected to the left. These thresholds are calcu-

lated at representative ground-level RH and temperature values.
The lines are calculated using some assumptions, including (1)
a proportional relationship between UV and OH, with full sum-
mer sun of 36 Wm−2 UV corresponding to an OH concentration
of 107 molec cm−3; and (2) a SO2 deposition characteristic time
of 104 s (Wexler et al. 1994). With our assumed OH levels, both
of the correlations suggest that the ground-level conditions are
several orders of magnitude more polluted than those required
to induce binary nucleation and growth of fresh particles by
sulfuric acid.

Also plotted are grey points, which are model predictions
for the critical condensational sink level at OH, SO2, temper-
ature, and RH levels matching those of the specific nucleation
events. This provides a better comparison of models to obser-
vations, because a representative RH and temperature is not
needed. Each observation (black circle) is matched by 4 grey
points, at the same point on the x axis but with different con-
densational sink values. Grey points refer to the correlations of
Wexler et al. (1994) (triangles) and Pirjola et al. (1999) (squares).
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Figure 8. Comparisons of conditions during (a) summer and (b) winter nucleation to model-based correlations for sulfuric acid
particle formation from Pirjola et al. (1999) and Wexler et al. (1994). Condensational sink (y axis) is plotted against the product of
ultraviolet light intensity and SO2 concentration (x axis), a proxy for sulfuric acid production. Measured nucleation events (dark
circles) are found at the highest condensational sink values. Solid lines refer to correlation predictions for the nucleation threshold
at a representative ground-level RH and temperature (nucleation favored to the right of the lines, and not expected to the left).
Additional correlation predictions (grey data points) are plotted to see if data-model agreement improves when specific RH and
temperature values for each nucleation event are used in the models (triangles = Wexler et al. (1994); squares = Pirjola et al.
(1999)). Filled symbols refer to RH and temperature at ground level; unfilled symbols refer to estimated conditions at the top of
the boundary layer.

Filled grey symbols are calculated at ground-level meteorolog-
ical conditions, while open grey symbols are calculated at re-
duced temperatures and elevated RHs corresponding to the top
of the mixed layer. This is done to check if conditions at the top
of the mixed layer would be sufficient for sulfuric-acid–induced

Figure 9. Diurnal profile for inversion-related nucleation. Inversion-related nucleation events from July to November 2001 are
averaged. Boundary layer mixing height increases during the mornings, with decreases in PM2.5 and NO, increases in SO2 levels,
and nucleation activity.

nucleation. Key assumptions included constant vertical profiles
of dewpoint, OH, and SO2 in the mixed layer, summertime
afternoon mixing heights of 2000 m, wintertime afternoon mix-
ing heights of 800 m, and adiabatic cooling of air parcels at a
rate of 9.8◦C km−1. Using these assumptions, the gap between
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model predicted and observed condensational sink levels during
nucleation narrowed but did not close.

The conclusions that can be drawn from comparing the nu-
cleation models with the PAQS observations (Figure 8) are as
follows: (1) observed nucleation is occurring at significantly
higher levels of pre-existing aerosol surface area and/or lower
levels of sulfuric acid production than predicted by the models;
(2) this gap between models and observations is narrowed, but
not removed, when lower temperatures and higher RHs at the
top of the mixing layer are taken into account; and (3) the obser-
vations are not nearly as dependent on meteorology and sulfuric
acid production rate as the models are. These conclusions sug-
gest that additional factors, currently absent from the models,
such as ammonia chemistry or growth by organic compounds,
are involved in the nucleation events.

Many nucleation events were seen to coincide in time with the
breakup of the morning inversion. In Table 2, nucleation events
where this was especially prominent are noted in the inversion
column. Nucleation concurrent with inversion layer breakup is
most common in spring and fall. It is not common in winter,
possibly due to higher average wind speeds during nucleation
events. Figure 9 shows the average diurnal profile for regional
nucleation events associated with inversion breakup. The key
features of Figure 9 are the unusually high morning peak of
NO, significant decrease in PM2.5 during the morning, and an
increase in SO2 and NO decreases. This indicates the possibility
of nucleation occurring aloft in a SO2-enriched and low PM2.5

stable layer, followed by the mixing downward of the nuclei.

SUMMARY AND CONCLUSION
Continuous particle-size distribution measurements for one

year during the PAQS indicate a high frequency of nucleation
activity in the region, with nucleation occurring on about 50%
of days and regional nucleation events occurring on 30% of
days on average. Nucleation occurred during all seasons but was
most intense during spring and fall. The nucleation events are
more probable during bright sunny conditions with elevated SO2

concentrations and low pre-existing aerosol surface area. This
relationship was analyzed using a simple correlation of UV *
SO2 versus condensational sink and compared to existing corre-
lations for binary H2SO4-H2O nucleation. The correlation indi-
cated that nucleation occurs under higher aerosol loading condi-
tions and/or with lower H2SO4 production rates than expected.
A few events that did not follow the overall pattern appear to be
influenced by conditions that made classification of the events
problematic, such as a weak nucleation rate or a frontal passage.
The correlation between H2SO4 production and nucleation ac-
tivity provides strong evidence that sulfate plays a major role in
new particle formation in Western Pennsylvania. The difference
between the model-predicted and observed nucleation frequen-
cies indicates that additional compounds, such as ammonia or
organics, are possibly involved in the nuclei formation and/or
growth in addition to sulfuric acid.
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[1] This paper presents evidence that condensed-phase organic compounds are
significantly oxidized in regional air masses and in locations affected by regional
transport, especially during the summer. The core of the paper examines a large data set
of ambient organic aerosol concentrations for removal of reactive compounds relative to
less-reactive compounds. The approach allows visualization of both photochemistry and
mixing of emissions from multiple sources in order to differentiate between the two
phenomena. The focus is on hopanes and alkenoic acids, important markers for motor
vehicle and cooking emissions. Ambient data from Pittsburgh, PA and the Southeastern
United States contain evidence for significant photochemical oxidation of these
compounds in the summertime. There is a strong seasonal pattern in the ratio of different
hopanes to elemental carbon consistent with oxidation. In addition, measurements at rural
sites indicate that hopanes are severely depleted in the regional air mass during the
summer. Alkenoic acids also appear to be photochemically oxidized during the
summertime; however, the oxidation rate appears to be much slower than that inferred
from laboratory experiments. The significance of photochemistry is supported by
rudimentary calculations which indicate substantial oxidation by OH radicals and ozone
on a time scale of a few days or so, comparable to time scales for regional transport.
Oxidation is non-linear; therefore it represents a very substantial complication to linear
source apportionment techniques such as the Chemical Mass Balance model.

Citation: Robinson, A. L., N. M. Donahue, and W. F. Rogge (2006), Photochemical oxidation and changes in molecular composition

of organic aerosol in the regional context, J. Geophys. Res., 111, D03302, doi:10.1029/2005JD006265.

1. Introduction

[2] Organic matter is a major component of tropospheric
aerosol, contributing between 10 and 70% of the fine partic-
ulate mass [Jacobson et al., 2000; Turpin et al., 2000]. This
material consists of thousands of organic compounds, which
are either emitted directly from sources (primary organic
aerosol) or formed in the atmosphere from low vapor pressure
products of the oxidation of anthropogenic and biogenic
organic gases (secondary organic aerosol).
[3] There is no question that organic particulate matter is

bombarded with oxidants. In addition, collisions involving
OH radical or O3 appear to have a high probability of
leading to a reaction. This probability is at least 0.1 for OH
(measured as the overall accommodation coefficient or
reaction probability per collision) [Bertram et al., 2001].
In the case of ozone and unsaturated organics the odds are
less certain, as discussed below; however, the limits appear

to be 10�3 (measured on pure surfaces in the lab [Moise and
Rudich, 2000; Morris et al., 2002; Rudich, 2003; Smith et
al., 2002; Thornberry and Abbatt, 2004]) and 10�6 (the gas-
phase reaction probability). Recent evidence suggests that
organic aerosol may be significantly oxidized, even in urban
environments [Zhang et al., 2005].
[4] Oxidization alters the chemical composition and

physical properties of organic aerosol. Oxidation increases
the water solubility and number of polar functional groups
of organic aerosol making them more active as cloud
condensation nuclei, influencing regional precipitation pat-
terns and climate [Kotzick and Niessner, 1999; Lammel and
Novakov, 1995; Saxena et al., 1995; Weingartner et al.,
1997]. Changes in molecular-level composition due to
photochemical oxidation are also of interest. Individual
organic compounds are commonly used as markers for
sources of primary organic aerosol. For example, levoglu-
cosan is a marker for wood smoke [Schauer et al., 2001;
Simoneit et al., 1999] and hopanes are markers for vehicle
emissions [Rogge et al., 1993a; Schauer et al., 1999b,
2002c]. Using these and other compounds, researchers have
identified the relative contribution of sources such as
automobiles, diesel trucks, meat cooking, and wood smoke
to urban organic aerosol [Schauer and Cass, 2000; Schauer
et al., 2002a, 1996].
[5] The reduced organic compounds used as molecular

markers for source apportionment are assumed to be pho-
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tochemically stable under transport from source to receptor.
Schauer et al. [1996] and Rogge et al. [1996] evaluated the
stability of organic molecular markers by comparing emis-
sion inventories to measured ambient concentrations for the
Los Angeles region. Based on this work they classified
certain compounds as stable in the context of Los Angeles;
even species such as retene, benzo(a)pyrene, and oleic acid –
all of which have been shown to be at least moderately
reactive – passed the test. However, air pollution in the Los
Angeles basin is dominated by local emissions mixed with
fairly clean background air over relatively short transport
distances, while air quality in many other areas of the
country is dominated by regional transport. Transport
allows for more photochemical processing and mixes local
emissions with aged background air. Some of the com-
pounds classified as stable in Los Angeles appeared to have
undergone significant chemical processing downwind in
Rubidoux [Schauer et al., 1996]. The stability of com-
pounds used as source markers has not been evaluated
under conditions of regional transport. At a minimum,
photochemical oxidation will reduce the absolute concen-
tration of organic markers, lowering estimated source
strengths. If oxidation rates are species dependent, ratios
between molecular markers will not be conserved. This
would significantly alter the relative contribution of differ-
ent sources predicted by linear source inversions [Li and
Kamens, 1993].
[6] Relatively little is known about changes in molecular-

level composition due to photochemical oxidation of
organic aerosols. Significant research has examined poly-
cyclic aromatic hydrocarbons (PAH), which are particularly
reactive in the atmosphere [Finlayson-Pitts and Pitts, 2000;
Kamens et al., 1988; Nielsen, 1988; Schauer et al., 2003].
More recently, laboratory experiments have examined the
uptake of oxidants (O3 and OH) on carefully prepared
organic surfaces or single-component particles [Bertram et
al., 2001; de Gouw and Lovejoy, 1998; Moise and Rudich,
2000; Smith et al., 2002; Thomas et al., 2001]. However,
significant discrepancies exist between fundamental labora-
tory measurements made on pure compounds and atmo-
spheric observations. For example, a number of groups have
measured the O3 uptake of pure oleic acid; the oleic acid
lifetime derived from these measurements is on the order of
minutes under polluted conditions [Morris et al., 2002;
Worsnop et al., 2002]. Comparisons of measurements with
model predictions in Los Angeles suggest that oleic acid is
oxidized in the atmosphere [Rogge et al., 1996], but
substantial levels of oleic acid are commonly observed in
urban environments, indicating that the oxidation of oleic
acid in atmospheric particles is orders of magnitude slower
than measurements made on pure surfaces in the laboratory.
Clearly the complexity of real organic aerosols has signif-
icant effects on oxidation rates.
[7] This paper presents evidence that photochemical

oxidation significantly alters the molecular-level composi-
tion of organic aerosol in the eastern United States, and by
extension other areas affected by regional transport. First,
basic calculations of the oxidation lifetime as a function of
particle size are compared to the age of an aerosol particle in
a regional air mass. Next, we present a methodology to
examine ambient data for evidence of photochemical oxi-
dation by comparing concentration ratios of condensed-

phase organic species. These techniques are applied to large
data set of ambient organic PM2.5 recently developed as part
of the Pittsburgh Air Quality Study (A. Bernardo-Bricker et
al., manuscript in preparation, 2006). The analysis focuses
on hopanes and alkenoic acids, important molecular
markers for motor vehicle and cooking emissions, respec-
tively. The paper concludes with a discussion of the
potential effects of photochemical aging on source appor-
tionment analysis.

2. Timescales for Photochemical Oxidation

[8] To gauge the atmospheric significance of photochem-
ical oxidation, we must compare the timescale for oxidation
to the average atmospheric age of an aerosol particle. The
average particle age will vary with location. For regions
with meso-scale pollution transport such as the eastern
United States, radioactive tracer measurements indicate an
apparent atmospheric residence time for fine aerosols of
order 10 days [Gaffney et al., 2004].
[9] The oxidation timescale of an organic aerosol depends

on the oxidation rate. Oxidation in a complex condensed
phase can be broken up into two components: first, whether
the oxidant is taken up by the aerosol and reacts with
something, and second, which compound the oxidant reacts
with. It is important to separate these because one controls
the absolute rate of oxidation and the other the relative
behavior of different compounds. In this section, we esti-
mate oxidant uptake and the mass-average lifetime of
reduced material in a particle, and then discuss issues
associated with non-uniformity in that particle.
[10] To estimate the oxidation time scale associated with

the OH radical and ozone, we consider a model particle
comprising a single hydrocarbon; for OH oxidation we
consider n-eicosane, and for ozone oxidation we consider
oleic (q-octadecenoic) acid. We expect oxidation by OH
radicals to dominate the aging of organic particles because
the vast majority of the identified organic mass is saturated
[Rogge et al., 1993d]. However, olefinic compounds are
present in ambient aerosol as well, and some, such as oleic
acid and cholesterol, are important markers for different
sources. These unsaturated compounds may well be oxi-
dized primarily by ozone.
[11] Inorder to calculate the oxidation timescale,weneed to

know the rate of oxidant uptake and the number of molecules
in a typical particle. The flux of oxidant into the particle of
radius r is [Hanson et al., 1994;Worsnop et al., 2002]

f oxð Þ ¼ gpCsr2 ð1Þ

where C is the oxidant concentration and s is the oxidant
speed, both in the gas phase. This neglects Knudsen-number
dependent gas-phase diffusion limitations, which are only
important for smaller particles [Worsnop et al., 2002]. This
must then be balanced by consumption of reagent in the
particles. The number of molecules in a homogeneous
spherical particle of radius r is

N ¼ 4

3
pr3

rNa
M

ð2Þ

where r is the particle density (assumed to be 1 g cm�3) and
M is the reagent molecular weight (for a C20 chain of
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methylenes M = 280 g/Mole). By simple mass balance, the
oxidation timescale is

t ¼ N

f
¼ 4

3
r
rNa
MgCs

ð3Þ

In this time t the total number of oxidation events will equal
the initial number of molecules in the particle; i.e., each
molecule in the particle has been oxidized once.
[12] Equation (3) indicates that the oxidation time scale

increases linearly with particle size. Organic carbon exists in
particles with sizes less than 100 nm to more than 1 mm,
depending on the source and the extent of atmospheric
processing. As a reference, Figure 1 shows the average
organic carbon size distribution measured in Pittsburgh, PA;
a location significantly influenced by regional transport
[Cabada et al., 2004]. The mass median diameter of this
organic material is around 0.4 mm.

2.1. OH Radical

[13] Estimates of t for oxidation by OH are shown in
Figure 1 as a function of particle size for two uptake
coefficients, 0.1 and 0.9, that span the range measured in
the laboratory [Bertram et al., 2001]. These calculations use
an OH concentration of 3 � 106 cm�3, which is represen-
tative of daytime conditions during the summer [Bloss et al.,
2005; Heard and Pilling, 2003].
[14] Figure 1 indicates that particles in the size range

between 100 and 1000 nm have OH oxidation timescales
between 1 and 10 days. Therefore, based purely on a mass-

balance timescale, we expect significant oxidation due to
OH attack for particles in a regional air mass during the
summer. During the winter, OH levels are 3–5 times lower
than during the summer [Bloss et al., 2005], and so we
anticipate mild wintertime oxidation, reaching at most the
lower bound for summertime OH oxidation shown in Figure
1 (line labeled 0.1).
[15] While this simple calculation shows that we expect

oxidation, the oxidation timescale is on par with other
processes such as transport, deposition, and growth. This
complicates interpretation of Figure 1 because changing the
oxidation timescale by a factor of two either for the bulk
particle or individual compounds could have a dramatic
effect on their observed behavior. Now we shall explore
some assumptions that affect our simple oxidation timescale
calculation.
[16] We have assumed that the uptake coefficient (g) for

OH will not change during oxidation. This is one of two
possible assumptions; the other being that g evolves as
condensed-phase reagents are consumed. Assuming that the
OH uptake remains constant during oxidation seems appro-
priate given the large number of CH2 groups in typical
condensed-phase organic compounds. For example, the
model target compound is a C20 alkane (n-eicosane), and
until at least 4 carbons are oxidized it is difficult to believe
that any extreme substituent effects will radically alter the
rate constants or oxidant uptake. However, the reacto-
diffusive length consistent with these assumptions is of
order 1 nm [Hanson et al., 1994]. Consequently, the
oxidation will be confined to an outer shell containing less
than 10% of the particle mass. The compounds in this layer
may be multiply oxidized quite rapidly, fresh reagents may
diffuse into this layer, or products of oxidation may vola-
tilize to expose fresh reagent [Moise and Rudich, 2001;
Molina et al., 2004].
[17] An important consideration may be the internal

structure of a particle. For example, are primary organic
particles coated by secondary inorganic species that inhibit
oxidant uptake shielding the material in the particle core?
Almost nothing is known about the in situ structure of
ambient particles: the limited available data are for mate-
rial collected on substrates which could significantly alter
the particle structure [Maria et al., 2004]. However,
laboratory experiments indicate that it is difficult to create
coatings that act as effective shields [Cruz and Pandis,
1998].
[18] Concentration gradients are observed in ambient par-

ticles collected on substrates, with evidence that carbonyl-
containing compounds favor the particle edges [Maria et al.,
2004]. Particles may be inhomogeneous either because of
kinetic (slow diffusion) or thermodynamic constraints. The
standard diffusion timescale is t = r2/D, where r is the
particle radius and D is the diffusion constant. We could not
find published diffusivities for large organic molecules in
realistic substrates, but one can estimate a bound for which
transport limitations become significant. The relevant time
and length scales are of order 1 day and 1 mm; therefore
diffusivities would need to be smaller than 10�13 cm2 s�1

to sustain concentration gradients within a particle. Teflon
(FEP and TFE) permeation devices with �1-mm thick
walls typically equilibrate within 1 day for compounds at
least as large as monoterpenes, nicotine, trimethyl benzene

Figure 1. Oxidation lifetime as a function of particle size
calculated using equation (3). OH calculations are for a
single component particle of C20 alkanes, assuming [OH] =
3 � 106 molecules/cm3. O3 calculations are for a single
component particle of oleic acid (C18), assuming 50 ppbv
O3. Numbers indicate uptake coefficient, g, for each
calculation. The horizontal lines at 1 and 10 days indicate
the range of expected ages in a regional air mass. Also
shown is the average organic carbon size distribution
measured in Pittsburgh, PA [Cabada et al., 2004].
Compounds in particles with sizes between 100 nm and
1 mm size range may have oxidation lifetimes comparable to
time scales associated with regional transport.
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and the like (Kin Tek literature), which yields diffusion
coefficients of order 10�8 cm2 s�1. To the extent Teflon is a
reasonable model for an oligomeric organic aerosol, organ-
ics within this matrix should diffuse through 1 mm on a time
scale of seconds. If mass transfer limitations are not
sustaining these gradients, then these oxidation products
must have a higher surface affinity than the compounds
initially present in the particles.
[19] Although there are significant uncertainties in esti-

mating oxidation time scales, we can conclude that sub-
stantial summertime oxidation of condensed-phase organics
by OH radicals is plausible. The extent of oxidation is likely
sufficient for at least one, and probably several, oxidation
events per organic molecule present in each particle. Sur-
face-specific compounds may bear the brunt of this bom-
bardment, but it may also extend to most of the organic
mass contained in each particle.

2.2. Ozone

[20] Oxidation by ozone is more of a puzzle. In the gas
phase, reactions occur every one in ten thousand to ten
million collisions of ozone with an alkene. Fundamental
laboratory studies on ozone uptake suggest substantially
enhanced condensed-phase reactivity [Moise and Rudich,
2000; Morris et al., 2002; Rudich, 2003; Smith et al., 2002;
Thornberry and Abbatt, 2004]. For example, the uptake
coefficient of ozone on pure oleic acid is about 10�3, nearly
1000 times the gas-phase reaction probability (a rate con-
stant of 10�16 cm3/(molec sec) corresponds to a reaction
probability of 10�6). There is a great deal of ozone in the
atmosphere, so if the laboratory results apply to atmospheric
conditions, unsaturated organics in the condensed phase
would not survive long.
[21] Using the expressions developed above, we can

calculate a mean timescale for ozone oxidation of a pure
oleic acid particle (C18). We assume summertime condi-
tions with a mean O3 mixing ratio of 50 ppbv. Estimates are
shown in Figure 1 for two uptake coefficients: 10�6, in line
with the gas-phase reaction probability, and 10�3, consistent
with laboratory experiments on pure surfaces. The smaller
uptake coefficient results in ozone oxidation of unsaturated
organics on a similar timescale to OH oxidation of saturated
organics. As has been pointed out by others [Worsnop et al.,
2002], the larger uptake coefficient leads to exceedingly
short lifetimes. Therefore, Figure 1 supports the hypothesis
that significant ozonolysis occurs on time scales commen-
surate with regional transport.
[22] Ozone uptake by organic particles is likely to be

much more sensitive to conditions than OH radicals. We
argued above that the OH uptake coefficient is likely to
remain high and the reacto-diffusive length small through-
out the particle lifetime. However, given the small fraction
of olefins in ambient aerosol, ozone may well diffuse
entirely through the particles. Under these conditions (Wor-
snop case 3 [Worsnop et al., 2002]), the uptake coefficient is
sensitive to the bulk solubility of ozone, which is likely to
change with particle composition (organic polarity, total
acidity, etc). It is far less likely that compounds will be able
to ‘hide’ behind some protective surface layer, but the
absolute uptake rates must be regarded as highly uncertain.
Of course, all organics vulnerable to oxidation by ozone
will also be subject to oxidation by OH, though the sheer

number of saturated carbons on alkenes such as oleic acid
means that the OH is more likely to engage in H-abstraction
than it is to add to the double bond.

3. Photochemical Aging and Ratio-Ratio Plots

[23] To find evidence of oxidation in speciated obser-
vations, one must observe either the removal of reactive
compounds, relative to less reactive compounds, or the
emergence of products. Little is known about potential
reaction products so we focus on relative removal. This
section presents a methodology to examine ambient data
for evidence of photochemical oxidation by comparing
concentration ratios of condensed-phase organic species.
The basic approach has been widely applied to gas
phase hydrocarbon data to estimate photochemical
age and oxidant concentrations [Blake et al., 1993;
Calvert, 1976; McKeen and Liu, 1993; McKeen et al.,
1996; McKenna et al., 1995; Parrish et al., 1992; Roberts
et al., 1984].
[24] The central idea is that at the point of emission there

are characteristic ratios between different compounds, but
that these ratios change with distance downwind due to
photochemical processing as more reactive compounds are
preferentially oxidized. A complication is that mixing of
emissions with background air can also influence ambient
concentration ratios. One must separate the effects of
mixing from oxidation in order to calculate photochemical
age; however, our objective is to find evidence of oxidation
in the ambient data, not to calculate quantitatively the
photochemical age. This requires viewing the ambient data
from a slightly different perspective. As emissions are
transported downwind from a source, photochemistry
affects concentration ratios in two ways: directly, by oxi-
dizing the emissions from the source; and indirectly, by
previously oxidizing the background air that is mixed with
the emissions. Therefore, we seek to differentiate these two
phenomena from the mixing of emissions from different sets
of sources that emit the same compounds but in different
concentration ratios (source-source mixing). Differentiating
source-source mixing from photochemistry is a much easier
task then calculating photochemical age.
[25] The core of our technique is to create ratio-ratio plots

using ambient concentrations of three species. One com-
pound is selected as a reference to normalize the concen-
trations of the other two species. In order to interpret these
plots one must understand the effects of mixing and
chemistry on the organization of ambient data in a ratio-
ratio plot. To help develop this understanding, Figure 2
shows a set of ratio-ratio plots that present different mixing
and/or aging scenarios involving three compounds (a, b, and
c) that are emitted by one, two, or three different sources.
The ratios plotted in Figure 2 are calculated using the
equations developed below, three synthetic source profiles
(S1, S2, and S3), and specified kinetic rate constants for each
species. The ratio-ratio method is also a powerful tool
for visualizing the source apportionment problem (A. L.
Robinson et al., Methodology for selecting source profiles
for chemical mass balance modeling using organic molecu-
lar markers, submitted to Environmental Science and
Technology, 2005) (hereinafter referred to as Robinson et
al., submitted manuscript, 2005).
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[26] We first consider ratios of ambient concentrations for
three non-reactive compounds emitted from a single source.
Downwind from the source, the concentration of the emis-
sions is reduced by atmospheric mixing and deposition,

Ca ¼ S1 tð Þa1 ð4Þ

where S1(t) is the time varying concentration of the
emissions from source S1 at the receptor site, and a1 is the
fractional abundance of species a in emissions from S1.
Ambient concentration ratios of three non-reactive species
(a, b, and c) emitted by a single source appear as a point on
a ratio-ratio plot,

Ca

Cc

¼ S1 tð Þa1
S1 tð Þc1

¼ a1

c1
¼ fixed

Cb

Cc

¼ S1 tð Þb1
S1 tð Þc1

¼ b1

c1
¼ fixed

ð5Þ

This assumes that the effects of time-varying emission rates,
transport, and deposition described by S1(t) are not species
dependent. This is true for condensed species present in
internally mixed particles, but likely not valid for mixed-
phase ratios of particle and gas phase species which have
different deposition rates. Equation (5) applies to both

emissions from a single source and a spatially distributed set
of sources, as long as this set of sources emit compounds a,
b and c in the same ratios. We refer to this set of sources as a
source class.
[27] Both oxidation and source-source mixing can alter

the concentration ratios as emissions are transported down-
wind from a source. We first develop the simplest case,
oxidation of emissions from a single source. Under the
assumption that the species react with a common oxidant
via a bimolecular reaction, ambient concentrations vary as,

Ca ¼ S1 tð Þa1 exp �kaCoxtð Þ ð6Þ

where ka is the oxidation rate constant for species a, and Cox

is the oxidant concentration. Combining similar expressions
for compounds b and c, parametric expressions for the ratio-
ratio pair are

ln
Ca

Cc

� �
¼ ln

a1

c1

� �
� ka � kcð ÞCoxt

ð7Þ

ln
Cb

Cc

� �
¼ ln

b1

c1

� �
� kb � kcð ÞCoxt

where the natural logarithm of the ratios varies linearly with
the net oxidant exposure (Cox t) or photochemical age of the

Figure 2. Ratio-ratio plot constructed from synthetic data for three compounds A, B, and C with C used
as the reference. The solid circles indicate source profiles. (a) Emissions from a single source (S1):
ambient ratios of non-reactive compounds will fall on point S1 while ambient ratios of reactive species
will distribute along the aging line. (b) Oxidation and mixing of fresh (S1) and aged emissions (SB) from
the same source: mixing of fresh and aged emissions is difficult to distinguish from the aging line.
(c) Source-source mixing of emissions from two sources (S1 and S2): ambient concentrations of
non-reactive compounds will fall on the dashed mixing line. (d) Source-source mixing of emissions from
3 sources (S1, S2 and S3): ambient concentrations of non-reactive compounds will fall inside the grey
shaded region bound by the dashed source-source mixing lines. Note that linear mixing lines often
appear curved on log-log plots.
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emissions. The slope of this relationship is defined by the
rate constants and the intercept by the species concentration
ratio at the point of emissions.
[28] Figure 2a illustrates how ambient concentrations of

reactive compounds emitted by a single source organize
on a ratio-ratio plot. To avoid singularities the least
reactive species is used as the reference compound (e.g.
ka and kb > kc). The point labeled S1 indicates fresh
emissions. Oxidation reduces ambient concentration ratios
along an aging line that emanates from S1. The length of
this line increases with photochemical age. Since the least
reactive species is used as the reference compound the
aging line will appear as a diagonal with the source
located in the upper right hand quadrant of the ratio-ratio
plot. The slope of the aging line is defined by the rate
constants of the different species,

@ ln y

@ ln x
¼ ka � kcð Þ

kb � kcð Þ : ð8Þ

[29] In developing this set of equations, we have assumed
that reagent concentrations change in an exponential fash-
ion – equation (6). This is true if Cox is the local oxidant
concentration inside a particle, but is not necessarily true if
one considers the spatially averaged oxidant concentration
[Donahue et al., 2005]. For example, mass transfer limi-
tations can cause condensed phase concentrations to vary
parabolically and not exponentially with gas phase oxidant
concentrations [Smith et al., 2002]. Therefore, the rate
constants used in these equations are effective rate constants
and not true rate constants. This distinction is not important
in context of this paper, but must be considered if one seeks
to extract quantitative kinetic information from the data. An
advantage of considering ratios of condensed species is that
these issues involving oxidant uptake are expected to
largely cancel out [Donahue et al., 2005].
[30] Unfortunately, no set of compounds is emitted by a

single source and we will always need to consider the
effects of mixing to properly interpret ratio-ratio plots. At
best the set of compounds will be emitted by a single source
class that is spatially distributed, which requires accounting
for the effects of mixing of fresh and aged emissions. If the
compounds are also emitted by multiple source classes then
we will also have to account for the effects of source-source
mixing.
[31] The mathematics describing mixing can be devel-

oped by considering a set of non-reactive compounds
emitted by two sources. The ambient concentration of one
of these species is

Ca ¼ S1 tð Þa1 þ S2 tð Þa2 ð9Þ

where S1(t) and S2(t) are the concentration of emissions
from the two sources at the receptor site, and a1 and a2 are
the relative abundances of compound a in emissions in each
source. Combining similar expressions for compounds b
and c, the ratio-ratio pair can be expressed by a linear
mixing line connecting the two source profiles,

Ca

Cc

¼ a1

c1
wþ a2

c2
1� wð Þ Cb

Cc

¼ b1

c1
wþ b2

c2
1� wð Þ ð10Þ

The exact position along the line depends on a weighting
factor that is a function of the relative contribution of each
source to the reference compound c at the receptor site, w =
(1 + S2 c2/(S1 c1))

�1. This factor varies between 0 and 1, so
every point will lie between the two sources. Linear mixing
lines often appear curved when ratio-ratio plots are
displayed with log-log axes.
[32] Before considering source-source mixing, we exam-

ine how mixtures of fresh and aged emissions from the same
source class organize on a ratio-ratio plot. The simplest
scenario is a mixture of fresh emissions with aged back-
ground air that contains oxidized emissions of a single age
(SB). This mixture will fall somewhere along the mixing
line shown in Figure 2b. Note that the endpoints of this
curved mixing line fall on the aging line. The degree of
curvature of the mixing line depends on the oxidation rate
constants and the age of the background air. If the rate
constants of the two target species are similar then the
curvature is modest (the rate constant ratio used to generate
Figure 2b is 0.6:1).
[33] A more realistic scenario involves mixing of fresh

emissions with background air that contains emissions that
span a wide range of photochemical ages. This occurs when
the sources are spatially distributed. Assuming that SB
represents the most aged emissions in the background air,
the mixture of fresh and aged particles will lie somewhere in
the shaded region enclosed by the aging and mixing lines
plotted in Figure 2b. Although it is difficult to differentiate
between direct oxidation and mixing of fresh and aged
emissions using a ratio-ratio plot, we do not need to
distinguish between these two phenomena because they
are both ultimately due to photochemistry.
[34] In order to help constrain the effects of oxidation, we

group compounds by expected oxidation rate when con-
structing ratio-ratio plots. Ideally the rate constants of the
two target compounds a and b are similar while the rate
constant for the reference compound c is small or zero. If
these compounds are emitted by a single source class, then
Figure 2b indicates that oxidation will cause ambient data to
organize along the diagonal in a ratio-ratio plot with a limit
in the upper-right-hand quadrant defined by a source and an
almost 1 to 1 slope. Since sources are spatially distributed,
the data will likely organize along a curved line on a log-log
plot; however, it is unlikely that the ambient data will be
sufficiently precise to resolve this curvature.
[35] Many of the compounds of interest are emitted by

multiple source classes, each with unique emission ratios;
therefore, distinguishing the effects of source-source mixing
from photochemistry is essential to avoid misinterpreting
ratio-ratio plots. The key distinction is that for source-
source mixing there is no general restriction on the position
of two distinct sources on a ratio-ratio plot; for example,
Figure 2c shows a source-source mixing line that is orthog-
onal to the expected effects of oxidation. When sources are
oriented in this fashion, one can easily differentiate between
source-source mixing and photochemistry using ratio-ratio
plots.
[36] Source-source mixing presents a challenge when the

source pair is organized along the aging line – for example,
if SB in Figure 2b was another source and not aged
background air. In this situation, varying the relative con-
tributions of the two sources will cause ambient concen-
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trations of non-reactive compounds to organize in a manner
consistent with oxidation. This effect is noteworthy because
many appealing reference compounds (the large n-alkanes
or elemental carbon) have many sources, some of which are
severely depleted in tracer concentrations. In these situa-
tions, information about source activity is used to further
constrain the effects of source-source mixing.
[37] Mixing of emissions from three or more distinct

sources or source-source mixing combined with photo-
chemistry can result in ratio-ratio plots that are difficult to
interpret. For example, Figure 2d shows a ratio-ratio plot
involving three sources. The source-source mixing lines
defined by these sources create a convex hull (shaded region
in Figure 2d) and mixing of non-reactive compounds can
cause ambient data to fall anywhere inside this region.
Alternatively S3 in Figure 2d could represent aged back-
ground air that is mixed with fresh emissions from S1 and
S2.
[38] When constructing ratio-ratio plots, we group species

to minimize the number of potential source classes. Ideally
each plot would consider a set of species emitted by a single
source class which would eliminate source-source mixing.
In all cases, knowledge of the position of different sources
on the ratio-ratio plots is essential to avoid misinterpreting
these plots.

4. Evidence of Photochemical Oxidation in
Ambient Data

[39] In this section we apply the ratio-ratio technique to a
large data set of ambient condensed-phase organic species
measured as part of the Pittsburgh Air Quality Study
(PAQS). The PAQS Supersite was located in the city of
Pittsburgh in an urban park. Fine particle concentrations in
Pittsburgh are dominated by regional transport. Typically
80–90% of PM2.5 in the Pittsburgh area comes from outside
southwestern Pennsylvania [Tang et al., 2004]. This trans-
port provides significant time for photochemical processing.
More information about the site and PAQS are provided by
Wittig et al. [2004].
[40] Samples for organic speciation were collected using

a PM2.5 sampler consisting of a quartz filter with a down-
stream polyurethane foam (PUF) plug operated at 140 lpm
for 24-hrs. One hundred and three 24-hr samples were
collected at the PAQS Supersite between July, 2001 and
August, 2002. Daily 24-hr samples were collected during
July 2001 and for two weeks in January 2002. During the
rest of the study, samples were collected every sixth day.
During January 2002 and July 2002, 24-hr samples were
also collected at a rural site in Florence, PA in parallel with
those at the central Supersite using an identical sampler.
Florence is 25 miles west-southwest of Pittsburgh near the
West Virginia border. Measurements of organic and ele-
mental carbon were also made at both sites [Subramanian et
al., 2004].
[41] The filter and PUF were solvent extracted with

dichloromethane and the extract analyzed by GC/MS.
Before extraction each filter was spiked with a known
amount of an internal standard mix consisting of a suite
of seven perdeuterated n-alkanes. The amount of the inter-
nal standard spike varied from sample-to-sample, depending
on the filter OC loading. The extracts from the filter-PUF

pairs were combined; therefore, the reported concentrations
are for gas plus particle phase. The overall volume of the
combined extracts was reduced to �100 ml and then
methylated using freshly prepared diazomethane to convert
fatty acids to their methyl ester analogs prior to GC/MS
analysis using electron impact ionization. Each analyte was
quantified by reference to the internal standard and using a
relative response factor determined by the analysis of
quantification standards. Procedures such as pre-baking
filters and extensive washing of PUFs were used to mini-
mize contamination. Field and laboratory blanks were
routinely collected and analyzed to track and correct for
any contamination. Samples were stored at �20 �C prior to
analysis. Additional details of the sample collection and
analysis are described elsewhere (A. Bernardo-Bricker et
al., manuscript in preparation, 2006).
[42] Although the Pittsburgh data set contains measure-

ments of more than 100 condensed-phase and semi-volatile
organic compounds, here we examine two groups of
compounds: markers for motor vehicle and cooking emis-
sions. Ambient concentrations of these markers are well
correlated, suggesting a single dominant source in each
case (R. Subramanian et al., Contribution of motor vehicle
emissions to the ambient organic carbon in Pittsburgh, PA:
Effects of varying source profiles and seasonal trends in
ambient marker concentrations, submitted to Atmospheric
Environment, 2006, hereinafter referred to as Subramanian
et al., submitted manuscript, 2006; Robinson et al., submit-
ted manuscript, 2005). The resulting well-organized ratio-
ratio plots provide good examples for the current discussion.

4.1. Hopanes and OH Oxidation

[43] First we examine the Pittsburgh data set for evidence
of photochemical oxidation of triterpanoid hopanes
(hopanes). Hopanes are found in crude oil and are important
markers for motor-vehicle exhaust [Schauer et al., 1996;
Simoneit, 1984]. Hopanes are saturated, cyclic hydrocarbons
and therefore are expected to react with OH but not O3. For
this analysis we consider the two most abundant hopanes in
the Pittsburgh data set: 17a(H),21b(H)-29-Norhopane
(norhopane) and 17a(H),21b(H)-Hopane (hopane). As a
reference compound we use elemental carbon (EC), which
is not reactive. In Pittsburgh and other urban locations,
concentrations of EC and hopanes are dominated by mobile
source emissions [Schauer et al., 1996; Zheng et al., 2002;
Subramanian et al., submitted manuscript, 2006].
[44] Figure 3 shows a ratio-ratio plot of hopane and

norhopane, each normalized by EC. The data have been
sorted by season. ‘Summer’ is defined as June-September,
‘winter’ is December-March, and ‘fall/spring’ is defined as
the remaining four months, giving each of the three periods
an equal weighting in time. Because the PAQS intensives
were in July and January, summer and winter were dispro-
portionately sampled. In Figure 3, the winter data cluster in
the upper right, while the summer data spread from this
cluster roughly along a 1:1 line. The data are consistent with
photochemical oxidation. Such a scenario implies that there
is a relatively stable emissions profile located at the upper
extreme of the observed ratios and that oxidation reduces
the ratios by different degrees through out the year –
slightly during the winter and substantially during the
summer.
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[45] One must consider the absolute levels in addition to
ratios; time series of monthly average concentrations are
shown in Figure 4a. There is a factor-of-four variation in the
monthly average hopane, norhopane, and EC levels with
no clear seasonal patterns. For example, EC levels are
lowest in the winter, but comparably low levels were
also observed in July 2001. Within a given season there
is significant month-to-month variability; for example
monthly average EC in the summer varies between 0.4 and
1 mg/m3. Monthly average concentrations of the two
hopanes also exhibit significant variability. This variability
reflects the considerable influence that meteorological fac-
tors such as regional transport patterns, boundary layer
height, and deposition rates have upon absolute pollutant
concentrations in Pittsburgh.
[46] Figure 4b shows time series of monthly average

hopane- and norhopane-to-EC ratios. Unlike the absolute
concentrations, these ratios exhibit a strong seasonal pattern,
with the monthly average hopane-to-EC ratios in the winter
being almost a factor three greater than in the summer. The
phase of the signal is consistent with oxidation, as shown by
the ozone annual cycle in Figure 4b. We are not suggesting
that ozone itself is the direct cause of oxidation, but rather
as one of the source components of OH radicals it is a

reasonable surrogate for OH. There are few direct measure-
ments of OH in winter, but the evidence suggests that OH
levels drop by at least factor of 3–5 compared with the
summer [Bloss et al., 2005].
[47] Figures 3 and 4 present strong evidence for substan-

tial aging of hopanes in the summer. However, there is not a
single source of hopanes or EC, so we must consider the
potential effects of source-source mixing on the ambient data.
Figure 3 compares the ambient data to published emission
profiles for road dust, gasoline vehicles, and diesel vehicles.
The road dust composition is based on samples collected on
urban and rural roads around Pittsburgh [Robinson et al.,
2005]. The gasoline and diesel vehicle profiles are emission-
weighted averages of published source profiles [Fraser et al.,
2002; Rogge et al., 1993a; Schauer et al., 1999b, 2002c;
Watson et al., 1998]. The arrows in Figure 3 point to sources
that fall outside the bounds of the ratio-ratio plot. Tar pots
used in roof construction and low-temperature coal combus-
tion have large hopane- and norhopane-to-EC ratios [Oros
and Simoneit, 2000; Rogge et al., 1997a]. Biomass combus-
tion and coke production emit EC but not hopanes, while
emissions from fuel oil combustion has a very small hopane-
to-EC ratio [Rogge et al., 1997b].
[48] Figure 3 indicates that source-source mixing could

explain the ambient concentration ratios of hopanes and EC.
However, the strong seasonal pattern in the ambient ratios is
a critical constraint; to explain this pattern without aging,
the relative contribution of the different sources must vary
seasonally, with sources either poor in hopanes or rich in
EC gaining relative strength in the summer.

Figure 3. Ratio-ratio plot of two hopanes normalized by
EC for 96 daily samples collected in Pittsburgh, PA. Also
shown are emission ratios for different sources of hopanes
and EC. The gasoline and diesel profiles are averages of a
large number of published vehicle profiles [Fraser et al.,
2002; Rogge et al., 1993a; Schauer et al., 1999b, 2002c;
Watson et al., 1998]. Road dust profile is from Robinson et
al. [2005]. Arrows point to sources that do not fall within the
bounds of the plot, as discussed in the text. With the
exception of a few outliers, the winter data are tightly
clustered near (0.5, 0.4). Fall/spring data are more spread out,
extending to the lower left from the winter cluster along the
1:1 line. Summer data are even more spread along the same
line. This is consistent with extensive oxidation during the
summer, corresponding to a non-dimensional lifetime (t /t)
between 0.5 and 1.5, relative to wintertime conditions.

Figure 4. Monthly average (a) hopane, norhopane and
elemental carbon (EC) concentrations and (b) ratios with EC
ratios measured in Pittsburgh from July 2001 to July 2002.
Ozone mixing ratio is also plotted in Figure 4b as an
indicator of photochemical activity. The hopane-to-EC
ratios and O3 levels show strong seasonal patterns with
low summer hopane-to-EC ratios consistent with hopane
oxidation (presumably by OH radicals derived from the
ozone).
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[49] First we consider potential variability of vehicular
sources, the dominant sources of hopanes and EC in
Pittsburgh (Subramanian et al., submitted manuscript,
2006). The ambient data are located on the source-source
mixing line that connects fleet-average gasoline and diesel
vehicle source profiles. Therefore, the ambient data can be
explained by seasonally varying contributions of gasoline
and diesel vehicles with gasoline vehicles dominant in the
winter and diesels in the summer. This large variation is
apparent in the Chemical Mass Balance Model (CMB)
predictions shown in Figure 5, which are based on the
fleet-average profiles shown in Figure 3. These CMB
calculations involve 19 species and nine different sources
including wood combustion, coke production, and other
sources of EC. These calculations are discussed in detail by
Subramanian et al., submitted manuscript, 2006.
[50] In order to assess the plausibility of large seasonal

variation in the relative contribution of gasoline and diesel
vehicles as an explanation for the Pittsburgh data, one must
consider two factors: potential seasonal changes in vehicle
activity and potential seasonal changes in vehicle emission
factors. Fuel consumption data are a reliable measure of
vehicle activity. There is a modest seasonal pattern in total
on-road fuel usage. However, on-road gasoline and diesel
usage follow the same temporal pattern so there is no
seasonal variation in the relative amounts of gasoline and
diesel fuel consumed by on-road vehicles [EIA, 2002;
FHWA, 2005]. Non-road vehicles do consume 10–20%
more diesel in the summer than the winter [EIA, 2002;
FHWA, 2005], which likely explains some of the shift in the
ambient data in Figure 3 towards the diesel profile in the
summer. However, a 20% increase in non-road diesel usage

only corresponds to a 5% increase in total diesel consump-
tion because the majority of diesel fuel is used by on-road
vehicles. Such a small increase seems an unlikely explana-
tion for the large seasonal pattern in the ambient data shown
in Figure 3.
[51] Another potential explanation for the seasonal pat-

terns in the ambient data is seasonal changes in motor
vehicle emission factors. For example, the ambient data
could be explained if gasoline vehicles emitted a factor of 2
more organic aerosol mass per mile traveled in the winter
than in the summer while diesel emissions remained un-
changed. Alternatively the hopane-to-EC ratios of vehicle
emissions could vary seasonally, shifting the position of the
source points in Figure 3. Seasonal changes in temperature
and/or fuel composition likely influence vehicle emission
rates, but relatively little is known about these effects,
especially on speciated emissions. EC emissions from
gasoline vehicles are generally higher in colder weather.
The only published cold weather profiles with speciated
organics data have smaller hopane-to-EC ratios than sum-
mertime profiles [Watson et al., 1998; Zielinska et al., 2004;
Subramanian et al., submitted manuscript, 2006]. This is
opposite to the pattern shown in the ambient data in Figures
3 and 4. In addition, the daily summer hopane-to-EC ratio
varies widely, which is hard to explain with seasonally
varying emission factors.
[52] Emissions from non-vehicular sources of hopanes

and EC are unlikely to explain the seasonal patterns in the
ambient data shown in Figures 3 and 4. For example, the
amount of wood, fuel oil, and other fuels used for heating
does vary seasonally. These processes emit EC but little or
no hopanes, thus pulling the ambient ratios diagonally
towards the lower left hand corner of the plot. However,
the smallest hopane-to-EC ratios are observed in the sum-
mer, not the winter: exactly opposite to the effect that
seasonally varying emissions associated with heating should
have on ambient concentrations. Significant wood smoke
contributions in the summer from forest fires or agricultural
burning could explain the ambient data, but summertime
concentrations of biomass smoke markers such as levoglu-
cosan in Pittsburgh are extremely low. Other non-vehicular
sources of hopanes, such as tar pots, low temperature coal
combustion, and coke production, are thought to be very
minor sources.
[53] Although we cannot completely rule out the possi-

bility of seasonally varying motor vehicle emissions, a
number of additional pieces of evidence strongly support
the hypothesis that there is significant oxidation of hopanes
in the summer. The first piece of evidence is seasonal
differences in ambient concentrations of hopanes in Pitts-
burgh and a rural site in Florence, PA. This site is almost
always upwind of the city and therefore provides data on the
pollutants in the regional background air flowing into
Pittsburgh [Wittig et al., 2004]. Tang et al. [2004] report
that fine particle mass and bulk composition measured at the
Pittsburgh, Florence and other sites in Southwestern PA are
very similar, underscoring the significant effect that regional
transport has on pollutant levels.
[54] Scatterplots comparing 24-hr organic carbon (OC)

and hopane concentrations in Pittsburgh and Florence are
shown in Figure 6. In January 2002, both OC and hopane
concentrations are �35% higher in the city than in Florence,

Figure 5. Seasonal average gasoline-diesel split in
Pittsburgh predicted using the Chemical Mass Balance
(CMB) model. The black bar indicates the fractional
contribution from diesel vehicles with the balance from
gasoline vehicles. CMB is applied to 96 days of data using 9
sources and 19 fitting species; details of the calculations are
provided by Subramanian et al., submitted manuscript,
2006). The strong seasonal pattern in the predicted gasoline-
diesel split is caused by the seasonal variation in the
hopane-to-EC ratios shown in Figure 4.
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reflecting the some contribution of local sources to OC in
the city and the significant contribution of motor vehicle
emissions to OC in the regional air mass. In July 2002, the
OC concentrations in Pittsburgh are on average 20% higher
than in Florence, but the hopane concentrations in Florence
are on average factor of 6 lower than those in the city. Either
motor vehicles are not a significant source of fine particles
in the summer in Florence or hopanes in the regional air
mass are being oxidized during regional transport.
[55] Figure 7 plots paired averages of the Pittsburgh and

Florence data on a hopane-to-EC ratio-ratio plot; the aver-
ages only include days when measurements were made at
both sites. During the winter, the average hopane- and
norhopane-to-EC ratios in Pittsburgh and Florence are
similar, with the data from both sites falling within winter-
time scatter of the complete Pittsburgh data set. However,
during the summer, the hopane- and norhopane-to-EC ratios
are much smaller in Florence than in Pittsburgh, consistent
with significant photochemical oxidation of hopanes in the
regional air mass. This regional variation cannot be
explained by seasonally varying emission profiles. Even

in the winter there may be some oxidation of hopanes in the
regional air mass passing through Florence.
[56] Seasonal variations in hopane and EC concentrations

in the Southeastern United States also support the conclu-
sion that hopanes are photochemically oxidized in regional
air masses and in the summer. Figure 7 also plots hopanes-
to-EC ratios for Atlanta GA, Birmingham AL, Pensacola
FL, and Gulfport MS [Zheng et al., 2002]. In three of these
cities the hopane-to-EC ratios are significantly lower in the
summer than in the winter. The wintertime ratio in Atlanta is
consistent with the Pittsburgh data, while the ambient ratios
in Birmingham and Pensacola are somewhat lower. The
lone exception is Gulfport, where the summer and winter
ratios are the same. The arrow in the lower-left-hand corner
of Figure 7 points to data from four rural sites in the
Southeast collected in both the summer and the winter.
The rural data fall outside the boundaries of the ratio-ratio
plot, consistent with the regional air mass in the Southeast
being significantly depleted in hopanes relative to EC
throughout the entire year. All of the sites in the Southeast
should have less pronounced annual cycles in OH compared
to Pittsburgh, so significant regional oxidation throughout
the year is not surprising.

Figure 6. Scatterplots of daily (a) organic carbon (OC)
and (b) hopane concentrations measured in Pittsburgh, PA
and an upwind rural site in Florence, PA. Given the
similarly of the OC concentrations in the city and the
upwind site, a compelling explanation is that there is
significant photochemical decay of hopanes during the
summer in the regional air mass. The dashed lines indicate
points within a factor of 1.2 of the one-to-one line.

Figure 7. Ratio-ratio plot of two hopanes normalized by
EC showing Pittsburgh ambient data. In addition to the
complete Pittsburgh data set the figure also plots the
summer (open star and square) and winter (solid star and
square) paired-averages of measurements made simulta-
neously in Pittsburgh and an upwind rural site in Florence,
PA; measurements made in a highway tunnel in Pittsburgh;
and summer and winter measurements made in four cities in
the Southeastern United States [Zheng et al., 2002]. The
arrow in the lower-left-hand corner points to data from rural
sites in the Southeast that fall outside the bounds of the plot.
Wintertime hopane-to-EC ratios are similar at all of the
sites, expect for Gulfport, MS (open upside-down triangle
adjacent to solid upside-down triangles). Summertime
hopane-to-EC ratios are lower at all sites suggesting
photochemical decay of hopane (again Gulfport, MS is an
exception). Data from the Southeastern United States
courtesy of Mei Zheng at Georgia Institute of Technology.
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[57] A complication for interpreting the hopane-to-EC
ratios measured in the Southeast is biomass burning. Wood
smoke concentrations are much higher in the Southeast than
in Pittsburgh [Zheng et al., 2002; A. L. Robinson et al.,
manuscript in preparation, 2006]. However, wood smoke
concentrations in the southeast are lowest in the summer
and highest in the winter [Zheng et al., 2002], opposite to
the pattern required to explain the trends shown in Figure 7.
[58] Collectively, the ambient data from the Pittsburgh

region and the Southeast provide compelling evidence that
hopanes are significantly oxidized in the summer. A final
piece of evidence is measurements of fresh, in-use vehicle
emissions made in a highway tunnel in the Pittsburgh region
in November 2002. Figure 7 shows an average of the tunnel
data collected for a range of fleet compositions and operat-
ing modes (A. P. Grieshop et al., Diesel and gasoline vehicle
gaseous and fine particle emission factors measured in a
highway tunnel in Pittsburgh, PA, submitted to Atmospheric
Environment, 2005). The fresh emissions measured in the
tunnel are consistent with ambient ratios observed in the
winter, again supporting the hypothesis that hopanes are not
significantly oxidized during the winter in Pittsburgh.

[59] Our discussion of vehicle markers has focused on
two hopanes and EC. The data sets collected in Pittsburgh
and the Southeast contain measurements of a number of
additional hopanes and steranes, which are also commonly
used as markers for motor vehicle emissions. All of the
hopanes and steranes exhibit the same seasonal trends as
norhopane and hopane shown in Figures 3–7. Therefore all
of these compounds appear to be similarly oxidized in the
summer and in the regional air mass, which, given the
similarity in the chemical structure of these compounds, is
not unexpected.

4.2. Alkenoic Acids and Ozone Oxidation

[60] In our second example we look for evidence of
oxidation of unsaturated compounds by ozone. Here we
are faced with laboratory evidence suggesting that unsatu-
rated acids, such as oleic acid (9-octadecenoic acid), should
be oxidized rapidly in the condensed phase (g = 10�3 line in
Figure 1). Against this are field observations showing
abundant alkenoic acids. Figure 8 shows a ratio-ratio plot
of oleic acid and palmitoleic acid (8-hexadecenoic acid)
concentrations normalized by stearic acid (n-octadecanoic
acid). Cooking, motor vehicles, and biomass combustion
are the major anthropogenic sources of these acids in urban
environments [Rogge et al., 1996]. Biogenic emission
sources of these acids may also be significant [Rogge et
al., 1993d; Simoneit and Mazurek, 1982]. Oleic acid is
typically emitted together with its saturated homologue,
stearic acid [Rogge et al., 1996], which supports using
stearic acid as the reference species.
[61] The ambient data in Figure 8 organize along a one-

to-one line spanning more than 2 e-folds. Again the data are
sorted by season with the winter data nearer to the upper
right hand corner and the summer data falling toward the
lower end of the range. The seasonal separation of the
alkenoic acid data is not as dramatic as with the hopanes
shown in Figure 3 because small alkenoic-to-stearic acid
ratios were observed on some winter days. Overall, the
ratio-ratio plot in Figure 8 is consistent with enhanced
oxidation of alkenoic acids in the summer.
[62] Source profiles are also shown in Figure 8 to exam-

ine the effects of source-source mixing. The cooking and
wood smoke profiles are averages of a large number of
published profiles [Fine et al., 2001, 2002, 2004; Hays et
al., 2002; Rogge et al., 1998, 1991; Schauer et al., 1999a,
2001, 2002b]. Arrows point to source profiles outside the
boundaries of the plot shown in Figure 8. Motor vehicles are
an important source stearic acid but not the unstaturated
acids [Rogge et al., 1993a; Schauer et al., 1999b, 2002c].
There are a number of sources that emit oleic and stearic
acids but not palmitoleic acid including certain types of
wood combustion, road dust, and vegetative detritus [Fine
et al., 2001, 2002, 2004; Rogge et al., 1993b, 1993c 1998;
Schauer et al., 2001]: the oleic-to-stearic acid ratio of these
sources range from 0.11 to 13.
[63] The Pittsburgh data shown in Figure 8 cannot be

explained by source-source mixing among the known
source profiles. The problem is that the ambient data are
rich in palmitoleic acid (or depleted in oleic acid) relative to
the reported source profiles. The ambient data have nearly
equal loadings of oleic and palmitoleic acids compared to an
average oleic-to-palmitoleic acid ratio of 25 across a set of

Figure 8. Ratio-ratio plot of two alkenioc acids, palmito-
leic (8-hexadecenoic) acid and oleic (9-octadecenoic) acid,
normalized by stearic (n-octadecanioc) acid. Also shown are
summer and winter paired-averages of measurements made
simultaneously in Pittsburgh and an upwind rural site in
Florence, PA. The source profiles are averages of a large
number of published cooking and wood combustion profiles
[Fine et al., 2001, 2002, 2004; Hays et al., 2002; Rogge et
al., 1998, 1991; Schauer et al., 1999a, 2001, 2002b].
Arrows point to sources that do not fall within the bounds of
the plot. Motor vehicles are an important source of stearic
acid but not the unstaturated acids [Rogge et al., 1993a;
Schauer et al., 1999b, 2002c]. There are a number of
sources of oleic and stearic acids but not palmitoleic acids
including certain types of wood combustion, road dust, and
vegetative detritus: the oleic-to-stearic acid ratio of these
sources range from 0.11 to 13. The data are suggestive of
photochemical decay of the unsaturated acids during the
winter.
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almost 100 cooking profiles. Although there is significant
variability among individual cooking profiles, the profile
with the smallest oleic-to-palmitoleic acid ratio (bacon
frying with a ratio 4.5) is still significantly enriched in oleic
acid compared to the ambient data. Almost all of the
biomass smoke profiles are similarly enriched in oleic acid
compared to palmitoleic acid; the only exceptions are the
Fine et al. [2004] Quaking Aspen profile and the Hays et al.
[2002] softwood open burn profiles. We do not expect that
photochemical processing contributes to the apparent deficit
of oleic acid because any aging should equally affect oleic
and palmitoleic acids, which have similar chemical struc-
tures and sizes. Therefore, an unknown source that is very
rich in palmitoleic acid is needed to explain the ambient
data. In addition, the emissions from this unknown source
need to be highly correlated with cooking and wood smoke
contributions in order for the ambient data to organize along
the one-to-one line in Figure 8.
[64] Although inconsistencies exist between the known

source profiles and the Pittsburgh data, the ambient con-
centrations do not appear notably depleted in alkenoic acids.
If we take the oleic-to-stearic acid ratios from the average
cooking and wood smoke source profiles shown in Figure 8
as correct, it is consistent to suggest that all of the data are
depleted in oleic acid by up to an e-fold. Therefore, it is
clear that the alkenoic acids are not being decimated by
ozone oxidation. It is possible that a fraction of these
unsaturated acids are oxidized rapidly, after which some
unknown mechanism inhibits the kinetics by several orders

of magnitude. This sort of behavior has been observed in
laboratory experiments using binary mixtures of oleic and
stearic acid [Ziemann, 2005].
[65] Figure 8 also plots paired averages of the Pittsburgh

and Florence data; the averages only include days when
measurements were made at both sites. Absolute concen-
trations of these acids are similar at both sites in both
seasons with concentrations being somewhat higher in the
city than in Florence, indicating a modest contribution from
local sources. The oleic- and palmitoleic-to-stearic acid
ratios at both sites are lower during the summer then the
winter, consistent with enhanced oxidation in the summer-
time. The ratios in Florence are modestly higher than in
Pittsburgh, potentially suggesting a local biogenic source of
the alkenoic acids. Unlike hopanes (see Figure 7), the
alkenoic acid are not more depleted in the regional air mass
compared to the city.
[66] When oleic acid reacts with ozone, nonanoic acid

is one of the products [Thornberry and Abbatt, 2004].
Monthly average concentrations of the two alkenoic
acids, stearic acid, and nonanoic acid are shown in
Figure 9. The summer data are absolutely depleted in oleic
acid and enriched in nonanoic acid, consistent with oxida-
tion. There could also be significant biogenic sources of
nonanoic acid in the summer.
[67] The most plausible explanation of all of the features

shown in Figures 8 and 9 is that the source profile of the
aggregate emissions influencing Pittsburgh lies near the
one-to-one line with alkenoic-to-stearic acid ratios at
the upper end of the ambient data (ratios of �1:1). The
spread from this source profile is consistent with a study
average 1 e-fold of oxidation, ranging between no oxidation
and at least 2 e-folds, with typically 1.5 e-folds in the
summer and 0.5 e-folds in the winter. Varying contributions
of sources that emit stearic acid but not alkenoic acids such
as motor vehicles will also distribute the ambient data along
the one-to-one line, but it is unlikely that variations in
source-source mixing would create the strong seasonal
patterns shown in Figure 9. All told, the Pittsburgh data
suggest an oxidation rate of alkenoic acids by O3 far slower
than shown in Figure 1 for g = 10�3, but generally
consistent with the lower estimate (g = 10�6). An initial,
rapid period of oxidation, followed by the slower period
captured in the data, cannot be ruled out.
[68] While 1.5 e-folds is ‘modest oxidation’ compared

with the potential suggested by absolute uptake measure-
ments, from the perspective of source attribution or the
absolute oxidation state of organic aerosol it is very sub-
stantial, corresponding to 80% of the initial alkenoic acids.
At this level of oxidation, mass-balance source calculations
would be in error by a factor of five, and aggregate
measurements (such as aerosol mass spectrometer measure-
ments of oxidized organic aerosol – OOA), would show a
large fraction of oxidized material, as indeed they do
[McFiggans et al., 2005; Zhang et al., 2005].

5. Conclusions

[69] We have presented multiple pieces of evidence
suggesting that condensed-phase organic compounds are
significantly oxidized in locations impacted by regional
transport, especially during the summer. There is no smok-

Figure 9. Monthly average (a) alkanoic and alkenoic acid
concentrations and (b) ratios with stearic acid measured in
Pittsburgh from July 2001 to July 2002. Ratios of oleic and
palmitoleic acid with stearic acid show a strong seasonal
pattern that is consistent with photo-oxidation during the
summertime. Ratio of nonanoic acid with stearic acid shows
opposite pattern of ratios involving an unsaturated acid.
Nonanoic acid is a product of oleic acid ozonolysis.
Monthly average O3 mixing ratio is shown in Figure 4b.
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ing gun, but collectively the evidence points clearly to this
conclusion. Rudimentary calculations suggest that both OH
radicals and ozone should oxidize their respective targets
(CH2 groups and double bonds) on a time scale of a few
days or so, depending on particle size. Ambient data
consistently show depletion in reactive compounds during
the summer, when oxidation should be fastest. This deple-
tion shows all of the characteristics of oxidation on ratio-
ratio plots designed to isolate oxidation effects. In the one
case where an oxidation product has been observed, that
product (nonanoic acid) is enriched during the summer
when the parent compound (oleic acid) is depleted. While
other scenarios can explain each of these observations, only
aging during the summer consistently describes the com-
plete suite. Reduced organic compounds are vulnerable to
oxidation, and only in extreme cases where local emissions
completely dominate the aerosol loading (i.e. Los Angeles)
can oxidation be ignored.
[70] The only seemingly contradictory evidence comes

from the laboratory where fundamental experiments indi-
cate far more uptake of ozone on oleic acid than the ambient
data can support. However, while one must conclude that
oleic acid oxidation in atmospheric particles is slower than
on pure surfaces in the laboratory, there is no evidence
suggesting that oleic acid oxidation is stopped altogether.
Indeed, the evidence suggests that oxidation proceeds at a
rate approximately 1000 times slower than laboratory up-
take on pure oleic acid surfaces.
[71] Oxidation is non-linear, and so it represents a very

substantial complication to linear source apportionment
techniques such as the Chemical Mass Balance (CMB) or
factor analysis. While the assumptions underlying these
methods may be valid in the winter when oxidation appears
to be relatively slow, during the summer these techniques
may lead to gross errors. The CMB predictions shown in
Figure 5 illustrate the potential problem. The large seasonal
shifts in the predicted gasoline-diesel split are caused by
systematic changes in the hopane-to-EC ratio. Although we
cannot rule out seasonally varying emissions completely,
oxidation provides a compelling explanation for the sea-
sonally varying hopane data. CMB calculations in the
southeast show similar seasonal shifts in the gasoline-diesel
split [Zheng et al., 2002], and they may well be subject to
the same errors by ignoring chemistry. If aging is signifi-
cant, then source-apportionment analyses using molecular
markers must consider both mixing and oxidation as first-
order processes.
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Abstract 
Individual organic compounds or molecular markers are often used in conjunction with the 

chemical mass balance model (CMB) to apportion sources of primary organic aerosol.  This 

paper is first in a series of papers that critically examines issues associated with selection of 

source profiles and fitting species for CMB analysis with molecular markers.  This paper 

presents a methodology to visualize the organization of ambient molecular marker data, to 

compare the data to source profiles, and to better understand CMB solutions.  The technique can 

also be used to assess chemical stability and aging.  The core of the technique involves 

construction of plots of ratios of species concentrations (ratio-ratio plots) in which source 

profiles appear as points connected by linear mixing lines.  The approach is illustrated using 

ambient measurements made in Pittsburgh, Pennsylvania over a one-year period of five, large 

polycyclic aromatic hydrocarbons (PAH) commonly used as molecular markers in CMB: 

benzo(b+j+k)fluoranthene, benzo(e)pyrene, benzo[g,h,i]perylene, coronene, and 

indeno(1,2,3-cd)pyrene.  In Pittsburgh, the ambient concentrations of these PAH are strongly 

correlated suggesting a single dominant source.  These correlations underscore the significant 

source information contained in molecular marker concentrations.  Ratio-ratio plots are then used 

to evaluate the potential contribution of gasoline exhaust, diesel exhaust, wood smoke, and coke 

production emissions to the ambient concentrations of the target PAHs.  Coke production is the 

dominant source of these large PAHs in Pittsburgh.  Ambient concentrations of these large PAH 

provide little information on the gasoline-diesel split because of the strong influence of local 

emissions from coke production combined with evidence of photochemical decay of PAH in the 

regional air mass.  



 3

Introduction 

Molecular markers are reduced organic species that have been used in conjunction with the 

Chemical Mass Balance (CMB) to identify sources of primary organic carbon (OC) and fine 

particle mass (1).  Examples of molecular markers include hopanes for vehicular exhaust (2) and 

levoglucosan for biomass smoke (3).  Their high-degree of source specificity makes them 

excellent for use in source apportionment analysis.  Unfortunately measuring ambient molecular 

marker concentrations requires complex and costly sampling and analytical procedures.  

Therefore, source apportionment analyses using molecular markers have only been performed in 

only a limited number of locations with a relatively small number of samples.  This has limited 

our ability to fully evaluate the utility of molecular markers for source apportionment analysis. 

The ideal molecular marker would be (a) unique to a given source class (i.e. gasoline 

powered cars), (b) emitted at a constant ratio with respect to other markers for that class (have a 

well-defined source profile), (c) emitted at a constant ratio with respect to the total OC or fine 

particle mass from that class (have a constant marker-to-OC ratio), and (d) stable with respect to 

OC in the atmosphere (not decay in the atmosphere).  Unfortunately, none of these ideals is met 

in reality: all markers are emitted by at least several source classes, published source profiles for 

a given source class exhibit significant variability, and all reduced organic compounds are 

vulnerable to oxidation.  The first issue of multiple sources can be solved by linear inversion 

using a model such as CMB, provided that the second and third issues can be constrained.  

Photochemical decay is potentially a very challenging problem (4). 

The CMB model solves a system of equations in which the ambient concentrations of 

specific chemical constituents are described using a linear combination of a set of source profiles 

(5).  Given the substantial resources required for source characterization, a common practice is to 
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use published source profiles, with the usually implicit assumption that literature profiles are 

appropriate for a given dataset.  A challenge is that a reasonably large number of source profiles 

with speciated organics data have been published; for example, more than 35 different biomass 

smoke profiles have been published.  In addition, source profiles for individual sources in the 

same source class often show considerable differences from each other.  Co-linearity limits the 

number of source profile that can be simultaneously included in the model, forcing the analyst to 

choose among sets of profiles. 

To help the analyst assess the quality of the solution, CMB calculates a number of fitting 

statistics that describe how well the sources included in the model can (a) explain the ambient 

data; and (b) whether the separation of the sources is statistically significant given the set of 

fitting species (5).  However, one can encounter solutions based on different sets of profiles with 

significantly different results but comparable fitting statistics, even when considering only a 

subset of the available source profiles (6,7).  Including all the possible source profiles and fitting 

species magnifies the problem faced by the analyst: how do we select the most appropriate 

solution given similar fitting statistics? 

The goal of CMB analysis is to quantify the absolute and relative contributions of different 

source classes such as motor vehicles or wood combustion to ambient organic carbon (OC) or 

fine particle mass.  Each source class is typically made up of a very large number of individual 

sources.  Although there may be significant differences in emissions from individual sources, we 

are interested in predicting aggregate contribution of emissions from all the sources in a given 

source class.  Therefore, the source profiles used in the CMB model need to represent the 

aggregate emissions of set of individual sources that influence a receptor site.  Each published 

profile is based on a single or at most a small number of source tests and therefore may only 
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represent a small fraction of the sources in a given source class.  Using activity data is one 

approach for selecting and compositing of source profiles (1). 

Factor analysis-based approaches such as UNMIX and PMF offer the possibility to directly 

recover “unknown” source profiles from ambient data.  These are complex and powerful tools, 

but are subject to a number of well-recognized limitations (8).  The approaches require large 

datasets and therefore have not been applied using molecular markers.  These techniques reveal 

substantial information about the co-location of various sources in time and space but do not 

reveal specific sources per-se.  While there are implementations of factor analysis methods 

which utilize target source profiles (9), they still do not provide a direct test of the source vectors 

themselves.  Finally, the solutions are not unique, and therefore again subject to considerable 

analyst judgment. 

Visualizing the solution space can help the analyst evaluate potential source profile 

combinations and to better understand how different profile combinations influence the CMB 

results.  For example, scatter plots of species concentrations are used to find “edges” that 

correspond to factors, e.g. (10).  However, the highly dimensional nature of receptor modeling 

makes visualizing the solution difficult.  In addition, techniques are needed that consider both 

mixing of emissions of different source classes as well as photochemical stability. 

This paper is the first in a series of papers that examines the use of molecular markers to 

apportion ambient organic aerosol to primary sources.  The papers utilize a large data set of 

ambient molecular marker concentrations recently developed as part of the Pittsburgh Air 

Quality Study (11).  Each paper seeks to answer a number of questions for small groups of 

compounds associated with specific source classes (e.g. levoglucosan, resin acids, and syringols 

as markers for biomass combustion).  First, are the ambient molecular marker data organized in a 
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fashion that implies the existence of a well-defined source profile or set of profiles?  Second, 

which published profiles or combinations of published profiles can explain the ambient data?  

Third, how well is the amount ambient OC apportioned to a source class constrained by CMB 

analysis given the set of viable profile combinations?  Finally, what causes differences between 

different CMB solutions? 

To address these questions, this paper develops a methodology based on the linear mixing 

assumption of CMB and other receptor models that facilitates visual assessment of the 

organization of ambient molecular marker data and the consistency between ambient data and 

source profiles.  To illustrate the approach, we compare ambient concentrations of five large 

polycyclic aromatic hydrocarbons (PAH) and elemental carbon to source profiles for motor 

vehicle emissions, wood smoke, and coke production.  The analysis explicitly examines the 

suitability of using PAH to determine the gasoline-diesel split.  Companion papers apply this 

approach to source profiles and ambient marker data for meat cooking emissions (12), biomass 

smoke (13), and motor vehicle emissions (7). 

Methodology for visualizing ambient data and source profiles 

In this section we present a graphical approach to visualize the organization of ambient 

molecular marker data and to compare these data to source profile which helps the analyst better 

understand CMB solutions.  It also can be used to assess chemical stability and aging.  

Simultaneous consideration of mixing and aging is especially important for receptor sites where 

regional emissions dominate the ambient concentrations, such as Pittsburgh or other locations in 

the Eastern U.S.  The technique is intended to complement the quantitative CMB or factor 

analysis based approaches. 
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To illustrate our approach, Figure 1 shows simulated ambient data for three compounds (A, 

B, C) constructed from mixing of emissions from three source classes (S1, S2, S3).  A source 

class is a set of sources whose emissions can be represented using the same source profile.  The 

compounds are assumed to be non-reactive and to have the same atmospheric lifetime – core 

assumptions of CMB and other linear receptor models. 

Scatter plots of two species (Figures 1a, 1c, 1e) are the simplest way to visually compare 

ambient data and source profiles.  On a scatter plot, a source profile appears as a straight line 

with a slope corresponding to the ratio of the emission rates of the two compounds.  If the two 

compounds are emitted by a single source class, then the ambient concentrations will fall on top 

of the source profile (Figure 1a).  If two source classes emit the compounds, then two source 

lines appear on the scatter plot and the ambient data will fall between these two lines under the 

assumption of linear mixing (Figure 1c).  In practice multiple source classes emit each 

compound; therefore, multiple source lines will appear on a scatter plot (Figure 1e).  A further 

complication is that multiple source profiles exist for many source classes, such as diesel trucks.  

The result is that simple scatter plots rapidly fill up with source profiles, making visual 

assessment difficult. 

A more powerful approach for visually comparing ambient data to source profiles is a ratio-

ratio plot, which considers three compounds, adding a third dimension to the visual analysis.  

Although three species only represents a small fraction of compounds considered by CMB, 

molecular markers are often highly source specific.  Therefore, through the judicious groupings 

of compounds, ratio-ratio plots can often provide significant insight into the suitability of source 

profiles as illustrated by the example below. 
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To construct a ratio-ratio plot, one compound is selected as a reference to normalize the 

concentrations of the other two compounds, which are called target species.  The best reference 

compounds are relatively abundant and specific to the sources plotted.  In this situation, the 

ratios account for the effects of atmospheric dilution.  Typically, logarithmic axes are used to 

visualize the wide dynamic range of emission profiles.  The mathematics underlying the ratio 

approach are described in Robinson et al. (4). 

There are many advantages to using ratio-ratio plots to evaluate source profiles compared to 

simple scatter plots.  First, source profiles appear as individual points on a ratio-ratio plot 

(Figures 1b, 1d, 1f), which allows efficient comparison of ambient data with numerous source 

profiles.  Also, ambient concentration ratios of compounds emitted by a single source class 

cluster to a point on a ratio-ratio plot corresponding to the source profile (Figure 1b).  This 

assumes that the effects of time-varying emission rates, transport, and deposition are not species 

dependent (4). 

If two source classes emit the compounds of interest then a linear mixing line can be drawn 

between the two profiles, and the ambient data are expected to fall on this mixing line, as in 

Figure 1(d).  This allows one to visualize the effects of mixing of emissions from different 

sources (source-source mixing) on ambient concentrations.  The exact position along the line 

depends on a weighting factor (4); however, the key point is that this line defines the potential 

atmospheric states assuming linear mixing.  Linear mixing lines often appear curved on a log-log 

plot, so we typically draw them to assist with visualization and interpretation. 

For compounds emitted by multiple source classes, one simply defines mixing lines between 

the different source profile pairs; the area enclosed by these mixing lines (mixing region) is the 
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space in which ambient concentrations are expected if they are governed by mixing.  This 

scenario is illustrated in Figure 1(f) which shows a 3-source ratio-ratio plot. 

The power of ratio-ratio plots is that they allow visual identification of inconsistencies 

between the ambient data and source profiles.  If the ambient data fall outside of the mixing lines 

created by the source profiles then there could be problems with the source profiles, an unknown 

source of the compounds, or the compounds could have different atmospheric lifetimes (e.g. one 

species is being oxidized).  Under these conditions, linear source inversions such as CMB will 

fail.  Ratio-ratio approach can provide insight into the characteristics of missing sources and/or 

the possibility of photochemistry.  Finally, ratio-ratio plots allow the analyst to visually compare 

multiple profiles for a given source class to help guide development of aggregate source profiles. 

Another advantage of the ratio-ratio approach is the uncertainty of concentration ratios of 

species measured using the same instrument, for example, GC-MS.  In these situations the 

uncertainties of the individual species are typically highly correlated – even instrumentation 

calibration uncertainties are typically correlated for multiple species – and so measurements of 

source ratios are more precise than simple error propagation suggests.  To take advantage of this 

substantial advantage requires a careful review of the speciated data. 

Results and Discussion 

To illustrate the use of ratio-ratio plots, we examine the contribution of different sources to 

ambient concentrations of EC and five large polycyclic aromatic hydrocarbons (PAH) in 

Pittsburgh, PA: benzo(b+j+k)fluoranthene, benzo(e)pyrene, benzo[g,h,i]perylene, coronene, and 

indeno(1,2,3-cd)pyrene.  In this paper, we use “PAH” to refer specifically to these five 

compounds and not to the broader compound class.  Ambient PAH and EC concentrations were 
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measured on 103 days between July, 2001 and August, 2002 in an urban park in Pittsburgh (11).  

Daily measurements were made in July 2001 and most of January 2002; during other periods 24-

hr samples were collected on a 1 in 6 day schedule.  Additional details on the data set are 

provided in Supporting Information. 

The Pittsburgh PAH data provide an excellent illustration of the ratio-ratio methodology 

because PAHs are emitted by multiple source classes (e.g. motor vehicles, biomass combustion, 

industrial processes) and many different source profiles are available for each source class; in 

addition, there is also strong evidence for atmospheric decay of PAHs (14-16).  In the context of 

CMB modeling of ambient OC, PAHs have been used in conjunction with EC to differentiate 

between emissions of gasoline and diesel vehicles (17,18).  However, biomass combustion and 

industrial processes can also be important sources of PAH (19).  Photochemistry is especially a 

concern in Pittsburgh where fine particle concentrations are strongly influenced by regional 

transport which allows for significant time for photochemical processing (4). 

Scatter plots of ambient PAH concentrations versus indeno[1,2,3-cd]pyrene for Pittsburgh 

are shown in Figure 2a.  The Pittsburgh PAH data are highly correlated (R2 > 0.95), and only 

coronene and benzo[g,h,i]perylene show a small, but statistically significant, intercept.  These 

strong correlations suggest a single dominant source for these compounds.  On most days the 

ambient PAH concentrations are less than a few ng/m3; however, greatly elevated concentrations 

were intermittently observed in non-winter months (April – November).  Removing the high 

concentration days from the dataset does not alter the strong correlations among the PAHs.  On 

average, the ambient PAH concentrations in Pittsburgh are comparable to those measured in 

Birmingham, AL, but two to six times higher than the PAH concentrations measured in Atlanta, 

GA (20). 
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Figure 2b shows a scatter plot of benzo[e]pyrene versus indeno[1,2,3-cd]pyrene that 

compares ambient data to source profiles for wood smoke, coke production, and gasoline and 

diesel vehicles.  The ambient data can be explained by mixing of any two profiles that bracket 

the data; the large number of viable source profile combinations makes it difficult to evaluate 

potential scenarios. 

A ratio-ratio plot is a more effective tool for visualizing the ambient data and to compare 

them to source profiles.  Figure 3 shows a ratio-ratio plot of 3 PAHs; as expected from the strong 

correlations shown in Figure 2a, the ambient PAH data tightly cluster around a point in the ratio-

ratio plot. 

Figure 3 shows that the ambient distribution of the three PAHs is similar to the coke 

production source profile and a number of the biomass smoke profiles.  Notably, the ambient 

PAH data cannot be explained by mixing of gasoline and diesel emissions.  For example, Figure 

3 indicates that the indeno(1,2,3-cd)pyrene-to-benzo(e)pyrene ratio of many of gasoline vehicle 

profiles is similar to the ambient data, but that these profiles are substantially enriched in 

benzo(g,h,i)perylene compare to the ambient data.  Many of the biomass smoke source profiles 

cluster together in Figure 3 as do many of the gasoline vehicle source profiles; this indicates that 

the there are characteristic distributions of these PAHs for different source class.  This clustering 

reduces issues associated with source profile variability and supports averaging of profiles to 

create aggregate profiles for a given source class. 

A CMB analysis was performed on the Pittsburgh data.  The model considers four PAHs: 

benzo[e]pyrene, indeno[1,2,3-cd]pyrene, benzo[g,h,i]perylene and coronene.  Additional species 

in the model are four n-alkanes, iso-hentriacontane, anteiso-dotriacontane, four hopanes, two 

alkanoic acids, palmitoleic acid, cholesterol, levoglucosan, resin acids, syringaldehyde, 
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acetosyringone, titanium, iron, and elemental carbon.  Source profiles for eight source classes are 

included in the model: diesel vehicles, gasoline vehicles, road dust, biomass combustion, 

cooking emissions, coke production, vegetative detritus, and cigarettes.  Additional details of the 

CMB calculations are provided in the Supporting Information. 

The CMB model apportions more than 80% of the four large PAHs included in the model on 

all study days to coke production.  This is not unexpected given the clustering of the ambient 

data around the coke production source profile shown in Figure 3.  There are two large coke 

production facilities located within 15 km of the monitoring site, one to the northwest and the 

other to the southeast.  Not including the coke production source profile in the model results in 

large fractions of the ambient PAH being unapportioned (model-to-measured PAH ratios much 

less than 0.5) and alters the relative contribution of other sources of PAHs. 

On most days coke production is only a minor source of OC and fine particle mass.  CMB 

estimates a median daily contribution of coke production emissions to ambient OC of 18 ± 2 ng 

C m-3.  Its median daily contribution to PM2.5 mass is 45 ± 5 ng m-3 to PM2.5 mass.  Although 

PAH concentrations in Pittsburgh are higher than in other locations, coke is only a minor source 

of OC and fine particle mass because the emissions are so rich in PAHs.  On 9% of the study 

days, the CMB model apportions more than 200 ng C m-3 of ambient OC to coke production with 

a maximum daily contribution of 715 ± 81 ng C m-3.  Its maximum daily contribution to ambient 

PM2.5 mass is 1785 ± 202 ng m-3.  These spikes occur on days when PAH concentrations were 

high and the meteorology is consistent with transport from one of the local coke production 

facilities. 

Gasoline-diesel split: Although emissions from coke production dominate PAH 

concentrations in Pittsburgh, PAHs in combination with EC have been used to differentiate 
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between gasoline and diesel vehicle OC emissions (17,18).  Diesel vehicles are the dominant 

source of EC in urban environments while gasoline vehicle emissions are significantly enriched 

in PAHs compared to diesel emissions.  The feasibility of separating gasoline and diesel 

emissions using PAHs and EC can be evaluated using the ratio-ratio plots shown in Figure 4, 

which presents the indeno[1,2,3-cd]pyrene and benzho[g,h,i]perylene data normalized by EC.  

The ambient PAH and EC concentrations are only weakly correlated, which causes the data to be 

distributed along the diagonal in the ratio-ratio plot. 

PAH-to-EC ratios of many different source profiles are compared to the ambient data in 

Figure 4a.  The biomass smoke profiles show a similar distribution of PAH-to-EC ratios as the 

ambient data indicating that biomass smoke, by itself, can explain both the ambient PAH and EC 

data.  The diesel profiles with a relatively low PAH-to-EC ratios and the coke production profile 

with a relatively high PAH-to-EC ratio bracket the ambient data.  Figure 4a indicates that the 

gasoline profiles are either depleted in indeno[1,2,3-cd]pyrene or enriched in 

benzho[g,h,i]perylene compared to the ambient data. 

To facilitate consideration of different mixing scenarios, Figure 4 shows arithmetic average 

source profiles for each source class (profiles that do not report for certain species, e.g. diesel 

profiles with no indeno[1,2,3-cd]pyrene, are included in the average as a zero).  A mixing line 

connecting the average diesel profile with the coke production profile passes through the ambient 

data; therefore mixing of emissions from these two source classes can also explain the ambient 

PAH and EC data.  The location of this mixing line in the region of the ambient data is 

insensitive to the approach used to calculate the average diesel profile. 

To better understand the potential contributions of gasoline and diesel vehicles to ambient 

PAH and EC concentrations, Figure 4b shows a ratio-ratio of data on days when ambient 
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concentrations of wood smoke markers (levoglucosan, resin acids, syringols) were low.  On 

these days motor vehicles and coke production are expected to be the dominant sources of PAH 

and EC, eliminating any complications due to wood smoke. 

Figure 4b compares the low wood smoke ambient data to different mixing scenarios defined 

by the average gasoline, average diesel and coke production source profiles.  The mixing lines 

represent four of the many possible mixing scenarios.  The two solid lines indicate 100% 

gasoline or 100% diesel emissions mixed with coke production emissions.  The two dashed lines 

are mixtures of emissions from two different mixed vehicle fleets with coke production 

emissions.  The composition of the mixed vehicle fleet is defined by the fraction of motor 

vehicle OC contributed by each vehicle type -- in a 2:1 diesel:gasoline fleet, diesel vehicles emit 

twice as much OC as gasoline vehicles.  The relative contribution of coke production varies 

along each line with the lower and upper ends of each line correspond to coke production 

contributing 0% and 100% of the combined OC, respectively. 

The mixing line defined by average diesel profile and the coke production profile plotted in 

Figure 4 passes through the entire ambient data set.  However, other mixing lines collapse along 

the diagonal defined by the ambient data when coke production contributes just 5% of the 

combined OC from vehicle emissions and coke production.  For example, Figure 4b indicates 

that ambient data with PAH-to-EC ratios greater than 1 can correspond to vehicle fleets ranging 

from 100% diesel to a 2:1 diesel-gasoline split.  This occurs because emissions from coke 

production are much richer in PAHs compared to the other sources and illustrates how a large, 

but unexpected source (coke production), can significantly influence the results.  This severely 

limits the feasibility of using the PAH and EC data to specify the gasoline diesel split. 
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Figure 4b does suggest that on a reasonable number of days diesel emissions dominate 

gasoline emissions because a large fraction of the data with low PAH-to-EC ratios falls below 

even the 2:1 diesel:gasoline mixing line.  Notably there is not even a hint of spread towards the 

average gasoline source profile in Figure 4b, suggesting minimal contribution of gasoline 

vehicles to ambient OC on many study days.  However, this conclusion is based on the 

assumption that PAHs are stable in the atmosphere. 

Photochemical aging and regional transport: Ratio-ratio plots also provide insight into 

photochemical aging (4).  PAHs are known to photochemically decay (14-16) while EC is stable 

(except for deposition, which we assume affects PAHs and EC equally).  Therefore, 

photochemical degradation of PAH will reduce the PAH-to-EC ratio in the ambient air compared 

to fresh emissions.  In this section we examine the ambient data for evidence of photochemical 

aging of PAHs and discuss implications of this aging on source apportionment estimates. 

Photochemical aging should create a seasonal pattern in the ambient data.  Assuming 

constant source strengths, PAH-to-EC ratios are expected to be lower in the summer than in the 

winter due to seasonal changes in photochemical activity.  Another important issue is the spatial 

distribution of sources.  Regional transport has a significant influence on fine particle 

concentrations in Pittsburgh (21).  Photochemistry will have a much larger effect on PAH 

concentrations in the regional air mass compared to those emitted locally because of the 

differences in transport times.  Therefore, PAH-to-EC ratios are expected to be lower in the 

regional air mass than in locations strongly influenced by local emissions. 

We examined the data from the Pittsburgh site for a seasonal pattern in the PAH-to-EC ratio.  

However, the large, intermittent spikes in PAH concentrations observed at the Pittsburgh site is a 

clear sign of variable source strengths; this is not unexpected given the contribution of the local 
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point source (coke production) is strongly dependent on local meteorology.  If one removes the 

large spikes in PAH concentration (which are presumably due to strong influence of local coke 

production) then the PAH-to-EC ratios measured at the Pittsburgh site exhibit a strong seasonal 

pattern consistent with aging. 

To characterize the PAH concentrations in the regional air mass, measurements were made at 

a rural site in Florence, PA, 40 km west-southwest of Pittsburgh (11).  Florence is almost always 

upwind of the city and fine particle mass and bulk composition measured at the Pittsburgh, 

Florence and other sites in Southwestern PA are very similar (21).  Thirteen paired sets of 

samples for organic speciation were collected from both sites during January 2002 and four 

paired sets during July 2002. 

Figure 5 presents a ratio-ratio plot that compares the data collected in Florence and 

Pittsburgh.  The summertime PAH-to-EC ratios in Florence are smaller than those measured in 

Pittsburgh, particularly on two of the days.  The summertime Florence PAH-to-EC ratios are 

comparable to the lowest values observed in Pittsburgh during the entire study.  During the 

wintertime, the PAH-to-EC ratios in Pittsburgh and Florence are essentially the same, with a 

range of values indicated by the arrow in Figure 5.  The winter the PAH-to-EC ratios in Florence 

are, on average, a factor of 4 higher than the summer ratio.  Therefore, the data are consistent 

with photochemical degradation of PAHs in the regional air mass during the summer. 

The Florence data shown in Figure 5 also fall on of the 100% diesel-coke production mixing 

line, suggesting that emissions from diesel vehicles dominate the gasoline-split at this site and 

that coke production emissions also contribute to PAH concentrations.  There is a large coke 

production facility in Follansbee, WV, which is roughly 25 km west of the Florence site.  The 

presence of coke facility upwind of Florence potentially complicates the interpretation of the 
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PAH data from the site.  For example, is the seasonal pattern in the Florence data due to a 

stronger wintertime influence of the Follansbee coke production facility at this site during the 

winter?  This seems unlikely given the large number of wintertime data points combined with the 

available meteorology data -- on some sampling days the wind direction measured at the 

Florence site does not point towards the Follansbee plant. 

Photochemical degradation of PAHs has important implications for using PAH data to help 

infer the gasoline-diesel split in locations such as Pittsburgh where emissions from local sources 

are mixed regional transport.  As previously discussed, one interpretation of Figure 4b is that the 

gasoline-diesel split is dominated by diesel emissions.  However, the organization of the ambient 

data in the PAH-to-EC ratio-ratio plots is also entirely consistent with mixing of relatively fresh 

emissions from coke production with photochemically aged, PAH-depleted vehicle emissions in 

the regional air mass.  Such mixing will disperse the data along a diagonal line extending from 

the coke production source profile towards the lower-left hand corner of the ratio-ratio plot – 

exactly as the heavy, solid mixing line shown in Figure 5.  This mixing line connects the coke 

production source profile and the Florence data with the lowest PAH-to-EC ratio.  The small 

PAH-to-EC ratios observed in the Florence during the summer are consistent with the regional 

air mass being depleted in PAH during periods of high photochemical activity. 

A more complete analysis of the contribution of gasoline and diesel vehicles emissions using 

additional molecular markers such as hopanes indicates that in the winter (when photochemical 

activity is low), the vehicular OC contribution could be dominated by gasoline vehicle emissions 

(7).  Therefore, inferences regarding gasoline-diesel split based on ambient PAH concentrations 

are likely incorrect in locations like Pittsburgh where strong local sources (coke production) are 

coupled significant regional transport. 
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Figure 1. Scatter and ratio-ratio plots of simulated ambient data (indicated by open circles).  

The simulated data are based on mixing of emissions from up to three different sources: S1, S2, 
and S3.  Plots (a) and (b) are a one source scenario; plots (c) and (d) are a two source scenario; 
and plots (e) and (f) are a three source scenario. 
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Figure 2. Scatter plots of different PAHs.  The dashed lines in (a) are linear regressions (R2 > 
0.95).  The lines in (b) are different source profiles taken from the literature (18,22-33).  Error 
bars indicate measurement uncertainty of selected points.  Uncertainty of low concentration and 
coronene data is comparable to the marker size. 
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Figure 3. Ratio-ratio plot comparing ambient PAH to source profiles.  The lines indicate the 
slopes of linear regressions shown in Figure 2a and the gray areas indicate fifth and ninety-fifth 
percentiles of the data.  Error bars are shown a limited number of points to indicate typical level 
of measurement uncertainty. 
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Figure 4.  Ratio-ratio plots focused on using PAH and EC data to determine the gasoline-

diesel split: (a) complete ambient dataset; (b) 64 days with low biomass smoke concentrations.  
The stars indicate average emission profiles.  The lines in (b) indicate mixing scenarios as 
described in the text, and the filled symbols in (a) indicate mixtures in which coke production 
contributes 1% and 5% of the OC from vehicle emissions plus coke production.  Profiles plotted 
on the y-axis and/or x-axis do not report or have indeno(1,2,3-cd)pyrene and/or 
benzo(g,h,i)perylene emissions outside of the range of the plot.  Source profiles are from (18,22-
33).  Error bars are shown a limited number of points to indicate typical level of measurement 
uncertainty. 
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Figure 5.  Ratio-ratio plot comparing Pittsburgh data and regional background air measured 

at an upwind site in Florence, PA.  Stars are the average source profiles shown in Figure 4.  The 
dashed lines correspond to the mixing scenarios shown in Figure 4b.  The heavy solid line 
indicates mixing between the coke production source profile and aged regional background air, 
as described in the text. 
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Abstract 

A large dataset of ambient cholesterol, palmitoleic acid, oleic acid, palmitic acid, and stearic 

acid concentrations is used to apportion ambient organic aerosol to food cooking emissions in 

Pittsburgh, Pennsylvania.  Ambient concentrations of these species are well-organized which 

implies the existence of well-defined source profiles; however, significant inconsistencies exist 

between the ambient data and published source profiles.  Most notably, the palmitoleic acid to 

oleic acid ratio is roughly a factor of ten greater than the ratio in essentially all published source 

profiles.  The reason for this discrepancy is not known, but means that the fitting statistics 

calculated by the Chemical Mass Balance (CMB) model are poor if both species are included in 

the model at the same time.  CMB analysis is performed using three different combinations of 

food cooking source profiles and molecular makers.  The amount of OC apportioned to food 

cooking emissions by these different scenarios varies by factor 8.  Differences in the marker-to-

organic-carbon ratios of the source profiles cause the large systematic biases between the 

different solutions.  The best CMB solution is based on three profiles, two meat cooking profiles 

with widely divergent marker to OC ratios and a seed oil cooking profile.  This CMB model also 

includes two alkanoic acids as fitting species, which helps constrain the estimates of meat 

cooking emissions.  This solution explains much of the variability in the ambient molecular data 

and apportions an average of 320 ± 140 ng-C m-3 or 10% of ambient organic carbon in 

Pittsburgh to food cooking emissions.  Although these results illustrate the significant challenges 

created by source profile variability, the strong correlations in the ambient dataset underscore the 

significant promise that molecular markers hold for source apportionment analysis. 
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Introduction 

Food cooking has been shown to be an important source of the ambient fine organic aerosol 

in urban environments (1-5).  Organic molecular markers such as oleic acid, palmitoleic acid, 

and cholesterol have been used to predict the contribution of meat-cooking emissions to primary 

organic aerosol with the chemical mass balance (CMB) model (1,5-7).  Cooking emissions are 

also a major source of palmitic and stearic acids (1,6,8). 

Selection of source profiles and fitting species requires careful consideration when 

performing CMB analysis.  Previous CMB analyses have used different combinations of source 

profiles and molecular markers to estimate the contribution of food cooking emissions to 

ambient particle concentrations (1-5).  More than 10 food cooking source profiles have been 

published with speciated organics data (7-11); a comparison of these profiles reveals of wide 

range in emission rates and emission composition depending on food type and preparation 

technique. 

This paper is part of a series of papers that examines issues associated with CMB analysis of 

molecular marker data in Pittsburgh, PA (12-14). The goal of this paper is to examine 

uncertainties associated with estimating the contribution of food cooking emissions to organic 

aerosol in Pittsburgh using molecular markers.  First, a large data set of ambient concentrations 

of oleic acid, palmitoleic acid, palmitic acid, stearic acid, and cholesterol are examined for 

correlations among different compounds emitted by food cooking.  Next, the data are compared 

to the available cooking source profiles using the approach described in Robinson et al. (12,15).  

Based on these comparisons, different scenarios for CMB analysis are defined and the paper 

concludes with a discussion of the CMB results.  
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Methods 

CMB analysis was performed to apportion ambient OC in Pittsburgh, PA to sources of 

primary organic aerosol.  The analysis uses ambient concentrations of individual organic 

compounds, PM2.5 organic and elemental carbon, and PM2.5 elemental composition measured on 

103 days between July, 2001 and August, 2002 (16).  Daily measurements were made in July 

2001 and most of January 2002; during other periods 24-hr samples were collected on a 1 in 6 

day schedule.  Additional details of the data set are provided in Supporting Information. 

Source contributions to ambient OC are determined by calculating the linear combination of 

source emissions needed to reproduce the ambient concentrations of a set of fitting species.  The 

selection of compounds included in the CMB model is a critical issue; all major sources of each 

compound must be included in the model and the species should be conserved during transport 

from source to receptor (17).  This work uses the basic set of compounds and source classes 

developed by Schauer et al. (1,5).  In addition to the cooking related markers discussed below, all 

calculations include four n-alkanes, iso-hentriacontane, anteiso-dotriacontane, syringaldehyde, 

sum of resin acids, acetosyringone, levoglucosan, four hopanes, four PAHs, titanium, iron, and 

elemental carbon.  Source profiles for eight source classes are included in the model: diesel 

vehicles, gasoline vehicles, road dust, biomass combustion, cooking emissions, coke production, 

vegetative detritus, and cigarettes.  The calculations were performed using the computer program 

CMB8 distributed by the US EPA.  Lists of source profiles and fitting species for each scenario 

are contained in Supporting Information. 

This paper focuses on five important markers for cooking emissions: n-hexadecanoic 

(palmitic) acid, n-octadecanoic (stearic) acid, 9-hexadecenoic (palmitoleic) acid, 9-octadecenoic 

(oleic) acid, and cholesterol.  CMB analysis is performed using different combinations of these 
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species with different food cooking source profiles (in addition to a standard set of non-food 

cooking source profiles and molecular markers).  Experimental uncertainties are estimated as 

±30% for cholesterol and as ±20% for the alkenoic and alkanoic acids; these values were 

determined by comparing results for samples collected in parallel.  These uncertainties are 

applied to both the source profiles and the ambient data.  Although some of the food cooking 

markers are present in source profiles for non-cooking source classes included in the model, 

CMB apportions the vast majority of the ambient concentrations of these give compounds to the 

food cooking profiles.  Therefore, the specific combination of non-food cooking profiles has 

little influence on the OC apportioned to food cooking emissions.   

The specific combinations of food cooking source profiles and fitting species used for CMB 

analysis are selected based on comparisons made using scatter and ratio-ratio plots of ambient 

concentrations of different molecular markers.  These plots allow one to visually evaluate 

relationships between ambient concentrations of different markers and to compare source 

profiles to ambient concentrations.  Ratio-ratio plots are constructed using three species; one 

compound is selected as a reference to normalize the concentrations of the other two compounds, 

called target species.  The best reference compounds are relatively abundant, stable, and specific 

to the sources plotted.  Source profiles appear as points on ratio-ratio plots and linear mixing 

lines can be drawn to visualize the effects of mixing of emissions from different sources.  More 

details on the construction, interpretation, and mathematics of ratio-ratio plots are provided in 

Robinson et al. (12,15). 

Results 

Time series of ambient concentrations of cholesterol, palmitoleic acid, and palmitic acid are 

shown in Figure 1.  The results are presented using box-plots constructed by grouping the data 
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into one or two month periods, depending on the number of samples.  Ambient palmitoleic and 

oleic acid concentrations are well correlated (Figure 2a) so time series for oleic acid appears 

similar to the palmitoleic acid data shown in Figure 1b.  Similarly ambient palmitic and stearic 

acid concentrations are well correlated (Figure 2d) therefore time series of stearic appear similar 

to the palmitic acid data shown in Figure 1c. 

The height of the boxes in Figure 1 reflects the significant day-to-day variability in the 

ambient cooking marker concentrations.  The median ambient concentrations of cholesterol and 

the two alkenoic acids are around 1 ng m-3.  There is no seasonal pattern in the concentrations of 

cholesterol or the two alkenoic acids; however, only a few high concentration days were 

observed in the spring and the fall.  This may be due in part to only 20% of the samples being 

collected in the fall and spring versus 50% in summer and 30% in winter.  Concentrations of the 

two alkanoic acids exhibit a distinct seasonal pattern, with wintertime concentrations being on 

average a factor of 3 smaller than summertime concentrations. 

The ambient concentrations of the different cooking markers measured in Pittsburgh are 

similar to other locations in the United States.  For example, the Pittsburgh oleic acid levels are 

comparable to the “seasonal composite” concentrations in Houston, TX (18) but a factor of two 

or three lower than in Birmingham, AL and Atlanta, GA (3)  The Pittsburgh palmitoleic acid 

levels are a factor of two or three higher than other locations.  The cholesterol levels in 

Pittsburgh are similar to average concentrations in Los Angeles (19). 

CMB analysis seeks to describe ambient concentrations using a linear combination of source 

profiles; therefore, a key consideration is the relative distribution of different species in the 

ambient data set.  Scatter plots provide one tool for visualizing relationships among species (12); 

Figure 2 shows scatter plots of ambient daily concentrations of the different cooking markers.  
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Species whose ambient concentrations exhibit strong linear correlations are likely emitted by a 

single dominant source class with the slope of the regression indicating the emission ratio of the 

two species (12). 

Ambient oleic and palmitoleic acid concentrations are well correlated with a slope of roughly 

1 (Figure 2a).  In addition, except for three possible outliers, most of the scatter in data can be 

attributed to measurement uncertainty.  This implies a single dominant source for the two 

alkenoic acids, presumably meat cooking.  Cholesterol is also an important marker for meat 

cooking emissions (7).  Figure 2b indicates only modest correlation between ambient palmitoleic 

and cholesterol data; however, a reasonable amount of the scatter between the alkenoic acid and 

cholesterol data can be attributed to measurement uncertainty.  Therefore, ambient 

concentrations of these three compounds are likely dominated by the same source.  Ambient 

palmitic and stearic acid concentrations are well correlated (Figure 2c), but little correlation is 

observed between the two alkenoic and the two alkanoic acids (Figure 2d).  This implies that 

these saturated and unsaturated acids have different dominant sources. 

Ratio-ratio plots provide another tool for visualizing relationships in ambient datasets 

(12,15).  Figure 3a plots the two alkenoic acids normalized by cholesterol, while Figure 3b plots 

the two alkanoic acids normalized by cholesterol.  The strong correlations among the different 

cooking markers in the ambient data result in well organized ratio-ratio plots from which one can 

infer potential source profiles of the aggregate emissions influencing Pittsburgh. 

The organization of the data in Figure 3 suggests a number of viable hypotheses to explain 

the ambient data.  First, we consider the ambient alkenoic acid and cholesterol data plotted in 

Figure 3a.  Within experimental uncertainty, the large majority of these data can be explained by 

a source profile that is approximately 1:1:1 in palmitoleic acid:oleic acid:cholesterol.  The 
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dispersion along the one-to-one line indicates some variation in the relative amount of 

cholesterol in the emissions; however, the somewhat higher uncertainty of the cholesterol data 

may also contribute to this dispersion.  Another possible scenario includes an average source 

profile that is approximately 5:5:1 (1 being cholesterol), with photochemical aging causing up to 

an order of magnitude depletion of the alkenoic acids (15).  A final viable explanation of the data 

in Figure 3a is two sources that bracket the ambient data along the diagonal, one of at least 5:5:1 

and one below 0.2:0.2:1, each with variable strengths. 

Explaining the ambient alkanoic acid and cholesterol data in Figure 3b requires at least two 

source profiles; a profile rich in cholesterol located in the lower left hand corner of the plot and a 

second source that emits alkanoic acids but little or no cholesterol (such as seed oil cooking or 

even motor vehicles) that is located in the upper right hand corner of the graph.  A mixing line 

between these two sources passes through the ambient data. 

Comparison of Ambient Data with Source Profiles:  Relatively few cooking source profiles 

have been published that report alkanoic acid, alkenoic acid, and cholesterol data.  The majority 

of the available cooking profiles are for commercial-scale frying and charbroiling of hamburger 

meat (7,9).  Profiles have also been published for frying of vegetables in oil, which emits the 

different acids but no cholesterol (8).  There are also non-cooking related sources of these 

compounds.  Biomass smoke, motor vehicle exhaust and road dust all contain the four acids 

(1,6).  Cholesterol is thought to be a good marker for meat cooking emissions in urban 

environments (7); although recent papers have reported unexpectedly high levels of cholesterol 

in a remote natural area (20) and in emissions from prescribed burns (21).  All of these 

compounds are important constituents of plant and/or animal tissues, but the potential 

contribution of biogenic sources is not well defined. 
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Figure 3 compares published cooking source profiles to the ambient data.  Source profiles 

appear as points in the ratio-ratio plots, which are connected by linear mixing lines to define 

regions with the plot that can be described by linear mixing (12,15).  Also shown on Figure 3 are 

some new, unpublished residential cooking profiles for frying steaks, hamburgers, and breaded 

fish fillets using both electric and natural gas stoves.  These new profiles fall within the scatter of 

the published profiles.  Arrows in Figure 3 point towards sources of the different acids that do 

not emit cholesterol. 

Cooking emissions depend on type of food and cooking technique (7-9).  The available 

profiles organize along a diagonal line in the ratio-ratio plots.  This occurs because there is only 

modest profile-to-profile variability in the palmitoleic acid: oleic acid and palmitic acid: stearic 

acid ratios of the different profiles.  The biggest difference between profiles is the almost two 

order of magnitude variability in relative emissions of cholesterol.  Figure 3 indicates that the 

variability across the set of cooking profiles is similar to that exhibited by the ambient data. 

The most striking aspect of a comparison between the ambient data and the source profiles is 

the large differences in the palmitoleic to oleic acid ratios.  Figure 3a indicates that the ambient 

data have nearly equal loadings of these two acids compared to an average 20:1 dominance for 

oleic acid in the published meat cooking source profiles.  Although there is some profile-to-

profile variability in the ratio of these two acids, even the profile with the smallest oleic-to-

palmitoleic acid ratio is still enriched by almost a factor in ten in oleic acid compared to the 

ambient data. 

Palmitoleic and oleic acid are also emitted by a number of other non-meat cooking sources.  

Almost all of the available profiles for these other source classes are also significantly enriched 

in oleic acid and therefore cannot explain the ambient oleic-to-palmitoleic acid ratios.  The only 
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profiles we have found that report a palmitoleic acid to oleic acid ratio greater than one are the 

Fine et al. (22) Quaking Aspen and softwood open burn profiles (23).  We explored including 

these profiles in CMB to explain the ambient data, but even on the limited number of days with 

significant biomass smoke, only a small fraction of the ambient alkenoic acids are apportioned to 

the non-cooking profiles.  Consequently, CMB solutions that simultaneously try to fit both oleic 

and palmitoleic acid data have poor fitting statistics. 

The unexpectedly small ambient ratios of oleic to palmitoleic acid relative to the known 

source profiles are not unique to the Pittsburgh.  Ratios of 1:1 to 3:1 (oleic:palmitoleic) have 

been reported for rural sites in the Southeastern US (3), Houston, TX (18), and Los Angeles (24).  

Urban locations in the Southeastern US have larger ratios that are more consistent with available 

cooking source profiles (3). 

Explaining the ambient alkenoic acid data requires a source rich in palmitoleic acid that is 

mixing with emissions from the known sources.  In addition, the strong correlation shown in 

Figure 2a requires that the emissions from this unknown source co-vary with the emissions from 

the known important sources of oleic acid.  This constraint makes it very unlikely that this source 

is a completely different (i.e. non-cooking) activity.  Rather, it seems likely that the aggregate 

cooking profile characteristic of Pittsburgh differs from the published profiles, which points to 

need to expand our knowledge of cooking emissions beyond the limited number of available 

profiles.  An alternative explanation is that the concentrations are in some way altered between 

the sources and the receptor.  Although laboratory studies observe rapid oxidation of oleic acid 

(25), oleic acid would have to be oxidized at a much higher rate than palmitoleic acid.  More 

recent data indicate that in model meat smoke aerosols that the two alkenoic acids oxidize at 

essentially same rate (26). 
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CMB analysis:  In this section we develop scenarios for CMB analysis focusing on the 

contribution of meat cooking emissions to ambient OC.  First we consider CMB models in which 

the key markers for meat cooking emissions are either cholesterol and oleic acid or cholesterol 

and palmitoleic acid.  We do not fit both alkenoic acids at the same time because of the 

significant inconsistencies between the palmitoleic acid-to-oleic acid ratios of the source profiles 

and the Pittsburgh ambient data.  Interestingly, almost all previous CMB analyses of molecular 

marker data have only fit one of the two alkenoic acids.  Initial analyses used oleic acid (1), 

which was subsequently replaced with palmitoleic acid because of concerns over emissions of 

oleic acid from seed oil cooking (5). 

In order to fit the ambient cholesterol and oleic acid data the ratio of these species in the 

cooking source profile must the same as the ambient data.  Graphically, this profile needs to be 

somewhere in the horizontal grey band shown in Figure 3a.  Within experimental uncertainty, the 

red meat frying profiles can explain the ambient cholesterol and oleic acid data.  Therefore, for 

the first CMB scenario, we fit cholesterol and oleic acid using the average frying profile 

indicated by the open star in Figure 3a; this profile is the arithmetic average of the individual red 

meat frying profiles. In order to fit the ambient cholesterol and palmitoleic acid data the cooking 

source profile should lie within the vertical gray band shown in Figure 3a.  For this second case 

we use an average red meat charbroiling profile in CMB, which is indicated by the filled star in 

Figure 3a. 

Although seeking to explain the ambient alkenoic acid and cholesterol data using a red meat 

frying or charbroiling profiles seems problematic given the diversity of cooking operations, the 

limited number of published profiles makes it impossible to construct a more realistic aggregate 

cooking profile based on food consumption and cooking data.  Essentially all previous CMB 
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analyses of molecular marker data have represented aggregate cooking emissions using a single 

are most two red meat cooking profiles (1-3,5,20).  One contribution of this work is to 

investigate the effects of combinations of different profiles and fitting species on the amount of 

ambient OC apportioned to cooking by the CMB model. 

Figure 4 plots the monthly average ambient OC apportioned to meat cooking emissions by 

two CMB scenarios which fit one alkenoic acid and cholesterol.  Monthly average concentrations 

are determined by arithmetically averaging the CMB results calculated for individual days.  On 

almost all days, the statistical quality of both solutions based on the performance measures 

calculated by CMB (R2, χ2, calculated over measured values, T-statistics, etc.) are within the 

guidelines described in the CMB manual (17).  For example, both solutions have average R2 and 

χ2 values 0.92 and 2.0 respectively and both solutions have confidence levels greater than 96% 

based on the χ2 values and number of degrees of freedom.  Therefore, one cannot use the 

statistical measures calculated by CMB to differentiate between the two solutions.  Additional 

information on the statistical quality of the solutions is presented in the Supporting Information. 

Figure 4 shows that the CMB analysis of the palmitoleic acid and cholesterol scenario (which 

fits the average charbroiling profile) apportions significantly more ambient OC to meat cooking 

than the oleic acid and cholesterol scenario (which fits the average frying profile).  Both 

scenarios also exhibit strong seasonal patterns with peak meat cooking contributions in the 

winter and lower contributions in the summer.  The daily OC apportioned to meat cooking by the 

two scenarios is highly correlated (R2 = 0.84 for the linear regression), but the palmitoleic acid 

and cholesterol scenario apportions eight times more OC to meat-cooking than the model fitting 

oleic acid and cholesterol. 
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The large systematic bias between these two scenarios is caused by differences in the marker-

to-OC ratios of the source profiles.  This ratio is a critical parameter in determining the amount 

of OC apportioned to a source class because CMB only fits the ambient concentrations of the 

species included in the model.  OC is not included in the model because source profiles do not 

exist for important contributors to OC such as secondary organic aerosol (SOA).  After 

determining the optimum fit of the target species, CMB apportions OC to each source using the 

marker-to-OC ratio of the different source profiles.  This second step is built into the analysis 

because the sources profiles have been normalized by the OC. 

The marker-to-OC ratios for the published meat cooking source profiles can vary by more 

than an order of magnitude.  For example, the average charbroiling profile used in the 

palmitoleic acid and cholesterol scenario has a cholesterol-to-OC ratio that is 5.3 times smaller 

than the average frying profile used for the other scenario.  This means that, for a given ambient 

cholesterol concentration, the average charbroiling apportions 5.3 times more meat cooking OC 

than the average frying profile.  Even larger differences exist between ratios of the two alkenoic 

acids with OC of the average charbroiling and average frying profiles.  The net effect of these 

differences is an average bias of a factor of 8 between the two scenarios.  Figure 4 indicates that 

this bias is much larger than the standard errors calculated by CMB. 

The fact that source profiles typically have small marker-to-OC ratio can result in an 

unrealistically large fraction of the ambient OC apportioned to a given profile.  For example, on 

the six days with the highest cooking marker concentrations, more than 100% of the ambient OC 

is apportioned to the average charbroiling profile by the palmitoleic acid and cholesterol 

scenario.  Similarly, during the winter when cooking markers were high, this scenario 
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apportions, on average, more than 60% of the ambient OC to meat, leaving little room for the 

contribution of other, non-cooking primary sources such as motor vehicles and biomass burning. 

Profile variability is also a problem if one normalizes the marker emissions with PM2.5 mass 

emissions as opposed to OC -- the marker-to-PM2.5-mass ratios of the difference source profiles 

exhibit as much variability as the marker-to-OC ratios.  We have performed CMB analysis using 

source profiles normalized with PM2.5 mass and the results look essentially the same as those 

shown for OC in Figure 4. 

Additional insight into the quality of the CMB solutions is provided by examining results for 

species not included as fitting species in the model.  CMB calculates the ambient concentrations 

of these species using the source profiles and the optimum solution based on the specified set of 

target compounds.  Mass balance requires that these calculated concentrations be less than or 

equal to the observed concentrations, but some modest overprediction is acceptable given the 

uncertainty in the analysis.  One of the target criteria for CMB analysis is that calculated 

concentrations of the fitted species should not be more than a factor of two greater than ambient 

data (17).  This seems like a reasonable criterion for the non-fitted species as well. 

The CMB results for the non-fitting species raise a number of additional concerns for the 

palmitoleic acid and cholesterol solution.  On winter days, this scenario overpredicts the ambient 

stearic acid concentrations by more than a factor of 3.  On essentially all days this scenario 

overpredicts the ambient oleic acid concentrations by almost a factor of 10.  These problems are 

clearly apparent in the ratio-ratio plots presented in Figure 3; for example, Figure 3a shows that a 

reasonable fraction of the ambient data having alkanoic-acid-to-cholesterol ratios that are much 

smaller than the average charbroiling profile.  The oleic acid and cholesterol scenario does not 

have problems with overpredicting non-fitted species. 
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Although the oleic acid and cholesterol CMB solution does not overapportion OC or other 

species not explicitly included in the model, it apportions only 92 ± 24 ng-C m-3 (± standard 

error) or 3% of the study average OC to meat cooking.  This is much less than previous CMB 

analyses using molecular marker data (1-3,5).  Another potential problem with the oleic acid and 

cholesterol scenario is that Figure 4 indicates that this scenario apportions almost no ambient OC 

to meat cooking in the fall and spring months.  Strong seasonal changes are not expected for 

cooking emissions. 

The results from the first two CMB scenarios clearly indicate that more information is 

needed to constrain the contribution of meat cooking emissions to ambient OC.  Stearic and 

palmitic acid are important constituents of meat cooking emissions (7).  The organization of the 

ambient data relative to the source profiles in Figure 3 provides insight into potential CMB 

scenarios that include cholesterol, palmitoleic acid, palmitic acid, and stearic acid as fitting 

species.  The average red meat frying profile and the Schauer et al. (9) charbroiling profile 

bracket both the ambient palmitoleic acid to cholesterol ratios (Figure 3a) and the ambient 

palmitic and stearic acid to cholesterol ratios (Figure 3b).  The mixing line connecting these 

profiles passes through the vast majority of the ambient data in Figure 3b.  The only problem 

with this solution is that it requires substantially higher ambient oleic acid concentrations than 

were actually measured as illustrated by the mixing line drawn in Figure 3a. 

Palmitic and stearic acids are typically not included as fitting species in CMB because of 

concerns with unidentified sources (1).  Although meat cooking is an important source of these 

acids, it is predicted to contribute less than 50% of the n-alkanoic acids in Los Angeles (6).  The 

poor correlation between the alkenoic and alkanoic acids (Figure 2d) implies that meat cooking 

is not the dominant source of alkanoic acids in Pittsburgh.  Other sources in the model such as 
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biomass smoke are only minor contributors of the two alkanoic acids.  The strong correlation of 

the ambient palmitic and stearic acid suggests there is a single dominant source of these acids.  

To account for the emissions from this unknown source we also include an average seed oil 

cooking profiles in the model.  This profile is the arithmetic average of the three profiles in 

Schauer et al. (8). 

CMB analysis was performed including palmitoleic acid, cholesterol, palmitic acid and 

stearic acid in the model and three cooking profiles – average red meat frying, Schauer et al. (9) 

charbroiling, and average seed oil cooking.  The statistical performance of this solution is strong 

on almost all days, with an average χ2 and R2 values of 0.92 and 2.1 respectively.  The minimum 

confidence level is 96% based on the χ2 and number of degrees of freedom.  Therefore, on the 

vast majority of the days, one cannot use these parameters to differentiate between the different 

solutions. 

Time series of the OC apportioned to meat and seed oil cooking are shown in Figures 4 and 

5a.  The amount of OC apportioned by the three source scenarios falls between the other two 

CMB solutions.  In addition, Figure 4 indicates there is much less month-to-month variability in 

the amount of ambient OC apportioned to food cooking compared to the previous cooking 

scenarios.  On a study average basis, the three source scenario apportions 320 ± 140 ng-C m-3 or 

10% of ambient OC to food cooking emissions.  On a PM2.5 mass basis, CMB apportions 560 ± 

240 ng m-3 or 3% of the study average ambient PM2.5 mass to cooking emissions.  These 

estimates are comparable to results from CMB analyses with molecular performed in the 

Southeastern US (3), but a factor of two or more smaller than results from Houston (2). 

Figure 5 presents the daily time series of the apportionment of ambient OC (Figure 5a), 

cholesterol (Figure 5b), and palmitic acid (Figure 5c) to the different cooking profiles.  These 
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plots provide insight into the role that each food cooking profile plays in the CMB solution.  Of 

the three cooking profiles, the Schauer et al. (9) charbroiling profile is the dominant contributor 

to ambient OC (Figure 5a), the average frying profile is the dominant contributor to cholesterol 

(Figure 5b), and all three profiles contribute significantly to ambient alkanoic acid concentrations 

(Figure 5c).  These differences can be attributed to the marker-to-OC ratios of the food cooking 

profiles.  Of the three profiles, the Schauer et al. (9) charbroiling profile has by far the smallest 

marker-to-OC ratios which enables this profile to contribute lots of OC while only contributing a 

relatively small amount of the different fitting species.  In contrast, the cholesterol-to-OC ratio of 

the average frying profile is a factor of 25 greater than the Schauer et al. (9) charbroiling profile.  

Therefore, the frying profile dominates the cholesterol apportionment, while only contributing 

only modestly to the ambient OC.  Almost no ambient OC is apportioned to the seed oil profile – 

the maximum monthly average contribution is 28 ± 12 ng-C m-3.  Its contribution is so small 

because the emissions from seed oil cooking are dominated by alkanoic acids; for example, the 

palmitic-acid-to-OC ratio of the average seed oil cooking profile is 0.23.  Even if all the ambient 

alkanoic acids are apportioned to seed oil cooking profile, it would contribute, on average, only 

60 ng-C m-3 of OC. 

A key feature of the palmitic and stearic acid CMB scenario is that it includes two meat 

cooking profiles with very different marker-to-OC ratios in model.  Figure 5 shows that, as the 

ambient concentrations of the cooking markers increase, the frying profile becomes more 

important in the model.  This allows the model to explain the ambient cooking marker data on 

high concentration days without apportioning unrealistically large amounts of ambient OC to 

meat cooking (e.g. wintertime apportionment by the palmitoleic acid and cholesterol scenario 

shown in Figure 4).  Conversely on days when the ambient concentrations of the meat cooking 
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markers are low the Schauer et al. (9) charbroiling profile dominates, which avoids the 

unrealistically small amounts of meat cooking OC apportioned by the oleic acid and cholesterol 

scenario in the fall and spring (Figure 4).  These shifts are due to the variation in the ambient 

data shown in Figure 3. 

Fitting the two meat cooking profiles requires including the two alkanoic acids as fitting 

species in the model.  These acids force the CMB model to apportion the core cooking markers, 

cholesterol and palmitoleic acid, to the frying profile.  Without these acids, CMB analysis with 

the two meat cooking profiles finds essentially the same solution as the previously discussed 

palmitoleic acid and cholesterol scenario fit with the average charbroiling profile. 

Although little ambient OC is apportioned to the seed oil profile, this profile plays an 

important role in the CMB model by serving as a sink for the alkanoic acids.  This prevents the 

alkanoic acids driving up the amount of OC apportioned to meat cooking on days when ambient 

alkanoic acid concentrations are high but the levels of other meat cooking markers such as 

cholesterol are low.  The role of the seed oil profile in the CMB model is reflected by the amount 

of alkanoic acids apportioned to seed oil cooking varying seasonally from roughly 25% in the 

summer to essentially none in the winter (Figure 5c), matching the seasonal pattern in the 

ambient data shown in Figure 1c.  One does not expect a strong seasonal pattern in cooking 

emissions; therefore the acids apportioned by CMB to the seed oil profile may come from some 

other source, with a biogenic source being a likely candidate.  However, in our view, the benefits 

of including alkanoic acids in the model as a constraint for meat cooking significantly outweigh 

concerns over unidentified sources. 

There are a number of problems with the CMB scenario that fits the two alkanoic acids, 

palmitoleic acid, and cholesterol with the three cooking profiles.  First, it overpredicts the 
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ambient concentrations of oleic acid by about a factor of 10.  Oleic acid was not included in the 

model because of the large discrepancy between the palmitoleic to oleic acid ratio between the 

source profiles and the ambient data illustrated in Figure 3a.  The cause of this discrepancy is not 

known.  Second, on nine days a significant amount of ambient cholesterol is not being accounted 

for by the model – see, for example, the first few winter days in Figure 5b.  These are all high 

cholesterol days, on which the fit of the meat cooking profiles is being constrained by the 

alkanoic acids.  Similar problems are apparent for palmitoleic acid in the three cooking source 

solution. 

Discussion 

One of the most important findings of this paper is the strong correlations and resulting well-

organized ratio-ratio plots among different molecular markers associated with food cooking 

emissions in a very large ambient dataset.  The organization of the ambient data reflects the 

source specificity of these compounds and implies the existence of well-defined source profiles.  

These sorts of relationships are essentially never observed among bulk species (metals, ions, 

OC/EC) commonly used for source apportionment analysis.  This underscores the utility of using 

molecular markers for source apportionment analysis.  Although previous studies have measured 

molecular markers, the datasets have been much too small to directly probe for relationships 

between ambient marker concentrations. 

This paper also describes a number of challenges associated with performing CMB analysis 

with molecular markers.  Source profile variability can create significant uncertainty in the CMB 

results.  For example, the factor of 8 difference in the amount of ambient OC apportioned to 

meat cooking by the different CMB scenarios is caused by differences in source profile marker-

to-OC ratios.  Selecting profiles with the smallest ratios maximizes the amount of OC 
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apportioned to a source class.  This ratio can introduce uncertainties in the source strength 

estimates that are difficult to remove because it is not explicitly considered by statistical 

measured calculated by CMB.  The problem of variable marker-to-OC ratios is not unique to 

cooking (13,14).  In this paper we have illustrated how adding alkanoic acids to the CMB model 

helps constrain CMB results for meat cooking, but more research is needed to address the 

problem of source profile variability. 

Given the central role of the marker-to-OC ratio in determining the amount of OC 

apportioned to a source class, these ratios must be carefully consider when performing and 

interpreting CMB analysis with molecular markers.  For example, many recent CMB analyses 

with molecular markers have used the Schauer et al. (9) charbroiling profile to represent the 

aggregate emissions from meat cooking operations (2,3,5,20,27).  This profile has a cholesterol-

to-OC ratio that is a factor of 10 smaller than many other published profiles (see Figure S-1 in 

supporting information).  Similar variation is observed in the cholesterol-to-PM2.5 mass ratios of 

the different meat cooking profiles.  Therefore, CMB analysis using this profile and cholesterol 

data will apportion significantly more OC (or PM2.5 mass) to meat cooking emissions than CMB 

analysis based on other profiles.  Unfortunately, assessing these issues is difficult because many 

papers do not clearly specify the set of fitting species and source profiles.  Cholesterol has not 

been routinely used as a fitting species in CMB analysis with molecular makers, but problems of 

apportioning more than 100% OC are reported in one paper that did fit ambient cholesterol data 

with the Schauer et al. (9) charbroiling profile (20).  Sheesley et al. (20) attributed the problem to 

an unknown source of cholesterol, but a significant factor may have been the very small 

cholesterol-to-OC ratio the Schauer et al. (9) charbroiling profile. 
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A second challenge for CMB analysis is inconsistencies between the published cooking 

source profiles and the ambient data, most notably for the oleic and palmitoleic acid data.  Such 

inconsistencies points to the need to develop more source profiles, especially for source classes 

such as cooking for which fewer available profiles are available compared to source classes such 

as motor vehicles and biomass combustion. 
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Figure 1. Box plots constructed from time series ambient data for (a) cholesterol, (b) palmitoleic 
acid, and (c) palmitic acid.  The boxes stretch from the lower quartile to the upper quartile 
values; median values are shown as lines across the boxes; filled diamonds indicate average 
values.  The whiskers indicate the maximum and minimum values; whiskers that intersect upper 
boundary of the plot indicate that the maximum value is beyond the scale of the graph.  The 
numbers in parentheses in x-axis labels indicate number of samples for specified period. 
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Figure 2. Scatter plots of the Pittsburgh ambient concentrations of the five cooking markers.  

Straight lines in (a) – (c) are linear regressions of the data which have been forced through zero.  
Excluding the three potential outliers in panel (a) improves the R2 value of the regression to 0.92 
and minimally influences the slope.  Measurement uncertainty indicated for selected points, 
uncertainty on other points is comparable. 



 26 

1 10 100
0.1

1

10

100

0.1 1
0.1

1

10

100

 

 

St
ea

ric
 A

ci
d 

/ C
ho

le
st

er
ol

Palmitic Acid / Cholesterol

Fish
Schauer

(b) Profiles with no cholesterol

 Ambient
 Charbroiling
 Frying
 Ave Frying
 Ave Charbroiling

 

 
O

le
ic

 A
ci

d 
/ C

ho
le

st
er

ol

Palmitoleic Acid / Cholesterol

Fish

Schuaer

(a) Profiles with
no cholesterol

 
Figure 3.  Ratio-ratio plots comparing ambient data for the five cooking markers to source 

profiles.  The dashed line is a linear mixing line connecting the average frying and the Schauer et 
al. (9) charbroiling profile.  The horizontal and vertical lines in (a) indicate the slopes of linear 
regressions the oleic acid and palmitoleic acid data versus cholesterol (e.g. Figure 2b).  The gray 
areas in (a) indicate twentieth and eightieth percentiles of the data.  The arrow in the upper right-
hand corner of the plot points towards sources such as biomass combustion, motor vehicles, road 
dust, and seed oil coil cooking that emit the different acids but not cholesterol.  Error bars are 
shown for a limited number of points to indicate typical level of measurement uncertainty. 
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Figure 4.  Time series of monthly average ambient OC apportioned to food cooking emissions by 
different CMB scenarios.  As described in the text, the “palmitoleic + cholesterol” scenario uses 
an average red meat charbroiling profile; the “oleic + cholesterol” scenario uses an average red 
meat frying profile; and the “alkanoic acids” scenario uses the Schauer et al. (9) charbroiling 
profile, an average frying profile, and an average seed oil cooking profile. 
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Figure 5.  Time series of (a) food cooking OC, (b) measured and calculated cholesterol, and (c) 
measured and calculated palmitic acid for the CMB scenario that fits the two alkanoic acids, 
palmitoleic acid, and cholesterol using the Schauer et al. (9) charbroiling profile, an average 
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Abstract 

Chemical Mass Balance analysis is performed using a large dataset of molecular marker 

concentrations to estimate the contribution of biomass smoke to ambient organic carbon (OC) in 

Pittsburgh, PA.  Detailed comparisons are made between the ambient data and a large number of 

published source profiles.  The fall and winter data are analyzed with fireplace and woodstove 

source profiles while open burning profiles were used to analyze the spring and summer data.  At 

the upper limit, biomass smoke is estimated to contribute 520 ± 180 ng-C/m3 or 14.5% of the 

total OC in the fall, 210 ± 100 ng-C m3 or 10% of the total OC in the winter, and 65 ± 29 ng-

C/m3  or 2% of the total OC in the summer.  In the fall and winter, there is large day-to-day 

variability in the amount of OC apportioned to biomass smoke.  The levels of biomass smoke in 

Pittsburgh are much lower than some other areas of the United States, indicating that there is 

significant regional variability in the importance of biomass combustion as a source of fine 

particulate matter.  The calculations face two major sources of uncertainty.  First, the ambient 

data for levoglucosan, resin acids, and syringhaldehyde are relatively disorganized, showing that 

numerous sources with distinct source profiles contribute to marker concentrations.  Second, the 

marker-to-OC ratio of available biomass smoke profiles is highly variable.  This variability 

creates a bias of more than a factor of two in the amount of ambient OC apportioned to biomass 

smoke by different statistically acceptable CMB solutions.  The marker-to-OC ratio is a critical 

parameter to consider when evaluating CMB solutions.  In addition to the specific application, 

this paper demonstrates a general methodology for addressing a source class with multiple, 

highly variable contributors. 
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Introduction 

Emissions from biomass combustion can be an important source of organic aerosol in urban 

environments (1-4).  Organic molecular markers have been used in conjunction with the 

chemical mass balance (CMB) model to apportion ambient organic aerosol to biomass smoke 

and other sources of primary organic aerosol (1-4). Simoneit (5) reviews molecular markers for 

emissions from incomplete biomass combustion.  In this paper we focus on some of the most 

commonly-used markers discussed in that review: levoglucosan, syringols, and resin acids.  

Levoglucosan is a general marker for biomass combustion emissions (6).  It is a cellulose 

pyrolysis product; since cellulose is the dominant natural biopolymer, levoglucosan is emitted 

during the combustion of most biomaterials.  Additional molecular markers have been identified 

to differentiate between emissions from softwood and hardwood combustion (3,7).  Softwood 

smoke contains resin acids from gymnosperms (conifers), while emissions from hardwood 

combustion are enriched in syringols compared to emissions from softwood burning (7,8).   

Using CMB with molecular marker data to apportion ambient OC to different source classes 

relies heavily on two implicit assumptions: first, emissions from a given source class are well 

represented by an average source profile; second, the ratio of marker levels to total organic 

carbon in that source profile are stable and well known (9).  These assumptions are challenged 

by the highly variable nature of biomass combustion. Currently, more than 35 source profiles 

with speciated condensed and semi-volatile organics have been published for biomass smoke 

(10-15).  Emissions from biomass combustion can vary widely depending on fuel type and 

combustion conditions (16).  For instance, the formation of levoglucosan depends strongly on 

combustion temperature (6) and therefore can vary widely, especially in uncontrolled exterior 

fires such as wildfires and agricultural burns (15).  Most CMB analyses of molecular marker data 
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do not consider the effects of source profile variability, but recent results indicate that source 

profile selection can significantly alter the CMB results (15). 

This paper is one of a series of papers that examines issues associated with CMB analysis of 

molecular marker data in Pittsburgh, PA (9,17-19). The goal of this paper is to estimate the 

contribution of biomass smoke to organic aerosol in Pittsburgh using the CMB model, taking 

into consideration the issues associated with source profile variability.  First, ambient 

concentrations of biomass smoke markers are examined for seasonal patterns and for correlations 

between different makers.  Next, the data are compared to the available source profiles using the 

approach described in Robinson et al. (9,20).  Finally, different scenarios for CMB analysis are 

defined and the paper concludes with a discussion of the CMB results. 

Methods 

CMB analysis was performed to apportion ambient OC in Pittsburgh, PA to sources of 

primary organic aerosol.  The analysis uses ambient concentrations of individual organic 

compounds, PM2.5 organic and elemental carbon, and PM2.5 elemental composition measured on 

103 days between July, 2001 and August, 2002 (21).  Daily measurements were made in July 

2001 and most of January 2002; during other periods 24-hr samples were collected on a 1 in 6 

day schedule.  Additional details of the data set are provided in Supporting Information. 

Source contributions to ambient OC are determined by calculating the linear combination of 

source emissions needed to reproduce the ambient concentrations of a set of fitting species.  The 

selection of compounds included in the CMB model is a critical issue; all major sources of each 

compound must be included in the model and the species should be conserved during transport 

from source to receptor (22).  This work uses the basic set of compounds and source classes 

developed by Schauer et al. (1,3).  In addition to the biomass smoke related markers discussed 
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below, all calculations include four n-alkanes, iso-hentriacontane, anteiso-dotriacontane, four 

hopanes, four PAHs, two alkanoic acids, palmitoleic acid, cholesterol, titanium, iron, and 

elemental carbon.  Source profiles for eight source classes are included in the model: diesel 

vehicles, gasoline vehicles, road dust, biomass combustion, cooking emissions, coke production, 

vegetative detritus, and cigarettes.  The calculations were performed using the computer program 

CMB8 distributed by the US EPA.  Additional details on the CMB analysis are contained in 

Supporting Information. 

This paper focuses on levoglucosan, resin acids, syringaldehyde, and acetosyringone, species 

which are commonly used as markers for biomass smoke.  CMB analysis is performed using 

different combinations of these species with different biomass smoke source profiles (in addition 

to a standard set of non-biomass smoke profiles and molecular markers).  Biomass smoke also 

contributes to other species included in model such as polycyclic aromatic hydrocarbons, 

elemental carbon, palmitoleic acid, alkanoic acids, and n-alkanes, but CMB apportions the vast 

majority of these markers to non-biomass-smoke source profiles.  Of these species, only the two 

alkanoic acids (palmitic acid and stearic acid) significantly influence the biomass smoke 

contributions.  These acids are included in the CMB model to help constrain the contribution of 

meat cooking emissions (17).  Including them as fitting species reduces the amount of ambient 

OC apportioned to biomass smoke by 10% relative to solutions that do not fit the two alkanoic 

acids. 

There are a number of issues associated with including resin acids in CMB as markers for 

softwood smoke.  First, the distribution of individual resin acids in wood smoke is highly 

variable, and depends on combustion conditions and the type of wood (11,12,23).  Second, resin 
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acids interconvert in the atmosphere; abietic- and pimaric-type resin acids are converted to 

dehydroabietic acid and ultimately to 7-oxodehydroabietic acid (5,24,25). 

The Pittsburgh samples were analyzed for 11 different resin acids, but only four of these 

acids (pimaric acid, sandaracopimaric acid, dehydroabietic acid and 7-oxodehydroabietic acid) 

were above the detection limit.  Dehydroabietic and 7-oxodehydroabietic were the dominant 

resin acids, contributing 86 ± 10 % (average ± standard deviation) of the total resin acid 

concentrations.  In contrast fresh emissions are often enriched in unaltered acids (11,12,23,26); 

therefore, the Pittsburgh data are consistent with substantial conversion of unaltered acids to 

dehydroabietic and then, ultimately, to 7-oxodehydroabietic acid.  In addition the ratio of 

dehydroabietic acid to 7-oxodehydroabietic acid varied seasonally (average wintertime ratio of 

4.7 versus 0.7 in the summer), while the total resin acid concentrations in both seasons were 

comparable.  The result is that ambient concentrations of dehydroabietic and 7-

oxodehydroabietic acid were inversely correlated (linear regression yields a slope of -0.93 and 

R2 0.71), which is consistent with photochemistry.  For CMB analysis, we assume that resin 

acids are conserved as a compound class, but that individual resin acids are not conserved.  

Therefore, we add all of the resin acids together in both the ambient data and the source profiles. 

Source profiles for biomass combustion are selected based on comparisons made using 

scatter and ratio-ratio plots of ambient concentrations of different molecular markers.  These 

plots allow one to visually compare source profiles to ambient concentrations.  Ratio-ratio plots 

are constructed using three species; one compound is selected as a reference to normalize the 

concentrations of the other two compounds, called target species.  The best reference compounds 

are relatively abundant, stable, and specific to the sources plotted.  Source profiles appear as 

points on ratio-ratio plots and linear mixing lines can be drawn to visualize the effects of mixing 
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of emissions from different sources.  More details on the construction, interpretation, and 

mathematics of ratio-ratio plots are provided in Robinson et al. (9,20). 

Results 

Figure 1 presents time series of ambient data for levoglucosan, total resin acids, and 

syringaldehyde.  The results are presented using box-plots constructed by grouping the data into 

one or two month periods, depending on the number of samples.  The highest levoglucosan and 

resin acid concentrations were observed in the fall; the peak syringaldehyde and elevated 

levoglucosan concentrations were observed in the winter.  During the rest of the year (April-

May) ambient concentrations of the biomass smoke markers are low, with only an occasional 

modest spike.  On average, the levoglucosan concentrations in Pittsburgh appear comparable to 

those in Houston, TX (27), but are a factor of 5-or-more lower than those in the Southeast (4). 

Biomass combustion encompasses a diverse set of sources, the distribution of which varies 

seasonally.  The ambient temperature provides one indicator of the types of biomass sources 

influencing Pittsburgh.  When the weather is warm, forest fires, structural fires, and agricultural 

burns are likely the dominant sources of biomass smoke.  During colder weather, wood 

combustion in fireplaces and woodstoves used for space heating may be an important source.  

We classified each sampling day as “warm” or “cold” based on the average ambient temperature; 

days with an average temperature less than 12 °C are defined as cold.  Thirty eight percent of the 

sampled days are classified as cold. 

Winters in Pittsburgh are cold with typical average daily temperatures between -5 and 5 °C; 

therefore, wood combustion for space heating likely contributes to wintertime biomass smoke 

marker concentrations.  Comparing the winter and summer resin acid and syringaldehyde data 

provides an indication of the type of wood used for space heating.  Syringaldehyde 
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concentrations were, on average, seven times higher on cold days (2.8 ng/m3) than on warm days 

(0.4 ng/m3), while resin acid concentrations in the winter and summer were comparable.  This 

indicates that hardwood is burned in the winter for space heating; a survey of wood distributors 

found that 90% of fuel wood sold in the Pittsburgh region is hardwood. 

The most striking feature of the ambient wintertime data is the significant day-to-day 

variability in the biomass smoke marker concentrations.  For example, wintertime (December 

through February) levoglucosan levels ranged from 0.3 to 120 ng m-3.  On two-thirds of the 

wintertime sampling days, levoglucosan levels were less than 5 ng m-3.  The other biomass 

smoke markers exhibited similar variability.  Ambient temperatures were consistently low 

throughout the winter, indicating a reasonably constant demand for space heating.  The large 

number of cold days with very low levoglucosan levels suggest that wood is not an important 

fuel for space-heating.  Figure 1 shows that the December and January levoglucosan and 

syringaldehyde data exhibit a pronounced weekend-weekday pattern.  The greatly elevated 

weekend concentrations are consistent with residential wood burning for pleasure – enjoying a 

weekend evening around the fire. 

In the fall (October and November), the average daily temperature in Pittsburgh varies 

widely, ranging from 3 to 21°C on the days on which samples were collected.  The peak 

levoglucosan and resin acid concentrations were observed on cold fall days, but high 

concentrations of these markers were also observed on warm fall days.  High concentrations on 

warm days are unlikely to be caused by local wood combustion for space heating; more likely 

explanations include long-range transport of emissions and/or leaf and agricultural burning.  

There are state and local regulations that limit open burning, but it is not uncommon to see 
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burning of yard waste in rural areas, particularly in the fall.  The high resin acid concentrations in 

the fall indicate a significant contribution of softwood smoke. 

Concentrations of biomass smoke markers were consistently low on non-fall warm days, 

indicating minimal influence of summertime wildfire emissions during the study.  For example, 

modestly elevated levels of levoglucosan (36 to 47 ng m-3) were observed on only three of the 

forty-eight summer samples.  On these days, resin acid concentrations (but not syringaldehyde) 

also spiked, indicating influence of softwood smoke. 

Scatter and ratio-ratio plots for the biomass smoke markers are shown in Figures 2 and 3.  

These plots are useful for identifying correlations in the ambient concentrations and to compare 

the ambient data to the published source profiles.  Figure 2 shows scatter plots of resin acids and 

syringaldehyde versus levoglucosan.  Figure 3 shows ratio-ratio plots of the four biomass smoke 

markers, with levoglucosan as the normalizing compound.  Figure 3 divides the ambient data 

into two groups to facilitate the development of scenarios for CMB analysis discussed later in the 

paper.  Data from the fall and winter are shown in Figures 3a and 3b, and data from the non-

winter months are shown in Figure 3c and 3d. 

There is only modest correlation among the biomass smoke markers in the Pittsburgh data 

set, with linear regressions yielding R2 values between 0.5 and 0.6 (if one excludes the few very 

high concentration points from the dataset).  The notable exception is that on cold days 

syringaldehyde and acetosyringone concentrations are strongly correlated, with a linear 

regression yielding a slope of 4.2, zero intercept, and an R2 of 0.94.  Somewhat stronger 

correlations are observed if one restricts the analysis to subsets of the data such as cold, warm, 

winter, or fall days. 
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The modestly correlated ambient data create relatively disorganized ratio-ratio plots.  For 

example, Figure 3 indicates that the ratios of the ambient concentrations of the different biomass 

smoke markers vary by at least one order of magnitude.  The greatest variability was observed in 

the winter, when the syringaldehyde-to-levoglucosan ratios varied by almost two orders of 

magnitude.  Although ratios on some low concentration days are highly uncertain (e.g. point in 

upper right hand corner of Figure 3a), the overall variability is much greater than the 

measurement uncertainty.  The poorly organized ratio-ratio plots imply that a diverse set of 

sources contributes to the biomass smoke marker concentrations in Pittsburgh. 

Comparison with source profiles:  More than 35 different biomass-combustion source 

profiles with levoglucosan, syringols, and resin acids have been published (10-15).  The vast 

majority of these profiles are for soft or hardwood combustion in either residential fireplaces or 

woodstoves (10-12,23) with more limited data for open- or prescribed-burns (13-15).  Source 

profiles appear as lines in the scatter plots presented in Figure 2 and as points in the ratio-ratio 

plot shown in Figure 3 (9).  To reduce clutter, only a few profiles are shown in the scatter plots.  

When using hardwood profiles, we assume that hardwood smoke contains no resin acids because 

common hardwoods do not have resin acid ducts.  A few of the published hardwood profiles 

report resin acid emissions, which have been attributed to contamination from earlier 

experiments using softwood (10). 

Figure 3 indicates that there is significant variability between the different source profiles.  

For example, resin-acid-to-levoglucosan ratios of the published softwood profiles span three 

orders of magnitude.  Each profile represents the emissions from a single or, at best, a small 

number of experiments; therefore, the significant variability of the published profiles simply 

reflects the heterogeneous nature of wood combustion.  Note that significant variability is 
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observed across the set of source profiles reported by a single study, so this variability is not due 

to difference in analytical methods used by different groups.  Profile-to-profile variability is not 

unique to the biomass smoke source profiles (9,17,18). 

The ratio-ratio plots presented in Figure 3 allow one to easily compare the ambient data to 

the entire set of source profiles.  Much of the ambient data fall within regions of the plot that can 

be explained by linear mixing of different combinations of the available source profiles; 

however, at least three source profiles are required in order to account for the variability in the 

ambient dataset.  This indicates that there is day-to-day variability in the aggregate biomass 

smoke profile.  For example, Figure 2 indicates that on winter days with the highest 

concentrations of syringaldehyde and levoglucosan, the ambient data are most consistent with 

the Fine et al. (23) Black Cherry profile, while data on lower concentration winter days are more 

similar to Fine et al. (23) American Beech profile. 

A subset of the ambient data appears to be inconsistent with any combination of the 

published profiles.  For example, there are 10 winter days with syringaldehyde-to-levoglucosan 

ratios that are significantly larger than any of the published source profiles.  These data appear in 

the upper right hand corner of the ratio-ratio plot in Figure 3a, and to the left of the Fine et al. 

(23) American Beech profile in Figure 2b, the profile with the highest syringaldehyde-to-

levoglucosan ratio.  Ambient concentrations on many of these days were low, resulting in highly 

uncertain marker ratios; therefore, within experimental uncertainty, these low concentration data 

overlap with potential mixing scenarios.  However, on some inconsistent days ambient 

concentrations of syringaldehyde were above average, and the error bars do not overlap any 

possible source profile combinations.  A likely explanation for these points is that the available 

source profiles do not capture the actual variability in biomass smoke composition. 
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CMB analysis:  CMB analysis was performed using different combinations of biomass 

smoke source profiles, referred to as mixing scenarios, to constrain the potential contribution of 

biomass smoke to OC in Pittsburgh.  To account for the expected seasonal variation in the 

biomass combustion sources, the winter data (Dec-Mar) are analyzed with woodstove and 

fireplace (space-heating) profiles, while open burning profiles are used in the analysis of spring 

and summer data (Apr-Sep).  We analyze the fall data (Oct-Nov) with both sets of profiles 

because of the large number of cold days as well as the possibility of significant open burning 

during that period. 

We consider two space heating scenarios, constructed from fireplace and woodstove profiles.  

Space Heating #1 combines the Schauer et al. (10) pine and oak profiles with the Fine et al. (23) 

American Beech profile.  Space Heating #2 combines the Fine et al. (11) Eastern Hemlock, 

Eastern White Pine, and Red Maple source profiles.  Although other combinations of space 

heating profiles will also yield statistically acceptable solutions, we have chosen these two 

scenarios because they bracket the potential biomass-smoke contribution to ambient OC.  Given 

the limited number of published profiles, we only consider one open burn scenario: the Hays et 

al. (13) MHFF and Florida Palmetto & Slash Pine profiles with the Hays et al. (14) wheat straw 

profile. 

Ratio-ratio plots comparing these scenarios to the ambient data are shown in Figure 3.  Given 

the scatter in the ambient biomass smoke markers, none of these scenarios can describe all of the 

data.  Figures 3a and 3b indicate that the mixing region defined by the Space Heating #2 scenario 

encapsulates a larger fraction of the ambient data than the Space Heating #1 scenario; especially 

if one considers the acetosyringone data plotted in Figure 3b.  As previously discussed, a number 
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of fall and winter points in the upper right hand quadrant of the Figures 3a and 3b are 

inconsistent with any scenario. 

Figure 3c shows good agreement between the non-winter ambient data and the open burn 

scenario for resin acids, syringaldehyde and levoglucosan; however, the ambient acetosyringone-

to-levoglucosan ratios are smaller than any of the open burn profiles (Figure 3d).  Almost all of 

the non-winter ambient acetosyringone data can be satisfactorily explained if the Schauer et al. 

(10) pine fireplace profile is added to the model; this improves the fitting statistics but does not 

change the amount of OC apportioned to biomass smoke.  Given the uncertainty in the data, 

CMB finds statistically acceptable solutions even when acetosyringone is included as a fitting 

species.  Eliminating acetosyringone improves the statistics of the CMB solution, and increases 

the amount of OC apportioned to biomass smoke by the warm scenario. 

The CMB model using the open burn scenario does not converge on the fall day with the 

highest biomass smoke marker concentrations (240 ng m-3 of levoglucosan).  The problem is not 

the biomass smoke markers but the higher odd n-alkanes (C27, C29, C31, C33) commonly 

associated with vegetative detritus (28).  These compounds are found in appreciable levels in the 

Hays et al. (13) MHFF and the Hays et al. (14) agricultural residue burning source profiles.  

CMB analyses using these profiles cause CMB to significantly over-apportion higher odd n-

alkanes on days with high biomass smoke marker concentrations. 

CMB calculates a number of statistical parameters used to evaluate the quality of a solution.  

Watson et al. (22) describes the target ranges for these parameters.  Based on these guidelines, all 

of the scenarios considered yield solutions that are statistically acceptable.  For example, the 

average R2 value for both space heating solutions is 0.91 with confidence levels greater than 90% 

on all days based on the χ2 and number of degrees of freedom.  In addition, the statistical quality 
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of the solutions is essentially the same; therefore, these performance measures do not provide a 

basis for selecting one solution over the other.  Additional details on the statistical quality of the 

solutions are provided in Supporting Information 

Although the statistical quality of the two CMB solutions is comparable, the amount ambient 

OC apportioned to biomass smoke by the two space heating scenarios is very different.  This is 

illustrated in Figure 4, which presents a scatter plot of ambient OC apportioned to biomass 

smoke by the two space heating scenarios for the October through March period.  The results are 

highly correlated with a linear regression through the origin calculating a slope of 2.4 (Space 

Heating #2 greater than Space Heating #1) and an R2 value of 0.96.  On the high concentration 

days, the bias between the two solutions is significantly greater than the standard errors 

calculated by CMB.  In the fall when calculations were made with all three scenarios, all three 

solutions are strongly correlated.  The amount of ambient OC apportioned by the open burn 

scenario falls to biomass smoke between the two Space Heating scenarios. 

The systematic biases between different solutions are caused by differences in the marker-to-

OC ratios of the biomass smoke source profiles.  CMB fits the ambient concentrations of the 

species included in the model; OC is not included in the model because source profiles do not 

exist for important contributors to OC such as Secondary Organic Aerosol (SOA).  After 

determining the optimum fit of these species, CMB apportions the ambient OC to each source 

using the marker-to-OC ratio of the different source profiles.  This second step is built into the 

analysis because the sources profiles used in CMB have been normalized by the OC.  A figure 

comparing these ratios for a large number of published profiles is presented in the Supporting 

Information. 
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Differences in the levoglucosan-to-OC ratios of the source profiles explain much of the bias 

in the amount of OC apportioned to biomass smoke by the two space heating scenarios.  Space 

Heating #1 includes two Schauer et al. (10) profiles with large levoglucosan-to-OC ratios while 

the Space Heating #2 scenario is based on three profiles with relatively small levoglucosan-to-

OC ratios.  The arithmetic average levoglucosan-to-OC ratio of the three profiles used in Space 

Heating #1 is 0.19 versus 0.085 for Space Heating #2.  Therefore, assuming equal weighting to 

each profile, Space Heating #2 will apportion 2.2 times more biomass smoke OC than Space 

Heating #1 for a given ambient levoglucosan concentration, which is comparable to the actual 

bias shown in Figure 5. 

An important benefit of including three biomass smoke profiles in the CMB model is to 

reduce the effects of profile-to-profile variability in the marker-to-OC ratios on the solution.  For 

example, the marker-to-OC ratios of the biomass smoke profiles span more than an order of 

magnitude, which can cause CMB solutions that use only a single biomass profile to vary by a 

similar amount.  In contrast, only a factor of 2.4 difference was observed in the OC apportioned 

by two CMB models involving three different biomass smoke source profiles. 

Figure 5 shows a time series of the ambient OC apportioned by CMB to biomass smoke.  For 

the October through March period, results are plotted for the maximum space heating scenario 

(Space Heating #2) and for the open burn scenario for the remainder of the study.  On a study 

average basis, this combination apportions of 160 ± 66 ng-C/m3 (± standard error) or 5% of the 

ambient OC to biomass smoke.  The peak contribution is in the fall when an average of 520 ± 

180 ng-C/m3 or 14.5% of the total OC is apportioned to biomass smoke.  In the fall and winter, 

the variability in the ambient marker concentrations causes significant day-to-day variability in 

the amount of OC apportioned to biomass smoke.  On only 28% of the fall and winter days (and 
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no days in the other periods) is more than 10% of the ambient OC apportioned to biomass smoke 

with a maximum relative contribution of 43%. 

CMB analysis was also performed to estimate the contribution of each source profile to 

ambient fine particle mass.  The difference between the OC and PM2.5 mass results depends on 

the PM2.5-mass-to-OC ratio of the different source profiles.  The average PM2.5-mass-to-OC ratio 

of the three profiles used in the Space Heating #2 scenario is only 1.17.  Therefore, this scenario 

apportions only slightly more PM2.5 mass than OC to biomass smoke -- for example, on average 

it apportions 550 ± 190 ng m-3 of PM2.5 mass versus 520 ± 180 ng-C/m3 of OC during the fall.  

On a PM2.5 mass basis, the average bias between the Space Heating #2 and Space Heating #1 

solution is reduced to a factor of 1.6 versus the factor of 2.4 between the two solutions on an OC 

basis shown in Figure 4.  This reduction is due to the average PM2.5-mass-to-OC ratio of the 

three profiles used in the Space Heating #1 scenario being 1.61 versus 1.17 for the Space Heating 

#2 scenario. 

The CMB results for PM2.5 mass provide insight into the potential effects of organic 

sampling artifacts on the CMB apportionment of ambient OC to the biomass smoke profiles.  

Adsorption of organic vapors can create a significant positive artifact when quartz filters are used 

to sample wood smoke emissions (29).  The PM2.5-mass-to-OC ratios of the biomass smoke 

profiles used in CMB suggest that sampling artifacts contributed significantly to the OC 

emission rate, especially for the Space Heating #2 scenario.  Wood smoke is expected to have 

PM2.5-mass-to-OC ratios of around two are expected given the relatively polar  nature of the 

organic species (30) and the contribution elemental carbon and other non-carbonaceous species 

to the emissions.  The ratios of the profiles used by the Space Heating #2 are much smaller than 

two.  Correcting for a positive sampling artifact will reduce the amount OC apportioned by the 
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CMB model; for example, if 50% of the OC emissions are positive sampling artifact, then 

correcting for that artifact will reduce the contribution of that source to ambient particulate OC 

by 50%. 

Discussion 

On most days biomass smoke is only a minor source of ambient OC and fine particulate 

matter in Pittsburgh.  The amount of OC apportioned to biomass smoke in Pittsburgh is 

comparable to that in Houston (31) but a factor of 5 to 20 less than that in the Southeastern US 

(4).  This indicates that there are large regional differences in the importance of biomass 

combustion as a source of fine particles, even for locations with cold climates.  Only on a few 

peak days were biomass-smoke OC levels in Pittsburgh comparable to the monthly average 

levels in the wintertime in the Southeast.  Variability in source profiles creates a factor of two 

uncertainty in the amount of ambient OC apportioned to biomass smoke; this variability is 

especially important to consider in regions which experience high levels of biomass smoke. 

A key challenge for source apportionment analysis using molecular markers for biomass 

smoke is the variability in the ambient data.  This variability is reflected in the modest 

correlations between the biomass smoke markers (Figure 2) and by the relatively disorganized 

ratio-ratio plots (Figure 3).  In comparison, ambient data of molecular markers for other 

important source classes such as motor vehicles and meat cooking create relatively organized 

scatter and ratio-ratio plots (9,17,18).  Well-organized ambient data implies the existence of 

well-defined source profile -- atmospheric mixing averages out the source-to-source variability 

in emissions.  The disorganized biomass smoke marker data implies significant day-to-day 

variability in the aggregate source profile.  This variability likely reflects the heterogeneous 
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nature of biomass combustion.  To account for the variability in the Pittsburgh data, three 

different biomass smoke source profiles had to be simultaneously included in the CMB model. 
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Figure 1. Box plots constructed from time series ambient data for (a) levoglucosan, (b) total resin 

acids, and (c) syringaldehyde.  The boxes stretch from the lower quartile to the upper quartile 

values; median values are shown as lines across the boxes; the filled diamonds indicate average 

values.  The whiskers indicate the maximum and minimum values; whiskers that intersect upper 

boundary of the plot indicate that the maximum value is beyond the scale of the graph.  The 

numbers in parentheses in x-axis labels indicate number of samples for specified period.  Winter 

weekend and weekdays are taken from the Dec-01 and Jan-02. 
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Figure 2. Scatter plots of ambient concentrations of biomass smoke markers.  Panels (a) and 

(b) plot resin acids versus levoglucosan and panels (c) and (d) plot syrignaldehyde against 

levoglucosan in Pittsburgh.  The lines indicate different source profiles reported by (10-13,23).  

Measurement uncertainty indicated for selected points, uncertainty on other points is 

comparable. 
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Figure 3. Ratio-ratio plots of biomass smoke markers: (a) & (b) ambient data on fall and winter 

days compared to space heating mixing scenarios; and (c) & (d) ambient data on non-winter days 

compared to open burn scenario.  “Softwood” and “Hardwood” are fireplace or woodstove 

profiles (10-12,23).  “Open burn” includes emissions from prescribed and simulated open-burns 

of hardwood, softwood, and agricultural residues (13-15).  Measurement uncertainty indicated 

for selected points, uncertainty on other points is comparable. 
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Figure 4. Scatter plot of ambient OC apportioned to biomass by the Space Heat  #1 and 

Space Heat #2 scenarios on for October through March period.  Error bars indicate one standard 

error as calculated by CMB.  Solid line is linear regression forced through the origin. 
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Figure 5. Time series of ambient OC apportioned to biomass smoke by CMB.  Error bars are 

one standard error as calculated by CMB. 
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Abstract

Daily ambient aerosol samples were taken in Pittsburgh, Pennsylvania from the summer 2001 to the winter 2002 as

part of the Pittsburgh Air Quality Study (PAQS). The study measured PM2.5 mass by the Federal Reference Method

(FRM) and the PM2.5 chemical composition by a variety of filter-based and continuous instruments. This paper

examines the mass balance between the FRM-measured mass and the sum of the aerosol chemical components. For the

7-month study period, the average FRM-measured mass is 11% greater than the sum of the mass of the aerosol

chemical components. This mass balance discrepancy varies seasonally, with the average FRM-measured mass 17%

greater than the sum of the chemical components for the summer months, with discrepancies as large as 30% during

certain periods. Meanwhile, the FRM-measured mass was at or slightly below the sum of the chemical components for

the winter months.

The mass balance discrepancy and its seasonal shift cannot be explained by measurement uncertainty; instead the

discrepancy is due to combination of retained aerosol water on the conditioned FRM filters and volatilization losses.

The relative importance of these different effects varies with aerosol composition and causes the observed seasonal

variation in the mass balance. The contribution of the aerosol water to the FRM-measured mass is estimated using

continuous measurements of aerosol water at the site; volatilization losses are estimated from other filter-based

instruments. Water contributes 16% of the FRM mass in the summer, and 8% of the FRM mass in the winter; it also

appears responsible for episodes where the FRM-measured mass is significantly greater than the sum of components.

Retention of water is greatest during acidic conditions, which commonly occur during the summer months.

Volatilization losses are estimated at 5% of the FRM mass during the summer, and 9% for the winter. Volatilization

losses appear to be most significant on days dominated by organic aerosol, or winter days with relatively high nitrate

concentration. Accounting for the effects of water and volatilization losses closes the mass balance between the FRM

and the sum of the chemical components, providing insight into the FRM measurements.
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1. Introduction

Fine particulate matter is a cause for concern because

of its impact on human health and the environment. The

US Environmental Protection Agency (EPA) promul-

gated standards regulating particulate matter with an

aerodynamic diameter of 2.5 mm or less in July 1997
d.
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(PM2.5), setting the 24 h standard at 65 mgm
�3, and the

annual average standard at 15mgm�3. The new stan-

dards define PM2.5 as the mass measured by the Federal

Reference Method (FRM). These instruments use

gravimetric analysis of filters sampled over a 23–25 h

period to determine PM2.5 mass concentration. EPA

also specified operating and handling conditions for the

FRM to minimize effects that could impact measure-

ment accuracy, and to provide a consistent measure for

regulatory standards. These effects include volatilization

of species from sample filters, errors in filter tare and

sample weights, and the presence of water on filters.

As a filter-based measurement, the FRM measures

accumulated mass on a filter for a 24-h period, and

therefore may not be truly reflective of atmospheric

PM2.5 mass. The effects of emission reductions are

estimated using chemical transport models and other

analytical tools that are based on a scientific definition

of PM2.5 behavior in the atmosphere, not FRM

measurements. It is therefore important to understand

the relationship between what the FRM measures and

different definitions of PM2.5 mass in the atmosphere to

ensure alignment in regulatory development.

One frequently used method of quality assurance of

PM measurements is comparison of the gravimetrically

measured mass to the sum of the aerosol chemical

components as measured by collocated samplers. Many

previous studies have used this method to evaluate

aerosol measurements often finding gaps in mass closure

(e.g., Chow et al., 1993; Malm et al., 1994a, b; Turpin

et al., 1997; Andrews et al., 2000; Tanner and Parkhurst,

2000; Tolocka et al., 2001; Jansen et al., 2002). Mass

closure gaps have exceeded 40% (Jansen et al., 2002)

and include both instances where gravimetric-measured

mass exceeds the sum of the chemical components

(‘‘positive discrepancy’’) and where it is less than the

sum of the chemical components (‘‘negative discre-

pancy’’). Sometimes the mass discrepancy observed in

these studies can be explained by uncertainties stemming

from analytic measurements (Tolocka et al., 2001). In

other studies measurement uncertainty accounts for only

a portion of mass discrepancy, the remainder believed

attributable to the presence of aerosol water (positive

artifact) (Meng et al., 1995), volatilization of organics

and nitrates (negative artifact) (Anderson et al., 2002),

and uncertainty in the assumptions used to estimate

chemical species not directly measured, or a combina-

tion thereof (Andrews et al., 2000).

This paper presents FRM data from the Pittsburgh

Air Quality Study (PAQS), and uses these data and

other measurements from PAQS to investigate FRM

mass balance closure. First, the FRM-measured mass is

compared to mass measured by a Tapered Element

Oscillating MicroBalance (TEOM) and a dichotomous

sampler to provide a measure of validation of the

mass results. A daily mass balance is constructed for a
7-month period beginning in July 2001, capturing both

summer and winter periods. The mass balance compares

the sum of major chemical components (sulfate, nitrate,

ammonium, elemental carbon (EC), organic carbon

(OC), and crustal) measured by a variety of filter-based

and continuous instruments at PAQS to FRM-measured

mass. We then discuss several hypotheses explaining

the mass balance discrepancy observed, including the

impact of measurement uncertainty, the presence of

water, and volatilization effects.
2. Experimental

The main PAQS ambient monitoring station was

located in Schenley Park within the city of Pittsburgh

(Wittig et al., 2004b). This location was not significantly

impacted by local sources. Aerosol samples were taken

with both filter-based and continuous instruments;

sampling times for filter-based instruments were co-

ordinated to run concurrently, with filter changes

scheduled between 22:00 and 00:00 daily.

2.1. PM2.5 mass measurements

PM2.5 mass was measured using three different

instruments collocated at the PAQS station; a Parti-

sols-FRM Model 2000 PM2.5 Air Sampler (Rupprecht

& Pataschnick Co., Inc.), a Series 241 Dichotomous

Sampler for PM10/PM2.5 (Thermo Andersen) (‘‘Di-

chot’’) and a Model 1400a ‘‘TEOMs’’ (Rupprecht &

Pataschnick Co., Inc.). All three instruments were

operated continuously for the duration of the study;

the FRM and Dichot were operated daily to collect 24-h

samples. Both the FRM and Dichot were operated

according to the specifications provided by the manu-

facturer, and the EPA guidelines (40 C.F.R. Part 51 and

the EPA Quality Assurance Manual). The TEOM

operated at 30�C with a Nafion dryer on the inlet.

Validated data from all three mass instruments are

available for 92% of sampling time.

The FRM used 47mm Teflon filters (Whatman No.

7592-104), while the Dichot used 37mm Teflon filters

(Pall Gelman No. R2PJ037). Prior to sampling, the

filters for both of the instruments were conditioned for

24 h and then weighed in a controlled-environment

chamber maintained at a relative humidity of 3572%
and a temperature of 2272�C. Filters were weighed on
a UTM50 microbalance (Toledo Instruments). Strips of

Polonium (Staticmaster) were used to minimize weigh-

ing errors induced by electrostatic charge. Filters were

loaded into the filter cartridges for both the FRM and

Dichot in the laboratory under a HEPA-filtered laminar

flow hood to minimize contamination, and brought to

the PAQS station at the time of the scheduled filter

change. After the filter change, the exposed filters from
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both instruments were returned to the laboratory, and

stored in a freezer to minimize loss of semi-volatile

species. Exposed filters were typically weighed within a

day or two of collection, which involved returning the

filters to the controlled-environment chamber, condi-

tioning the filters for 24 h, and then weighing the filters

to determine sample weight.

2.2. Intercomparison of PM2.5 mass measurements

PM2.5 mass measurements of all three instruments

compare well to each other, with linear regression r2

values of 0.95, and the regression lines within 10% of the

1:1 line for each comparison (Figs. 1 and 2). The time-

averaged TEOM is on average 1.5% higher than the

FRM, and the FRM about 3% higher than the Dichot
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Fig. 1. FRM versus TEOM PM2.5 mass for the period of July

2001–March 2002. ‘‘Summer data points’’ are from 1 July to 31

October 2001; ‘‘winter data points’’ are from 1 November 2001

to 31 March 2002. TEOM data averaged to 24-h periods to

correspond to FRM measurements.
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Fig. 2. FRM versus Dichot for the period of July 2001–March

2002. ‘‘Summer data points’’ are from July to November 2001;

‘‘winter data points’’ are from November 2001 to March 2002.
for the study period. However, the scatter shown in Fig.

1 indicates that there are some periods of greater

discrepancy, mostly occurring when PM2.5 concentra-

tions are o20mgm�3 and during the winter months.

The TEOM has been reported to under-measure mass

due to volatilization, particularly during the winter

months (Allen et al., 1997). In December 2001 and

January 2002, there are about 10 days where the TEOM

measurements are significantly lower than those mea-

sured by the FRM and Dichot—up to 50% lower. This

behavior is not unexpected, given the elevated tempera-

ture of the TEOM compared to the other instruments.

The TEOM used in PAQS is a 30�C TEOM, not the

50�C TEOM that has typically been used in previous

studies. Because we only observed the effect on a

handful of exceptionally cold (ambient temperatures

o�6�C) days when the PM2.5 mass was relatively low,

volatilization did not significantly impact TEOM

performance during days where PM2.5 mass exceeded

20–30 mgm�3. However, the winter of 2002 was rela-

tively mild compared to those typically experienced in

Pittsburgh, so TEOM volatilization may be more

significant in colder regions or during a more typical

Pittsburgh winter.

2.3. Sulfate, nitrate, and ammonium

PM2.5 sulfate, nitrate, and ammonium were measured

using both continuous instruments and filter-based

samplers. To evaluate the mass balance, we used data

from the CMU inorganic sampler, a denuder/filter-

based speciation sampler (Takahama et al., 2004). The

CMU inorganic sampler yielded daily inorganic PM2.5

composition on a 24-h basis for the entire sampling

period, except for July 2001, when it provided five

measurements per day.

R&P sulfate (Model 8400S) and nitrate (Model

8400N) analyzers were run concurrently with the

CMU inorganic sampler to provide high time resolution

data. We used the data from the R&P instruments in

conjunction with TEOM data to evaluate the PM2.5

mass balance on an hourly basis. Wittig et al. (2004a)

discuss in detail the comparison between the R&P

instruments and the traditional samplers, as well as the

approach used for the calibration of the continuous

instruments. The calibrated final values of Wittig et al.

(2004a) are used for the analysis here.

A steam sampler (Khlystov et al., 1995) was used to

provide high time resolution data for ammonium and

data for intercomparison. To construct the mass

balance, we used PM2.5 ammonium measurements from

the CMU inorganic sampler for the summer months.

Because data indicate that atmospheric conditions are

neutral in the winter (December 2001–March 2002), we

estimated winter PM2.5 ammonium concentrations by
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assuming ammonium was present in sufficient concen-

trations to result in neutral particles.

2.4. Organic carbon/elemental carbon

PM2.5 OC and EC were measured by the CMU-

designed Teflon–Quartz, Quartz–Quartz sampler

(TQQQ). The TQQQ is a two-port sampler with a

double quartz filter pack in one line and a Teflon filter

followed by a quartz filter in the second. The OC is

estimated as a value between OC from the upstream

quartz filter (‘bare quartz’) of the double quartz filter

pack, and that obtained by subtracting the OC of the

quartz behind the quartz from the bare quartz OC.

Comparison with a denuder-based sampler showed that

this configuration provides robust estimate of particu-

late OC (Subramanian et al., 2004). EC is estimated

from the bare quartz alone. Each quartz filter is

analyzed for OC/EC using a Sunset Labs Thermal-

Optical Transmittance analyzer with the NIOSH 5040

protocol (NIOSH, 1998) as implemented by Subrama-

nian et al. (2004). A Sunset Laboratories semi-contin-

uous OC/EC analyzer using the same analysis protocol

(Cabada et al., 2004) was used to provide higher time

resolution OC/EC data.

Most mass balance studies use a value of 1.4 for the

OC multiplier. Recent work by Turpin and Lim (2001)

examines this factor, recommending values ranging from

1.1 for fresh emissions to 1.6–2.1 for an aged aerosol.

Comparison of PAQS main site data with satellite sites

indicates that the air quality in Pittsburgh is dominated

by regional transport (Tang et al., 2004). We therefore

used a multiplication factor of 1.8 which is representa-

tive of an aged, regional aerosol to estimate total organic

mass from OC measurements. The sensitivity of the

results to this factor will be discussed in a subsequent

section.

2.5. Crustal

We estimated the crustal component of PM2.5 using

metals data from XRF analysis of filter-based samples

taken daily from the PAQS sites during July 2001 and

January 2002. Elemental composition was also mea-

sured using ICP-MS analysis of high volume filter

samples taken at the main PAQS site. The trace metal

composition data do not vary substantially from site to

site, indicating that Pittsburgh aerosol is of a regional

nature and that none of the sampling sites were heavily

impacted by local sources.

We used the sum of oxides algorithm (Malm et al.,

1994a, b) to estimate the daily crustal PM2.5 for July

2001 and January 2002 using the XRF data. The average

crustal contribution was 1mgm�3 (approximately 3–6%

of total PM2.5 mass) with a standard deviation of

0.4mgm�3. This estimate compares well with crustal
estimates from similar studies in the Eastern US

(Andrews et al., 2000; Tolocka et al., 2001). The ICP-

MS data suggest that the crustal contribution remains

fairly constant throughout the year; however, these data

were not used to estimate the crustal contribution

because the ICP-MS data quality for Si, an important

crustal species, are poor due to analytical interferences.

Therefore, for the remaining months, we assume that

crustal material contributes 1mgm�3, or 4% of the

average PM2.5 mass. The potential effects of this

assumption on the mass balance are discussed below.

2.6. Water

Aerosol water content at ambient relative humidity

(RH) was measured by the Dry and Ambient Aerosol

Size Spectrometer (DAASS), an automatic in situ

system, built to measure ambient aerosol size and

distributions at both ambient and low RH conditions

(Khlystov et al., 2004). The system consists of two

Scanning Mobility Particle Sizers (SMPS, TSI, Inc.) and

an Aerodynamic Particle Sizer (APS, TSI, Inc.). The

instruments measure the aerosol size distribution be-

tween 5 nm and 10mm in diameter. By measuring

alternatively ‘‘wet’’ and ‘‘dry’’ size distributions and

the corresponding integrated volume concentrations, the

aerosol water content of ambient aerosol can be

estimated. The water content at 35% RH, the RH at

which FRM filters were conditioned, was then estimated

according to the method described later in this paper.

Aerosol water content at 35% RH was also calculated

directly using the GFEMN aerosol thermodynamic

model (Ansari and Pandis, 1999). GFEMN predicts

inorganic aerosol composition, including aerosol water,

based on chemical thermodynamic principles. Using

PAQS chemical speciation data (sulfate, nitrate, ammo-

nium, etc.), temperature and RH, the model estimates

the PM water concentration at the RH of the FRM

measurements.
3. Results and discussion

Fig. 3 shows the PM2.5 FRM daily time series for July

2001–March 2002. The average PM2.5 mass measured

with the FRM was 16.1 mgm�3. There is significant

seasonal variation in the PM2.5 mass levels, with an

average mass concentration of 24.1mgm�3 for the

summer of 2001 and 12.2 mgm�3 for the winter of

2002. Fig. 3 also illustrates the episodic nature of PM2.5

concentrations in the Pittsburgh area, with high peaks

and low valleys of PM2.5 levels occurring over periods of

several days due to the effect of meteorological

conditions on ambient air quality. This behavior occurs

throughout the sampling period, but is more pro-

nounced in the summer than in the winter months.
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Fig. 4. Monthly average PM2.5 mass and composition calcu-

lated from daily 24-h measurements. The ‘‘missing’’ component

is the difference between the FRMmeasurement and the sum of

the chemical components. The FRM mass is greater than the

sum of the chemical components for July–December, and less

than the sum of the chemical components in February and

March. The error bars represent uncertainty in the mass

balance on a monthly average basis. OM is defined as 1.8�OC.
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3.1. Comparison of FRM mass to sum of chemical

components

Fig. 4 presents the monthly average PM2.5 mass and

composition. The height of each bar represents the

FRM mass. The component labeled ‘‘missing’’ is

the difference between the FRM-measured mass and

the sum of chemical components; it is positive when the

FRM-measured mass exceeds the sum of components,

and negative when it is less than the sum of chemical

components. During the summer, sulfate comprises over

45% of the FRM-measured PM2.5 mass, while nitrate

comprises o3%. In the winter months, the sulfate

contribution drops to 35%, while the nitrate contribu-

tion approaches 15% of FRM-measured PM2.5 mass.

The organic mass varies slightly through the year,

contributing approximately 20% of total mass in the

summer, 30% in the fall, and 20% in the winter, for a

study average contribution of 23% of the FRM-

measured PM2.5 mass. For the period of July 2001–

March 2002, the average FRM-measured mass is 11%

greater than the average mass of the sum of the

components (Fig. 5).

Examination of the mass balance on a monthly

average basis (Fig. 4) indicates that there is a significant

seasonal dependence of the mass balance discrepancy.

From July to November 2001, the FRM mass exceeded

the sum of the chemical components with an average

missing mass from the sum of the chemical components

of 2.9 mgm�3, or 15% of the FRM-measured mass. For

the period of December 2001–March 2002, the sum of

the chemical components slightly exceeds the FRM-

measured mass, with an average excess mass of

0.2mgm�3 or 2% of the FRM-measured mass. As

discussed below, the average discrepancy for the summer

is greater than the measurement uncertainty, while the

average discrepancy for the winter is within the range of

measurement uncertainty.

Fig. 6 shows the daily mass balance for August 2001

and February 2002, months with the largest positive and
negative discrepancies, respectively. Overall for August

2001, 19% (5.2 mgm�3) of the FRM-measured mass was

unaccounted for by the sum of the chemical components

indicating a positive discrepancy. The positive discre-

pancies in August are episodic, occurring periodically

and lasting for several days at a time, interdispersed with

short episodes of mass closure. Similar behavior was

observed for the other months when the FRM mass

was greater than the sum of the chemical components.

In February, the FRM-measured mass was 12%

(1.4 mgm�3) less than the sum of the chemical compo-

nents indicating a negative discrepancy. For the other

winter months, there are periods of both slight positive

and negative discrepancy, but the periods of positive

discrepancy observed are far fewer than those observed

in the summer. The overall effect in the winter is that the

periods of positive discrepancy approximately equal the
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Fig. 6. (a) Time series mass balance for August 2001 (mgm�3).

(b) Time series mass balance for February 2002 (mgm�3). Data

in (c) are averages of daily 24-h data over the indicated period.

The error bars in (c) represent average mass balance uncertainty

for the period. OM is defined as 1.8�OC.
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negative discrepancy, resulting in mass balance closure

on the average.

The positive mass discrepancy can be further explored

by evaluating the average mass balance for select

episodes in August 2001 shown in Fig. 6c. The average

FRM-measured mass exceeded the sum of chemical

components by 19% or 8.7 mgm�3 for the period

between 31 July and 4 August 2001, and by 32% or

10.2mgm�3 for the period between 7 and 11 August

2001. Both of these periods occurred during episodes of

hot, humid weather with relatively high PM2.5 concen-

trations. Fig. 6c also shows data for a winter period

with significant negative discrepancy; the average
FRM-measured mass for 1–22 February 2002 was

21% or 2.2 mgm�3 below the sum of the chemical

components.

Fig. 7 presents the ratio of the FRM-measured mass

to the sum of chemical components as a function of

FRM mass. For this analysis the data have been

averaged into periods with similar PM2.5 mass concen-

trations. If the mass balance is closed, the data points

will fall close to 1 within measurement uncertainty. The

results indicate that the mass discrepancy varies with

mass concentration. When the FRM-measured mass is

less than about 10 mgm�3, there is a consistent negative

discrepancy. This observation reflects the negative mass

balance discrepancy observed during the winter months,

when the PM2.5 concentration averages around 10–

12 mgm�3 with large fractions of nitrates and organics.

Positive discrepancy occurs at PM2.5 levels >10mgm
�3,

which primarily occur during the warmer months of the

summer and fall.

3.2. Hypotheses explaining the mass balance

Several hypotheses may explain the periods of mass

balance discrepancy observed:
(1)
 the discrepancy could be due to uncertainty in the

measurements of chemical composition and PM2.5

mass;
(2)
 periods of significant positive mass discrepancy

could be explained by the presence of bound water

on the FRM filter post-conditioning;
(3)
 periods of negative mass discrepancy could be due

to volatilization of organic compounds and nitrates;
(4)
 the discrepancy could result from the use of an

incorrect OC multiplication factor; and
(5)
 inaccuracies in estimates for the crustal component

of PM2.5 mass could impact mass balance closure.
We discuss each of these hypotheses below.

3.2.1. Impact of measurement uncertainty

In order to evaluate whether the mass balance

discrepancy is significant, it is important to quantify

the uncertainty in the individual measurements used

evaluate the mass balance. The uncertainties for the

individual measurements are listed in Table 1. These

conservative estimates were derived from intercompar-

isons of data from different samplers and instruments

used during PAQS (Wittig et al., 2004b), and therefore

account for both stochastic and systematic uncertainties.

To minimize potential biases due to systematic un-

certainties, we eliminated the small number of data

points for which large unexplained discrepancies exist

between the different measurements of the same para-

meter. For the remaining data we are confident that the

systematic uncertainties are reasonably small because it



ARTICLE IN PRESS

0.6

0.7

0.8

0.9

1

1.1

1.2

1.3

1.4

1.5

0 10 20 30 40 50 60

FRM PM2.5 Concentration (µg/m3)

FR
M

/S
um

 o
f 

C
om

po
ne

nt
s

FRM > Sum of Components
FRM < Sum of Components

Fig. 7. Mass discrepancy ratio as a function of FRM PM2.5. The mass balance discrepancy ratio is the FRM mass divided by the sum

of the chemical components. The FRM measurement exceeds the sum of the chemical components when the ratio >1, indicating a

positive mass discrepancy. When the ratio o1, the FRM measurement is less than the sum of the chemical components, indicating a

negative mass discrepancy. The data in this figure are averages computed by sorting the FRM data into bins as a function of PM2.5

mass concentrations and then calculating the average mass discrepancy ratio and average mass balance uncertainty (Eq. (2)) for each

bin. Approximately 30 days of data are in each bin.

Table 1

Average estimated uncertainty of individual instrument

measurements (relative and absolute)

Parameter Relative uncertainty

(%)

Absolute uncertainty

(mgm�3)

FRM PM2.5

mass

715 72

SO4 725 71.5
NO3 740 70.5
NH4 730 70.5
OM 725 70.9
EC 750 70.25
Crustala 750

Note: The higher of the relative or absolute value was used to

calculate daily uncertainty for each parameter. As described in

the text, these values were determined based on intercompar-

ison of different samplers and instruments at the site.
aCrustal uncertainty is assumed at 50% based on estimates

from previous work (Andrews et al., 2000).
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is extremely unlikely that different samplers and

instruments operating on different physical principles

and by different groups would produce consistent results

if significant systematic errors were present.

The approach used to determine the measurement

uncertainty is illustrated in Figs. 1 and 2 using the

intercomparisons of the PM2.5 mass measurements.

During PAQS, the PM2.5 mass was measured using

two filter samplers (FRM and DICHOT) and a TEOM.

The high degree of correlation between the PM2.5

measurements provides confidence in the precision of

the measurements and indicates that any systematic
biases are small. The estimated uncertainty of the PM2.5

mass measurements is shown by the dashed lines in

Figs. 1 and 2, and accounts for the variation among the

different measurements of PM2.5 mass at the site. These

uncertainty limits were defined to include >95% of the

data lie within these limits and therefore they can be

viewed as 95% confidence limits. Uncertainty estimates

for the aerosol chemical components were derived using

similar intercomparisons: Subramanian et al. (2004)

provide a detailed intercomparison of carbon measure-

ments, and Wittig et al. (2004a) provide a detailed

intercomparison of the inorganic measurements.

The uncertainty in the mass balance was estimated by

combining the uncertainties of the individual measure-

ments using standard analysis procedures assuming that

the uncertainties of the individual measurements are

uncorrelated:

sT ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
s2SO4 þ s2NO3 þ s2NH4 þ s2OM þ s2EC þ s2Crustal

q
; ð1Þ

where sT is the overall uncertainty, and sSO4 ; sNO3 ;
sNH4 ; sOM; sEC; and sCrustal are the uncertainties of each
individual measurement (sulfate, nitrate, ammonium,

organic matter (OM), EC, and crustal, respectively). The

uncertainty of averaged data (e.g., monthly average) is

estimated using

sAve ¼
Average snffiffiffi

n
p ; ð2Þ

where Average sn is the average uncertainty in the mass

balance (Eq. (1)) for the given set of data, and n is the

number of data points. Eq. (2) is strictly valid for

averaged data when only stochastic errors are present.
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The measurement intercomparisons (e.g., Figs. 1 and 2)

indicate that the variations in the data between the

different samplers are largely stochastic (there are no

significant systematic biases in the data). Therefore,

Eq. (2) should provide a reasonable estimate of un-

certainty for averaged data.

A statistically significant discrepancy in the daily mass

balance was observed on 82 study days. A statistically

significant discrepancy is larger than the uncertainty

defined by Eq. (1). The data support the conclusion that

the mass balance discrepancy varies seasonally in

Pittsburgh. In the summer months, the FRM mass is

consistently greater than the sum of the chemical

components with 17 days exhibiting a significant

positive discrepancy, and only 1 day with a significant

negative discrepancy. In the winter months, there are a

large number of days with either a positive or a negative

discrepancy: 16 winter days had a significant negative

discrepancy, while 10 had a significant positive dis-

crepancy. The remaining 38 days of significant mass

discrepancy were spread from September to November

2001, with 27 days of positive discrepancy, and 11 days

of negative discrepancy. It is clear from these observa-

tions that positive and negative mass discrepancies occur

during both seasons, but that the positive discrepancy

is dominant in the summer, and that the negative

discrepancy is more prevalent in the winter.

Evaluating select periods with significant mass bal-

ance discrepancy further supports the conclusion that

the observed discrepancy cannot be explained by

measurement uncertainty. Measurement uncertainty

was approximately 78% for the periods of 31 July–4

August and 7–11 August (Fig. 6c), much smaller than

the observed mass discrepancy of 19% and 32%,

respectively. For the period 1–22 February 2002, the

FRM mass was 21% greater than the sum of the

chemical components; a significantly larger difference

than the average measurement uncertainty for that

period, 714%. On a monthly average basis the mass
balance discrepancy was statistically significant for the

months of July, August, September, October, and

November 2001 and February 2002 (Fig. 4).

3.2.2. Retention of water on conditioned FRM filters

Retention of water on the conditioned FRM filters is

a concern in Pittsburgh and other areas of the Eastern

US because particles are often acidic in the summer,

containing substantial amounts of ammonium bisulfate

(NH4HSO4). NH4HSO4 retains significant water at 35%

RH, the RH at which FRM filters are conditioned

(Speer et al., 1997; Hand et al., 2000). The presence of

NH4HSO4 could therefore cause aerosol on FRM filters

to retain water post-conditioning, potentially explaining

the observed mass balance discrepancy.

Two types of evidence are available to examine the

potential contribution of particle bound water to the
FRM mass measurements. First, data are presented to

identify periods when NH4HSO4 is likely present.

Second, direct measurements of ambient aerosol water

content are used to estimate the contribution of water to

the conditioned FRM filters. We examine each of these

types of evidence below.

In Pittsburgh, a significant fraction of the PM2.5 mass

is sulfate. During the summer, the aerosol is periodically

acidic because insufficient ammonium is available to

neutralize the sulfate aerosol present. Under these

conditions, some of the sulfate will be present in the

form of bisulfate (NH4HSO4); the more acidic the

aerosol, the larger the fraction of bisulfate present. Since

bisulfate retains water at a low RH, we expect that the

positive mass balance discrepancy will be present on

acidic days. To examine this hypothesis, estimates of

aerosol acidity are compared to mass balance discre-

pancy. Aerosol acidity can be estimated using the ratio

of anions to cations (acidity ratio). In the summer in

Pittsburgh this ratio is largely determined by ammonium

and sulfate levels because nitrates and crustal material

are minor PM2.5 components. For the summer periods

we calculate the acidity ratio as

acidity ratio ¼
2½SO4	
½NH4	

; ð3Þ

where [SO4] is the measured molar concentration of

aerosol sulfate, and [NH4] is the measured molar

concentration of ammonium. A ratio of approximately

1 indicates neutral conditions; ratios >1 indicates acidic

conditions when some bisulfate is likely present; and

ratios of 2 or greater indicate that all of the sulfate

present is likely in the form of bisulfate.

Time series of the acidity ratio (Eq. (3)) indicates that

the aerosol is periodically acidic, and that specific

episodes of positive discrepancy are correlated with

acidity. For example, during the August mass discre-

pancy episodes shown in Fig. 6c, the atmospheric acidity

ratio averaged 2.0 for the 31 July–4 August period, and

1.33 for the 7–11 August period, indicating acidic

conditions. Meanwhile, the average acidity ratio for

periods in August with no mass discrepancy was 1.08,

indicating conditions close to neutral.

High time resolution data provide further evidence of

the relationship between periods of positive mass

discrepancy and aerosol acidity. For this analysis, the

TEOM is used to measure mass, the R&P continuous

instruments are used for sulfate and nitrate, the steam

sampler is used for ammonium, and the semi-continuous

OC/EC analyzer is used for OC and EC measurements.

Fig. 8 shows an interesting 5-day period during July

2001, which includes episodes of both positive and

negative mass balance discrepancies. There are large

variations in atmospheric acidity, and periods of

high atmospheric acidity correlate well with periods of

positive discrepancy.
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Fig. 8. Hourly atmospheric (a) acidity (Eq. (3)) and (b) PM2.5

mass balance for 20–25 July 2001. Data are from continuous

instruments. Aerosol acidity >1 indicates acidic conditions,

aerosol acidity >2 indicates 100% NH4HSO4. Water estimates

are from DAASS measurements. The data illustrate that mass

balance discrepancy is accounted for by measured aerosol water

and generally corresponds to acidic conditions.

Fig. 9. Time series daily mass balances with estimated water

content for (a) August 2001, and (b) February 2002. Water

estimated from DAASS measurements extrapolated to a 35%

RH to reflect FRM filter conditioning. OM is defined as

1.8�OC.
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These data support the conclusion that the periods

when the FRM mass exceeds the sum of the chemical

components correspond to acidic conditions. This

relationship appears most strongly during episodes of

significant positive discrepancy, when the acidity ratio

indicates the presence of NH4HSO4. It is also observed

on a monthly basis; months with positive mass

discrepancy tend to be acidic. However, acidity and

the positive mass discrepancy are not always correlated,

indicating that other factors besides acidity influence the

mass balance. For example, a significant positive mass

discrepancy was observed on the morning of 23 July

(B76 h in Fig. 8) even though the atmosphere was not
especially acidic. Most of these events appeared to be

‘‘triggered’’ by a preceding high acidity event, and are

probably related to the history of the air mass and the

hysteresis behavior of inorganic PM.

The second piece of evidence of the role of aerosol

water in the mass balance uses measurements of ambient

aerosol water content. The amount of water at 35% RH

was estimated from the DAASS growth factor data

(Vwet=Vdry) by assuming that the aerosol water content

is proportional to its water-soluble mass as follows from

Raoult’s law:

MwðRHÞ ¼ aMs
RH

1�RH
¼ A

RH

1�RH
; ð4Þ

where Mw is the amount of water in the aerosol, Ms is

the mass of water-soluble aerosol components, a and A

are proportionality coefficients, and RH is the relative

humidity expressed as a fraction of 1. The aerosol water

content measured with the DAASS at both wet and dry
RH points was fitted using Eq. (4) by plotting all

DAASS growth factor data to find coefficient A: The
amount of water at 35% RH was then estimated using

Eq. (4) on an hourly basis.

It should be noted that the water content estimated by

Eq. (4) is an upper limit estimate for the amount of

water that could be retained on the filter after

conditioning. The DAASS measures the water content

of particles that are suspended in air. At low RH, such

as that during filter weighing, any amount of water

associated with the aerosol is in a state of a super-

saturated salt solution. Contact with the filter surface or

with an insoluble particle collected on the filter may

initiate crystallization which would lead to a partial or a

complete loss of water from the filter.

Water estimates from the DAASS measurements are

included in daily and high time resolved mass balances

shown in Figs. 8 and 9. The estimated aerosol water

content fits well with periods of positive mass balance

discrepancy on an hourly basis (Fig. 8). The fit is not

perfect, for example the morning of 21 July (B30 h in
Fig. 8) when there is a significant negative mass balance

discrepancy; however, these periods correspond to times

with relatively high OC concentrations, during which

volatilization losses may be more significant than
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aerosol water. Fig. 9a shows that there is a significant

amount of estimated water present in August, which fills

in the periods of mass discrepancy. This estimate of

water, at an average of 3.9 mgm�3 (16%), closes the

mass balance within measurement uncertainty during

the summer months. Fig. 9b shows that there is almost

no water present in February, corresponding to the

overall negative mass discrepancy observed during that

month.

The data indicate a seasonal variation in the

contribution of water to the mass balance discrepancy.

The positive discrepancy due to water is the largest

during acidic conditions in the summer, and relatively

small during the neutral conditions found in the winter.

The lower water content of the winter aerosol is

thermodynamically expected because atmospheric con-

ditions tend to be more neutral in Pittsburgh during the

winter months.

3.2.3. Sampling losses of semi-volatile species

Loss of semi-volatile aerosol species due to evapora-

tion from FRM filters during sampling and post-

sampling filter handling can cause a negative mass

discrepancy. The two primary species of issue are nitrate

and organics. Volatilization of organic material is a

concern throughout the year, whereas volatilization of

nitrate tends to be more significant in the winter months,

when nitrate constitutes a greater proportion of PM2.5

mass.

The volatilization loss of nitrates was estimated using

data from the CMU inorganic sampler. The sampler

consists of a denuder followed by a filter pack contain-

ing a Teflon filter followed by a nylon filter. The nylon

filter captures the nitrate that volatilizes off the Teflon

filter during sampling. Since the filter pack is down-

stream of a denuder, the nitrate volatilization estimate

represents an upper bound for losses during sampling.

However, this estimate for nitrate volatilization does not

account for nitrate losses that occur after sampling, such

as losses during filter handling and conditioning, which

are likely to be significant.

During the summer months, 80–90% of the particu-

late nitrate present evaporated from the Teflon filter

used in the CMU inorganic sampler. This loss represents

approximately 0.5 mgm�3 or 2% of FRM mass and

therefore does not significantly impact the mass balance

discrepancy. During the winter months, 20–30% of

particulate nitrate volatilized from the Teflon filter used

in the CMU inorganic sampler. Because nitrates

contribute significantly to PM2.5 mass in the winter

months in Pittsburgh, this loss, approximately

1.8mgm�3 or 15% of FRM mass, is a significant

contributor to the negative discrepancy observed in the

winter.

Evaporation of organic material tended to occur

consistently throughout the year. Subramanian et al.
(2004) estimated that on average 19% of the OC

volatilized from Teflon filters during sampling at the

PAQS site. Again, this volatilization estimate represents

only that which occurs during sampling, not accounting

for additional losses expected during filter handling and

conditioning. Over the 7-month period evaluated, this

volatilization artifact amounts to 0.7 mgm�3, or 4% of

FRM PM2.5 mass, and remained relatively constant

throughout the year. The largest OC volatilization

artifact was observed in Fall 2001, where the artifact

was approximately 1mgm�3, or just over 6% of the

FRM mass.

These results illustrate seasonal variation in the

volatilization losses. In the summer months, OC losses

are more important than nitrate losses, with the total

volatilization losses amounting to 5% of FRM mass.

In the winter months, nitrate losses rise to 15% of

FRM mass which in combination with the OC losses

(3% of FRM mass) representative a significant negative

discrepancy. Therefore, there is a strong seasonal

variation to the relative importance of the volatilization

losses.

3.2.4. Uncertainty from estimation of the organic PM

concentrations from the OC measurements

Uncertainty in the OC multiplier used to estimate

organic mass alone cannot explain the observed mass

balance discrepancy. For example, during the episodes

of significant positive discrepancy in August 2001, the

OC multiplication factor required to close the mass

balance is 3.5 for the 31 July–4 August period, and 4.4

for the 7–11 August period. Accounting for expected

losses of nitrate and organics due to volatilization,

increases the OC multiplication factor required to close

the mass balance during those periods to 4.1 and 5.2,

respectively. These values are significantly above the

range considered appropriate for urban aerosol (Turpin

and Lim, 2001); therefore, the OC multiplier value is the

not the cause the periods of significant positive mass

balance discrepancy. (In the winter the OC multi-

plication factor is within the upper range of acceptable

values, after accounting for volatilization.)

3.2.5. Uncertainty from estimation of crustal components

The sum of the oxides method is the most common

method used to estimate the crustal component of PM2.5

mass (Andrews et al., 2000). The actual crustal

contribution can deviate from this estimate due to

underlying assumptions for the estimate or analytical

uncertainty; for example, all the metals may not be in

the form of oxides. Andrews et al. (2000) concluded that

the estimate from the sum of component method

represents the lower bound of the crustal estimate,

underestimating the crustal component by as much

as 50%.
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Fig. 10. Comparison of measured and predicted daily average

aerosol water for (a) summer 2001 and (b) January 2002.

Measured water results are based on DAASS measurements

extrapolated to 35% RH, and the predicted results are from the

GFEMN model using aerosol composition data. Results shown

are at 35% RH.
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A second issue is that we only have data to estimate

the daily crustal contribution for July 2001 and January

2002. As previously discussed, for the other periods we

assumed a crustal contribution of 1mgm�3, the average

value for the periods for which we have complete set of

trace element data. Using an assumed, constant value

does not cause the mass balance discrepancy for the

periods for which we do not have crustal data. First,

the day-to-day variations in the crustal PM2.5 were

relatively small; the standard deviation of PM2.5 crustal

for the 54 days for which we have a complete set of data

is 0.4mgm�3, less than the uncertainty assigned to the

crustal component. Second, even the largest measured

crustal contribution, 2.1 mgm�3, is not nearly large

enough to close the mass balance for periods such as

that shown in Fig. 6. Finally, it is unlikely that using an

average value for crustal would cause the persistent

negative mass balance discrepancy observed in February

2002 (see Fig. 6).

There are clearly large uncertainties regarding the

potential contribution of the crustal component; how-

ever, the crustal material in Pittsburgh is a relatively

small fraction of overall PM2.5 mass. This large

uncertainty has been incorporated into the uncertainty

analysis (Table 1), and the uncertainty in the crustal

estimate alone would not be sufficient to close the

observed mass balance discrepancy on days with

significant positive discrepancies.

3.3. Estimation of bound water by aerosol

thermodynamic models

Thermodynamic aerosol models are available that

estimate ambient aerosol water using aerosol composi-

tion data, ambient temperature and RH. Since aerosol

composition data are often available modeling aerosol

water could provide a way to estimate aerosol water

effects in other areas. Evaluating the suitability of these

models to estimate the aerosol bound water is important

because many monitoring networks do not have the

sophisticated instrumentation like the DAASS.

We used the GFEMN model (Ansari and Pandis,

1999) with PAQS speciation data to compare modeled

aerosol water results to those measured by the DAASS

(Fig. 10). The GFEMN estimates compare well with

the DAASS measured water. Overall for the summer,

the DAASS measured an average of 3.8 mgm�3,

while the GFEMN results were 13% lower at 3.3 mgm�3

of water. In January, modeled results are a little greater

than those measured, averaging 1.3 mgm�3 while mea-

sured results average 0.8mgm�3. Based on these results,

the GFEMN model provides reasonable estimates

of bound aerosol water. Using this model in conjunc-

tion with measured volatilization effects allows

further examination of the mass discrepancy effect in

other areas.
3.4. Closing the mass balance

Our analysis suggests that the FRM mass can be

estimated by summing measurements of individual

chemical components, adding estimated aerosol water

and subtracting volatilization effects. Using this ap-

proach we can reconstruct the FRM mass based on

measurements of the individual PM2.5 components in

the atmosphere. Results for the August episodes are

summarized in Fig. 11a. Including water brings the mass

balance within measurement uncertainty for the August

episodes; eliminating the 19% positive discrepancy

(8.7 mgm�3) for the 31 July–4 August period and

reducing the 32% positive discrepancy (10.5 mgm�3) to

an 8% positive discrepancy (2.6 mgm�3) for the 7–11

August period. Water accounted for 8.3 mgm�3 or 18%

of the FRM mass for the 31 July–4 August period, and

6.4 mgm�3 or 20% of the FRM mass for the 7–11

August period. Volatilization losses had substantially

less impact on the mass balance than aerosol water
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Fig. 11. Mass balances adjusted for water and volatilization. In

the column labeled ‘‘adjusted mass’’, estimated water is added

to sum of the chemical components, and measured nitrate and

OM are corrected for volatilization losses. (a) Average data for

two episodes in the summer of 2001. (b) Average daily mass

balance for July and August 2001. (c) Average daily mass

balance for January and February 2002. OM is defined as

1.8�OC.
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during these periods, impacting o2% of the FRM-

measured mass for these periods.

Closure of the mass balance for the summer averaged

data is shown in Fig. 11b. The 17% positive discrepancy

(4.5 mgm�3) disappears and the mass balance is within

measurement uncertainty when adjusted for water and
volatilization. Water accounts for 3.9 mgm�3 or 16% of

the FRM mass, while volatilization losses account for

1.3 mgm�3 or 5% of total mass.

Fig. 11c shows similar success in accounting for the

mass balance in the winter months. During the winter

the average mass balance between the FRM and the sum

of the chemical components was closed. In the winter,

the loss of mass due to volatilization is offset by the gain

of mass due to water; on average, volatilization losses

were 1mgm�3 (8.6%) and water contributed 0.9 mgm�3

(7.8%) to the FRM mass.

Many studies that reconstruct an FRM mass balance

do not observe the positive artifact in the summer

months, and instead find a consistent negative artifact

(e.g., Tanner and Parkhurst, 2000; Modey et al., 2001;

Pang et al., 2002a, b). The presence of a significant

negative discrepancy is dependent on aerosol composi-

tion. Studies conducted in the western US, where aerosol

composition is dominated by nitrates and organics,

suggest that FRM PM2.5 measurements may be up to

30% less than the reconstructed aerosol mass, with the

losses resulting from volatilization of nitrates and

organic species (Hering and Cass, 1999; Pang et al.,

2002a, b). As previously discussed, we also observe

significant volatilization losses of these species. How-

ever, the aerosol in Pittsburgh is dominated by sulfates,

and in the summer it is often subjected to acidic

atmospheric conditions, inducing hygroscopic behavior

at low RH. These conditions result in a significant

positive discrepancy between the FRM and the sum of

the chemical components caused by water retained on

the FRM filter after conditioning. This positive artifact

due to water may be more of a regional phenomenon,

more prevalent in the eastern US which is characterized

by high sulfate levels and acidic conditions, than the

western US. Indeed, data from the 1995 SEAVS

experiment in Tennessee and from IMPROVE data

taken in the southeast US show that up to 42% of PM2.5

mass was not accounted for by the measured chemical

components, and that aerosol water was suspected to

contribute significantly to that discrepancy (Andrews

et al., 2000; Jansen et al., 2002).
4. Summary and conclusions

FRM measurements of PM2.5 mass are used for

determining compliance with the recently revised

National Ambient Air Quality Standards. In this

context, it is important to understand what the FRM

is measuring and how this relates to atmospheric PM2.5

concentrations. Episodes of high PM2.5 mass in August

2001 left around 19–32% of the mass measured by the

FRM unaccounted for by summing the mass of the

chemical components. Overall for the summer 2001,

approximately 17% of the mass measured by the FRM
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was not accounted for by the sum of the mass of the

chemical components. This positive mass discrepancy

observed is greater than the estimated measurement

uncertainty. The winter average FRM mass was

11.6mgm�3, roughly equal to the mass of the sum of

the aerosol chemical components.

Bound water remaining on the FRM filter can explain

most of the observed positive discrepancy in the

summer. Water is present when the inorganic PM

component is dominated by ammonium bisulfate, which

does not effloresce at the RH of filter conditioning. The

presence of bound water occurs simultaneously with

losses of nitrates and organics from sampling volatiliza-

tion. Accounting for these positive and negative artifacts

closes the mass balance.

Both water and volatilization effects occur simulta-

neously throughout the year in western Pennsylvania,

with relative importance of each effect varying season-

ally. In the summer months, contributions of water

dominate, resulting in an overall positive discrepancy. In

the winter, volatilization effects become more pro-

nounced, resulting in a negative or net balance. In the

summer months, the FRM measured on average

4.5mgm�3 (17%) more mass than the sum of the

chemical components. Water accounted for 3.9 mgm�3

(16%) of the FRM mass, while volatilization losses are

estimated to reduce the FRM mass by 1.3 mgm�3 (5%).

Accounting for these artifacts closes the mass balance

between the FRM and the sum of the chemical

components, and the large contribution of water during

the summer appears related to acidic conditions that

favor retention of water at low relative humidity. In the

winter months there is on average no mass balance

discrepancy; with the contribution of water (0.9 mgm�3)

offsetting volatilization losses (1 mgm�3). Although the

mass balance closed on average in the winter, the

negative discrepancy occurred more frequently than the

positive discrepancy. The seasonal variation in the mass

balance discrepancy is directly attributable to changes in

aerosol composition. The application of aerosol thermo-

dynamic models, such as GFEMN, provides a method

to estimate bound aerosol water from chemical specia-

tion data.
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During the Pittsburgh Air Quality Study (PAQS) an automated
semi-continuous thermal-optical transmittance (TOT) carbon an-
alyzer was used to measure 2–4 h average particulate organic (OC)
and elemental carbon (EC) concentrations from July 1, 2001 to
August 13, 2002. To minimize the adsorption of vapor-phase organ-
ics, the sample air was drawn through a multi-channel parallel-
plate diffusion denuder placed upstream of the carbon analyzer.
Particulate OC and EC in the sample air were then collected on a
quartz fiber filter (QFF) mounted inside the carbon analyzer, and
analyzed immediately after collection. To account for any remain-
ing organic vapors not retained by the denuder and collected on the
sampling filter (positive artifact) a dynamic blank was run every
two weeks. An upper-bound estimate of volatilization induced by
the presence of the denuder upstream of the sampling filter (nega-
tive artifact) was also made. A detailed description of the operating
protocol and quality assurance measurements is provided. The con-
tributions of primary and secondary organic aerosol (SOA) to par-
ticulate OC were calculated using an “EC tracer method,” which is
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codified herein. Annual average SOA accounted for 33% of partic-
ulate OC. SOA accounted for 30–40% of monthly average OC from
June to November in Pittsburgh, similar to previous summertime
estimates for Atlanta (Lim and Turpin 2002) and much larger than
previous estimates of SOA in the Los Angeles Basin (Turpin and
Huntzicke 1995). Examination of concentration dynamics suggests
that multi-day formation and regional transport is an important
contributor to the higher SOA contributions to OC in Pittsburgh
and suggests that SOA is likely to be a particularly important con-
tributor to particulate OC in locations that are recipients of long
distance transport, such as the eastern United States.

INTRODUCTION
Carbonaceous material (total carbon; TC) is a major con-

stituent (10–70%) of atmospheric particulate matter (PM) and
a substantial contributor to visibility reduction, climate forc-
ing, and adverse health effects (IPCC 2004; U.S. EPA 2004).
Atmospheric carbonaceous PM consists of organic (OC) and el-
emental carbon (EC) and includes hundreds of organic species
with widely varying chemical and physical properties (Turpin
et al. 2000). OC is directly emitted in particulate form (primary)
and formed in the atmosphere from semi- and low-volatility
products of chemical reactions involving reactive organic gases
(secondary; Seinfeld and Pandis 1998; Turpin et al. 2000). EC
is produced during incomplete combustion and emitted directly
in the particle phase.

Development of effective control strategies for ambient PM
requires an understanding of the contributions of primary and
secondary OC. Smog chamber experiments have extended our
understanding of secondary organic aerosol (SOA) formation
mechanisms (Odum et al. 1997; Jang and Kamens 2001). How-
ever, there remains a need to estimate primary and secondary OC
from field measurements, to test evolving predictive models and
to quantify contributions in locations where key model inputs
are not available. SOA concentrations have been estimated from
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measured OC and EC concentrations using EC as a tracer for
primary OC (“EC tracer method”; e.g., Turpin and Huntzicker
1995; Strader et al. 1999; Cabada et al. 2004). SOA concen-
trations have also been predicted using models that couple the
formation, transport, and deposition of SOA with atmospheric
dynamics (e.g., Strader et al. 1999), and estimated from re-
ceptor model results by subtracting the sum of primary source
contributions from measured OC concentrations (e.g., Schauer
et al. 1996; Schauer and Cass 2000). These three approaches
have provided reasonably comparable estimates of SOA in the
few locations where comparisons have been made (Turpin and
Huntzicker 1995; Strader et al. 1999). However, in most loca-
tions outside of southern California the primary and secondary
contributions to OC are still largely unknown.

Previous studies have shown that Pittsburgh is a location in-
fluenced by SOA production in every period of the year and one
where atmospheric conditions and SOA precursor emissions are
substantially different from those in southern California (Cabada
et al. 2002). This article analyzes in detail semi-continuous
OC and EC measurements obtained during the Pittsburgh Air
Quality Study (PAQS), provides a codified “EC tracer method,”
and uses this method to estimate the primary and secondary
contributions to OC at Pittsburgh. Because SOA is best esti-
mated with time-resolved measurements and semi-continuous
carbon measurement is only now becoming routine, detailed
carbon measurement and quality control protocols are provided
and discussed. Concentration dynamics are used to provide in-
sights regarding local and regional sources and atmospheric
processing.

EXPERIMENTAL
An automated semi-continuous thermal-optical transmit-

tance (TOT) carbon analyzer (Sunset Laboratory, Beaverton,
OR) was used to measure 2–4 h average particulate organic (OC)
and elemental (EC) carbon concentrations during the Pittsburgh
Air Quality Study (PAQS), from July 1, 2001 to August 13, 2002.
This instrument is based on the OGI/Rutgers instrument de-
scribed elsewhere (Turpin et al. 1990). Instrument performance
was previously characterized by Lim et al. (2003a). The field
instrument was located inside a climate-controlled trailer on the
top of a hill in Schenley Park, near the Carnegie Mellon Univer-
sity campus and about three miles east of downtown Pittsburgh
(Wittig et al. 2004). The site was more than 500 m from any
major road and was not near any major industrial sources.

During sample collection, ambient air (16.7 L/min) was
drawn through a 2.5 µm aerodynamic diameter cut point cy-
clone and the flow was isokinetically split between the semi-
continuous carbon analyzer (8.7 L/min) and two auxiliary
sampling lines, each pulling 4 L/min. During July 2001 each
auxiliary sampling line contained a baked 47 mm diameter
quartz fiber filter (QFF; QAT-UP, Pall Gelman, Ann Arbor, MI);
these were used to conduct volatilization artifact experiments de-
scribed below. A multi-channel parallel-plate diffusion denuder

was placed horizontally upstream of the semi-continuous carbon
analyzer to reduce the adsorption of vapor-phase organics on the
instrument’s sampling filter. The denuder contained 14 strips
(8′′ × 1.25′′) of carbon-impregnated filter (CIF; Schleicher
Schuell, Keene, NH) spaced at 2 mm intervals inside an alu-
minum housing. The semi-continuous carbon analyzer collects
particles on a 16 mm diameter QFF punch mounted inside the
instrument and analyzes each sample automatically immedi-
ately after collection with no sample handling. Eliminating sam-
ple handling and storage lowers the instrument detection limits
and allows for better time resolution. The carbon analyzer sam-
ple collection time was 1.5–3.5 h, yielding collection/analysis
cycles of 2–4 h.

Thermal-optical analysis defines OC as the material that
volatilizes in the absence of oxygen, whereas EC requires oxy-
gen to combust. Table 1 provides the temperature protocol for
semi-continuous carbon analysis during PAQS, and Figure 1
shows a typical thermogram. The protocol was designed to be
comparable to the proposed EPA Speciation Trends Network
(STN) protocol. The same protocol was used during the Aerosol
Characterization Experiment in Asia (ACE-ASIA study; Lim
et al. 2003a). In a typical analysis, air is purged and the filter
is heated in a helium (He) environment, stepwise, to 870◦C to
volatilize OC. The main oven temperature is then reduced; the
carrier gas is changed to 2% oxygen (O2) in He, and the tem-
perature is increased stepwise to 880◦C to combust EC. In the
final step of the analysis, a calibration gas (2% methane in He) is
automatically injected for quantitation. All carbon is converted
to methane (CH4) and detected with a flame ionization detector
(FID). OC and EC are automatically quantified by dividing their
peak areas by the internal calibration peak area and multiplying
by the amount of carbon in the calibration peak. After analy-
sis, the QFF is cooled to room temperature and sampling begins
again.

While heating a sample in an oxygen-free environment some
OC is pyrolitically converted to EC, reducing the transmittance

TABLE 1
Temperature protocol used by the semi-continuous

carbon analyzer for the analysis of particulate OC and
EC during PAQS

Carrier gas Temperature (◦C) Duration (sec)

He 340 60
He 500 60
He 615 60
He 870 90
He/O2 575 45
He/O2 650 45
He/O2 725 45
He/O2 800 45
He/O2 880 100
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FIG. 1. Typical carbon analysis thermogram obtained by the semi-continuous carbon analyzer using the analysis protocol employed during PAQS. Shown are
oven temperature (◦C), flame ionization detector (FID) signal (shaded area), and laser transmittance. OC, EC, and calibration segments of the FID signal are
labeled. The dashed line indicates the introduction of O2 and the solid vertical line identifies the point at which the laser transmittance regains its pre-pyrolysis
value (adjusted for the transit time). Material evolved before this point is considered OC and after, EC.

through the filter. Left uncorrected, pyrolysis can lead to sub-
stantial bias in OC and EC (but not TC; TC = OC + EC).
Therefore a diode laser and photodetector monitor the transmit-
tance of light through the QFF during analysis to correct for the
pyrolysis of OC. When oxygen is added, EC evolves increasing
the transmittance. The carbon removed to bring the transmit-
tance back to its pre-pyrolysis level is considered to be equal
to the pyrolytically-generated EC. Thus, all carbon evolved be-
fore this point is reported as OC, and after is EC. The pyrolysis
correction assumes either (1) that the original and pyrolytically
generated EC have the same absorptivity or (2) that pyrolytically
generated EC evolves first. While neither assumption is likely
to be completely true, the error introduced is likely to be small
relative to the size of the pyrolysis correction.

High purity gases and zero grade air (Matheson Gas Prod-
ucts, Montgomeryville, PA) were used. To remove trace amounts
of O2, the He gas was purified through a series of two O2 traps
(4002, 4004; Alltech, Deerfield, IL) before use. The O2 trap color
indicator showed no color change during the study. All QFFs
were pre-baked in a muffle furnace at 550◦C for at least 2 h (aux-
iliary filters) or inside the main oven of the instrument at 870◦C
for about 4 minutes before collection. The semi-continuous
carbon analyzer QFF was replaced every 2–3 days.

QUALITY CONTROL

Quality Control Analyses
Between July 1, 2001 and August 13, 2002 the semi-

continuous carbon analyzer was collecting or analyzing
samples 80% of the time. (No data were collected September
4–October 11, 2001 due to instrument malfunction and an
air traffic moratorium after September 11). Quality control
measurements performed during PAQS are summarized in
Table 2 and described below.

An instrument blank was run daily to check for system con-
tamination and any dependence of the laser signal on oven tem-
perature. The instrument blank analytical settings were identical
to those used for normal sample analyses, except the instrument
was operated with a “zero-second” sampling time. The average
instrument blank was 0.1 ± 0.11 (1σ ) and 0.01 ± 0.03 µg C for
OC and EC, respectively.

A dynamic blank was run every two weeks to quantify ad-
sorption of any remaining organic vapors (i.e., not retained by
the denuder) on the sampling filter (positive artifacts; Turpin
et al. 2000). To collect a dynamic blank, a 47 mm Teflon filter
(2 µm pore, PallGelman, Ann Arbor, MI) was placed upstream
of the denuder so that particle-free ambient air was sampled
and analyzed (standard analysis protocol) on a 2 or 4 h col-
lection/analysis cycle. Teflon filters employed for the dynamic
blank analyses were used as provided by the manufacturer with-
out any pretreatment. The study-average dynamic blank was
0.33 ± 0.11 µg/m3 (mean ± 1σ ), which corresponds to 16%
of measured OC. Correction was made for this artifact (see
Sampling Artifacts). The denuder material was replaced three

TABLE 2
Schedule of quality control (QC) activities performed

during PAQS

QC activity Frequency Duration (min)

Instrument blank Daily 25
Dynamic blank Biweekly 35
FID relative response Biweekly 25
Standard injection Monthly 25
Filter change 2–3 Days 15
Flow rate check Monthly 25
Denuder change 4 months 20



864 A. POLIDORI ET AL.

times, approximately every four months. No significant change
in dynamic blank OC was observed after replacing the denuder
material.

To check for variability in the FID response over the course
of an analysis a relative response factor analysis was run approx-
imately every 2 weeks. During this analysis a known amount of
calibration gas (2% CH4 in He) is automatically injected up-
stream of the MnO2 oven during the He and the He-O2 analyses
segments as well as during the usual calibration segment. The
variability of FID sensitivity across an analysis was less than 5%
for more than 95% of the study (calibration peak/peak in He-
lium = 0.97 ± 0.07; calibration peak/peak in He-O2 = 0.98 ±
0.08). For a small subset of data collected in March 2002, the re-
sponses in He and He-O2 were 90 and 95%, respectively, of the
calibration response. These data were corrected for the change
in FID response with carrier gas. The quality control measure-
ments above suggest that instrument blank, dynamic blank and
relative response factor analyses could have been performed as
infrequently as monthly and still meet long term monitoring ob-
jectives. However, daily instrument blanks and relative response
factor analyses can easily be programmed into the software and
performed automatically to provide rapid feedback on instru-
ment performance.

Internal calibration is performed as follows. A certified mix-
ture of CH4 in He flows continuously through a loop of Teflon
tubing inside the analyzer; this loop is switched on line for inter-
nal calibration. Therefore, in order to calculate the exact amount
of methane injected it is important to know the calibration loop
volume. This was measured right before the beginning of PAQS
and in advance of the ACE-Asia Study (Lim et al. 2003a) by
manually injecting different known volumes of calibration gas
(2% CH4 in He) into the main oven with a 2 ml gas-tight sy-
ringe during a standard analysis after “zero-second” collection.
The loop volume was calculated by integrating the areas of the
resulting peaks and comparing them to the internal calibration
peak area. For this instrument the loop volume is 1.63 ml. For
a calibration gas containing 2.1% CH4 in He this corresponds
to 17.08 µg of carbon (µg C) in the internal calibration peak.
Note, efficient conversion of carbon to CO2 and subsequently
to CH4 is validated on set-up and would have been checked
during trouble-shooting if deterioration of peak areas had been
observed.

The laser signal responds immediately to the removal of EC
from the filter, whereas the FID signal is delayed by the transit
time between the sampling filter and the FID detector. Proper
alignment of these two signals is essential for the determina-
tion of the correct OC-EC split. Changes in an instrument’s
transit time can occur, for example with replacement of packed
columns or changes in plumbing. The transit time was deter-
mined prior the beginning of PAQS as the time interval between
a rapid increase in optical transmittance with EC evolution and
the corresponding increase in the FID signal with arrival of this
material (now CH4) in the FID. The transit time was 5 seconds
and did not change perceptibly over the course of the study.

Measurement Uncertainties
A manual injection of calibration gas (2% CH4 in He, main

oven) was performed monthly, and actual and measured carbon
mass were always within ±5% (analytical accuracy). Measure-
ment uncertainty for particulate OC and EC is also impacted
by the accuracy of the sampling artifact correction, the accu-
racy of the pyrolysis correction, and flow rate variability. The
flow rates of sample air and analysis gases were checked ap-
proximately monthly with a primary flow measurement device
(Gilibrator). Measured and actual flow rates were always within
5%. Since each analysis uses the entire sample, determination of
the analytical precision by replicate analysis was not possible.
However, the analytical precision is expected to be better than
that of a laboratory carbon analyzer, which is roughly 4–13%
for OC and 6–21% for EC (e.g., Schauer et al. 2003).

During PAQS, the detection limit for OC was 0.43 µgC
(∼0.32 µgC/m3), calculated as three times the standard devi-
ation (3σ ) of the dynamic blank OC. Since no dynamic blank
EC was ever detected throughout the study, the detection limit
for EC was calculated as 3σ of the instrument blank EC, and was
0.15 µgC (∼0.11 µgC/m3). The OC detection limit for the study
is higher than the instrument detection limit, i.e., despite the use
of the denuder the detection limit is still dictated by variability
in the dynamic blank. The OC detection limit could be reduced
further by collecting a dynamic blank concurrently with each
sample.

Laser Transmittance
The semi-continuous carbon-analyzer sampling filter is

mounted inside the instrument and is typically used for mul-
tiple collection-analysis cycles. However, after about 12 hours
of operation in Pittsburgh the accumulation of refractory mate-
rials such as iron oxide on the filter began to give the filter a red
color, decreased the transmittance through the unloaded filter,
and caused a temperature-dependent decrease in the transmit-
tance through the filter at the highest temperature steps of the
analysis (870 and 880◦C). In some samples this temperature-
dependent decrease in transmittance caused a delay in the time
at which the transmittance regained its pre-pyrolysis value, over-
estimating the pyrolysis correction and, hence, OC. This phe-
nomenon was also observed during the ACE-Asia study after
more than 7 days of continuous operation (Lim et al. 2003a) but
not during the Southern California Air Quality Study (SCAQS;
Turpin and Huntzicker 1995). During SCAQS deposits of refrac-
tory materials were only sufficient to warrant a filter change after
approximately one month of continuous operation. To prevent
the introduction of errors due to this temperature dependence
we normalized the laser signal intensity for each sample anal-
ysis (I) by that of the corresponding instrument blank (Io) and
recalculated the OC-EC split for all PAQS measurements (i.e., in
accordance with Beer’s law). This resulted in an average (±1σ )
correction equivalent to 10 ± 8% of OC when the filter was
changed every three days. When analyses were conducted at
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PAQS with a top OC temperature of 700◦C (rather than 870◦C),
as was done for 40 study days, the temperature dependence
was substantially reduced yielding an average OC correction of
only 5 ± 7%. Thus, differences in behavior between locations
are likely to be due both to differences in the concentration of
refractory materials in fine particles and differences in carbon
analysis temperature protocols. (The top OC temperature for
SCAQS measurements was 700◦C.)

A more recent version of the Sunset laboratory calculation
program now automatically corrects for the laser temperature
dependence (version RT-Calc 114 or newer); PAQS OC and EC
data corrected as described above are in excellent agreement
with those recalculated using the Sunset laboratory automated
correction software (OC: R2 = 0.99, Y = 1.01X + 0.02; EC:
R2 = 0.98, Y = 0.96X − 0.03; where Y is the concentration
calculated by RT Calc114 and X is the concentration calculated
manually).

The refractory loading combined with OC analytical temper-
atures higher than historically used in thermal-optical carbon
analysis (i.e., >700–750◦C) also appears to enable some EC to
evolve at the highest temperature of the helium analysis segment
(870◦C), prior to the intentional introduction of oxygen (Chow
et al. 2001). The premature evolution of EC could affect the
pyrolysis correction and the OC-EC determination, but only if
the OC-EC split point were to occur before all OC was able to
volatilize or if these conditions somehow affect the accuracy of
the pyrolysis assumptions (Subramanian et al. 2006).

Sampling Artifacts
Organic vapors readily adsorb onto QFFs. Unless reduced or

corrected for, this positive artifact can cause particulate OC to be
substantially overestimated (i.e., 30–40% in urban areas; Turpin
et al. 1994, 2000; Mader and Pankow 2001). In this study the ad-
sorption artifact was substantially reduced by placing a denuder
upstream of the semi-continuous carbon analyzer. The diffusion
of gas-phase material to the denuder carbon strips removes ad-
sorbable vapors but also disturbs the gas-particle equilibrium
of semi-volatile species. This could induce volatilization of or-
ganic particulate material from the sampling QFF. Therefore,
two main issues must be considered: positive artifacts due to
denuder breakthrough (estimated by dynamic blank analysis de-
scribed above) and negative artifacts due to particulate matter
volatilization from the sampling QFF. No EC was ever detected
in a PAQS dynamic blank analysis (i.e., when sampling particle-
free ambient air) ruling out EC contamination from the denuder’s
carbon strips.

Figure 2 shows the percentage of measured OC that was
adsorbed vapor [% of adsorbed vapor = (dynamic blank
OC/sample OC) × 100)] for the semi-continuous carbon an-
alyzer measurements made during PAQS, ACE-Asia (Lim et al.
2003a), and the Atlanta supersite study (Lim and Turpin 2002).
The use of a denuder upstream of the carbon analyzer dur-
ing PAQS and ACE-ASIA substantially reduced the adsorption

FIG. 2. Percentage of measured OC that is adsorbed vapor (% adsorbed va-
por = dynamic blank OC / sample OC) and OC concentrations (µgC/m3) from
the semi-continuous carbon analyzer. Shown are measurements made during
the Pittsburgh Air Quality Study (PAQS), Aerosol Characterization Experiment
(ACE-Asia), and the Atlanta Supersite study. ACE-Asia and PAQS used a de-
nuder to reduce adsorption.

artifact in comparison to the undenuded measurements made in
Atlanta. (Note that dynamic blanks were collected concurrently
with each sample in Atlanta and subtracted on a sample-by-
sample basis to correct for the adsorption artifact.) For both de-
nuded and undenuded systems the adsorption artifact is a larger
percentage of measured OC for low OC loadings/concentrations
than for high loadings/concentrations. During PAQS, the aver-
age adsorption artifact (dynamic blank) was 0.33 ± 0.11 µg/m3

(1σ ) or 16% of the OC measured on the carbon analyzer QFF.
It was 33% for the Atlanta study, where an undenuded system
was used, even though ambient OC concentrations were higher.

In previous organic artifact experiments conducted without
a denuder we have observed an increase in the magnitude of
the adsorption artifact with increased loading/concentration of
filter-collected OC (e.g., Turpin et al. 1994), even though the per-
centage of the filter-collected OC that is artifact decreases with
increased OC loading/concentration. This makes sense because
(1) adsorption is expected to increase with increasing concen-
trations of organic gases based on equilibrium partitioning and
(2) because atmospheric concentrations of organic gases and or-
ganic PM are likely to be covariant. However, in this study the
magnitude and variability of the adsorption artifact was small
and showed no dependence on measured OC. This is presum-
ably because of the use of a denuder that removed adsorbable
vapors with high efficiency.

Thus, PAQS OC measurements were corrected for the ad-
sorption artifact to yield particulate OC concentrations as fol-
lows. Seasonal average 2 h and 4 h dynamic blank values were
subtracted from OC measured on 2 and 4 h sampling/analysis
cycles, respectively, to yield particulate OC concentrations. The
adsorption estimate for the small number of OC measurements
made on a 3 h cycle was estimated by interpolation.

Volatilization of particulate OC from the sampling QFF (neg-
ative artifact) could be induced by removal of vapor-phase OC
with a denuder. During the first intensive period of PAQS a set



866 A. POLIDORI ET AL.

of experiments was conducted to provide an upper bound es-
timate of the magnitude of this type of loss. Six pairs of 24 h
integrated samples were collected on QFFs in two auxiliary sam-
pling lines. Six “blow-off” experiments were conducted there-
after by placing a Teflon filter upstream of the denuder inlet,
one 47 mm QFF loaded with particulate matter (“loaded” QFF)
between the denuder and the semi-continuous carbon analyzer,
and operating the instrument in “sampling mode” for 60 to 240
min. The Teflon filter and denuder remove particulate matter
and most adsorbable organic vapors present in the sample air,
allowing “clean” air to pass through the “loaded” QFF for time
periods and at loadings comparable to those used for standard
semi-continuous carbon analyzer sample collection. The QFF
exposed to “clean” air and the concurrently collected “unex-
posed” QFF were both analyzed in a laboratory carbon analyzer
(Sunset Laboratory, Beaverton, OR). The gaseous OC lost from
the “loaded” QFF during these experiments evolved during the
first temperature step of the OC-EC analysis (between 25 and
340◦C). Volatile losses from the “loaded” QFF were 10 ± 6%
(1σ ) of the OC loading with no discernable trend with OC load-
ing. Interestingly Subramanian et al. (2004) reported that volatile
losses on an integrated denuded PAQS sampler were on the or-
der of 10%. The results from these experiments represent an
upper-limit estimate of volatile losses from the semi-continuous
carbon analyzer since the loading of particle-phase organics on
the carbon analyzer filter normally increases from zero at t = 0,
and the amount of OC volatilized from a “loaded” QFF is max-
imized when the filter is impacted by particle-free air. These
findings support the assumption that during PAQS volatilization
losses of OC from the semi-continuous carbon analyzer QFF
(negative artifacts) were small.

Assessment of Measurement Errors
In summary, the adsorption artifact and the pyrolytic con-

version of OC to EC during analysis can introduce substantial
errors in the determination of OC and EC by thermal carbon
analysis. Optical correction for pyrolysis (thermal-optical car-
bon analysis) and the use of a denuder reduce these errors sub-
stantially. The remaining adsorption artifact at PAQS was 16 ±
13% (0.33 ± 0.11 µg/m3) and correction for this artifact could
easily be made using periodic dynamic blank analyses. Volatile
losses appear to be small (<10 ± 6%) but not well enough
quantified to enable correction. Errors introduced into the py-
rolysis correction by development of a temperature-dependent
laser signal can be large in locations with high concentrations
of refractory materials (e.g., Pittsburgh) unless the sample fil-
ter is changed every few days. At PAQS this error was reduced
from 10 ± 8% (mean ± 1σ ) to 5 ± 7% when the top OC anal-
ysis temperature was reduced to 700◦C. Errors due to flow rate
variations and variations in FID response within an analysis can
easily be held below 5%. Filter change is the only maintenance
activity that requires a technician to visit the site more than
monthly.

RESULTS

Organic and Elemental Carbon Concentrations
The study mean OC, EC, and TC concentrations were 2.75

(0.23–15.70), 0.89 (0.20–7.98), and 3.64 (0.43–22.32) µgC/m3,
respectively. Ranges of 2–4 h measurements are given in paren-
theses. The highest monthly average concentrations were mea-
sured in July 2002 (OC = 3.88, EC = 1.13, TC = 5.01 µgC/m3),
while the lowest monthly average concentrations were recorded
in January (OC = 1.89, EC = 0.64, TC = 2.53 µgC/m3) and
April 2002 (OC = 1.61, EC = 0.69, TC = 2.30 µgC/m3).
The highest time-resolved OC and TC concentrations mea-
sured during PAQS (15.70 and 22.32 µgC/m3, respectively)
were recorded 08 July 2002 (00:00–03:30 EST). The highest
EC concentration (7.98 µgC/m3) was recorded April 17 2002
(04:00–07:30 EST). The concentrations of OC, EC and TC were
unexpectedly high in November 2001 and low in April–May
2002.

EC Tracer Method
Using EC as a tracer for primary combustion-generated OC,

primary OC (OCpri) can be described as follows (Turpin and
Huntzicker 1995):

OCpri = aEC + b [1]

where aEC and b are combustion and non-combustion primary
OC, respectively. The difference between measured particulate
OC (OCtot) and estimated OCpri provides an estimate of sec-
ondary OC (OCsec):

OCsec = OCtot − OCpri [2]

An ambient OC to EC ratio that is elevated above the ratio repre-
senting the mix of primary combustion sources can result when
there is a substantial contribution of secondary OC (SOA) or
when EC is very low so that primary non-combustion OC (the
intercept, b, in Equation [1]) contributes substantially to the OC
to EC ratio.

If a large data set is available and includes times when sec-
ondary formation is unlikely, a and b can be determined from a
subset of ambient measurements (Turpin and Huntzicker 1995;
Strader et al. 1999). The EC tracer method can also be applied
to an emission inventory of the principal sources developed for
the area of interest (Gray 1986; Cabada et al. 2002). The slope
of Equation (1) represents the ratio of primary OC to EC for all
contributing combustion sources. It should be noted that primary
OC/EC varies with source type. For example the primary OC/EC
ratio for biomass burning is much higher than that of diesel PM
(Hays et al. 2002). For this reason Equation (1) could vary with
location, season, or time of day because of changes in the source
mix. Variations in the source mix that have seasonal or diurnal
regularity can be identified and accommodated by the EC-tracer
method (see below). Occasional irregular contributions from a
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FIG. 3. Particulate OC and EC semi-continuous carbon measurements made during November 2001. High SOA: measurements with a high probability of SOA
formation; SOA: measurements with a moderate probability of SOA formation; Primary: measurements dominated by primary emissions; Rainy days and After rain:
measurements impacted by rain events. The regression line, equation, and coefficient of determination (R2) were obtained by Deming regression of measurements
labeled “Primary.” The intercept was 0 in this case. Similar scatter plots were obtained for each month of PAQS.

source with a primary OC to EC ratio vastly different from the
usual mix of sources could cause errors in estimated OCpri and
OCsec during the effected time period(s), but such events are
unlikely to affect monthly averages when high frequency mea-
surements are used. If a and b are determined from a data set
that is always impacted by SOA, the resulting SOA estimates
will be lower bounds.

Estimation of a, b, SOA, and Uncertainties
Time periods when the ambient concentrations of particulate

OC were likely to be predominantly primary were identified
and used to establish a relationship between primary OC and
EC (i.e., to estimate a and b in Equation [1]). For this purpose,
hourly concentrations of carbon monoxide (CO) and nitrogen
monoxide (NO) were used as indicators of regional and lo-
cal combustion-related primary emissions, respectively. Hourly
ozone (O3) concentrations and the ratio between nitrogen oxides
(NOx) and NO concentrations were used as indicators of photo-
chemical activity. Time periods were defined as dominated by
primary emissions when their 1-h CO and NO concentrations
both exceeded the corresponding monthly average and their 1-h
O3 concentration and NOx/NO concentration ratio were lower
than the corresponding monthly averages. Periods with a high
probability of SOA formation were defined as times when the 1-h
O3 concentration and NOx/NO concentration ratio were higher
than the corresponding monthly averages. To account for the
time necessary for photochemical processes to form SOA, this
comparison was made with O3 and NOx/NO measurements 0–
2 h prior to the time of interest. All other time periods were
considered to have a moderate probability of SOA formation.
Sampling periods effected by rain were separately identified and
were not used in the estimation of a and b because of the possi-
bility of differential wet scavenging (Lim et al. 2003a). (Periods
“effected by rain” were identified based on visual observations

recorded at the site; “rainy days” means it was raining during
sample collection; “after rain” refers to the first sample collected
after the rain stopped.)

Figure 3 shows particulate OC and EC for all semi-continuous
carbon analyzer measurements made during November 2001.
Labels segregate data into measurements with a high probability
of SOA formation (high SOA), measurements with a moderate
probability of SOA formation (SOA), measurements dominated
by primary emissions (primary), and measurements impacted by
rain events (rainy days; after rain) using the procedure described
above. The slope (a) and the intercept (b) in Equation (1) were
calculated by regressing OC on EC using only data dominated
by primary emissions (circles, Figure 3).

To evaluate the impact of different reasonable approaches
these regressions were performed on a monthly, seasonal, and
annual basis to provide values for a and b in Equation (1). To
evaluate whether the primary OC-EC relationship varied be-
cause of diurnal variations in the source mix, a and b were
also calculated after dividing periods dominated by primary
emissions into four different time periods (00:00–06:00; 06:00–
12:00; 12:00–18:00; 18:00–00:00 EST). In all cases a Deming
linear least-squares regression was used (Deming 1943; Corn-
bleet and Gochman 1979) and the uncertainties in OC and EC
were assumed to be equal. (Conventional linear least-squares
regression assumes that there are uncertainties only in the de-
pendent variable.)

Resulting a and b values are provided in Table 3. Month-to-
month variations in a and b are not systematic, suggesting that
the data could be adequately represented by annually derived
values (R2 = 0.81). When the data were divided by time-of-
day a higher a value (slope) was obtained for the 1200–1800
h time period. This larger value could occur if the mix of pri-
mary sources during that time of day typically had a higher
primary OC/EC ratio (e.g., due to a reduced contribution from
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TABLE 3
Primary combustion-generated OC/EC (the slope, a, in

Equation 1) and primary non-combustion OC (in intercept, b,

in Equation 1) calculated by month, season, time-of-day, and
annually from a Deming linear least squares regression of OC
on EC for data dominated by primary emissions. Shown also
are the standard error (SE) of a and b and the coefficient of

determination (R2)

Time period

Primary
combustion
OC/EC (a)

Primary
non-combustion

OC (b) R2
SE
(a)

SE
(b)

Jul. 2001 2.51 0.00 0.83 0.21 0.36
Aug. 2001 1.64 0.32 0.84 0.13 0.29
Oct. 2001 2.64 0.00 0.82 0.28 0.39
Nov. 2001 2.30 0.00 0.80 0.15 0.34
Dec. 2001 1.89 0.00 0.92 0.07 0.12
Jan. 2002 2.46 0.07 0.85 0.14 0.15
Feb. 2002 2.11 0.18 0.86 0.15 0.23
Mar. 2002 1.81 0.12 0.82 0.13 0.21
Apr. 2002 1.24 0.62 0.88 0.07 0.13
May 2002 1.24 0.66 0.81 0.09 0.15
Jun. 2002 2.38 0.00 0.80 0.20 0.42
Jul. 2002 2.25 0.04 0.85 0.14 0.35
Summer 2001 1.91 0.03 0.79 0.13 0.25
Fall 2001 2.20 0.00 0.86 0.08 0.14
Winter 2002 2.08 0.14 0.81 0.09 0.12
Spring 2002 1.74 0.32 0.74 0.09 0.17
00:00 to 06:00 1.99 0.15 0.76 0.09 0.20
06:00 to 12:00 2.01 0.00 0.85 0.06 0.11
12:00 to 18:00 3.06 0.00 0.75 0.24 0.23
18:00 to 00:00 2.49 0.00 0.82 0.12 0.17
Year 2.07 0.01 0.81 0.04 0.08

diesel trucks) or if more secondary OC was typically present in
the “primary-dominated” data at that time of day. Coefficients of
determination (R2) for monthly regressions were all greater than
0.80. Coefficients of determination by season and by time-of-day
ranged from 0.74–0.86. Some scatter in primary-dominated data
is expected due to variations in the primary source mix. While
it is possible that some measurements identified as primary-
dominated could have some secondary contribution, selecting
the primary ratio based on the lowest OC/EC would ignore the
variability in the primary source mix. The fact that the “primary
dominated” data resemble a normal distribution around the re-
gression line is reassuring.

Using Equations (1) and (2) and a and b values from each
of the 4 approaches in Table 3, primary and secondary OC
concentrations were estimated for the duration of PAQS. SOA
concentrations estimated from a and b values derived on a
monthly, seasonal, annual and time-of-day basis were 0.92 ±
1.11, 1.00 ± 1.16, 1.01 ± 1.14, and 0.85 ± 1.09 µg/m3 (mean
± 1σ ), respectively. The lowest mean SOA concentration was

obtained when a and b were calculated separating the data by
time-of-day, due to the larger a value obtained for the 1200–1800
h time period. Despite this, the variability in calculated primary
and secondary OC concentrations across these four approaches
is small, 7% and 11% (pooled coefficient of variation), respec-
tively. This provides confidence in the results and provides one
estimate of precision in primary and secondary OC estimates.
(This estimate of precision includes “model” uncertainties but
does not include measurement uncertainties.) Propagation of
error (i.e., including a 10% uncertainty in OC and EC measure-
ments and using the standard error of a and b values) suggests
uncertainties in 2–4 h primary and secondary OC estimates are
on the order of 10% and 40%, respectively. Below, results using
a and b values derived on a monthly basis are reported.

Primary and Secondary OC
The annual average SOA concentration was 0.92 µg/m3,

which represents 33% of the annual average particulate OC.
(On a percentage basis 29%, on average, of particulate OC was
SOA.) This is in good agreement with the results obtained by
Cabada et al. (2002), who developed an emission inventory of
primary OC and EC in the Pittsburgh area, applied the EC tracer
method to this reconstructed dataset, and concluded that in 1995
the annual SOA contribution to particulate OC was at least 25%.
Cabada et al. (2004) independently applied the EC-tracer method
to PAQS semi-continuous OC and EC measured from July 1 to
August 4, 2001. The same tracers of primary and secondary
emissions, but a different decision strategy was used to identify
time periods dominated by primary OC. Also Equation (1) was
obtained by standard rather than Deming linear least squares
regression. For this time period, SOA concentrations of 0.92 ±
0.98 and 1.18 ± 1.05 (mean ± 1σ of time-resolved SOA esti-
mates) were obtained by Cabada et al. (2004) and in the current
work, respectively.

During the summer of 2001 and July 2002, SOA was on av-
erage 38% of measured OC (SOA = 1.30 µgC/m3 June–August
2001; 1.44 µgC/m3 July 2002). This agrees quite well with the
contribution of SOA (44%) to particulate OC obtained in Atlanta
during August 1999 (Lim and Turpin 2002). The percentage
contribution of SOA to particulate OC was much greater for
Pittsburgh than for Claremont, CA, where the SOA concentra-
tion exceeded 40% of the daily OC concentration only in the
afternoon hours of summertime photochemical smog episodes
(SCAQS; Turpin and Huntzicker 1995). It should be noted that
OC concentrations were much higher in Claremont.

The typical summertime diurnal pattern of carbonaceous
species measured/ estimated during PAQS is illustrated in Fig-
ure 4. OC and EC peaked between 00:00 and 08:00 EST. Sim-
ilarly, NO and CO peaked during 00:00–08:00 EST; NO and
CO are often used as local and regional combustion tracers.
Typically, the summer periods were characterized by high pho-
tochemical activity in the afternoon, which resulted in O3 and
SOA concentrations that peaked together between 13:00 and
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FIG. 4. Particulate OC and EC, primary OC (OCpri), secondary OC (SOA),
ozone (O3), NO, and CO concentrations measured/estimated July 12–19, 2001.
This period illustrates typical summertime concentration dynamics.

19:00 EST. This temporal behavior is expected when SOA is
formed locally that afternoon. This diurnal pattern was also
typical of that observed in the summertime in Atlanta (Super-
site; Lim and Turpin 2002). A more pronounced afternoon OC
peak was found in Claremont during summertime smog episodes
(SCAQS; Turpin and Huntzicker 1995).

Interestingly, on July 17–19 SOA remained elevated over a
3-day period, even at night. While on previous days the O3 con-
centration decreased rapidly at night (perhaps with the aid of
NO scavenging), at 00:00 EST, July 18 and July 19 it remained
considerably elevated (30 ppb, 45–50% of the peak O3 con-
centrations) suggesting either replacement of air from aloft or
from upwind. When SOA remains elevated over several days,
it is likely that it has been formed through multi-day transport
and transformation (i.e., regionally). Regional SOA formation
is especially likely aloft where transport distances are great and
conditions for photochemistry are favorable. Vertical transport
from aloft has been shown to yield elevated nighttime O3 con-
centrations (Corsmeier et al. 1997) and would bring SOA formed

FIG. 5. Particulate OC and EC, primary OC (OCpri), secondary OC (SOA),
ozone (O3), NO, and CO concentrations measured/estimated February 21–26,
2002. This period illustrates typical wintertime concentration dynamics.

aloft to ground level as well. Lower nighttime temperatures also
contribute to increase the SOA concentration through the favor-
able partitioning of oxidation products into the particle phase.
It was not uncommon for O3 and SOA concentrations to remain
elevated at night. This occurred on approximately 11 nights in
the summer and 7 nights in the winter.

A characteristic wintertime period is illustrated in Figure 5.
Typically, the concentrations of OC and EC closely tracked
those of NO and CO across the day, suggesting that primary
combustion sources dominated OC and EC concentrations in
the winter. OC and EC concentrations were usually quite low
(e.g., February 21–22) but occasionally strong peaks were ob-
served between 02:00 and 08:00 EST, with concentrations sub-
stantially higher than those recorded during the summertime,
probably because of increased stability and low mixing heights.
On February 24, 2002 the OC and EC concentrations peaked
between 04:00 and 07:30 EST, reaching values of 8.9 and
4.4 µgC/m3, respectively, the highest measured winter carbon
concentrations.
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Wintertime SOA and O3 concentrations measured during
PAQS were small compared to the summertime values, but there
were times when the EC-tracer method suggested SOA forma-
tion. For example, between February 24 and February 26, 2002
peak concentrations of NO, CO, and EC decreased. OC de-
creased initially and then increased during this period. While
the O3 concentration is still reasonably low, it reached a max-
imum for this February time period (36 ppb) on February 25,
just as the calculated SOA concentration began to increase. It is
likely that the elevated ozone peak on February 25 occurs as a
result of down-mixing of air from aloft rather than local photo-
chemical formation. This air mass had an elevated OC/EC ra-
tio, suggesting either regional secondary formation or regional
transport of a primary carbon source with a high OC/EC ra-
tio (e.g., biomass burning). OC/EC ratios from open burning
of biomass can be quite high; transport to Pittsburgh from the
southeastern US commonly occurs, and prescribed burning is
practiced in the Southeast in the fall/winter (Hays et al. 2002).
Thus, the later possibility cannot be ruled out, and illustrates a
potential limitation in the EC-tracer method in locations where
regional transport is substantial. It should be noted that the de-
crease in peak CO on February 26 does not support a primary
regional combustion origin for the additional OC. The quantity
of SOA formed regionally over several days is likely to depend
in a complicated way on the integrated exposure of precursors
to oxidants (e.g., ozone and hydroxyl radical) during transport
(e.g., from the southeastern U.S.). Regional formation could oc-
cur as a result of gas-phase, surface, or aqueous-phase reactions
in clouds or aerosols (Odum et al. 1997; Jang and Kamens 2001;
Lim et al. 2005). On February 26 the calculated primary and sec-
ondary OC concentrations were roughly equal. SOA formation
was reported to account for 20% of wintertime OC on average
with short peaks as great as 60% in the San Joaquin Valley, CA
(1995–96; Strader et al. 1999). The average wintertime (2002,
Pittsburgh) SOA concentration calculated herein was 24% of
measured OC (0.56 µgC/m3).

Fall 2001 and spring 2002 were characterized by an average
SOA concentration of 0.92 and 0.61 µgC/m3, corresponding to
28 and 20% of OC, respectively. Daily OC and EC concentration
dynamics in the fall were more similar to those observed in the
summer, but OC, EC, and SOA maxima were generally smaller.
Spring concentration dynamics were more similar to those ob-
served in the winter. March–May had many precipitation events
(a total of 144 h with greater than 25 mm of rain), which con-
tributed to the low springtime PM concentrations. The lowest
monthly mean SOA concentration (0.27 µgC/m3; 14% of OC)
occurred in April, probably as a result of both low photochemical
activity and considerable precipitation.

November 2001 had three time periods when EC dropped
or remained low while OC increased dramatically. These are
shown in Figure 6 as Episodes A, B, and C. Episode A occurred
on 01–03 November. During that period O3 and OC increased
and remained elevated for almost 48 h with no increase in the pri-
mary combustion tracer, EC. Then, at the onset of precipitation,

(a)

(b)

FIG. 6. (a) Particulate OC and EC, primary OC (OCpri), secondary OC
(SOA), ozone (O3), NO and CO concentrations measured/estimated October
31–November 30, 2001. High average SOA in November was mostly due to
three SOA formation episodes: A (November 1–3), B (November 14–18), and
C (November 19). (b) Secondary organic aerosol (SOA; µgC/m3) and sulfate
(µg/m3), October 31–November 17, 2001. Episode A: November 1–3; Episode
B: November 14–18.

OC and O3 decreased rapidly. Episode B occurred on November
14–18, to following 2–3 days of very high concentrations of the
primary tracers (EC, CO, and NO), as well as high OC concen-
trations. Rapid decreases in EC, CO, and NO were followed by
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a 2–3 day period of continuously elevated O3 accompanied by
a peak and a gradual decrease in OC. Episode C occurred on
November 19 and was characterized by increasing OC and O3

and decreasing EC, CO, and NO.
The ozone concentrations during these episodes were not

high by summertime standards and might not provide sufficient
oxidant concentrations to form SOA locally. Ground level ozone
concentrations are often quite low due to titration by primary pol-
lutants, such as NO. The elevated ozone concentrations likely
occur because ozone is being mixed down to the surface from
aloft (or perhaps transported in from an upwind location). What
is apparent in Episodes A and B is that when ozone is replenished
it brings an air mass elevated in OC but not in EC. Pollutants
can be transported long distances aloft under conditions that are
conducive to photochemistry. Thus it is quite plausible that this
additional OC is SOA. During Episode A, the EC tracer method
calculated SOA concentrations that remained between 4.0 and
8.0 µgC/m3 (60–85% of OC) over a 24-h period. During Episode
B, the calculated SOA maximum was 7.5 µgC/m3 (79% of OC)
and occurred at 00:00–02:00 EST on November 15. During both
Episodes A and B, sulfate (a secondary species formed region-
ally through gas and aqueous phase reactions) also remained
elevated (see Figure 6b). SOA and O3 concentrations that in-
creased and remained elevated over a few days were observed
many times during PAQS, during the winter and summer.

It is possible that such concentration dynamics could occur
due to the influence of a large primary source with a high OC/EC
ratio and no temporal regularity (e.g., wildfires or prescribed
burning) located distant from Pittsburgh (e.g., the southeastern
U.S.). Down-mixing of these pollutants from aloft could cause
a sudden increase in OC without a concurrent increase in EC.
OC/EC ratios from biomass burning can be greater than 10 (Hays
et al. 2002). The possibility that calculated SOA is really primary
OC from biomass combustion cannot be entirely ruled out for
these two November episodes. However, the similar SOA and
sulfate dynamics supports secondary formation. Additionally,
the regional combustion tracer, CO, was highly correlated with
primary OC (R2 = 0.82) and uncorrelated with calculated SOA.

The largest limitation of the analysis above occurs because of
the potential for confounding by biomass burning. While we did
not identify any local or more distant prescribed burns that would
bias the assessment of SOA, it would be quite difficult to rule
out such confounding based on emissions information, which is
rarely complete. However, tracer compounds can provide use-
ful insights. Molecular source tracers, including biomass smoke
tracers (i.e., levoglucosan, syringols, and resin acids) were mea-
sured at PAQS daily in July and every 6th day the remainder of
the year. An upper limit of 2%, 14.5%, and 10% of OC was at-
tributed to biomass burning during the summer, fall and winter,
respectively, when molecular source tracers were used in chem-
ical mass balance source apportionment (Robinson et al. 2006).
Biomass smoke tracer concentrations were quite low during July.
Using the average levoglucosan concentration (10 ng/m3) dur-
ing the July 12–20 time period (Figure 4) and the levoglucosan

to OC ratio (0.094) of Lee et al. (2005), biomass smoke con-
tributed only 0.1 µgC/m3, with a peak of 0.17 µgC/m3 on 17
July. The highest biomass smoke marker concentrations were
measured in October and November, with levoglucosan reach-
ing 73 and 192 ng/m3 on November 2 and 14, respectively. This
corresponds to roughly 0.7 and 2.0µgC/m3 of biomass OC (SOA
ranged from 4–8 µgC/m3 on these days). Thus, biomass burning
could contribute to, but does not appear to explain completely,
the elevated OC concentrations observed in November. Biomass
markers were not measured during the February 24–26 period,
although the PAQS molecular marker data show surprisingly
little influence of biomass smoke in the winter (Robinson et al.
2006).

CONCLUSIONS
During the Pittsburgh summertime, SOA was a much more

substantial contributor to particulate OC than in the Los An-
geles Basin (Claremont, CA; 1987 SCAQS; Turpin and Huntz-
icker 1995), although Claremont concentrations were greater. In
Claremont, SOA only exceeded 40% of OC during the afternoon
hours of summertime photochemical smog episodes. In contrast,
the summertime average SOA contribution was nearly that great
in Pittsburgh (38% of particulate OC). Summer periods in Pitts-
burgh were often characterized by early morning peaks in OC
and EC and late afternoon peaks in O3 and SOA. This pattern is
consistent with local formation of SOA. However, the EC tracer
method produced the highest SOA concentration estimates at
times when O3 and OC increased and remained elevated over
several days. This ozone pattern suggests down-mixing of ozone
and other species from aloft, where pollutants can be transported
long distances and are exposed to conditions conducive to pho-
tochemistry. The elevated OC relative to EC combined with low
CO and complementary sulfate dynamics during these episodes
is consistent with multi-day regional SOA formation, although
regional transport of primary OC from biomass combustion can-
not be completely ruled out.

These findings suggest that SOA could be an important con-
tributor to particulate OC in locations that are recipients of long
distance transport (e.g., the eastern United States) and regional
sulfate formation. Neither in-cloud formation (Ervens et al.
2004; Lim et al. 2005) nor acid-catalyzed surface reactions (Jang
and Kamens 2001) are currently included in predictive models
and are likely to contribute to regional SOA formation.
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Ambient PM2.5 composition data in Pittsburgh, PA have been
used with Positive Matrix Factorization (PMF) to determine the
major sources of PM2.5 sampled. This paper describes the use
of the potential source contribution function (PSCF) with the
PMF-modeled source contributions to locate the sources in a grid
of 0.1◦× 0.1◦ cells. The domain extends from the Pittsburgh Super-
site at 40.44◦N, 79.94◦W over the range 35◦–50◦ north latitude and
75◦–90◦ west longitude. Six-hour back trajectories have been ob-
tained from HYSPLIT four times each day for the 13 months of the
study for use with PSCF. Using the results, higher probability loca-
tions are compared with known locations of specific source types,
based on information from the EPA Toxic Release Inventory (TRI)
and the EPA AIRS Database. PSCF results for several sources are
compared to the conditional probability function (CPF) analysis,
which uses 15-minute wind direction data to determine the most
probable direction of a source. Using PSCF and CPF together aids
in interpretation of potential source regions. The selenium and sul-
fate factor source locations are regional, while the lead, cadmium,
and specialty steel factor source locations are local. The gallium-
rich and Fe, Mn, and Zn factor source locations are potentially both
local and regional. The nitrate, vehicle emissions and road dust,
wood combustion, vegetative detritus and cooking, and crustal ma-
terial factor CPF and PSCF results were inconclusive as sources of
these factors exist in all directions from the site and therefore one
would not expect a clear probability field in any one direction.

INTRODUCTION
The concentrations of atmospheric fine particulate matter in

Pittsburgh, Pennsylvania are largely affected by regional trans-
port of PM2.5 as well as local source emissions (Tang et al. 2004).
Positive Matrix Factorization (PMF), a source-receptor model,
was used with data collected during the Pittsburgh Air Qual-
ity Study (PAQS) to determine the most significant sources of
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PM2.5 in the Pittsburgh region. Details of PMF use with these
data are reported in Pekney et al. (2005a). The current paper
uses the PMF-modeled source contributions with the potential
source contribution function (PSCF) and conditional probability
function (CPF) to locate the sources and to examine each source
as being regional or local.

From July 2001 through July 2002, daily 24-hour filter-based
samples were collected at the Pittsburgh Supersite, located in
a park near the Carnegie Mellon campus approximately 6 km
east of downtown Pittsburgh (Wittig et al. 2004). Filters were
analyzed for PM2.5 sulfate, nitrate, organic carbon (OC), ele-
mental carbon (EC), and trace elements. Samples collected on
Teflon filters were analyzed by IC analysis for sulfate and ni-
trate concentrations (Takahama et al. 2004). OC and EC were
determined by the Thermal Optical Transmittance method and
the NIOSH thermal evolution protocol, which used quartz filters
for sample collection (NIOSH 1996; Cabada et al. 2004). A mul-
tiplier of 1.8 was used to approximate total organic carbon mass
from the OC measurements (Polidori et al. 2005; Turpin and
Lim 2001). Samples collected on cellulose filters using a high
volume sampler were analyzed for trace elements by ICP-MS
after microwave-assisted acid digestion (Pekney and Davidson
2005). A TEOM recorded continuous total PM2.5 mass concen-
trations, which were averaged over 24 hours for use in this study.
To determine the specific chemical components of OC, a cy-
clone/filterpack sampler collected 24-hour samples on a quartz
filter followed by a polyurethane foam (PUF) plug. This sampler
operated on a one-in-six day schedule for speciated OC analy-
sis. Several of the OC species were used in the PMF analysis,
including hopanes, resin acids, PAHs, syringols, and n-alkanes.

Positive Matrix Factorization
PMF is a source-receptor model that solves the equation:

xi j =
p∑

i=1

gik fk j + ei j [1]

952
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where x is the matrix of ambient data collected at the receptor
site, consisting of the species in columns and dates in rows,
g is the matrix of source contributions, where each source k
contributes to each sample i , and f is the mass of each element
j in each source k (Paatero and Tapper 1993, 1994; Paatero
1997). A matrix of residual error, e, accounts for error in the
model fit. PMF seeks to minimize the sum of squares:

Q =
n∑

i=1

m∑
j=1

(
ei j

si j

)2

[2]

where si j are the error estimates for the elements in x described
above. The value of Q should approach the number of degrees
of freedom, n × m, or the number of entries in the data ma-
trix. Because uncertainty in the data is taken into account by the
model, PMF can accommodate data sets with missing data by
assigning an average value to the concentration with a large
uncertainty such that the missing data will not significantly
weight the results. This characteristic allowed use of the spe-
ciated OC data, which was only available for one out of every
six days.

With the Pittsburgh Supersite data, the PMF-modeled factors
were identified as vehicle emissions and road dust; sulfate; ni-
trate; selenium; cadmium; lead; wood combustion, vegetative
detritus and cooking; gallium-rich; Fe, Mn, and Zn; specialty
steel production and processing; and crustal material. Source
compositions and contributions to ambient PM2.5 levels are
given and discussed in Pekney et al. (2005a).

The sulfate, nitrate, crustal material, vehicle emissions and
road dust, and wood combustion, vegetative detritus and cook-
ing factors all describe regional sources. The sulfate factor con-
tributes the most to PM2.5 on an annual average, 33%. This
factor has high concentrations of sulfate as well as a fraction
of the OC. This is a secondary source of PM2.5, with particle
formation from reactions of gases, with higher concentrations
in summer due to an increase in photochemistry. The nitrate,
crustal material, and vehicle emissions and road dust factors
make smaller contributions to PM2.5, with 8%, 12%, and 11%
annual average contributions, respectively. The nitrate factor,
with high concentrations of nitrate and some OC, shows lower
concentrations in summer due to the temperature sensitivity of
nitrate to volatilization. The crustal material contribution, with
calcium and titanium tracers, is slightly higher during the first
three months of the study with high variability. The vehicle emis-
sions and road dust factor (total OC, EC, hopanes, PAHs, and
n-alkanes as tracers) is also highly variable but with no seasonal
trend. The wood combustion, vegetative detritus, and cooking
factor, with total OC, EC, n-alkanes, syringols, levoglucosan,
and resin acid tracers, shows lower contributions during the
first three months, with increases in contribution during win-
ter when there is increased wood burning. This factor is ap-
proximately 4% of the PM2.5 mass concentration on an annual
average.

The gallium-rich factor contributions correlate very strongly
with ambient gallium concentrations, with significant contribu-
tions to this factor from arsenic, vanadium, nickel, and copper.
While gallium is infrequently used in source-receptor modeling
studies and known sources of gallium are few, the latter four
elements can be emitted from a variety of sources. However, all
of these elements present in trace amounts in coal and there-
fore this factor could represent primary emissions from coal
combustion.

The Fe, Mn, and Zn, specialty steel production and process-
ing, selenium, cadmium, and lead factors are probably local
sources rather than regional. These factors are minor in their
contribution to PM2.5, 1–3% on an annual average. Despite the
minor contribution, importance of these factors can be explained
by the possibility of adverse health effects due to PM2.5 com-
position rather than PM2.5 mass (Carter et al. 1997; Monn and
Becker 1999). The source contributions are distinguished by
low concentrations for much of the study with peaks on some
days. Iron, manganese, and zinc tracers mark the steel produc-
tion factor. Specialty steel production and processing tracers are
molybdenum and chromium, which are both alloying elements
in steel. Selenium, cadmium, and lead, are all factors with a
unique elemental tracer. Selenium is associated with coal com-
bustion, but this factor is identified by PMF as separate from
the sulfate factor as it represents primary and not secondary
emissions. Cadmium and lead can be emitted from a variety of
industrial activities.

Conditional Probability Function
The Conditional Probability Function (CPF) calculates the

probability that a source is located within a particular wind di-
rection sector, ��, or:

CPF = m��

n��

[3]

where n�� is the number of times that the wind passed through
direction sector ��, and m�� is the number of times that the
source contribution peaked while the wind passed through sector
�� Ashbaugh 1985). To use CPF with the Pittsburgh Supersite
data, the 24-hour averaged source contribution data have been
applied to all 15-minute wind direction averages measured at
the site for each date. All time periods of wind speed less than
1 m/s have been removed from the dataset. The angular inter-
val �� was set at 10◦. To calculate m��, the highest 25% of
source contribution concentrations were counted. CPF is useful
in determining the direction of a source from a receptor site;
however, it cannot determine the actual location of the source.
To estimate source locations, the Potential Source Contribution
Function (PSCF) is used.

Potential Source Contribution Function
PSCF calculates the probability that a source is located at

latitude i and longitude j . The basis of PSCF is that if a source is
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located at (i , j), an air parcel back trajectory passing through that
location indicates that material from the source can be collected
and transported along the trajectory to the receptor site. PSCF
solves

PSCF = mi j

ni j
[4]

where ni j is the number of times that the trajectories passed
through the cell (i , j) and mi j is the number of times that a
source concentration was high when the trajectories passed
through the cell (i , j) (Malm et al. 1986). The criteria for de-
termining mi j were either the 75th or 90th percentile high-
est source contributions, depending on the structure of the
source contribution time series for each factor. For example,
the time series for the cadmium factor was characterized by
relatively low concentrations for most of the study with high
peaks much greater than the background concentrations on
some days, while the time series for the sulfate factor had
many more dates of peak concentrations with not as much
difference from the background concentrations. The 75th per-
centile was used for the sulfate, selenium, lead, gallium-rich,
and Fe, Zn, and Mn factors while the 90th percentile was used
for the specialty steel and cadmium factors. A cell (i , j) with
a PSCF value close to one indicates a probable source loca-
tion. A probability field is constructed for the domain cov-
ered by the back trajectories such that locations from which
transport to the receptor site results in high concentrations of
a source material are most likely locations of sources of that
material.

The Hybrid Single-Particle Lagrangian Integrated Trajec-
tory (HYSPLIT) model was used to calculate air mass back-
trajectories in 1-hour sequential increments ending at the re-
ceptor site at 40.44◦N latitude and 79.94◦W longitude (Draxler
1999). HYPLIT was run four times a day for every day of the
study, or every six hours starting at midnight EST from July
11, 2001 to July 31, 2002. A starting height of 500 m AGL
was used. Six-hour back trajectories were selected because this
time is sufficient to determine probable locations of both lo-
cal and regional sources, and increasing the time of trajectories
also increases the uncertainty, resulting in unrealistic source lo-
cations. However, this trajectory time is not sufficient to lo-
cate very distant sources that may be hundreds of kilometers
away.

The trajectory domain extends from 35◦–50◦ north latitude
and 75◦–90◦ west longitude, and is divided into 0.1◦× 0.1◦ cells,
resulting in 22,500 total cells. The maximum ni j is 1570, al-
though many cells on the outer edges of the grid have ni j less
than 10. These outer-edge cells could have misleading large
PSCF values if a trajectory passed through them during a source
contribution peak, resulting in mistaken attribution of a source
to an area. To reduce the effect of spurious large ratios in grid
cells with low ni j , a weighting function Wi j is multiplied by the

PSCF value:

Wi j =




1.0 9 < ni j

0.9 8 < ni j ≤ 9

0.8 7 < ni j ≤ 8

0.7 8 < ni j ≤ 7

0.6 7 < ni j ≤ 6

0.5 6 < ni j ≤ 5

0.4 5 < ni j ≤ 4

0.3 4 < ni j ≤ 3

0.2 3 < ni j ≤ 2

0.1 2 < ni j ≤ 1




[5]

RESULTS AND DISCUSSION
Wind direction in the Pittsburgh region is primarily from the

southwest to northwest. Figure 1 shows the frequency of trajec-
tories passing through the grid cells in the PSCF grid domain, or
ni j . There are relatively few occurrences of wind direction from
the east during the study period. The results of the PSCF analy-
sis for seven of the eleven PMF-odeled source contributions are
shown in Figures 2–8. Cells are shaded according to the PSCF
value, with the darkest cells indicating the highest probability
of a source in that location. CPF results for six of the eleven
sources are shown in Figures 1–5, 7, and 8.

To compare the PSCF results with actual source locations in
the region, the EPA Toxics Release Inventory (TRI) is used to
identify locations of facilities that emit various elements, specif-
ically the tracer elements for each source category, when avail-
able (EPA 2002). The TRI lists toxic chemical releases and other
waste management activities reported annually by certain in-
dustry groups and federal facilities in a public database. In this
application, reported fugitive and point source releases to the air
in 2002 are used. Source locations are shown in Figures 3–8,
with symbols sized according to the emissions reported.

FIG. 1. The values of ni j from Equation (4) for application of PSCF to this
study.
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FIG. 2. PSCF and CPF results for the PMF-modeled sulfate source contributions. The top 25% of source contributions were used for m�θ and mi j . Sulfur dioxide
sources are from the AIRS Database (EPA 1999) given in tons emitted in 1997.

Sulfate is a major component of PM2.5 in Pittsburgh, com-
prising 38% on an annual average (Rees et al. 2004). The main
source of sulfate in the area is from oxidation of the sulfur diox-
ide emitted from coal-fired power plants. The major sources of
electricity in the region are from coal-fired power plants, and
there are a large number of these sources in the area. The high-
est 25% factor contribution dates are used for determining mi j .
PSCF results for the PMF-modeled sulfate factor contributions
are shown in Figure 2. The region of higher probability of sulfate
factor locations is SW of the site in the Ohio River Valley. Sulfate
is not reported in the TRI. However, sulfur dioxide is a criteria
air pollutant and is listed in the AIRS Database (EPA 1999) pro-

FIG. 3. PSCF and CPF results for the PMF-modeled selenium source contributions. The top 25% of source contributions were used for m�θ and mi j .

viding the source data shown in Figure 2. With the exception of
a petroleum and coal products facility in West Virginia, nearly
all major sulfur dioxide sources are power plants, and most fall
into the area of highest probability of source locations. The most
probable direction of the sulfate factor as determined by CPF,
also in Figure 2, is to the SE of the site, rather than the Ohio
River Valley. The reasons for the discrepancy are unknown. The
indication that the Ohio River Valley area is a major source of
secondary sulfate has been reported in other studies using PMF
and PSCF (Polissar et al. 2001; Lee et al. 2002; Liu et al. 2003),
influencing regions as far north as upstate New York, New Jersey,
and Vermont.
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FIG. 4. PSCF and CPF results for the PMF-modeled specialty steel source contributions. The top 25% of source contributions were used for m�θ and the top
10% were used for mi j . Symbols for the sizes of the sources are based on the sum of Mo and Cr emissions given in the TRI.

Selenium factor PSCF results are shown in Figure 3. Sele-
nium in PM2.5 is typically associated with combustion of coal.
Selenium is a primary pollutant released from burning coal,
while sulfate is a secondary pollutant, so it is not surprising
that these two factors are defined separately by the PMF analy-
sis. Furthermore, most of the individual point sources of sulfur
dioxide in Figure 2 are the same as those shown in Figure 3
for selenium. Selenium factor contributions are usually a low
background with occasional high peaks, many more than the
cadmium factor contributions, so the 25% highest factor con-
tribution dates are used rather than 10% highest. The selenium
factor shows highest probabilities of being located SW of the
site, following the Ohio River, and to a lesser extent NE of the

FIG. 5. PSCF and CPF results for the PMF-modeled lead source contributions. The top 25% of source contributions were used for m�θ and mi j .

site. This is in good agreement with sources identified in the
TRI as shown in Figure 3. Highest probabilities of a selenium
source in a particular cell reach 0.70. TRI emissions of selenium
and selenium compounds in the region are all from electric ser-
vices, known to be coal-fired power plants, as well as one flat
glass production facility and one refuse system facility. Like the
sulfate factor, CPF results for this factor (Figure 3) indicate a
most probable direction to the SE rather than SW, with a max-
imum probability of 0.45. As for sulfate, the reasons for this
discrepancy are unknown.

The specialty steel production and processing factor is
marked by molybdenum and chromium tracers, as both are
alloying elements in specialty steels. The highest 10% factor
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FIG. 6. PSCF results for the PMF-modeled cadmium source contributions. The top 25% of source contributions were used for m�θ and the top 10% were used
for mi j .

contribution dates are used for mi j as there are fewer dates of
high concentrations for this factor. PSCF results in Figure 4 show
highest probability of source locations clustered nearest the site,
indicating that this is most likely a local source. There are many
specialty steel production and processing facilities in the greater
Pittsburgh region.

There are only seven known sources of molybdenum in the
region (molybdenum trioxide as reported in the TRI) with indus-
try types listed in Table 1. The molybdenum sources are located

FIG. 7. PSCF and CPF results for the PMF-modeled gallium-rich source contributions. The top 25% of source contributions were used for m�θ and mi j . Symbols
for the sizes of the sources are based on the sum of Ni, V, Cu, and As emissions given in the TRI.

to the N and W of the site. There are many more sources of
chromium in the area. Industry types include the same listed
for molybdenum trioxide emissions as well as others shown in
Table 1. Chromium sources are located in all directions from
the Supersite. PSCF shows highest probability of specialty steel
source locations immediately N, E, and S of the site. These lo-
cations correspond to many of the chromium and molybdenum
sources. CPF corroborates these findings, with most probable
directions to the NNE and ESE (Figure 4).
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FIG. 8. PSCF and CPF results for the PMF-modeled Fe, Mn, and Zn source contributions. The top 25% of source contributions were used for m�θ and mi j .
Symbols for the sizes of the sources are based on the sum of Zn and Mn emissions given in the TRI.

Source locations of the lead factor are difficult to locate us-
ing PSCF and CPF, because there are many small point sources
of lead in this region. Resuspension of lead particles that were
initially emitted during the era of leaded gasoline use can be dis-
tributed across a large area, making this source possibly regional
as well as local. Industries reporting lead emissions in the TRI
are listed in Table 1. In Figure 5, the PSCF results show a higher
probability that the lead factor is located mostly to the N and
also S of the site. The highest 25% of factor contribution dates
were used for mi j . The results agree reasonably well with the
location of many lead point sources to the N, but reasons for the
higher probabilities S of the site are less clear. CPF results are
somewhat consistent with the PSCF results with N as the most
probable direction (Figure 5).

Figure 6 shows the results for the cadmium factor PSCF. Cad-
mium source contributions are mostly at background levels, but
with a few days of concentration 10–100 times the background.
These high concentrations are indicative of local sources that im-
pact the receptor site under the right meteorological conditions.
Therefore, to determine mi j , the 10% highest source contribution
dates are used. The cadmium factor shows a higher probability
of being located to the NW, SW, and S directions from the site.
However, the locations of cadmium sources in the region ac-
cording to the TRI are mostly N and NW, but none S of the site.
It is possible that there are sources of cadmium in that direction,
but the facilities do not report emissions to the TRI. The highest
probabilities for the cadmium factor reach 0.50. Several industry
types are responsible for the Cd emissions shown in Figure 6;
those given in the TRI are listed in Table 1. In using CPF (re-
sults not shown), the probability of a cadmium source in any

direction is less than 0.25. This low probability renders the CPF
results inconclusive.

The gallium-rich factor shows surprising results with the
PSCF analysis (Figure 7). The highest 25% factor contribution
dates were used for mi j . Gallium ambient concentrations corre-
late strongly with this factor, but there are also high contributions
from arsenic, vanadium, nickel, and copper. Therefore, this fac-
tor was assumed to be related to coal combustion, as all of these
elements are present in trace amounts in coal. Major coal-fired
power plants are located W and SW of the site with some sources
identical to those shown for selenium and sulfate. In contrast,
PSCF results show a clear directional preference to the NW, with
very high probabilities of 0.75–0.91. CPF results agree well with
PSCF results for this factor, with a high probability of 0.70 that
the source is located to the NW (Figure 7). Gallium is not a
toxic chemical and thus is not listed in the TRI; however, all
of the other elements are listed. Besides being found in coal
fly ash, gallium is a by-product of bauxite processing, as it is
associated with aluminosilicates. Gallium and arsenic are used
in the microelectronics industry to make GaAs wafers. There
are several microelectronics, optics, and photonics companies
in northeast Ohio that have foundries for processing aluminum
and list GaAs wafers as one of their products. While there are
a couple coal-fired power plants NW of the site, PMF distin-
guished this gallium-rich factor as separate from the sulfate and
selenium factors associated with all coal-fired power plants in
the region due to the influence of gallium emissions from un-
known NW sources.

PSCF results for the Fe, Mn, and Zn factor, shown in Figure 8,
are inconclusive as the highest probability areas identified by
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PSCF do no coincide with zinc and manganese sources as re-
ported in the TRI. PSCF, using the highest 25% factor contribu-
tion dates, shows highest probability of this factor being located
to the SW. However, zinc sources are mostly located to the NW
and manganese sources are in every direction. Iron, also a tracer
species for this factor, is not a toxic chemical listed in the TRI
and hence the emissions and their locations are unknown. Indus-
try types that report emissions of zinc and manganese in the TRI
are listed in Table 1. CPF results (Figure 8) indicate SE as the
most probable direction, which further complicates determining
the location of sources of this factor.

There are several factors determined by PMF that do not
yield conclusive results from the PSCF or CPF analyses: ni-
trate; wood combustion, vegetative detritus and cooking; crustal
material; and vehicle emissions and road dust. These source cat-
egories exist in all directions from the Supersite and therefore
one would not expect a clear probability field in any one direc-
tion. Therefore, PSCF and CPF results are not shown for these
sources. Brief summaries are listed for all factors in Table 1.

CONCLUSIONS
PSCF and CPF results for the PMF factors presented can be

grouped into three different categories: regional sources, local
sources, or potentially both regional and local sources. The sul-
fate and selenium factors represent regional sources identified
as coal fired power plants located regionally. For these factors,
the PSCF results show most probable source locations in agree-
ment with TRI or AIRS Database source locations while the
CPF results show a slightly offset most probable direction that
does not agree well with the PSCF results. However, for the
specialty steel and lead factors, which represent local sources,
CPF results show clear most probable directions that agree well
with both the PSCF results, which show a clustering of most
probable locations nearest the site, and the known locations of
molybdenum, chromium, and lead sources by TRI. Although
the cadmium factor is assumed to also represent a local source
or sources, the CPF results were inconclusive, with no direction
showing a strongly significant probability. The gallium-rich and
Fe, Mn, and Zn factors could represent either local or regional
sources, or both. The gallium-rich factor PSCF and CPF results
show very good agreement but as this source cannot be iden-
tified, a conclusion as to its being regional or local cannot be
drawn. And while the Fe, Mn, and Zn factor PSCF and CPF
results are similar to results for the sulfate and selenium factors,
the difference that there are known local Mn and Zn sources
is the direction indicated as most probable by CPF. There-
fore, this factor can be considered both regional and local. In
conclusion, PSCF appears to better predict locations of regional
sources while CPF is useful in pinpointing directions of local
sources.

Table 1 presents a summary of the findings presented in this
paper. PMF-modeled factor names are given with their tracer
species, annual average contribution to PM2.5 mass concentra-

tions in Pittsburgh, source regions as determined by the PSCF
and CPF analyses, and possible sources as identified by the tracer
species and the TRI. Overall, the results for several of the source
categories are consistent with single particle composition data
from the PAQS (Pekney et al. 2005b). PMF, CPF, and PSCF
are powerful tools for determining the major sources of partic-
ulate pollution in an urban area like Pittsburgh, but each model
has its limitations. Both models rely on counting statistics and
therefore require large amounts of data such that results are sta-
tistically significant. PMF cannot distinguish between sources
in the same area that impact the receptor location. This may
lead to a mixing of different types of sources that makes it dif-
ficult to determine the apportionment of source contributions to
PM2.5 mass concentrations. CPF can provide the probability that
a source is located in a particular direction, but cannot provide
any information as to the proximity of the source. PSCF, how-
ever, provides probability that a source is located in a particular
grid cell, but is dependent upon the accuracy of the HYSPLIT
model. HYSPLIT trajectory accuracy decreases with increas-
ing trajectory time, and effects of the boundary layer are not
considered. In an urban area like the Pittsburgh, where there
are many industrial activities in and near the city as well as in
the surrounding heavily industrialized region, clearly identify-
ing source locations using any of these models is difficult. High
concentrations of some pollutant species can occur for a wide
range of wind directions. Furthermore, mixing height as well as
wind direction can affect airborne concentrations of the tracer
species, although only the latter is used in these models. When
24-hour data are used, source plumes that occur on the order of
minutes are masked due to the variability of wind direction over
a day. Despite these limitations, using PMF, CPF, and PSCF to-
gether determined probable locations for several of the modeled
sources that have been shown to correlate with the locations of
known sources as reported to the TRI. This study demonstrated
that CPF and PSCF aided in determining PM source locations
to significantly improve source apportionment study.
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An objective of the Pittsburgh Air Quality Study was to deter-
mine the major sources of PM2.5 in the Pittsburgh region. Daily
24-hour averaged filter-based data were collected for 13 months,
starting in July 2001, including sulfate and nitrate data from IC
analysis, trace element data from ICP-MS analysis, and organic and
elemental carbon from the thermal optical transmittance (TOT)
method and the NIOSH thermal evolution protocol. These data
were used in two source-receptor models, Unmix and PMF. Unmix,
which is limited to a maximum number of seven factors, resolved six
source factors, including crustal material, a regional transport fac-
tor, secondary nitrate, an iron, zinc and manganese factor, specialty
steel production and processing, and cadmium. PMF, which has no
limit to the number of factors, apportioned the PM2.5 mass into
ten factors, including crustal material, secondary sulfate, primary
OC and EC, secondary nitrate, an iron, zinc and manganese fac-
tor, specialty steel production and processing, cadmium, selenium,
lead, and a gallium-rich factor. The Unmix and PMF common fac-
tors agree reasonably well, both in composition and contributions
to PM2.5. To further identify and apportion the sources of PM2.5,
specific OC compounds that are known markers of some sources
were added to the PMF analysis. The results were similar to the
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original solution, except that the primary OC and EC factor split
into two factors. One factor was associated with vehicles as identi-
fied by the hopanes, PAH’s, and other OC compounds. The other
factor had strong correlations with the OC and EC ambient data as
well as wood smoke markers such as levoglucosan, syringols, and
resin acids.

INTRODUCTION
Elevated levels of PM2.5 have been linked to human health

effects (e.g., Dockery et al. 1993; Pope et al. 2002). Upon estab-
lishment of a National Ambient Air Quality Standard for PM2.5

in 1997 (US EPA 1997a), many urban areas find themselves to
be in non-attainment of the PM2.5 standard. Effective air pol-
lution control strategies for PM2.5 require investigation into its
sources, composition, and spatial and temporal variations. The
Pittsburgh Air Quality Study (PAQS) was a multidisciplinary
set of projects in the Pittsburgh region designed to address these
issues. PAQS program objectives, hypotheses, site description,
and measurement methods are described in Wittig et al. (2004).
In this paper, data collected during the PAQS are analyzed with
two commonly used source-receptor models, Unmix and Posi-
tive Matrix Factorization (PMF), to determine the major source
categories and their contributions to ambient concentrations of
PM2.5.

The main contributions of this paper are (1) a source appor-
tionment for Pittsburgh PM2.5, (2) a comparison of the PMF and
Unmix models, and (3) evaluation of PMF results upon addition
of individual organic markers. Several studies of the sources of
PM2.5 in Pittsburgh have been conducted as a part of the PAQS;
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however, they have been focused on measurements from one in-
strument or analysis technique or a small set of the components
of PM2.5. Source apportionment of the carbon fraction of PM2.5

has been reported for Pittsburgh (Subramanian 2004). Source-
receptor modeling based on one month or less of sampling has
been conducted (Modey et al. 2005; Zhou et al. 2004). And com-
position of single particles in an effort to identify sources of the
particles has been explored (Lithgow et al. 2004). This paper de-
scribes source-receptor modeling with a larger dataset such that
more factors and their seasonal variations can be identified. PMF
and Unmix comparisons have been conducted in other studies
(Maykut et al. 2003; Kim et al. 2004; Poirot et al. 2001; Larsen
and Baker 2003; Eatough et al. 2005) with varying results. Con-
fidence in using these two receptor modeling tools is gained with
convergent results, whereas divergent results signify limitations
in the data or models. Trace elements have been used in many
receptor modeling studies due to the assumption that they can
serve as tracers for some sources. However, most elements can
be emitted from multiple types of sources, and thus identifying
factors based on their correlation with elemental data is diffi-
cult. Molecular markers have been shown to be good tracers of
certain sources (Schauer and Cass 2000; Schauer et al. 1996;
Simoneit et al. 1999; Subramanian et al. 2005b). This paper dis-
cusses the use of both elemental species and molecular markers
in a PMF analysis in an effort to improve the interpretation of
factors as well as to resolve more factors than a PMF analysis
using elemental tracers alone.

EXPERIMENTAL AND METHODOLOGY SECTION

Site Description
All samples in this study were collected at the PAQS main

monitoring station. The station was located approximately 6 km
east of downtown Pittsburgh in a park, where impact from local
sources was minimized. Sampling equipment was housed on the
roof of a trailer, approximately 5 m from the ground. Samples
were collected daily from July 2001 through September 2002
although only data collected from July 2001 to July 2002 have
been used in this study. Site and project details are described
more completely in Wittig et al. (2004).

Sampling and Analysis
Ambient concentration data used in the source-receptor mod-

eling include total ambient PM2.5 mass, sulfate, nitrate, total or-
ganic carbon (OC), elemental carbon (EC), and trace elements.
These species represent the major constituents of PM2.5 in Pitts-
burgh with the exception of ammonium (Rees et al. 2004). Total
number of missing and below detection limit values are summa-
rized in Table 1 for each species.

PM2.5 Mass
Samples were collected on 47 mm Teflon filters (Whatman

No: 7592-104) using a Partisol
©R -FRM Model 2000 PM2.5 Air

TABLE 1
Summary of the dataset for PMF and Unmix use. All

considered species are listed; not all species were used in the
two models. Number of values below the minimum detection
limit (MDL) and number of missing values are given out of a

total of 386 sampling dates

PM2.5 species
Number of values

below MDL
Number of missing

values

Total PM2.5 0 45
Sulfate 0 20
Nitrate 0 9
OC 0 1
EC 0 1
Ag 230 5
As 5 5
Ba 69 5
Be 278 5
Ca 191 5
Cd 45 5
Ce 260 57
Co 175 5
Cr 63 5
Cs 295 5
Cu 122 5
Fe 31 5
Ga 95 5
K 41 5
Li 189 5
Mg 115 5
Mn 5 5
Mo 42 5
Ni 72 5
Pb 5 5
Rb 124 5
Sb 14 5
Se 4 5
Sr 95 5
Ti 30 5
Tl 238 5
V 22 5
Zn 38 5

Sampler (Rupprecht & Pataschnick Co., Inc.). Semi-continuous
PM2.5 mass was measured using a Tapered Element Oscillat-
ing Microbalance (TEOM) monitor with a Sample Equilibra-
tion System (SES) (Rupprecht and Patashnick, Model 1400A).
Data from the TEOM were averaged to get 24-hour measure-
ments. The 24-hour averaged data from the two PM2.5 mass
measurement methods agree well with a linear regression R2

value of 0.95, a slope of 1.02 and an intercept of 0.65 (Rees
et al. 2004). However, the TEOM recorded fewer missing dates,
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hence the data collected by the TEOM will be used in this
study.

Sulfate and Nitrate
A PM2.5 sampler with cyclones, denuders and filter packs

containing PTFE Teflon, nylon, and cellulose filters was used to
collect daily 24-hour averaged samples. The material collected
on the filters was extracted in deionized water and the solu-
tion was analyzed for nitrate, nitrite, sulfate, chloride, ammo-
nium, and sodium by Ion Chromatography (IC) (Takahama et al.
2004).

OC and EC
PM2.5 samples were collected on quartz filters using a cy-

clone/filter pack sampler (Subramanian et al. 2004). The quartz
filters were analyzed for OC and EC using the Thermal Optical
Transmittance (TOT) method and the NIOSH thermal evolu-
tion protocol (NIOSH 1996; Cabada et al. 2004). Because the
OC data are used in a mass balance application, an OC multi-
plier is applied to the measurements to approximate total organic
mass. Most mass balance studies use a value of 1.4 for the OC
multiplier. Based on recent work by Polidori et al. (2005) and
Turpin and Lim (2001) and the hypothesis that the air quality in
Pittsburgh is dominated by regional transport (Tang et al. 2004;
Anderson et al. 2004), a multiplication factor of 1.8, which is
representative of an aged, regional aerosol, was used to estimate
total organic mass from OC measurements.

Trace Elements
A Thermo Andersen PM2.5 high volume sampler (hi vol)

was used to collect daily 24-hour averaged filter-based samples
from July 11, 2001 through July 31, 2002. Samples collected
on Whatman 41 cellulose filters were cut into sections, and di-
gested in a laboratory microwave in closed vessels containing a
solution of nitric/hydrofluoric acid and hydrogen peroxide. The
sample preparation and subsequent analysis by ICP-MS were
verified to be accurate by testing recovery of a NIST standard
reference material (Pekney and Davidson 2005). Measured ele-
ments include Ag, As, Ba, Be, Ca, Cd, Ce, Co, Cr, Cs, Cu, Fe,
Ga, K, Li, Mg, Mn, Mo, Ni, Pb, Rb, Sb, Se, Sr, Ti, Tl, V, and Zn.
Minimum detection limits (MDLs), calculated for each sample,
were defined as 3.3σB/V, where σB is the uncertainty in the field
blank measurements and V is the volume of air sampled (US
EPA 1997b).

The Unmix Model
Unmix is a commonly used source-receptor model (Henry

1997, 2001) based on the assumption that each source of un-
known composition contributes an unknown amount to each
sample collected. The model uses a principal component

analysis to solve the general equation

xi j =
p∑

i=1

gik fk j + ei j [1]

where x is the matrix of ambient data collected at the receptor
site, consisting of the species in columns and dates in rows. The
matrix f is the gravimetric mass of each element j per unit PM
mass emitted from each source k, or source compositions, and g
is the matrix of the fraction of total PM2.5 ambient concentration
from source k in sample i , or source contributions. The goal is to
find f and g by minimizing the residual error, e, which accounts
for error in the model fit. Uncertainty in the data is not consid-
ered by the model, which implicitly assumes a certain standard
of accuracy in the data for a good model fit. There are an infi-
nite number of solutions to Equation (1), so the model restricts
solutions to those that are physically meaningful in that factor
compositions and contributions are non-negative. Also, the sum
of the concentrations of an element from all factors in one day
cannot be greater than the measured mass concentration of the
element for that day. The model operates under the assumption
that the data form well-defined “edges,” meaning that each fac-
tor, when plotted against another, will have some dates during
which the contribution is zero for one factor and non-zero for
the other factor, creating an edge in a multi-dimensional space.
The results are limited to a maximum of seven factors but the
user must select which measured species to use in the model.
The model does not use data from any date from which one or
more species concentrations are missing.

PMF Model
The 2-dimensional PMF model, PMF2, solves Equation (1)

by a weighted least-squares fit with the known error estimates of
the elements of matrix x used to derive the weights (Paatero and
Tapper 1993, 1994; Paatero 1997). PMF minimizes Q, defined as

Q =
n∑

i=1

m∑
j=1

(
ei j

si j

)2

[2]

where si j are the error estimates for the elements in x described
above. Ideally Q would have ei j approximately equal to si j , pro-
ducing a value of n ×m, the number of values in the data matrix
x or the number of degrees of freedom. The same non-negativity
constraints from Unmix apply to PMF. Because PMF has provi-
sion to incorporate uncertainty in the data into the model, data
sets with missing values can be used by applying a large uncer-
tainty so that the missing data will have negligible influence on
the model results. Missing data can be approximated as the geo-
metric mean of the corresponding element concentration with an
uncertainty of 4 times the geometric mean (Polissar et al. 1998).

Uncertainty estimates for the s matrix were determined as
follows for each of the species included in the model. For
trace element data above the minimum detection limit (MDL),
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uncertainty in the ambient concentrations was determined by
compounding errors from the most uncertain components: the
volume of air sampled, contamination as reflected in the field
blanks, and the variation in element mass measured on two
or three different sections from each filter. For data below the
MDL, the concentration was approximated as one half the sam-
ple MDL, with an assigned uncertainty of one half the sample
MDL plus one-third the study-average MDL for the correspond-
ing element according to Polissar et al. (1998). Uncertainty in the
sulfate and nitrate data was calculated from propagation of error
in the volume of air sampled, the variation in the field blanks,
the extraction volume, and the variation in replicate analyses.
Uncertainty in the OC and EC data was calculated from propa-
gation of error in the volume of air sampled and the variation in
the replicate analyses of collected samples. In this study, a third
of the MDL was added to the analytical uncertainty for each
value above the MDL (Polissar et al. 1998).

The non-negativity constraint decreases the rotational free-
dom, but with many datasets, more than one solution still ex-
ists. The parameter FPEAK allows manipulation of the g and
f matrices (Equation (1)) such that rotational freedom in the
model can be examined. Selection of the number of factors, or
sources, requires some subjectivity. The user must select a max-
imum number of factors that can adequately describe the total
PM2.5 mass while excluding factors that do not make physical
sense, such as duplicate factors or factors with unrealistic com-
positions or contributions. This requires some knowledge of the
quality of the data and the source types in the area. Evaluating
multiple solutions within the range of FPEAK values that yield
an acceptable Q value and assessing the edge plots are more
objective ways to evaluate the model results.

RESULTS AND DISCUSSION

Unmix Model Results
The Unmix model created a six-factor solution with the

source compositions shown in Figure 1 and source contributions
shown in Figure 2. Some combinations of the species considered
resulted in a solution that was not feasible. The combination of
species that provided the best solution included Ca, Ti, Cr, Mn,
Fe, Zn, Mo, Cd, sulfate, nitrate, OC, and EC. Three parameters
designed to evaluate the model results are the minimum R2, the
signal-to-noise ratio, and the strength. The R2 value is related
to the proportion of variance of each species explained by the
factors. For all species, the minimum R2 value is recommended
to be greater than 0.8. For the selected species, the minimum
R2 value was 0.86. The minimum signal-to-noise ratio is the
smallest estimated signal-to-noise ratio for any of the factors in
the model, recommended to be greater than 2. A value of 2.32
was obtained using this dataset. The strength is a measure of the
confidence in the model. Strength is recommended to be greater
than 3, but with some datasets this is unachievable and thus a
strength less than 3 may still be acceptable (Henry, personal

FIG. 1. Unmix source compositions apportioned by PM2.5 mass. All ten fac-
tors are outputs of PMF, while only the first six factors are outputs of Unmix.
Although the Unmix regional transport factor includes primary OC and EC, it
is graphed for comparison with the PMF sulfate factor.

communication). For this dataset, it was impossible to find a
combination of species yielding a strength greater than 3, and
the final solution had a strength of 1.41.

Species for which the ambient data correlated strongly with
the source contributions (correlation coefficient greater than 0.7)
allow determination of the source types. The six factors in the
model have been designated a crustal material factor, a regional
transport factor, a nitrate factor, an Fe, Mn, and Zn factor, a
specialty steel production factor, and a cadmium factor. De-
scriptions of the nature of the factors, such as their contribu-
tions to PM2.5 mass on a seasonal basis as well as a yearly
average, are given below. To determine the mass contribution
to PM2.5, the total PM2.5 mass was included as a species in
the model, and the calculated source compositions and con-
tributions were normalized by the Unmix-apportioned PM2.5

mass. Because PM2.5 is used as a fitting species, together these
six factors account for all of the PM2.5 mass. Figure 3 shows
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FIG. 2. PMF and Unmix source contributions apportioned by PM2.5 mass. All ten factors are outputs of PMF, while only the first six factors are outputs of
Unmix. Note that for comparison purposes, the Unmix regional transport factor is compared to the PMF sulfate plus primary OC and EC factors.

the Unmix source contributions normalized by the Unmix-
apportioned PM2.5 mass, averaged monthly and for the entire
study.

Crustal Material Factor
The crustal material factor, with Ca and Ti tracers, contributes

13% to the PM2.5 on an annual average. The factor is composed
of 46% OC, 34% sulfate, 7% EC, 6% nitrate, 3% Fe, and 2% Ca.
The high concentrations of sulfate and OC in the factor indicate
the resuspended crustal material includes noncrustal deposited

material, presumably of anthropogenic origin. Seventy-three
percent of the Ca mass, 71% of the Ti mass, and 36% of the
Fe mass is explained by this factor. Crustal material is present in
PM2.5 from weathering of rocks and soil. Typically most of the
mass of crustal elements such as calcium and titanium is found
in larger particles, but Unmix can still identify this factor using
only PM2.5 data. Seasonally, the crustal material source contri-
bution is slightly higher during the first five months of the study
in the summer/fall, but overall no consistent seasonal trend was
observed.
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FIG. 3. Monthly average Unmix source contributions. Height of the bars cor-
responds to the monthly average PM2.5 mass measured with a TEOM. The study
average represents the average source contributions from July 11, 2001 through
July 31, 2002. Unmix uses PM2.5 mass as a fitting species so the mass of PM2.5

unexplained by Unmix is less than 1%.

Regional Transport Factor
This factor, with sulfate, OC, and EC tracer species, con-

tributes 68% of the PM2.5 mass on an annual average, making it
by far the largest source category. The factor is mostly composed
of 61% sulfate, 36% OC, and 2% EC, and accounts for 84% of
the sulfate mass, 54% of the OC mass, and 37% of the EC mass.
Sulfate is a major component of ambient PM2.5 in the Pittsburgh
region, comprising 38% on an annual average (Rees et al. 2004).
Many coal-fired power plants are located in the Ohio River Val-
ley south and southwest of the monitoring station. These sources
emit large amounts of SO2 as well as some coal fly ash. The
SO2 is oxidized to eventually form particulate sulfate, making
this category predominantly secondary material. Because Pitts-
burgh is frequently downwind, these sources are suspected to
contribute significantly to the regional nature of Pittsburgh’s air
pollution (Tang et al. 2004; Anderson et al. 2004). Based on the
available data Unmix is unable to separate the secondary sulfate,
usually associated with some secondary OC, from the primary
OC and EC, associated with many different sources, including
vehicular emissions. EC is emitted from diesel engines, but be-
cause of the same location of the vehicular sources (gas and
diesel) and the same meteorology affecting the concentrations
at the receptor site, Unmix is unable to separate the gasoline en-
gine source profile from the diesel engine profile. Application of
Unmix to multi-sample/day data from Pittsburgh for July 2001
did allow separation of the sulfate, diesel and gasoline sources

(Modey et al. 2005). The information on the diurnal data proba-
bly aided in this separation of sources. EC may also be associated
with biomass burning, which is not a major source of PM2.5 in
the Pittsburgh region (Cabada et al. 2002). Therefore this factor
is dominated by regionally transported secondary sulfate and
OC and includes primary OC and EC emissions as well. The
contribution of this factor to total PM2.5 is higher in the summer
than in the winter due to the increase in photochemistry that
favors formation of particulate sulfate.

Nitrate Factor
This factor is also attributed to a secondary source, as the

tracer, nitrate, is a secondary pollutant. The factor is mostly
composed of 41% nitrate and 40% OC, and accounts for 80%
of the nitrate mass and 17% of the OC mass. The major source
of nitrate is conversion of NOx from high-temperature combus-
tion, such as internal combustion engines in cars. The significant
OC associated with this factor could reflect secondary organic
material formed at the same time as the nitrate. The source con-
tribution is highest in the winter months as expected, when lower
temperatures favor nitrate particles rather than nitric acid vapor.
The higher winter contribution could also reflect lower mixing
heights and the increased importance of local sources. The ni-
trate factor is second largest, with an annual average contribution
of 14% to PM2.5.

Iron, Manganese, and Zinc Factor
This factor has tracer species of Fe, Mn, and Zn, while the

bulk of the factor (70%) is composed of OC. Most of the Fe,
Mn, and Zn masses are attributed to this factor (49%, 67%,
and 78%, respectively). These elements are quite common in
a number of source categories, including steel mills, vehicles,
waste incinerators (Zn), soil dust, and even coal combustion
(Parekh 1990; Olmez et al. 1988; Watson et al. 2001). Blast
furnaces and steel mills produce emissions of iron, manganese,
and zinc and there are several in the area (US EPA 2002). Iron ore
is a raw material used for making steel, manganese is an alloying
element, and zinc is used for coating and galvanizing steel (AISI
2004). This factor is likely to represent emissions from the steel
production industry. The source contribution does not show a
seasonal trend, and annual average contribution to PM2.5 is 4%
for this factor.

Specialty Steel Factor
Mo and Cr are the tracer species for this factor, most of

which is composed of 65% OC and 19% EC. Both chromium
and molybdenum are used as alloying elements in specialty
steel; together these elements enhance the corrosion resistance
of stainless steel (AISI 2004). The Pittsburgh region has many
specialty steel processing and finishing facilities. The Unmix
factor marked by molybdenum and chromium is assumed to be
associated with these facilities; however, it is a minor factor, con-
tributing less than 1% to the annual average PM2.5. No seasonal
trend in contribution is observed.
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FIG. 4. Mass balance. Sum of the species concentrations used in the PMF
analysis vs. the total PM2.5 mass as measured by the TEOM. A linear regression
of the data shows an R2 value of 0.76. The regression slope of 1.49 shows that
the line is biased high as expected, since PMF could not identify the sources of
all of the PM2.5 mass.

Cadmium Factor
This factor, with a Cd tracer, is minor in PM2.5 contribution,

approximately 1% on an annual average. Factor composition is
60% sulfate, 17% OC, and 13% nitrate, and 82% of the Cd mass
is explained by this factor. The contribution of the cadmium
factor is almost always quite low except for a few large peaks.
This may indicate a local source, possibly a point source whose
plumes only impact the site on a few days out of a year. Other
source-receptor studies that include cadmium generally show
this element in association with other species rather than by
itself, suggesting that Pittsburgh has a different mix of cadmium
sources than other locations.

FIG. 5. Monthly average PMF source contributions. Height of the bars corresponds to the monthly average PM2.5 mass measured with a TEOM. The study
average represents the average source contributions from July 11, 2001 through July 31, 2002. The unexplained mass is the difference between the monthly average
PM2.5 mass and the sum of the monthly averaged source contributions from each factor.

PMF Model Results
The robust mode, rather than the default mode, was selected

to handle outliers in the data. The robust factorization iteratively
reweighs individual values such that the minimization of Q now
becomes

Q =
n∑

i=1

m∑
j=1

(
ei j

hi j si j

)2

[3]

where

hi j =
{

1 if | ei f /si f | ≤ α

|ei j/si j |/α otherwise
[4]

A typical value of α = 4 was chosen. To apportion each factor
by mass, typically a scaling constant S normalizes the source
contributions. The value of S is determined by a multiple lin-
ear regression of the sum of concentrations of the component
species in a sample versus the sum of modeled source contri-
butions for that sample, or the observed versus the predicted
PM2.5. However, as shown in Figure 4, the sum of species con-
centrations plotted against the total PM2.5 mass concentration as
measured by the TEOM shows agreement that worsens at higher
concentrations. The sums of species concentrations, including
PM2.5 sulfate, nitrate, OC (multiplied by 1.8), EC, and the trace
elements used in the PMF analysis (see Figure 5), are on av-
erage lower than the total PM2.5 mass concentration. Reasons
for this discrepancy have been explored in detail in Rees et al.
(2004). Because of the lack of mass balance closure, total PM2.5

measured mass concentration was included as a species in the
model so that PMF could apportion the mass directly. PM2.5

uncertainty was set at 4 times the concentration to decrease its
weight in the model fit (Kim et al. 2003). The source contri-
butions and compositions were then normalized by the PM2.5
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mass concentration apportioned to each factor to get quantitative
results.

A detailed examination of model results and goodness-of-fit
were carried out for models with 8–12 solutions. An analysis
of the effects of changing the FPEAK value from –0.8 to + 0.8
showed that the change in rotation did not have a very signifi-
cant effect on the results. A 10-factor model provided the most
realistic results. The actual Q value was 8884 as compared to
the theoretical value of 8878.

G-space plotting, similar to the edge plots from the Unmix
model, involves forming scatter plots of pairs of source contri-
bution factors (Paatero et al. 2005). The solution can be rotated
to achieve the optimal solution, which has edges that lie on or
parallel to the two axes for all scatter plots. A value of –0.2 was
chosen for FPEAK: although the Q-value did not change sig-
nificantly from the no-rotation solution, several of the edges in
the edge plots improved with this slight rotation.

PMF allows inclusion of more species in the model due to
the consideration of uncertainties that enables handling of miss-
ing and below detection limit data. Species included in the PMF
solution are PM2.5 sulfate, nitrate, OC, EC, Mg, K, Ca, Ti, V,
Cr, Mn, Fe, Ni, Cu, Zn, Ga, As, Se, Mo, Cd, Ba, and Pb. We can
identify a tracer species for each factor based on the source com-
positions shown in Figure 1. However, a better indication is the
correlation of the species ambient concentration with the PMF-
modeled source contribution. A correlation greater than 0.7 is a
good indication of a tracer species. Based on the tracer species
for each factor, the factors were defined as crustal material (Ca
and Ti tracers), sulfate, nitrate, an Fe, Zn, and Mn factor, spe-
cialty steel (Mo and Cr tracers), cadmium, a gallium-rich factor,
lead, selenium, and primary OC and EC (OC and EC tracers).

Description of PMF Sources
A comparison of compositions and contributions for factors

found by both Unmix and PMF are shown in Figures 1 and 2.
These source categories include crustal material, sulfate, nitrate,
steel production, specialty steel, and cadmium. The factors not
found by Unmix but found by PMF are described below, and
their source compositions and contributions are also shown in
Figures 1 and 2. Figure 5 shows the average PMF source con-
tributions apportioned by average PM2.5 mass concentration. A
total of 22% of the PM2.5 measured with the TEOM is not ap-
portioned to any source by PMF. This missing mass could be
explained by species not included in the model, such as partic-
ulate ammonium, or the presence of water in the particles that
was measured as PM2.5. If all of the sulfate is assumed to be
ammonium sulfate, the missing mass fraction decreases to 13%.
Assuming that all of the nitrate is ammonium nitrate as well
decreases the missing mass fraction to 9%.

Gallium-Rich Factor
The gallium-rich factor is mainly composed of 79% sulfate

and 6% nitrate, and 92% of the tracer Ga mass is explained by

this factor. Ga is not frequently used in source-receptor modeling
studies, nor is it measured in many source profiles as it is not an
air toxic. Ga is obtained for use as a substrate material for elec-
tronics devices by extraction from bauxite and aluminum pro-
cessing, zinc refinery residues, and coal fly ash (Bautista 2003).
Therefore, the Ga in PM2.5 in Pittsburgh could be emitted from
these industries, including coal-fired power plants. Other ele-
ments such as As, V, Cu, and Ni show significant fractions in
this source category but with correlations less than 0.7. While
secondary pollutants from coal combustion, such as sulfate, are
significant in their contribution to PM2.5, this factor, which in-
cludes primary and secondary material, contributes only 3% to
the PM2.5 mass.

Lead Factor
The lead factor is composed mostly of sulfate (55%), OC

(23%), and EC (11%), and explains 68% of the Pb mass. Due
to years of using leaded gasoline, batteries, paint, soldered cans,
and other products, lead is ubiquitous in the environment. Re-
suspension of lead particles, which occurs on a regional scale, is
expected to contribute to ambient lead concentrations, resulting
in an area source. There are also several point sources of lead
emissions in the Pittsburgh region, such as waste incinerators,
a battery manufacturing plant, power plants, blast furnaces and
steel mills. Overall concentrations of lead are low and therefore
this factor makes only a small contribution (2%) to the total
PM2.5 mass.

Selenium Factor
The selenium factor is composed of mostly OC (79%) with

some EC (9%) and nitrate (6%), and explains 87% of the Se
mass. Ambient Se concentrations have a distinct profile of very
low background levels accentuated by occasional large peaks.
Selenium is typically associated with coal combustion as there
are trace amounts of this element in coal, but selenium is more
volatile than some of the other coal constituents. Hence this
species behaves differently in the atmosphere, which may be
responsible for PMF isolating this element into its own factor.
This is a minor category, contributing only 2% to the PM2.5 mass.

Primary OC and EC Factor
The primary OC and EC factor is composed of OC (88%) and

EC (9%). Forty-six percent of the OC mass and 44% of the EC
mass is explained by this factor. Primary OC and EC are emitted
from many sources including vehicles, mostly from fuel com-
bustion as well as lubricating oil. EC is often used as a tracer
for diesel engines. PMF was able to separate a vehicle emis-
sions factor from the combined sulfate/EC/OC factor associated
with regional transport as identified from the Unmix analysis.
However, PMF did not discern between the diesel and gasoline
engines. The source contributions do not show a seasonal trend,
with concentrations being somewhat steady throughout the year.
Overall, this factor is significant in its contribution to PM2.5 in
Pittsburgh, which is 12% on average.
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Discussion
Comparison of Unmix and PMF Results

Agreement between the two models is generally quite good,
both in composition of sources and source contribution trends.
However, there are a few significant differences. While source
contributions track well for the two models, showing similar
trends in concentration with time, the magnitude of the contri-
bution does not agree for some factors. Figure 6 shows the results
of a linear regression of the Unmix source contributions against
the same factors found by PMF. For this comparison, the PMF
sulfate and primary OC and EC factors were added together for
comparison with the Unmix regional transport factor.

The R2 values for all factors are reasonable and statistically
significant, ranging from 0.64 for crustal material to 0.99 for
the cadmium factor. The slope of the regression line, however,
ranges from 0.41 for the Fe, Mn, and Zn factor to 6.2 for the spe-
cialty steel factor. The crustal material and the cadmium factors
are within 20% in source contribution magnitude, suggesting
that results are robust for these factors. PMF apportions more
mass to the specialty steel factor due to the inclusion of 2% of
the sulfate mass. PMF apportions less mass to the sulfate and
primary OC and EC factors, the nitrate factor, and the Fe, Mn,
and Zn factor. The apportionment of less mass to the sulfate and
primary OC and EC factors by PMF as compared to the Un-
mix regional transport factor is likely due to Unmix fitting the
model to total PM2.5, while PMF has a significant fraction of
unexplained mass. For the nitrate and Fe, Zn, and Mn factors,
the difference is due to the apportionment of OC and EC. Un-
mix apportions 17% of the OC mass and 17% of the EC mass
to the nitrate factor whereas PMF apportions 7% OC mass and

FIG. 6. Linear regression results of PMF and Unmix source contributions.

5% EC mass to the nitrate factor. For the Fe, Mn, and Zn factor,
the apportionment is 12% of the OC mass and 18% of the EC
mass explained by Unmix, but only 4% of the OC mass and 7%
of the EC mass is explained by the same PMF factor. Results
from previous comparisons of PMF and Unmix show similar
conclusions: convergence for some factors but poor agreement
for others (Poirot et al. 2001; Maykut et al. 2003).

In comparing Figures 3 and 5, the average source contribu-
tions as a percent of average PM2.5 mass are within a few percent
for the two models for all factors, with the exception of the Un-
mix regional transport factor (68%) and the sulfate and primary
OC and EC factor for PMF (total 40%). Unmix apportions all
the mass, while on average PMF apportions only 78% of the
mass, so some discrepancy is expected. PMF is more effective
at discerning between primary and secondary OC; Unmix does
not distinguish between the two and therefore can only give a
large factor that is general regionally transported material and is
not very informative from a policy-making perspective.

Adding Individual Organic Markers into Model
In an effort to further identify the sources apportioned by

PMF, selected species of OC were added to the dataset. Individ-
ual organic compounds have been used as markers for specific
sources; for example, hopanes are good tracers for vehicle ex-
haust, both gasoline and diesel engines (Simoneit 1984; Rogge
et al. 1993a; Schauer et al. 1996). Organic molecular markers
have been identified through a combination of source testing and
analysis of ambient data (see, e.g., Rogge et al. 1996; Schauer
et al. 1996; Simoneit 1999, 2002 and references therein). Table 2
lists the organic species included in the PMF model and their
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TABLE 2
Species of organic carbon that are included in the PMF model. The abbreviations in all capital letters correspond to the x-axis

labels in Figure 7

Compound (abbreviation) Sources References

n-Nonacosane (NAL09) Vegetative detritus, road-dust, tire wear (Simoneit and Mazurek 1982, Rogge
et al. 1993b, 1993c)

n-Triacontane (NAL10) Vegetative detritus, road-dust, tire wear (Simoneit and Mazurek 1982; Rogge
et al. 1993b, 1993c)

n-Hentriacontane (NAL11) Vegetative detritus, road-dust, tire wear (Simoneit and Mazurek 1982; Rogge
et al. 1993b, 1993c)

n-Dotriacontane (NAL12) Vegetative detritus, road-dust, tire wear (Simoneit and Mazurek 1982; Rogge
et al. 1993b, 1993c)

n-Tritriacontane (NAL13) Vegetative detritus, road-dust, tire wear (Simoneit and Mazurek 1982; Rogge
et al. 1993b, 1993c)

Hexadecanoic acid (palmitic acid)
(NACD6)

Cooking (Rogge et al. 1991; Schauer et al.
1999, 2002b)

Octadecanoic acid (stearic acid)
(NACD8)

Cooking (Rogge et al. 1991; Schauer et al.
1999, 2002b)

Pimaric acid, Sandaracopimaric acid,
Dehydroabietic acid, and
7-Oxodehydroabietic acid (RSNSM)

Softwood combustion (Rogge et al. 1998; Simoneit 2002)

Syringaldehyde (SYALD) Hardwood combustion (Rogge et al. 1998; Simoneit 2002)
Acetosyringone (ACSYN) Hardwood combustion (Rogge et al. 1998; Simoneit 2002)
Syringic Acid (SYNCD) Hardwood combustion (Rogge et al. 1998; Simoneit 2002)
Levoglucosan (LEVOG) Wood combustion (both types) (Simoneit et al. 1999)
22,29,30-Trisnorneohopane (HOP1) Vehicular exhaust (Simoneit 1985; Rogge et al. 1993a)
17@(H),21A(H)-29-Norhopane

(HOP2)
Vehicular exhaust (Simoneit 1985; Rogge et al. 1993a)

17@(H),21A(H)-Hopane (HOP3) Vehicular exhaust (Simoneit 1985; Rogge et al. 1993a)
22S+R-17@(H),21A(H)-30-Homo-

hopane (HOP4,5)
Vehicular exhaust (Simoneit 1985; Rogge et al. 1993a)

22S+R-17@(H),21A(H)-30-
Bishomohopane (HOP6,7)

Vehicular exhaust (Simoneit 1985; Rogge et al. 1993a)

Benzo(e)pyrene (BNZEP) For Pittsburgh, mainly: Vehicular
exhaust, wood combustion,
coke-production

(Simoneit 1985; Rogge et al. 1993a;
Schauer and Cass 2000; Robinson
et al. 2006a, b, c; Subramanian et al.
2005a, b)

Indeno[1,2,3-cd]pyrene (INDCDP) For Pittsburgh, mainly: Vehicular
exhaust, wood combustion,
coke-production

(Simoneit 1985; Rogge et al. 1993a;
Schauer and Cass 2000; Robinson
et al. 2006a, b, c; Subramanian et al.
2005a, b)

Benzo[g,h,i]perylene (BNZGHI) For Pittsburgh, mainly: Vehicular
exhaust, wood combustion,
coke-production

(Simoneit 1985; Rogge et al. 1993a;
Schauer and Cass 2000; Robinson
et al. 2006a, b, c; Subramanian et al.
2005a, b)

Coronene (CORON) For Pittsburgh, mainly: Vehicular
exhaust, wood combustion,
coke-production

(Simoneit 1985; Rogge et al. 1993a;
Schauer and Cass 2000; Robinson
et al. 2006a, b, c; Subramanian et al.
2005a, b)

Benzo(b+j+k)fluoranthenes
(BNBJKF)

For Pittsburgh, mainly: Vehicular
exhaust, wood combustion,
coke-production

(Simoneit 1985; Rogge et al. 1993a;
Schauer and Cass 2000; Robinson
et al. 2006a, b, c; Subramanian et al.
2005a, b)
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major sources (Rogge et al. 1996; Schauer et al. 1996; Robinson
et al. 2006a, b, c; Subramanian et al. 2005a, b). These are the
set of species most commonly used for chemical mass balance
modeling of sources of primary organic aerosol (Schauer et al.
1996; Watson et al. 1998; Schauer and Cass 2000; Schauer et al.
2002a; Zheng et al. 2002; Fraser et al. 2003; Robinson et al.
2006a, b, c; Subramanian et al. 2005a, b). Adding these com-
pounds presents a new level of difficulty, however, since com-
pounds can experience transformations during transport from
source to receptor. Schauer et al. (1996) and Rogge et al. (1996)
examined issues associated with chemical stability and classi-
fied certain compounds as stable in the context of Los Angeles.
Here, as in previous source apportionment analysis using molec-
ular markers, we assume that mass is conserved and the chemical
transformation of tracer species during transport to the receptor
site is minimal. Robinson et al. (2005) examines the Pittsburgh
data set for evidence of photochemical oxidation of molecular
markers.

For organic compound speciation of PM2.5, a total of 133
samples, including field handling blanks, were collected using
a PM2.5 sampler (Tisch Environmental, Inc. Model TE-1000
PUF) equipped with an URG cyclone (URG-2000-30AE, URG
Corp.) to remove particles with an aerodynamic diameter larger
than 2.5 µm. The particulate matter was collected on a sam-
pling module consisting of a quartz fiber filter (102 mm diam-
eter, Pall Lifesciences, Tissuquartz 2500 QAT-UP) followed by
a polyurethane foam (PUF) plug (7.5 cm long, Tisch Environ-
mental, Inc. TE-1010) installed downstream of the filter to trap
semi-volatile organic compounds that are associated with par-
ticulate matter and volatilize off the filter during the sampling
process. The sampler was operated at 145 lpm. Samples were
collected for 24-hour periods starting at midnight daily during
July 2001 and several days in January 2002, and every sixth day
during the baseline study (August 12 to December 26, 2001;
January 29 to July 1, 2002). Details of the quartz and PUF plug
preparation and the subsequent GC/MS analysis and ambient
concentrations of individual organic compounds are reported by
Bernardo-Bricker et al. (2005). While the trace element, sulfate,
nitrate, OC and EC data are available as daily 24-hour averages
for a total of 386 days, the speciated OC sampling and analysis
occurred on a more intermittent schedule, with 24-hour aver-
ages for a total of only 97 days. However, PMF is capable of
providing reasonable results for datasets containing elements
with as much as 27–98% of the data missing or below the detec-
tion limit (Polissar et al. 2001; Polissar et al. 1998). As with the
other species, missing data for the OC species were replaced by
the geometric mean concentration and assigned an uncertainty
of four times that average. The missing data were assumed to
have sufficiently high uncertainty so as not to give weight to the
model results.

In including the speciated OC data in the PMF model, groups
of similar species, such as the hopanes, were added individually
to determine the effect on the model results. With positive results,
more species were added and many combinations were tested

until an optimum solution was reached. Some species showed
very strong correlations with existing PMF-modeled factors. All
of the hopane species showed strong correlation with the primary
OC and EC factor, further reinforcing the assumption that this
factor is related to vehicle emissions. Some species did not add
any new information to the model as they did not correlate with
any of the 10 existing factors, or did not form a new factor.
The cigarette smoke tracers and some food cooking tracers are
examples of this situation and therefore they were not included
in the model. It is possible that these sources are relatively small
as compared to the other identified factors and therefore could
not be identified by PMF. It is also possible that with so much
missing data, the quality of the data is insufficient to form a
recognizable source signature.

The best solution is presented in Figures 7–9. PMF deter-
mined 11 factors in a result that is similar to the solution de-
scribed by Figures 1, 2, and 5, but with one factor changing
significantly. This is the primary OC and EC factor, which has
split into two different factors, one associated with vehicles and
road dust, and the other associated with wood combustion, cook-
ing, and vegetative detritus. Although there are separate tracers
for hardwood and softwood combustion, the model could not
separate the two, and therefore the factor is termed “wood com-
bustion.” The partitioning of the OC fraction in the secondary
sulfate and nitrate factors changed slightly, with the fraction
of OC in the sulfate factor decreasing from 19% to 5%, and
the fraction of OC in the nitrate factor decreasing from 7%
to 6%. This could suggest that adding the molecular markers
to the PMF analysis enables further identification of primary
sources in such a manner that the secondary contribution of OC

FIG. 7. PMF with speciated OC source composition for the wood combustion,
vegetative detritus and cooking factor and the vehicle emissions and road dust
factor.
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FIG. 8. PMF with speciated OC source contribution for the wood combustion,
vegetative detritus and cooking factor and the vehicle emissions and road dust
factor.

is reduced. Because all other factors are approximately the same
as shown in Figures 1, 2, and 5, Figures 7 and 8 only show the
results for the wood combustion, cooking, and vegetative detri-
tus factor and the vehicle emissions and road dust factor. The
theoretical Q value for this dataset was 17,370 and the actual Q
value was 17,711. As was the case for the original solution, the
result with speciated OC was not sensitive to rotation, but G-
space plotting showed the best solution occurred with FPEAK
of –0.2.

Figure 9 is consistent with Figure 5, showing a maximum 5%
difference in study average contributions for comparable source
categories. Note that the primary OC and EC factor in Figure 5 is
now represented by two factors in Figure 9: (1) vehicles and road
dust and (2) wood combustion, vegetative detritus, and cooking.
These minor differences are mostly due to the distribution of OC
and EC in the two models. For example, the OC fraction in the
sulfate source went from 25% in the first PMF solution to 19%
in the solution that includes molecular markers.

Vehicles and Road Dust Factor
This factor accounts for 11% of the PM2.5 mass and is pri-

marily composed of 86% OC and 11% EC. OC, EC, hopanes,
PAH’s, and n-alkanes are important components of this factor.
For OC, EC, hopanes, and PAH’s, correlations between species
concentrations and source contributions were 0.6 or greater,
while the correlations for the larger n-alkanes were 0.4–0.5.
These compounds are molecular markers for motor vehicle ex-
haust (Simoneit 1985; Rogge et al. 1993a, b, c; Simoneit and
Mazurek 1982; Schauer and Cass 2000; Robinson et al. 2006a,
b, c; Subramanian et al. 2005a, b). The lower correlation for the
n-alkanes, less than the 0.7 desired, is likely due to the fact that
they are present in emissions from many sources and not just
motor vehicles. But their appearance as markers for this factor

suggests that a fraction of the larger n-alkanes is attributed to
road dust that is redistributed by vehicular traffic. It is assumed
that the fraction of the larger n-alkanes in vegetative detritus
would be better correlated with wood combustion. No seasonal
trend is observed for this factor.

Wood Combustion, Vegetative Detritus and Cooking Factor
Levoglucosan, resin acids, syringols, stearic acid, palmitic

acid, and the n-alkanes are important markers for this factor,
composed of 75% OC, 11% EC, 3% Levoglucosan, 3% Ca, 3%
Fe, and 2% K. These compounds, as listed in Table 2, are markers
of wood smoke, vegetative detritus, and cooking and therefore
this factor is labeled as a composite of these three sources. Corre-
lations of these species concentrations with source contributions
are between 0.5–0.6, with the exception of stearic acid (0.3).
The source contribution is highest during the autumn months
of October and November, presumably from residential wood
burning. Although PAH’s can also be markers of wood smoke,
these species do not correlate well with this factor, suggesting
that PAH emissions in the Pittsburgh region are dominated by
other sources listed in Table 2, such as coke production and
vehicle exhaust (Robinson et al. 2006a, b, c). Potassium is of-
ten considered to be a tracer of biomass combustion. Although
there is a significant amount of potassium in this factor (2%), the
correlation is low and it is therefore not considered a tracer here.

CONCLUSIONS
With the application of the Unmix and PMF models to the data

collected during the PAQS, the contributions of a broad range of
sources to the local airborne particles in the region have been de-
termined. Comparison of the two models shows similar source
composition and contribution for five factors: crustal material,
nitrate, an Fe, Mn, and Zn factor, specialty steel production,
and a cadmium factor. PMF found several additional factors:
a gallium-rich factor, a lead factor, and a selenium factor as-
sumed to be related to coal combustion. The PMF model found
a sulfate factor separate from the OC and EC associated with
primary emissions, while Unmix grouped these three species
together into a single factor. Comparison between source con-
tributions for the similar factors shows reasonable agreement
between the two models. The sulfate factor shows the highest
contribution to local PM2.5 with an annual average contribu-
tion of approximately 28% (from PMF). The nitrate, crustal
material, and primary OC and EC factors also show significant
contributions on the order of 10–14%. The sulfate factor is af-
fected by photochemistry and therefore shows maximum values
in summer. The nitrate factor is temperature sensitive due to the
volatility of nitrate; maximum values of particulate nitrate oc-
cur in winter. The crustal material and vehicle sources somewhat
more constant contributions throughout the year. The remaining
factors contribute on a smaller scale and are defined by plume
events, with peaks in concentration distinctly higher than aver-
age concentration.
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FIG. 9. Monthly average PMF source contributions for the PMF solution containing molecular markers. Height of the bars corresponds to the monthly average
PM2.5 mass measured with a TEOM. The study average represents the average source contributions from July 11, 2001 through July 31, 2002. The unexplained
mass is the difference between the monthly average PM2.5 mass and the sum of the monthly averaged source contributions from each factor.

Adding speciated OC to the existing PMF model separates
the primary OC and EC into two factors: vehicle emissions and
road dust, and wood combustion, vegetative detritus and cook-
ing. The hopanes, PAH’s, and wood smoke tracers, despite a
large percentage of missing data, showed good correlations with
their respective factors, illustrating the power of PMF to accom-
modate datasets with large quantities of missing data. The wood
combustion, cooking, and vegetative detritus factor contributes
a small amount to ambient PM2.5 in Pittsburgh, approximately
4%. There were several molecular markers considered or used
in the model that did not yield a resolved factor based on the
source of the molecular marker in Table 2. Meat cooking and
cigarette smoking factors were not resolved, and distinctions
between hardwood and softwood combustion factors were not
made. Some molecular markers may prove better tracers than
others and therefore the lack of further resolution of factors may
be due to the large amount of missing data.

A future paper will discuss identifying the locations of
sources of the observed species, Pekney et al. (2005). The con-
ditional probability function (CPF) and the potential source con-
tribution function (PSCF) will use the modeled source contri-
butions and wind direction data or back trajectories to find most
probable location of the sources.
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Abstract

During the Pittsburgh Air Quality Study (PAQS), July 2001–September 2002, three co-located instruments analyzed the

composition of ambient particulate matter (PM): (1) A single particle mass spectrometer, RSMS-3, was deployed to obtain

high-temporal-resolution measurements of single particle size (41.1mm) and composition which were correlated with

meteorological data to identify sources; (2) PM2.5 and PM10 were collected on cellulose filters using high-volume (hi-vol)

samplers, followed by microwave-assisted digestion and analysis by inductively coupled plasma–mass spectrometry

(ICP–MS). Positive matrix factorization (PMF) was used to identify possible source categories; and (3) a micro-orifice

uniform-deposit impactor (MOUDI) obtained size-distributed samples of PM. Several days of MOUDI filters were

selected for microwave-assisted digestion and analysis by ICP–MS.

In this paper, sources identified using the single particle data were compared to the PMF results for the hi-vol/ICP–MS

data. The strengths of each method were combined to hypothesize the most likely sources of various elements in ambient PM

in Pittsburgh. In the final results, Mo and Cr are attributed to local specialty steel facilities; Fe, Mn, Zn, and K are attributed

to a steel mill SE of the monitoring station; internally mixed Pb-containing particles are attributed to a major source to the

NW; and Ga is attributed to coal combustion sources to the NW. There is a notable lack of oil combustion sources.

The MOUDI data were used to resolve discrepancies between the single particle and hi-vol/ICP–MS data concerning the

detection of Ti and Se. The hi-vol data showed appreciable Ti and Se masses, but RSMS-3 was unable to detect significant

numbers of Ti-containing particles because of their large size, while we hypothesize that the volatility of Se caused it to be

distributed more evenly over all emitted particles such that the amount of Se in any individual particle is below the limit of

detection.
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1. Introduction

Several methods of identifying source types and
specific sources of airborne contaminants have been
developed over the past few decades. Beginning with
the chemical mass balance first proposed by
Friedlander and coworkers (Miller et al., 1972)
and later developed by Watson et al. (1989), Hopke
(1985), and others, techniques developed more
recently can now incorporate a wide variety of data
on airborne species in particulate and gaseous form,
and also meteorological information (Zhou et al.,
2004; Lewis et al., 2003; Kidwell and Ondov, 2004).
Improvements in sampling and chemical analysis as
well as data handling have also enhanced our ability
to identify sources. Nevertheless, our overall cap-
abilities are still very limited. One approach for
obtaining better source attribution is to combine
ambient data collected with a quantitative low-
temporal-resolution instrument and semi-quantita-
tive high-temporal-resolution instrument, and to use
these data with complementary data analysis
techniques. In this paper, we use this approach to
identify sources from data collected during the
Pittsburgh Air Quality Study (PAQS). The second
part of this paper (Part II: Quantitative Compar-
isons of Single Particle, Particle Number, and
Particle Mass Measurements, Bein et al., 2005b)
describes a more detailed analysis of data from
different techniques used during the PAQS on two
dates, 27 October 2001 and 14 March 2002.

2. Experimental

The PAQS was conducted from July 2001 to
September 2002. The study included more than 20
different types of analyses of gas and aerosol
samples, including analysis of trace elements in
aerosol particles. Most samples were collected at the
main monitoring station in Schenley Park, adjacent
to the Carnegie Mellon University campus (Wittig
et al., 2004). This location is approximately 6 km
east of downtown Pittsburgh in the densely popu-
lated neighborhood of Oakland.

Three methods were used to collect airborne
particle data during PAQS.
�
 Single particle measurements were obtained
using RSMS-3, a laser ablation time-of-flight
single particle mass spectrometer described by
Lake et al. (2003) and Bein et al. (2005a). RSMS-
3 sampled on a semi-continuous basis with
sampling intervals starting every 3 h for the first 4
months (September–December 2001) and every
2 h for the remainder of the study (January–Sep-
tember, 2002). Each sampling interval consisted
of cycling through nine flow-limiting orifices,
corresponding to nine different particle sizes
transmitted into the instrument ranging from
about 30 nm to 1.1 mm. The instrument was
operated at each orifice until either 10min
expired or 30 particles were sampled, whichever
came first. A positive and negative ion mass
spectrum, as well as particle size and time of
detection, were obtained for each particle
sampled. Further information on the operation
of RSMS-3 at the PAQS can be found in Bein et
al. (2005a).

�
 PM10 and PM2.5 high-volume (hi-vol) samplers

(Andersen Instruments, Inc., Smyrna, GA),
specially equipped with brushless motors to
minimize contamination, operated from July
2001 through July 2002 at a flow rate of
1.13m3min�1. The 24-h samples employed
20� 25 cm Whatman 41 (Whatman Inc., Clifton,
NJ) cellulose filters. After sample collection,
filters were cut into six or seven equal-sized
strips. The two or three strips selected for
analysis were microwave-digested in a solution
of nitric acid, hydrogen peroxide, and trace
hydrofluoric acid, and analyzed by inductively
coupled plasma–mass spectrometry (ICP–MS).
Concentrations of PM10 and PM2.5 are available
for the following elements: Ag, As, Ba, Be, Ca,
Cd, Ce, Co, Cr, Cs, Cu, Fe, Ga, K, Li, Mg, Mn,
Mo, Ni, Pb, Rb, Sb, Se, Sr, Ti, Tl, V, and Zn.
Details of sample collection, preparation, and
analysis are given by Pekney and Davidson
(2005).

�
 A micro-orifice uniform-deposit impactor

(MOUDI, Model 110, MSP Co., Minneapolis,
MN), operating at a flow rate of 30 Lmin�1,
collected daily size-resolved aerosol samples from
July 2001 through June 2002. The Teflon filters
were weighed using a high-precision microba-
lance (UMX2, Mettler-Toledo, Columbus, OH)
in a temperature- and humidity-controlled en-
vironment (Cabada et al., 2004). Size cuts for the
MOUDI stages were 0.056, 0.10, 0.18, 0.32, 0.56,
1.0, 1.8, 2.5, 5.6, and 10 mm. For elemental
analysis, the MOUDI filters were digested and
analyzed according to the procedure described
for the hi-vol cellulose filters above, with the
exception that the polypropylene support rings
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on the Teflon filters were removed prior to
digestion. Because of the lower flow rate and
size distributed sampling, fewer elements had
detectable concentrations on the MOUDI filters
than from the hi-vol cellulose filters. MOUDI
samples from only a few selected days of high
PM concentration during the year of sampling
were analyzed by ICP–MS. Size-resolved trace
element ambient concentrations are available for
27 October 2001; 14 March 2002; and 17 April
2002 for As, Ba, Ca, Cd, Ce, Co, Cr, Cs, Cu, Fe,
Ga, K, Mg, Mn, Mo, Ni, Pb, Rb, Se, Sr, Ti, V,
and Zn.

3. Data analysis

There are several differences between these
methods of particle analysis that provide comple-
mentary information on sources. The RSMS yields
data on the composition of individual particles
from which a classification scheme may be con-
structed; particles are grouped together into classes
based on the similarity in their composition. Each
class of particles is believed to be attributable to a
particular source or source type. The composi-
tion profile of the class, as well as the distribution
of particle sizes within the class, provides a
signature for that source. In addition, the high
temporal resolution makes it possible to associate
each particle with a specific wind speed and
direction. The predominant wind direction is then
determined for each class of particles. In situations
where specific wind signatures can be resolved,
knowledge of the local industry may be used to
connect the particle class to a particular point
source. Results from the application of this source
attribution technique to the entire single particle
PAQS data set are presented in detail by Bein et al.
(2005a).

In contrast to the single particle instrument,
which is not considered quantitative, the hi-vol/
ICP–MS data provide bulk quantitative airborne
mass concentrations of each element of interest.
However, the hi-vol data reveal very little about
particle size. Pekney et al. (2006a) describe calcula-
tions of ambient concentrations from the hi-vol
filters for use with source–receptor modeling.
Positive matrix factorization, or PMF (Paatero
and Tapper 1993, 1994; Paatero, 1997) was run
with sulfate, nitrate, organic carbon (OC), elemental
carbon (EC), several trace elements, and OC species
to identify potential sources of PM2.5. An 11-source
PMF model included the following identified factors
with tracer species in parentheses where needed:
sulfate; nitrate; crustal material (Ca, Ti); vehicle
emissions and road dust (OC, EC, hopanes, PAHs,
n-alkanes); gallium-rich (Ga); wood combustion,
vegetative detritus and cooking (OC, EC, syringols,
resin acids, levoglucosan, n-alkanes); steel produc-
tion (Fe, Mn, Zn); specialty steel production and
processing (Mo, Cr); cadmium; selenium; and lead.
Factor contributions are given by Pekney et al.
(2006a). The potential source contribution function
(PSCF) and conditional probability function (CPF)
were used with the PMF-modeled factor contribu-
tions to determine the most probable locations of
the sources. PSCF uses HYSPLIT back trajectories
and CPF uses wind direction. Descriptions of these
methods and results are presented by Pekney et al.
(2006b).

Similar to the hi-vol filter analysis, the MOUDI/
ICP–MS analysis provides size-resolved quantita-
tive airborne mass concentrations, but only for a
limited number of elements. To calculate ambient
concentrations from the MOUDI filters, the mass of
an element measured on each filter was first
corrected by subtracting the average mass from
four lab blanks obtained on different sampling days.
If the sample mass measured on each filter was less
than the established detection limit of 2sB, where
sB is the standard deviation of the four lab blanks,
then the detection limit was used to represent an
upper limit. The standard deviation was calculated
by compounding the variability in the lab blanks
and the variability in the sample concentration from
three replicate ICP–MS analyses. The mass con-
centration distribution function was then calculated
as ðdM=ðd log DpÞÞ for each impactor stage, where
dM is the mass concentration of an element in size
range d logDp. For situations in which the single
particle and PMF analyses disagree, the MOUDI
data are used to resolve whether the discrepancy is
due to the offset between the upper size limit of
RSMS-3 and the hi-vol cut points.

4. Hypotheses tested

Several hypotheses were tested through the
comparisons of data from the three PM sampling
instruments.

1. Mo and Cr are consistently found together in both

the ICP– MS/PMF results and the RSMS data
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because both elements are emitted by steel processing

and alloying sources.

The RSMS identified a minor particle class
containing Cr, Mo, MoO, and W that comprised
an average over all dates of �0.13% of the total
number of particles analyzed. Cr, Mo, and W are
common alloying elements in the production of
stainless steels. Only 8.9% of the positive ion mass
spectra collected for the particles in this class had
complementary negative ion mass spectra. This
suggests a local source was responsible, since the
existence of negative ion mass spectra typically
indicates the presence of secondary PM from
atmospheric processing (Kane et al., 2002). This
class was most frequently observed for SW winds at
�2351, with another significant direction pointing
SE toward a steel mill, which is 8.7 km and 1291
from the monitoring station. There are several
facilities related to the production of steel to the
SW of the monitoring station, with the closest ones
being a specialty steel alloying plant 16 km away at
2371, a steel mill 32 km away at 2281, and a coke
works 13 km away at 2971.

One of the 11 factors identified in the PMF
analysis (Pekney et al., 2006a) was a specialty steel
production and processing factor with Mo and Cr
tracers. Ambient W concentrations were not mea-
sured by ICP–MS. The CPF analysis shows a most
probable direction of this source to the SE. The
probability of a specialty steel source in this
direction was 45% and is most likely the steel mill
at 1291. Another probable direction was NNE with
a 35% probability. There are several specialty
steel sources in this direction, which are located
26 km and 431 from the station, 45 km away at 21,
51 km away at 111, 112 km away at 101, and 11 km
away at 441. The probability of a SW direction is
approximately 20%. PSCF corroborates these
directions, with highest probability that the sources
are located locally, within Allegheny County. The
agreement between RSMS and PMF/CPF/PSCF
analyses indicates that the results are robust and
although multiple source directions were identified,
the directions of highest probability were all
coincident with the location of local steel mills or
specialty steel sources. This source type has a
distinct profile that allows identification from
both methods, and the proximity to the monitor-
ing station allows identification with wind direc-
tion, even with the 24-h averaged filter-based
samples.
2. Although Fe, Mn, and Zn are found together in the

ICP– MS/PMF results, Fe-, Mn-, and Zn-containing

particles, in general, are externally mixed and result

from either steel production or the metal refining/

forging industry.

The PMF results show a factor identified by the
Fe, Mn, and Zn tracers (Pekney et al., 2006a). This
factor is probably related to steel production since
all three metals are used in the steelmaking process.
PSCF results were inconclusive for this source, but
CPF results show a most probable SE direction
(45% probability for the 115–1451 interval).

Interpretation of Mn and Fe in single particle
mass spectra is difficult because the Mn peak can be
easily obscured by nearby Fe peaks. Since Mn was
seen almost exclusively in Fe-containing particles
during the PAQS, this interference is of significant
importance in the discussions that follow and it is
strongly believed that manganese was present in Fe-
containing particles more often than was detected.

According to the single particle data, Fe was one
of the most frequently observed metals throughout
the PAQS, and numerous particle classes were
identified which contain Fe. In fact, almost every
metal-containing particle class that was identified
during this experiment had a sub-population of
particles that also contained Fe. This implies that
there are many sources of iron in the Pittsburgh
area, both major and minor, ranging from combus-
tion to wind-blown dust. The three major particle
classes containing Fe are the Si/K/Fe/Ga class,
which is associated with coal combustion, a class of
particles dominated by Fe, and the Li/Na/K/Fe
class. The last two classes have both been attributed
to steel processing and are of significant interest
here since they appear to correlate best with the
PMF Fe, Mn, and Zn factor.

The Fe class comprises �1.2% of the total
number of RSMS-3 particle hits and was most
frequently observed when the wind was blowing
from �1251, which agrees well with the CPF results
and is in the direction of the major steel mill located
at 1291. Although 24% of the mass spectra
contained negative ions, a majority of these were
Cl- and F-ions and have been attributed to the
sequestration and conversion to salts of the acids
used in steel production, such that the source is still
considered to be local. In addition, since these
particles were composed primarily of iron, the signal
intensity of the iron peaks within the mass spectra
was consistently large and poorly resolved such that
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interference in the detection of Mn was most
significant for this class of particles as compared
to any other particle class. Despite this, Mn was
detected far more frequently in this class of particles
than all others combined. In conjunction with the
strong correlation between the results of the single
particle and PMF/CPF analyses, this is evidence
that Mn went largely undetected in the Fe class and
that a significantly larger fraction of the particles in
this class contained Mn, suggesting the existence of
a separate Fe/Mn class.

Similar to the Fe class, the Li/Na/K/Fe class
comprises �1.3% of the total number of particle
hits, and was most frequently observed for SE winds
(�1201). This class is probably local, since only
11.6% of the spectra had negative ions associated
with them. Li and Na were not included in the PMF
analysis, as ICP–MS data were unreliable for these
two elements. The correlation coefficient for K
versus the Fe, Mn, and Zn factor was well below the
value of 0.7 needed to establish K as a tracer for this
source (correlation coefficient of 0.53). However,
the highest mass fraction of K, 39%, was present in
this factor. In addition, according to the single
particle data, potassium was the most frequently
observed metal in individual particles and was
present in almost every metal-containing particle
class identified. This is consistent with the PMF
results showing K distributed over many types of
sources.

In contrast to the case for K and Fe, Zn, the last
metal present in the PMF factor, was found almost
exclusively in one class of particles throughout the
PAQS, the Na/K/Zn/Pb class. This class represents
�2.9% of the total number of particle hits. About
19% of the spectra had negative ions associated
with them, suggesting a local source, and was most
frequently observed from two dominant wind
directions. One centered at �3001, in the direction
of a zinc smelter (3071), and the other at �1301, in
the direction of the steel mill. Closer inspection of
the Na/K/Zn/Pb class reveals several sub-classes
which contain iron. In fact, 36% of the particles
within this class belong to the Na/K/Fe/Zn/Pb sub-
class. This sub-class was originally placed within the
Na/K/Zn/Pb class due to the similarity in composi-
tion. However, in light of the results of the PMF
analysis, it appears that this categorization was
incorrect and the Na/K/Fe/Zn/Pb class should be
considered a separate class of particles originating
from an entirely different source. Re-analysis of the
wind data for the case of separating these two
classes supports this in that the Na/K/Fe/Zn/Pb
class is more strongly correlated with the 1301
direction, and the Na/K/Zn/Pb class is more
strongly correlated with the 3001 direction. The
presence of K, Fe, and Zn together in individual
particles, along with a dominant wind direction of
1301, suggests that the Na/K/Fe/Zn/Pb class,
similar to the other two iron-containing classes, is
strongly correlated to the PMF Fe, Mn, and Zn
factor.

Altogether, the data presented above reveal good
agreement between the RSMS and PMF/CPF
results and show strong evidence that the steel mill
at 1291 is the source of several different types of
Mn-, Fe-, and Zn-containing particles. The combi-
nation of the two source attribution techniques
resulted in a more complete description of Fe-, Mn-,
and Zn-containing particles than either technique
alone. More specifically, the isolation of a Fe/Mn
particle class, the distinction between the Na/K/Zn/
Pb and Na/K/Fe/Zn/Pb classes, an explanation for
the absence of K as a tracer in the Fe, Mn, and Zn
factor and association of this factor with several
different classes of particles were possible.

3. Although Pb is found in its own source category

with no other elements according to the ICP– MS/

PMF results, Pb-containing particles, in general, are

internally mixed and result from a variety of different

sources throughout the Pittsburgh area.

Pb in atmospheric PM can originate from point
sources or can represent area sources, like the
resuspension of road dust containing Pb deposited
from previous years or the continued use of leaded
fuel in general avionics (Harris and Davidson,
2005). Many types of point sources emit Pb,
including coal and oil combustion, steel mills,
foundries, incinerators, battery manufacturing,
and glass manufacturing. This is clearly evident in
the single particle data in that, similar to Fe, Pb was
one of the most frequently observed metals in
Pittsburgh PM. Although there were only a few
major particle classes containing Pb, almost every
metal-containing particle class had a sub-popula-
tion of particles that also contained Pb. It is clear
that ambient Pb concentrations do not solely
originate from one point source.

4. Gallium in atmospheric PM originates from coal

combustion. Both RSMS and PMF/CPF analyses

identified a source of gallium-containing particles

NW of the site. Although there are major coal
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Fig. 1. The location of the major coal combustion sources within

150 km relative to the Schenley Park measurement site. The

frequency of observation versus wind direction for all wind

observations obtained during the PAQS that have wind speeds

greater than 2m s�1 is plotted in the background as a continuous

curve.
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combustion sources in both the NW and SW

quadrants, the RSMS and PMF analyses isolated

the NW quadrant because the measurement site is

most heavily influenced by the sources of Ga in that

direction.

The PMF analysis identified a gallium-rich factor
with a Ga tracer that also showed significant
contributions from As, Cu, V, and Ni. The PSCF
and CPF analyses show that NW is the most
probable direction. CPF shows a 70% probability
of a source at 3151, and PSCF shows highest
probability of a location in NW Pennsylvania or NE
Ohio. Similarly, the single particle analysis identi-
fied a class of particles composed primarily of Si, K,
Fe, and Ga. This was the single largest class of
metal-containing particles detected throughout the
PAQS and was observed almost exclusively when
the wind was blowing from the NW at �3021.
Numerous other metals were observed in these
particles, including those associated with the gal-
lium factor from the PMF analysis, but their
appearance was highly variable and only Si, K,
Fe, and Ga were consistently observed. In addition,
a majority of the particles within this class fell in the
size range of 100–300 nm, implicating combustion
or a high-temperature furnace as their source.

Fig. (1) shows the location of all of the major coal
combustion sources within 150 km of the measure-
ment site as well as the frequency of observation
versus wind direction for all wind observations
obtained during the PAQS with wind speeds greater
than 2m s�1, which is plotted in the background as
a continuous curve. The distance and direction from
source to receptor, as well as PM2.5 emission rates in
metric tons per year, are listed for each source in
Table 1. PM2.5 emission rates were obtained from
the National Emissions Inventory database (US
EPA, 1999). The figure and table indicate that: (1) a
large majority of the coal combustion sources are in
the NW and SW quadrants, (2) the largest sources
are coal-fired power plants and are located at
distances greater than 20 km from the site, (3) the
wind is most frequently NW, followed by the SW
and SE, and (4) there is a cluster of four facilities
(site #s 1–4) to the NW, all of which use coal fired
boilers to generate steam and are within 10 km of
the site.

Although valuable as a starting point, simply
using emission rates and distances between source
and receptor to determine which sources are most
important can be misleading. The Gaussian plume
dispersion model can be used to combine all of the
available data into a first-order approximation of
the relative impact of each source, and to suggest
how the impact of each source changes as a function
of meteorology. In general, the Gaussian plume
dispersion equation gives the time averaged con-
centration of a particular species, hCðx; y; zÞiS,
emitted from source S, at a receptor location. If
the coordinate axis is aligned with its x-axis parallel
to the mean wind vector and its origin at the source
(ground level), and it is assumed that the receptor
site lies along the x-axis, i.e. the plume centerline,
then hCðx; y; zÞiS may be written as

hCðx; zÞiS ¼
qS

2pūsysz

Cðz; hs;Dh;H; szÞ, (1)

where qs is the emission rate of source S, ū is the
average wind speed at the height of the emissions
stack (hs), sy and sz are the Gaussian plume
dispersion parameters for the y and z directions,
respectively, and Cðz; hs;Dh;H;szÞ describes the
influence of the boundaries on the dispersion of
the plume, which is a function of z, hs and sz, as well
as the plume rise, Dh, and the boundary layer
height, H. For the purposes currently being
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Table 1

PM2.5 emission rate and distance and direction from receptor to source for coal combustion sources within 100 km of the measurement site

Quadrant Company Facility State Process

(coal fired)

PM2.5mtpya Distance

from site

(km)

Bearing

from site

(true north)

1 NW Bellefield Boiler Plant N/Ab PA Steam 10.6 0.9 286

2 NW Pittsburgh Brewing Co. N/A PA Steam 4.4 3.4 316

3 NW H.J. Heinz Co. Pittsburgh Plant PA Steam 37.7 4.1 292

4 NW N/A State Correctional

Inst.—Pgh.

PA Steam 0.4 9.3 293

5 NW AES BV Partners Beaver Valley Power

Plant

PA Power 77.6 42.4 304

6 NW Pennsylvania Power Co. Bruce Mansfield Power

Plant

PA Power 2410 45.9 298

7 NW Ohio Edison Co. W.H. Sammis Power

Plant

OH Power 7300 59.5 280

8 NW Orion Power MidWest,

L.P.

New Castle Power Plant PA Power 1140 66.1 327

12 SE Orion Power MidWest,

L.P.

Elrama Power Plant PA Power 370 20.8 175

13 SW West Penn Power Co. Mitchell Power Plant PA Power 217 24.4 186

14 SW Cardinal Operating Co. Cardinal Power Plant OH Power 5680 64.3 248

15 SE West Penn Power Co. Hatfields Power Plant PA Power 7820 64.9 179

16 SE Monongahela Power Co. Fort Martin Power Plant WV Power 5320 82.2 179

17 SW Ohio Edison Co. R.E. Burger Power Plant OH Power 2560 94.1 230

18 SW Ohio Power Co. Kammer Power Plant WV Power 5400 99.3 228

19 SW American Bituminous

Power Partners, L.P.

Grant Town Power Plant WV Power 19.9 99.6 191

20 SW Ohio Power Co. Mitchell Power Plant WV Power 2420 99.9 228

23 NE Orion Power MidWest,

L.P.

Cheswick Power Plant PA Power 2440 16.5 49

24 NE Sithe Energies Inc. Keystone Power Plant PA Power 8750 56.2 64

25 NE Edison Mission Energy

Co.

Homer City Power Plant PA Power 7810 63.3 83

26 NE West Penn Power Co. Armstrong Power Plant PA Power 1530 67.5 36

27 SE Sithe Energies Inc. Conemaugh Power Plant PA Power 1370 74.5 95

28 SE Sithe Energies Inc. Seward Power Plant PA Power 533 76.6 93

Sources are shown by site number in Fig. 1. PM2.5 emission rates were obtained from the National Emissions Inventory database (US

EPA, 1999).
amtpy, metric tons per year.
bN/A, not applicable.
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considered, the application of Eq. (1) requires some
manipulation. First, the annual PM2.5 emission
rates of the various coal combustion sources, as
listed in Table (1), are represented by qs. Second, the
right-hand side of Eq. (1) was multiplied by the
wind direction frequency depicted in Fig. (1). Last,
it was assumed that z � hs and ū is represented by
the wind speed measured at the site, as averaged
over all wind observations made during the PAQS
for which the wind was determined to be blowing
from the direction of the source. The relative
contribution of source S to the total coal combus-
tion PM2.5 measured at the site, FS, was then
estimated from

FS ¼
hCðx; zÞiSP
hCðx; zÞiS

, (2)

where the summation in the denominator is over all
coal combustion sources. Since the values of sy, sz

and Cðz; hs;Dh;H;szÞ in Eq. (1) depend strongly on
the stability of the atmosphere, and since the
stability of the atmosphere was continually fluctu-
ating throughout the PAQS, the value of FS in
Eq. (2) was calculated for each of the six Pasquill
stability classes (A–F; extremely unstable–mode-
rately stable). For the cases in which the atmosphere
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was unstable (A–C), it is most likely that there was a
well-developed turbulent boundary layer with an
elevated inversion layer at a height H such that,
remembering z � hs and assuming reflection at the
ground, Cðz; hs;Dh;H; szÞ was calculated using

C hs;Dh;H;szð Þ ¼
Xj¼þ1

j¼�1

exp �
2jH � Dhð Þ

2

2s2z

� ��

þ exp �
2hs þ Dhþ 2jHð Þ

2s2z

� ��
, ð3Þ

assuming that H � 3 km for stability class A, H �

2 km for stability class B, and H � 1 km for stability
class C. For the situations in which the atmosphere
was neutral or stable (D–F), it is most likely that
there was little to no turbulence, and no elevated
inversion layer, such that, making the same
assumptions as above, Cðz; hs;Dh;H ;szÞ was calcu-
lated using

Cðhs;Dh;H; szÞ ¼ exp �
Dh2

2s2z

� �
þ exp �

ð2hs þ DhÞ2

2s2z

� �
.

(4)

For all six stability classes and all coal combus-
tion sources considered, it was assumed that hs �

80m and Dh � 200m. In addition, the values of sy

and sz, appropriate to each source and stability
class, were determined using the formulations out-
lined by Turner (1969). Combining all of the data
above, FS was calculated for all of the sources found
in the NW and SW quadrants—site numbers 1–8
and 12–20, respectively, in Fig. (1)—and for each of
the stability classes. Sites 12, 15, and 16 have been
included in the SW quadrant for calculating the
relative contribution from the SW sources as well
as the NW/SW ratios. The results are shown in
Fig. (2). The dispersion modeling calculations for
hCðx; y; zÞiS resulted in a range of 0.07–2.9 mgm�3

from stability classes A–F for the concentrations at
the receptor site from all of the coal combustion
sources in Table 1. The average Ga-rich factor
concentration from the PMF analysis was
0.59 mgm�3 with a range of 0.00003–4.8 mgm�3.
Given all the sources of uncertainty and assump-
tions made in the dispersion modeling, this compar-
ison is quite reasonable.

There are several interesting things to note in
Fig. (2). (1) The impact of the NW sources on the
measurement site is more significant than the SW
sources for all stability classes, and the extent to
which this is true increases with decreasing atmo-
spheric stability. (2) Considering only coal-fired
power production, Bruce Mansfield (site #6 at
�3001) and W.H. Sammis (site #7 at �2801) are
the largest contributors of PM2.5 to the site for all
stability classes. (3) Considering only the sources in
the SW quadrant, Cardinal (site #14 at �2511) has
the largest impact for stability classes B–E, and
Elrama (site #12 at �1751) has the largest impact
for stability class A. (4) In the NW quadrant, the
extent to which the local coal-fired steam generation
facilities (site #s 1–4) impact the site, relative to the
coal-fired power plants, increases with decreasing
atmospheric stability. (5) For stability class A, the
contributions from the Bellefield Boiler Plant (site
#1 at �2861) and the H.J. Heinz Pittsburgh Factory
(site #3 at �2921) are two orders of magnitude
larger than all the coal-fired power plants combined.

Although many of the larger coal-fired power
plants are located to the SE, SW, and NE of the site
and not NW, the results suggest that the coal-fired
sources to the NW can indeed have a significant
impact on the receptor site, and the assumption that
the Ga-containing particles coming from the NW
originated from coal combustion becomes more
likely. In addition, the results also suggest the
potential for the impact of numerous coal-fired
steam-generating facilities, which are small PM2.5

sources located close to the site (o10 km), to be
comparable to, if not larger than, the impact of the
major coal-fired power plants, which are located in
the surrounding area (20–100 km), under certain
atmospheric conditions. This can be substantiated
by considering work presented by Bein et al. (2005b)
in which an isolated plume of Ga-containing
particles was detected and the particles within the
plume fully characterized using the combination of
single particle data and MOUDI/ICP–MS data.

5. Ni and V are tracers for oil combustion. A particle

originating from this type of source should contain

both elements; however, the RSMS did not identify a

particle class containing both Ni and V, and the PMF

analysis did not yield an oil-combustion factor as

identified by Ni and V tracers.

Commercial fuel oil combustion has not histori-
cally been a major source of PM2.5 in Pittsburgh.
Currently, the fraction of ambient PM2.5 primary
OC from commercial distillate and residual fuel is
estimated at approximately 0.2%, and the fraction
of EC from these sources is estimated at 1.2%
(Cabada et al., 2002). Such minor sources cannot be
explained by PMF. Ni and V are present in other
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Fig. 2. The relative contribution of each coal combustion source, for all coal combustion sources located in either the NW or SW

quadrant, to the total coal combustion related PM2.5 potentially impacting the Schenley Park site, as determined for all six Pasquill

stability classes. Sites 1–8 are in the NW quadrant, sites 12–20 are in the SW quadrant or nearly due south, and sites 23–28 are in the NE

quadrant or nearly due east. The last two categories are the relative contributions of the sum of the SW sources and the sum of the NW

sources, respectively, and the ratio of the two, NW/SW, is listed at the top of each plot.

N.J. Pekney et al. / Atmospheric Environment ] (]]]]) ]]]–]]] 9
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sources, however. Most Ni mass is explained by the
gallium-rich factor (39%) and the specialty steel
factor (52%). Most V mass is explained by the
gallium-rich factor (45%) and the crustal material
factor (26%).

Particles from oil combustion are expected to
contain OC and EC as well as both Ni and V. The
RSMS data show a class of Ni-containing particles
without detectable amounts of V, and without OC
or EC. In addition, the particles were larger than
typical combustion-sized aerosol, with size distribu-
tions peaking in the 400–1100 nm range rather than
50–200 nm. The observation of this particle class
was a completely isolated event occurring over a 4-
day period in July 2001. We thus conclude that none
of the major particle classes identified by the RSMS,
including the Ni particle class, are associated with
oil combustion.
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Size distributions of Ti, seen in Fig. (3), show
virtually all of the mass associated with particles
larger than 1.8 mm in diameter. Although Ti was
occasionally detected in individual particles, sig-
nificant amounts were not observed because the
maximum particle size measured by the RSMS is
1.1 mm. The average ratio PM2.5:PM10 for Ti
averaged over the entire data set is 0.2370.10.
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contributions correlate strongly with the Ca and Ti
ambient data and therefore this was identified as a
crustal material factor. However, while 14% of the
Ti mass is in the crustal material factor, 21% is in
the Fe, Mn, and Zn factor, 15% is in the wood
combustion, vegetative detritus and cooking factor,
15% is in the gallium-rich factor, and 19% is in the
specialty steel factor. The remaining factors were
composed of less than 5% of the Ti mass.

7. Se, typically associated with coal combustion, is a

semi-volatile metal such that the mass of selenium

emitted from a particular coal combustion source will

tend to be spread thinly over a large number of

particles, which obscures its detection on a particle-by-

particle basis, but is sufficient enough over the ensemble

of particles to be detected by ICP– MS analysis.

The PMF analysis shows a factor marked by a Se
tracer. Se is typically associated with coal combus-
tion. The PSCF/CPF analyses conclude that the
Ohio River Valley, SW from the monitoring station,
is the most probable location of the Se sources.
There are indeed several large coal-fired power
plants in this region. Surprisingly, RSMS-3 did not
detect any particles containing a significant amount
of Se. Unlike the issue of Ti detection described in
hypothesis 6, Se mass is almost completely con-
tained in particles less than 2.5 mm in diameter. The
average ratio of PM2.5:PM10 for the hi-vol samples
is 0.9770.2. In addition, MOUDI/ICP–MS data
for individual days show Se mass above the method
detection limit for MOUDI stages, which corre-
spond to diameters in the fine particle size range.
Therefore, lack of detection of Se by the RSMS is
not due to particle size. Ambient concentrations of
Se as measured by hi-vol shown in Fig. (4) indicate
that relatively high peaks occur in September,
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November, and December 2001, with lower con-
centrations for the remainder of the study.

Why does RSMS-3 miss the Se? There is a
possibility that Se peaks were obscured by ions of
OC fragments nearby in the spectrum. However,
since Se is considered to originate from coal
combustion and OC is not, it is unlikely that they
would consistently appear together in individual
particles. In addition, the results of the PMF
analysis do not show any OC tracers in the selenium
factor.

The most likely explanation is that Se was below
the limit of detection of the RSMS. Because the
instrument is significantly more sensitive to detec-
tion of some other metal species, such as K, Fe, Si,
and Al, the presence of these species within the
particle would tend to amplify this affect by further
obscuring Se detection. However, over a large
ensemble of Se-containing particles and for a long
sampling interval, the total Se mass was sufficient to
be detected by ICP–MS analysis. A possible
explanation for the presence of Se in trace amounts
within individual particles is that because Se is a
semi-volatile metal, the original mass of Se vapor-
ized during coal combustion is scavenged by a large
number of pre-existing particles. Selenium emitted
from coal combustion exists predominantly in the
vapor phase (Andren and Klein, 1975, Germani and
Zoller, 1988). The selenium would thus be spread
thinly over the entire particle population and the
amount of selenium in any individual particle would
be small.

5. Conclusions
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particle source attribution to results from the
ICP–MS/PMF analysis revealed converging conclu-
sions about several hypotheses addressed in this
work.

Factor analysis methods such as PMF attempt to
group individual species measurements into factors
that explain the data set in a more compact way.
Particles originating from a source that does not
explain the data set in a statistically significant
manner are not identified in a factor analysis.
Despite this limitation, the comparison of the
RSMS data and the ICP–MS/PMF analysis for
source identification shows clear correlations be-
tween some particle classes and PMF factors.
Convergent results include Mo and Cr attributed
to local specialty steel facilities, Fe, Mn, Zn, and K
attributed to a steel mill SE of the monitoring
station, internally mixed Pb-containing particles
attributed to major source(s) to the NW, Ga
associated with coal combustion sources to the
NW, and the lack of significant particles from oil
combustion. In addition, the combination of the
two source attribution techniques resulted in a more
complete description of the sources of Pittsburgh
PM than either technique alone and allowed for new
information about the nature of each technique.
The two most significant conclusions from this are:
(1) small differences in the composition of indivi-
dual particles can potentially play a large role in
determining the sources of those particles such that
understanding the limitations of the algorithm used
to classify single particle data, as well as knowing
the variability in the data itself, are both important,
and (2) unless the metal is rare, like Ga and Se, it is
hard to use an individual metal alone as a tracer for
a specific source type.

Finally, divergent results between the two source
attribution techniques revealed new information
about the detection of Ti and Se in individual
particles within the Pittsburgh area. The Ti size
distribution obtained from MOUDI filter analysis
showed that RSMS-3 was unable to detect sig-
nificant numbers of Ti-containing particles, since
they were outside the fine particle size range of the
single particle instrument. Se was detected in
abundance by ICP–MS but was not detected in
individual particles using RSMS-3 even though the
MOUDI data showed Se mass in the fine mode.
Since Se is a semi-volatile metal, the original mass of
Se may have vaporized during coal combustion and
is believed to have spread over a large population of
pre-existing particles such that the amount of Se in
any individual particle is very small. Continued
examination of these converging and diverging
results from comparative studies such as this will
result in better understanding of each technique.

Acknowledgments

This research was conducted as a part of the
Pittsburgh Air Quality Study, which was supported
by the US Environmental Protection Agency under
Contract R82806101 and the US Department of
Energy National Energy Technology Laboratory
under Contract DE-FC26-01NT41017. This paper
has not been subject to EPA’s peer and policy
review, and therefore does not necessarily reflect the
views of the Agency. No official endorsement
should be inferred.
References

Andren, A.W., Klein, D.H., 1975. Selenium in coal-fired steam

plant emissions. Environmental Science and Technology 9,

856–858.

Bein, K.J., Zhao, Y., Wexler, A.S., Johnston, M.V., 2005a.

Speciation of size-resolved individual ultrafine particles in

Pittsburgh, Pennsylvania. Journal of Geophysical Research

110, D07S05.

Bein, K.J., Zhao, Y., Pekney, N.J., Davidson, C.I., Johnston,

M.V., Wexler, A.S., 2005b. Identification of sources of

atmospheric PM at the Pittsburgh Supersite. Part II:

Quantitative comparisons of single particle, particle number,

and particle mass measurements. Atmospheric Environment,

in press, doi:10.1016/j.atmosenv.2006.01.064.

Cabada, J.C., Pandis, S.N., Robinson, A.L., 2002. Sources of

atmospheric carbonaceous particulate matter in Pittsburgh,

Pennsylvania. Journal of the Air & Waste Management

Association 52, 732–741.

Cabada, J.C., Rees, S., Takahama, S., Khlystov, A., Pandis,

S.N., Davidson, C.I., Robinson, A.L., 2004. Mass size

distributions and size resolved chemical composition of fine

particulate matter at the Pittsburgh Supersite. Atmospheric

Environment 38, 3127–3141.

Germani, M.S., Zoller, W.H., 1988. Vapor-phase concentrations

of arsenic, selenium, bromine, iodine, and mercury in the

stack of a coal-fired power plant. Environmental Science and

Technology 22, 1079–1085.

Harris, A.R., Davidson, C.I., 2005. The role of resuspended soil

in lead flows in the California South Coast Air Basin.

Environmental Science and Technology 39, 7410–7415.

Hopke, P.K., 1985. Receptor Modeling in Environmental

Chemistry. Wiley, New York.

Kane, D.B., Wang, J.J., Frost, K., Johnston, M.V., 2002.

Detection of negative ions from individual ultrafine particles.

Analytical Chemistry 74, 2092–2096.

Kidwell, C.B., Ondov, J.M., 2004. Elemental analysis of sub-

hourly ambient aerosol collections. Aerosol Science and

Technology 38, 205–218.

dx.doi.org/10.1016/j.atmosenv.2006.01.064


ARTICLE IN PRESS
N.J. Pekney et al. / Atmospheric Environment ] (]]]]) ]]]–]]] 13
Lake, D.L., Tolocka, M.P., Wexler, A.S., Johnston, M.V., 2003.

Mass spectrometry of individual particles between 50 and

750 nm in diameter at the Baltimore Supersite. Environmental

Science and Technology 37, 3268–3274.

Lewis, C.W., Norris, G.A., Conner, T.L., Henry, R.C., 2003.

Source apportionment of Phoenix PM2.5 aerosol with the

Unmix receptor model. Journal of the Air & Waste Manage-

ment Association 53, 325–338.

Miller, M.S., Friedlander, S.K., Hidy, G.M., 1972. A chemical

element balance for the Pasadena aerosol. Journal of Colloid

and Interface Science 39, 165–176.

Paatero, P., 1997. Least squares formulation of robust non-

negative factor analysis. Chemometrics and Intelligent La-

boratory Systems 37, 15–35.

Paatero, P., Tapper, U., 1993. Analysis of different modes of

factor analysis as least square fit problems. Chemometrics and

Intelligent Laboratory Systems 18, 183–194.

Paatero, P., Tapper, U., 1994. Positive matrix factoriza-

tion: a non-negative factor model with optimal utiliza-

tion of error estimates of data values. Environmetrics 5,

111–126.

Pekney, N.J., Davidson, C.I., 2005. Determination of trace

elements in ambient aerosol samples. Analytica Chimica Acta

540, 269–277.
Pekney, N.J., Davidson, C.I., Robinson, A.L., Zhou, L., Hopke,

P.K., Eatough, D., 2006a. Major source categories for PM2.5

in Pittsburgh using PMF and Unmix. Aerosol Science and

Technology 40, 910–924.

Pekney, N.J., Davidson, C.I., Zhou, L., Hopke, P.K., 2006b.

Application of PSCF and CPF to PMF-modeled sources of

PM2.5 in Pittsburgh. Aerosol Science and Technology 40,

952–961.

Turner, D.B., 1969. Workbook of Atmospheric Diffusion

Estimates, USEPA 999-AP-26. US Environmental Protection

Agency, Washington, DC.

US EPA, 1999. National Emission Inventory Database.

/www.epa.gov/air/data.S
Watson, J.G., Robinson, N.F., Chow, J.C., Henry, R.C., Kim,

B., Nguyen, Q.T., Meyer, E.L., Pace, T.G., 1989. Receptor

modeling technical series, vol. III (1989 revision). CMB7

User’s Manual. EPA-450/4-90-004.

Wittig, A.E., Anderson, N.J., Khlystov, A.Y., Pandis, S.N.,

Davidson, C.I., Robinson, A.L., 2004. Pittsburgh air quality

study overview. Atmospheric Environment 38, 3107–3125.

Zhou, L., Hopke, P.K., Paatero, P., Ondov, J.M., Pancras, J.P.,

Pekney, N.J., Davidson, C.I., 2004. Advanced factor analysis

for multiple time resolution aerosol composition data.

Atmospheric Environment 38, 4909–4920.

http://www.epa.gov/air/data


Analytica Chimica Acta 540 (2005) 269–277

Determination of trace elements in ambient aerosol samples

Natalie J. Pekneya, Cliff I. Davidsona,b,∗
a Department of Civil and Environmental Engineering, Carnegie Mellon University, 5000 Forbes Ave., Pittsburgh, PA 15213, USA

b Engineering and Public Policy, Carnegie Mellon University, 5000 Forbes Ave., Pittsburgh, PA 15213, USA

Received 6 December 2004; received in revised form 19 March 2005; accepted 22 March 2005
Available online 25 April 2005

Abstract

A microwave-assisted digestion procedure using HNO3, HF, and H2O2 has been developed for analysis of elements in ambient particulate
matter (PM). The samples are collected on cellulose filters and analyzed by inductively coupled plasma mass spectrometry (ICP-MS). The
ICP-MS is calibrated with external standards, and recovery of analytes is tested with NIST SRM 1648 Urban Dust. This method has been
used to quantify the airborne concentrations of a large number of elements, including Ag, As, Ba, Be, Ca, Cd, Ce, Co, Cr, Cs, Cu, Fe, Ga, K,
Li, Mg, Mn, Mo, Ni, Pb, Rb, Se, Sb, Sr, Ti, Tl, V, and Zn. For the majority of these elements, recovery of the NIST SRM is within 15% of
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. Introduction

Trace element concentrations in atmospheric aerosols are
ow widely used in source–receptor modeling studies. How-
ver, obtaining such data requires collection of a large number
f samples and a cost- and time-effective method of analy-
is. Sample preparation varies, but one popular method is
icrowave-assisted digestion of filter-based samples. This
ethod is appealing for analyses that require liquid samples,
ue to the ease and low contamination levels with which
amples can be prepared. Analysis methods also vary; induc-
ively coupled plasma-mass spectrometry (ICP-MS) as used
ere has low detection limits, large linear dynamic range and
imultaneous multi-element output data. However, because
CP-MS requires a liquid sample, accurate measurements are
ependent on the sample extraction efficiency. Other analysis

echniques include graphite furnace atomic absorption spec-
rometry (GFAAS), proton-induced X-ray emission spec-
rometry (PIXE), and X-ray fluorescence (XRF). GFAAS has
omparable detection limits to those of ICP-MS, but does not

have the capability of simultaneous multiple element m
surement and therefore is not time-effective. PIXE and X
are both non-destructive analysis techniques but dete
limits are much higher, two orders of magnitude for so
elements, as compared to ICP-MS.

The choice of digestion reagents is an important con
eration for measurement of multiple elements in amb
aerosols. Atmospheric particulate matter (PM) includes
mary emissions of carbonaceous and metallic particles
combustion and industrial processes, crustal material
erosion of soil and rock, and secondary pollutants suc
sulfates, nitrates and organic aerosols, among other sp
The reagents chosen must digest the sample as comp
as possible and keep the elements stable in solution.
acid can accomplish this for many elements; however, it
not completely digest silicon-containing compounds and
elements bonded to siliceous material. Previous groups
used relatively large amounts of hydrofluoric acid (HF
break the silica bonds despite the fact that HF is extre
hazardous and therefore difficult to work with. Jalkanen
Hasanen[1] used a 3:1 mixture of HNO3 and HF in a tota
∗ Corresponding author. Tel.: +1 412 268 2951.
E-mail address:cliff@cmu.edu (C.I. Davidson).

volume of 2.0 mL. Yang et al.[2] used a digestion solution of
5 mL HNO3, 4 mL H2O2, 0.5 mL of HF, and 5 mL of H3BO3.

003-2670/$ – see front matter © 2005 Elsevier B.V. All rights reserved.
oi:10.1016/j.aca.2005.03.065
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If the silica content of the samples can be measured or es-
timated, the use of HF can be minimized. In this paper, we
examine the use of trace amounts of HF in digesting aerosol
filter samples for trace element analysis.

We begin by using a certified NIST standard reference
material (SRM) to test the recovery of trace elements using
the digestion procedure developed here. Next, we apply the
digestion procedure to ambient PM2.5 and PM10 collected in
Pittsburgh, PA on cellulose filters with analysis by ICP-MS.
We then compare SRM samples digested with and without
HF to quantify the influence of using this acid. Finally, we
compare the ambient PM analysis by ICP-MS using the new
digestion procedure with non-destructive analysis by X-ray
fluorescence (XRF) for samples collected at other sites in the
Pittsburgh region.

2. Experimental

The Pittsburgh Air Quality Study (PAQS) took place dur-
ing July 2001–September 2002. The study included more
than 20 different types of analyses of gas and aerosol sam-
ples, including analysis of trace elements in aerosol particles.
Most samples were collected at the main monitoring station
in Schenley Park, adjacent to the Carnegie Mellon Univer-
s of
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Fig. 1. Temperature-controlled program for the MARS 5 digestion method.

2.2. Microwave description

The microwave used was a MARS 5 (CEM Corp.,
Matthews, NC) equipped with an EST-300 Plus temperature
sensor and an ESP-1500 Plus pressure sensor. The microwave
digestion vessels, HP500 Plus, had working maximum pres-
sure and temperature of 2.4× 10 N/m and 195◦C, respec-
tively. The microwave could accommodate digestion of up
to 14 samples simultaneously. For sample preparation, Stan-
dard EPA Method 3052 was followed with some adaptations
[6]. The microwave method developed for sample digestion
was controlled by temperature and is illustrated inFig. 1. The
slower ramp time between 105 and 135◦C allowed for slower
decomposition of the cellulose filter material without a very
large or very rapid increase in pressure.

2.3. ICP-MS description

Analyses were performed at Duquesne University using
an Agilent 4500 ICP-MS (Agilent Technologies, Palo Alto,
CA). The ICP-MS was equipped with a concentric nebulizer
and a quartz torch. Operating parameters are listed inTable 1.
All other parameters, such as torch position, sample depth,
extraction, and ion focusing lenses voltages, Omega lenses
voltages, quadrupole settings, and carrier and blend gas flow
r ch that
t d ion
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ity campus[3]. This location is approximately 6 km east
owntown Pittsburgh in the densely populated neighbor
f Oakland. Ambient air was sampled for concentration
lements using PM10 and PM2.5 high-volume (hi vol) sam
lers from Andersen Instruments Inc. (Smyrna, Georgia

ng 20 cm× 25 cm filters. The hi vols operated at a flow r
f 1.13 m3/min, and they were specially equipped with bru

ess motors to minimize contamination.
Many types of Teflon filters are commercially availab

nd these filters are useful for non-destructive analysis m
ds such as XRF or proton induced X-ray emission. In
urrent study, cellulose filters (Whatman 41, Whatman
lifton, NJ) were used as they completely digest in
cids, leaving a liquid solution for injection into the IC
S. Retention efficiency of the Whatman 41 filters va
ith particle size, with a minimum value at 0.3�m diam-
ter of 92% at a face velocity of 45.2 cm/s.[4]. This is
dmittedly somewhat lower than the minimum 99.7%

ention efficiency for Teflon filters[5]. However, the effi
iency is over 99% for particles larger than 1.0�m diamete
4].

.1. Reagents

All reagents were purchased in the purest form a
ble: redistilled nitric acid (70%) and custom redistilled 7
itric/0.5% hydrofluoric acid blend from GFS Chemic
Columbus, OH), as well as semiconductor grade hydr
eroxide (30–32%) from Sigma Aldrich (St. Louis, MO
istilled, deionized water from a NANOpure ultrapure wa
ystem was used (Barnstead/Thermolyne, Dubuque, IA
ates were tuned at the start of each analysis session su
he sensitivity was optimized. Oxides and doubly charge
atios were kept below 2%.

able 1
CP-MS operating parameters

F power (kW) 1.4–1.5
F matching (V) 1.99
lasma gas flow rate (L/min) 15
uxiliary gas flow rate (L/min) 1
eristaltic pump flow (rps) 0.10
easurement mode Spectrum analysis m
umber of measurements per peak 3 (full quant. mode

ntegration time 0.10 s/point
umber of repetitions 3
ime per sample measurement (min) 2–3
inse time (min) 1
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2.4. Filter handling

Filters were handled in ways to minimize contamination.
Blank filters were handled identically to the samples, but were
run on the hi vol for only 1 min. For the first two months
of the study, field blanks were taken once per filter change.
Subsequently, field blanks were taken once weekly. For the
majority of the study period, 24-h samples were taken.

After collection of the samples, filter cassettes were de-
livered to the laboratory in clean, sealed bags. Filters were
removed from the cassettes under a laminar flow hood and
cut into strips using a polypropylene template and dispos-
able stainless steel knife blades. Cutting the filter into smaller
sections was necessary to get the sample mass below 0.5 g,
which is the working limit of the microwave vessels, and
also allowed for comparison of analysis results from mul-
tiple strips per filter. For the first two months of the study,
the filter-cutting template made seven strips per filter, each
sized 2.5 cm× 17.8 cm. Subsequent filters were cut with
a larger template, which made six strips per filter, sized
3.2 cm× 17.8 cm. Individual filter strips were transferred to
sterilized polypropylene centrifuge tubes (tested to be clean
for metals) and labeled, sealed in a clean plastic bag (KNF
Clean Room Products Corp., Ronkonkoma, NY) and stored
in a freezer to minimize biological activity until digestion
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m nder
H

2

e all
o ees
e ated
t l
s 24-h
a
c ly
t a
s
T f the
S

S

o tely
d le. A
c t the
c en-
t cid,
a tions
i tro-
d aced
w rated
H this

study that involved analysis of over 3200 samples during the
course of one year.

Hydrogen peroxide can reduce NO fumes as well as pres-
sure in the closed microwave vessel. The pressure-reducing
mechanism is described by the following chemical reactions
[8]:

2H2O2
Heat−→ 2H2O + O2(g) (2)

2NO(g) + O2(g) → 2NO2(g) (3)

2NO2(g) + H2O → HNO3 + HNO2 (4)

Boric acid is sometimes used to complex the HF at higher
concentrations but was not used here. Other reagents some-
times used include perchloric and hydrochloric acid, neither
of which was used in this study since ClO, ClOH, and ArCl
can cause interference problems in the measurement of As,
Se, V, and Cr by ICP-MS[9].

Using Teflon-coated forceps, filter strips were transferred
to the digestion vessels, the solution was added, and the
vessels were capped. The digestion solution consisted of
9 mL custom redistilled 70% nitric/0.5% hydrofluoric acid
blend and 2 mL hydrogen peroxide. After digestion in the mi-
crowave, the vessels were transferred to the CEM Microvap
assembly, connected to a vacuum pump, and heated in the mi-
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nd analysis. With the exception of the filter loading and
oval at the sampling site, all work was conducted u
EPA-filtered laminar flow hoods.

.5. Sample preparation

We can estimate the amount of HF needed to dissolv
f the silicate material in a typical sample. Based on R
t al.[7], the crustal component of the samples is estim

o account for about 4% of the PM2.5 mass. For the hi vo
amples collected at the main site, the annual average
ir volume was 1630 m3 and the annual average PM2.5 mass
oncentration was 17�g/m3. If we assume conservative
hat all crustal mass was SiO2, the typical amount of Si in
trip comprising 1/6 of the total filter would be 1.8× 10−4 g.
he amount of HF necessary for complete digestion o
iO2 can be determined from the following reaction:

iO2 + 4HF
Heat−→ SiF4(g) + 2H2O (1)

Results show that 1.2× 10−5 moles of HF (2.5× 10−4 g),
r less than 0.1% HF in the digestion solution, comple
igests all of the crustal material in an average samp
oncentration of 0.5% HF was therefore chosen to diges
rustal material in all the samples. HF at this low conc
ration can be purchased already blended with nitric a
nd thus it is not necessary to use the stringent precau

nvoked for more concentrated HF. Also, the sample in
uction system for the ICP-MS does not have to be repl
ith an expensive inert system needed for more concent
F. Only one quartz torch was used for the duration of
rowave until the volume of the sample decreased to ap
mately 0.5 mL. This allowed evaporation of the acid with
oss of the analytes[10]. The samples were then remov
nd poured into sterilized, graduated sample cups alr
ontaining the internal standard solution. Deionized w
as added to bring the total volume to 10 mL. Each sam
ontained 50 ppb of the internal standard solution bec
his concentration level was approximately mid-calibra
ange for most elements. The final acid concentrations i
amples were approximately 4% nitric acid and 0.02%
rofluoric acid.

.6. Analysis

Samples were transported to the Duquesne Unive
aboratory clean room in airtight plastic containers. The I
S was tuned and calibrated. A check standard was ana
fter the initial calibration and subsequently after every
amples. If the measured check standard concentration
ot within 10% of actual concentrations, the instrument
ecalibrated and the previous 10 samples were re-ana
f a sample concentration was higher than the highest
ration standard for an element, the sample was diluted
e-analyzed for that element.

External ICP-MS calibration standards were cust
ade from SCP Science (Champlain, NY). Because o
reat difference in concentrations of various elements in
ample, a standard stock solution was made to reflect
ifferences, and five calibration standards were mixed

he stock solution. Maximum standard concentration for
ents of lowest concentrations in the samples was 200
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while maximum for elements of highest concentrations was
8000 ppb.

The multi-element internal standard solution, also from
SCP Science, contained Sc, In, Tb, Ho, Y, and Bi. The
internal standard solution was added to every external
calibration standard and sample. Addition of the inter-
nal standard helped to account for matrix effects. Se-
lection of the appropriate internal standard element for
each sample element depends on similarities in mass
number, ionization potential, and chemical characteristics.
Table 2shows selected internal standard elements for each
analyte.

3. Results and discussion

3.1. Recovery of NIST standard reference material

Success of the digestion procedure was measured by the
recovery of elements in the NIST SRM 1648, Urban Dust, and
also the agreement between two different strips per filter. For
each batch of samples digested, one microwave vessel con-
tained a measured mass of the SRM, approximately 1.0 mg
to represent sample mass, in the same digestion solution.
Also, one microwave vessel per digestion batch contained
o ents.
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work with the SRM samples did not incorporate blank filter
strips.

Recoveries for each element are shown inTable 2. Data
for Na and Al are unreliable and therefore are not given. All
other elements are within the target recovery of 100± 15%
with the exception of Cr (59%) and Cs (82%). The preci-
sion and accuracy of the results of this study compare well
with recoveries of the NIST SRM 1648 reported by others,
despite much higher concentrations of HF used in their stud-
ies. Jalkanen and Hasanen[1], using a 3:1 mixture of HNO3
and HF, report recoveries in the range of 80–98% for several
elements in 10 samples with the exception of a very low re-
covery of Cr (28%). Yang et al.[2] and Wu et al.[11], both
using a digestion solution of HNO3/H2O2/HF/H3BO3 report
recoveries of 90–110% for several elements, with lower re-
coveries of 70% and 77% for Se and Cr, respectively, reported
by Yang et al. Swami et al.[12] find similar recoveries for
most elements at varying amounts of HF in a HNO3/H2O2
digestion solution. Precision and recovery of Se decreased
with increasing amounts of HF, although recovery of Cr im-
proved. The low recovery of chromium in the NIST SRM
1648 is a documented problem[13]. It has been hypothe-
sized that the high soot content of NIST SRM 1648 signi-
fies the presence of organic material that somehow inhibits
dissolution of all the chromium[1]. Most of the samples
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nly reagents to examine contamination from the reag
he reagent blank sample concentrations (RGB) were

racted from the NIST SRM samples (SRMmeasured) prior to
alculating recovery. Percent recovery, %R, was calculate
s:

R = SRMmeasured− RGB

SRMcertified
× 100% (5)

here SRMcertified is the concentration of the element in
RM as certified by NIST. Minimum detection limits (MDL
ere established as per EPA Method 200.8[9] and are liste

or each element inTable 2. Where concentrations of e
ents in either the SRM or the RGB samples were b

he MDL, they were replaced with the MDL as a conse
ive upper limit of the concentration, and were listed a
pper limit. For blank correction, typically either the SR
as many times the RGB or both the SRM and RGB w
elow the MDL; there were not a significant number of ca

n which the subtraction of a RGB replaced by the M
or an element resulted in a substantial decrease from
rue concentration that would therefore render the re
ry unacceptable. Elements in a sample for which e

he measured concentration or the NIST certified con
ration were less than two times the reagent blank con
ration were flagged as below detection. Also inTable 2is
he number of samples analyzed that were above dete
ut of a possible total of 139. This total does not incl
alues deleted due to a malfunction of the balance.
hat early tests of this method included a blank filter s
long with the NIST SRM in some samples; the prese
f the filter strip did not affect the results and hence fur
ad concentrations below detection for Cs. Therefore
ow recovery of Cs is likely due to detection limit pro
ems. The SRM did not have certified concentrations for
ral elements analyzed, namely Li, Be, Ca, Ga, Sr, Mo
l.

.2. Trace elements in ambient PM

Data from either two or three filter strips have been a
ged for every filter used in this study to report airborne
entrations[14]. However, agreement between filter strip
iscussed here only for two typical months, October 2
two strips per filter) and January 2002 (three strips pe
er). Ambient concentrations were determined by subt
ng the average of the field blank filter mass from the fi
ample mass, and dividing by the volume of air samp
or a sample to be considered above detection, conc

ion must be greater than 3.3 times the standard deviati
he field blank concentrations[9]. Field blank concentration
aried by element, ranging from 0.001 to 4 ng/m3. Table 3
hows the average difference between concentrations
he two strips divided by the daily average mass conce
ion for each element for the month of October 2001, ter
he percent error. For both PM10 and PM2.5, the average e
ors are almost always less than 30%. For the January
lters, the relative standard deviation of the data from t
trips was smaller than the values of the average percen
iven inTable 3for nearly all elements. These levels of er
re acceptable for using the data with such source–rec
odels as positive matrix factorization (PMF) and Un

14].
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Table 2
Percent recovery for each element

Element Internal standard element Minimum detection limit (ppb) Number of samples above
detection (139 total samples)

Recovery (%) (S.D., %)
of NIST SRM 1648

Li Sc 0.076
Be Sc 0.048
Mg Sc 0.439 125 96 (18)
K Sc 66.1 139 96 (18)
Ca Sc 5.26
Ti Sc 0.506 139 86 (12)
V Sc 0.155 139 103 (21)
Cr Sc 0.358 139 59 (17)
Mn Sc 0.372 139 95 (22)
Fe Sc 50.5 139 102 (17)
Co Sc 0.070 118 91 (33)
Ni Y 0.268 137 96 (34)
Cu Y 0.129 139 93 (17)
Zn Y 0.340 139 97 (19)
Ga Y 0.031
As Y 0.039 139 89 (15)
Se Y 0.536 121 88 (48)
Rb Y 0.039 136 85 (21)
Sr Y 0.037
Mo Y 0.115
Ag In 0.060 86 85 (35)
Cd In 0.071 139 95 (14)
Sb In 0.092 129 87 (22)
Cs In 0.083 28 82 (33)
Ba In 0.312 139 105 (15)
Ce In 0.101 69 97 (32)
Tl Bi 0.025
Pb Bi 0.032 130 95 (19)

For Ag, Ce, and Cs, a large fraction of the NIST samples were below detection because of significant reagent blanks. For all other elements, the NIST sample
concentrations exceeded the reagent blanks by a factor of six or more except in two instances (Co and Rb). Certified concentrations were not given by NIST
for some elements.

3.3. Comparison of recoveries from the SRM with and
without HF

To show that the addition of a trace amount of HF to the di-
gestion solution improved recovery of the elements in NIST
SRM samples, a batch of seven NIST samples, three with
trace HF and four without HF, were prepared and analyzed
according to the procedure described above.Table 4presents
the results of this comparison. The improved recoveries of
the elements in the NIST SRM samples for K, Ti, Cr, Rb,
Sb, Cs, and Ba were statistically significant with the addition
of trace HF at theP= 0.05 level of significance. The other
elements showed recoveries that were not statistically dif-
ferent between the two sets of samples with the exception of
Mg. Recovery of Mg in these samples significantly decreased
with the addition of HF, but recoveries of Mg as reported in
Table 2are quite good. The reason for the low recovery of Mg
in the three samples digested with HF presented inTable 4as
compared to the good recovery of Mg in the samples reported
in Table 2is unknown.

3.4. Comparison of ambient PM analyzed by ICP-MS
and XRF

During July 2001 and January 2002, daily Teflon filter
samples were collected at four satellite sites surrounding the

main Pittsburgh sampling site, and these filters were ana-
lyzed by XRF by Research Triangle Institute, Triangle Park,
NC. The main Pittsburgh sampling site, the Lawrenceville
site, and the Hazelwood site are located within the Pittsburgh
city limits. The rural Florence site is located 50 km west of
Pittsburgh, which is typically upwind of the city, and the
Greensburg site is located 55 km east of Pittsburgh, typically
downwind. More information about the locations of the four
satellite sites and details of sample collection are given in
Tang et al.[15].

Ambient concentrations of many elements analyzed by
XRF appear noisy as compared to the ICP-MS results for the
main site due to the smaller air volumes sampled for XRF
analysis and the higher detection limits of XRF as compared
to ICP-MS. Nevertheless, several elements with high concen-
trations show reasonable agreement, namely K, Ti, V, Mn, Fe,
Zn, As, Se, and Pb. The correlation coefficientρ and the num-
ber of valid samples for comparisonn are shown inTable 5.
Note that sampling at the Pittsburgh main site began on July
11, 2001, while sampling at the four satellite sites was con-
tinuous beginning on June 30 until July 31, 2001. Based on a
two-tailedt-test withn− 2 degrees of freedom, the correla-
tion coefficients were tested against the hypothesis that they
were significantly greater than zero. The level of significance
of the correlation is given inTable 5as well.Figs. 2 and 3
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Table 3
A comparison of the concentrations measured on two different strips for samples collected in October 2001

Element PM10 PM2.5

Number of samples above
detection (31 total samples)

Percent error Number of samples above
detection (31 total samples)

Percent error

Li 22 7.4 20 6.6
Be 22 50.2 19 16.5
Mg 31 13.1 31 8.7
K 31 23.2 31 9.5
Ca 31 14.7 30 14.1b

Ti 31 16.5 29 19.2
V 31 25.8 29 7.9
Cr 31 20.2 28 34.4
Mn 30 28.0a 30 21.7b

Fe 31 7.1 31 21.3
Co 21 37.0a 13 21.9
Ni 26 12.6 22 21.8
Cu 28 14.0 14 17.6
Zn 31 15.9 26 9.4
Ga 31 16.5 23 36.8
As 30 9.3 30 8.3
Se 31 26.1 31 9.6
Rb 29 14.2 25 4.6
Sr 31 4.9 26 19.9b

Mo 28 11.0 19 11.9
Ag 15 26.1 14 32.1
Cd 30 11.0a 28 6.4b

Sb 30 16.6 26 35.9
Cs 23 24.6 17 6.0
Ba 31 9.1 31 29.0
Ce 29 10.8 13 13.9
Pb 31 12.1 30 5.6

All Tl concentrations were below detection in October 2001.
a One outlier pair was removed from the full dataset for each of these elements (total 3 outlier pairs out of 769 pairs).
b One outlier pair was removed from the full dataset for each of these elements (total 4 outlier pairs out of 670 pairs).

Table 4
A comparison of samples digested with and without trace HF

Samples digested without HF (n= 4) Samples digested with HF (n= 3) tobs P-value

µ � µ �

Mg 0.831 0.126 0.693 0.051 −1.99 0.05
K 0.517 0.055 0.716 0.052 4.87 0.003
Ca 0.845 0.138 0.717 0.06 −1.66 0.08
Ti 0.408 0.062 0.605 0.093 3.17 0.012
V 0.829 0.133 0.841 0.067 0.16 0.44
Cr 0.421 0.018 0.626 0.038 8.66 0.0002
Mn 0.864 0.153 0.788 0.067 −0.89 0.21
Fe 0.793 0.123 0.734 0.062 −0.84 0.22
Co 0.754 0.131 0.751 0.136 −0.03 0.49
Ni 0.781 0.116 0.724 0.099 −0.69 0.26
Cu 0.720 0.126 0.600 0.137 −1.19 0.14
Zn 0.689 0.108 0.903 0.610 0.60 0.29
As 0.722 0.105 0.614 0.120 −1.25 0.13
Se 0.637 0.096 0.533 0.113 −1.23 0.13
Rb 0.411 0.052 0.590 0.118 2.45 0.029
Ag 1.126 0.181 1.024 0.034 −1.10 0.16
Cd 1.010 0.124 0.910 0.042 −1.50 0.10
Sb 0.463 0.042 0.939 0.053 12.75 0.00003
Cs 0.609 0.140 1.041 0.033 5.95 0.001
Ba 0.849 0.128 1.003 0.048 2.20 0.04
Pb 0.867 0.139 0.806 0.071 −0.75 0.24

Average recovery,µ, is the measured concentration divided by the certified concentration andσ is the standard deviation of the recoveries for each element.
The test statistictobs, based on a student’st-test, is given for each element andP-values are given for all elements.
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Table 5
Comparison of ICP-MS data from the Pittsburgh Supersite and XRF data from the Lawrenceville, Hazelwood, Greensburg, and Florence sites

K Ti V Mn Fe Zn As Se Pb

July 2001
Pittsburgh–Lawrenceville 0.65/20/1% 0.70/20/1% 0.69/20/1% 0.16/20/NC 0.46/20/5% 0.46/19/5%−0.14/19/NC 0.65/19/1% 0.65/19/1%
Pittsburgh–Hazelwood 0.53/19/2% 0.36/19/NC 0.76/19/1% 0.10/19/NC 0.28/19/NC 0.09/19/NC −0.22/19/NC 0.49/19/5% 0.73/19/1%
Pittsburgh–Greensburg 0.77/20/1% 0.35/20/NC 0.45/20/5% 0.16/20/NC 0.48/20/5% −0.10/19/NC −0.04/19/NC 0.47/19/5% 0.35/19/NC
Pittsburgh–Florence 0.63/20/1% 0.35/20/NC 0.48/20/5% 0.05/20/NC 0.40/20/10%−0.06/19/NC 0.32/19/NC 0.05/19/NC 0.64/19/1%
Lawrenceville–Hazelwood 0.97/30/1% 0.73/30/1% 0.67/30/1% −0.04/30/NC 0.11/30/NC 0.24/30/NC −0.32/30/NC 0.70/30/1% 0.42/30/2%
Lawrenceville–Greensburg 0.93/31/1% 0.59/31/1% 0.70/31/1% 0.00/31/NC 0.73/31/1% 0.06/31/NC 0.23/31/NC 0.47/31/1% 0.51/31/1%
Lawrenceville–Florence 0.78/31/1% 0.26/31/NC 0.09/31/NC 0.47/31/1% 0.42/31/2% 0.22/31/NC −0.35/31/NC −0.08/31/NC 0.44/31/2%
Hazelwood–Greensburg 0.87/30/1% 0.60/30/1% 0.10/30/NC −0.18/30/NC 0.00/30/NC 0.07/30/NC 0.09/30/NC 0.08/30/NC −0.12/30/NC
Hazelwood–Florence 0.67/30/1% 0.35/30/10% 0.26/30/NC −0.20/30/NC −0.10/30/NC −0.07/30/NC −0.06/30/NC −0.04/30/NC 0.27/30/NC
Greensburg–Florence 0.87/31/1% 0.37/31/5% 0.18/31/NC 0.14/31/NC 0.37/31/5% 0.23/31/NC 0.01/31/NC−0.13/31/NC 0.44/31/2%

January 2002
Pittsburgh–Lawrenceville 0.66/18/1% 0.10/18/NC 0.03/18/NC 0.91/18/1% 0.92/18/1% 0.86/18/1% 0.73/18/1% 0.86/18/1% 0.47/18/5%
Pittsburgh–Hazelwood 0.79/18/1% 0.31/18/NC 0.19/18/NC 0.55/18/2% 0.89/18/1% 0.95/18/1% 0.30/18/NC 0.93/18/1% 0.60/18/1%
Pittsburgh–Greensburg 0.79/21/1% 0.53/21/2% 0.09/21/NC 0.73/20/1% 0.83/20/1% 0.89/21/1% 0.11/21/NC−0.10/21/NC 0.81/21/1%
Pittsburgh–Florence 0.57/19/2% 0.23/19/NC 0.08/19/NC −0.31/19/NC 0.10/19/NC 0.16/19/NC 0.60/19/1% −0.07/19/NC 0.52/19/5%
Lawrenceville–Hazelwood 0.82/16/1% −0.29/16/NC 0.09/16/NC 0.72/16/1% 0.90/16/1% 0.91/16/1% 0.32/16/NC 0.87/16/1% 0.43/16/10%
Lawrenceville–Greensburg 0.74/18/1% 0.43/18/10% 0.20/18/NC 0.70/18/1% 0.88/18/1% 0.92/18/1% 0.32/18/10% 0.00/18/NC 0.46/18/10%
Lawrenceville–Florence 0.63/18/1% 0.21/18/NC −0.22/18/NC 0.02/18/NC 0.22/18/NC 0.67/18/1% 0.01/18/NC 0.48/18/5%
Hazelwood–Greensburg 0.97/16/1% 0.31/16/NC −0.
Hazelwood–Florence 0.62/16/1% 0.25/16/NC −0.
Greensburg–Florence 0.66/19/1% 0.40/19/10%

Given in each cell are: correlation coefficient,ρ; number of valid datapoints
level or better are listed as not correlated, NC.

a Correlation is negative at the 10% significance level.
0.35/18/10%
0
0
5
)
2
6
9
–
2
7
7
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22/16/NC 0.36/16/10% 0.86/16/1% 0.93/16/1% 0.47/16/10% −0.03/16/NC 0.66/16/1%
39/16/NCa −0.21/16/NC 0.02/16/NC 0.18/16/NC 0.66/16/1% −0.23/16/NC 0.25/16/NC
0.39/19/10% −0.06/19/NC 0.09/19/NC 0.32/19/10% 0.60/19/1% −0.08/19/NC 0.34/19/10%

to compare,n; level of significance of correlation, tested at the 1%, 2%, 5%, and 10% level. Correlations not significant at the 10%
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Fig. 2. Airborne concentrations during June 30–July 31, 2001 for the Pitts-
burgh Supersite and XRF data for four satellite sites in the Pittsburgh area.
Concentrations are shown in�g/m3. (�) Pittsburgh; (�) Florence; ( )
Greensburg; (�) Lawrenceville; ( ) Hazelwood.

show time series graphs of these elements for the two
months.

Potassium correlation coefficients are high among all sites
for both months. The large peak in early July 2001 is likely
due to Fourth of July fireworks, as most fireworks contain
potassium salts for ignition. Titanium concentrations are sig-
nificantly correlated among the sites for July, but there is more
scatter in the January XRF data and not as many of the site
pairs are correlated. Concentrations of titanium are slightly
higher on average during July as compared to January, so
poorer correlations in January may be due to decreased de-
tection capability of the XRF.

Most site-to-site correlations of vanadium concentrations
are insignificant in January. There is more day-to-day vari-
ability in the concentration data in July, and correlations are
in general higher.

Concentrations of manganese, iron, and zinc tend to be
higher at the city sites, suggesting that there are significant
sources of these elements within the city. Manganese and
zinc concentrations show poor correlations between the sties
in July. Correlations of iron data for July are significant for
many of the site pairs. In January, the rural Florence site data
do not correlate well with any other site for manganese, iron,
and zinc, but the other sites are significantly correlated.

Fig. 3. Airborne concentrations during January 2–22, 2002 at the same sites
as inFig. 2. Concentrations are shown in�g/m. (�) Pittsburgh; (�) Florence;
( ) Greensburg; (�) Lawrenceville; ( ) Hazelwood.

Arsenic shows reasonable agreement among all sites in
January with most site-to-site correlations being significant,
but there is more scatter in the XRF data in July where none
of the site pairs correlate significantly. Concentrations on av-
erage are approximately equal for the two months. Selenium
concentrations show some significant correlations but also
several poorly correlated site pairs, especially in January.
Concentrations of arsenic and selenium are relatively low
in PM2.5, making these elements more difficult to detect by
XRF.

Lead data show most sites significantly correlated for both
months with the concentrations at the Lawrenceville site
somewhat elevated on some dates. It is possible that there
is a local source of lead near this site.

Overall, there are many significant correlations between
the Supersite and the satellite site data for July 2001 and
January 2002. Instances of uncorrelated data could be due to
differences in emissions at the five sites, not just analytical
differences. The method developed here for measurement of
trace element concentrations in ambient PM and analysis by
ICP-MS compares reasonably well with non-destructive XRF
analysis using different filter media.

4. Conclusions

anal-
y itable
The method described in this paper for digestion and
sis of trace elements in ambient aerosol samples is su
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for routine analysis of the large number of samples commonly
generated in air quality monitoring studies. Sample prepara-
tion by microwave digestion minimizes contamination and
allows for digestion of silicate materials with the use of ni-
tric/hydrofluoric acid blend and hydrogen peroxide solution.
Results suggest that only a trace amount of HF is required for
essentially complete digestion. Recovery of the NIST SRM
1648 Urban Dust is acceptable using this method, with recov-
eries within 15% of certified values for all analyzed elements
except Na, Al, Cr, and Cs. Comparison of element concentra-
tions measured on two or three different strips from the same
filter allows a quantitative examination of uncertainty, which
was within 20% for PM10 and PM2.5 for nearly all elements.
The method developed here for digestion of cellulose filter
samples and analysis by ICP-MS shows results that com-
pare well with non-destructive XRF analysis of Teflon filters
exposed simultaneously to ambient PM at other sites in the
Pittsburgh area.
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A multivariate pseudo-deterministic receptor model was ap-
plied to determine emission and ambient source contributions rates
of SO2 and elements from four small coal-fired boilers influencing
air quality at the Carnegie Mellon University (CMU) Supersite.
The model was applied to ambient SO2 and particle measurements,
the latter, made every 30-min for 10 elements (Al, As, Cr, Cu, Fe,
Mn, Ni, Pb, Se, and Zn) during a 12.5-h period on April 1, when
winds blew from between 290–330◦ in which the four coal boilers
are situated. Agreement between predicted and observed SO2 con-
centrations was excellent (r of 0.92; and their ratio, 1.09 ± 0.22)
when 4 emission sources were used in the model. Average ratios of
predicted and observed concentrations for As, Cr, Cu, Ni, Pb, Se,
and Zn varied from 0.97 ± 0.20 for Cr to 1.07 ± 0.44 for As. Per-
formance indices for these elements were all well within acceptable
ranges. Emission rate ratios of various metal species to Se predicted
are similar for the three of the coal boilers, but differed substan-
tially for the fourth, as expected for a boiler with minimal particle
control technology. All are within the range derived from previous
PDRM results and in-stack measurements (except Al) at 7 Eastern
U.S. coal-fired power plants. The results suggest that the PDRM
approach is applicable to a city encompassing complex topography
and may successfully be applied using commonly available meteo-
rological data.

1. INTRODUCTION
Source apportionment, that is quantitative determination of

the contributions of pollutants from their sources to ambient at-
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mospheric levels, is necessary for developing emission control
strategies that effectively reduce exposures and health risks, and
prevent degradation of air quality (Gordon 1988). Source appor-
tionment may be accomplished with either source- or receptor-
based models, however, applications of the former are often
limited because of the lack of emission rate data. In the latter,
source contributions are determined using observations at sam-
pling sites. Until recently, most of the data obtained for receptor
modeling has been derived from samples collected over time
scales far longer than those for changes in source strengths and
important meteorological parameters, e.g., wind direction and
mixing height. The accompanying homogenization of source
signals by this practice severely reduces the resolving power
achievable with factor analytical methods (Lioy et al. 1989).
Hourly resolved elemental data were used to develop a source
profile for motor vehicles in the Baltimore Harbor Tunnel (On-
dov et al. 1982). At 2-h resolution, Rheingrover and Gordon
(1988) demonstrated that plumes of stationary sources in St.
Louis are readily observed as excursions in time series profiles
of the concentrations of the various marker elements and that
the excursions could be correlated with wind direction to iden-
tify sources. More recently, Kidwell and Ondov (2001, 2004)
developed a system for measuring elemental constituents at 30-
min intervals and were able to identify influences of individual
sources at this improved resolution (Ondov et al. 2003). It is
now well demonstrated that wind directions corresponding to
concentration peaks are consistent with the locations of known
sources when wind direction is relatively constant during the
time required for plume transport. Additionally, information on
source distances can be inferred from the width of their plumes
(US EPA 1980).

To better exploit the directionality and plume dispersion
information inherent in highly time-resolved ambient data,
Yamartino (1982) proposed a mass-balance model, wherein am-
bient concentrations were expressed as the products of source
emission and plume dilution rates derived deterministically us-
ing Gaussian plume dispersion equations for individual sources

883
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of SO2. Cooper (1982) reported a similar approach to ambi-
ent aerosol particle mass data. However, these attempts met
with limited success, owing largely due to the fundamental in-
accuracies in the Gaussian plume model. More recently, Park
et al. (2005) devised a multivariate pseudo-deterministic recep-
tor model (PDRM), in which a Gaussian plume model is used to
constrain the solutions to the basic mass-balance model, rather
than applying it in a deterministic manner. Unlike traditional re-
ceptor models, the PDRM (as well as those by Yamartino 1982
and Cooper 1982) exploits knowledge of the number and lo-
cations of major stationary sources, source and transport wind
directions and distances, stack gas emission parameters, and me-
teorological plume dispersion during sample collections. Fur-
thermore, emission rates are predicted for specific, individual
sources, rather than generic source categories. The PDRM was
applied with good success to 30-min SO2 and aerosol metals data
collected at a site in Tampa, Florida, during a period of moderate
winds and good mixing, using micrometeorological parameters
derived from 10-Hz u, v, w measurements made at the site. The
Tampa modeling domain is relatively flat, and encompassed 6
sources, including 4 utility power plants and 2 much smaller in-
dustrial sources, lying in a 90◦ sector at distances ranging from
15 to 41 km from the air monitoring site. Sulfur dioxide emis-
sion rates predicted by the model were in excellent agreement
with emission rates derived from continuous emission monitors
(CEMs) available for the 4 power plants and ambient concen-
tration versus time profiles were well fit for both SO2 and the
major marker species (especially Se for coal-boilers and Ni for
oil).

Herein, we describe the application of the PDRM to an oth-
erwise similar data set collected in Pittsburgh, PA, an area char-
acterized by rough Appalachian Mountain terrain, during the
Pittsburgh Air Quality Study (PAQS), and for which only stan-
dard meteorological data were available.

2. EXPERIMENTAL DATA

2.1. Description of Measurement Site
and Modeling Period

The sampling site (312.4 m ASL, Figure 1) was located in
Schenley Park on the top of a hill adjacent to the Carnegie Mel-
lon University campus, approximately 6 km east of downtown
Pittsburgh. There are roughly two million people living in the
Pittsburgh Metropolitan Statistical Area, and elderly people rep-
resent a significant fraction of the population. The area is located
between the utilities and agricultural sources of the Midwest and
the large urban centers of the East. The site is more than sev-
eral hundred meters from any major source of air pollution, and
roughly one kilometer of parkland exists between the site and the
city in the predominant upwind direction (south and west). Sam-
pling equipment was housed in a 33 m2 air pollution monitoring
station. Our modeling was performed on ambient data collected
between 06:00 and 18:30 h on April 1, 2002, during which time
wind angles (measured from true north) ranged from 290–330◦

and 30-min averaged wind speeds ranged from 2.5 to 5.2 m sec−1

(Figure 2) with maximum ranges 5.0–8.2 m sec−1. This sector
contains two small-scale coal-fired boilers within 45 km from
the site, which are used for supplying process steam, specifi-
cally, the Bellefield boiler plant and Pittsburgh brewing plant;
and two industrial sources (Shenango coke works and Zinc Corp.
Amer). Source-receptor distances and station angles (measured
at Schenley Park from due North), and annual emissions data
for PM2.5 and SO2 (NEI 1999 annual emission inventory data)
are listed in Table 1. As indicated, the Bellefield boiler plant
is located at an angle of 286◦ and 0.8 km away from the site.
The Bellefield boiler plant provides steam heat to the hospital
complex, museums and universities in the Oakland district of
Pittsburgh, and burns bituminous/sub-bituminous coal to pro-
duce steam in an over- and under-feed stoker boiler with a cy-
clone separator to control particle emissions. The Pittsburgh
brewing coal-fired boiler (station angle, 316◦; distance, 3.4
km) uses bituminous/sub-bituminous coal in an overfeed stoker
boiler to produce process steam. The Shenango coke works, lo-
cated on Neville Island on the Ohio River (station angle of 297◦;
distance 13.0 km) operates a coke battery, a by-product facil-
ity, and a steam and power plant, and produces approximately
350,000 tons of blast furnace coke and related by-products a
year. Zinc Corporation of America (ZCA) operates its multi-
product zinc manufacturing plant. The ZCA is the largest zinc
producer (zinc oxide, zinc metal, zinc dust) in the USA, and
the plant site, powered by its own 110-MW power station, is
located 41.9 km northwest of the site along the Ohio River and
at an angle of 307◦.

2.2. Meteorological Measurements
Ten-minute averaged surface wind speed/direction, temper-

ature, relative humidity, solar radiation, and pressure were
recorded during the PAQS by Carnegie Mellon University
(CMU). 30-min averages of the wind speed and direction mea-
surements made during the study period on April 1, 2002 are
shown in Figure 2. During the modeling period, the tempera-
ture and relative humidity ranged from 3.4–10.1◦C and 34–93%,
respectively, with moderate winds between 2.5–5.5 m/sec over
a narrow range of wind directions (280–330◦). On that day the
mixing height remained almost constant (1960–2010 m) through
the day because of the persistence of a strong inversion. Sunrise
was at 6:03 eastern standard time (EST), and sunset was at 18:44
EST. Light precipitation (0.1 cm) was recorded across the study
area between 02:00 and 05:00 h.

2.3. SO2 and Elemental Measurements
2.3.1. SO2 Data

Ambient SO2 mixing rations (ppb) were measured with a
pulsed fluorescence analyzer (API 100A model) at 10-minute in-
tervals during the study period. These were converted to µg m−3

using ambient temperature and pressure data and used to con-
struct 30-minute averages for use in the model. Examination of
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FIG. 2. Wind speed and direction during the modeling period on April 1, 2002.

the SO2 data reveals that six different excursions (04:30–06:00,
07:30, 09:00–11:00, 12:00–13:00, 14:00–15:30, and 17:00 h)
were observed during the study period (see Figure 3). The high-
est 30-min average SO2 concentration, 75.7 ppb (205.0 µg m−3),
was observed at 09:30 on April 1.

2.3.2. PM2.5 Sampling and Elemental Analyses
Approximately 800 ambient aerosol samples were collected

continuously at 30-min intervals at the Pittsburgh CMU Su-
persite between March 31 and April 17, 2002 using the Univer-
sity of Maryland Semi-continuous Elements in Aerosol Sampler
(SEAS). The SEAS employs a state-of-the art dynamic aerosol
concentrator to extract particles as small as 80 nm after steam-
injection and subsequent cooling to induce particles to grow to
a size >0.7 µm. The resulting droplets are collected in a real
impactor and then transferred to a fraction collector for stor-

TABLE 1
Emission information for stationary sources

Station
Control Distance angle PM2.5 SO2

Facility name devices (km) (deg) (ton yr−1) (ton yr−1) Industry type Category

Bellefield boiler plant Cyclone 0.8 286 94 745 Steam supply Coal fired steam
Pittsburgh brewing co. — 3.4 316 9 106 Food, agricultural,

and beer
Coal fired steam

Shenango Coke Works Fabric filter 13.0 297 79 2450 Blast furnace and
steel mill

Coke

Zinc Corp of America — 41.9 307 678 8641 Coal-fired boiler/
industrial
processes

Primary non-ferrous
metals

age in clean vials, every 30 min, providing 48 samples a day.
Within 24 h of collection, the samples were capped and trans-
ferred to storage at CMU at −14◦C. Detailed descriptions of
the SEAS sampler have been presented elsewhere (Kidwell and
Ondov 2001, 2004). A subset of these, including 28 of those
collected for the April 1, 2002 study period were shipped to the
University of Maryland at dry-ice temperature and analyzed in
triplicate for 11 elements (Al, As, Cd, Cr, Cu, Fe, Mn, Ni, Pb,
Se, and Zn) by simultaneous multielement Graphite Furnace
Atomic Absorption Spectroscopy (GFAAS) with Zeeman back-
ground correction (SIMMA 6000, Perkin Elmar Corp., Danbury,
CT) by methods developed by Pancras et al. (2005). The coef-
ficient of variation for the three replicate measurements was
<7%, except for Ni, Al and Cr for which it was generally
≤10%. From 91 to 100% of all values measured were above
their MDLs in samples comprising the study period. Except Ni
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FIG. 3. Temporal profile of 30-min averaged SO2 concentrations (a); and As and Se concentration profiles, and As/Se ratios (b).

(81%) and Cd (19%). Because Cd was at or below the detec-
tion limit in 81% of the samples, it could not be used in the
model.

The PDRM is designed specifically to apportion contribu-
tions from stationary sources whose plumes induce excursions
in concentrations above the background levels induced by dis-
persed and very distant sources. Therefore, background concen-
trations were evaluated as the concentrations of SO2 or metal
species measured at intervals prior to the onset of an excur-
sion and immediately after the excursion, and were subtracted
prior to use in the PDRM. These were as follows: SO2, 3.5
ppb; and metals in ng m−3, Al, 2.64; As, 0.66; Cr, 0.13; Cu,
2.71; Fe, 6.03; Mn, 0.52; Ni, 0.41; Pb, 1.36; Se, 0.64; and

Zn, 4.24. Background-corrected concentrations for SO2 and
each of the 10 elemental particle constituents are shown in
Figure 4.

2.4. Model Description
The basis of the model is a mass balance equation wherein

the ambient contributions of each of the sources to each species
are expressed as products of emission rates (ERi, j , g s−1) and
meteorological dispersion factors (χ/Q j,t , s m−3) appropriate
for each sampling period, t , i.e.,

[Ei ]t =
n∑

j=1

E Ri, j · (χ/Q) j,t [1]
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where [Ei ]t are ambient concentrations of species of interest (i,
in ng m−3) measured in sample, t , and ERi, j s are emission rates
of species, i , from j stationary sources and represent averages
for the period during which the samples (time intervals) used in
model were collected. To solve the model, χ/Q j,t ’s are calcu-
lated for each sampling interval using a simple Gaussian plume
model,

(χ/Q) j,t = 1

2πσyσzu
exp

[
−1

2

y2

σ 2
y

]{
exp

[
−1

2

(
z − h

σz

)2]

+ exp

[
−1

2

(
z + h

σz

)2]}
, [2]

FIG. 4. (a) PDRM-predicted and observed concentrations of modeled species. (b). PDRM-predicted and observed concentrations of modeled species. (Continued)

where χ is the concentration (g m−3), Q is the continuous mass
emission rate (g s−1), and u is the transport speed (m s−1) of the
plume over its trajectory. Dispersion parameters, σy and σz , are
the standard deviations of the concentration distributions in the
lateral (y) and vertical (z) directions, and increase with down-
wind distance (x), from the source. h is the height of the plume
centerline when it becomes essentially level, and is the sum
of actual stack height (hs) and the plume rise (�h). The cal-
culated plume rises for the Bellefield boiler plant, Pittsburgh
brewing co., Shenango Coke Works, and Zinc Corp of America
applied in the modeling study are 84, 53, 95, and 174 m, respec-
tively. Gaussian plume models are commonly used to explain
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FIG. 4. Continued.

the dispersion of a species emitted from a point source and used
because of their simplicity (US EPA 1980). In the plume model
(Equation 2), the effects of gravitational settling and dry deposi-
tion on the ambient gases and particles are neglected, as are air
pollutant removal by physical or chemical processes, and hor-
izontal and vertical turbulence is assumed to be homogeneous.
Mathematical expressions to calculate σy and σz , mean u, dis-
placement (y) and h are described previously (Park et al. 2005;
Seinfeld and Pandis 1998).

Equations (1) and (2) are solved, simultaneously, using a non-
linear least squares solver (“lsqcurvefit”) in MATLAB (Math-
Works, Inc., version 6.5). The MATLAB program provides a
solution that minimizes an object function, FUN, which we de-
fine as follows,

FUN =
l∑

i=1

m∑
t=1

n∑
j=1

(
E Ri, j ·(χ/Q)PDRM

j,t − [E]i,t
)2

[3]

to which we apply the constraint that:

LB(χ/Q)Met
j,t ≤ (χ/Q)PDRM

j,t ≤ UB(χ/Q)Met
j,t [4]

where LB and UB are upper and lower bounds within which the
solver is directed to find solutions. Setting up constraints is es-
sential to the model because the number of solutions for a product

of unknowns is infinite and the Gaussian plume model is inac-
curate. Once configured, the constrained model was applied to
estimate the emission rates of SO2 and elemental constituents of
primary particles. Solutions for (χ/Q)PDRM

j,t were constrained to
the range 0.1–2.5, consistently, for all four sources. This choice
was derived from information reported for an intentional tracer
study (Ondov et al. 1992) conducted at a coal-fired power plant
20 km from an arc of samplers in Maryland, in which χ/Q’s
calculated with two different parameterizations of a Gaussian
plume model differed by factors ranging from 5–10.

Input variables used in the hybrid receptor model are as fol-
lows; (1) 30-min ambient concentrations of SO2, Al, As, Cr, Cu,
Fe, Mn, Ni, Pb, Se, and Zn, (2) derived and measured meteoro-
logical parameters, as described below, (3) stack data (physical
stack height, stack inside diameter, exit gas velocity, and exit gas
temperature (see Table 2), and (4) station angles for the emission
sources. Herein, the best fits were obtained with a four-source
model.

2.5. Estimation of Micrometeorological Parameters
Horizontal and vertical dispersion parameters (σy and σz)

and atmospheric turbulence components were derived from
micrometeorological parameters (i.e., friction velocity, u∗;
Monin-Obukhov length, L; and convective velocity scale, w∗)
via similarity theory as described previously (Park et al. 2005).
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TABLE 2
Stack information

Base
Plant Elevation (m ASL1) Height (m) Inside diameter (m) Exit temp (K) Exit velocity (m s−1)

Bellefield boiler plant 267.4 59.42 2.74 565.0 7.70
77.73 3.35 426.5 5.90

Pittsburgh brewing co. 234.4 64.0 2.44 478.0 4.57
Shenango Coke Works 223.4 76.2 3.05 584.3 6.08
Zinc Corp of America 238.4 84.04 3.10 422.0 9.04

121.95 5.40 365.0 12.00

Note: 1 ASL means above sea level; 2 Stack #1 spec of the Bellefield plant; 3 stack #2 spec (used in the modeling study); 4 stack spec of boiler
plants; 5 stack spec of primary non-ferrous metal production plant (used in the modeling study). Respective plume rises, for Bellefield, Pittsburgh
Brewing Co., Shenango Coke, and Zinc Corp, were calculated to be 84, 53, 95, and 174 m during peak concentration periods.

Calculation of the micrometeorological parameters is described
below as are atmospheric stability Class and mixing layer
heights. Also, because 3-D sonic anemometer data were not
available, sensible heat fluxes (H) and friction velocities (u∗)
were obtained from a 3-hourly, 80 km NCEP’s EDAS dataset
(http://www.arl.noaa.gov/ready/ametus.html) from which
hourly data were then interpolated. Kleissl (2004) observed
that values of u∗ and H deived from the 80 km NCEP’s
EDAS data corresponded fairly well to those derived from
3-D sonic anemometer measurements at the Baltimore
Supersite.

2.5.1. Atmospheric Stability
Stability class was estimated based on Turner’s method

(1964), which considers the effects of solar altitude (a function
of time of day and time of year), total cloud cover, and ceiling
height. The net radiation index is related to the solar altitude
and is determined from the procedure described by the US EPA
(1999). Solar altitude can be determined from the Smithsonian
Meteorological Tables (ref. 17). The solar altitude angle (α) is
calculated as follows:

α = sin−1[{cos(L)∗ cos(δ)∗ cos(hs)} + {sin(L) ∗ sin(δ)}] [5]

where L is local latitude (40.44◦), δ is solar declination (List
1966), and hs is hour angle, describing the difference between
local solar time and solar noon. Accordingly, the atmospheric
stability was estimated to be slightly unstable or neutral during
the study period.

2.5.2. Mixing Layer Height (z)
Hourly mixing heights were determined from (1) morning

and afternoon estimates of mixing heights; (2) the local stan-
dard time of sunrise and sunset; and (3) hourly estimates of
stability. Morning and afternoon mixing height estimates are
based on Holzworth’s method (Holzworth 1972) using radio-
sonde data from the Pittsburgh airport. The morning mixing

height is estimated as the height above ground at which the dry
adiabatic extension of the morning minimum surface temper-
ature (i.e., between 02:00 and 06:00 local standard time) plus
5 intersects the vertical temperature profile observed at 12:00
GMT. A similar computation for the afternoon mixing height is
made using the maximum surface temperature observed from
12:00 through 16:00 LST, except that the surface temperature is
not adjusted. Hourly mixing heights are interpolated from these
twice per day estimates, as described in the user’s guide for the
ISC dispersion model (19). The procedure uses the maximum
mixing height (zmax) from the previous day (i − 1; March 31),
the computation day (i ; April 1) and the following day (i + 1;
April 2) and the minimum mixing height (zmin) for days April 1
and 2. If the boundary layer was classified as stable in the hour
before sunrise, the value for the minimum mixing height is used
as the mixing heights between midnight and sunrise. Between
sunrise and 14:00 LST, the interpolation is between zmin,i and
zmax,i . For the period 14:00 LST and sunset, the value for zmax,i

is used. During the hours between sunset and midnight under
stable stability, the interpolation is between zmax,i at sunset and
zmin,i+1 at midnight.

2.5.3. Monin-Obukhov Length (L) and Convective
Velocity Scale (w∗)

The Monin-Obukhov length (L), a stability parameter relat-
ing u∗ and H, was computed from the equation suggested by
Venkatram (1996)

L = −ρ · C p · T u3
∗

K · g · H

where ρ is the density of dry air (1.25 kg m−3), Cp is the specific
heat capacity of air (1004 J kg−1 · K−1), T is ambient temper-
ature (K), u∗ is the surface friction velocity (m s−1), K is the
von Karman constant (0.4), g is the acceleration due to gravity
(9.81 m s−2), and H is the surface sensible heat flux (W m−2); the
negative sign is used by convention to distinguish stable from
unstable conditions.
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TABLE 3
Estimation of emission rates for SO2 and metal species for

each of 4 sources (units: g s−1)

Bellefield Pittsburgh Shenango Zinc Corp
Species boiler plant brewing plant Coke Works of America

SO2 48 176 123 176
Al 0.0336 0.0800 0.1203 0.1453
As 0.0012 0.0105 0.0046 0.0009
Cr 0.0006 0.0021 0.0017 0.0020
Cu 0.0007 0.0408 0.0402 0.0480
Fe 0.0365 0.0926 0.1610 0.1130
Mn 0.0038 0.0032 0.0038 0.0010
Ni 0.0016 0.0065 0.0062 0.0070
Pb 0.0010 0.0232 0.0236 0.0369
Se 0.0005 0.0119 0.0126 0.0184
Zn 0.0299 0.0554 0.0807 0.0633

Convective velocity scale (w∗) is computed from the follow-
ing definition (Wyngaard, 1988) as:

w∗ =
(

g · H · zi

ρ · C p · T

)1/3

where zi denotes mixing layer height (m).

3. RESULTS AND DISCUSSION
Ambient concentrations of SO2, As, and Se are plotted in

Figure 3. Herein, the model was solved for a set of 44 emis-
sion rates and 100 dispersion factors (χ/Q)PDRM. The χ/Qs
predicted by both the PDRM and Gaussian plume model (Equa-
tion 2) for each of the four sources are plotted as a function of

TABLE 4
Emission rate ratios and regression statistics for ambient concentrations.

ER ratio from modeling results3

Regression relationship Bellefield boiler Pittsburgh brew. Shenango coke Zinc Corp
Species CMU measurement site (ng/m3) r2 plant plant works America

SO2 SO1
2 = (11.2 ± 1.9)∗∗∗ Se + (12 ± 13) 0.772 96.04 14.84 9.764 9.574

Al Al = (3.0 ± 0.7)∗∗ Se + (23 ± 5)∗∗ 0.635 67.2 6.7 9.55 7.9
As As = (0.99 ± 0.03)∗∗∗ Se + (−1.1 ± 0.2)∗∗∗ 0.987 2.4 0.88 0.36 0.049
Cr Cr = (0.14 ± 0.01)∗∗∗ Se + (0.23 ± 0.07)∗ 0.944 1.2 0.18 0.13 0.11
Cu Cu = (3.31 ± 0.16)∗∗∗ Se + (0.35 ± 1.1) 0.973 1.4 3.4 3.2 2.6
Fe Fe = (3.3 ± 0.8)∗∗ Se + (30 ± 5)∗∗∗ 0.655 73.0 7.8 12.8 6.1
Mn Mn = (0.029 ± 0.033) Se + (1.9 ± 0.2)∗∗∗ 0.177 7.6 0.27 0.30 0.05
Ni Ni = (0.48 ± 0.04)∗∗∗ Se + (0.42 ± 0.26) 0.939 3.2 0.55 0.49 0.38
Pb Pb = (2.2 ± 0.14)∗∗∗ Se + (−0.8 ± 0.9) 0.956 2.0 1.95 1.87 2.00
Zn Zn = (2.5 ± 0.5)∗∗∗ Se + (15.0 ± 3.2)∗∗∗ 0.726 59.8 4.7 6.4 3.4

Note: ∗ p < 0.01, ∗∗ p < 0.001; ∗∗∗p < 0.0001
1Unit is in µg m−3; 2r indicates correlation coefficient; 3 ER ratio means ratio of emission rate for each species to emission rate of Se; 4indicates

the ratio divided by 1000.

time of day in Figure 5. Predicted emission rates (averages for
the study period) are listed in Table 3 and emission rate ratios (to
Se) predicted for the four sources are listed in Table 4. Analo-
gous ratios derived previously from application of the PDRM as
well as those derived from in-stack measurements reported for
coal-fired boilers/power plants in the Eastern U.S. are listed in
Table 5. Average concentrations induced by each of the sources
during the study period were calculated as the product of the
predicted average ER j s and (χ/Q)PDRMs, and are expressed as
percentages of total elemental concentrations observed for the
study period in Table 6. Results of a sensitivity analysis to the
choice of constraints applied to solutions for (χ/Q)PDRM are
shown in Figure 6. Last, Observed and predicted concentrations
are compared in Figure 4, and model performance statistics are
listed in Table 7.

3.1. Dispersion Factors for Each of 4 Stationary Sources
As shown in Table 1, all four boilers were quite small, the

largest being the 110 MW boiler at ZCA, 42 km from the site.
Nevertheless, SO2 concentrations observed at the CMU site dur-
ing the study period were quite high, 20 to 80 ppb, during the
periods of plume influence (see Figure 3). We attribute this to
the proximity of the Bellefield and PBC boilers and the eleva-
tion of the CMU site which reduces distance between the ground
and the plume centerlines. As shown in Figure 5, χ/Q maxima
predicted by the Met model for these sources were large, i.e.,
∼10−6 s m−3. The largest value predicted for the PBC corre-
sponds to the study period maximum SO2 (30-min average) of
80 ppb (205 µg m−3), which occurred at 09:30 h.

As is evident from Figure 5, the χ/Qs, plumes of each of the
sources are predicted to have influenced air at the site on mul-
tiple occasions, as winds shifted them towards and away from
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FIG. 5. Calculated and PDRM-derived dispersion factor (χQ)j,t for each of 4 emission sources.

their station angles. On this basis, plumes from the Bellefield
boiler plant (286◦, 0.8 km distant), influenced the site between
10:30 and 13:30 h, and (χ/Q)PDRMs for this source were in
the range 0.05–0.32 × 10−6 s m−3. χ/Q’s calculated with the
meteorological model (Equation 2) were substantially less than
those predicted by the PDRM, presumably due to the effects of
buildings and roughness elements on the CMU campus which
tend to increase dispersion, and our application of the larger
of the two stack heights reported for this source, which also
leads to greater dispersion estimates. Bellefield’s SO2 plume
is predicted to have influenced the site between 10:30–12:00 h
and again between 12:30–13:00 h and as indicated in Table 3,
its average SO2 emission rate was 48 g s−1.

χ/Q’s for the PBP (station angle, 316◦; distance, 3.4 km)
suggest that its plume was influential on five occasions (i.e.,
at 07:30, 09:30, 12:30, 14:30–15:30 and 17:00 h). Maximum
predicted influence occurred at 09:30 h, which as mentioned
above, precisely corresponds to the time at which the period
maximum SO2 concentration (195 µg m−3, after background

correction) was observed at the site. The predicted SO2 emission
rate average (176 g s−1, Table 3) for this source is 3-fold larger
than Bellefield’s but its (χ/Q)PDRMs (0.2–0.8 × 10−6 s m−3)
were comparable to Bellefield’s. Thus, its influence was greater
than that of Bellefield. In contrast to the case for Bellefield,
(χ/Q)Met s for the PBP were less than those predicted by the
PDRM. This is not surprising, given the uncertainties in the
inputs to the plume model as well as its simplicity. This was also
the case for the SCW (station angle 297◦; distance 13.0 km).

The plumes from the SCW were predicted to influence the
site at 07:00, 08:30, 10:30-12:00, 13:00–13:30, and 16:30 h,
during which time (χ/Q)PDRMs (0.10–0.20 × 10−6 s m−3) were
∼5-fold less than those for Bellefield and the predicted SO2

emission rate average (123 g s−1) is comparable to that pre-
dicted for the PBC. As also indicated in Figure 4, the plumes
from ZCA (station angle, 307◦; distance, 41.9 km), arrived at the
measurement site at 07:00–08:30, 09:30, 15:30, and 16:30 h, dur-
ing which time their (χ/Q)PDRMs (0.13–0.31 × 10−7 s m−3 and
nearly identical to their (χ/Q)Mets were 10- to 100-fold smaller
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TABLE 5
Fine-particle metal: Se ratios reported for various Eastern coal-fired power plants with ESPs

Ohio River Valley
Power Plants

(Baker et al. 1983)2Tampa Chalk Pt, Mt. Tom
Park et al. MD Gladney Kowalczyk Dickerson, MD Eddystone, PA
(2005)1 et al. (1976)2 et al. [1984]2 Small (1974)2 Olmez et al. (1988)2 “A” “B” “C”

SO2 79000
Al 30 970 635 147 568 726 402 2154
As 0.91 20 1.55 1.17 2.59 4.50 1.50 6.10
Cr 0.73 1.77 1.97 0.48 1.52 4.67 1.50 7.40
Cu 0.55 0.68 0.31 1.24 1.67 1.50 4.90
Fe 33 272 377 80 307 169 94 482
Mn 0.33 3.09 2.39 0.66 1.18 1.67 1.50 5.00
Ni 0.30 2.10 0.55 1.59 2.00 1.00 3.70
Pb 1.00 3.20 0.35 1.76 1.17 1.70
Zn 1.76 5.66 1.39 1.67 2.83 1.50 5.10

1Derived from deconvolution of ambient concentration measurements near Tampa, FL, using the Pseudo-Deterministic Receptor Model.
2Derived from analysis of in-stack sampling of fine “fine” particles, except Mt. Tom ratios, which were drived from analyses of all in-stack

particles.
3Electrostatic Precipitator.

than maxima predicted for the other sources, while their average
SO2 emission rate was estimated to have been only 176 g s−1,
i.e., precisely that estimated for PBC. Consequently, their influ-
ence on the site during the study period was shown to be small.
As indicated in Table 6, 70–80% of the ambient concentration
excesses over background during the study period are predicted
to have been induced the PBP, i.e., for all species listed. Despite
its proximity, predicted contributions for Bellefield were <10%
for all species except Mn (15%); those for the SCW and ZCA
were 11–20% and <3.5%, respectively.

3.2. Performance Statistics
The overall performance of the model was evaluated for the

observed and predicted SO2 and metal concentrations using the
following statistical measures (Hana 1988; Kumar et al. 1993;
Patel and Kumar 1998) which they applied to modeling results

TABLE 6
Predicted contribution averages for the study period, % of

measured concentration attributed to indicated source

Bellefield Pittsburgh Shenango Zinc Corp
boiler brewing Coke of

Species plant plant Works America

SO2, Zn, Cr, Ni, 6–10 70–80 11–19 0.2–3.4
Al, Fe, As

Pb, Se 1.8 75 20 3.2
Cu 0.8 76 20 2.5
Mn 15 72 12 0.6

for ambient SO2 concentrations: mean bias (MB), mean normal-
ized bias (MNB), root mean square error (RMSE), normalized
mean square error (NMSE), correlation coefficients (CC), and
the fraction of predicted concentrations lying within a factor of
2 (Fa2) (i.e., 0.5 ≤ Cpred/Cobs ≤ 2.0) of the measured ambient
concentrations; all as defined in Table 7. According to Kumar
et al. (1993), model performance is deemed acceptable if NMSE
≤ 0.5 (50%) and Fa2 ≥ 0.8 (80%).

For SO2, the average ratio of the predicted and observed
concentrations (P:O) was 1.09 ± 0.22. As indicated in Figure 5,
the SO2 concentration profile predicted by the 4-source model is

FIG. 6. Normalized SO2 emission rates predicted as a function of the value
of the base upper-bound constraint.
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in excellent agreement with the observed SO2 concentrations
except at 09:30 and between 3:30–16:00 hr. Underestimates (by
26%) occurred at 09:30 hr when the highest concentration was
observed, whereas overestimates ranging from 23–64% were
observed between 14:30–16:00 h, i.e., when the plume from
PBC is predicted to have been its main source. During this
period, the maxima in (χ/Q)PDRM exceeded (χ/Q)Met by 2,
i.e., close to, but not in excess of the limiting factor of 2.5 im-
posed by our constraint (which, as indicated below, was the
global optimum value). Nevertheless, the average observed SO2

concentration (66 µg m−3) is nearly identical to the predicted
average (68 µg m−3), and the MNB, which is sensitive to
small observed concentrations, is only −8.8%. Additionally,
RMSE and NMSE for SO2 are 16.6 ng m−3 and 6.2%, re-
spectively, and all predictions were within a factor of 2. All
are within the acceptable ranges suggested by Kumar et al.
(1993).

For those metals having temporal concentration profiles simi-
lar to that of SO2, i.e., As, Cr, Cu, Ni, Pb, Se, and Zn, agreement
between observed and predicted concentrations was excellent
(see Figure 5 and Table 7). The average P:O ratio was 1.07 ±
0.44 (0.64∼2.33) for As, 0.97 ± 0.20 (0.65∼1.54) for Cr, 0.98
± 0.18 (0.65∼1.54) for Cu, 1.03 ± 0.25 (0.73∼1.65) for Ni,
1.04 ± 0.40 (0.64∼2.65) for Pb, 0.97 ± 0.22 (0.64∼1.47) for
Se, and 0.98 ± 0.16 (0.58∼1.26) for Zn, respectively. (Values in
parentheses are uncertainties in the ratio expressed as 1 standard
deviation.) The largest deviations (from 1) were mostly observed
at times when their concentrations were very near background
levels, e.g., at 11:30, 13:00, or 16:00 hr, and therefore, have
small effects on the mean contributions predicted for the vari-
ous sources. Residuals ranged from -1.8 to 1.9 ng m−3 (mean
bias: 0.20 ng m−3, see Table 7) for As, from −0.3 to 0.5 ng
m−3 (mean bias: 0.05 ng m−3) for Cr, from −5.5 to 6.8 ng m−3

(mean bias: 0.91 ng m−3) for Cu, from –0.5 to 1.3 ng m−3 (mean
bias: 0.07 ng m−3) for Ni, from −2.8 to 4.4 ng m−3 (mean bias:
0.42 ng m−3) for Pb, from −1.8 to 2.2 ng m−3 (mean bias:
0.31 ng m−3) for Se, and from −8.4 to 8.3 ng m−3 (mean bias:
0.82 ng m−3) for Zn. As indicated in the Table 7, MNB ranged
from −7.1% for As to 3.4% for Cr. The performance indices,
NMSE and Fa2, are also quite reasonable for these elements
described above, ranging from 4.6 and 90% for As to 3.4 and
100% for Se. The RMSE ranged from 0.9 ng m−3 for As to 4.5
for Zn.

Quite reasonable agreement also was observed for Al and
Fe, even though their concentrations might be expected to be
influenced by inopportune fluctuations in local dust concentra-
tions. Indeed, Al (but not Fe) was severely under predicted (i.e.,
by nearly 2-fold) in one sample, i.e., at 14:30, possibly, due to
this reason. Nonetheless, the average P:Os were 0.96 ± 0.23
(0.55∼1.39) and 0.98 ± 0.21 (0.60∼1.38) for Al and Fe, re-
spectively, and their respective MNBs were only 3.8 and 2.3%.
Clearly, both errors and performance indices (NMSE and Fa2)
associated with the model predictions are all within the accept-
able ranges.

3.3. Sensitivity to Constraints
A sensitivity analysis was performed by varying the upper

bound of α j (UB) from 1.0 to 5.0. Results are shown in Figure
6 wherein the P:O ratio for average SO2 emission rates are plot-
ted against UB. In this figure, the predicted emission rates are
normalized to those calculated for the base UB constraint = 2.5.
As shown in the Figure 6, there is little change in ratio of the ob-
served and predicted SO2 emission rates for UBs exceeding 2.5.
Ratios for UB <2.5 increased gradually, varying from 0.97–1.65
depending on the source. Quite similar behavior was observed
in our Tampa study (Park et al., 2005). For these reasons, results
reported herein are those obtained with UB = 2.5.

3.4. Comparison of emission profiles
Emission rates predicted for 9 elements from each of the 4

sources are also listed in Table 3. Unfortunately, neither SO2

nor particle-borne elements measurements, against which these
results could be substantiated, were available. Nevertheless, a
test of “reasonableness” can be made by comparing the ratios
of predicted concentrations (i.e., source profiles) with those re-
ported for other coal-burning plants. Coal combustion is the
largest source of SO2 emissions in the Pittsburgh area. While
there are numerous coal boilers and coking plants, there are no
primary metal smelters in the modeling domain. Consequently,
SO2 and Se (a sulfur analog) are themselves, good indicators of
coal or coke emissions. Moreover, ambient concentrations (un-
corrected) of As and Se were highly correlated (r = 0.987, see
Table 4), as were those of Pb, Ni, Cr, and Cu; and their regression
equation intercepts were generally small or insignificant with re-
spect to ambient concentrations, suggesting (1) great similarity
in the sources of particles affecting air quality at different times
of the day and (2) little influence from non-modeled sources.

Moreover, the As/Se ratio is reported to be approximately 1
in air sheds influenced by coal combustion and has been used
to distinguish between the influences of coal combustion and
other anthropogenic sources (Olmez et al., 1998). Six SO2 ex-
cursions are evident in Figure 3 (i.e., at 04:30–05:30, 07:30,
09:30, 12:30, 14:30–15:30, and 17:00 h) and each corresponds
to excursions in Se and As. As shown in Figure 3(b), Se (As)
concentrations ranged from 4.4–11.4 ng m−3 (3.4–9.7 ng m−3)
between 04:30-10:00 h and from 2.4–8.9 ng m−3 (1.5–8.3 ng
m−3) between 14:30–17:30 h, and were substantially elevated
over their regional background concentrations. During these pe-
riods, As/Se ratios were between 0.8–0.9 (04:30–10:00 h), and
0.63–0.94 (14:30–17:30 h), i.e., in reasonable agreement with
a coal combustion source. For periods when impacts of As, Se,
and SO2 were minimal, the As/Se ratio was <0.4, i.e., substan-
tially different, as could be expected during times when air was
more affected by a more diverse mixture of sources.

Comparison of entries in Tables 4 and 5 shows that our
PDRM-derived ratios are well within the ranges reported for
other Eastern U.S. coal-fired boilers (Gladney 1974; Gladney
et al. 1976; Baker et al. 1983; Kowalczyk 1984; Olmez et al.
1988; Park et al. 2005), especially PDRM-derived ratios for
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a coal-fired power plant in Tampa. Such ratios depend on the
composition of coal, boiler and exhaust gas residence times and
temperatures, and on the type and efficiency of emission control
devices (Ondov et al. 1979). Relative to bulk ash composition
and its major/minor constituents (Si, Al, and Fe), concentrations
of Se, As, Ni, Pb, and Zn become enriched in submicrometer
coal-combustion particles as a result of differences in volatility
and the physics of nucleated condensation (Ondov and Biermann
1980) and these tend to be less efficiently removed by electro-
static precipitators (ESP), further contributing to the “enrich-
ments” observed for emitted particles. Lower enrichments are
observed for boilers with inefficient particle control devices, as a
greater proportion of larger, less-enriched, particles are emitted.
Thus, it is not surprising that Fe/Se and Al/Se ratios attributed to
Bellefield, a plant equipped only with a cyclone, are ∼10 times
those attributed to the other Pittsburgh boilers. Such differences
are emphasized by normalizing to Se. This is because substantial
fractions of Se are present in the gas phase at flue gas temper-
atures (typically these are in excess of 100◦C). The gaseous Se
is not removed by ESPs, but condenses on particles upon cool-
ing after release into the atmosphere (Ondov et al., 1989), and
thus leading to smaller element:Se ratios for boilers with highly
efficient ESPs. Despite the potential for much variability, some
ratios are remarkably consistent in emitted fine particles (see
Table 5 footnotes), most notably those for Pb, Zn, Cu, and As.
The good agreement for this substantial number of components
of the PDRM-derived profiles is reassuring.

4. CONCLUDING REMARKS
Unlike factor analysis and chemical mass balance models,

the hybrid multivariate receptor model used in this study, di-
rectly utilizes the numbers and locations of known sources, their
geographic relation to the receptor site, and wind direction dur-
ing sampling, in a Gaussian filter to reduce unwanted contribu-
tions. Furthermore, results for individual sources are obtained.
These encompass emission rates of primary pollutants from
specific sources, meteorological dispersion factors (χ/Qs) for
each source, and the ambient concentrations induced at the re-
ceptor site by the modeled sources. Emission rates determined
for individual sources the can be readily tested against in-stack
measurements. In this study we have obtained highly credible
results using ambient concentration data for only 25–30-min
measurement periods and commonly available meteorological
data, for a modeling domain encompassing complex terrain. The
performance measures reported suggest that the PDRM, coupled
with highly time-resolved ambient measurements, might be used
as a tool to monitor emission rates of SO2 and estimate emission
rates of toxic and other non-criteria pollutants without expensive
in-stack monitoring.
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[1] In July 1997, the U.S. Environmental Protection
Agency (EPA) issued new National Ambient Air Quality
Standards (NAAQS) for fine particulate matter (PM2.5,
atmospheric particles with aerodynamic diameters less than
2.5 mm). The PM2.5 NAAQS was developed by the EPA
based on the results of a series of epidemiological studies
that found persistent associations between outdoor concen-
trations of particulate matter (PM) and significant adverse
health effects. However, considerable uncertainty remained
concerning mechanisms by which various classes of par-
ticles might cause adverse health effects, as well as more
detailed information on the composition and concentrations
of ambient fine PM, that would be critical in implementing
the new standards.
[2] An improved understanding of the key sources,

development of the most cost-effective control strategies,
and health risks associated with PM2.5 requires high-quality
measurements of PM2.5 composition, size, and concentra-
tion over a variety of spatial and temporal scales. However,
many of the measurement methods for PM2.5, capable of
resolving size and composition, had not been thoroughly
evaluated nor previously deployed in regulatory monitoring
networks. In response to this need, EPA embarked on an
ambient monitoring research program, commonly referred
to as the Particulate Matter Supersites Program [EPA, 2000].
The primary goals of this program are as follows.
[3] 1. Ambient particulate matter and related species at

several locations throughout the United States with differing
atmospheric environments will be characterized to elucidate
source-receptor relationships and atmospheric processes.
This will provide the scientific foundation for modeling
and data analysis efforts that will support the development
of state implementation plans (SIPs) and will develop more
effective risk management approaches.
[4] 2. Health effects and exposure research will be

supported by providing enhanced atmospheric measure-
ments at ambient sites to obtain an improved understanding
of the physical and chemical characteristics of aerosols.
This information will help to reduce uncertainty in defining

and implementing the NAAQS and improve the health-
exposure research community’s ability to address research
questions and scientific uncertainties about PM source-
receptor-exposure-effects relationships.
[5] 3. Methods testing will be conducted to compare,

evaluate, and help validate emerging and routine methods
for characterizing PM. Results will help to define and
quantify methods uncertainty, to identify methods suitable
for routine monitoring, and to further support the first two
goals.
[6] The Supersites Program combines a mix of intensive

or advanced measurements at a central location combined
with other monitoring sites. The program consists of three
phases. In Phase I, EPA selected two initial sites: Atlanta,
Georgia, and Fresno, California. These sites were selected
by virtue of (1) ongoing and planned research activities
that closely aligned with those of the PM Supersites
Program and (2) distinctly different airsheds (e.g., atmo-
spheric chemistry, sources, etc.). In Phase II, seven addi-
tional sites were established, located in Baltimore,
Maryland; Fresno, California; Houston, Texas; Los Angeles,
California; New York, New York; Pittsburgh, Pennsylvania;
and St. Louis, Missouri. Detailed descriptions of the Super-
sites projects are available at the EPA Supersites Program
web page (http://www.epa.gov/ttn/amtic/supersites.html).
Phase III, now underway, includes the development of an
integrated relational database containing air quality and
meteorological data nationally from the end of June 2001
to August 2002 (http://supersitesdata.umd.edu/), the comple-
tion of the NARSTO data archive (http://eosweb.larc.nasa.
gov/PRODOCS/narsto/table_narsto.html), and the develop-
ment of a key and policy-relevant findings document.
[7] This collection of papers, which is the third coordi-

nated publication of results from the Phase II Supersites
Program, reflects the objectives of the program: to char-
acterize particulate matter, to provide information support-
ing health effects and exposure research, and to develop
new methods for characterizing fine particulate matter.
Papers describe results from Supersites projects in Pitts-
burgh, Pennsylvania; Los Angeles, California; Baltimore,
Maryland; Houston, Texas; Atlanta, Georgia; the North-
East Oxidant and Particle Study (NE-OPS); modeling

JOURNAL OF GEOPHYSICAL RESEARCH, VOL. 110, D07S01, doi:10.1029/2005JD005983, 2005

Copyright 2005 by the American Geophysical Union.
0148-0227/05/2005JD005983$09.00

D07S01 1 of 3



papers using data from Pittsburgh and Atlanta, and a paper
examining continuous PM mass methods in Los Angeles,
California, and Lindon, Utah.
[8] A Phase I Supersites Program special issue describing

results from Atlanta is published [Solomon et al., 2003]. The
first Phase II Supersites Program special issue is published
in Aerosol Science and Technology [Solomon and Allen,
2004], and the second is published in Atmospheric
Environment [Solomon, 2004]. Additional coordinated
publications of research results are planned to continue
to allow the science and policy communities interested
in airborne PM to effectively monitor the advances in
understanding PM in air made through the Supersites
Program.
[9] One of the major objectives of the Supersites Pro-

gram is to better understand PM accumulation on urban
and regional scales, including links between sources and
receptors. By addressing this objective, results from the
program should improve our approaches to developing
efficient and effective emissions management strategies
for reducing ambient levels of PM that may adversely
impact human heath and welfare. The following policy-
relevant findings derive from the measurement and mod-
eling results presented within this special issue and support
this objective.
[10] 1. Aerosol composition is different in different

particle size modes (ultrafine, accumulation, and coarse),
and the composition within these modes varies considerably
spatially and temporally, including between source and
receptor sites within the same air basin and on timescales
ranging from minutes to days as well as by season. These
differences reflect the impact of different sources, atmo-
spheric chemical processing, transport, and meteorological
conditions both on local and regional scales. These results
suggest that different control strategies may be needed in
the future depending on location and time of the year.
[11] 2. In the eastern United States, especially during the

summer, the aerosol is often acidic. During these conditions
the particles remain wet even at low relative humidity.
Results presented here clearly indicate that some of the
mass associated with the acidic aerosols during these
periods is water, even down to 30% RH.
[12] 3. To account for losses of semi-volatile species,

improved estimates of PM2.5 mass can now be obtained
using commercially available methods (e.g., FDMS) that
measure mass continuously in near-real time with little bias
from retention of water or volatilization of semi-volatile
species as is observed with the FRM under a variety of
conditions (Federal Register, 40 CFR Part 50, vol. 62(138),
July 18, 1997).
[13] 4. Primary and secondary organic aerosols contrib-

ute to PM concentrations in urban areas in the United
States. (1) Primary aerosols dominate during the winter in
the east, while secondary organic aerosols (SOA) are
important contributors during the summer (approaching
40% of the OC) with higher contributions observed during
ozone episodes (approaching 80% of the OC). On the basis
of results presented within, long-range transport of primary
and secondary organic aerosols appear to be important in
the eastern United States, suggesting that regional controls
on primary organic aerosols may be more effective than
local reductions in reducing the organic carbon portion of

PM in this part of the country. There should be expected
co-benefits on regional SOA derived from ozone reduction
strategies, recognizing that much of the summertime SOA
is derived from biogenic sources, and subject to direct
emission abatement. (2) In the Houston area, previous
results indicate that primary and secondary carbon com-
prise about equal portions of PM2.5 [Russell and Allen,
2004]. Of the secondary component, most appears to be
from biogenic precursors, formed as oxidants created in the
Houston urban areas mix with air masses rich in biogenic
VOCs emitted to the north of the urban core. However,
close to the urban and industrial areas of Houston, aromatic
VOCs are significant SOA precursors. This result suggests
ambient concentrations of ozone and other oxidants within
the greater Houston area may need to be reduced to
decrease levels of SOA. (3) Highly time-resolved measure-
ments of aerosol composition (major component and trace
elements), size distributions, single particle composition,
and VOC concentrations coupled with newly developed
mathematical approaches provide unprecedented ability to
identify the contribution of primary sources to the
observed PM2.5 concentrations in the measurement area.
This capability will help guide the refinement of urban
based strategies that address the ‘‘urban carbon excess’’
remaining after national rules are implemented that target
inorganic precursor gases.
[14] 5. Forest fires in both the eastern and the western

United States can lead to high PM2.5 concentrations over
large areas. These natural events cannot be controlled, and
their impact needs to be considered for areas near attainment
of the NAAQS for PM. The integration of satellite data
showing plumes from these major natural pollution events
will be beneficial to air quality managers by illustrating their
spatial and temporal dimensions and identify periods and
locations that should be examined for their influence on PM
levels.
[15] 6. In the east, ammonia often appears to be the

limiting reagent in the formation of nitrate, at least during
the winter, when nitrate concentrations are the highest.
(1) Significant substitution of sulfate by nitrate is predicted
for the winter months in Pittsburgh if SO2 emissions are
reduced. This increase in nitrate can be prevented by
reductions in NOx or NH3 emissions, although NH3 reduc-
tions seem to provide the largest benefit. This substitution is
predicted to be small during the summer months for the
same area. (2) The frequent nucleation bursts observed
during clean days in the northeastern United States are
due to the sulphuric acid-ammonia-water ternary system.
Modeling results indicate that controls of only SO2 emis-
sions by up to 50% are predicted to increase the frequency
of these events in the northeastern United States during the
summer and to reduce it during the winter. Controls of NH3

emissions are predicted to decrease the frequency of these
events during both the summer and winter. A combination of
SO2 and NH3 emission controls can decrease the frequency
of nucleation events and the PM2.5 concentration without
increasing atmospheric acidity.
[16] 7. Three-dimensional (3-D) chemical transport

models (e.g., CMAQ) and modules as well as observation-
ally based models are described and evaluated for perfor-
mance or process understanding. (1) The available inorganic
aerosol thermodynamic models and 3-D chemical transport
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models (e.g., CMAQ) can reproduce the observed partition-
ing of the major semi-volatile inorganic aerosol components
(ammonium, nitrate, and water) within about a factor of
1.5 to 2 on 50–90% of the data points. However, in many
cases the observed discrepancies can be explained by
experimental errors. Uncertainty analysis of the predictions
of these models is likely needed to have more confidence
in future control strategy results. (2) Measurements of the
total available (gas and aerosol) ammonia and total nitric
acid are important for both the evaluation of the available
modeling tools and for use as input to observation-based
models that can be used for the design of emission control
strategies. For example, nitrate substitution as sulfate
levels are reduced resulting in a nonlinear decrease of
PM2.5 mass was described by an observationally based
model in this special issue. The air quality model and
emissions inventory evaluation process would be markedly
enhanced with the deployment of ammonia measurements
in the national ambient monitoring networks.

[17] Acknowledgments. The United States Environmental Protection
Agency through its Office of Research andDevelopment partially funded and

collaborated in the research described here under Assistance agreements
CR8280257-01 (Desert Research Institute, Reno,Nevada), CR8280258-01-0
(Washington University, St. Louis, Missouri), CR8280259-01-0 (University
of California, Los Angeles, California), CR8280260-01-0 (State University
of New York, New York, New York), CR8280261-01-0 (Carnegie Mellon
University, Pittsburgh, Pennsylvania), CR8280262-01-0 (University of
Texas, Austin, Texas), and CR8280263-01-0 (University of Maryland,
Baltimore, Maryland). It has been subjected to Agency review and
approved for publication. Mention of trade names or commercial products
does not constitute endorsement or recommendation for use by EPA.

References
Environmental Protection Agency (2000), PM Supersites Program back-
ground, report, Washington, D. C. (Available at: http://www.epa.gov/
ttn/amtic/files/ambient/super/ssback.pdf 07-01-00)

Russell, M., and D. T. Allen (2004), Seasonal and spatial trends in primary
and secondary organic carbon concentrations in southeast Texas, Atmos.
Environ., 30(20), 3225–3239.

Solomon, P. A. (2004), Preface: Special issue of Atmospheric Environment
on findings from EPA’s Particulate Matter Supersites Program, Atmos.
Environ., 38(20), 3101–3106.

Solomon, P. A., and D. Allen (2004), Preface: Special issue of Aerosol
Science and Technology on findings from the Fine Particulate Matter
Supersites Program, Aerosol Sci. Technol., 38(S1), 1–4.

Solomon, P. A., E. Cowling, and R. Weber (Eds.) (2003), Preface to special
section: Southern Oxidants Study 1999 Atlanta Supersite Project (SOS3),
J. Geophys. Res., 108(D7), 8428, doi:10.1029/2003JD003536.

D07S01 PANDIS ET AL.: PREFACE

3 of 3

D07S01



Atmospheric Environment 38 (2004) 3165–3178

ARTICLE IN PRESS
*Correspond

422-0153.

E-mail addr

1352-2310/$ - se

doi:10.1016/j.at
Ambient fine particulate concentrations and chemical
composition at two sampling sites in metropolitan Pittsburgh:

a 2001 intensive summer study

William K. Modeya, Delbert J. Eatougha,*, Richard R. Andersonb, Donald
V. Martellob, Satoshi Takahamac, Leonard J. Lucasc, Cliff I. Davidsonc

aDepartment of Chemistry & Biochemistry, Brigham Young University, Provo, UT 84602, USA
bNational Energy Technology Laboratory, US Department of Energy, Pittsburgh, PA, USA

cCivil & Environmental Engineering, Carnegie Mellon University, Pittsburgh, PA, USA
Abstract

The concentration and chemical composition of ambient fine particulate material (PM2.5) is reported for two

sampling sites in the Pittsburgh, Pennsylvania metropolitan area: the Department of Energy, National Energy

Technology Laboratory (NETL) PM study site south of the city center, and the Carnegie Mellon Pittsburgh Air Quality

Study (PAQS) site 5 km east of central Pittsburgh established with funding by the EPA Supersites Program and by

DOE-NETL. Data from these sampling sites were characterized by one to three-day episodes with PM2.5

concentrations (constructed from the sum of the chemical components) exceeding 40.0 mgm�3. The episodes were

dominated by high concentrations of ammonium sulfate. The fine particle concentrations were compared with

meteorological data from surface weather maps and a Hybrid Single Particle Lagrangian Integrated Trajectory

model (HYSPLIT model), with back-trajectories estimated over 24 h. High PM2.5 concentrations were associated with

transition from a high pressure to a low pressure regime in advance of an approaching frontal system indicating long-

range transport of pollutants. In contrast, fine particulate organic material appeared to be dominated by nearby

sources. Distinct differences were observed in the diurnal variations in concentration between the two sites. The NETL

site showed clear maximum concentrations of semi-volatile organic material (SVOM) during midday, and minimum

concentrations of nonvolatile organic compounds in the afternoon. In contrast, the Carnegie Mellon PAQS site showed

an absence of diurnal variation in SVOM, but still with minimum concentrations of nonvolatile organic compounds in

the afternoon and evening. Neither site showed significant diurnal variation in ammonium sulfate.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: PM2.5 episode; PM2.5 composition; Pittsburgh; Local emissions; Long-range transport
1. Introduction

Fine particulate matter is a ubiquitous component of

the atmosphere, and has become a persistent and

pervasive environmental problem that imposes signifi-

cant health risks (Schwartz, 2001; Pope, 2000) and

economic costs (Hughes and Lovei, 1999) on society. In

1997, the United States Environmental Protection
ing author. Tel.: +1-801-422-6040; fax: +1-801-

ess: delbert eatough@byu.edu (D.J. Eatough).

e front matter r 2004 Elsevier Ltd. All rights reserve
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Agency (EPA) revised the National Ambient Air Quality

Standards for fine particulate matter (PM2.5), establish-

ing a 24-h average concentration limit of 65mgm�3, and

an annual average concentration of 15 mgm�3. Achiev-

ing these standards will require strategies for modeling

and monitoring airborne concentrations so that appro-

priate emission reductions can be achieved. This

demands an understanding of the factors responsible

for current airborne particle levels.

In July 2001, researchers from several universities,

research laboratories, and government agencies met to

participate in the Pittsburgh Air Quality Study (PAQS),
d.
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a research program funded by the Department of

Energy (DOE) and the Supersite Program of the EPA.

This was a 1-month intensive measurement campaign

to test and compare innovative particle measurement

methods, and to improve our scientific understanding of

atmospheric particles. Several sites were included in

PAQS, with the main site about 5 km east of downtown

Pittsburgh. That location was adjacent to the Carnegie

Mellon University (CMU) campus in Schenley Park.

One of the additional sampling sites was located at

the National Energy Technology Laboratory (NETL),

located in the suburban area about 18 km south of

downtown Pittsburgh. This paper compares the diurnal

patterns in PM2.5 concentration and chemical composi-

tion (including semi-volatile components lost from

particles during sampling) at the PAQS site and the

NETL site for samples collected using the Particle

Concentrator—Brigham Young University Organic

Sampling System (PC-BOSS) (Modey et al., 2001;

Lewtas et al., 2001).
2. Experimental

2.1. The NETL sampling site

This site is located at 40.31N latitude and 79.98W

longitude on an open hill at the NETL facility. The site
Fig. 1. Map showing location of the CMU and NETL sites in the met

point sources and 100m contour lines in the region around Pittsburg
is in a suburban portion of Pittsburgh, 18 km south

of the downtown Pittsburgh area, Fig. 1. The location

of the sampling station was chosen to take advantage

of an existing meteorological tower which supplies

full weather data for the program. Two experimental

combustors, located at the NETL facility just 200m

east of the site, occasionally burn a variety of fuels

(230 kg h�1 of coal and about 20 kg h�1 of various

other fuels). About 600m ESE is a coal-fired steam

plant which burns up to 900 kg h�1 to provide heating

for the NETL facility. Considering the infrequent

occurrence of winds from the direction of these two

facilities, and the short time period when these winds

are present, the contribution of these nearby sources to

PM2.5 at the NETL site appears to be negligible

(Anderson et al., 2002). High concentrations of NOx

and CO identify when these sources impact the NETL

site. This occurs less than 0.2% of the time and the

PM2.5 concentration during these time periods changes

less than 2mgm�3. Major coal-fired power plants, iron

and coke processing facilities, and chemical manufactur-

ing plants are located along the Ohio River Valley to

the west and southwest of the NETL site. Some

coke and iron processing facilities are also located

along the Monongahela River to the east of the facility

and on the Ohio River to the north of the facility. These

are all potential sources of transported pollutants to

the site.
ropolitan Pittsburgh area (gray shaded in center of figure), main

h.
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2.2. The Carnegie Mellon University PAQS site

The CMU PAQS site is located at 40.44N latitude

and 79.94W longitude in the middle of the Pittsburgh

urban area. The site is about 2 km from the heavily

populated and trafficked area of Pittsburgh known as

Oakland and 5 km east of the downtown area, Fig. 1.

The Bellefield boiler, a small steam heating plant that

burns a mixture of bituminous coal and natural gas,

is located about 1 km to the west. The site is also

influenced by minor emissions from the CMU campus.

Like the NETL site, the prevailing winds at the CMU

site are frequently from the southwest to northwest

directions. Many of the same distant industrial sources

influencing the NETL site are also likely to impact the

CMU site.

Fig. 1 also contains 100m topographical contours.

These data emphasize that the region to the southwest

becomes quite hilly, as the foothills of the central

Pennsylvania mountains appear. In addition, the regions

surrounding the city to the southwest and north have

significant hills (on a 100m contour basis). However, the

Pittsburgh metropolitan area is much less influenced by

hills. While the city is hilly, these height variations are

not significant at the 100m level.

2.3. Sampling protocols

Five sets of PC-BOSS samples were collected each day

at the CMU site. The time periods (EST) were: 12:00

a.m. to 6:00 a.m.; 6:00 a.m. to 10:00 a.m.; 10:00 a.m. to

2:00 p.m.; 2:00 p.m. to 6:00 p.m.; and 6:00 p.m. to 12:00

a.m. Because of limitations on site access each day, only

four sample sets were collected each day at the NETL

site using a nearly identical PC-BOSS. The sampling

time periods (EST) at this site were: 5:00 a.m. to 10:00

a.m.; 10:00 a.m. to 2:00 p.m.; 2:00 p.m. to 7:00 p.m.; and

7:00 p.m. to 5:00 a.m. the next day. The differences in

sampling times between the two sites thus include only

one sample collected at night at the NETL site versus

two night samples at the CMU site and a 1-h earlier start

and end time for the NETL early morning and late

evening samples. The latter differences were chosen to

match the expected earlier start and end of the morning

and evening commutes at the NETL site.

2.4. The PC-BOSS Samplers

Details of the PC-BOSS sampler used at both

sampling sites have been previously published (Lewtas

et al., 2001; Modey and Eatough, 2003). Ambient

aerosols were drawn through an inlet that removed

particles greater than B2.5mm in aerodynamic diameter

from the air stream. The inlet on the CMU PC-BOSS

was an MSP Corporation PM2.5 virtual impactor (MSP

Corporation, Minneapolis, MN, USA) with a 2.5 mm
cut, and that on the NETL PC-BOSS was a Bendix

cyclone with a 2.4mm cut (Chan and Lippmann, 1977).

Inlet flows were 140–150 lmin�1.

After the inlet and a small mixing chamber, 15 lmin�1

was removed into a side flow manifold which held a

single filter pack containing a 47-mm diameter What-

man Nuclepore filter (0.4 mm pore, Whatman Inc.,

Clifton, NJ) for sulfate determination, and a 47-mm

diameter charcoal-impregnated glass fiber filter (CIG)

(Schleicher and Schuell, Dassel, Germany) for volatile

organic material (VOM) determination. Samples col-

lected on the Nuclepore filters were concentrated in a

4-cm2 area on the filter using a stainless steel masking

disk, positioned underneath the Nuclepore filter. The

remainder of the sampled air stream entered a virtual-

impactor particle concentrator whose design and eva-

luation have been described (Sioutas et al., 1994; Ding

et al., 2002). The particle concentrator separated 75% of

the gas phase material into the major flow and left

particles larger than the cut point (>0.1 mm) along with
a significantly reduced fraction of the gas phase material

in the minor flow channel. The minor flow stream

containing concentrated particles entered a diffusion

denuder comprised of parallel strips of charcoal-

impregnated cellulose fiber filter (CIF, Schleicher and

Schuell, Keene, NH) which were separated at the long

edges by 2-cm diameter glass rods. With most of the gas

phase species removed through the particle concentrator

prior to passage of aerosol through the denuder,

efficiency of the denuder for removal of gas phase

SO2, HNO3, and organic compounds is expected to

equal or exceed 99% (Lewtas et al., 2001; Eatough et al.,

1999; Ding et al., 2002).

The denuder was followed by two parallel filter packs.

One contained a 47-mm Pallflex quartz filter (Gelman

Sciences, Ann Arbor, MI) followed by a 47-mm

diameter CIG filter. The first filter was used to determine

fine particulate elemental carbon (EC), and nonvolatile

organic material (NVOM), sulfate and nonvolatile

nitrate concentrations. The CIG filter was used to

capture semi-volatile organic material (SVOM) evolved

from the quartz filter. Particulate samples collected on

both of these filters were concentrated on a 4-cm2 area

on the filters using the mask described earlier for the

Nuclepore filter. The other parallel filter pack contained

a 47-mm diameter ring-supported Teflon filter (What-

man Inc.) followed by a 47-mm diameter Nylasorb filter

(Gelman Sciences). Unlike sample collection on the

quartz and CIG filter pack, collection on the Teflon and

Nylasorb filters was over the entire filter surfaces. The

Teflon filters were analyzed for sulfate and nonvolatile

nitrate, and the Nylasorb filters were analyzed for

nitrate lost from particles during sampling. With these

combinations of sample analysis techniques on both

parallel channels of the minor flow of the sampler,

negative and positive sampling artifacts were minimized.



ARTICLE IN PRESS
W.K. Modey et al. / Atmospheric Environment 38 (2004) 3165–31783168
The sulfate determination on the side flow Nuclepore

filter allowed for the direct determination of the particle

concentrator efficiency and losses (Lewtas et al., 2001;

Modey et al., 2001) when regressed against sulfate

determinations on the minor flow quartz and Teflon

filters. Previous studies in similar environments in the

eastern United States (Pang et al., 2002; Modey et al.,

2001) have shown that efficiencies calculated from

sulfate, OM or EC data are all similar. However, only

sulfate data were available for this calculation in the

data reported here. Particle size dependence of the fine

particle components indicated that the mass median

diameters for sulfate and carbon materials are similar

and also, not close to the lower cut point of the particle

concentrator, indicating efficiencies for all components

should be comparable (Cabada et al., 2004).

2.5. Filter pre-treatment

All quartz filters were baked in an oven at 800�C for

10 h before use. Such treatment is likely to alter the

sorption sites for SVOM, and cause higher SVOM losses

from the quartz filters. This may account for differences

in the split between NVOM and SVOM determined

with the PC-BOSS, compared to the simultaneous

sampling with a diffusion denuder system (Subramanian

et al., 2004). However, the sum of EC, NVOM and

SVOM determined by the two systems in 24-h sampling

periods agreed (n ¼ 14; R2 ¼ 0:92; regression

slope=1.01). This is a further indication that the particle

concentrator efficiency based on sulfate measurements

was also valid for the carbonaceous material. The

CIG sorbent filters used in the study were baked in

an oven at 340�C for 24 h in an atmosphere of

nitrogen. Such treatments were to ensure that the filters

contained minimal residual organic material prior to

being used for sampling. The Nuclepore, Teflon, and

Nylasorb filters and the denuder CIF strips were used

as received from the manufacturers without any

pre-treatment.

2.6. Analysis of collected carbonaceous material

A 2-cm2 portion from the center of each quartz filter

were analyzed for elemental carbon (EC) and nonvola-

tile organic material (NVOM) by thermal desorption of

the collected materials using temperature programmed

volatilization (Eatough et al., 1993; Ellis and Novakov,

1982). Similarly sized portions from the centers of the

CIG filters were analyzed for semi-volatile organic

material (SVOM). Both EC and NVOM or SVOM

were converted to CO2 over a barium chromate

combustion catalyst (UIC Inc., IL) at 800�C and the

CO2 concentration was then determined using non-

dispersive infrared (NDIR) detection on an ULTRA-

MAT 3 - Gas Analyzer (Siemens Inc., GA). The NDIR
detector was calibrated using three certified CO2

standards which spanned the analysis concentration

range. The CIG filters were heated from 50�C to 340�C

at a ramp rate of 15�Cmin�1 in a stream of nitrogen.

The maximum temperature for the CIG analysis was

imposed by the fact that degradation of the filter

charcoal began 10–20�C below the maximum analysis

temperature. Collected SVOM lost from the particles

were evolved from the CIG between 200�C and 300�C.

The quartz filters were heated from 50�C to 800�C at a

ramp rate of 28�Cmin�1 in a stream of N2/O2 (70:30%

v/v). Soot was estimated from the high temperature

(usually above 440�C) peak (Ellis and Novakov, 1982)

on the thermogram obtained from the quartz filter

analysis. Because of the frequent presence of high

concentrations of nonvolatile organic material that

evolve at a temperature just below that for EC, the

uncertainty in this estimate varied from about 30–70%.

However, EC was a small fraction of the total

carbonaceous material. The shape of the thermograms

indicated that all collected organic compounds and soot

were evolved from the collection matrix at the maximum

temperatures used. No evidence for the high-tempera-

ture evolution of CO2 from inorganic carbonates was

seen. Field handled blank determinations were made for

both quartz and CIG filters. The blank filter thermo-

grams were used to correct the sampled filter thermo-

grams for blank filter material. The variability in blank

filters was less than 73mgCfilter�1, corresponding to

an uncertainty in the blank correction of less than

0.4 mgCm�3.

2.7. Analysis for nitrate and sulfate

Sulfate and nitrate analysis was by ion chromatogra-

phy. All ion chromatographic analyses were performed

using a Dionex LC20 Chromatograph equipped with a

CD20 conductivity detector. The eluant was a 3.5mM

Na2CO3/1.0mM NaHCO3 solution used at a flow rate

of 1.2mlmin�1. An anion self-generating suppressor

was used. One 2-cm2 punch of the quartz filters was

extracted by ultrasonication with deionized water in a

monovette (Sarstedt, Newton, NC). The extracted

solution was analyzed for sulfate and nitrate. Whole

Teflon filters and half of each Nuclepore filter were also

extracted by ultrasonication in deionized water in a

monovette and analyzed for sulfate and nitrate. Whole

Nylasorb filters were extracted ultrasonically in the ion

chromatography eluant solution and analyzed for

nitrate. Field handled blank determinations were made

for all filters.

2.8. O3, NOx and NO2 Data

Hourly averaged concentrations of O3, NOx and NO2

were determined by NETL (Anderson et al., 2004) and
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CMU (Wittig et al., 2004) using continuous gas

monitors. These data were combined to give average

concentrations of each gas phase species for the various

PC-BOSS sampling times.
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concentrations exceeded 30.0 mgm�3, which is consid-

ered to be an episode. Constructed nonvolatile PM2.5

was calculated as the sum of the concentrations of

ammonium sulfate and ammonium nitrate determined

on the Teflon filter, and EC, and nonvolatile organic

material (NVOM) determined on the quartz filter.

Constructed PM2.5 was then calculated as the sum of
the constructed nonvolatile PM2.5 concentration, and

lost ammonium nitrate and SVOM determined on the

Nylasurb and CIG filters, respectively. It was assumed

that gas phase VOM and particulate nonvolatile NVOM

and SVOM were 61% carbon by mass (Turpin and Lim,

2001). The same factor was used to convert OC to OM

for the VOM, NVOM and SVOM fractions, since the
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Table 1

Diurnal concentrations in mgm�3 for constructed PM2.5 and the three major PM2.5 components and for gas phase VOM (mgm�3) and

NOx (ppb)

Period of day Category Constructed PM2.5 (NH4)2SO4 NVOM SVOM VOM NOx

(a) NETL site in Pittsburgh

5:00 a.m. to 10:00 a.m Average 24.4 10.2 8.9 3.7 13.9 17.2

Maximum 47.1 32.6 14.9 7.1 23.1 32.4

Minimum 10.4 0.8 3.3 1.1 5.6 6.8

10:00 a.m. to 2:00 p.m. Average 34.9 13.0 7.8 12.4 13.5 8.7

Maximum 58.1 32.2 12.7 17.1 25.2 18.3

Minimum 16.2 1.1 2.8 5.2 7.1 4.1

2:00 p.m. to 7:00 p.m. Average 23.3 13.8 6.0 2.8 10.6 6.0

Maximum 44.0 30.9 11.4 5.7 17.2 8.9

Minimum 8.6 1.0 2.2 0.8 4.1 2.9

7:00 p.m. to 5:00 a.m. Average 20.7 10.4 7.7 2.0 15.9 12.4

Maximum 39.1 26.6 17.6 4.0 24.2 26.0

Minimum 5.2 1.0 2.3 0.5 11.1 9.1

(b) Carnegie Mellon University PAQS site in Pittsburgh

12:00 a.m. to 6:00 a.m. Average 22.1 11.4 5.9 2.6 24.0 24.4

Maximum 48.9 36.0 14.1 5.0 53.8 46.8

Minimum 4.0 1.4 1.3 0.9 8.2 6.6

6:00 a.m. to 10:00 a.m. Average 21.3 10.5 6.5 3.1 28.1 28.6

Maximum 42.1 24.8 15.8 6.2 68.3 68.5

Minimum 3.9 0.9 1.9 1.0 5.3 5.9

10:00 a.m. to 2:00 p.m. Average 20.6 12.0 4.9 3.0 24.3 10.7

Maximum 43.2 31.7 10.8 8.4 59.6 24.2

Minimum 4.0 1.0 1.1 1.6 5.2 5.1

2:00 p.m. to 6:00 p.m Average 22.3 11.8 4.2 3.7 18.7 7.7

Maximum 65.1 49.6 12.9 7.9 44.4 13.6

Minimum 5.0 0.9 1.4 1.1 2.1 5.0

6:00 p.m. to 12:00 a.m. Average 16.4 10.0 3.6 2.0 20.5 14.3

Maximum 37.9 29.5 6.5 4.5 48.3 24.2

Minimum 4.7 0.9 0.8 1.0 4.0 6.3

Maximum concentrations given are for the entire period for the given sampling period.
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relative importance of primary and secondary organic

material in these fractions is not identifiable from the

data given here. However, if the SVOM is dominantly

secondary in nature, as suggested in the discussion, the

factor used to convert from SVOC to SVOMmay be too

small and the SVOM concentrations may be relatively

somewhat higher than given here (Turpin and Lim,

2001). Sulfate and nitrate determined by ion chromato-

graphy were assumed to be present as ammonium

sulfate and ammonium nitrate, respectively. These same

assumptions and calculations were used for both the

NETL and Carnegie Mellon PAQS site PC-BOSS data.

The resulting concentrations are shown in Fig. 2 with

average, maximum and minimum concentrations given

in Table 1.

3.1. Gas phase NOx and VOM diurnal patterns

The diurnal variations in NOx and VOM gas phase

concentrations are given in Figs. 3 and 4, respectively.
Sampling period average, maximum and minimum

concentrations of these species are given in Table 1.

The diurnal variations in the concentrations of both

these species will be dependent on a combination of

diurnal variations in emission and in meteorology. For

species which are emitted in the metropolitan area, if

emission rates are constant, concentrations will be the

highest during the night-time, with the presence of a

stable night-time mixed layer, and lowest during mid-

day and afternoon when the atmosphere is well mixed.

For species associated with mobile emissions, concen-

trations will be high during the early morning commute,

and low during the middle of the day when traffic

density is lower and the atmosphere is well mixed.

Concentrations would also be expected to be low during

the evening commute because of the well-mixed atmo-

sphere. However, even though traffic is reduced during

the night, concentrations may increase due to the

presence of a relatively shallow, stable mixed layer.

Examination of the data in Table 1 and in Fig. 3 both
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suggest this is the case for NOx at both the NETL and

CMU sites, indicating mobile emissions are a significant

contributor to NOx at both sites. Furthermore,

the concentrations of NOx are consistently higher at

the CMU, compared to the NETL site, especially for the

early morning time period, consistent with the higher

traffice density in the downtown region close to the

CMU site, compared to the more suburban NETL site,

Fig. 1. The picture is similar for VOM with highest

concentrations always present at the CMU site, com-

pared to the NETL site. However, the significant drop in

concentrations of NOx seen in the mid-day, compared to

early morning samples, is less pronounced for VOM.

This suggests other mid-day VOM sources may be

present, for example vegetative emissions, or increased

emissions of VOM compared to NOx from combustion

sources, including mobile sources as the day progresses.

There is, however, no reason to believe vegetative

sources will be more important at either one of the

two sites. The increased importance of VOM, relative to

NOx, may reflect a changing composition of mobile

sources as the morning commute passes.
3.2. PM2.5 diurnal distribution

Fig. 2 shows the diurnal patterns for constructed

PM2.5 mass concentrations and composition at the two

sampling sites. Highest constructed PM2.5 concentra-

tions at the NETL site were observed during the sample

collection period each day from 10.00 a.m. to 2.00 p.m.

(indicated by the second and third vertical tick marks

each day). These maxima are greatly influenced by the

striking pattern in SVOM concentrations shown at the

bottom of Fig. 2. In contrast, the constructed PM2.5

concentrations at the CMU site do not show a strong

diurnal variation. Averages, maxima and minima in the

different patterns between the two sites are given in

Table 1. The NETL site shows an average SVOM

concentration of 12.4mgm�3 and an average constructed

PM2.5 mass concentration of 34.9mgm�3 during 10:00

a.m.–2:00 p.m., both values well above the averages for

any of the other time periods. The CMU site shows very

similar average SVOM and constructed PM2.5 concen-

trations in all five time periods. Table 1 indicates that

ammonium sulfate is the largest single component
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affecting constructed PM2.5 concentrations at both sites.

The high SVOM concentration at the NETL site during

the peak time period is also a significant contributor to

constructed PM2.5 at that site. A comparison of the

diurnal variations in SVOM, ozone (Fig. 3), and NOx at

the two sampling sites shows that maximum SVOM

concentrations coincide with high ozone concentrations

during mid-day, possibly indicating a high occurrence of

secondary SVOM. It is clear that this high SVOM is not

associated with the morning commute since maximum

ozone and SVOM concentrations are observed hours

after maximum NOx concentrations as shown in Fig. 3

and Table 1. NOx is principally associated with fresh or

primary emissions, and maximum concentrations are

observed during early morning and night-time periods

as discussed above. The lack of a continued rise in

SVOM, with continued high ozone concentrations,

during the late afternoon suggests that the apparent

conversion of VOM to SVOM at the NETL site is rapid,

and does not involve VOM emitted later in the day, e.g.

from vegetative sources. Fig. 4 (trends in NOx at the two

sampling sites) and Fig. 5 (trends in VOM, and SVOM
at the two sampling sites) in combination with Fig. 3

suggest the importance of NOx, compared to SVOM

chemistry at the CMU site but a shift to more SVOM

chemistry at the NETL site. A connection between the

two phenomena is not obvious, and it is not expected

that the two different phenomena would occur in the

same city. The observed differences are, presumably,

linked to the differences in the importance of organic

versus NOx emissions by nearby sources at the two

sampling sites. For example, higher concentrations of

NOx at the CMU site may favor NOx over organic

compound chemistry. The high concentrations and

regular diurnal pattern of SVOM at the NETL site

may be due to a suburban source, but the nature of this

source is presently unknown.

High concentrations of NVOM were frequently

observed during the time period from 5.00 a.m. to

10.00 a.m. (9, 11, 12, 15, 16, 18, 19, 26, 27 July), and

occasionally in the night-time (20, 21, 31 July). As

discussed above, the NVOM measured at these times is

likely to be associated with local sources. But Fig. 6

shows that concentrations at the NETL site were
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consistently higher than those at CMU for all sampl-

ing time periods. Therefore, it is possible that OM

emission sources near the NETL site may be lower

in NOx content, or that organic material impacting

the NETL site includes more secondary material.

This would be consistent with the increased impor-

tance of secondary SVOM at the NETL site as noted

above.

Fig. 6 shows that ammonium sulfate concentrations

during the midday and late afternoon sampling periods

at both sites were comparable for most of the samples,

suggesting similar concentrations over a large region

which is probably due to long-range transport. The

sulfate formed during long-range transport will be

dominated by homogeneous chemistry. The transported

sulfate observed at the site is formed during and is

present at the site in clear sky conditions, in advance of,

not associated with a frontal passage. Thus, homo-

geneous chemistry would be expected to dominate in the

formation of sulfate. This expectation is also consistent

with the low MMD observed for sulfate under these

conditions (Cabada et al., 2004). However, during the

early morning sampling period, differences in ammo-

nium sulfate concentrations at the two sites were

observed, consistent with the decoupling of surface air
from elevated layers and the importance of varying low

concentrations of sulfate from local sources. When

pollutants are locally generated, they are likely to be

non-uniformly distributed at the two sites because the

source contributions impacting the sites may be diverse

in nature.

3.3. Meteorological influence on PM2.5 distribution and

episode occurrence

Previous work has explored the relationship between

meteorology and the occurrence of fine particle episodes

in the Pittsburgh area (Anderson et al., 2002). The use

of surface weather maps (UNISYS, 2002) and the

HYSPLIT back-trajectory model (NOAA, 2002) indi-

cated that high PM2.5 episodes in Pittsburgh were

associated with transitions from locally high pressure

to low pressure regimes, and that fine particle episodes

were most commonly associated with pollutant trans-

port from the west, southwest, and northwest (Anderson

et al., 2002; Modey and Eatough, 2002). Similar

transport patterns were observed in the present study.

For example, the high concentration of particulate

matter observed at both sampling sites on 18 July

was preceded by a period of high pressure on 16 and
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17 July. Pollutant concentrations increased with the

approach of a frontal system and the development of

low pressure on 18 July. In the previous studies

(Anderson et al., 2002; Modey and Eatough, 2003),

high concentrations similar to that reported for 18

July were generally shown to be associated with

transport from the southwest and the west. In contrast,

transport at the start of the episode on 18 July was

from the east, with short-term PM2.5 concentrations

exceeding 50 mgm�3 at both sites. Peak concentrations

of ammonium sulfate exceeded 30mgm�3 (Fig. 2),

with 24-h averages above 24mgm�3 (Table 2). Trans-

port from the east may include emissions from

the Monongahela River coke and steel industries

(Fig. 1) as well as from coal-fired power plants east of

Pittsburgh.
In this study, comparably high concentrations of

ammonium sulfate were also observed at both sampling

sites during pollutant transport from the west (9, 10, 17,

24, 25 July) and southwest (16, 22, and 23 July)

(Table 2). Transport from these directions may include

emissions from coal-fired power plants and the various

coke processing and steel manufacturing plants located

along the Ohio River valley to the west of both sampling

sites, Fig. 1. Much lower pollutant concentrations were

seen with transport from the NW (12, 13, 15, and 26

July) as shown in Table 2, and from the SE (19, 20, 27

July). Similarly, low ammonium sulfate concentrations

were also associated with some incidences of transport

from the southwest (16 July), and the west (9 July).

In contrast to episodes of long-range transported

pollutants, the episode on 31 July was locally influenced.
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Table 2

Relationship between the frequent meteorological transport pathways and composition of constructed PM2.5 and the major

components

Dates 24-h Back-trajectory Specie Concentration

(a) NETL site in Pittsburgh

July 9, 10, 17, 24, 25 West Constructed PM2.5 27.4

Ammonium sulfate 14.2

Nonvolatile OM 7.4

SVOM 4.8

July 16, 22, 23 Southwest Constructed PM2.5 31.1

Ammonium sulfate 15.9

Nonvolatile OM 9.3

SVOM 5.0

July 12, 13, 15, 26 Northwest Constructed PM2.5 17.8

Ammonium sulfate 5.8

Nonvolatile OM 6.9

SVOM 4.2

July 18 East Constructed PM2.5 39.8

Ammonium sulfate 24.4

Nonvolatile OM 9.3

SVOM 5.3

(b) Carnegie mellon PAQS site in Pittsburgh

July 9, 10, 17, 24, 25 West Constructed PM2.5 24.4

Ammonium sulfate 15.1

Nonvolatile OM 5.9

SVOM 2.9

July 16, 22, 23 Southwest Constructed PM2.5 21.5

Ammonium sulfate 12.9

Nonvolatile OM 5.5

SVOM 2.3

July 12, 13, 15, 26 Northwest Constructed PM2.5 11.7

Ammonium sulfate 4.3

Nonvolatile OM 3.9

SVOM 2.7

July 18 East Constructed PM2.5 40.8

Ammonium sulfate 29.9

Nonvolatile OM 6.8

SVOM 3.2

Average daily species concentration for each type of transport is given in gm�3.
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Prior to this date, transport from the southeast to the

NETL site occurred at very low altitude. But a stable air

mass with little wind was present at the NETL site

throughout 31 July, leading to high PM2.5 concentra-

tions, with average 24-h constructed PM2.5, ammonium

sulfate, and nonvolatile organic material (NVOM)

concentrations reaching 40 mgm�3, 27 mgm�3, and

10mgNVOMm�3, respectively. However, the locally

dependent pollutant concentration observed on 21 July

was characterized by lower PM2.5 concentrations.
4. Conclusions

The concentration and composition of PM2.5 impact-

ing the NETL PM characterization site and Carnegie
Mellon University EPA PAQS site were dependent on

meteorological conditions. High-pressure conditions

were characterized by low concentrations of ammonium

sulfate and high concentrations of nonvolatile organic

material. High concentrations of ammonium sulfate

were generally associated with transport of pollutants to

the sampling sites during transition from high pressure

to low pressure regimes, thus suggesting the transport of

sulfur oxide emissions from distant sources. Therefore,

such pressure transitions could be used to predict the

occurrence of fine particulate PM2.5 episodes around

the Pittsburgh area. Trends in VOM and SVOM at the

two sampling sites in combination with trends in NOx

suggested the importance of NOx chemistry at the CMU

site but organic chemistry at the NETL site. This was

reflected in higher concentrations of NVOM and SVOM
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at the NETL site. The details of differences in emissions

and atmospheric chemistry which lead to these observed

differences in fine particulate organic material at the two

sites are not yet known.
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[1] Primary and secondary contributions to ambient levels of volatile organic compounds
(VOCs) and aerosol organic carbon (OC) are determined using measurements at the
Pittsburgh Air Quality Study (PAQS) during January–February and July–August 2002.
Primary emission ratios for gas and aerosol species are defined by correlation with
species of known origin, and contributions from primary and secondary/biogenic sources
and from the regional background are then determined. Primary anthropogenic
contributions to ambient levels of acetone, methylethylketone, and acetaldehyde were
found to be 12–23% in winter and 2–10% in summer. Secondary production plus
biogenic emissions accounted for 12–27% of the total mixing ratios for these compounds
in winter and 26–34% in summer, with background concentrations accounting for the
remainder. Using the same method, we determined that on average 16% of aerosol OC
was secondary in origin during winter versus 37% during summer. Factor analysis of the
VOC and aerosol data is used to define the dominant source types in the region for both
seasons. Local automotive emissions were the strongest contributor to changes in
atmospheric VOC concentrations; however, they did not significantly impact the aerosol
species included in the factor analysis. We conclude that longer-range transport and
industrial emissions were more important sources of aerosol during the study period. The
VOC data are also used to characterize the photochemical state of the atmosphere in the
region. The total measured OH loss rate was dominated by nonmethane hydrocarbons
and CO (76% of the total) in winter and by isoprene, its oxidation products, and
oxygenated VOCs (79% of the total) in summer, when production of secondary organic
aerosol was highest.

Citation: Millet, D. B., N. M. Donahue, S. N. Pandis, A. Polidori, C. O. Stanier, B. J. Turpin, and A. H. Goldstein (2005),

Atmospheric volatile organic compound measurements during the Pittsburgh Air Quality Study: Results, interpretation, and

quantification of primary and secondary contributions, J. Geophys. Res., 110, D07S07, doi:10.1029/2004JD004601.

1. Introduction

[2] Airborne particulate matter (PM) can adversely affect
human and ecosystem health, and exerts considerable
influence on climate. Effective PM control strategies require
an understanding of the processes controlling PM concen-
tration and composition in different environments. The

Pittsburgh Air Quality Study (PAQS) is a comprehensive,
multidisciplinary project directed at understanding the pro-
cesses governing aerosol concentrations in the Pittsburgh
region [e.g., Wittig et al., 2004a; Stanier et al., 2004a,
2004b]. Specific objectives include characterizing the phys-
ical and chemical properties of regional PM, its morphology
and temporal and spatial variability, and quantifying the
impacts of the important sources in the area.
[3] Volatile organic compounds (VOCs) can directly

influence aerosol formation and growth via condensation
of semivolatile oxidation products onto existing aerosol
surface area [Odum et al., 1996; Jang et al., 2002; Czoschke
et al., 2003], and possibly via the homogeneous nucleation
of new particles [Koch et al., 2000; Hoffmann et al., 1998].
They also have strong indirect effects on aerosol via their
control over ozone production and HOx cycling, which in
turn dictate oxidation rates of organic and inorganic aerosol
precursor species. Comprehensive and high time resolution
VOC measurements in conjunction with particle measure-
ments thus aid in characterizing chemical conditions con-
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ducive to particle formation and growth. VOC data can also
yield information on the nature of source types impacting
the study region [Goldstein and Schade, 2000], photochem-
ical aging and transport phenomena [Parrish et al., 1992;
McKeen and Liu, 1993], and estimates of regional emission
rates [Barnes et al., 2003; Bakwin et al., 1997], all of which
can be useful in interpreting other gas and particle phase
measurements.
[4] This paper describes the results from two field deploy-

ments, during January–February 2002 and July–August
2002, in which we made in situ VOC measurements along-
side the comprehensive aerosol measurements at the PAQS
site, with the aim of specifically addressing the connection
between atmospheric trace gases and particle formation and
source attribution. The data set provides an opportunity to
examine aerosol formation and chemistry in the context of
high time resolution speciated VOC measurements.
[5] The specific goals of this paper include: characteriz-

ing the dominant source types impacting the Pittsburgh
region, their composition and variability; assessing the
relative importance of different types of VOCs to regional
photochemistry, and the relationship between aerosol con-
centrations and the chemical state of the atmosphere; and
quantifying the relative importance of primary and second-
ary sources in determining organic aerosol and oxygenated
VOC (OVOC) concentrations. For the latter we quantify the
primary emission ratios for species with multiple source
types, by correlation with combustion and photochemical
marker compounds.

2. Experimental

2.1. Pittsburgh Air Quality Study (PAQS)

[6] The field component of the Pittsburgh Air Quality
Study was carried out from July 2001 through August 2002.
Measurement platforms consisted of a main sampling site
located in a park about 6 km east of downtown Pittsburgh,
as well as a set of satellite sites in the surrounding region.

For details on the PAQS study, see Wittig et al. [2004a] and
the references cited therein. Measurements described here
were made at the main sampling site.

2.2. VOC Measurements

[7] A schematic of the VOC measurement setup is shown
in Figure 1. To provide information on as wide a range of
compounds as possible, two separate measurement channels
were used, equipped with different preconditioning systems,
preconcentration traps, chromatography columns, and
detectors. Channel 1 was designed for preconcentration
and separation of C3–C6 nonmethane hydrocarbons, includ-
ing alkanes, alkenes and alkynes, on an Rt-Alumina PLOT
column with subsequent detection by FID. Channel 2 was
designed for preconcentration and separation of oxygenated,
aromatic, and halogenated VOCs, NMHCs larger than C6,
and some other VOCs such as acetonitrile and dimethylsul-
fide, on a DB-WAX column with subsequent detection by
quadropole MSD (HP 5971).
[8] Air samples were drawn at 4 sl/min through a

2 micron Teflon particulate filter and 1/400 OD Teflon tubing
(FEP fluoropolymer, Chemfluor) mounted on top of the
laboratory container. Two 15 scc/min subsample flows were
drawn from the main sample line, and through pretreatment
traps for removal of O3, H2O and CO2. For 30 min out of
every hour, the valve array (V1, V2, and V3; valves from
Valco Instruments) was switched to sampling mode
(Figure 1, as shown) and the subsamples flowed through
0.0300 ID fused silica-lined stainless steel tubing (Silcosteel,
Restek Corp) to the sample preconcentration traps where
the VOCs were trapped prior to analysis. When sample
collection was complete, the preconcentration traps and
downstream tubing were purged with a forward flow of
UHP helium for 30 s to remove residual air. The valve array
was then switched to inject mode, the preconcentration traps
heated rapidly to 200�C, and the trapped analytes desorbed
into the helium carrier gas and transported to the GC for
separation and quantification.

Figure 1. Schematic of the VOC sampling system. MFC, mass-flow controller; V1–V3, valves 1–3;
MSD, mass selective detector; FID, flame ionization detector; PT, pressure transducer.
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[9] As noninert surfaces are known to cause artifacts and
compound losses for unsaturated and oxygenated species,
all surfaces contacted by the sampled airstream prior to the
valve array were constructed of Teflon (PFA or FEP). All
subsequent tubing and fittings, except the internal surfaces
of the Valco valves V1, V2, and V3, were Silcosteel. The
valve array, including all silcosteel tubing, was housed in a
temperature controlled box held at 50�C to prevent com-
pound losses through condensation and adsorption. All
flows were controlled using Mass-Flo Controllers (MKS
Instruments), and pressures were monitored at various
points in the sampling apparatus using pressure transducers
(Data Instruments).
[10] In order to reduce the dew point of the sampled

airstream, both subsample flows passed through a loop of
1/800 OD Teflon tubing cooled thermoelectrically to �25�C.
Following sample collection, the water trap was heated to
105�C while being purged with a reverse flow of dry zero
air to expel the condensed water prior to the next sampling
interval. A trap for the removal of carbon dioxide and
ozone (Ascarite II, Thomas Scientific) was placed down-
stream of the water trap in the Rt-Alumina/FID channel.
An ozone trap (KI-impregnated glass wool, following
Greenberg et al. [1994]) was placed upstream of the water
trap in the other channel leading to the DB-WAX column
and the MSD (Figure 1).
[11] Sample preconcentration was achieved using a com-

bination of thermoelectric cooling and adsorbent trapping.
The preconcentration traps consisted of three stages (glass
beads/Carbopack B/Carboxen 1000 for the Rt-Alumina/FID
channel, glass beads/Carbopack B/Carbosieves SIII for the
DB-WAX/MSD channel; all adsorbents from Supelco), held
in place by DMCS-treated glass wool (Alltech Associates)
in a 9 cm long, 0.0400 ID fused silica-lined stainless steel
tube (Restek Corp). A nichrome wire heater was wrapped
around the preconcentration traps, and the trap/heater
assemblies were housed in a machined aluminum block
that was thermoelectrically cooled to �15�C. After sample
collection and the helium purge, the preconcentration traps
were isolated via V3 (see Figure 1) until the start of the next
chromatographic run. The traps were small enough to
permit rapid thermal desorption (�15�C to 200�C in 10 s)
eliminating the need to cryofocus the samples before chro-
matographic analysis (following Lamanna and Goldstein
[1999]). The samples were thus introduced to the individual
GC columns, where the components were separated and
then detected with the FID or MSD.
[12] Chromatographic separation and detection of the

analytes was achieved using an HP 5890 Series II GC.
The temperature program for the GC oven was: 35�C for
5 min, 3�C/min to 95�C, 12.5�C/min to 195�C, hold for
6 min. The oven then ramped down to 35�C in preparation
for the next run. The carrier gas flow into the MSD
was controlled electronically and maintained constant at
1 mL/min. The FID channel carrier gas flow was controlled
mechanically by setting the pressure at the column head
such that the flow was 4.5 mL/min at an oven temperature
of 35�C. The carrier gas for both channels was UHP
(99.999%) helium which was further purified of oxygen,
moisture and hydrocarbons (traps from Restek Corp.).
[13] Zero air for blank runs and calibration by standard

addition was generated by flowing ambient air over a bed of

platinum heated to 370�C. This system passes ambient
humidity, creating VOC free air in a matrix resembling real
air as closely as possible. Zero air was analyzed daily to
check for blank problems and contamination for all mea-
sured compounds.
[14] Compounds measured on the FID channel were

quantified by determining their weighted response relative
to a reference compound (see Goldstein et al. [1995a] and
Lamanna and Goldstein [1999] for details). Neohexane
(5.15 ppm, certified NIST traceable ±2%; Scott-Marrin
Inc.) was employed as the internal standard for the FID
channel, and was added by dynamic dilution to the sam-
pling stream. Compound identification was achieved by
matching retention times with those of known standards
for each compound (Scott Specialty Gases, Inc.).
[15] The MSD was operated in single ion mode (SIM) for

optimum sensitivity and selectivity of response. Ion-
monitoring windows were timed to coincide with the elution
of the compounds of interest. Calibration curves for all of
the individual compounds were obtained by dynamic dilu-
tion of multicomponent low-ppm level standards (Apel-
Riemer Environmental Inc.) into zero air to mimic the range
of ambient mixing ratios. A calibration or blank was
performed every 6th run.
[16] The system was fully automated for unattended

operation in the field. The valve array (V1, V2 and V3)
and the preconcentration trap resistance heater circuit were
controlled through the GC via auxiliary output circuitry. The
PC controlling the GC was also interfaced with a CR10X
data logger (Campbell Scientific Inc.), which was triggered
at the outset of each analysis run. The inlet valve, the
standard addition solenoid valve and the water trap cooling,
heating and valve circuitry were switched at the appropriate
times during the sampling cycle by a relay module (SDM-
CD16AC, Campbell Scientific) controlled by the data
logger. Relevant engineering data (time, temperatures, flow
rates, pressures, etc.) for each sampling interval were
recorded by the CR10X data logger with a AM416 multi-
plexer (Campbell Scientific Inc.), then uploaded to the PC
and stored with the associated chromatographic data. Chro-
matogram integrations were done using HP Chemstation
software. All subsequent data processing and QA/QC
was performed using routines created in S-Plus (Insightful
Corp.). Instrumental precision, detection limits, and
accuracy for each measured compound during this experi-
ment, along with the 0.25, 0.50, and 0.75 quantiles of the
data, are given in Table 1.

2.3. Aerosol, Trace Gas, and Meteorological
Measurements

[17] Additional measurements which are used in this
paper are described briefly below. For a more thorough
overview of the gas and particle measurement methods and
results from PAQS, the reader is directed to Wittig et al.
[2004a] and the references cited therein.
[18] Semicontinuous measurements of PM 2.5 (i.e.,

<2.5 mm diameter) particulate mass were made using a
tapering element oscillating microprobe (TEOM) instrument
(Model 1400a, Rupprecht & Patashnick Co., Inc.). PM 2.5
nitrate and sulfate were also measured on a semicontinuous
basis using Integrated Collection and Vaporization Cell
(ICVC) instruments (Rupprecht & Patashnick Co., Inc.)
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[Wittig et al., 2004b]. Aerosol number size distributions
(0.003–10 mm) were quantified using an array of particle
sizing measurements: a nano scanning mobility particle sizer
(SMPS) (TSI, Inc., Model 3936N25), standard SMPS (TSI,
Inc., Model 3936L10), and Aerodynamic Particle Sizer
(APS) (TSI, Inc., Model 3320). Aerosol number size distri-
bution measurements were made semicontinuously through-
out the PAQS campaign [Stanier et al., 2004a]. Aerosol
organic carbon (OC) and elemental carbon (EC) were
quantified in situ throughout the study with 2–4 hour time
resolution using a Sunset Labs in situ carbon analyzer
(A. Polidori et al., manuscript in preparation, 2005).
[19] O3, NO, NO2, CO and SO2 were measured contin-

uously with commercial gas analyzers (Models 400A,

200A, 300 and 100A, Teledyne Advanced Pollution Instru-
mentation). Measurements of relevant meteorological
parameters (incoming radiation, air temperature, wind speed
and direction, precipitation, and relative humidity) were also
made continuously throughout the experiment.

3. Results and Discussion

3.1. Meteorological Conditions

[20] Observed wind speed and direction for the two study
periods (9 January to 12 February and 9 July to 10 August
2002) are shown as a wind rose plot in Figure 2. Through-
out this paper, data collected during the January–February
2002 deployment will be referred to as ‘‘winter’’ data and

Table 1. Concentration Quantiles and Figures of Merit for Measured VOCs

Compound
Precision,a

%
Detection
Limit, ppt

Accuracy,
%

Winterb Summerc

Median, ppt IQR,d ppt Median, ppt IQR,d

Propane 2.5 1.6 7.6 2960 2087–4307 1787 992–3540
Isobutane 2.5 1.2 7.6 668 479–953 323 212–634
Butane 2.5 1.2 7.6 1333 978–1799 632 375–1106
Isopentane 2.5 0.9 7.6 575 448–809 649 409–1139
Pentane 2.5 0.9 7.6 355 279–493 352 213–613
Methylpentanese 2.5 0.8 7.6 268 203–368 276 183–506
Hexane 2.5 0.8 7.6 147 116–199 129 81–231
Propene 2.5 1.5 7.6 214 147–306 219 159–336
t-2-butene 2.5 1.1 7.6 30 19–52 11 8–18
1-butene 2.5 1.1 7.6 57 40–83 62 44–88
2-methylpropene 2.5 1.1 7.6 38 32–51 NQf NQf

Cyclopentane 2.5 0.9 7.6 53 35–92 47 36–72
c-2-butene 2.5 1.1 7.6 27 18–44 20 15–28
Cyclopentene 2.5 1.0 7.6 NQf NQf 3 0–8
Propyne 2.5 1.4 7.6 29 22–40 7 5–12
3-methyl-1-butene 2.5 0.9 7.6 6 5–10 19 12–35
t-2-pentene 2.5 0.9 7.6 19 12–33 44 33–62
1-pentene 2.5 0.9 7.6 36 24–56 20 14–32
2-methyl-1-butene 2.5 0.9 7.6 16 11–25 42 22–74
Benzene 4.4 26 10 279 231–355 215 143–405
Perchloroethylene 5.4 0.6 10 18 12–25 22 13–41
Ethylbenzene 5.8 1.6 10 47 34–69 71 44–141
Isoprene 4.3 3.1 10 <DLg <DLg 619 153–1475
Methyl-t-butyl ether 4.2 1.7 10 10 7–14 31 19–61
Acetaldehyde 7.2 82 10 538 403–729 1559 1103–2150
Dimethylsulfide 5.6 3.2 10 NQf NQf 7 5–10
Acetone 4.0 47 10 943 655–1385 4031 3128–4894
Butanal 6.0 28 10 NQf NQf 91 64–122
Methacrolein 5.6 11 10 <DLg <DLg 266 178–366
3-methylfuran 4.2 2.2 10 <DLg <DLg 10 6–16
Methanol 8.2 370 11 3760 2347–5773 10717 7122–14601
Methylethylketone 5.1 10 10 215 153–299 559 408–674
Methylene chloride 7.1 22 10 NQf NQf 79 48–145
Isopropanol 8.9 23 11 131 86–199 235 147–432
Ethanol 13 16 15 989 673–1416 1722 1017–3567
Methylvinylketone 3.5 6.8 10 <DLg <DLg 463 273–665
Pentanal 8.3 19 11 NQf NQf 137 98–193
Acetonitrile 13 38 14 NQf NQf 131 105–155
Chloroform 3.6 1.2 10 11 10–13 17 13–30
a-pinene 5.9 0.6 10 <DLg <DLg 16 10–29
Toluene 2.9 22 10 331 248–494 443 274–902
Hexanal 11 25 13 34 22–52 NQf NQf

p-xylene 5.8 3.4 10 62 42–95 91 51–173
m-xylene 5.8 5.3 10 113 76–176 163 89–306
o-xylene 5.8 2.4 10 60 41–89 52 29–93

aDefined as the relative standard deviation of the calibration fit residuals.
bDates of 9 January to 12 February 2002.
cDates of 9 July to 10 August 2002.
dIQR, interquartile range.
eThe sum of 2-methylpentane and 3-methylpentane, which coelute.
fNQ, not quantified, due to inadequate resolution, unavailability of standard or other reason.
g<DL, below detection limit.
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that collected during July–August 2002 as ‘‘summer’’ data.
Winds in the winter were predominantly out of the west
(south to northwest), whereas in the summer southeasterly
and northwesterly winds were most common (Figure 2).
There was a diurnal cycle in wind speed in both seasons,
with stronger winds during the day and weaker winds at
night (not shown).

3.2. Factor Analysis

[21] Factor analysis can be used to categorize measured
compounds into distinct source groups based on the covari-
ance of their concentrations, creating an understanding of
the variety of sources contributing to a broad range of
measured species [Sweet and Vermette, 1992; Thunis and
Cuvelier, 2000; Lamanna and Goldstein, 1999]. In this
section we characterize the dominant source types impact-
ing the Pittsburgh region in summer and winter, based on a
factor analysis of the VOC data set, combined with other
available trace gas and high temporal resolution aerosol
data. Compounds are grouped into factors according to their
covariance, and the strength of association between com-
pounds and factors is expressed as a loading matrix. Each
factor is a linear combination of the observed variables and
in theory represents an underlying process which is causing
certain species to behave similarly. Prior knowledge of
source types for the dominant compounds is then used to
assign source categories to the statistically identified factors.
[22] The analysis was performed using principal compo-

nents extraction and varimax rotation (S-Plus 6.1, Lucent
Technologies Inc.). Species having a significant amount
(>8%) of missing data were excluded from the analysis.
Results for the winter and summer data sets are presented in
Tables 2 and 3, respectively, and discussed in detail below.
Compounds not loading significantly on any of the factors
are omitted from the loadings tables.
3.2.1. Winter Trace Gas and Aerosol Data Set
[23] Six factors were extracted from the winter data set,

which accounted for a total of 83% of the cumulative
variance (Table 2). Each of the six factors accounted for a
statistically significant portion of the variance (P < 0.01,
where P is the statistical probability of incorrectly attribut-
ing a nonzero fraction of the variance to a given factor). The
analysis was limited to six factors since including more
factors failed to account for more than an additional 2% of
the variance in the data set.
[24] Factor 1, explaining 44% of the total variability in

the data set, was associated most strongly with short-lived
combustion-derived pollutants, such as the anthropogenic
alkenes and aromatic species, in addition to NOx and the

gasoline additive methyl-t-butyl ether (MTBE). We attribute
this factor to local automobile emissions. The diurnal cycle
exhibited by this factor (Figure 3a) showed a clear pattern,
higher during the day than at night, and with prominent
peaks during the morning and evening rush hours. Note that
factor 1 accounted for 44% of the data set variability,
indicating that automobile exhaust was most strongly re-
sponsible for changes in atmospheric VOC concentrations
in Pittsburgh in the winter. Note also, however, that none of
the aerosol parameters included in the factor analysis (PM
2.5 mass, aerosol sulfate and nitrate mass, and aerosol
number density) loaded significantly on this factor, suggest-
ing that this source was a relatively minor contributor to
these components of regional PM.
[25] Factor 2, accounting for 10% of the variance, was

associated exclusively with the anthropogenic alkanes
(Table 2), most strongly with propane, and probably repre-
sents leaks of propane fuel or natural gas. None of the
aerosol measurements loaded on this factor. Factor 2 was on
average highest with winds out of the south, and the diurnal
pattern showed a maximum in the early morning before
dawn (Figure 3b), with a minimum in the afternoon.
[26] The third factor, accounting for 9% of the data set

variance, like factor 1 was associated with some gas-phase
combustion products (such as CO, benzene and propyne).
Unlike factor 1, however, it also contained a significant
aerosol component, in particular sulfate and PM 2.5 mass.
The diurnal cycle of factor 3 (Figure 3c) was distinct from
that of factor 1, with higher concentrations at night, and no
noticeable rush hour contribution. The highest levels of
factor 3 were seen with winds out of the south-southeast.
We attribute this factor to industrial emissions from point
sources in the region. In particular, the U.S. Steel Clairton
Works, which is the largest manufacturer of coke and coal
chemicals in the United States, and is located 11 miles to the
south-southeast of Pittsburgh, may have been a significant
contributor to this factor.
[27] Factor 4 was composed of species (acetone, acetal-

dehyde, methylethylketone (MEK)) that are both emitted
directly and produced photochemically. Acetone and acet-
aldehyde are also known to have significant biogenic
sources [Schade and Goldstein, 2001]; however, biogenic
emissions are unlikely to be a dominant source of these
compounds in the Pittsburgh winter. PM 2.5 mass was also
associated with this category, consistent with the importance
of both primary emissions and secondary production of
regional aerosol. The diurnal cycle of factor 4 (Figure 3d)
showed evidence of both primary and secondary influence.
Daytime concentrations were slightly higher than at night,
and there was a marked increase in the morning which was
coincident with sunrise. Unlike factor 1, this factor did not
show the distinct morning and evening peaks coinciding
with rush hour. The day-night difference was much less than
in summer (see following section), likely reflecting weak
wintertime photochemistry and a consequently greater rel-
ative impact from direct emissions. The relative importance
of primary and photochemical sources for these compounds
is explored further in section 3.3.
[28] Factor 5, which explained a further 6% of the

variance, was negatively associated with ozone and nuclei
mode aerosol number density, and positively associated
with total PM 2.5 mass, aerosol nitrate and accumulation

Figure 2. Wind rose plots for the winter and summer
experiments. The lengths of the wedges are proportional to
the frequency of observation.
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mode number density. This factor may represent the com-
bined influences of photochemical activity and mixed layer
dynamics. Production of ozone and nucleation mode par-
ticles is driven by sunlight, and owing to their relatively
short lifetimes their concentrations were highest during the
day and lower at night. By contrast, longer lived pollutants
less strongly impacted by photochemistry exhibited higher
concentrations at night when winds were calmer and verti-
cal mixing limited. In addition, partitioning of semivolatile
species such as nitrate into the particle phase is thermody-
namically favored by the colder temperatures and higher
relative humidity at night.
[29] The 6th factor, accounting for 6% of the variability,

was associated with gas phase SO2, aerosol sulfate, PM 2.5
mass, and accumulation mode number density. Factor 6
showed a diurnal pattern with higher impact during the day
than at night, consistent with a photochemically driven

process (Figure 3f). However, nucleation mode number
density did not load significantly on this factor. This factor
may reflect regional coal burning power plant emissions of
gases and particles, and the subsequent photochemical
aging of those emissions.
3.2.2. Summer Trace Gas and Aerosol Data Set
[30] Six factors were extracted from the summer data set,

which together accounted for 77% of the variability in the
observations (Table 3). Each of the six factors accounted for
a statistically significant portion of the variance (P < 0.01).
Including additional factors explained less than 2% of the
remaining variance. The PM 2.5 measurements had a large
number (19%) of missing values, and as there was a strong
correlation (r2 = 0.92) between PM 2.5 mass and aerosol
volume measured with the SMPS, missing PM 2.5 concen-
trations were estimated by scaling to aerosol volume prior to
performing the factor analysis.

Table 2. Factor Analysis Results: Winter Dataa

Compound

Loadings

Factor 1:
Local Auto

Factor 2:
Natural Gas

Factor 3:
Industrial

Factor 4:
1� + 2�

Factor 5:
2� + Mix

Factor 6:
Coal

Propane 0.87
Isobutane 0.64 0.66
Butane 0.63 0.63
t-2-butene 0.90
Isopentane 0.76 0.49
Pentane 0.63 0.62
Methylpentanesb 0.77 0.44
Hexane 0.65 0.54
Propene 0.76 0.47
1-butene 0.86
2-methylpropene 0.60 0.49
Cyclopentane 0.57
c-2-butene 0.91
Propyne 0.64 0.53
3-methyl-1-butene 0.90
t-2-pentene 0.90
1-pentene 0.91
2-methyl-1-butene 0.91
Benzene 0.42 0.63
C2Cl4 0.68
Ethylbenzene 0.89
MTBE 0.74
Acetaldehyde 0.41 0.58
Acetone 0.82
MEK 0.47 0.64
Chloroform 0.52
Toluene 0.80
Hexanal 0.61
p-xylene 0.90
m-xylene 0.91
o-xylene 0.90
O3 �0.68
NOx 0.76
SO2 0.75
CO 0.52 0.59
PM 2.5 0.50 0.42 0.44 0.40
Aerosol SO4

2� 0.54 0.54
Aerosol NO3

� 0.62
Nnuc

c �0.42
Nacc

c 0.41 0.45 0.59
Importance of factors
Fraction of variance 0.44 0.10 0.09 0.08 0.06 0.06
Cumulative variance 0.44 0.54 0.63 0.71 0.77 0.83

aThe degree of association between measured compounds and each of the six factors is indicated by a loading value, with the
maximum loading being 1. Loadings of magnitude <0.4 omitted.

bThe sum of 2-methylpentane and 3-methylpentane, which coelute.
cNnuc and Nacc refer to aerosol number densities in the nuclei (3–10 nm) and accumulation (100–500 nm) modes.
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[31] As with the winter data, the dominant factor, explain-
ing 42% of the total variance, was associated with anthropo-
genic alkenes, aromatics, MTBE and other markers of
tailpipe emissions (Table 3). The diurnal cycle of this source
type (Figure 4a), however, with a sharp early morning
maximum at sunrise and a broad afternoon minimum, was
markedly different than in the winter, when traffic patterns
determined the diurnal pattern. In summer, a deeper daytime
mixed layer and more rapid photooxidation combined to give
rise to the observed temporal pattern. The fact that benzene is
not associated with factor 1 is due to the influence of a nearby
source (not associated with other tailpipe compounds or
solvents), which resulted occasionally in extremely elevated
benzene levels. If the factor analysis is repeated after remov-

ing the highest (>0.9 quantile) benzene values, benzene in
fact loads most strongly on this automotive factor.
[32] Factor 2 encompassed compounds, such as acetone,

acetaldehyde, and isoprene, known to have photochemical
sources, sunlight dependent biogenic sources, or both. We
thus interpret this factor as representing a combination of
these radiation-driven source types. The clear diurnal pat-
tern for this source category (Figure 4b) reflected its light
dependent nature, and suggests, for the associated OVOCs,
that photochemical and/or biogenic production were more
important than direct combustion emissions. The associa-
tion of 1-butene with factor 2 suggests a regional light-
driven biogenic 1-butene source, as has been reported for
other locations [Goldstein et al., 1996].

Table 3. Factor Analysis Results: Summer Dataa

Compound

Loadings

Factor 1:
Local Auto

Factor 2:
2� + Bio

Factor 3:
Transport

Factor 4:
Industrial

Factor 5:
Isopentane Ox

Factor 6:
Natural Gas

Propane 0.59 0.58
Isobutane 0.74 0.54
Butane 0.78 0.52
Isopentane 0.91
Pentane 0.89
Methylpentanesb 0.93
Hexane 0.90
Propene 0.71 0.45
t-2-butene 0.89
1-butene 0.57 0.66
Cyclopentane 0.66 0.49
c-2-butene 0.80
Propyne 0.88
3-methyl-1-butene 0.95
t-2-pentene 0.94
1-pentene 0.93
2-methyl-1-butene 0.82
Benzene 0.68
C2Cl4 0.48
Ethylbenzene 0.89
Isoprene 0.44
MTBE 0.91
Acetaldehyde 0.88
Acetone 0.64 0.64
Butanal 0.85
MACR 0.90
3-methylfuran 0.45 0.53
MEK 0.44 0.44 0.40
Isopropanol 0.47
MVK 0.89
Pentanal 0.55 0.72
Acetonitrile 0.43
Chloroform 0.67
a-pinene 0.57
Toluene 0.80 0.47
p-xylene 0.90
m-xylene 0.90
o-xylene 0.84
O3 �0.51 �0.43
NOx 0.52 0.44
SO2 0.42
CO 0.50 0.44
PM 2.5 0.88
Aerosol SO4

2� 0.85
Nacc

c 0.70
Importance of factors
Fraction of variance 0.42 0.10 0.08 0.07 0.05 0.04
Cumulative variance 0.42 0.53 0.60 0.67 0.73 0.77

aThe degree of association between measured compounds and each of the six factors is indicated by a loading value, with the
maximum loading being 1. Loadings of magnitude <0.4 omitted.

bThe sum of 2-methylpentane and 3-methylpentane, which coelute.
cAccumulation mode (100–500 nm) aerosol number density.
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[33] Factor 3, consisting of fine particle number (accu-
mulation mode only; nuclei and aitken mode number
densities were not included in the analysis as they contained
too many missing values), PM 2.5 mass, sulfur dioxide, and
particle sulfate, had a weak diurnal pattern containing a
maximum at midday (Figure 4c). The correlation of acetone
and MEK with the other species associated with this factor
may arise from distinct sources which lie along the same
transport trajectory, or may reflect long-range transport of
pollution with concurrent photochemical production.
[34] The fourth factor, which explained 7% of the cumu-

lative variance, associated with combustion markers such as
benzene, NOx and CO, is analogous to the source represented
by the third factor extracted from the winter data set. The two
factors both exhibited diurnal patterns with concentrations
elevated at night and early morning (Figures 3c and 4d), and
in both cases the highest levels were associated with winds
from the south-southeast. Again, we attribute this factor to
industrial emissions. PM 2.5 loaded on the analogous factor
in the winter data set, but was not significantly associated
with this factor in the summer. This may be due to the fact that
concentrations of all measured PM components increased
significantly during the summer, and so the contribution of
this local source to the total PM 2.5 mass was less important
during this time. The fifth factor accounted for a further 5% of
the data set variance and was associated exclusively with
oxidation products of isoprene: methacrolein (MACR),
methylvinylketone (MVK) and 3-methylfuran.
[35] Propane, isobutane and butane grouped together on

factor 6, which likely represents propane fuel or natural gas
leakage. The diurnal pattern for this factor (Figure 4f) was
similar to that of factor 1, with a strong predawn maximum
and afternoon minimum. There was also a weak negative

association with ozone, as there was with factor 1, owing to
the co-occurrence of the maximum mixed layer depth (and
lowest levels of factor 1 and factor 6 compounds) with the
maximum daily ozone concentrations.
3.2.3. Summary of Factor Analysis Results
[36] The results of the factor analyses provide a context

from which to interpret the combined VOC and fine particle
data sets. In both seasons, local tailpipe emissions formed a
substantial component of the ambient VOC concentrations.
They did not, however, significantly impact the aerosol
species that were included in the factor analysis. Nonauto-
motive combustion emissions, probably from industrial
point sources in the area, were an important source of
aerosol mass, as well as of CO, NOx and several unsaturated
hydrocarbons. There was pronounced photochemical pro-
duction of OVOCs such as acetone, MEK, and acetaldehyde
in summer. Diurnal concentration patterns indicated that this
source was more important than primary combustion emis-
sions. In winter this was not the case, although secondary
production was still evident. Along with isoprene, 1-butene
showed evidence of a local light-driven biogenic source.
There was a distinct source of alkanes that did not appear to
be a significant source of other compounds, which was
likely leakage of propane fuel or natural gas. Finally,
ambient PM showed evidence of a significant secondary
component even in winter. The importance of primary and
secondary sources to OVOC and OC levels is explored in
detail in the following section.

3.3. Source Apportionment of OVOCs and Aerosol
Organic Carbon

3.3.1. OVOC Source Apportionment
[37] Oxygenated VOCs can make up a sizable and even

dominant fraction of the total VOC abundance and reactiv-

Figure 3. Median diurnal cycles in factor scores (circles)
for the winter data set. Banded gray areas show the
interquartile range. Incoming solar radiation is also shown
(dot-dash line).

Figure 4. Median diurnal cycles in factor scores (circles)
for the summer data set. Banded gray areas show the
interquartile range. Incoming solar radiation is also shown
(dot-dash line).
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ity, in the urban [Grosjean, 1982; Goldan et al., 1995a],
rural [Goldan et al., 1995b; Riemer et al., 1998], and even
remote marine atmosphere [Singh et al., 1995, 2001]. Many
OVOCs, such as acetone, MEK and acetaldehyde, are
known to have a diversity of sources, including combustion
emissions, photochemical production from both anthropo-
genic and biogenic precursor species, and direct biogenic
emissions. Understanding the magnitudes of these sources
in different environments is prerequisite to an accurate
representation of odd hydrogen cycling and ozone chemis-
try in models of atmospheric chemistry and air quality from
the local to global scale.
[38] Here we present a new approach to unraveling source

contributions to such species. We define the ambient con-
centrations of VOC species Y (cy, in ppt) as being the sum
of direct combustion (cyc) and other components (cyo),
which could represent secondary or biogenic sources, as
well as a background concentration (ca),

cy ¼ cyc þ cyo þ ca: ð1Þ

[39] For relatively long lived species, such as acetone, ca

may be considered to represent a regional background level.
In this case, ca will presumably include contributions from
both combustion and secondary/biogenic production that
has taken place elsewhere and been integrated into the
regional background. For acetaldehyde, a compound with
an atmospheric lifetime of only a few hours, there was
nonetheless a nonzero observed minimum concentration in
both summer and winter. Here, the parameter ca may
represent a relatively invariant area source that maintains
ambient levels of acetaldehyde above a certain threshold. In
either case, we operationally define the background con-
centration of each species as the 0.1 quantile of the
measured concentrations [Goldstein et al., 1995b].
[40] If Y and a combustion tracer, such as toluene, are

emitted in a relatively consistent ratio from different types
of combustion sources, then cyc can be estimated as

cyc ¼ ctol

Y

TOL

� �
E

; ð2Þ

where (Y/TOL)E is the primary emission ratio of Y relative
to toluene, and ctol represents toluene enhancements above
background (ppt; see the following section for a discussion
of the choice of combustion marker). cyo is then given by

cyo ¼ cy � ctol

Y

TOL

� �
E

� ca: ð3Þ

In (3), ctol, cy, and ca are known quantities. All that is
required to calculate the combustion (cyc) and secondary
plus biogenic (cyo) components of species Y is the primary
emission ration (Y/TOL)E.
[41] To determine (Y/TOL)E for each species Y, we make

use of the combustion tracers associated with the first factor
in the factor analyses (Tables 2 and 3). For a given value of
(Y/TOL)E, we can calculate a cyo vector, and the coefficient
of determination (r2) between cyo and each of our combus-
tion tracers. By varying (Y/TOL)E over a range of possible
values and repeating this calculation, we can derive r2

between the calculated cyo and each of our combustion
tracers, as a function of (Y/TOL)E. At low values of (Y/TOL)E,
the calculated cyo will still contain a significant combustion
component. At high values of (Y/TOL)E, cyo will become
dominated by thectol term. At the correct value for (Y/TOL)E
all contributions of combustion emissions should be removed
from cyo, and hence correlation of cyo with a pure combus-
tion parameter should be at a minimum. Conversely, if the
noncombustion sources of Y are dominantly photochemical,
then the correlation between cyo and a photochemically
derived VOC should reach a maximum at that same point.
[42] The results of performing this analysis for Y =

acetone, MEK and acetaldehyde are shown in Figure 5.
Each solid line shows the coefficient of determination
between an individual combustion marker and cyo, as a
function of the value of (Y/TOL)E that was used to calculate
cyo. The compounds used as markers of combustion
(V, with mixing ratios cv) were those VOCs thought to

Figure 5. Coefficient of determination between combus-
tion or photochemically derived VOCs and the residual term
cyo, representing photochemical and biogenic OVOC
sources, as a function of the primary emission ratio
(Y/TOL)E. Each solid (dashed) line represents a separate
combustion (photochemical) marker compound (V, with
mixing ratio cv, for V = propyne, 2-methylpropene,
t-2-butene, c-2-butene, 2-methyl-1-butene, 3-methyl-1-
butene, t-2-pentene, benzene, ethylbenzene, p-xylene,
m-xylene, o-xylene, NOx, MACR, or MVK). The critical
point in the curves gives the combustion emission ratio for
speciesY (acetone,MEK,or acetaldehyde) relative to toluene.
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be solely or predominantly derived via combustion pro-
cesses (propyne, 2-methylpropene, t-2-butene, c-2-butene,
2-methyl-1-butene, 3-methyl-1-butene, t-2-pentene,
benzene, ethylbenzene, p-xylene, m-xylene, o-xylene) and
NOx. Dashed lines show r2 between cyo and VOCs thought
to be solely photochemically produced (MACR and MVK,
which were present above detection limit in the summer
experiment only), as a function of (Y/TOL)E.
[43] There is a well defined minimum in the curve for the

combustion markers, the location of which, for a given
oxygenated VOC species Y, is consistent across all marker
compounds. For the summer data, the location of this
minimum coincides with the maximum r2 value for the
photochemically produced tracer species. We interpret the
location of the critical value of r2 as the representative (Y/
TOL)E value for that time of year (Table 4).
[44] Primary emission ratios, relative to toluene, for

acetone, MEK and acetaldehyde were all substantially
(1.4–2.4 times) higher in January–February 2002 than in
July–August 2002. Since the emission ratio depends on the
toluene as well as OVOC emission strength, seasonal
changes in the emission ratio can be due to changes in the
numerator, denominator or both. This issue is discussed
further in the following section. The primary emission ratios
calculated in this section are averages over the sources
impacting the air masses that were sampled during the
course of the study. They therefore represent integrated
regional emission ratios for Pittsburgh in January–February
and July–August 2002.
[45] Urban and industrial VOC emission ratios depend on

a number of factors, in particular vehicle fleet and fuel
characteristics as well as types of industrial activity in the
region. Such variability complicates efforts to construct
reliable emission inventories for use in air quality modeling,
and emphasizes the utility of the approach developed here,
which provides top-down observational constraints on
regional pollutant emission ratios. On-road studies of motor
vehicle exhaust in the U.S. (generally carried out during
summer) report emission ratios for acetone, MEK and
acetaldehyde relative to toluene ranging from 2–4%, 2–
12%, and <1–8% (molar basis) respectively for light-duty
vehicles [Kirchstetter et al., 1999; Fraser et al., 1998;
Zielinska et al., 1996; Kirchstetter et al., 1996]. Heavy-duty
or diesel vehicles emit substantially higher amounts of these
OVOCs relative to toluene, with emission ratios frequently

greater than unity [Zielinska et al., 1996; Staehelin et al.,
1998]. Inventory estimates (including mobile, point and
nonpoint sources) of annual acetaldehyde and MEK emis-
sions in Allegheny County are 14% and 10% those of
toluene respectively on a molar basis (see http://www.epa.
gov/ttn/chief/net/index.html), substantially lower than the
values determined here (Table 4). If inventory estimates of
toluene emissions are accurate, this suggests that acetalde-
hyde and MEK emissions are underestimated by factors of
approximately 3.8 and 2.6 (from the average of the summer
and winter ratios, Table 4).
[46] For the summer data, cyo for both acetone and MEK

exhibited a well-defined maximum correlation with MACR
and MVK (Figure 5), indicating that the other, noncombus-
tive, source represented by cyo is likely to be largely
photochemical. For acetaldehyde, the poor correlation of
cyo with MACR and MVK suggests that cyo is not
exclusively photochemical in nature, and may contain
another significant component such as biogenic emissions.
[47] For comparison, Figure 6 shows results of the same

analysis for Y = MACR and MVK, species whose only
significant known source is from photochemical oxidation
of isoprene. In this case, the minimum correlation of cyo

with combustion derived VOCs (and maximum correlation
with MVK or MACR) occurs at a combustion emission
ratio (Y/TOL)E of zero, showing that there are no significant
primary emissions of these compounds.
[48] With (Y/TOL)E determined by the critical points in

Figure 5, the contributions to the concentration of species Y
from background (ca), combustion emissions (cyc), and
other sources (cyo) as a function of time can then be
calculated from (2) and (3). Contributions of ca, cyc, and
cyo to the ambient levels of acetone, MEK, and acetalde-
hyde in summer and winter are summarized in Table 4.
Negative values of cyo were assumed to contain no sec-
ondary or biogenic material and were set to zero.
[49] Ambient concentrations of acetone, MEK and acet-

aldehyde during summer were on average 3–4 times higher
than winter (Table 4). Increases in background concentra-
tions were responsible for a significant portion of this winter
to summer difference, with summer background levels on
average 2.5–5 times higher than in the winter. However, the
fraction of the total concentration due to the background
was comparable in summer and winter. In both seasons, the
background made up, on average, slightly over half of the

Table 4. OVOC Combustion Emission Ratios and Source Contributionsa

Species (Y)

Ambient
Concentration

Primary Emission
Ratio

Background
Concentration Combustion Emissions Other Sources

cy, ppt (Y/TOL)E ca,
ppt

ca/cy cyc, ppt cyc/cy cyo, ppt cyo/cy

Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb

Winter
Acetone 943 655–1390 0.78 0.74–0.82 526 0.56 0.38–0.80 114 49–241 0.12 0.05–0.21 237 23–624 0.24 0.04–0.48
MEK 215 153–299 0.34 0.34–0.34 120 0.56 0.40–0.79 50 21–105 0.23 0.10–0.39 24 0–92 0.12 0.00–0.35
Acetaldehyde 538 403–729 0.62 0.60–0.64 289 0.54 0.40–0.72 91 39–192 0.17 0.07–0.31 146 24–290 0.27 0.05–0.40

Summer
Acetone 4030 3130–4890 0.32 0.29–0.34 2650 0.66 0.54–0.85 81 29–224 0.02 0.01–0.06 1200 353–1940 0.29 0.12–0.41
MEK 559 408–674 0.17 0.16–0.18 319 0.57 0.47–0.78 45 16–123 0.10 0.03–0.23 138 29–257 0.26 0.06–0.40
Acetaldehyde 1560 1100–2150 0.43 0.40–0.52 798 0.51 0.37–0.72 113 40–310 0.09 0.03–0.20 542 126–1050 0.34 0.11–0.50

aNote that the median values of the source contributions do not necessarily add up to the median ambient concentration as the median is not a distributive
property.

bIQR, interquartile range.
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overall abundance for all three compounds (Table 4). The
higher summer background concentrations for these species
were probably due to increased nonlocal photochemical
production and biogenic emission during that time of year.
[50] The absolute contribution from combustion to atmo-

spheric mixing ratios was very similar in summer and
winter, despite the large changes in emission ratios (which
were higher in winter by factors of 2.4, 2.0 and 1.4 for
acetone, MEK and acetaldehyde; see discussion in follow-
ing section). However, total concentrations were substan-

tially higher in summer, and combustion emissions were a
significantly smaller fraction of the total source (Table 4).
[51] Other sources, which we assume to be predominantly

photochemical but which also likely include some biogenic
emissions in summer, were substantially higher in summer
for all three compounds. Median summer values of cyo

were over 5 times higher than in winter for acetone and
MEK and nearly 4 times higher for acetaldehyde.
[52] With the exception of MEK, combustion was not the

major source of these compounds, even in winter. For MEK,
combustion emissions were more important than other
sources (cyo) in the winter (a median of 23% versus
13%). This was not the case in the summer, however, nor
was it true for acetone or acetaldehyde in either season. For
acetone, other sources were twice as important as combus-
tion emissions in the winter and ten times as important in
the summer. For acetaldehyde, other sources were 50%
larger than combustion emissions in winter and 4 times
larger in summer.
[53] Diurnally averaged OVOC source contributions,

overlaid with ozone concentrations, in winter and summer
are shown in Figure 7. For the summer data set, the other
OVOC sources (cyo) showed a strong photochemical sig-
nature: low at night, increasing after sunrise and peaking in
the afternoon. For each compound, acetone, MEK and
acetaldehyde, the cyo term tracked ozone quite closely.
For the winter data set, the cyo terms for each OVOC
showed a much weaker photochemical signal, and the
relative contribution from combustion was substantially
larger than in the summer. Note that since cyc for each

Figure 6. Same as Figure 5, except for Y = methacrolein
(MACR) and methylvinylketone (MVK). The minimum
correlation of cyo with combustion derived VOCs (and
maximum correlation with photochemical VOCs) occurs at
an emission ratio (Y/TOL)E of zero, showing that there are
no significant primary emissions of these compounds.

Figure 7. Diurnal patterns in OVOC source contributions (winter and summer data). Combustion
source (cyc, ppb), pluses and unshaded region; photochemical and biogenic sources (cyo, ppb), circles
and surrounding gray area. Ozone is also shown (solid dark line). Points show median values; banded
areas show the interquartile range. Note different y axis scales for winter and summer.
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OVOC is defined as ctol(Y/TOL)E, i.e. the observed toluene
enhancements multiplied by a primary emission ratio,
diurnal patterns in cyc shown in Figure 7 reflect that of
toluene.
3.3.2. Choice of Combustion Marker and Seasonal
Patterns in Emission Ratios
[54] Repeating the above analysis using other combustion

derived compounds instead of toluene as the primary
emission tracer resulted in only minor changes to the
calculated OVOC partitioning (Table 4) and did not alter
any of the conclusions. This gives us confidence that this
approach to partitioning VOC source contributions is
robust. For a given primary emission tracer, the calculated
OVOC emission ratios, given by the critical r2, were
consistent using compounds that are solely combustion
derived (e.g. alkenes and alkynes) and compounds that
have additional anthropogenic noncombustion sources, such
as evaporative losses and chemical processing (e.g. benzene
and toluene). Hence the approach is not sensitive to slight
differences in source profiles for the marker compounds. We
conclude that the calculated emission ratios represent an
integrated regional primary pollution signal, rather than one
specific source type.
[55] In addition, we note that the combustion markers

employed to calculate the OVOC primary emission ratios
relative to toluene (Figure 5) have lifetimes that vary by
nearly a factor of 50, yet they give consistent emission ratio
estimates. This may indicate that much of the variability
observed is relatively local and not driven by photochemical
lifetime or by the different sampling footprints for species of
different lifetimes.
[56] Seasonal differences in the OVOC primary emission

ratios, however, calculated relative to the tracer compound,
changed dramatically depending on the tracer used. This is
to be expected since the primary emission ratios are
sensitive to changes in both the numerator and denominator,
and different combustion tracers do not necessarily have
identical seasonal patterns in emission strength. While the
primary OVOC emission ratios relative to toluene were all
higher in the winter, OVOC emission ratios calculated
relative to alkenes and alkynes were generally 2–3 times
higher in the summer. It is possible that noncombustion
toluene sources, i.e. evaporative emissions, are higher in
summer which would decrease the OVOC emission ratio for
that time of year. However, the short-lived alkenes are
oxidized much more rapidly in the summer months due to
higher concentrations of OH and ozone. Over a given
source-receptor distance, then, the alkenes would be more
depleted relative to the OVOCs in the summer than in the
winter. This would lead to higher OVOC:alkene emission
ratios in the summer, as observed. While this effect would
also occur with toluene, either the effect was small due to
toluene’s longer lifetime (10 times that of t-2-butene) and/or
it was offset by increased emissions.
3.3.3. Quantification of Secondary Organic Aerosol
[57] Organic carbon (OC) constitutes a significant frac-

tion of atmospheric aerosol [Lim and Turpin, 2002; Cabada
et al., 2002, 2004; Tolocka et al., 2001]; however, its origin
and composition remain poorly understood. OC consists of
hundreds or thousands of individual organic compounds.
Both anthropogenic sources (e.g. combustion) and biogenic
sources (e.g. plants) can contribute to aerosol organic

carbon via direct emission of particles (primary OC), and
via emission of gas-phase precursor compounds that parti-
tion into the aerosol phase upon oxidation (secondary OC).
Clarifying the roles of primary and secondary OC produc-
tion is an important step toward an improved understanding
and modeling of the sources, morphology and effects of
aerosol OC. The technique of minimizing (maximizing) the
correlation between combustion (photochemical) tracer
compounds and the photochemical component of a species
of interest, developed in the previous section, also has utility
in determining the primary emission ratio for pollutants
other than VOCs. Here, we apply the method to quantify the
relative importance of primary and secondary OC sources in
the study region.
[58] As above, aerosol organic carbon concentrations

(Moc, in mg of carbon per cubic meter, mgC/m3) are defined
as being composed of combustion (Mc) and other (Mo)
components, plus a regional background (Ma) [Turpin and
Huntzicker, 1995]:

Moc ¼ Mc þMo þMa: ð4Þ

[59] Elemental carbon (EC, or soot) is an aerosol com-
ponent whose only source is direct emission from combus-
tion. If both OC and EC are emitted from primary sources
according to a characteristic averaged OC:EC emission ratio
(OC/EC)E, then the combustion-derived organic carbon can
be estimated as

Mc ¼ Mec

OC

EC

� �
E

; ð5Þ

where Mec represents elemental carbon enhancements above
background (in mgC/m3), and Mo is given by

Mo ¼ Moc �Mec

OC

EC

� �
E

� Ma: ð6Þ

[60] The background term, Ma, represents noncombustion
primary OC (e.g. from biogenic sources) as well as any
regional aerosol organic carbon background. As above, we
estimate Ma as the 0.1 quantile of the measured OC
concentrations. Mo is then assumed to be exclusively
secondary OC. It should be pointed out, however, that if
there exist significant sources of primary OC which do not
correlate with EC and are highly variable through time (and
thus are not entirely captured by the Ma parameter), then Mo

may also contain some primary influence.
[61] One challenge associated with the EC tracer method

as it has been applied in the past involves defining the
OC:EC ratio of primary emissions, as this can vary signif-
icantly between sources and consequently as a function of
time. In addition, defining (OC/EC)E from ambient OC and
EC concentration data requires that there be a subset of data
with no significant secondary contributions to the measured
OC concentrations. The typical approach is to qualitatively
eliminate data points that are likely to be impacted by
significant secondary production or other factors such as
rain events, and regress OC on EC for that subset of data
dominated by primary OC [Turpin and Huntzicker, 1995;
Cabada et al., 2004]. This then gives a regression slope that
is in theory reflective solely of primary emissions. The
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parameterMa, reflecting primary noncombustion OC, is then
assumed to be constant and given by the intercept, enabling
the calculation of Mo. In the event of significant temporal
variability in the primaryOC:EC ratio impacting the sampling
site, this process may be repeated on subsets of the data.
[62] Here we employ the technique developed in the

previous section, using the range of markers for primary
and secondary processes provided by the VOC data set to
define the characteristicOC:ECprimary emission ratio for the
Pittsburgh region in summer and winter. This approach
avoids the need to carefully select time periods that will yield
the ‘‘correct’’ value of (OC/EC)E. In addition, the suite of
primary and secondary VOCs available provides bounds on
the value of (OC/EC)E appropriate to a given time period. The
secondary organic aerosol is then calculated according to (6).
[63] The coefficient of determination between Mo and

combustion and photochemically derived VOCs is shown in
Figure 8 as a function of (OC/EC)E for winter and summer.
Again, the critical point of the curves gives the representa-
tive value of (OC/EC)E for that time of year.
[64] The median value of (OC/EC)E determined for the

winter data set was 1.85 (IQR: 1.82–1.86), whereas that for
the summer data set was lower with a median of 1.36 (IQR:
1.27–1.48) (Table 5). Substantially higher particulate con-
centrations of levoglucosan were observed in the winter,
indicative of increased wood combustion. More widespread
wood burning is a likely cause of the higher primary OC:EC
emission ratio at that time of year. Colder engines and less
efficient combustion may have also contributed to the
higher wintertime ratio.

[65] Using the derived values of (OC/EC)E for summer
and winter, we can then calculate Mo, the secondary OC,
according to (6). Timelines of the total (Moc), combustion
(Mc), and secondary (Mo) aerosol organic carbon concen-
trations (in mgC/m3) for winter and summer 2002 are plotted
in Figure 9, and quantiles of these quantities are given in
Table 5. Note that since Mc is defined as Mec(OC/EC)E,
there are occasional episodes where Mc > Moc. Negative
values of Mo were assumed to contain no secondary
material and were set to zero.
[66] Ambient concentrations of aerosol organic carbon in

the summer experiment were on average twice as high as in
the winter (Table 5). Background levels (Ma) made up a
significant fraction of the total ambient aerosol OC concen-
trations in both seasons. Background aerosol OC concen-
trations were slightly higher in summer but a larger fraction
of the total in winter (median of 49% versus 35%).
Similarly, combustion OC was slightly higher in the sum-
mer, however, it made up a larger fraction of the total OC in
winter (median of 30% versus 19%). Secondary organic
carbon (Mo) accounted for a median of 16% (IQR: 0–35%)
of the aerosol OC in winter, and 37% (IQR: 15–56%) in
summer (Table 5).
[67] A. Polidori et al. (manuscript in preparation, 2005)

carried out an analysis of the primary and secondary
components of OC in Pittsburgh during the PAQS study

Figure 8. Coefficient of determination between combus-
tion or photochemically derived VOCs and the residual term
Mo, representing secondary OC, as a function of the primary
emission ratio (OC/EC)E. Each solid (dashed) line repre-
sents a separate combustion (photochemical) marker
compound. The critical point in the curves gives the
primary emission ratio (OC/EC)E.

Table 5. OC Combustion Emission Ratios and Source Contributionsa

Season

Ambient
Concentration

Primary
Emission
Ratio

Background
Concentration Combustion Emissions Secondary Production

Moc,
mgC/m3 (OC/EC)E Ma,

mgC/m3

Ma/Moc

Mc,
mgC/m3 Mc/Moc

Mo,
mgC/m3 Mo/Moc

Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb Median IQRb

Winter 1.2 0.83–2.0 1.85 1.82–1.86 0.60 0.49 0.30–0.72 0.37 0.13–0.75 0.30 0.13–0.48 0.20 0.00–0.59 0.16 0.00–0.35
Summer 2.5 1.6–3.9 1.36 1.27–1.48 0.87 0.35 0.22–0.54 0.50 0.20–1.1 0.19 0.10–0.32 0.99 0.27–1.9 0.37 0.15–0.56

aNote that the median values of the source contributions do not necessarily add up to the median ambient concentration as the median is not a distributive
property.

bIQR, interquartile range.

Figure 9. Timelines of total OC (Moc, mgC/m
3), dark solid

line; combustion OC (Mc, mgC/m
3), dashed line; secondary

OC (Mo, mgC/m
3), light solid line. Data are shown for the

(a) winter and (b) summer deployments.
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using the Turpin and Huntzicker [1995] EC tracer method.
For overlapping time periods (10 January to 12 February
and 10–31 July 2002), they calculate median secondary
OC concentrations of 0.21 mgC/m3 (15% of total OC) and
1.04 mgC/m3 (47% of total OC) respectively. These
values are in good agreement with those calculated here
for the same periods: 0.20 mgC/m3 (16% of total OC) and
1.15 mgC/m3 (43% of total OC) (note that these values differ
slightly from those in Table 5 since they do not reflect
identical time periods).

3.4. Characterization of the Chemical State of the
Atmosphere: VOC Contributions to OH Loss

[68] Photochemical production of secondary organic
aerosol (SOA) depends on the chemical state of the atmo-
sphere, both in terms of oxidative capacity, and in term of
the quantity and nature of gas phase organic material that is
present to form aerosol. In this section we describe the
relative importance of different classes of VOCs to tropo-
spheric photochemistry in the Pittsburgh region in summer
and winter, and show that higher levels of photochemically
active compounds are present in summer, when SOA levels
are highest, due to biogenic emissions and photochemical
production of OVOCs.
[69] A useful measure of air mass chemical reactivity is

the OH loss rate (LOH, s
�1), defined as

LOH ¼
X
i

kici; ð7Þ

where ki is the reaction rate constant for species i with the
hydroxyl radical [Atkinson, 1994], and ci is the concentra-
tion of i in molec/cm3. LOH has units of s�1 and represents
the inverse lifetime of the hydroxyl radical with respect to
reaction with the measured compounds.
[70] Daytime (1000–1600 EST) values of LOH were

calculated for the following groups of compounds: total
(all measured VOCs plus CO); alkanes; alkenes + alkynes;
aromatics; OVOCs; isoprene plus its oxidation products
methacrolein, methylvinylketone, and 3-methylfuran; and
CO (Figure 10; Tables 6 and 7).
[71] Due to analytical challenges, VOC measurements in

many field studies of air quality and atmospheric chemistry
comprise only the anthropogenic nonmethane hydrocarbons
(NMHCs; alkanes, alkenes, alkynes and aromatics). In
Pittsburgh during January and February 2002, these species
accounted for a substantial portion (approximately 60%) of
the total measured OH loss rate. However, while their
collective OH reactivity was only slightly less in summer
(0.68 s�1 versus 0.89 s�1), their importance relative to other
VOCs was dramatically lower, as they accounted for only
11% on average of total LOH during summer. Similarly, the
CO reactivity was comparable in both seasons (median of
0.49 s�1 in winter and 0.53 s�1 in summer), but its relative
contribution to the total measured OH loss rate was much
greater in winter (median of 23% versus 7% in the summer).
It should be pointed out that these calculations do not
include the C2 hydrocarbons ethane, ethene and ethyne,
which were not measured. Based on published ratios of
these compounds to other species [Parrish et al., 1998], we
estimate that they would cause an OH loss rate of approx-
imately 0.05 s�1 and 0.13 s�1 for summer and winter.

[72] Despite the comparable NMHC and CO reactivity in
the two seasons, the total measured daytime OH loss rate
underwent a more than fourfold increase from winter
(median = 1.42 s�1; IQR: 1.12–2.30 s�1) to summer
(median = 7.25 s�1; IQR: 4.60–9.38 s�1). This was due
to the presence of high levels of isoprene and its oxidation
products in summer, and also to the three-fold increase in
oxygenated VOC concentration and reactivity from winter
to summer (Tables 6, 7). Isoprene plus its oxidation prod-
ucts accounted for a median of 62% (IQR: 52–70%) of the
daytime OH loss rate in summer, with the OVOCs account-
ing for an additional 20% (IQR: 15–26%). Formaldehyde
measurements were not made during the PAQS study, and
including the effects of this compound would result in an
increased contribution to the calculated OH loss rate from
the OVOCs in both seasons.
[73] The PAQS sampling site was located at the north end

of Schenley Park, a 456 acre urban park with substantial
tree cover. To test whether the observed isoprene concen-
trations were biased by the presence of a large nearby
source, the daytime OH loss due to isoprene and its

Figure 10. Probability density curves of measured day-
time (1000–1600 EST) VOC OH loss rate by compound
class for winter and summer 2002. Measured OH loss rate
for isoprene plus its oxidation products methacrolein,
methylvinylketone, and 3-methylfuran is shown for both
hot (maximum air temperature � 29�C) and cool (maximum
air temperature < 29�C) days in the summer. These
compounds were not present above detection limit in the
winter. Note the different scales for the x axes in the left-
and right-hand columns.
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oxidation products was calculated for time periods when the
wind was only from the northern sector and the wind speed
was greater than 1 m/s. The resulting OH loss rate (median
4.55 s�1; IQR 2.85–5.73 s�1) was not significantly differ-
ent from that calculated using all of the daytime data

(median 4.71 s�1; IQR 2.77–6.20 s�1). Hence we find that
in winter, the total daytime OH loss rate is dominated by the
nonmethane hydrocarbons and CO, whereas in summer it is
dominated by isoprene, its oxidation products, and oxygen-
ated VOCs. The above calculations do not include methane,

Table 6. Quantiles of Daytime OH Loss Rate: Winter Dataa,b

Category

All Days High Ozone Daysc

LOH, s
�1

Fraction of Total VOC
LOH LOH, s

�1
Fraction of Total VOC

LOH

Median IQRe Median IQRe Median IQRe Median IQRe

Total 1.42 1.12–2.30 1.00 0.91–1.27
Alkanesf 0.31 0.25–0.41 0.20 0.17–0.25 0.27 0.17–0.32 0.20 0.18–0.26
Alkenes + Alkynesf 0.41 0.32–0.57 0.27 0.23–0.32 0.29 0.23–0.40 0.25 0.22–0.30
Aromatics 0.17 0.12–0.23 0.11 0.09–0.13 0.12 0.09–0.19 0.10 0.09–0.12
OVOCs 0.41 0.33–0.57 0.29 0.23–0.35 0.45 0.31–0.54 0.38 0.29–0.45
CO 0.49 0.21–1.05 0.23 0.17–0.36 0.19 0.19–0.19 0.20 0.20–0.22

Category

High OC Daysc Nucleation Daysd

LOH, s
�1

Fraction of Total VOC
LOH LOH, s

�1
Fraction of Total VOC

LOH

Median IQRe Median IQRe Median IQRe Median IQRe

Total 2.70 1.64–3.35 1.04 0.98–1.20
Alkanesf 0.40 0.33–0.58 0.18 0.14–0.20 0.26 0.24–0.30 0.27 0.21–0.29
Alkenes + alkynesf 0.57 0.44–0.84 0.24 0.20–0.30 0.28 0.26–0.35 0.28 0.25–0.31
Aromatics 0.25 0.14–0.31 0.09 0.07–0.11 0.12 0.10–0.16 0.11 0.09–0.13
OVOCs 0.69 0.51–0.78 0.26 0.21–0.32 0.37 0.34–0.45 0.35 0.32–0.38
CO 0.74 0.45–1.56 0.28 0.16–0.36 <DLg <DLg <DLg <DLg

aNote that the median values of the components do not necessarily add up to the median of the total as the median is not a distributive property.
bDaytime: 1000–1600 EST.
cHigh ozone and high OC days are defined as days when the daily maximum concentration was above the 0.8 quantile for all daily maxima.
dDays on which moderate to strong nucleation events occurred [Stanier et al., 2004b].
eIQR, interquartile range.
fNote that ethane, ethene, and ethyne were not measured. See text for discussion.
gCO concentrations during these periods were below the instrumental detection limit of 0.1 ppm.

Table 7. Quantiles of Daytime OH Loss Rate: Summer Dataa,b

Category

All Days High Ozone Daysc

LOH, s
�1

Fraction of Total VOC
LOH LOH, s

�1
Fraction of Total VOC

LOH

Median IQRe Median IQRe Median IQRe Median IQRe

Total 7.25 4.60–9.38 8.53 7.17–9.77
Alkanesf 0.17 0.12–0.24 0.03 0.02–0.04 0.19 0.17–0.30 0.03 0.02–0.04
Alkenes + alkynesf 0.36 0.30–0.45 0.06 0.04–0.07 0.42 0.36–0.51 0.05 0.04–0.06
Aromatics 0.14 0.08–0.24 0.02 0.01–0.04 0.13 0.08–0.24 0.02 0.01–0.03
OVOCs 1.35 1.09–1.64 0.20 0.15–0.26 1.80 1.53–1.97 0.21 0.16–0.24
Isop + Oxf 4.71 2.77–6.20 0.62 0.52–0.70 5.69 3.75–6.67 0.63 0.58–0.71
CO 0.53 0.26–0.86 0.07 0.04–0.12 0.60 0.24–0.83 0.06 0.03–0.09

Category

High OC Daysc Nucleation Daysd

LOH, s
�1

Fraction of Total VOC
LOH LOH, s

�1
Fraction of Total VOC

LOH

Median IQRe Median IQRe Median IQRe Median IQRe

Total 9.26 8.23–10.43 4.96 3.37–6.47
Alkanesf 0.21 0.16–0.27 0.03 0.02–0.04 0.11 0.09–0.20 0.03 0.02–0.03
Alkenes + alkynesf 0.38 0.31–0.48 0.04 0.04–0.06 0.35 0.25–0.43 0.07 0.06–0.07
Aromatics 0.27 0.19–0.40 0.03 0.02–0.05 0.12 0.08–0.14 0.02 0.02–0.03
OVOCs 1.54 1.35–1.84 0.17 0.14–0.20 1.30 1.05–1.59 0.26 0.23–0.30
Isop + Oxg 5.71 4.58–6.75 0.64 0.57–0.70 3.16 1.91–3.92 0.59 0.52–0.62
CO 0.71 0.57–1.04 0.09 0.07–0.11 0.22 0.16–0.54 0.07 0.02–0.09

aNote that the median values of the components do not necessarily add up to the median of the total as the median is not a distributive property.
bDaytime: 1000–1600 EST.
cHigh ozone and high OC days are defined as days when the daily maximum concentration was above the 0.8 quantile for all daily maxima.
dDays on which moderate to strong nucleation events occurred [Stanier et al., 2004b].
eIQR, interquartile range.
fNote that ethane, ethene, and ethyne were not measured. See text for discussion.
gIsoprene plus its oxidation products MACR, MVK, and 3-methylfuran.
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which was not measured during the experiment. Based on
background concentrations of methane at this latitude (see
http://www.cmdl.noaa.gov/info/ftpdata.html), we estimate
the OH loss rate in Pittsburgh due to methane at approxi-
mately 0.21 s�1 during the winter and 0.32 s�1 during the
summer.
[74] Daytime OH loss rates were also calculated on the

following subsets of the data: high ozone days, high aerosol
OC days, and days in which moderate to strong nucleation
events were observed [Stanier et al., 2004b] (Tables 6
and 7). High ozone and high OC days were defined as days
in which the maximum value of these quantities was above
the 0.8 quantile for all observed daily maxima.
[75] For July and August, the 0.8 concentration quantile

for the daily maximum ozone was 84 ppb. On high ozone
days, the total measured OH loss rate was higher (median:
8.53 s�1) than otherwise (days not exceeding this threshold
had a median OH loss rate of 6.74 s�1), and this increase
was distributed relatively evenly among the different com-
pound classes (Table 7). During January and February, the
0.8 quantile for daily ozone maxima was only 30 ppb. Days
during which ozone exceeded this amount had a lower
overall OH loss rate (median 1.00 s�1) than days on which
it did not (median 1.57 s�1). These higher ozone days in the
winter may have occurred during periods of enhanced
vertical mixing. Comrie and Yarnal [1992] analyzed the
dependence of surface ozone in Pittsburgh on synoptic
climatology. They concluded that high ozone levels in
summer developed under stagnant anticyclonic conditions,
whereas in winter high ozone concentrations were associ-
ated with tropopause folding and vertical transport of
stratospheric ozone.
[76] In both seasons, days with high OC loadings were

associated with higher levels of all VOC compound cate-
gories and CO. In January–February, the median OH loss
rate was 2.70 s�1 on days with high OC versus 1.28 s�1 on
days without. In July–August, the median daytime OH loss
rate was 9.26 s�1 on high OC days and 6.81 s�1 on other
days. By contrast, days on which nucleation events occurred
had lower overall OH loss rates (medians of 1.04 s�1 and
4.96 s�1 in winter and summer, respectively) than days
without nucleation events (medians of 1.54 s�1 and 7.93 s�1

in winter and summer). Stanier et al. [2004b] found that the
occurrence of nucleation events during PAQS was depen-
dent on the preexisting aerosol surface area available for
condensation. The lower OH loss rates on nucleation days
may be due to a positive correlation between gas phase
reactivity and aerosol surface area (r2 = 0.48 in winter and
0.28 in summer); i.e. less polluted days with low OH loss
rates also had lower particle surface area available for
condensation of semivolatile aerosol precursors, which
increased the likelihood of new particle nucleation.

4. Conclusions

[77] High temporal density speciated VOC measurements
provide a useful framework for interpreting aerosol mea-
surements. Statistical analyses such as factor analysis on
combined VOC-aerosol data sets can test precepts used in
source-receptor modeling. The range of combustion and
photochemical markers in the VOC data set also enables us
to deconvolve the relative contributions to ambient levels of

OVOCs and aerosol OC from different source types. We
calculate that secondary plus biogenic sources accounted for
24%, 12% and 27% of the ambient concentrations of
acetone, MEK and acetaldehyde respectively in the winter
and 29%, 26% and 34% respectively in the summer.
Aerosol OC was found to be composed of 16% secondary
carbon in the winter and 37% secondary carbon in the
summer. The importance of the background contribution to
observed concentrations of both OVOCs and aerosol OC
emphasizes the role of longer-range transport and the need
for a regional perspective in addressing air quality concerns.
While local automotive emissions were the primary factor
driving changes in VOC concentrations in Pittsburgh,
they did not contribute significantly to variability in the
aerosol species included in the factor analysis (PM 2.5
mass, aerosol sulfate and nitrate mass, and aerosol number
density).
[78] VOC concentration data can also help define chem-

ical conditions that are conducive to particle formation and
growth. We find that while aerosol OC loadings are highest
when VOC concentrations and reactivities are high, nucle-
ation events tended to occur on days when levels of VOCs
and CO were low. High ozone days in the summer were
associated with high OH loss rates due to the VOCs and
CO, whereas in the winter the highest ozone levels occurred
on days with low levels of CO and nonmethane hydro-
carbons but slightly higher OVOC concentrations.
[79] One of the overall objectives of the PAQS study is to

develop the ability to predict changes in PM characteristics
and atmospheric composition due to proposed changes in
emissions. Reaching this objective will require accurate
modeling of the chemical and dynamical processes control-
ling atmospheric composition in the Pittsburgh region. The
results presented here should help to provide a basis upon
which to test mechanisms included in such models.
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Abstract

Laser-induced breakdown spectroscopy (LIBS) was used to measure the distribution of seven species in individual

ambient aerosol particles during an 8-day period from 26 August to 2 September 2002 at the Pittsburgh Aerosol

Supersite. Particle hit rates were on the order of 10�4–10�5 for Al, Ca, Cr, Cu, Mg, Mn, and Na. Weekly average

concentrations between 29 and 720 ngm�3 are reported along with conservative threshold detection limits for individual

particles between 15 and 184 fg, depending on the element. Hourly concentrations are reported for Ca, Mg, and Na; Mg

concentrations are found to be somewhat correlated with both Ca and Na, while Ca and Na appear uncorrelated. A

representative example of measured Mg particle masses illustrates that the detection threshold poses a limitation in this

data set, which could be rectified in future implementations. Finally, the presence of multi-element particles in the data

set suggest the use of high-sensitivity, wide-range echelle spectrometers for particle source apportionment and

determination of associations between elements.

r 2004 Elsevier Ltd. All rights reserved.

Keywords: Particulate matter; Aerosol composition; Laser-induced breakdown spectroscopy; LIBS; PM2.5
1. Introduction

The composition of aerosol particles in an urban

environment is of interest from the standpoint of

environmental impacts and potential human health

effects. Aerosol particles in the US are regulated on

the basis of PM10 and PM2.5 mass, which are the

fraction of particles smaller than 10 and 2.5 mm,
respectively. These mass or volume-based regulations

are convenient to measure, relative to number or

composition, but likely do not capture all of the

information that is relevant to health effects. Recent

studies have suggested that the number, size, and

composition of particulate matter (PM) may all have

an important role in health effects attributed to PM
ing author. Fax: +1-858-534-5354.

ess: buckley@ucsd.edu (S.G. Buckley).
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(Dockery and Pope, 1994). In particular, although the

mechanisms remain unclear, the presence of toxic

metals, polycyclic aromatic hydrocarbons, and other

known carcinogens in the respirable fraction of PM are

suspected to contribute to measurable health effects

(Brook et al., 2003; Salvi and Holgate, 1999), and the

metal fraction may represent a substantial portion of the

toxicity of aerosol particles (Linak and Wendt, 1993).

For this reason, methods for measuring composition

of aerosol particles are of interest. Static filter-based

methods such as the US Environmental Protection

Agency (EPA) Method 29 are useful for bulk measure-

ments of metals in PM, and similar analysis may be

performed on impactor size-segregated aerosol particles

to yield an understanding of the distribution of metals as

a function of size (Davison et al., 1974) and the

elemental and organic carbon fractions (Chow et al.,

1993). However, the urban environment is far from a
d.
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steady-state system. Shifting meteorological patterns

coupled with temporally and spatially varying emissions

result in exposure patterns that may change significantly

over time scales of minutes. Understanding human PM

exposure patterns thus requires a degree of temporal

resolution not afforded by simple filter-based methods.

A number of near-real-time and real-time methods are

under investigation for measurement of particle compo-

sition, applicable either to the effluent of thermal

processes or to ambient measurements. Seltzer and co-

workers have used a customized ICP system to monitor

metal emissions from an incinerator (Seltzer, 2000); this

process has met the EPA relative accuracy requirements

and is commercially available. However, the instrument

is unable to measure individual particles. Similar

investigations on another continuous metals emissions

monitor based on an atmospheric microwave plasma

are underway by Woskov and co-workers (Woskov

et al., 2000).

Ondov’s group at the University of Maryland has

developed a wet chemistry technique called Semi-

continuous Elements in Aerosol System (SEAS), in

which particles of all sizes entering the instrument are

grown by condensation in supersaturated water vapor,

and then separated using a virtual impactor (Kidwell

and Ondov, 2001). The particle-laden stream is collected

in impingers, and the metal content of the wash is

analyzed using an ICP or other elemental analysis

method. Time-resolved samples can be collected along

with corresponding meteorological data to perform

source apportionment (Suarez and Ondov, 2002).

However, there is a substantial time lag between data

collection and analysis using this technique as currently

configured.

Single-particle mass spectrometry, or aerosol time-of-

flight mass spectrometry (ATOFMS) has been under

development for some time as a real-time method for

measurement of a range of atmospheric particles

(Prather et al., 1994). Aerosol particles are sampled into

a low pressure inlet, aerodynamically focused, and their

velocity is measured using a pair of lasers. A third laser

is thus synchronized and fires to ablate the particle and

create an ion signal. Both positive and negative ions can

be measured, yielding both inorganic species and

molecular fragment ion mass spectra, positive and

negative. These instruments can measure both metals

and atmospherically important fragments such as

sulfates and nitrates on particles as small as a few

hundred nanometers. Recent developments include both

wide-range calibrations based on multivariate methods

(Fergenson et al., 2001), and on extending the technique

to particles in the tens of nm, eliminating the timing

lasers and using a free-firing ablation laser (Phares et al.,

2002). The instrument developed by Prather’s group is

under commercial development by TSI, Inc. This

method, however, is still largely qualitative.
Laser-induced breakdown spectroscopy (LIBS) has

been used as an analytical technique for gases, liquids,

and solids for some time, and has been extensively

reviewed (Radziemski, 1994; Schechter, 1997; Sneddon

and Lee, 1999; Song et al., 1997). Applications of

LIBS typically employ a pulsed laser with a high

peak power to form a spark (breakdown) in the

medium to be examined. The temperature of

the resulting plasma at short times (o10 ms) is in the

range of 10,000–25,000K (Yalcin et al., 1999), hot

enough to dissociate molecules into their constituent

atoms, and to excite the electrons in the neutral atoms

and ions formed in the plasma out of the ground state

and into excited electronic states. As the plasma cools,

excited electrons and ions relax back into their ground

states, emitting light at characteristic atomic frequencies.

Identification of the atoms present in the sample

volume occurs using well-known atomic emission lines,

and quantification of the elemental species concentra-

tion occurs via measurement of the intensity of the

emission lines.

LIBS has been applied to the measurement of aerosol

particles emitted from combustion process exhaust

streams and ambient particles. Ottesen and co-workers

(Ottesen et al., 1991) used LIBS to measure the

composition of individual coal particles during and

after combustion. Absolute elemental analysis of

aerosol particles was suggested by Schechter’s group in

1997 (Xu et al., 1997); almost simultaneously Hahn

developed the method of conditional analysis of

individual aerosol particles to increase sensitivity

over averaged measurements in dilute aerosol flows

and for single particle analysis (Hahn et al., 1997; Hahn,

1998).

In combustion process exhaust streams, LIBS has

primarily been used to measure inorganic species such as

toxic metals, which typically occur in particulate form.

Groups from Sandia National Laboratories (Buckley

et al., 2000; Hahn et al., 1997) and Mississippi

State University (Zhang et al., 1999) have applied

LIBS to quantification of emissions from incinerators

and thermal processes. Recent work has been focused

on increasing the sensitivity and accuracy of LIBS

via optimization of the detection timing (Fisher et al.,

2001) and statistical treatment of the detected signals

(Carranza and Hahn, 2002). Hahn and co-workers

have also recently measured ambient particles from 4th

of July fireworks in the relatively rural environ-

ment around Gainesville, Florida, detecting Al, Ca,

Mg, and Na (Carranza et al., 2001). LIBS systems

that have been deployed in the field have been rela-

tively compact and simple compared with other in-

struments; LIBS systems have been deployed, for

example, 90 feet above the ground on 90 cm wide

scaffolding for incinerator measurements (Buckley

et al., 2000).
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Fig. 1. Experimental apparatus.
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2. Experimental methods

2.1. LIBS setup

A schematic of the LIBS system is shown in Fig. 1.

The excitation source for the plasma was a Q-switched

Nd:YAG laser operating at the fundamental wavelength

(1064 nm). The laser repetition rate was 20Hz, with

pulse energy of nominally 40mJ and nominal pulse

width of 6 ns. The beam was expanded from its initial

diameter of 6mm to a diameter of nearly 25mm, then

focused with a 100mm focal length, 50mm diameter

lens. The laser pulse energy is only slightly above the

breakdown threshold of approximately 25mJ measured

under these conditions in ambient air.

This low laser pulse energy was chosen because

previous, unpublished experiments by the authors

suggested that single-particle detection limits were

optimized at low energy for highly dispersed particles.

This could possibly be due to the dependence of plasma

size on excitation energy, particularly if the plasma were

optically thick under some conditions. The background

light from the plasma scales with laser pulse energy,

while emission from an individual particle in a plasma at

local thermodynamic equilibrium is relatively fixed.

Signal from a small particle could potentially be

overwhelmed by emissions from a large, bright plasma,

particularly if the particle is located such that an

optically thick plasma screens the particle emission

from the collection optics. However, a subsequent study

by Hahn’s group (Carranza and Hahn, 2002) demon-
strated a drawback of lower pulse energies; the amount

of energy absorbed by the plasma fluctuates greatly from

shot to shot of the laser, resulting in reduced precision of

the LIBS signal.

Emissions from the plasma were collected at a right

angle to the incident laser beam. Plasma emissions were

first collimated with a 75mm focal length, 50mm

diameter fused silica lens, then coupled to a fiber optic

bundle with a Multichannel Instruments CC52 collector.

The light was dispersed with a 0.3m spectrometer with a

1200 groovemm�1 grating. Light was detected with a

time gated, intensified charge-coupled device (ICCD)

detector array. The effective linear dispersion was

approximately 0.07 nm per pixel. Spectra were collected

in four separate spectral windows, centered at 270, 340,

413, and 590 nm. The signal was integrated over

different time gates for each window. The delay with

respect to the laser pulse, and the gate width, were

optimized for the elements of interest in each spectral

region. In the 270 nm window, the delay was 1ms and
gate width was 5ms (1/5). For the other windows, the
times were 15/20, 15/40, and 20/40, respectively.

2.2. LIBS calibration

Elemental concentrations are determined from LIBS

spectra by measuring the peak-to-base (P/B) ratio and

comparing it to a calibration. The P/B ratio is defined as

the integral of the atomic emission peak normalized by

the continuum emission of the plasma in the spectral

region adjacent to the atomic peak. This method is used,

rather than absolute elemental emission, to reduce the

effect of shot to shot variations in plasma energy (Xu

et al., 1997). Calibrations are performed by sampling

particle-laden streams of known metal concentration,

and measuring the P/B ratio. Streams of known

concentration are generated by nebulizing reference

standard metal solutions using a constant output

atomizer (TSI model 3075). To control the concentra-

tion of the stream, the output of the atomizer is diluted

with filtered, dry air, and for Na, Ca, and Mg the

concentration of the solution is also varied to increase

the range of the calibration. The total flow passes

through a diffusion dryer to ensure that the particles

are dry.

The metal concentration in the output stream of the

atomizer is determined by sampling with a scanning

mobility particle sizer (SMPS). The SMPS calculates the

total volume of PM per unit volume of the carrier gas,

based on a measured electrical mobility diameter and the

assumption of spherical particles. This procedure should

be relatively accurate for dry particles. Following

common practice, the composition of the particles is

assumed, to deduce density and mass fraction of the

metal species. For most of the calibrations, particles are

assumed to be composed of the most common oxide of
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Fig. 2. Calibration for Ca(II) line at 422.0 nm.
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the metal. For sodium, a sodium chloride solution is

used, which is assumed to form NaCl particles. The

reported total particulate volume is then multiplied by

the density of the particle and the mass fraction of the

element of interest to yield the mass of the element per

volume of gas.

Ensemble averages of 1000 laser shots were used to

determine the P/B ratio for a given concentration. Data

points were fit with a linear regression, and regression

coefficient (R2) values ranged from 0.97 to 0.99 for the

seven calibrations. The calibration curve for the Ca (II)

line at 422 nm is shown as a representative example

(Fig. 2).

2.3. Data acquisition and analysis

Data was acquired during a one week period from 26

August 2002 to 2 September 2002. The system was run

continuously for most of the period, with occasional

breaks taken to perform minor maintenance and data

backup. The system continuously cycled through four

spectral windows, acquiring 2000 shots in just under two

minutes per window. The spectrometer position and the

timing of the camera were controlled by computer,

allowing the system to be fully automated.

The concentrations of seven metals (Al, Ca, Cr, Cu,

Mg, Mn, Na) were measured during the week long

sampling period. A spectral region of approximately

40 nm can be monitored at any given time, so elements

can be measured simultaneously only if they have

emission lines close to each other. To monitor a larger

number of elements, spectral regions must be scanned,

resulting in a loss of temporal resolution. The choice of

metals was based on their prevalence in the atmosphere,
the strength of their LIBS signal, and the location of

their emission lines, in an attempt to acquire the greatest

amount of useful data in a limited time period.

Time averaged element concentrations were deter-

mined using a conditional averaging technique (Hahn,

1998). For each laser shot, the P/B ratio is calculated. If

the P/B ratio is greater than the detection threshold, the

spectrum is considered a ‘‘hit,’’ meaning there was a

particle present in the plasma. The concentration of the

element within the sample volume of the plasma is

calculated for that shot and saved. If the P/B ratio is

below the detection limit, it is considered to contain no

particle. In a given time period, the average concentra-

tion of the hits times the number of hits is divided by

the total number of shots to determine the average

concentration.

In this study, the hit rates were very low, so even a

small rate of false hits would significantly influence the

calculated concentration. For this reason a relatively

high threshold was used to determine hits. The threshold

for each element was set by taking several thousand

spectra in filtered air, and increasing the threshold for a

particular line until no hits were recorded. This yielded a

higher selectivity than the standard 3s criterion for

signal-to-noise. The resulting thresholds correspond to

signal-to-noise ratios of about 4–5, and thus the

probability of false hits is minimal.

Along with elemental concentrations, the LIBS

technique can provide information about particle mass

distributions. The LIBS signal is proportional to the

concentration of analyte within the plasma volume. If

the concentration is multiplied by the plasma volume,

the mass of analyte can be calculated. When a single

particle is hit the mass of analyte within the plasma is
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equal to the mass of analyte in the sampled particle. In

this manner, the particle mass distribution of a given

element can be determined. Given a dilute particle

phase, the probability of a multiple particle hit is

roughly the square of the single-particle hit rate.

As discussed below, the hit rate in these experiments is

sufficiently low that the single-particle assumption is

justified.

2.4. Aerosol sampling

Ambient PM was sampled at the Pittsburgh Air

Quality Study Supersite in Pittsburgh, PA. The equip-

ment was housed in a trailer located at the top of a hill in

Schenley Park, adjacent to the campus of Carnegie

Mellon University. Air was sampled several meters

above the roof of the trailer, using a particle concen-

trator from Eatough’s group at Brigham Young. The

particle concentrator consists of a PM2.5 cyclone inlet

and a virtual impactor. The virtual impactor removes

excess air, producing a flow stream with an increased

concentration of fine particles. The design and char-

acterization of the system have been previously de-

scribed by Ding et al. (2002) (note: the diffusion denuder

and filter packs were removed for this study). In these

experiments, the concentrator runs at a minor to total

flow ratio of 20% and a total flow of 2.5� 10�3m3 s�1

(150 l min�1). This results in approximately a five-fold

concentration of particles and a low cutoff of approxi-

mately 0.1mm. The detection limit of the LIBS system is

above 100mm, therefore the concentrator losses should
not significantly affect the LIBS performance.

After passing through the particle concentrator, the

sample air is carried approximately three meters to the

sampling cell of the LIBS system in 1.2 cm diameter

Teflont lines. The sampling cell is a sealed 6 cm

diameter cylindrical Teflon chamber with planar win-

dows allowing optical access. The choice of Teflontmay

have adversely influenced our small particle hit rate due

to electrostatic deposition of particles in the line; this

should be avoided in future efforts of this kind. Because

the repetition rate of the laser is fixed at 20Hz and

the flow rate from the concentrator was set at

5� 10�4m�3 s�1 (30 lmin�1) in these experiments, a

section of 5/8 cm stainless-steel tube was used to

accelerate the flow and introduce it to the plasma. The

tube was positioned so that the plasma was approxi-
Table 1

Number of recorded hits and particle hit rates for experiments condu

Element Ca Na Mg

Total hits 932 836 327

Total shots 2276000 2276000 2276000

Hit rate 0.0004407 0.0002869 0.000157
mately 1 cm from the opening of the tube. This ensured

that the velocity was sufficiently high that fresh gas was

sampled with each laser shot.
3. Results and discussion

3.1. Particle hit rates

During the week, the system ran 4552 acquisition

cycles, recording 2,276,000 spectra in each window. Of

the seven elements, Ca, Na, and Mg were the most

common, with hit rates on the order of several hits per

10,000 shots. For the other elements, the frequencies

were on the order of several hits per 100,000 shots. The

number of hits and the hit rates for all elements are

shown in Table 1. Presumably, the use of the particle

concentrator helped to increase the sampling efficiency

of the LIBS system. Unfortunately, due to time

limitations, data was not acquired without the concen-

trator to determine its effect.

3.2. Ambient metal concentrations

The combination of the measured hits for each

element allows the construction of an ensemble-aver-

aged spectrum, shown for the 932 Ca hits in Fig. 3. Ca

(II) peaks are visible at 393.4, 396.8, and 422.0 nm. The

average concentration of each element is calculated for

the entire week, as discussed above (Table 2). The

concentrations ranged from tens of nanograms per cubic

meter for four minor elements to hundreds of nano-

grams per cubic meter for Na, Mg, and Ca. Hourly

concentrations of the three major elements are plotted in

Figs. 4a–c.

Relationships between element concentrations were

measured by determining the Pearson correlation

coefficients between of sets of time averaged elemental

concentrations. The Pearson correlation coefficient is

defined as

R ¼
nðSXY Þ � ðSX ÞðSY Þffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi

½nSX 2 � ðSX Þ2�½nSY 2 � ðSY Þ2�
q : ð1Þ

The correlation coefficients between Na, Mg, and Ca

are given for 1-, 4- and 12-h averages in Table 3.

Interestingly, magnesium shows a moderate correlation

with both sodium and calcium, but sodium and calcium
cted from 26 August to 2 September 2002

Cr Al Cu Mn

52 40 56 70

2276000 2276000 2276000 2276000

1.8E-05 1.757E-05 3.207E-05 3.08E-05
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Fig. 3. Averaged spectrum of 932 Ca particle hits.

Table 2

Weekly average concentrations for measured elements (ngm�3)

and threshold mass detection limits (fg)

Ca Na Mg Cu Al Mn Cr

Weekly avg. 304 716 225 32 30 29 37

Mass detection limit 50 143 53 15 184 176 166
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show essentially zero correlation. This behavior may be

explained by considering the volatilities of the metals: in

general, the volatility of Na>Mg>Ca. Thus for

combustion-generated particles, which are the bulk of

the particles containing alkali and alkaline earth

elements smaller than 1 mm, one might expect Mg to

share some commonality with both Na and Ca. It is also

interesting that both the Mg–Na and Mg–Ca correla-

tions get stronger for longer averaging intervals. Further

study is needed to determine whether this is due to

actual short time-scale fluctuations of element concen-

trations, or if the hit frequencies are too low to obtain

representative samples at the short time scale.

Twelve-hour Micro-Orifice Uniform Deposit Impac-

tor (MOUDI) samples were acquired concurrently to the

LIBS measurements. Those samples could be used to

provide a reference for verification of the LIBS data. At

the time of publication, however, the MOUDI samples

had yet to be analyzed, illustrating the advantage of the

real-time capability of LIBS.

3.3. Particle mass distributions

Mass distributions were determined for the elements

based on particle hits. Single-shot element concentra-

tions were multiplied by a plasma volume of 0.25mm3.

The Mg distribution is shown in Fig. 5, other distribu-

tions were similar. The distributions of Na, Mg, and Ca

all show that the distributions are dominated by

particles near the detection limit. The distributions are
truncated at the mass corresponding to the conserva-

tively determined detection threshold of the LIBS

system. The mass detection limit for each element is

shown in Table 2. The location of the mode of the full

distribution, and how far below the detection limit it

would be, cannot be determined. It is likely that the

LIBS system is missing a significant number of the

smallest particles and thus under predicts the mass

concentrations of elements. This fact is ameliorated

somewhat by the fact that the elemental mass concen-

trations are a weighted average of the mass number

distribution, and hence the larger particles contribute

the most to the mass determination.

While ambient particles are typically comprised of

multiple compounds, as discussed below, it may be

useful to determine an equivalent size based on a pure

particle of assumed composition. For example, the mass

detection limits in Table 2 for Ca and Mg would

correspond to 342 nm CaO and 360 nm MgO particles.

The ultimate mass concentration detection limit, which

would be expressed in mgm�3, is difficult to define for a

LIBS monitor, due to the fact that discrete particle hits

may be followed by an arbitrary number of non-hits.

Each ‘‘miss’’ acts to lower the effective mass concentra-

tion detection limit by increasing the volume sampled.

Hence the mass concentration detection limit depends

both upon the particle size distribution and the mass

detection limit.

3.4. Multiple-element spectra

Several individual spectra contained signal from more

than one element. These multi-element spectra illustrate

the potential for LIBS to determine complete particle

composition and associations between elements. Fig. 6

shows a single particle containing Ca, Mn, and Cr.

Several other particle types were observed, including

predominantly Mg particles with several additional

species such as Si, Ca/Al particles, and Fe/Cu/Cr
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Fig. 4. Measured hourly concentrations for (a) Ca, (b) Mg and (c) Na.
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Table 3

Correlation of Ca, Mg, and Na measurements at 1-, 4-, and 12-

h time scales, measured using the Pearson correlation coefficient

Na:Mg Na:Ca Mg:Ca

1 0.336111 0.010386 0.392389

3 0.468767 �0.04872 0.609318

12 0.512869 �0.10412 0.696781
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particles. Echelle spectrometers providing spectral cov-

erage from UV to NIR are recently available. Successful

implementation of such a device in a LIBS system could

greatly improve the usefulness of LIBS for measurement

of atmospheric PM. In fact, an initial attempt was made

by the authors to measure ambient PM with an echelle

spectrometer at the Supersite. Unfortunately the optical

efficiency of this particular spectrometer was very poor,
36
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and single particles could not be detected. As the

sensitivity of the LIBS technique improves, and with

the use of large bandwidth echelle spectrometers, useful

estimates of total composition and size (requiring

assumptions about density and molecular composition)

of single particles could potentially emerge, and source

apportionment using the methods of Hopke and

co-workers, e.g. (Fergenson et al., 2001) could be

implemented.

3.5. Discussion

To our knowledge, the only previous measurement of

ambient particles using LIBS was performed by Hahn

and co-workers (Carranza et al., 2001). Their experi-

ments demonstrated that LIBS could detect increased

levels of Mg and Al introduced by fireworks displays

during the 4th July holiday. They measured the daily

concentrations of Mg, Na, Al, and Ca for several weeks

around the fourth of July, sampling roughly 4 h day�1.

This current study seeks to demonstrate the capability of

LIBS to characterize ambient PM in greater detail, by

measuring an extended list of elements at greater

continuous temporal resolution. The data from the

current study will also provide benchmark accuracy data

for verification once the corresponding MOUDI data

becomes available.

It is important to note that Hahn et al. (Carranza

et al., 2001) reported particle hit rates one to two orders

of magnitude greater than those reported here. This

could be due to several factors, including either sampling

issues or issues surrounding the detection limits of the

system. One obvious sampling issue is that smaller

particles may be trapped in the Teflont lines used in our

experiments. In addition, environmental differences

between Hahn’s Florida location and our Pittsburgh

location may result in substantial differences in ele-

mental concentrations. Finally, the spark volume is

expected to be roughly proportional to the laser pulse

energy, and as a consequence Hahn’s analytical volume

should be significantly larger, as their energy isB9 times

greater than ours.

Considering factors influencing detection limits, the

higher pulse energy used in Hahn’s work results in a

more repeatable plasma. Increased variability in the

background signal necessitates more conservative detec-

tion thresholds. Hahn et al. also could have used a

slightly more efficient optical setup for collecting light

from the plasma or more optimal detection timing. In

addition, they did use a different data processing

technique, triggering on one emission line and quantify-

ing using a second line. This method minimizes the

influence of false hits, allowing lower thresholds, but can

only be applied when more than one line is visible.

Overall, increases in sensitivity yield a greater ability

to determine a complete picture of the particle mass
distribution, and comparisons indicate that there is

room for improvement in our current system. With

better detection limits, and correspondingly higher hit

rates, improved measurements of the particle mass

distribution are certainly possible. However, given the

fact that the mass is predominantly in the larger

particles, the mass concentrations determined here,

based on particles of roughly 300–400 mm in diameter

and larger, are likely to be close to the actual values.
4. Conclusions

This work has illustrated the usefulness of LIBS for

long-term measurements of multiple elements in ambient

air. These methods are equally applicable to thermal

process streams or other situations where dilute particle

suspensions mass and composition are of interest.

Weekly and hourly mass concentrations illustrate the

efficacy of the LIBS technique for temporal measure-

ments, and the potential for LIBS to reveal elemental

associations that may be important for understanding

chemistry or for source apportionment. Particle mass

distributions were limited in this work by the threshold

detection limit, illustrating the importance of optimizing

laser pulse energy, detection timing, and optical design

to lower the detection threshold. However, mass

concentrations determined here are likely to be largely

correct, due to the preponderance of the mass in the

larger size particles. Multi-element spectra suggest the

potential of LIBS as a means for understanding particle

formation chemistry through observed elemental affi-

nities, and for source apportionment.
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Experiments were conducted to examine the effects of
dilution on fine particle mass emissions from a diesel engine
and wood stove. Filter measurements were made
simultaneously using three dilution sampling systems
operating at dilution ratios ranging from 20:1 to 510:1.
Denuders and backup filters were used to quantify organic
sampling artifacts. For the diesel engine operating at
low load and wood combustion, large decreases in fine
particle mass emissions were observed with increases in
dilution. For example, the PM2.5 mass emission rate
from a diesel engine operating at low load decreased by
50% when the dilution ratio was increased from 20:1 to
350:1. Measurements of organic and elemental carbon indicate
that the changes in fine particle mass with dilution are
caused by changes in partitioning of semivolatile organic
compounds. At low levels of dilution semivolatile species
largely occur in the particle phase, but increasing dilution
reduces the concentration of semivolatile species,
shifting this material to the gas phase in order to maintain
phase equilibrium. Emissions of elemental carbon do not
vary with dilution. Organic sampling artifacts are shown to
vary with dilution because of the combination of changes
in partitioning coupled with adsorption of gas-phase
organics by quartz filters. The fine particle mass emissions
from the diesel engine operating at medium load did not
vary with dilution because of the lower emissions of
semivolatile material and higher emissions of elemental
carbon. To measure partitioning of semivolatile materials
under atmospheric conditions, partitioning theory indicates
that dilution samplers need to be operated such that the
diluted exhaust achieves atmospheric levels of dilution. Too
little dilution can potentially overestimate the fine particle
mass emissions, and too much dilution (with clean air)
can underestimate them.

Introduction
Many combustion and other high-temperature sources emit
compounds that are semivolatile or volatile at exhaust
temperatures but undergo gas-to-particle conversion as the
combustion products mix with ambient air. Dilution sampling
is a technique developed to simulate these processes in order
to better characterize fine particle emissions (1).

Previous research has shown that fine particle emissions
are sensitive to dilution conditions. A major focus has been
on nucleation and the particle size distribution, both of which
can be extremely sensitive to dilution conditions (2). However,
existing emission and ambient standards are based on fine
particle mass. Fine particle mass emissions depend on the
phase partitioning of semivolatile compounds in the exhaust.
For sources with significant organic aerosol emissions,
dilution samplers measure higher fine particle mass emission
rates compared to filters collected at exhaust temperatures
(1, 3). This well-recognized effect is due to gas-to-particle
conversion of semivolatile species as the exhaust is cooled
during dilution. Cooling reduces the saturation pressures of
the semivolatile compounds in the exhaust.

Dilution samplers are typically operated at dilution ratios
between 20:1 and 200:1. A dilution ratio of 100:1 is generally
high enough to reduce the exhaust temperature to ambient
levels, but the median dilution ratio of vehicle exhaust in an
urban atmosphere is around 10 000:1 (20). Therefore, the
concentration of semivolatile species inside a dilution
sampler can be orders of magnitude higher than typical
atmopsheric conditions. One also needs to account for effects
of background pollution on the emissions because dilution
samplers mix exhaust with particle- and organics-free air.

Dilution reduces the concentrations of semivolatile spe-
cies; partitioning theory indicates that, under isothermal
conditions, this should reduce the amount of semivolatile
material in the particle phase (5, 6). However, the significance
of this effect is not well understood as illustrated by a recent
review concluding that fine particle mass tends to be
conserved upon dilution (2). Experiments with diesel exhaust
report modest decreases in fine particle mass emissions at
higher dilution ratios (3, 7). These changes were attributed
to changes in partitioning of semivolatile organics. However,
both studies only considered dilution ratios smaller than
100:1. In addition, one study performed the experiments with
a constant filter temperature of 52 °C (7) while the other only
observed a decrease in emissions at one dilution ratio (3).
In contrast, measurements by Hildemann et al. (1) made on
a fuel oil boiler suggest increasing emissions with higher
dilution ratio. Interpretation of these data is potentially
complicated by organic sampling artifacts (8).

This paper examines the effects of dilution sampling on
the fine particle mass emissions from a diesel engine and a
wood stove. Measurements of PM2.5 mass, organic carbon,
and elemental carbon emissions were made at dilution ratios
between 20:1 and 510:1. Backup and denuded filters were
collected to estimate organic sampling artifacts. Partitioning
theory is used to discuss the data in the context of real-world
dilution.

Experimental Setup and Procedure
Experiments were performed to measure the effects of
dilution on fine particle mass emissions from a diesel engine
and a wood stove. Figure 1 shows a schematic of the
experimental setup. Filter samples were collected using three
completely independent dilution sampling systems operated
simultaneously at different dilution ratios. This approach of
simultaneous sampling with multiple samplers minimizes
the effects of temporal variations in emissions on the results.

Detailed descriptions of the design, characterization, and
operation of the dilution samplers can be found in Lipsky
and co-workers (9, 10). Briefly, each sampler isokinetically
collects exhaust through separate, heated inlet lines that are
maintained at a temperature slightly above the exhaust
temperature to minimize thermophoretic losses. The sampled
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e-mail: alr@andrew.cmu.edu.

† Present address: Department of Engineering, Penn State Mc-
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exhaust is then rapidly mixed by turbulence with filtered
(HEPA and activated carbon) dilution air inside a dilution
tunnel. Filter trains are connected to the end of the dilution
tunnel. Each tunnel provides about 2.5 s of residence time
after mixing but before filter collection. Previous research
has shown that additional residence time beyond that
provided by the tunnel does not affect filter measurements
under the conditions of these experiments (10). All samplers
are constructed out of stainless steel with Teflon gaskets to
minimize sample contamination.

Two different dilution tunnel designs were used for these
experiments. To establish the comparability of the different
designs, separate experiments were conducted while operat-
ing all three samplers simultaneously at the same dilution
ratio (10). These intercomparison experiments show excellent
agreement between the different samplers across the range
of dilution ratios considered here; for example, the average
relative bias in the PM2.5 mass emissions measured using the
two designs is 1% ( 17% (average ( standard deviation).

The dilution ratio within each sampler is determined by
simultaneously measuring exhaust and dilution tunnel CO2

levels:

where (CO2)ex, (CO2)bck, and (CO2)tun are the CO2 mixing ratios
in the exhaust, dilution air, and dilution tunnel, respectively.
Separate CO2 monitors are used to continuously monitor
(CO2)tun at the end of each tunnel. The dilution air CO2 mixing
ratio is measured both before and after each day of tests; the
small variations in (CO2)bck, are insignificant compared to
the relatively high tunnel and exhaust CO2 levels. No dilution
corresponds to a dilution ratio of one.

To compare measurements made at different dilution
ratios, emissions are reported as fuel-based emission factors
(e.g., g PM2.5/kg fuel):

where [P] and [C] are the background-corrected pollutant
and carbon concentrations inside the dilution tunnel,
respectively, and Cf is the mass fraction of carbon in the fuel.
[C] is determined from the measured exhaust gas composi-
tion, assuming all of the fuel carbon is emitted as CO and
CO2. Small amounts of fuel carbon are emitted as either gas-
or condensed-phase organic compounds; however this
organic material contributes negligibly to the overall carbon
balance. We use a value of Cf of 0.87 for the diesel fuel and
0.40 for the wood fuel. Unless otherwise noted, the word
“emission” or “emission rate” refers to fuel-based emissions.

Aerosol Characterization. Filter samples were collected
using a sampling train that consists of a sharp-cut PM2.5

cyclone operating at 24 liters per min (lpm) (Figure 1).
Downstream of the cyclone the flow is split and passed
through two filter packs each operating at 12 lpm. One filter
pack contains a single quartz filter (Bare-Q); the second filter
pack contains a Teflon filter followed by a backup quartz
filter (quartz behind Teflon or QBT). The QBT filter is used
as an estimate of the positive sampling artifact from gas
adsorption of semivolatile organic material (8). Identical filter
trains were attached to the end of each dilution tunnel.

The Teflon filter is used for quantifying total PM2.5 mass
emissions. Teflon filters are weighed before and after
sampling using a microbalance in a temperature and relative
humidity controlled environment (30-40% RH at 21-23 °C).
The filters are equilibrated for 24 h before gravimetric analysis.
Samples on quartz filters are used to quantify organic and
elemental carbon (OC and EC) emissions using a Sunset
Laboratories laboratory thermal-optical transmission OC/
EC analyzer. The temperature protocol is a modified version
of the NIOSH 5040 protocol (11). Quartz filters are prepared
before sampling by baking them at 500 °C in air for at least
6 h to remove any residual carbon. Both quartz and Teflon
filters are stored in a freezer (-18 °C) between sample
collection and analysis. All filter measurements are blank
corrected (10).

A second filter train was occasionally operated in parallel
with the first train to further investigate organic sampling
artifacts. This train consists of a sharp-cut PM2.5 cyclone, a
carbon monolith denuder (MastCarbon Ltd., U.K.), followed
by a filter pack with a quartz fiber filter and a carbon
impregnated glass-fiber (CIG) filter (47 mm, Schleicher &
Schuell, GF 3649) (11). The flow rate through the denuded
filter train was 12 lpm to match the filter face velocity of the
standard train. The CIG filter was analyzed with the Sunset
OC/EC analyzer in a helium atmosphere using a stepped
temperature profile ramping to 330 °C (11).

Sources. Emissions tests were performed using a small
diesel generator and a wood stove. The diesel generator is
a single-cylinder Yanmar L70AE air-cooled diesel engine
connected to a 4.5 kW generator. The engine is EPA and
CARB exhaust emission compliant. Experiments were per-
formed at constant load: low load (25% of rated capacity)
or medium load (55% of rated capacity). Exhaust temper-
atures at the sampling location were in the range of 230-260
°C for low-load tests and 260-290 °C for medium-load tests.
The engine was operated at the specified load setting for a
minimum of 45 min before filter sampling to allow all
components to achieve a steady-state temperature. Diesel
fuel was purchased at a local gas station.

The wood stove is an EPA approved Jøtul “602 CB Classic”
wood stove. The wood fuel was a mixture of oak, cherry, and
some ash. Wood-burning experiments involved starting the
fire with a small amount of wood. After the fire was
established, the stove was loaded to capacity and the wood
was allowed to burn down for 45-75 min until the combus-
tion stabilized and the exhaust temperature at the sampling
location was in the range of 130-150 °C. Sampling was then
started, and stable flaming combustion conditions were
maintained by adjusting the vents on the door of the stove.
Exhaust temperatures and O2 and CO levels were reasonably
constant during sampling.

Results
Fuel-based emissions of PM2.5 mass, total carbon (TC), and
organic and elemental carbon (OC & EC) as a function of
dilution ratio are shown in Figure 2 for low- and medium-

FIGURE 1. Experimental setup of simultaneous sampling with three
dilution tunnels. Each sampler has a separate heated inlet line.
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load diesel operations and a wood smoke experiment. The
emissions are presented on a fuel basis in order to compare
measurements made at different dilution ratios on a con-
sistent basis; fuel-based emissions of inert pollutants such
as EC should be independent of dilution ratio, appearing as
a horizontal line in Figure 2.

The fuel-based PM2.5 mass emissions decrease with
increasing dilution ratio during low-load diesel and wood
smoke experiments. For example, Figure 2 shows that
increasing the dilution ratio from 20:1 to 350:1 decreased the
PM2.5 mass emissions from the diesel engine operating at
low load by 55%. Increasing the dilution ratio from 20:1 to
120:1 decreased the PM2.5 mass emissions from the wood
stove by over 60%. Within experimental uncertainty, the PM2.5

mass emissions measured during medium-load operation
of the diesel engine are constant (Figure 2). Trends similar
to those shown in Figure 2 were observed across the entire
set of experiments; however, combining results from different
experiments is difficult because of day-to-day variability in
engine emissions and experiment-to-experiment variation
in wood smoke emissions.

Changes in the phase partitioning of the semivolatile
organic material with dilution is the likely explanation for
the changes in the PM2.5 mass shown in Figure 2. Although
dilution does not alter the total (gas + particle) emission rate
of semivolatile species, dilution does affect the phase
partitioning of this material. Gas-particle partitioning occurs
via absorption with an organic solution or adsorption to soot
and mineral surfaces (5, 6). Therefore, phase partitioning
depends on the concentration and saturation pressure of
the semivolatile species and the concentration and com-
position of the sorptive material (5, 6). Under the conditions
of these experiments, changes in concentration of the
semivolatile and sorptive material with dilution likely cause

the changes in partitioning. The changes are not caused by
changes in saturation pressure because the temperature of
the diluted exhaust at the filter holder was essentially constant
across this entire set of experiments (27 ( 2 °C). (Note that
mixing inside the dilution tunnel is not adiabatic; at the lowest
dilution ratios there was some heat transfer to the sur-
roundings).

Dilution reduces the concentration of both semivolatile
species and the sorptive material which, under constant
temperature conditions, requires semivolatile species to
transfer from the particle to the gas phase to maintain phase
equilibrium. This reduces the PM2.5 mass emission rate. A
complication is the fact that dilution samplers are operated
using cleaned air, while real-world dilution mixes emissions
with polluted air. This issue is addressed in the discussion
section.

If changes in phase partitioning of semivolatile organics
are responsible for decrease in PM2.5 mass, then these changes
should be apparent in measurements of particulate OC. The
simplest approach for measuring OC emissions is to use a
quartz filter (Bare-Q). Figure 2 shows that the trends in Bare-Q
OC with dilution are different than the changes in PM2.5 mass.
For example, at low load the Bare-Q OC increase with dilution
ratio while the PM2.5 mass decreases. However, OC mea-
surements can be significantly impacted by sampling arti-
facts; these artifacts are carefully considered in the next
section.

Dilution-ratio-dependent losses are another potential
explanation for the trends shown in Figure 2. Fuel-based EC
emissions measured by the different samplers were within
(12% for a given experiment, indicating consistent collection
of a nonvolatile component of PM2.5 (Figure 2c). Furthermore,
there were no consistent trends in the EC emission factor
with dilution ratio.

FIGURE 2. Fuel-based emissions from low-load diesel (left column), medium-load diesel (middle column), and wood smoke (right column)
experiments. Plots a1-a3 show PM2.5 mass emission rate; plots b1-b3 compare organic carbon emission factors measured with the Bare-Q
and Q - QBT approaches; plots c1-c3 show particulate organic carbon (OC) and elemental carbon (EC) emission factors measured using
the Q - QBT approach. Bare-Q is carbon measured with a quartz filter; Q - QBT is carbon measured with a backup-corrected quartz
filter. Q - QBT is particulate OC, while Bare-Q has substantial positive artifact, as discussed in the text. In plots c1-c3 symbols indicate
total carbon emissions and shading indicates the contribution of OC and EC to the emissions. Plots c1-c3 also show the carbon fractions
from the OC/EC analysis: He1 OC is the OC that evolves at 340 °C, and He2-He4 OC is the OC that evolves at temperatures greater than
340 °C during the OC/EC analysis. The diesel plots combine data from back-to-back experiments conducted on the same day. Lines are
intended as a visual aid. Vertical bars in (a) are experimental uncertainties determined from intercomparison experiments (10).
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Organic Sampling Artifacts. Both positive and negative
artifacts can significantly affect quartz-filter measurements
of particulate OC (8). Positive artifact is caused by organic
vapors adsorbing onto the quartz filter resulting in an
overestimate in the amount of organic aerosol. Negative
artifact is caused by particle-phase organic compounds
volatilizing after collection resulting in an underestimate of
the organic aerosol mass. Organic sampling artifacts are
commonly accounted for using a combination of denuders
and/or backup filters (8). We employed both approaches in
this study.

The OC collected on a backup quartz filter behind a Teflon
filter (QBT) is a standard estimate of the positive artifact (8).
The approach assumes that the inert Teflon filter only collects
particles, allowing gas-phase organics to pass through to the
backup quartz filter. The particulate OC emissions are then
estimated by subtracting the OC collected on the QBT from
that collected on the Bare-Q filter (Q - QBT).

The denuded filter train provides a second estimate of
the particulate OC emissions. The denuder removes most of
the organic vapor from the sample upstream of the quartz
filter, minimizing the positive artifact. However, the depletion
of semivolatile organic vapor from the air stream may cause
volatilization of semivolatile organic material collected on
the quartz filter resulting in a negative artifact (8). This
negative artifact is estimated using the carbon impregnated
glass-fiber (CIG) filter downstream of the denuded quartz
filter. Therefore, the particulate OC emissions are estimated
by adding the OC measured on the CIG filter and the denuded
quartz filter (DenQ + CIG).

Figure 3 compares the average OC emissions measured
using the three different approaches: Bare-Q OC, backup-
corrected (Q - QBT) OC, and denuded OC. To combine data
from different experiments, the OC and EC data are normal-
ized by PM2.5 mass before averaging. The ratio of TC to PM2.5

mass should be less than 1 because non-carbon organic
components and inorganic species also contribute to PM2.5

mass. Figure 3 combines data from filters collected at different
dilution ratios.

When the diesel engine is operated at low and medium
loads (Figure 3, parts a and b), the TC measured with a Bare-Q
filter is, on average, slightly greater than the PM2.5 mass

consistent with a significant positive artifact on the Bare-Q
filter. For the wood smoke experiments (Figure 3c), the TC
measured by a Bare-Q filter is smaller than the Teflon mass.
Assuming wood smoke is dominated by carbonaceous
species, an organic-mass-to-organic-carbon ratio (OM/OC)
of 1.3 is required to close the mass balance between the
Teflon and Bare-Q filters. This value is smaller than expected
given the relatively polar composition of wood smoke (12),
indicating that the wood smoke also creates a net positive
artifact on a quartz filter. Other researchers report that the
positive artifact is dominant when sampling both diesel
exhaust and wood smoke (13-17).

Figure 3 indicates that the artifact-corrected estimates of
particulate OC are less than the PM2.5 mass for all three
experimental conditions. For diesel exhaust, the backup and
denuder approaches measure the same OC and EC emission
rates and the majority of the Bare-Q OC appears to be positive
artifact. On average, particulate OC contributes only 35%
and 20% of the Bare-Q OC at low and medium loads,
respectively. In contrast, other papers report that particulate
OC contributes a majority of Bare-Q OC (13-15). Differences
in engine technology and operating conditions likely influ-
ence sampling artifacts; in addition, the larger positive
artifacts reported here may be due, in part, to the effects of
dilution on artifacts discussed below. The CIG filter indicates
that there was little negative artifact from the denuded quartz
filter.

For wood smoke, the EC emissions measured by the
different approaches are comparable, but OC emissions
measured using the denuded filters are somewhat smaller
than the Q - QBT OC. However, the wood smoke emissions
are highly variable as indicated by the large error bars in
Figure 3. Positive artifact is estimated to contribute between
25% and 50% of wood smoke Bare-Q OC, which is consistent
with results from Fine et al. (16, 17).

The Teflon mass minus EC divided by the artifact-
corrected, particulate OC can be used as a crude consistency
check for the artifact corrections. Under the assumption that
carbonaceous materials dominate the fine particle mass, this
value is the OM/OC ratio. For wood smoke, the Q - QBT OC
requires an OM/OC ratio of 1.8 for mass balance closure,
which is within the range of expected values (12) suggesting
the Q - QBT approach provides a reasonable estimate of
particulate OC. However, this approach yields estimated OM/
OC ratios that are much larger than expected for diesel
exhaust; for example, the low-load data require a ratio of 2.6
for mass balance closure versus expected values in the range
of 1.2-1.4 (12). This indicates that, for the diesel exhaust, the
Q - QBT (or denuder) approaches are underestimating the
particulate OC emissions and/or that a significant fraction
of the emissions are inorganic. Mass balance problems
between sum of aerosol species and Teflon mass are not
uncommon for measurements of diesel exhaust (13). A linear
regression of the Teflon mass minus EC versus Q - QBT OC
yields a slope of 1.4 µg/µg-C and an intercept of 0.5 g/kg fuel
with an R2 value of 0.85 (4). This suggests an OM/OC ratio
of 1.4, in line with expectations, and that there are significant
inorganic emissions from the diesel engine (water or sulfate
seem to be the most obvious candidates).

Effects of Dilution on Organic Particulate Emissions.
Figure 2 indicates that the trends in artifact-corrected,
particulate OC match those of the PM2.5 mass, which is
consistent with the changes emissions with dilution being
caused by changes in phase partitioning of semivolatile
organic compounds. Increasing the dilution ratio from 20:1
to 120:1 decreased the Q - QBT OC by 75% during the wood
smoke experiment shown in Figure 2. At low load, the diesel
particulate OC decreased by almost 70% when the dilution

FIGURE 3. Average ratio of total carbon (OC + EC) to PM2.5 mass
for (a) low-load diesel, (b) medium-load diesel, and (c) wood smoke
experiments. Three different estimates of OC are shown: bare quartz
filter (Bare-Q), backup-corrected quartz filter (Q - QBT), and denuded
quartz filter (DenQ). There are two different estimates of EC (Q -
QBT EC and Bare-Q EC are the same). Error bars are standard
deviations of the ratio of OC + EC to PM2.5 mass across the set of
experiments. This ratio is expected to be less than one because
of the contribution of elements other than carbon to the PM2.5 mass.
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ratio was increased from 20:1 to 350:1. For the medium-load
diesel experiments, the Q - QBT OC is constant.

Dilution also alters the composition of the particle-phase
emissions. The ramping temperature protocol used for OC/
EC analysis crudely classifies the OC by volatility; the most
volatile species evolving in the lowest temperature step of
the helium mode (340 °C) and progressively less volatile
compounds evolving in the higher temperature steps.

Figure 4 plots a thermogram of particulate OC (Q - QBT)
measured during a low-load diesel experiment. Increasing
the dilution ratio dramatically decreases the amount of OC
evolving in the lowest temperature step of the OC/EC analysis,
while the amount of OC evolving in the higher temperature
steps (500 °C or higher) remains relatively constant. At low
dilution ratios, carbon that evolves at 340 °C contributes the
majority of the particulate OC emissions; at high dilution
ratios the higher temperature (less volatile) fractions domi-
nate the particulate emissions. Figure 2, part c3, indicates
that similar trends with dilution are observed in the wood
smoke particulate OC with dilution. The modest decrease in
particulate wood smoke OC with dilution in the higher
temperature steps may be related to pyrolysis of semivolatile
organics during OC/EC analysis.

Low- versus Medium-Load Diesel Operations. Although
the overall PM2.5 mass emission factors of the diesel engine
at low and medium loads are similar, at low load the PM2.5

mass emission factor is a strong function of dilution ratio,
but independent of dilution ratio at medium load. This
difference appears related to the composition of the emis-
sions.

At low load the PM2.5 emissions are dominated by OC
(average OC/EC ratio of 7) while at medium load emissions
are dominated by EC (average OC/EC ratio of 0.4). This likely
influences the relative importance of the different sorption
mechanisms controlling gas-particle partitioning. At higher
EC loadings adsorption to EC is likely more important than
absorption in organic matter. This effect is illustrated by
changes in thermal desorption profiles of diesel nanoparticles
with soot loading (18).

Another difference between the low- and medium-load
diesel exhaust appears to be the composition of the OC
emission. Carbon that evolves in the 340 °C temperature

step of the OC/EC analysis contributes 60-70% of the low-
load Bare-Q OC versus only 25-35% at the medium load.
Therefore, less semivolatile carbon may be emitted under
medium load.

Sampling Artifacts and Dilution. Data presented in Figure
5 suggest that the individual quartz filters provide a surpris-
ingly consistent picture of the changes in phase partitioning
of the semivolatile organics. The measurements are from a
low-load diesel experiment; to make direct comparisons with
PM2.5 mass, organic mass and not OC is plotted using an
OM/OC ratio of 1.4. Figure 5 indicates that the changes in
particulate organic mass, (Q - QBT) × 1.4, with dilution
ratio exactly match the decrease of PM2.5 mass.

Compared to the changes observed with the other filters,
the Bare-Q OC reported on a fuel basis is relatively constant,
varying by less than (25% across the range dilution ratio for
the set of filters collected during a given experiment (Figure
2b and Figure 5). The Bare-Q OC modestly increased with
dilution ratio during the diesel experiments and decreased
modestly during the wood smoke experiments. In contrast,
for experiments in which there was a decreasing trend in
PM2.5 mass with dilution, the OC measured by the QBT filter
increases dramatically with dilution ratio. Figure 5 illustrates
this trend for a low-load diesel experiment.

One explanation of the Bare-Q and QBT OC data in Figure
5 is that the quartz filters provide a consistent measure of
the gas-phase semivolatile organics. The Bare-Q OC emis-
sions are relatively constant because the filter is collecting
both gas- and particle-phase OC and the total OC emissions
(gas + particle) do not change with dilution. At low dilution
ratios the Bare-Q filter collects the majority of the semivolatile
organics as particles while at higher dilution ratios it collects
them as gases. In contrast, the QBT OC emissions increase
with dilution because these filters are only exposed to the
gas-phase compounds whose relative concentration in-
creases at higher dilution ratios due to changes in partitioning.

This interpretation of the quartz-filter data depends on
the filters not being in equilibrium (or saturated) with the
gas-phase organics (19). Figure 6 plots the mass of OC
collected on the QBT filter as a function of the volume of
exhaust passed through the filter during low-load diesel

FIGURE 4. Evolution of particulate carbon during OC/EC analysis
of quartz filters collected at three dilution ratios during a low-load
diesel experiment. Particulate carbon is defined as backup-
corrected carbon (Q - QBT). The first four groups of bars indicate
the amount of carbon that evolves from the four different temperature
steps of the He mode of the analysis (340, 500, 700, and 870 °C). The
final group of bars indicates the amount of EC that evolves during
the analysis. Increasing the dilution ratio substantially reduces the
amount of carbon that evolves at the lowest temperature step of
the He mode, while the carbon at the higher temperature steps
remains relatively constant. Backup and Bare-Q levels at the He3-
700C peak were the same at DR ) 200.

FIGURE 5. Changes in fuel-based PM2.5 and organic mass emissions
of low-load diesel exhaust as a function of dilution ratio. Organic
mass is defined as OC multiplied by 1.4. To easily compare the
changes in the different measurements with dilution ratio, the quartz
filter data have been shifted to match the PM2.5 mass data at a
dilution ratio of 20. This is done by adding the number indicated
in the legend to each measurement. The changes in particulate
organic mass (Q - QBT) match those of the overall PM2.5 mass. The
backup-Q filter provides a measure of the gas-phase semivolatile
organic carbon which, on a fuel basis, increases with dilution due
to changes in partitioning.
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experiments. The volume of exhaust is a proxy for the mass
of gas-phase organics to which the filter is exposed. Except
for a couple of low dilution ratio points, the amount of carbon
collected by the backup quartz filter increases with the volume
of sampled exhaust indicating the quartz filters are not in
equilibrium with the gas phase. At the highest volumes of
sampled exhaust, there is evidence of the mass of carbon
collected starting to roll over consistent with the quartz filters
approaching equilibrium. However, Figure 6 is based on
measurements made at different dilution ratios. At low
dilution ratios a larger fraction of the semivolatile OC exists
in the particle phase; therefore some of the roll over shown
in Figure 6 is likely due to changes in partitioning and not
equilibrium effects.

Although Figure 6 indicates that the quartz filters are
clearly not in equilibrium with the exhaust, we attribute the
increases in dilution-corrected OC measured by the Bare-Q
filters in the diesel experiments to the effects of equilibrium.
As a filter approaches equilibrium the collection efficiency
of gas-phase OC decreases, reducing the amount of gas-
phase OC collected per unit volume of exhaust. Under the
conditions of these experiments (variable dilution ratio
coupled with fixed filter sampling times), this change in
collection efficiency will cause an apparent increase in the
fuel-based OC emissions as a function of dilution ratio
consistent with the diesel Bare-Q OC data shown in Figure
2. The fact that the ratio of PM2.5 mass to the backup-corrected
OC (Q - QBT) remains constant across an experiment
indicates that the Bare-Q and QBT filters are approaching
equilibrium at the same rate.

An interesting consequence of the changes in phase
partitioning with dilution ratio coupled with the efficient
collection of gas-phase semivolatile organics by quartz filters
is that the positive artifact on a Bare-Q filter increases with
dilution ratio. This effect is illustrated in Figure 7 which plots
the ratio of TC to PM2.5 mass as a function of dilution ratio
for the two diesel load conditions. Across the entire range of
dilution ratios, the ratios of Q - QBT and the DenQ TC to
PM2.5 mass are essentially constant indicating that both
approaches provide a consistent correction of the positive

artifact. In contrast, the ratio of Bare-Q TC to PM2.5 mass
increases with dilution ratio indicating increasing positive
artifact with dilution ratio. This increase is particularly
dramatic for low-load operations where the Bare-Q TC to
PM2.5 mass ratio increases from 0.8 at a dilution ratio of 20:1
to a value of 1.7 at a dilution ratio of 350:1.

The trends in Figure 7 can be explained by a combination
of changes in partitioning and effects of the quartz filter
approaching equilibrium. Under low-load conditions, the
relative amount of gas-phase semivolatile organics increases
with dilution due to changes in phase partitioning, which,
in turn, increases the positive artifact. Under medium-load
conditions, changes in partitioning were not observed and
the increase in the positive artifact is likely associated with
the previously discussed equilibrium effects. At high dilution
ratios, the positive artifact dominates the OC measured with
the Bare-Q filter. At lower dilution ratios, the relative amount
of positive artifact reported here is consistent with results of
previous studies of diesel exhaust (13-15).

Discussion
The major finding of this paper is that increasing dilution
after the temperature of the exhaust has reached ambient
levels can dramatically reduce the PM2.5 mass emission rate
from a diesel engine and wood stove. For example, the
measured PM2.5 mass emission factor for the diesel engine
operating under low load is 2.9 g/kg fuel at a dilution ratio
of 20:1 versus 1.4 g/kg fuel at a dilution ratio of 350:1. This
decrease is caused by changes in partitioning of semivolatile
organic compounds in the emissions. From a scientific
perspective, there is not a unique value for the fine particle
mass emission rate for sources that emit semivolatile species
because the partitioning of these species varies continuously
with dilution and temperature. One needs to understand
these effects in order to correctly interpret measurements
made with dilution samplers. For the two sources considered

FIGURE 6. Organic carbon collected on a backup quartz filter behind
a Teflon filter (QBT) as a function of volume of sampled exhaust.
Data are from the low-load diesel experiments. Volume of sampled
exhaust is used as a proxy for the total mass of organics to which
the filter is exposed. The data show that quartz filters do not reach
equilibrium with the gas-phase organics under the conditions of
the experiments. The roll over at high volumes of sample exhaust
may indicate the filters are approaching equilibrium but also may
be caused by changes in gas-to-particle partitioning of semivolatile
organics. Higher exhaust volumes correspond to lower dilution
ratio experiments.

FIGURE 7. Ratio of total carbon (OC + EC) to PM2.5 mass measured
using three different filter configurations while sampling from the
diesel engine operating at (a) low and (b) medium load. The results
show a substantial increase in the positive artifact on a Bare-Q
filter with dilution ratio. Both the denuded quartz and backup-
corrected quartz approaches provide a consistent correction for
this positive artifact.
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here, measurements at dilution ratios less than 100:1 likely
substantially overestimate the emitted fine particle mass
relative to the more dilute conditions encountered in the
real world. This has obvious implications for using emission
measurements in air quality models that mix emissions
directly into large grid cells or use source profiles with species
concentrations that are normalized by OC or PM2.5 mass.

Partitioning theory provides a context for understanding
the results of these experiments. Following Pankow (5, 6),
the concentration of a semivolatile compound in the aerosol
phase is as follows:

where Kp,i is the partitioning coefficient for compound i, CPM

is the concentration of particulate matter (a proxy for the
amount of sorptive material), and Ctot,i is the total (gas +
particle) concentration of species i in the system. Kp,i depends
on the saturation pressure of the species i, the type of sorptive
process (adsorptive vs absorptive), and the properties of
sorptive material (5, 6). Under the conditions of these
experiments (isothermal dilution), Kp,i will be independent
of dilution ratio (if one assumes it does not change as the
composition of the particle phase changes with dilution).
Therefore, CPM and Ctot,i determine the partitioning of the
emissions; these concentrations are determined by the overall
emission rate, the composition of emissions, and the amount
of dilution. To predict the overall change in semivolatile
organic mass one needs to apply eq 3 to each semivolatile
compound in the system. This is a challenging task given the
complexity of the emissions.

Dilution samplers are typically operated with particle-
and organics-free air. This means that, inside the dilution
sampler, CPM and Ctot,i will both scale as 1/DR (CPM may
actually decrease faster than 1/DR due to changes in
partitioning). Increasing the dilution ratio will reduce the
semivolatile mass in the particle phase. However, in the real
world, emissions are mixed with polluted background air,
not particle- and organic-free air. This background pollution
contributes to CPM and Ctot,i. As the exhaust becomes very
dilute, the background concentrations will strongly influence
the partitioning of the semivolatile material.

To measure the partitioning that occurs under atmo-
spheric conditions, eq 3 indicates that one needs to operate
a dilution sampler such that CPM and Ctot,i of the diluted
exhaust are at typical atmospheric levels. If the concentrations
inside the dilution sampler are significantly greater than
atmospheric levels, then too much of the semivolatile material
will partition into the particle phase and the measurements
will overestimate fine particle emissions relative to atmo-
spheric levels of dilution. Conversely, if the diluted concen-
trations are significantly smaller than atmospheric levels,
then one can underestimate fine particle emissions. These
ideas are quantitatively explored in a companion paper that
applies absorptive partitioning theory to the low-load diesel
and wood smoke data (4). To assist in interpretation of
measurements made with dilution samplers, researchers
should report the PM or OC concentration (and temperature)
of the diluted exhaust.

The amount of dilution required to reach atmospherically
relevant concentrations depends on the emission rate of
semivolatile and sorptive material. For the sources considered
here, the minimum OC concentrations of the diluted exhaust
were between 100 and 200 µg-C/m3 at a dilution ratio of
350:1 for the low-load diesel and 510:1 for the wood smoke
experiments. These concentrations are an order of magnitude
higher than typical ambient OC levels, indicating that a
dilution ratio of ∼5000:1 is needed to approach typical

atmospheric levels for these sources. The amount of fine
particle mass at higher levels of dilution depends on the
composition of the emissions. Figure 2 indicates that the
changes in fine particle mass are most pronounced at low
dilution ratios but that the PM2.5 mass emission rate may still
be decreasing at a dilution ratio of 350:1.

The fine particle emission rate of our diesel engine
emissions is somewhat higher than other engines (13, 15),
while our wood combustion emissions were somewhat lower
(15-17). Dilution ratios less than 100:1 may be adequate to
reach atmospheric levels for low-emitting sources such as
natural gas combustion; conversely dilution ratios signifi-
cantly larger than 10,000:1 may be needed for smoking cars
(4). Although not considered in these experiments, the diluted
exhaust also needs to be at ambient temperatures. Emission
measurements at typical atmospheric concentrations are
experimentally challenging; a more attractive approach may
be to characterize the composition of the semivolatile species
and then use a partitioning model to predict emissions at
atmospheric conditions (4).

The effects of dilution on partitioning also depend on the
composition of the emissions. The exhaust must have
significant levels of semivolatile material in order for
partitioning to be important. For the sources considered here,
the highest fine particle concentrations were several thousand
micrograms per cubic meter at a dilution ratio of 20. Given
these levels of emissions, eq 3 indicates that compounds
with partitioning coefficients such that 1/Kp,i is in range of
1 and 5000 µg/m3 at ambient temperature will undergo phase
transition as the exhaust is diluted to typical atmospheric
concentrations. C-17 through C-29 n-alkanes are compounds
commonly found in combustion exhaust with partitioning
coefficients in this range; however, the vast majority of the
semivolatile material has never been identified on a com-
pound-by-compound basis (13). In order for the changes in
partitioning to measurably alter the overall fine particle mass
emissions, the total concentration of these semivolatile
species (ΣCtot,i) must be comparable to the fine particle mass.
Composition effects likely explain why dilution did not effect
the fine particle mass emissions of the diesel engine operating
under medium load even though the concentrations of PM
in the diluted exhaust were a factor of 10 or more greater
than typical ambient levels.
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The size and complexity of current dilution samplers is a major
barrier to more wide-spread application of these systems for source
characterization. A new, more portable dilution sampler has been
designed to provide measurements consistent with the widely cited
Caltech dilution sampler. Intercomparison experiments were per-
formed using a diesel engine and wood stove to evaluate the com-
parability of the new design with a sampler based on the Caltech
design. These experiments involved simultaneous operation of mul-
tiple dilution samplers from the same source. Filter based measure-
ments included PM2.5 mass, organic carbon, and elemental carbon
emissions. Particle size distributions in the range from 10–480 nm
were measured using a scanning mobility particle sizer. The filter-
based and integrated-total volume measurements made with the
two designs are in good agreement. For example, the average rel-
ative bias between the two samplers of PM2.5 mass emission rate
measured with Teflon filters is 1%. Nucleation was intermittently
observed in the sampler based on the Caltech design, but rarely ob-
served in the new design. Significant discrepancies in total number
emissions between the two samplers occurred during periods of nu-
cleation. Experiments were also conducted to examine the effects
of residence time on the diluted emissions. No changes in the filter-
based or integrated volume measurements were observed with an
additional 40-s residence time, indicating that phase equilibrium is
established in the 2.5 s of residence time provided by the dilution
tunnel. This conclusion is consistent with theoretical analysis. These
results provide new insight into the effects of dilution sampling on
measurements of fine particle emissions, providing important data
for the ongoing effort of the EPA and ASTM to define a standard-
ized dilution sampling methodology for characterizing emissions
from stationary combustion sources.

INTRODUCTION
Dilution sampling is used to characterize fine particle emis-

sions from combustion and other high-temperature sources be-
cause it simulates the rapid cooling and dilution that occurs as

Received 10 December 2004; accepted 13 April 2005.
Address correspondence to Allen L. Robinson, Department of

Mechanical Engineering, Carnegie Mellon University, Pittsburgh,
PA 15213, USA. E-mail: alr@andrew.cmu.edu

exhaust mixes with the atmosphere. Cooling and dilution influ-
ence the gas-particle partitioning of semivolatile material in the
exhaust, which in turn impacts the overall fine particle emissions.
Dilution techniques can also be used to “freeze” the size distribu-
tion, when properly applied, to avoid or at least reduce unwanted
nucleation, coagulation, and condensation. EPA requires dilu-
tion sampling for testing of diesel engines (EPA 1999). Efforts
are underway by EPA and ASTM to develop a formal method
for dilution sampling for stationary sources (ASTM 2003; EPA
2004). England et al. (1998) have reviewed the design criteria
and the designs of different samplers that have been developed
for stack testing of stationary sources.

Hildemann et al. (1989) outline a set of design requirements
for dilution sampling systems. Briefly, a dilution sampler should
simulate atmospheric dilution, provide adequate residence time
for aerosol processes to occur, and minimize contamination and
sampling losses. Using these criteria, Hildemann et al. (1989)
developed the Caltech dilution sampler. This sampler has been
widely used in source characterization studies and refined ver-
sions of the design have been used to construct other dilution
sampling systems (England et al. 1998; Lipsky et al. 2002).

Portability is a major barrier to more widespread application
of dilution samplers for source testing. Current dilution sam-
plers are large, complex machines compared to traditional stack
sampling techniques. For example, the widely cited Caltech de-
sign consists of a 1.5-m-long mixing tunnel, a large residence
time tank, and collection of pumps and accessories (Hildemann
et al. 1989). More recent research has examined the develop-
ment of smaller dilution systems (England 2004; Lyyranen et al.
2004). Given the complexity of the dilution process, an impor-
tant need is the intercomparison of different sampler designs.
The few published intercomparisons indicate that sampler de-
sign can significantly effect measurements (Maricq et al. 1999;
Lyyranen et al. 2004).

This paper discusses the design and performance of a new,
smaller dilution sampler that is designed to simulate atmo-
spheric dilution. The performance of the new sampler is evalu-
ated through comparisons with a dilution sampler based on the
Caltech design (Hildemann et al. 1989). Simultaneous testing
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with both designs is performed on emissions from a wood stove
and a small diesel engine. Residence time tests were performed
to assess the effects of additional residence time on fine particle
mass emission rates. The elimination of a residence time tank
greatly reduces the size and complexity of a dilution system.

METHODS

Dilution Sampler Design
The primary design objective for the new dilution sampler

was to create a system that reproduces the results of the widely
cited Caltech design but that is simpler and more portable. Before
describing the new design, it is useful to outline the two major
design changes. First, the Caltech sampler operates at a high
total flow rate (∼1000 lpm), but only a relatively small fraction
of this flow is used for source characterization with the balance
of the diluted exhaust vented to the atmosphere. In developing
the new design we seek to optimize the total flow rate of diluted
exhaust based on the required combination of filter packs and
other instrumentation to be used during source characterization
in order to minimize the amount of diluted exhaust vented to
the atmosphere. This reduces the size of the dilution tunnel and
associated flow control system. Although the new dilution tunnel
operates at a much lower flow rate, the total residence time within
the new tunnel is similar to the Caltech tunnel, both around
2.5 s.

FIG. 1. Schematic of field tunnel sampler. Not drawn to scale.

The second major design change was to eliminate the resi-
dence time tank. In the Caltech design and its variants, diluted
exhaust passes flows through a large residence time tank before
filter sampling or aerosol characterization. Eliminating the res-
idence time tank significantly reduces the size and complexity
of the new dilution sampler. The purpose of the residence time
tank is to provide adequate time after dilution for microphysi-
cal processes such as condensation. As part of the evaluation of
the new design, experiments were performed to assess the ef-
fects of additional residence time on the measured fine particle
concentrations.

Figure 1 shows a schematic of the new dilution sampling sys-
tem, which we refer to as the field sampler. Similar to other di-
lution samplers, exhaust is sampled isokinetically into a heated-
inlet line that is maintained at a temperature slightly (∼10◦C)
above the exhaust temperature to minimize thermophoretic
losses. A stack-sampling cyclone can be installed on the inlet line
to prevent large particles from entering the system. The sampled
exhaust is then rapidly mixed by turbulence with filtered (HEPA
and activated carbon) dilution air inside of a 0.9-m-long, 0.15-
m-diameter stainless dilution tunnel. The total flow rate through
the dilution sampler is 174 lpm, and the dilution ratio is varied by
changing the relative amount of exhaust and dilution air flow. Fil-
ter trains and other aerosol characterization instrumentation are
connected to ports at the end of the dilution tunnel. The sampler
is constructed out of stainless steel to minimize contamination.
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To promote mixing, the dilution air is passed through a fan
shaped mixing enhancer immediately upstream of where the
dilution air and exhaust sample gas streams meet. The mix-
ing enhancer breaks up the dilution air flow causing rapid and
thorough mixing within the dilution tunnel. Mixing experiments
were conducted using CO2 as a tracer to verify that the exhaust
and dilution air are completely mixed at the end of the smaller
tunnel across the entire operational range. The mixing rate in the
smaller dilution tunnel was not characterized, only verified that
the conditions were well mixed at the sampling ports. With the
addition of a mixing enhancer, we expect more rapid mixing in
the new dilution tunnel compared to the Caltech design.

Since the new dilution sampler has been designed to max-
imize the use of diluted exhaust for sampling and analysis, a
challenge in operating the field-tunnel is stabilizing the flows
before starting to collect filter samples. Flow bypasses are in-
stalled around each filter-pack in order to stabilize flow through
the tunnel. A schematic of the bypass arrangement is shown in
Figure 1, which consists of a tee upstream of the filter pack and
a three-way valve after the filter-pack. To help minimize the ef-
fects of varying stack pressure on exhaust sample flow rate, a
tank can be used in-line between the incoming control valve and
the tunnel. This volume acts as a buffer for small changes in
pressure.

Two changes have been made in the new design compared
to the original Caltech design to reduce particle losses. First
we measure the CO2 mixing ratios of the undiluted and diluted
exhaust to determine dilution ratio. This eliminates the need for
a venturi flow meter on the inlet line, which has been shown to
be a significant cause of particle losses (Hildemann et al. 1989).
Second, we changed the geometry at which the exhaust sample
and dilution air are introduced inside the dilution tunnel. As
shown in Figure 1, the exhaust sample passes through the end
of the dilution tunnel flowing in parallel with the dilution air. In

FIG. 2. Setup for intercomparison and residence time experiments. Intercomparison experiments involved simultaneous sampling with two or three dilution
tunnels operating at the same dilution ratio. The two small field systems are of the same design. Each sampler has a separate heated inlet line. Experiments to
examine effects of residence time used a residence time tube installed on the larger lab tunnel, which provided an additional 40 s of aging time for the diluted
exhaust.

the Caltech design, the exhaust sample is introduced through the
side of the tunnel, perpendicular to the dilution air flow. Visual
inspection of the inside of the large tunnel indicates that losses
occur on the opposite side of the dilution tunnel from the exhaust
port and just downstream of the initial mixing point. The new
flow orientation appears to reduce these losses.

Experimental Procedure
Experiments were performed to compare the performance of

the new sampler design with the Caltech design using the exper-
imental set up shown in Figure 2. Experiments were conducted
using two different sources: a small diesel engine and a wood
stove. An enclosed exhaust duct system was installed on each
source so that all of the inlets were at the same location.

The diesel generator is a single-cylinder Yanmar L70AE air-
cooled diesel engine connected to a 4.5 kW generator. The diesel
engine was operated at constant load during a test on fuel pur-
chased at a local filling station. Separate tests were conducted at
a low load (25% of full capacity) and a medium load (55% of full
capacity). The engine was operated for at least an hour before
beginning filter sampling to ensure steady state conditions.

The wood stove is an EPA approved Jøtul “602 CB Classic”
wood stove and was operated on a blend of hardwoods including
oak, cherry, and some ash. Wood smoke sampling was conducted
after lighting the wood and allowing for a period of time for
the combustion to reach steady state as indicated by relatively
constant exhaust temperature and CO2 levels. During the wood
smoke experiments, the wood combustion was controlled by
adjusting a vent in the door of the stove, maintaining an exhaust
duct temperature of around 150◦C at the sampling location. More
details of the operation of the source are provided by Lipsky et al.
(2005).

The intercomparison experiments involved simultaneous
sampling with the different dilution samplers from the same
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location of an enclosed exhaust duct. Each sampler has separate
heated inlet lines; cyclones were not installed on any of the inlet
lines. Two or three samplers were operated simultaneously dur-
ing a given experiment: one large sampler based on the Caltech
design, and one or two of the new, more compact design. In this
paper we refer to the dilution sampler based on the Caltech de-
sign as the laboratory sampler, and the new, more portable sam-
pler as the field sampler. Although relatively few intercompar-
ison experiments were conducted using the two field samplers,
the data provide additional statistical confidence and insight into
experimental variability. For the intercomparison experiments,
all of the samplers were operated at the same dilution ratio, and
separate tests were performed at different dilution ratios ranging
from 20–350. The dilution ratio was determined using CO2 as a
tracer; venturi flow meters were not installed on any of the inlet
lines.

Thermocouples are used to measure gas temperatures at the
different locations shown in Figure 1. For a given experiment,
the measured temperature profile within each sampler was es-
sentially the same. For example, the temperature of the exhaust
in the sampler inlet lines varied by less than 10◦C and the temper-
ature of the diluted exhaust varied by less than 3◦C . The temper-
ature of the exhaust at the sampling location was ∼250◦C for
low load diesel experiments, ∼300◦C for medium load diesel
experiments, and ∼150◦C for wood smoke experiments. The
diluted exhaust was typically at room temperature, ∼27◦C.

Experiments to investigate the effects of additional residence
time beyond that provided by the tunnel were conducted using
the large dilution tunnel as shown in Figure 2. For these experi-
ments, a slipstream of diluted exhaust was drawn from the end
of the dilution tunnel and continuously passed through a 0.9-
m-long, 10-cm-diameter stainless tube called the residence time
tube. Filter samples were collected simultaneously from the end
of the dilution tunnel and the end of the residence time tube;
simultaneous sampling at both locations minimizes the effects
of variations in source operations on the results. All residence
time experiments were performed with a slipstream flow rate of
10 lpm, which, under plug flow conditions, allows for 40 seconds
of residence time in the residence time tube.

Our implementation of the Caltech design is described in de-
tail by Lipsky et al. (2002). For the intercomparison experiments
this sampler was operated without the residence time tank—all
measurements are made at the end of the dilution tunnel. The
laboratory sampler was operated at a relatively constant dilution
air flow rate of 1000 lpm to maintain a residence time of ∼2.5 s
inside the tunnel and standardize mixing conditions across all
experiments. The dilution air and exhaust mix by turbulence in-
side the dilution tunnel; the Reynolds number of the flow inside
the dilution tunnel of the laboratory sampler was 10,000. The
dilution ratio is changed by varying the exhaust flow rate into
the sampler.

The dilution ratio of each sampler was determined by simul-
taneously measuring exhaust gas and dilution tunnel CO2 levels.

The dilution ratio is defined as:

DR = (CO2)ex − (CO2)amb

(CO2)tun − (CO2)amb
[1]

where (CO2)ex is the exhaust CO2 mole fraction, (CO2)amb is the
CO2 mole fraction of the dilution air, and (CO2)tun is the mole
fraction of CO2 of the diluted exhaust. The CO2 mixing ratio of
the exhaust is measured at the sample inlet location. The diluted
exhaust CO2 mixing ratio is monitored at the end of the tunnel
after the sample is well mixed. Separate CO2 monitors were
used on each tunnel to continuously monitor dilution ratio in
each system. The CO2 mixing ratio of dilution air was measured
both before and after each day of testing. Variations of CO2 levels
in the dilution air were small and negligibly impacted dilution
ratios calculated using Equation (1). Zero and span calibrations
were performed on all gas analyzers before every day of testing.
In order to account for small variations in dilution ratio between
the systems, all measured emissions rates were multiplied by
the dilution ratio to convert the results to equivalent exhaust
concentrations.

The performance of the different samplers was quantitatively
evaluated by calculating the relative bias errors between the two
systems for a given experiment,

Rel Error = PFT − PLT

PLT
[2]

where PFT is the measured quantity (e.g. PM2.5 mass) in the
field tunnel and PLT is the measured quantity in the lab tunnel.
A negative bias indicates that the field tunnel measures less than
the lab tunnel. The average and standard deviation of the relative
bias are then calculated across a specified set of experiments.

Aerosol Characterization
The sampling train used to collect PM2.5 filter samples of

diluted exhaust is shown in Figure 2. This train consisted of a
sharp cut PM2.5 cyclone operated at 24 lpm followed by a flow
splitter and two filter packs operated in parallel at 12 lpm. One
filter pack contained a quartz filter (Gelman 47 mm, Tissuquartz
2500 QAO-UP). This filter is referred to as the bare quartz filter
or Bare-Q. The second filter pack contained a Teflon membrane
filter (47-mm, 2-µm Teflo filters, Gelman Corp) followed by a
quartz filter. The back up quartz filter provides an estimate of the
positive sampling artifact (Turpin et al. 1994) and is referred to
as the quartz behind Teflon or QBT. Separate, identical sampling
trains were connected to the end of each dilution tunnel for the
intercomparison experiments. The same train was used at the end
of the residence time tube except with a cyclone that provides
PM2.5 cut at 10 lpm.

The Teflon filters are used to quantify mass emission rates
using gravimetric analysis. The filters are weighed pre- and
post-sampling using a microbalance inside an environmentally
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controlled glove box at a standard temperature (21–23◦C) and
relative humidity (30–40%). Filters are equilibrated for 24 h
before being weighed.

The quartz filters are analyzed to determine organic and ele-
mental carbon (OC and EC) loadings using a Sunset Laboratories
Laboratory Thermal-Optical Transmission OC/EC Analyzer us-
ing a modified version of the NIOSH 5040 protocol (NIOSH
1996) with a peak He-mode temperature of 870◦C. A complete
listing of the times and temperature steps of the analysis pro-
tocol is given by Subramanian et al. (2004). EC emissions are
determined from the analysis of the Bare-Q filter. OC emissions
are determined from the Bare-Q filter, and the OC measured on
the backup-Q filter (QBT) is used as an estimate of the posi-
tive artifact. The quartz filters are prepared before sampling by
baking them at 500◦C in air for 6 h to remove any organic ma-
terial that may have been adsorbed onto the filter ensuring low
blank levels. Both quartz and Teflon filters are stored in a freezer
(−18◦C) between sample collection and analysis.

Size distributions are measured using a TSI Scanning Mo-
bility Particle Sizer (SMPS), either a TSI 3081 DMA with the
model 3010 CPC or a TSI 3070 DMA with the model 3025 CPC.
Two neutralizers are used in series before the SMPS analyzers
to ensure a known charge on the particles. Scans are made from
10 nm to 460 nm using a 120-s up-scan and a 30-s down scan.
Only one SMPS is used for the experiments; when sampling
with multiple samplers or with the residence time tube, the inlet
to the SMPS is rotated between samplers or between the end
of the dilution tunnel and the end of the residence time tube to
measure size distributions at each location. The SMPS is rotated
between sampling locations every few minutes, and a complete
set of size distribution measurements on all of the samplers re-
quired around 10 min. Emissions from the diesel engine are
stable enough to allow comparison of size distribution measure-
ments made sequentially on different samplers, but the wood
smoke emissions are too variable for comparison of sequential
measurements.

Blanks
Both handling and dynamic system blanks were collected to

quantify contamination associated with each dilution system.
Handling blanks were low (for example, <1 µg C/cm2 on a
quartz filter), and much less than 5% of sample collected during
an actual experiment.

Dynamic system blanks were performed by operating the
sampler only on filtered air (HEPA and activated carbon), and
measuring contamination levels using the SMPS and the previ-
ously described filter train. Dynamic system blanks were typ-
ically run after the system had been cleaned, which involved
wiping all surfaces with acetone, reassembly and leak testing,
wrapping the dilution tunnel with heat tape, and operation of
the system on heated filtered air for at least an hour to remove
any residual semivolatile organics from the system. The system
was cleaned after one to five days of experiments and before
switching between the diesel and wood smoke sources.

Teflon mass and EC measured during dynamic system blanks
were comparable to handling blanks indicating particle free di-
lution air. Similarly, SMPS measurements made during system
blank test show total number and volume to be less than 0.01%
of typical diluted exhaust levels. OC levels on dynamic system
blanks were a factor of two higher than handling blanks, but still
less than 10% of typical tunnel concentrations. During a dynamic
system blank, equal amounts of OC were measured on both the
Bare-Q and QBT filters indicating that the dynamic blank OC is
organic vapor adsorbed onto the filters. In addition, all of the OC
collected during a dynamic system blank evolves in the lowest
He-mode temperature step (340◦C) of the carbon analysis con-
sistent with relatively volatile species. Dynamic system blank
levels measured using all three samplers were comparable.

A limited number of dynamic system blanks were collected
after completing a series of experiments but before cleaning
the system. These dynamic blanks indicated particle free air
(Teflon mass and EC at handling blank levels), but modestly
higher levels of OC compared to dynamic blanks collected im-
mediately after cleaning (2.7 ug C/cm2 before cleaning versus
0.65 ug C/cm2 after cleaning). Again, the same amount of OC
was measured on the Bare-Q and QBT filters indicating that the
dynamic blank OC is organic gases adsorbing to the quartz fil-
ters. The higher OC dynamic system blanks measured after a
series of experiments but before cleaning indicates some build
up of semivolatile material on the walls of the sampler during
the experiments that then desorbs and is collected on the quartz
filters during the dynamic blank measurements.

All filter measurements are blank corrected using one set of
blank values (e.g., OC, EC, Teflon mass) that is the average
of all of the dynamic system blank data collected from all the
samplers. Therefore, the same set of blank values is used for
each sampler. Blank corrections for Teflon mass and EC were
less than 1% of filter measurements, while blank corrections for
OC were less than 10% of the OC collected on a given filter.

RESULTS AND DISCUSSION

Sampler Intercomparison
A series of intercomparison experiments were conducted by

simultaneously sampling exhaust from a diesel engine and a
wood stove with different dilution samplers operating at the same
dilution ratio. Scatter plots of the filter measurements from the
parallel intercomparison experiments are shown in Figure 3. Fil-
ter samples were collected simultaneously on each system and
corrected for any slight variations in dilution ratio between the
different systems. For tests performed using two field-tunnels,
each is compared with the lab tunnel individually. Measure-
ments on the 1:1 line indicate perfect agreement between the
samplers; points within ± 30% are defined as acceptable by the
EPA Validation Protocol in Method 301 (EPA 1992).

Good agreement is generally observed between the two sys-
tems for PM2.5 mass (Figure 3a), OC (Figures 3b and 3d), and
EC (Figure 3c), with dilution ratios ranging from 20 and 120.
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FIG. 3. Scatter plots of simultaneous filter measurements made using the field tunnel sampler versus the lab tunnel sampler. Data are dilution corrected exhaust
concentrations at ambient temperature and pressure. Experiments considered dilution ratios from 20 and 120. Heavy line indicates one-to-one relationship with
±30% indicated by dashed lines. Squares indicate exhaust concentrations measured from diesel exhaust experiments. Circles indicate exhaust concentrations
measured from wood smoke experiments. Stars indicate data from final wood smoke intercomparison tests which are considered outliers, as discussed in text.

The intercomparison experiments considered a wide range of
PM2.5 emissions rates from the diesel engine and wood stove.
Emissions from the wood smoke are 2–6 times higher than the
diesel, and there is roughly a factor a 4 difference in emission
rates from the diesel engine for the two different load conditions
considered here. Emissions from both systems are dominated
by OC and EC.

Filter measurements made with the different sampler designs
are generally within the ±30%. Larger discrepancies were ob-
served during the last two of the wood smoke experiments with
one of the field tunnel samplers collecting significantly less mass
(30–40%) than the lab tunnel sampler. It is suspected that these
larger discrepancies were caused by build up of material on the
exhaust inlet lines over the series of wood smoke experiments.
This build up was discovered when the systems were disassem-
bled for cleaning after the experiments.

Quantitative comparisons of the filter measurements made us-
ing the laboratory and field samplers are summarized in Table 1.
For each experiment, we calculated the relative error between the

measurements made with the different samplers using Equation
(2). Table 1 lists the average and standard deviation of the rela-
tive error values separately for the diesel data, wood smoke data,
and the entire data set. The average relative error is a measure
of any systematic bias between the two designs with a negative
value indicating that the field sampler measures less than the
laboratory sampler. The standard deviation of the relative error
values is a measure of the variability across a specified set of
experiments. Table 1 compares sampler performance in terms
of both absolute emissions rates and emission ratios (e.g., ratio
of OC-to-PM2.5 mass). Emission ratios form the core of source
profiles used in receptor modeling; comparing ratios measured
by the different samplers provides insight into species dependent
losses.

First we consider the performance of the samplers across
the entire set of experiments—the columns labeled “All data”
in Table 1. On average there is little systematic bias between
the laboratory and field samplers, but some experiment-to-
experiment variability. For example, the field sampler measures
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TABLE 1
Relative error between laboratory and field sampler

Diesel Wood1 All data
(n = 7) (n = 4) (n = 11)

Average SD Average SD Average SD

PM2.5 mass 0.05 0.17 −0.13 0.09 −0.01 0.17
Bare TC2 0.03 0.15 −0.17 0.05 −0.04 0.16
Bare OC3 0.08 0.11 −0.18 0.05 −0.02 0.16
EC4 0.02 0.24 0.18 0.21 0.08 0.23
Backup OC 0.09 0.05 0.06 0.08 0.08 0.06
OC/EC5 0.10 0.26 −0.29 0.14 −0.04 0.29
OC/TC5 0.05 0.12 −0.01 0.00 0.03 0.10
EC/TC5 −0.02 0.14 0.42 0.29 0.14 0.30
TC/PM2.5 mass5 −0.02 0.06 −0.04 0.06 −0.02 0.06
OC/PM2.5 mass5 0.03 0.12 −0.05 0.05 0.00 0.10
EC/PM2.5 mass5 −0.03 0.15 0.38 0.37 0.12 0.31
Total number6 −0.28 0.17 −0.28 0.17
Integrated volume6 −0.06 0.09 −0.06 0.09

1Not including the two “outliers” indicated by the stars in Figure 3;
2TC = total carbon; 3OC = organic carbon; 4EC = elemental carbon;
5Ratios using data from bare quartz filter; 6Measured with SMPS.

1% ± 17% (average ± standard deviation) less mass than the
laboratory sampler. Of the filter data, EC shows the largest bias
and variability with the field sampler measuring 8% ± 23% more
EC than the laboratory sampler. For most measured parameters,
the average relative error between the two designs is less than
±5% with standard deviations between 10% and 20%. All of
the filter-based measurements of absolute emissions rates have
average bias errors of 10% or less as required by EPA to es-
tablish method comparability (EPA 1992). Ratios of EC to total
carbon (TC) and EC to PM2.5 mass have the largest average bi-
ases; problems with EC are primarily associated with the wood
smoke experiments.

Examining the diesel and wood smoke data separately pro-
vides more insight into the performance of the two systems and
the challenges associated with dilution sampling. For the diesel
experiments, Table 1 indicates excellent agreement between the
two designs across the entire set of measured parameters except
for particle number. The filter data from the wood smoke experi-
ments show significantly larger systematic errors than the diesel
data. In addition, the average relative error is larger than the ex-
periment to experiment variation in the errors; for example, the
average PM2.5 mass measured by the field sampler was 13% ±
9% less than that measured by the laboratory tunnel. Table 1 in-
dicates similar biases exist in the wood smoke TC and OC data.
For wood smoke, emissions ratios are more consistent than the
absolute emission rates (except for ratios involving EC).

We attribute the bias in the wood smoke data to losses in
the sampler inlet lines, which were discovered when the sam-
plers were disassembled for cleaning. The discrepancy between

the two systems increased with time, consistent with a gradual
build up of material in the inlet lines. For example, the smallest
error in the PM2.5 mass data (1%) was observed from the first
wood smoke intercomparison experiment right after the system
was cleaned and the largest error in the final experiment before
cleaning. Build up of material was observed in the inlet of all
three samplers; however, Table 1 suggests that each system was
affected differently. The geometry of the sampler inlets were the
same, but the flow rate of exhaust through the field sampler inlet
was much lower than that of the laboratory sampler. In addition,
the problems appear primarily associated with one of the two
field samplers. Little evidence of losses was observed during
cleaning of the systems after the diesel experiments. Fine parti-
cle concentrations in the wood smoke were significantly higher
than for the diesel exhaust (up to a factor of 6). Wood smoke
emissions are also highly variable, with extremely smoky condi-
tions often observed soon after lighting the fire when the sampler
was operating, but before starting filter collection. Wood smoke
is also stickier than diesel exhaust, making the samplers more
difficult to clean. All of these factors likely explains the build
up of material in the sampler inlet lines during the wood smoke
but not the diesel experiments. Clearly more frequent cleaning
is needed for wood smoke sampling; this was implemented on
subsequent experiments.

Table 1 indicates more variability and bias in the EC data
compared to other measurements. This is particularly true for
the wood smoke experiments. The large errors in wood smoke
EC are primarily attributable to experiments in which EC con-
tributed less than 1% of the PM2.5 mass. In our view, the poor
wood smoke EC comparison is most likely due to problems asso-
ciated with thermal-optical OC/EC analysis of heavily loaded fil-
ters, with little EC, and substantial pyrolysis. These factors create
substantial uncertainty in the operationally defined OC/EC split.
For example, during OC/EC analysis of the wood smoke filters,
the change in laser transmittance due to pyrolysis was signifi-
cantly larger than the change associated with EC. Another issue
is that the results errors are presented on a relative basis; on an
absolute basis, the errors in experiments with low EC loadings
were comparable or smaller than experiments with higher EC
loadings. We do not view the EC discrepancy as an indication of
a fundamental design problem associated with measuring trace
species emissions. We expect better performance for other, bet-
ter defined trace species such as individual ions or metals. For
diesel, the EC comparisons show good agreement between the
systems but with substantial variation; EC levels in diesel ex-
haust are much higher in wood smoke, and there is little py-
rolysis of diesel samples during OC/EC analysis which reduces
problems associated with thermal-optical analysis.

Quantitative comparisons between the two field samplers are
listed in Table 2. Only 5 field sampler intercomparison experi-
ments were performed, 3 of which were done with wood smoke.
Table 2 indicates that the emissions measured by one field tunnel
were 16% to 18% higher than the other field-tunnel sampler. We
attribute this bias largely to the fact that the comparisons were
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TABLE 2
Relative error between two field samplers

All data (n = 5)

Average SD

PM2.5 mass 0.13 0.09
Bare TC1 0.17 0.06
Bare OC2 0.15 0.06
EC3 0.19 0.04
Backup OC 0.00 0.10
OC/EC4 −0.04 0.08
OC/TC4 −0.02 0.04
EC/TC4 0.02 0.05
TC/PM2.5 mass4 0.04 0.09
OC/PM2.5 mass4 0.03 0.08
EC/PM2.5 mass4 0.06 0.11
Total number5 0.30 0.32
Integrated volume5 0.14 0.12

1TC = total carbon; 2OC = organic carbon; 3EC = elemental
carbon; 4Ratios using data from bare quartz filter; 5Measured with
SMPS.

primarily made with wood smoke as opposed to diesel exhaust.
Good agreement was observed for the two diesel intercompari-
son experiments; for example, the average relative bias in PM2.5

mass measurements between the two field samplers was 5% ±
2% versus 18% ± 7% for the wood smoke data. Table 2 also indi-
cates little bias or variation in the emission ratios measured with
the two field samplers, including ratios involving EC, suggest-
ing losses are not species dependent. Given the issues associated
with the wood smoke experiments the data suggest comparable
performance between the two sampler designs for filter-based
measurements.

Volume and number size distributions measured using the
SMPS for two diesel experiments are shown in Figure 5. The
distributions show a volume and number mode around 100 nm.
Occasionally a large ultrafine number mode at around 20 nm
was observed, indicating nucleation. SMPS data for the wood
smoke intercomparison experiments are not shown because the
wood stove emissions are highly temporally variable, making it
difficult to separate the effects of this variability from the dif-
ferences between the samplers using sequential measurements
made with one SMPS system.

Scatter plots comparing integrated volume and total particle
number emissions measured using the two sampler designs for
the diesel intercomparison experiments are shown in Figure 4.
There is excellent agreement in the integrated particle volume
measured by the two samplers, with an average relative bias of
–5.5% and a standard deviation of 9% (Table 1).

A scatter plot comparison of total number measured using
the two sampler designs is shown in Figure 4b. Higher total
particle numbers were consistently measured in the lab tunnel,

FIG. 4. Comparison of (a) integrated volume and (b) total number measured
using the SMPS system during the intercomparison experiments performed with
the diesel engine. Heavy line indicates one-to-one relationship with ±30% in-
dicated by dashed lines.

with several tests showing significantly higher totals in the lab
tunnel. Occasionally there were large discrepancies between the
samplers; this occasional poor agreement in total number was
due to intermittent nucleation in the laboratory tunnel. Figure 5
shows size distributions measured on a day with nucleation (la-
beled “Nucleation”) and a day without nucleation (labeled “No
Nucleation”). Volume distributions measured during these tests
with the different samplers agree, but nucleation dramatically
increases the total number emissions in the laboratory tunnel
relative to the field tunnel.

Nucleation was observed during approximately half the ex-
periments performed using the lab tunnel, but rarely in the field
tunnel. Nucleation in the lab tunnel appeared random with no
obvious correlations with parameters such as dilution ratio, rel-
ative humidity, and engine load. For experiments with evidence
of nucleation in both samplers, the peak of the nucleation mode
in the field sampler was much smaller than that in the lab tunnel
sampler suggesting weaker nucleation in the field tunnel. The
difference in nucleation frequency between the two tunnels may
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FIG. 5. Dilution-corrected volume and number size distributions measured during two diesel intercomparison experiments. Panels (a) and (c) correspond to
experiment during which nucleation occurred (dilution ratio = 20). Panels (b) and (d) correspond to an experiment during which nucleation did not occur (dilution
ratio = 125). Measurements were made sequentially on the different samplers using a single SMPS system while the diesel engine was operated at a constant load.

be due to differences in mixing rates. The more rapid mixing in
the field tunnel may not allow sufficient time at higher super-
saturations to enable nucleation to occur. The mixing rate also
affects the time-temperature profile of the dilution. The relative
humidity of the dilution air was another difference between the
two samplers; the dilution air used in the field sampler was typ-
ically much drier than the laboratory sampler. However, there
was no obvious relationship between relative humidity and nu-
cleation. Previous research has shown that nucleation, particle
size distributions, and total particle number in diesel exhaust
are very sensitive to sampling conditions (Abdul-Khalek et al.
1998; Abdul-Khalek et al. 1999).

Apparent particle density can be estimated using the inte-
grated volume measured with the SMPS and PM2.5 mass mea-
sured with the Teflon filter. A major complication in making such
comparisons is the nonsphericity of diesel particles and the effect
of this nonsphericity on SMPS measurements (Park et al. 2003).
In this work, we are interested in using the apparent density as
an indicator for changes in particle shape with dilution ratio.

Figure 6 shows the apparent density of particle emissions
from the diesel engine as a function of dilution ratio. The appar-
ent density measured at low load is ∼1.5 g/cm3 with no trend
with dilution ratio. The fine particle emissions under low load are
dominated by OC with less than 25% of the PM2.5 mass emission
being EC. Under these conditions particles are expected to be
relatively spherical, and the estimated apparent density should
be consistent with the actual density of the particles. A particle
density of 1.5 g/cm3 is consistent with expectations for organic
particles.

The medium load experiments show lower apparent densi-
ties in the range of 0.5–1.0 g/cm3. The lower calculated appar-
ent densities reflect the nonspherical nature of the fine particle
emissions; at medium load, the fine particle emissions are dom-
inated by EC–5 to 60% of the PM2.5 mass emissions is EC.
For medium load operations, there also appears to be a trend in
apparent density with dilution ratio; at a low dilution ratio of
20, the apparent density is ∼0.5 g/cm3 and increases to a max-
imum at around 1.0 g/cm3 at a dilution ratio of 160 followed
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FIG. 6. Apparent density calculated from the PM2.5 filter mass and SMPS
integrated volume plotted against dilution ratio for low and medium load exper-
iments. Measurements were made on a small, single cylinder diesel engine.

by some decrease. This suggests changes in particle shape with
dilution ratio. We expect that these changes are due to restructur-
ing of the fractal carbon soot chains that contribute significantly
to the fine particle emissions at medium load (high EC). Pre-
vious studies have shown that changes in relative humidity can
alter the fractal structure of carbon chains changing the mobility
diameter (Weingartner et al. 1995). The particle structure could
depend on the amount of semi-volatile material in the condensed
phase, which can depend strongly on dilution ratio (Lipsky and
Robinson 2005). The relative humidity of the diluted exhaust
varied between 10% and 60% across the set of experiments, but
no trend in apparent density with relative humidity was observed.

Effects of Residence Time
The results of the intercomparison shown in Figure 3 indicate

good agreement between measurements made with the field and
laboratory samplers without a residence time tank. A residence
time tank is not part of the new field sampler design, but the
original Caltech sampler included a large residence time tank
(Hildemann et al. 1989). An important design question is how
much residence time is needed before aerosol characterization?
Eliminating the residence time tank simplifies the design and
operation of a dilution sampler.

The effects of residence time were evaluated by comparing
simultaneous measurements made at the end of the dilution tun-

FIG. 7. Ratios of measurements made at the end of the residence time tube
with measurements made at the end of the dilution tunnel for (a) diesel and
(b) wood smoke experiments. Experimental schematic is shown in Figure 2.
The horizontal solid line indicates a ratio of one, perfect agreement between
the two measurements. The dashed horizontal lines indicate agreement within
±20%. TC = total carbon. Den-Q TC = TC measurements made using a quartz
filter behind a carbon monolith denuder.

nel of the laboratory sampler and the residence time tube (see
Figure 2). For the conditions of these experiments, the residence
time inside the dilution tunnel is around 2.5 seconds, and the res-
idence time tube provided an additional 40 seconds of time for
aging. Figure 7 presents ratios of measurements made simul-
taneously at the beginning and end of the residence time tube.
Data are shown for both diesel and wood smoke experiments as
a function of dilution ratio.

Figure 7 indicates that additional residence time beyond the
roughly 2.5 seconds provided by the dilution tunnel does not
affect filter measurements or the integrated volume measured
with the SMPS. The majority of the measurements made at
the beginning and end of the residence tube are within ±20%,
with a few outliers. These results indicate that the system
has reached phase equilibrium by the end of the dilution tun-
nel. This conclusion is consistent with measurements made on
diluted coal exhaust which show additional residence time be-
yond that provided by the tunnel did not affect filter based
measurements of fine particle mass and composition (Lipsky
et al. 2004).
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Additional residence time did alter the measured number size
distribution and reduce total number emissions. These changes
are due to microphysical processes such as coagulation occur-
ring inside the residence time tube (Lipsky et al. 2002). Since the
integrated particle volume did not change there was no addition
of fine particle mass due to condensation inside the residence
time tube. However it is not clear that the changes in particle
size distribution that occur inside of a residence time tank are
representative of those that occur in the actual atmosphere be-
cause a residence time tank ages exhaust at a modest dilution
ratio (e.g., 100) while in the atmosphere exhaust is rapidly mixed
with ambient air to much higher dilution ratios (e.g., 1000) in a
few seconds.

The finding that integrated-volume and filter measurements
do not depend on residence time is consistent with theoretical
estimates of the characteristic times for phase equilibrium in-
side the dilution tunnel. Seinfeld and Pandis (1998) present a
theoretical framework to estimate this equilibration time based
on mass transfer in the gas phase,

τs = 1

4πDA
∫ ∞

0 n(Rp)Rpf(Kn, α)dRp
[3]

where DA is gas-phase diffusivity (assumed to be 0.06 cm2/s),
n(Rp) is the number of particles at radius Rp, and f (Kn, α) cor-
rects the mass flux for noncontinuum effects and imperfect ac-
commodation. To evaluate this equation we use the number size
distribution measured with the SMPS, the Fuchs and Sutugin ap-
proach to evaluate f (Kn, α) and an accommodation coefficient
(α) of 0.1 (Seinfeld and Pandis 1998).

Equation (3) predicts equilibration timescales ranging from
0.1–0.55 seconds for the conditions of these experiments. The
longest equilibration times correspond to the high dilution ratio
experiments with the lowest tunnel concentrations. The theo-
retical equilibration times are at least a factor of 4 shorter than
the residence time inside either dilution tunnel supporting the
conclusion that the aerosol is in phase equilibrium by the end of
the dilution tunnel.

Using Equation (3) one can predict under what conditions an
aerosol might not be in phase equilibrium at the end of the dilu-
tion time tunnel (after a residence time of 2.5 s). For the size dis-
tributions of particles considered here, noncontinuum effects are
not that important; therefore total surface area is the key parame-
ter in determining equilibration times. If the total particle surface
area is greater than 0.01 m2/m3, then the equilibration time is
less than 2 s. For the sources tested here, these conditions were
only encountered at high dilution ratios (>300). Not achieving
phase equilibrium within the short residence time provided by
the dilution tunnel is also more of a concern for cleaner sources.

Although Equation (3) indicates that under some conditions
(high dilution ratio, low emitting source) the diluted exhaust
may not always be in phase equilibrium at the end of the dilu-
tion tunnel, this is not likely a concern for measurements made
using filters. The fundamental issue is the difference between

filter collection times and the time scale required to achieve
phase equilibrium. For the experiments described here, the filter
collection times ranged from 15–40 min, much longer than the
equilibration time scales estimated using Equation (3). Phase
equilibrium depends on the composition of the gas and con-
densed phases. When filter sampling, particles collected on the
filter at the beginning of a test are continuously exposed to gas-
phase emissions throughout the entire test. Therefore changes
in composition of the gas-phase passing through the filter can
alter the phase partitioning of semivolatile material already col-
lected on the filter. This will occur regardless of whether or not
the aerosol achieved phase equilibrium as it passed through the
dilution sampler. If gas phase emissions are constant then post-
collection changes in partitioning will only occur if the aerosol
did not reach phase equilibrium inside the dilution tunnel. If gas
phase emissions are changing throughout an experiment then
postcollection changes in phase partitioning may be significant.
A wood stove or vehicles undergoing a test cycle have highly
variable emissions. The effect of variable emissions on phase
partitioning depends on the equilibration time scale for material
collected on a filter compared to the filter collection time.

The residence time experiments considered both stable and
highly variable emissions. The diesel experiments were con-
ducted under steady load conditions, which presumably corre-
spond to constant emission rates and particles collected on the
filter being exposed to the same gaseous emissions throughout
an experiment. In contrast, wood smoke emissions varied signif-
icantly throughout a given experiment because of the relatively
uncontrolled nature of combustion in a wood stove. Therefore,
particles collected on the filter at the beginning of an experi-
ment will likely not be in equilibrium with the exhaust passing
through the filter later in the experiment. Figure 7 indicates that
additional residence time did not influence the measurements
under either of these conditions.

In this paper we have examined the effect of residence time
on bulk PM2.5 emissions, not the phase partitioning of indi-
vidual organic species or potential chemical interactions within
the aerosol after emission. Although the data indicate that the
bulk PM2.5 achieved phase equilibrium, individual, trace-level
semivolatile organics may not achieve equilibrium in the 2.5
seconds of aging time provided by the tunnel if they have mass
accommodation coefficients much smaller than the value of 0.1
used to evaluate Equation (3). In this situation, a dilution sam-
pler with 2.5 s of residence time might underestimate the par-
ticle phase emissions of these semivolatile species. However,
as just discussed, residence time of the system may not mat-
ter if the species are measured using filters with long collection
times. A second issue is that the partitioning of semivolatile
material depends on dilution conditions, including tempera-
ture and dilution ratio. Dilution samplers are operated at much
lower dilution ratios than atmospheric conditions, which can
significantly bias the phase partitioning of semivolatile species
(Lipsky and Robinson 2005). Therefore, additional residence
time is unlikely to provide more atmospherically relevant data
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on the phase partitioning of semivolatile species. In order to
avoid artifacts associated with phase partitioning in dilution sam-
plers, one must simultaneously measure both gas and particle
phase emissions of semivolatile species. Dilution samplers are
designed to measure emissions before they have reacted chemi-
cally with the surrounding atmosphere; reactions between differ-
ent components of the emissions on time scales of a few minutes
are not expected to be significant.

CONCLUSIONS
The size and complexity of current dilution samplers is a

major barrier to more widespread application of these systems
for source characterization. A new, more portable dilution sam-
pler was designed to provide measurements consistent with the
widely cited Caltech dilution sampler (Hildemann et al. 1989).
Both of these samplers are designed to simulate atmospheric
dilution. Intercomparison experiments were performed using
emissions from diesel generator and a wood stove. Good agree-
ment was observed between the new field tunnel sampler and the
sampler based on the Caltech design for PM2.5 total mass, OC,
and EC measured with filters, and integrated volume measured
with an SMPS. All filter-based measurements have average bias
errors of 10% or less as required by EPA to establish method
comparability (EPA 1992). The larger variability in EC between
the two samplers is attributed to the low levels of EC in the wood
smoke and the significant pyrolysis of wood smoke OC during
thermal-optical OC/EC analysis.

During certain experiments large differences in total particle
number were observed between the two samplers. These dif-
ferences corresponded to experiments during which nucleation
occurred in the larger, laboratory sampler tunnel but not in the
smaller, field sampler. More frequent nucleation in the labora-
tory system is attributed to differences in mixing rates between
the two systems.

The new dilution sampler does not have a residence time tank.
Experiments were conducted to examine the effects of residence
time on diluted exhaust. No difference was observed in simul-
taneous measurements made 2.5 and 40 seconds after dilution.
Theoretical analysis indicates that, under the conditions of these
experiments, the aerosol should achieve phase equilibrium in
less than 1 second. Eliminating the residence time tank greatly
simplifies the design and operation of dilution samplers.
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Abstract 

 A source-resolved model has been developed to predict the contribution of eight different 

sources to primary organic aerosol concentrations.  The model was applied to the eastern United 

States during a seventeen day pollution episode beginning on July 12, 2001.  Primary organic 

matter (OM) and elemental carbon (EC) concentrations are tracked for eight different sources:  

gasoline vehicles, non-road diesel vehicles, on-road diesel vehicles, biomass burning, wood 

burning, natural gas combustion, road dust, and all other sources.  Individual emission 

inventories are developed for each source and a three-dimensional chemical transport model 

(PMCAMx+) is used to predict the primary OM and EC concentrations from each source.  The 

source-resolved model is simple to implement and is faster than the existing source-oriented 

models.  The results of the source-resolved model are compared to the results of chemical mass 

balance models (CMB) for Pittsburgh (Subramanian et al., 2005a,b,c) and Atlanta (Zheng et al., 

2002).  Significant discrepancies exist between the source-resolved model predictions and the 

CMB model predictions for some of the sources.  There is strong evidence that the organic PM 

emissions from natural gas combustion are overestimated.  It also appears that the OM and EC 

emissions from wood burning and off-road diesel are overwhelming the Northeastern US.  Other 

similarities and discrepancies between the source-resolved model and the chemical mass balance 
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model for primary OM and EC are discussed along with problems in the current emission 

inventory for certain sources. 

 

Keywords:  source apportionment, organic matter and elemental carbon, PMCAMx+, eastern 

United States 

 

1.  Introduction 

  Atmospheric particles with diameters less than 2.5 µm (PM2.5) have adverse effects on 

human health and visibility and contribute to global climate changes by scattering light and 

serving as cloud condensation nuclei.  To limit the effects on human health and visibility, the 

United States Environmental Protection Agency (US EPA) has set a National Ambient Air 

Quality Standard (NAAQS) for PM2.5 at 15 µg m-3 (3 year average concentrations) and 65 µg m-3 

(24 hour average concentrations).  According to the US EPA, all or part of 225 counties 

nationwide, many of which are in the eastern US, are not in attainment of the standards.  In order 

for these areas to meet the NAAQS, control strategies must be implemented to reduce the PM2.5 

concentrations.   

PM2.5 is comprised of sulfate, nitrate, ammonia, organic matter, elemental carbon (EC), 

crustal species, and other compounds.  Organic matter represents a major fraction of the total 

PM2.5 concentrations across the United States.  Organic matter has both primary and secondary 

components while EC is only emitted from sources.  Primary OM is emitted from various 

sources such as gasoline and diesel vehicles, biomass burning, industrial sources, and other 

forms of combustion.  Dominant sources of EC are on-road and off-road diesel vehicles and 

biomass burning.  Implementation of effective organic PM2.5 control strategies requires the 

quantification of the contribution of each source to the ambient OM and EC concentrations.  

 Chemical mass balance (CMB) receptor modeling methods can determine the source 

contributions to primary OM concentrations using organic compounds as tracers (Rogge et al., 

1993a; Schauer et al., 1996).  In the CMB method, the total concentration of each organic 

compound tracer in the ambient sample is reconstructed from a linear combination of the source 

emissions profiles.  A CMB receptor model has been used to determine the source apportionment 

of PM2.5 primary OM in Los Angeles (Schauer et al., 1996), the San Joaquin Valley (Schauer 

and Cass, 2000), the southeastern United States (Zheng et al., 2002), and Pittsburgh 
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(Subramanian et al. 2005a,b,c).  The results of the CMB modeling suggest that gasoline and 

diesel vehicles along with wood burning are the major primary OM emission sources in the 

investigated areas. 

 A second approach to source apportionment is source-oriented modeling.  Unlike 

receptor-oriented modeling, source-oriented models predict the pollutant concentrations by using 

a regional chemical transport model and emissions data as input.  Source-oriented modeling 

separately tracks PM emissions from different source categories in the model instead of 

combining them into a single species.  Both a Lagrangian and a 3D Eulerian source-oriented 

model have been applied to Los Angeles and the San Joaquin Valley (Kleeman et al., 1997; 

Kleeman and Cass, 1998; Kleeman et al., 1996; Kleeman and Cass, 2001; Held et al., 2004) 

predicting the source contribution to the size and composition distribution of PM10.  In the 3D 

Eulerian model, Kleeman and Cass (2001) separately tracked the particles emitted by ten 

different source classes.  For example, instead of having one primary OM species Kleeman and 

Cass (2001) used ten different primary OM species, one for each source class.  Although the 

model is numerically accurate, the simulations require considerable CPU time. 

 The difference between the source-oriented models used in the previous studies and the 

source-resolved model used here is that the source-resolved model simulates the primary OM 

and EC for one source at a time, neglecting the rest of the sources.  The source-resolved model 

only has one primary OM and EC species; therefore it uses less CPU time because there are 

fewer differential equations that must be solved simultaneously.  Although the source-resolved 

model must be run for each source, the model is still faster than the source-oriented models.   

 The current study applies the source-resolved three-dimensional chemical transport 

model to the eastern United States in order to critically evaluate the primary OM and EC 

emission inventories.  The overall performance of PMCAMx+ for the July 2001 episode using 

the current emission inventory has been evaluated by Gaydos et al. (2005).  PMCAMx+ is used 

to predict contributions of eight different source categories to primary OM and EC: on-road 

diesel, off-road diesel, gasoline engines, natural gas, wood burning, biomass burning, dust, and 

all other sources.  The primary organic aerosol from each source category is modeled 

individually by splitting the emissions inventories into the sub-categories.  By having individual 

source emission inventories, only one primary OM and EC species are required in the model 

instead of eight species for both primary OM and EC. 
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The predicted primary OM and EC concentrations for each source category are then 

compared to published CMB results for Atlanta and Pittsburgh.  Agreement between the source-

resolved inventory results and the CMB results can increase our confidence in the source 

apportionment for primary OM and EC.  Disagreement can point to problems in individual 

source emission inventories. 

 

2.  Description of PMCAMx+ 

 PMCAMx+ is a three-dimensional chemical transport model which uses the framework 

of CAMx (Environ, 2003) to simulate horizontal and vertical advection, horizontal and vertical 

dispersion, wet and dry deposition, and gas-phase chemistry.  Three aerosol modules have been 

implemented in PMCAMx+ to describe inorganic and organic aerosol dynamics and aerosol-

cloud interactions using an operator-splitting approach (Gaydos et al., 2005).  The order of the 

processes is: emission, horizontal advection, vertical advection, vertical dispersion, horizontal 

dispersion, wet deposition, gas-phase chemistry, aerosol processes (nucleation, coagulation, 

inorganic aerosol condensation/evaporation), secondary organic aerosol formation, and aqueous 

phase-chemistry.  This approach is further described in Gaydos et al. (2005).  PMCAMx+ tracks 

thirteen different aerosol species: sulfate, nitrate, ammonium, aerosol water content, four 

secondary organic aerosol species, sodium, chloride, primary organic aerosol, primary elemental 

carbon, and all primary inert material.  Each aerosol species has ten size sections, ranging from 

40 nm to 40 µm. 

For this study, PMCAMx+ is applied to a seventeen day pollution episode in the eastern 

United States starting on July 12, 2001.  The modeling domain covers a 3492x3240 km region in 

the eastern United States with 36x36 km grid resolution with 14 different levels up to 6 km 

(Gaydos et al., 2005).  The initial and boundary conditions for primary PM2.5 OM are 2.0 and 1.0 

µg m-3, respectively, while zero initial and boundary conditions are used for EC.  Inputs to the 

model include horizontal wind components, temperature, pressure, water vapor, vertical 

diffusivity, clouds, and rainfall, all created using the meteorological model MM5 (Gaydos et al., 

2005; Grell et al., 1995).   

Eight source-resolved inventories are used as the emissions inputs in PMCAMx+ when 

applied to the eastern United States.  The primary OM and EC concentrations for each of the 

eight sources over the eastern US are simulated for the seventeen-day episode.  For each source-
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resolved simulation, the boundary conditions for primary OM and EC are set to zero and the 

initial conditions are set to a very small non-zero value to avoid numerical problems (0.006 µg 

m-3).  There are two more cases simulated as well: the initial conditions case and the boundary 

conditions case.  For these two cases, the emissions for primary OM and EC within the domain 

are set at zero.  For the boundary condition case, the initial conditions were set to 0.006 µg m-3; 

similarly, the boundary conditions are set to zero for the initial conditions case.  The entire 

emission inventory was also simulated so that the sum of the primary OM and EC for the sub-

inventories can be compared to primary OM and EC from the inventory to evaluate the quality of 

the solution. 

 

3.  Emission Inventories 

The LADCO BaseE inventory generated using EMS-2003 (LADCO, 2003), is used to 

generate source-resolved inventories.  Emissions are derived primarily from the U.S. EPA’s 

National Emission Inventory (NEI) 1999 Version 2.0 (U.S. EPA, 2002a), with the following 

changes:  on-road transportation sources are from the U.S. EPA’s MOBILE6 (U.S. 2002b); non-

road sources are from U.S. EPA’s NONROAD (U.S. EPA 2002c).  The temporal profiles for 

electric power utility point sources are from an analysis of Continuous Emission Monitors 

(Janssen, 2003).  Ammonia emissions are from the CMU Ammonia Emission Inventory (Goebes 

et al., 2003; Pinder et al., 2004).  Biogenic emissions are from BIOME3 (Wilkinson and Janssen, 

2001).  A different emission inventory is used for weekdays, Saturdays, and Sundays. 

From the overall emission inventory described above, eight source-resolved emission 

inventories have been developed.  The primary OM and EC in each source-resolved inventory 

consist of the carbonaceous aerosol emissions from that source, while the rest of the inventory 

remains the same.  Table 1 lists the emission source categories and the fraction of the total 

emissions of elemental carbon and organic carbon that each category contributes.  The sources 

are sorted based on Source Classification Codes from the NEI database.  The “other” source 

category consists of all source codes not mapped to one of the other seven source categories. 

 Table 1 shows the contribution of each source to the overall inventory for each day.  The 

total emissions for the entire domain decrease on the weekend; for example, the EC emissions 

decrease from 1.09 ktons day-1 on a weekday to 0.89 ktons day-1.  There is also a change in the 

distribution of sources.  For instance, the major difference between weekdays and weekends is 
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that gasoline exhaust increases from 13% of the overall primary OM emissions to 22% of the 

primary OM on the weekends.  Figure 1 shows the total emissions for primary OM and EC on a 

weekday across the eastern US.  As expected, there are higher emission rates for OM and EC in 

urban areas.  The highest daily emission rate for OM in a 36x36 km cell is 19 tons day-1 over 

southern New Jersey, east of Philadelphia, and the highest emission rate for EC is 19.5 tons day-1 

located over Nashville, TN. 

 

4.  Model Results 

4.1. LADCO BaseE comparison with measurements 

Figure 2 shows the predicted ground-level average PM2.5 total carbonaceous aerosol, 

secondary organic aerosol (SOA), primary organic matter, and EC concentrations for the July 

2001 episode from PMCAMx+ when using the base emission inventories.  The first four 

simulation days are not included in the average so that the initial conditions do not have a 

significant impact on the average concentrations.  The maximum average concentrations are:  

13.4 µg m-3  over New York City for total carbonaceous aerosols, 2.9 µg m-3 over Arkansas for 

SOA, 8.3 µg m-3 over southern New Jersey for primary OM, and 5.4 µg m-3 found over Boston 

for EC.  The domain average concentrations for total carbonaceous aerosol, SOA, primary OM, 

and EC predicted over the eastern United States are 2.01 µg m-3, 0.73 µg m-3, 1.03 µg m-3, and 

0.25 µg m-3.  On average, the predicted primary OM and EC concentrations represent 51.2% and 

12.4%, respectively, of the total carbonaceous aerosol across the eastern United States.   

Primary OM and EC concentrations are highest in urban areas.  For example, there are 

high average primary OM concentrations predicted in cities such as Atlanta (2.7 µg m-3), Baton 

Rouge (2.2 µg m-3), Boston (4.3 µg m-3), Chicago (5.4 µg m-3), Detroit (5.1 µg m-3), Houston (3.3 

µg m-3), Philadelphia (3.9 µg m-3), New York City (7.7 µg m-3), and St. Louis (2.8 µg m-3).  

Similarly, high average EC concentrations are predicted in urban areas such as:  Atlanta (2.2 µg 

m-3), Baton Rouge (1.9 µg m-3), Chicago (2.6 µg m-3), Detroit (1.7 µg m-3), Houston (2.9 µg m-3), 

Philadelphia (2.2 µg m-3), Portland (2.8 µg m-3), and New York City (4.4 µg m-3).  For many of 

these locations, the EC is almost as great as the primary OM. 

The 24-hour average model predictions are compared to the measurements from the EPA 

Speciation Trends Network (STN) and the Interagency Monitoring of Protected Visual 

Environments (IMPROVE).  As described by Gaydos et al. (2005), the predicted primary OM 
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was divided by 1.2 to convert to primary OC and the predicted SOA is divided by 1.8 to convert 

to secondary organic carbon.  Figure 3 shows the comparison of the predicted total carbon (TC), 

OC, and EC concentrations with STN and IMPROVE.  The TC predictions appear to have little 

bias but with significant scatter, with concentrations in many locations greatly over or 

underpredicted.  As discussed in Gaydos et al. (2005), the mean bias between the predicted total 

carbonaceous aerosol and IMPROVE and STN measurements is 0.11 µg C m-3 and -0.92 µg C 

m-3, respectively.   

There is better agreement with the IMPROVE measurements because the inventories for 

most of the major sources of carbonaceous material were constructed using the TOR protocol 

(Bhave, 2004; Gaydos et al., 2005).  The STN measurements used the NIOSH TOT protocol for 

measuring EC and OC (NIOSH, 1999); while the IMPROVE measurements used the TOR 

protocol to analyze the filters (Chow et al., 1993).  The STN data in Figure 3 are not blank 

corrected while the IMPROVE measurements already include this correction.  Without a blank 

correction, the carbon measurements from the two networks are in poor agreement.  With a blank 

correction of ~1 µg m-3 needed to bring the STN measurements into agreement with the 

IMPROVE measurements, the model predictions for total carbon will have better agreement with 

the STN measurements (Graham et al., 2004; Gaydos et al., 2005). 

For OC concentrations, the model overpredicts at low observed levels of OC and 

underpredicts at high observed levels of OC.  Observed OC concentrations of less than 1.0 µg C 

m-3 are consistently overpredicted by the model.  Overall, the model predictions compared to 

IMPROVE for OC have little bias, yet many sites are over or underpredicted.  However, the 

model consistently underpredicts the STN measurements.  This may be due in part because the 

STN sites are located in more populated areas than the IMPROVE sites and therefore generally 

have higher OC levels.  The mean bias for the predicted OC compared to STN is -1.8 µg C m-3 

(Gaydos et al., 2005).  Even assuming a blank correction of ~1 µg m-3, the STN measurements 

for OC are still underpredicted by the model. 

Figure 3 also shows that the predicted EC concentrations are about 3 times higher than 

the observed EC concentrations from STN and have little bias when compared to the IMPROVE 

measurements (Gaydos et al., 2005).  Again the IMPROVE EC levels are much lower than STN 

because they are rural.  This suggests that the EC emissions in cities are overestimated.  For 

example, the model predicts over 5 µg m-3 of EC in New York City which is significantly greater 
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than ~0.2-1.5 µg m-3 measured at STN sites in Queens and the Bronx.  There are a few 

IMPROVE sites that are greatly overpredicted, such as Casco Bay, ME and Cape Cod, MA,  

where the predicted EC concentration is over 2.0 µg m-3 versus the measured concentrations of 

less than ~1.0 µg m-3.  The mean bias for IMPROVE and STN when compared to the model 

predictions are 0.17 µg m-3 and 0.88 µg m-3, respectively (Gaydos et al., 2005).  The model 

overprediction probably indicates significant problems with the EC emission inventory.  

Although the predicted primary OC and EC concentrations do not match the observed 

concentrations, the source-resolved model will help to predict which sources contribute the most 

to primary OC and EC and will also provide insight into which source’s emission inventory 

needs improvement.   

 

4.2. Source-resolved mass balance test  

 The sum of the predicted primary OM and EC concentrations from each source resolved 

subcategory should equal the primary OM and EC concentration predicted from the base case.  

However, because of the previously discussed effects of deposition, there are slight 

discrepancies.  Throughout the simulation, the sum of the primary OM form each source 

category is on average 0.001 µg m-3 (an average of 0.6 % more than the base case) greater than 

the predicted base case primary OM over the whole domain.  The maximum absolute error and 

relative error of any grid cell at any time step is 0.78 µg m-3 (relative error of 10% over New 

York City) and 24% (absolute error of 9.7*10-7 µg m-3 over the Atlantic Ocean north of Miami), 

respectively.  Overall, the source-resolved method works well in predicting the source 

contributions for primary OM. 

 On average, the sum of the EC concentrations from each source is also 0.001 µg m-3 

greater than the base case EC concentration over the whole domain.  The average relative error is 

9% for areas with a predicted base EC concentration greater than 0.005 µg m-3.  Larger relative 

errors exist for grid cells with very low predicted EC concentrations, for example cells over the 

Atlantic Ocean.  Due to the precision of PMCAMx+, the lower limit for the EC concentrations is 

near 1*10-8 µg m-3.  Although the absolute error is very small, the relative error is large in areas 

where the EC concentration is near the lower limit for each source category and the base case.  

At high predicted base case EC concentrations, the source-resolved model performs similarly as 

with the primary OM concentrations.     
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4.3. Source resolved OM 

In order to correctly predict the primary OM concentration for each source, the primary 

OM concentrations predicted from the boundary and initial condition cases must be factored into 

the source-resolved predictions for each source.  Figure 4 shows the average contributions of the 

initial and boundary conditions for the last thirteen days of the episode for the primary OM 

concentrations.  The boundary conditions have a major impact on areas with low OM emissions, 

which are located over the oceans and along the boundaries in the Northern Plains and Canada.  

In these areas, the predicted average OM concentrations are 1.0 µg m-3 with the boundary 

condition contributing almost 100% of the primary OM.  Away from the boundary in the eastern 

United States, the boundary conditions contribute between 0.1-0.6 µg m-3 (~10-20% in urban 

areas and ~30-50% in rural areas) to the total primary OM concentrations.  Excluding the initial 

four day spin up, the initial conditions on average only contribute 8% of the total primary OM in 

the eastern US.  Over Arkansas, northern and eastern Louisiana, northeast Texas, and southern 

Missouri, the initial conditions contribute ~0.26 µg m-3 (less than 30%) to the primary OM 

concentrations.  The initial conditions have little impact on the primary OM in other areas of the 

eastern United States after the first four simulation days. 

The OM contributions from the aerosol that pre-existed in the model domain before the 

beginning of the simulation (initial conditions) and from sources outside the modeling domain 

(boundary conditions) are split into the eight source categories by assuming the same source 

distribution of the weekday inventory.  For example, in areas where the boundary condition 

contribution is close to 100 percent of the total primary OM, the source contributions to the 

primary OM are: gasoline 13%, on-road diesel 7%, off-road diesel 14%, natural gas 23%, wood 

15%, biomass 6%, dust 4%, and other 18%.  The total contribution of each source is calculated 

by combining concentrations predicted using the source-resolved inventory plus the contribution 

of the boundary and initial condition concentrations.  

As expected, the domain average primary OM contribution predicted for each source is 

similar to the domain average fraction of the total emissions for each source.  The domain 

average primary OM concentration across the eastern US is 1.03 µg m-3.  The predicted domain 

average primary OM concentrations over the thirteen day period for each category are:  gasoline 

14%; on-road diesel 7%; non-road diesel 13%; natural gas 22%; wood 16%; biomass 6%; dust 
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4%; and other 18%.  These domain average contributions are similar to the emissions shown in 

Table 1; however, there are temporal and spatial variations in the contribution of each source 

category. 

Temporal variations during the 17 day pollution episode for Pittsburgh, PA are shown in 

Figures 5 and 6.   Figure 5 shows peak primary OM concentrations occur during morning rush 

hour and then decrease to a minimum in the early afternoon before the evening traffic increases 

the OM concentrations.  This cycle can be seen in all urban areas across the whole domain.  In 

Pittsburgh, the predicted peak hourly primary OM concentration is 5.3 µg m-3, whereas the low is 

0.9 µg m-3.  The average predicted primary OM concentration for Pittsburgh during the episode 

is 2.6 µg m-3.  The day-to-day variability in the 24-hour average source contributions for 

Pittsburgh are shown in Figure 6.  The small fluctuations in the source contributions for 

Pittsburgh are due to the change in wind patterns, temperature, and emission inventories from 

weekdays to weekends.  Across the entire domain, temporal variations are not significant 

because of the small temporal variability of the inventory.  The focus will be on the average 

contribution of each source and its spatial variations.   

Figure 7 shows the spatially resolved thirteen day average (the first four days are not 

included in the average) contribution of each source category to the total primary PM2.5 OM 

concentrations.  The scale (0.0 to 0.4 µg m-3) is the same for each source to allow for 

comparisons of relative contributions of the different categories.  The source that surprisingly 

contributes the most primary OM in the eastern US according to the inventory is the natural gas 

category.  The maximum average natural gas contribution is 3.4 µg m-3 for New York City.  This 

represents 42% of the total predicted primary OM in New York City (Figure 8).  Other areas that 

have high predicted primary OM concentrations from natural gas are Baton Rouge with 0.68 µg 

m-3 (29% of the total primary OM in Baton Rouge), Chicago with 1.8 µg m-3 (30%), Detroit with 

1.2 µg m-3 (22%), Houston with 1.2 µg m-3 (34%), and Philadelphia with 0.80 µg m-3 (20%).    

Diesel exhaust has a significant impact on primary OM concentrations as well.  Overall, 

diesel exhaust is predicted to contribute an average of 20% of the total primary OM in the 

eastern US.  Non-road diesel contributes more primary OM to the Midwest and North Plains 

associated with farming activities.  There are also high contributions of non-road diesel (~20-

25%) to primary OM along the Mississippi river caused by river boats.  Non-road diesel also 

contributes significant amounts of primary OM in eastern cities (Figure 7).  On-road diesel 
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contributes mostly to urban primary OM.  The maximum primary OM concentrations for on and 

off-road diesel exhaust are 0.35 µg m-3 northeast of New York City (7%) and 1.4 µg m-3 over 

Boston (31%).   

Gasoline exhaust, similar to on-road diesel exhaust, contributes large amounts of primary 

OM in cities across the eastern US.  Gasoline contributes a maximum primary OM concentration 

above Detroit of 2.7 µg m-3, which represents 50% of the total primary OM in Detroit.  As shown 

in Figure 5, other high areas of primary OM from gasoline exhaust include:  Atlanta (0.66 µg m-

3, 25%), Boston (0.73 µg m-3, 17%), Chicago (0.78 µg m-3, 15%), Houston (0.52 µg m-3, 16%), 

Miami (0.64 µg m-3, 26%), New York City (0.63 µg m-3, 9%), and St. Louis (0.47 µg m-3, 17%).  

Gasoline exhaust is more of an urban problem than a rural problem, as seen in Figures 7 and 8. 

Wood burning is predicted to contribute a domain average of 15% of the total primary 

OM, with most of the primary OM from wood burning located in the North, especially the 

Northeast.  Above Portland ME, the primary OM concentration from wood burning is predicted 

to be 1.5 µg m-3 (55%).  Atlanta (0.69 µg m-3, 26%), Boston (0.93 µg m-3, 22%), Chicago (0.65 

µg m-3, 12%), New York City (0.95 µg m-3, 12%), Philadelphia (0.67 µg m-3, 17%), and St. Louis 

(0.75 µg m-3, 26%) are all areas with high primary OM contributions from wood burning.  

Biomass burning according at least to the inventory only has a significant impact in 

Texas.  In northern and east Texas, the predicted primary OM concentrations from biomass 

burning range from 0.4 to 1.0 µg m-3 (~30-50%).  The maximum OM concentration is found east 

of Houston and has a concentration of 1.18 µg m-3 (50%).  In central Texas, the primary OM 

concentration ranges between 0.15 and 0.3 µg C m-3 (20-30%).  Over the whole domain, there 

are relatively little contributions (~6%) from biomass burning (Figure 8).   

Road dust contributes little primary OM.  The maximum concentration predicted for road 

dust is 0.22 µg m-3 northeast of New York City, which only represents 4% of the primary OM.  

Overall, the average primary OM concentration from road dust is 0.04 µg m-3 or ~4% of the total 

primary OM. 

The others source category has high concentrations around Chicago, Philadelphia, and 

Canada (northwest of Ottawa and Montreal).  The highest predicted others concentration for 

primary OM is east of Philadelphia in southern New Jersey (5.4 µg m-3, 59% of the baseE case).  

Over Chicago, the contribution is predicted to be 21% (1.1 µg C m-3) of the primary OM.  In 

Canada, the concentration is predicted to be 0.77 µg m-3 (42%) for the others source category.  
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However, the mobile gasoline and diesel emissions are included in the others source category in 

Canada.  Although it appears the others concentrations in Canada are high, the gasoline and 

diesel exhaust are the sources contributing significant amounts of OM in Canada.   

 

4.4. Source resolved EC  

Since EC has no initial concentration or boundary condition, the sum of the subcategories 

is the sum of the eight sources.  The domain average EC concentration for the eastern United 

States is predicted to be 0.25 µg m-3.  The average source contributions for the whole domain are:  

gasoline 4%, non-road diesel 54%, on-road diesel 24%, natural gas 0%, wood burning 8%, 

biomass burning 4%, road dust 0%, and other 6%.  Similar to the primary OM, the domain 

averages for EC are comparable to the emissions of EC shown in Table 1. 

The daily fluctuations in the EC concentrations follow the same pattern as the OM 

concentrations, shown in Figure 5 for Pittsburgh, PA.  On average, the predicted EC 

concentrations are a factor of two higher than the measurements in Pittsburgh (Gaydos et al., 

2005).  The discrepancies are larger at night, with the model considerably overpredicting the 

observed concentrations by ~1 µg m-3 for most nights.  Similar to primary OM, the EC source 

contributions exhibit little day-to-day variability.  The day-to-day variations in source 

contributions to ambient EC are due to changes in wind patterns and temperature along with the 

difference in emissions from weekdays and weekends (Figure 6).  Therefore, the focus will be on 

the thirteen day average contribution of each source and the spatially variations. 

Figure 9 shows the average contribution of each source to the total EC predicted from the 

base case.  Diesel exhaust is predicted to contribute an average of 75% of the EC in the eastern 

United States.  In the Midwest/Northern Plains the EC concentrations are dominated by non-road 

diesel emissions, which contribute 60-100% (Figure 10), which represents ~0.3-0.6 µg m-3.  As 

with the primary OM, non-road diesel contributes 0.3-0.4 µg m-3 (~70%) of EC along the 

Mississippi river.  In the southeast, non-road diesel emissions contribute 30-50% of the EC (0.1-

0.2 µg m-3).  Areas with high EC concentrations predicted from non-road diesel exhaust are 

Boston (4.3 µg m-3, 77% of total EC), Houston (2.0 µg m-3, 70%), Nashville (2.1 µg m-3, 92%), 

and New York City (2.5 µg m-3, 55%).  Non-road diesel exhaust is both an urban and rural 

problem for EC concentrations. 
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On-road diesel exhaust concentrations are ~0.02 µg m-3 (5-15%) of EC in the 

Midwest/Northern Plains and ~0.1-0.2 µg m-3 (30-50%) of EC in the Southeast.  Urban areas 

with high predicted EC contributions from on-road diesel exhaust are Atlanta (0.86 µg m-3, 

38%), Boston (0.56 µg m-3, 11%), Chicago (0.65 µg m-3, 25%), Houston (0.58 µg m-3, 21%), 

Philadelphia (0.51 µg m-3, 24%), New York City (0.58 µg m-3, 14%), and St. Louis (0.53 µg m-3, 

26%).  The maximum EC predicted from on-road diesel is found outside of New York City (1.0 

µg m-3, 20%). 

A large fraction of the predicted EC concentration over Maine comes from wood burning 

(60-80%), similar to primary OM.  Above Portland, ME wood burning contributes 2.0 µg m-3 

(70%) to the EC concentration.  Over the coast of Maine, the EC concentration from wood 

burning contributes 0.5-1.8 µg m-3.  Other areas with relatively high EC concentrations from 

wood burning emissions are northern Illinois (~0.2 µg m-3, 20%) and Boston (0.31 µg m-3, 6%).  

Wood burning also contributes ~10-15% of the EC in the Northeast and ~2-5% of the EC in the 

Southeast. 

The maximum EC concentration predicted from gasoline is found over Detroit (0.31 µg 

m-3, 18%).  Other areas with high gasoline EC concentrations are Atlanta (0.14 µg m-3, 6%), 

Boston (0.12 µg m-3, 2%), Chicago (0.14 µg m-3, 5%), Houston (0.09 µg m-3, 3%), Miami (0.11 

µg m-3, 6%), New York City (0.11 µg m-3, 3%), and St. Louis (0.10 µg m-3, 5%).  As shown in 

Figure 10, gasoline exhaust contributed roughly 5-10% of the EC across the eastern United 

States.   

Except in the Northern Plains (~0%) and Texas, biomass burning contributes ~5% of the 

EC which represents around 0.02-0.05 µg m-3 of the EC across the eastern US.  Biomass burning 

contributes about 20% of the EC in Texas, with on-road and off-road each adding around 30-

40%.  In northern and eastern Texas, biomass burning contributes ~0.1 µg m-3 which is 25-35% 

of the total predicted EC.  The maximum EC concentration from biomass burning is around 

Atlanta (0.16 µg m-3, 12%).   

The road dust and natural gas sources are predicted to have little impact on the EC 

concentrations.  Combined, these sources contribute less than 1% of the EC in the eastern United 

States.   

The others source category predicts the domain average contribution of EC to be 6%.  As 

seen with primary OM, the others category predicts high concentrations of EC in three main 
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areas: Chicago, Philadelphia, and Canada.  East of Philadelphia, the others concentration is 

predicted to be 0.5 µg m-3 (26%) and in northern Illinois the others concentration of EC is 0.1 µg 

m-3 (5%).  Over parts of Canada, the EC concentration predicted from the others category is 1.2 

µg m-3.  As mentioned with the primary OM, a large fraction of the others source emissions is 

actually the mobile gasoline and diesel exhaust.  So a majority of the predicted EC in Canada is 

actually from mobile gasoline and diesel emissions. 

 

4.5. Comparison with CMB 

Figure 11 shows the source apportionment predicted by the source-resolved model 

compared to the chemical mass balance (CMB) results for Pittsburgh in July 2001 (Subramanian 

et al. 2005a,b,c).  The high and low CMB results represent the source apportionment calculated 

using two different models, each with a different sets of source profiles.   

In Pittsburgh, the predicted primary OC concentration from the BaseE case, which was 

calculated by dividing the primary OM by 1.4, is higher than the primary OC predicted by CMB.  

Looking at individual source categories, large discrepancies exist for natural gas, wood 

combustion, and diesel exhaust when compared to the CMB results.  Diesel does not look to bad.  

The gasoline and road dust sources fall within the predicted high and low CMB predictions; 

while the others source is slightly less than the low CMB result.  Although, the others category 

for PMCAMx+ is mainly from industrial sources whereas the CMB others category is largely 

meat cooking emissions.   

The predicted EC concentrations in Pittsburgh are on average two times higher than the 

measurements taken during the Pittsburgh Air Quality Study, which are comparable to the 

summed CMB predictions (Gaydos et al., 2005).  This is mainly due to the diesel emission 

inventory being overestimated.  In Pittsburgh, the source-resolved model predicts that non-road 

diesel contributes 0.93 µg m-3 of EC and on-road diesel contributes 0.43 µg m-3.  Clearly the non-

road diesel emissions are too high; however, the on-road diesel emissions may also be 

overestimated.   

Figure 12 shows the comparison of the predicted EC concentrations in Atlanta for the 

source-resolved model and the CMB model (Zheng et al., 2002).  The CMB results are from 

1999, whereas the source-resolved results are for 2001.  It is also important to note that the 

Atlanta supersite was located near a bus depot (Solomon et al., 2003).  The predicted primary 
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OC concentrations for wood combustion, road dust, and others are similar to the CMB results.  

The primary OC from gasoline and natural gas appear to be overpredicted in Atlanta.  Although 

the source-resolved EC concentrations are comparable to the CMB results for Atlanta, both the 

CMB and the source-resolved model results are most likely overpredicting the EC concentrations 

in Atlanta.  The CMB is too high because the site was located near a bus depot; while the source-

resolved EC concentrations are on average around three times higher than observed STN 

measurements. 

 

5.  Conclusions  

The source-resolved model for primary OM and EC is simple to implement compared to 

the source-oriented model developed by Kleeman and Cass (2001).  No species need to be added 

to PMCAMx+ in order to separately track the concentration of primary OM and EC from 

different sources.  Splitting the emission inventory for primary OM and EC and running each 

source inventory in PMCAMx+ is a faster way to accomplish the source apportionment of 

primary components. 

Even in cases where the OM results from PMCAMx+ for the BaseE inventory case are in 

reasonable agreement with the results from IMPROVE and STN, the source-resolved model and 

the CMB results still have significant differences.  For EC, the model predicts EC concentrations 

3 times higher than measurements from STN.  Non-road diesel, according to the emission 

inventory, is predicted to contribute more to EC in urban areas than on-road diesel.  This 

overprediction suggests that the non-road diesel emission inventory is currently too high.  While 

the non-road diesel inventory should be reduced, the on-road diesel emission inventory may also 

need to be reduced. 

Natural gas, wood burning and biomass burning are other sources that have emission 

inventory problems.  Clearly the natural gas is overpredicted in the model.  Rogge et al. (1993b) 

found that the emission of OM from natural gas combustion is low (48.5 ng kJ-1 ± 17.4) and that 

natural gas contributed only around 0.1% of the total primary OM concentrations over Los 

Angeles in 1982 (Hildemann et al. 1991).  The primary OM emission inventory for natural gas 

should be reduced by at least 50 times the current value.  By lowering the natural gas 

contribution to primary OM, the source-resolved model results will compare better with the 

CMB results. 
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The contribution of primary OM and EC from wood burning is too high along the 

northeastern coast, predicting average primary OM concentrations greater than 0.5 µg m-3.  In 

July, there should not be much residential wood burning.  By lowering the wood burning 

emission rates, both the predicted primary OM and EC will decrease in Maine and the rest of the 

northeastern coast. 

Primary OM contributions from biomass burning are over estimated in Texas.  The 

primary OM concentration across Texas ranges from 0.1 to 0.9 µg m-3; whereas the 

concentrations across the rest of the eastern United States are ~0.06 µg m-3.  The biomass 

burning inventory should be reduced in Texas so that similar concentrations of primary OM 

would be predicted across the entire eastern US.  The biomass burning emissions inventory does 

a better job predicting the contribution of EC.  The EC contribution from biomass burning is 

more uniform throughout the eastern United States (5-15%). 

If the natural gas inventory is lowered by 95% and the wood burning emissions are also 

reduced in July for primary OM, then predicted OC concentrations from PMCAMx+ would be 

even less than the STN and IMPROVE measurements.  If the underprediction of the OC is due to 

the primary OM emissions, then one or more of the remaining source emission inventories would 

need to be increased.  The primary OM emissions would likely need to be increased for the 

gasoline or diesel inventories in order to offset the reduction of the natural gas and wood burning 

inventories.    

The model predicts reasonable values for road dust and others for both primary OM and 

EC.  The predicted primary OM and EC concentrations for these source categories in Pittsburgh 

and Atlanta are in agreement with the CMB results.   

Overall, the source-resolved model is a quick and easy technique to predict the source 

contributions of primary OM and EC.  Clearly the model has shown that there are significant 

problems in the emission inventories.   
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Figure Captions 
Figure 1.  Daily emission rates [tons day-1] for primary OM and EC from the weekday emission 
inventory. 
Figure 2.  Predicted average ground-level PM2.5 total carbonaceous aerosol, SOA, primary OM, 
and EC concentrations [µg m-3] in the eastern US for the period from July 16 to July 28 2001.  
Values above the maximum of the colorbar are indicated with the same color. 
Figure 3. Comparison of predicted PM2.5 total carbon, organic carbon (primary OM divide by 1.2 
and SOA divided by 1.8), and elemental carbon concentrations to STN and IMPROVE 
measurements.  Dashed lines represent ±30%. 
Figure 4.  Predicted average ground-level PM2.5 primary OM concentrations [µg m-3] from the 
boundary and initial conditions for the eastern US between July 16 and July 28 2001. 
Figure 5.  Predicted ground-level PM2.5 primary OM and EC concentrations during the 
simulation for Pittsburgh, PA. 
Figure 6.  Predicted daily average source contribution of primary OM and EC in the eastern US 
for July 12 to July 28 2001. 
Figure 7.  Predicted average PM2.5 primary OM concentrations [µg m-3] from each source for the 
eastern US between July 16 and July 28 2001. 
Figure 8.  Predicted average contribution of each source to the total PM2.5 primary OM 
concentrations for the eastern US between July 16 and July 28 2001. 
Figure 9.  Predicted average PM2.5 EC concentrations [µg m-3] from each source for the eastern 
US between July 16 and July 28 2001.  
Figure 10.  Predicted average contribution of each source to the total PM2.5 EC concentrations for 
the eastern US between July 16 and July 28 2001. 
Figure 11.  Predicted average primary OC and EC concentrations from each source in Pittsburgh 
for July 16 to July 28 2001 compared to CMB results.  Primary OC calculated by dividing OM 
concentrations by 1.4.  Diesel = Onroad and Offroad Diesel; and Wood Combustion = Biomass + 
Wood.  For EC only:  Others = Others + Natural Gas. 
Figure 12.  Predicted average primary OC and EC concentrations from each source in Atlanta for 
July 16 to July 28 2001 compared to CMB results.  Primary OC calculated by dividing OM 
concentrations by 1.4.  Diesel = Onroad and Offroad Diesel; and Wood Combustion = Biomass + 
Wood.  For EC only:  Others = Others + Dust + Gasoline + Natural Gas.   
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Table 1. Contribution of source categories to primary OM and EC emissions across the entire 
domain 

Elemental 
Carbon (%) * 

Primary Organic 
Matter (%) * Name  Description 

W Sa Su W Sa Su 
Gasoline On-road, non-road, and 

stationary gasoline combustion 4 5 5 13 22 22 

On-road 
diesel 

On-road transportation diesel 
combustion 26 25 24 7 6 5 

Off-road 
diesel 

Non-road and stationary diesel 
combustion 53 51 53 14 11 12 

Natural gas Natural gas combustion 0 0 0 23 21 21 
Wood Residential fireplaces, wood 

stoves, wood-fired boilers 7 8 8 15 15 15 

Biomass Open agricultural burning, 
land-clearing, residential yard 
waste 

4 4 4 6 6 6 

Dust Soil and road dust 0 0 0 4 4 4 
Other All other sources 6 7 6 18 15 15 
Total Total emissions for entire 

modeling domain [ktons/day] 1.09 0.93 0.89 1.28 1.27 1.22 

* W – Weekday, Sa – Saturday, Su - Sunday 
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Figure 1.  Daily emission rates [tons day-1] for primary OM and EC from the weekday emission 
inventory. 

Primary OM Emissions Elemental Carbon Emissions 
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Figure 2.  Predicted average ground-level PM2.5 total carbonaceous aerosol, SOA, primary OM, 
and EC concentrations [µg m-3] in the eastern US for the period from July 16 to July 28 2001.  
Values above the maximum of the colorbar are indicated with the same color. 
 

Total Carbon Secondary Organic Carbon 

Primary Organic Carbon Elemental Carbon 



 24

    
 
Figure 3. Comparison of predicted PM2.5 total carbon, organic carbon (primary OM divide by 1.2 
and SOA divided by 1.8), and elemental carbon concentrations to STN and IMPROVE 
measurements.  Dashed lines represent ±30%. 
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Figure 4.  Predicted average ground-level PM2.5 primary OM concentrations [µg m-3] from the 
boundary and initial conditions for the eastern US between July 16 and July 28 2001. 

Primary OM Boundary Conditions Primary OM Initial Conditions 
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Figure 5.  Predicted ground-level PM2.5 primary OM and EC concentrations during the 
simulation for Pittsburgh, PA. 
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Figure 6.  Predicted daily average source contribution of primary OM and EC in the eastern US 
for July 12 to July 28 2001. 
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Figure 7.  Predicted average PM2.5 primary OM concentrations [µg m-3] from each source for the 
eastern US between July 16 and July 28 2001. 
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Figure 8.  Predicted average contribution of each source to the total PM2.5 primary OM 
concentrations for the eastern US between July 16 and July 28 2001. 
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Figure 9.  Predicted average PM2.5 EC concentrations [µg m-3] from each source for the eastern 
US between July 16 and July 28 2001.  
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Figure 10.  Predicted average contribution of each source to the total PM2.5 EC concentrations for 
the eastern US between July 16 and July 28 2001. 
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Figure 11.  Predicted average primary OC and EC concentrations from each source in Pittsburgh 
for July 16 to July 28 2001 compared to CMB results.  Primary OC calculated by dividing OM 
concentrations by 1.4.  Diesel = Onroad and Offroad Diesel; and Wood Combustion = Biomass + 
Wood.  For EC only:  Others = Others + Natural Gas. 
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Figure 12.  Predicted average primary OC and EC concentrations from each source in Atlanta for 
July 16 to July 28 2001 compared to CMB results.  Primary OC calculated by dividing OM 
concentrations by 1.4.  Diesel = Onroad and Offroad Diesel; and Wood Combustion = Biomass + 
Wood.  For EC only:  Others = Others + Dust + Gasoline + Natural Gas.   
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[1] The aerosol water content and volumetric growth factors of fine particulate matter
were measured during July–August 2001 and January–June 2002 in an urban park about
6 km from downtown Pittsburgh, Pennsylvania. Most of the aerosol during the study was
transported to the region from other areas, and its composition and concentration were
characteristic of the regional particulate matter in the northeastern United States. During the
summer months the ambient aerosol practically always contained water even when the
relative humidity (RH) was as low as 30%. In contrast, during the winter the aerosol was dry
below 60% RH. The spring months were characterized by a transitional behavior between
these two states. The observed seasonal behavior can be explained by the aerosol acidity.
The summer aerosol was acidic and retainedwater at lowRH. Thewinter aerosol was neutral
and became wet when the relative humidity reached the deliquescence point
of ammonium nitrate. The observations during July 2001 were compared with the
predictions of the thermodynamic Gibbs Free Energy Minimization (GFEMN) model and
the aerosol inorganics model (AIM), neglecting the organic aerosol contribution to water
absorption. The models under-predicted water concentrations by about 35%, but no clear
correlation between organic mass and the excess water was observed. On average, the
contribution of the organics to water absorption appeared to be higher during the afternoon
hours and when the aerosol was presumably more oxidized.

Citation: Khlystov, A., C. O. Stanier, S. Takahama, and S. N. Pandis (2005), Water content of ambient aerosol during the Pittsburgh

Air Quality Study, J. Geophys. Res., 110, D07S10, doi:10.1029/2004JD004651.

1. Introduction

[2] Absorption of water by aerosol particles has a major
effect on their physical and chemical properties. Water
increases particle size and thus affects its lifetime. The light
scattering and, consequently, the visibility reduction and
direct climate forcing by the aerosol particles depend
strongly on their water content [Ramaswamy, 2001]. The
presence of water changes the partitioning of semivolatile
species between the gas and aerosol phase and affects the
particle composition [Ansari and Pandis, 2000]. In addition,
aerosol water provides a medium for heterogeneous chem-
ical reactions in the atmosphere.
[3] The hygroscopic behavior (absorption of water) of

aerosol particles exhibits a hysteresis. A dry single-salt
particle becomes wet at a certain relative humidity, the
so-called deliquescence relative humidity. For example,
the deliquescence point of ammonium sulfate at 25�C is
at approximately 80% RH [Tang and Munkelwitz, 1994].
After becoming wet, the particle will absorb more water if
the relative humidity is increased. If the relative humidity is

then decreased, the particle will release some of the
absorbed water to equilibrate with the new conditions.
However, if the relative humidity is decreased below the
deliquescence point, the particle will not crystallize but it
will remain wet until a substantially lower RH, 35–40% for
ammonium sulfate. Most other inorganic species present in
the ambient aerosol have a similar behavior [Tang, 1997].
Because of the hysteresis effect even for ammonium sulfate
particles there is a wide range of relative humidity (40–
80%) within which the physical state (dry or wet) of the
ambient particles is not known. The crystallization point of
the ambient aerosol is also uncertain. It has been shown that
the presence of other components such as minerals can
affect the crystallization relative humidity [Han et al., 2002;
Martin et al., 2001]. Organic compounds may also affect
deliquescence and crystallization points of inorganic salts
[Choi and Chan, 2002]. All of this leads to uncertainties in
predicting aerosol properties that depend on absorbed water,
including partitioning of semivolatile compounds and light
scattering.
[4] In addition to the uncertainty in the physical state of

the particles, there is difficulty in predicting the amount of
water that would be present in the aerosol phase at given
atmospheric conditions. The difficulty arises from the
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multicomponent nature of the aerosol and high concentra-
tions of dissolved species. The role of the organic com-
pounds in water absorption is especially uncertain, with a
number of recent investigations reaching differing conclu-
sions regarding the role of organics in water uptake. Saxena
et al. [1995] reported that organics at a remote continental
location increased water absorption by 30% or so at 85%
relative humidity, while at an urban location, organics
decreased overall water absorption by approximately 30%
at 85% RH. Dick et al. [2000] reported, for a rural
continental site, organics contributed significantly to water
uptake at relative humidity below 50% and less significantly
at higher relative humidity. In a modeling study, Ansari and
Pandis [2000] estimated that a high loading (35% by mass)
of secondary organic compounds increased water content
by about 20% at 50% relative humidity, with smaller effects
at higher relative humidity. Laboratory studies by Cruz
and Pandis [2000] and Choi and Chan [2002] have
demonstrated that the presence of organic substances in
the mixed particles may either reduce or enhance water
absorption by inorganic salts.
[5] The hygroscopic aerosol growth is usually studied

with humidified tandem differential mobility analyzers
(H-TDMAs). H-TDMAs select a narrow size range of
particles and subject it to a certain relative humidity, after
which the sizes of the grown particles are measured [Cocker
et al., 2001; Rader and Mcmurry, 1986; Swietlicki et al.,
1999]. The H-TDMA studies show that particles are often
externally mixed with respect to their water absorption
properties, i.e., there are more hygroscopic and less hygro-
scopic fractions. The number of fractions and their behavior
varies with time, place and size [Cocker et al., 2001]. The
H-TDMA studies, however, can provide information on the
hygroscopic properties of only a few size classes and they
do not measure directly the aerosol water concentration.
Nessler et al. [2003] have measured aerosol size distribu-
tions at ambient and indoor (heated and dry) conditions to
investigate size changes due to the hygroscopic growth of
the entire size spectrum. The observed shift of the distribu-
tion was consistent with the measured growth factors using
an H-TDMA. However, due to the heating, considerable
losses of particles smaller than 100 nm were observed.
[6] In this study we have used the recently developed dry

and ambient aerosol size spectrometer (DAASS) that meas-
ures aerosol size distributions at ambient and low (<35%
RH) relative humidity conditions without substantial
changes in sample temperature [Stanier et al., 2004]. The
DAASS provides information on the effect of ambient
humidity on the whole size distribution, the volumetric
growth factors and the amount of water present in the
aerosol phase. Here we report our observations using the
DAASS during the Pittsburgh Air Quality Study (PAQS).

2. Experiment

2.1. Sampling Site

[7] The measurements were carried out continuously
during July–August 2001 and January–October 2002 at
the central monitoring site of the PAQS located in an urban
park, approximately 6 km from downtown Pittsburgh, PA.
The city is located between the utilities and agricultural
sources of the Midwest and the large urban centers of the

eastern United States. Roughly one kilometer of parkland
exists between the site and the residential areas in the
predominant upwind direction (south and west). The site
was several hundred meters from any major sources.
[8] The average PM2.5 mass concentration in the summer

was 18.2 mg/m3 and 12.2 mg/m3 in the winter. Sulfate was the
major aerosol constituent comprising over 45% of the PM2.5

mass in the summer and 35% during the winter, while the
organic material contributed approximately 20% and am-
monium 15–17%. The contribution of nitrate during sum-
mer was small (less than 3%). However, during the winter it
contributed 15% of PM2.5 mass. The crustal material con-
tributed 3–6% to PM2.5 mass [Rees et al., 2004].
[9] During the summer, long-range transport was the

major secondary aerosol source. For example, concentra-
tions of PM2.5 mass, sulfate, ammonium, and organic
carbon were measured to be the same within experimental
error at six sampling locations in and around Pittsburgh
separated by more than 300 km [Tang et al., 2004].
However, less abundant species such as nitrate and elemen-
tal carbon were more affected by the local emissions. The
contribution of local sources was stronger during winter
than in summer.

2.2. DAASS

[10] Measurements of water content of ambient aerosol
and its hygroscopic growth were made using a dry and
ambient aerosol size spectrometer (DAASS), which is
described in detail by Stanier et al. [2004]. The DAASS
measures alternatively the aerosol size distribution at am-
bient and at low RH (18 ± 5%) conditions (referred to as
ambient and dried, respectively). A comparison of the dried
and ambient distributions provides information on both the
amount of absorbed water and the change in aerosol size
with RH. The amount of absorbed water can be calculated
from the difference in the aerosol volumes at ambient
conditions and at the low RH state. The changes in size
can be deduced from the mass or number mean diameters,
shifts in the position of different modes in the distribution,
etc.
[11] The DAASS consists of two SMPS (TSI 3936N25

and TSI 3936L10, TSI Inc.) and an APS system (TSI 3320,
TSI Inc.) that measure the aerosol size distribution in the
range of 3 nm to 10 mm. The APS and the SMPS data were
merged using the algorithm of Khlystov et al. [2004].
During the dried measurements the sample flow and the
sheath flows of the instruments were directed through a set
of nafion driers (Permapure MD-110, Toms River, NJ) such
that the relative humidity was reduced below 25% while the
temperature remained virtually unchanged. Multichannel
dryers (Permapure PD-50T and PD-200T) were used in
the sheath lines of the instruments. During the ambient
measurements the dryers were bypassed and the aerosol was
directed to the instruments at conditions close to the
ambient. The switching between the dried and ambient
measurements was accomplished by means of computer-
controlled 3-way solenoid valves. Four alternating dried and
ambient measurements each were made during one hour.
[12] To avoid large deviations from the ambient condi-

tions in temperature and, thus, relative humidity the DAASS
was placed in a 3.6 m3 plywood enclosure on the roof of the
central sampling station of the PAQS in Pittsburgh, PA. The
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enclosure was actively ventilated with a large 35 m3/min
fan. Despite the precautions taken, the temperature of the
system was about 4�C higher than the ambient during July
2001. During that time the ambient scans reached only
approximately 80% of the ambient relative humidity (e.g.,
outdoor relative humidity of 95% yielded an ambient
channel RH of around 76%). Starting August 2001, the
DAASS was modified by placing the DMA columns of the
SMPS systems outside the enclosure with fans pulling
ambient air over them. This way aerosol classification was
done very close to the ambient temperature and the system
achieved greater than 90% of ambient relative humidity
(e.g., outdoor relative humidity of 95% yielded an ambient
channel RH of greater than 86%). The discrepancy in RH
was due to the inlet and sheath lines being still inside the
enclosure. The RH of the measurements will be used for the
reporting of the data and the analysis in the rest of the paper.
[13] During winter, the enclosure was maintained at a

minimum temperature of 9�C which was required for the
correct operation of the condensation particle counters. This
did not significantly affect the final sheath and aerosol
relative humidity because the DMA columns were outside
the enclosure at (or close to) the outdoor temperature.
However, the aerosol flow did pass through the heated
enclosure, which exposed the aerosol to a lower than
ambient RH. Even though this did not affect the RH of
the measurements, it might induce crystallization of aerosol
at low RH. For this reason, the lowest RH encountered by
the aerosol within the system is taken into account during
the analysis of the data.
[14] Uncertainties in the DAASS measurements are

described in detail by Stanier et al. [2004]. For an accurate
determination of the water amount in the aerosol phase it is
important that there is no significant bias between the dried
and ambient channels of the DAASS. It was shown that no
such significant bias exists and the number concentrations
of the channels are within 5% of each other. The other
sources of error are associated with the differences in
temperature between aerosol charging and actual measure-
ments during winter months when the ambient temperature
was below 9�C. The magnitude of this error was estimated
using the study average size distribution and a composition
of 50% ammonium sulfate and 50% organics and other
nonhygroscopic aerosols. It was shown that at low ambient
RH (around 50%) the volume growth factor is biased
positively by about 3%. The maximum error is expected
at low temperatures and high relative humidity conditions.
For example, in the worst-case scenario, at �5�C and 92%
RH, the error in the wet aerosol state is estimated to be 14%
[Stanier et al., 2004].

2.3. DAASS Data Reduction and Interpretation

[15] The DAASS data reduction is reported in detail by
Stanier et al. [2004]. For this work we have calculated the
amount of water in the aerosol phase and the volume-based
growth factors. These calculations are described briefly
below.
[16] The amount of aerosol water can be found from the

comparison of integrated dried and ambient aerosol vol-
umes. Assuming volume additivity, the increase in volume
between the ambient and the dried measurements is pro-
portional to the mass of absorbed water (the proportionality

factor being the density of liquid water). Consequently, the
amount of absorbed water can be calculated as:

mw ¼ rw Vwet � Vdriedð Þ; ð1Þ

in which mw is the mass concentration of water, rw is the
density of liquid water, Vwet and Vdried are, respectively,
the ambient and dried integrated volume concentrations. The
assumption of volume additivity may introduce a small error,
because the actual solution may deviate from ideal. However,
the error due to the assumption of additivity is negligibly
small [Dick et al., 2000].
[17] When integrating the volume distributions to obtain

Vwet and Vdried, the shift in aerosol size distribution due to
the hygroscopic growth needs to be accounted for. This is
done by iteration, searching for the size boundaries that
satisfy the following criteria:

Vwet ¼
p
6

ZDw2
Dw1

D3nwet Dð ÞdD; ð2Þ

Vdry ¼
p
6

ZDd2
Dd1

D3ndry Dð ÞdD; ð3Þ

GFv ¼
Vwet

Vdry

; ð4Þ

Dw2 ¼ Dd2
3
ffiffiffiffiffiffiffiffiffi
GFv

p
; ð5Þ

in which GFv is the volumetric growth factor, D is the
particle size, nwet(D) and ndry(D) are the number-based
ambient and dried size distributions, respectively, subscripts
w and d correspond to the ambient and dried integration
limits. To simplify calculations the lower integration limits
(Dd1 and Dw1) are set to be both equal to 5 nm. A more
accurate calculation would require correcting the lower
boundaries using equation (5), however, because of the
negligible amount of aerosol mass below 10 nm, the error
introduced by this simplification is insignificant.
[18] The amount of absorbed water was calculated from

the DAASS measurements for the wet size range up to
2.5 mm (i.e., Dw2 = 2.5 mm). This was done to allow a direct
comparison of the amount of water to measured PM2.5

concentrations of individual chemical species. However,
due to the frequent malfunction of the Aerosol Particle
Sizer in the DAASS, consistent measurements of water
content in the PM2.5 range are only available for July and
August 2001. For the rest of the study the measurements
extended only up to 0.5 mm in diameter (ambient size) and
the comparison with PM2.5 measurements was not possible.

2.4. Complementary Measurements

[19] The amount of absorbed water as a function of
ambient RH was related to the amount of water-soluble
inorganic constituents and the amount of organic matter
present in the PM2.5 aerosol. These aerosol constituents
were measured in parallel to and at the same location as the
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DAASS measurements. The measurements of chemical
constituents are described by Wittig et al. [2004]. Aerosol
sulfate and nitrate were measured with a denuder filter-pack
system and at a higher time resolution with Rupprecht and
Patashnick (R&P) models 8400S and 8400N (R&P Co.,
Albany, NY). The PM2.5 aerosol nitrate and ammonium and
the gas phase nitric acid and ammonia were measured with a
steam sampler [Khlystov et al., 1995]. Organic and elemen-
tal carbon content in the aerosol was measured with a
denuder-filter pack system described by Subramanian et
al. [2004] and at a higher frequency with a Sunset Labs in
situ analyzer (Sunset Labs Co., Portland, Oregon). In
addition to the measurements of the aerosol chemical
composition, PM2.5 aerosol mass was measured with a
TEOM (Model 1400a, R&P Co, Albany, NY) that was
operated at 30oC and with a naphion dryer to minimize
losses of volatile material.
[20] Data from the different instruments were combined

to form a best estimate of the corresponding concentration
[Takahama et al., 2004]. The instruments measuring the
same component were intercompared and the outliers iden-
tified. After the outliers were removed, the high time
resolution data were corrected such that their average over
a sampling period produced the same value as the filter pack
measurements. This was done because the denuder filter-
pack techniques are generally considered to be the reference
for newer and less widely tested high time resolution
methods.

2.5. Estimation of Water Absorption by Organic
Aerosol Fraction

[21] The observations during July 2001 (as a representa-
tive month for summer) were compared to the predictions of
the thermodynamic models GFEMN [Ansari and Pandis,
1999] and AIM (http://mae.ucdavis.edu/wexler/aim) [Clegg
et al., 1998] in order to estimate the contribution of organic
material to water absorption. Because PM2.5 water content
data are not available for months after August 2001, a direct
comparison with PM2.5 chemical data was only possible for
the summer months and the modeling was limited to July
2001 only.
[22] The GFEMN and AIM models calculated the amount

of aerosol bound water based on the measured relative
humidity and the PM2.5 aerosol concentrations of sulfate,
nitrate and ammonium. The contributions of chloride and
sodium to water absorption were neglected, because the
concentrations of these compounds were negligible in
comparison to the other components. Both models assumed
that organic compounds do not contribute to water absorp-
tion. Thus any difference between the observations and the
model predictions may be an indication of the influence of
organics on the absorption of water.
[23] The models assumed that the aerosol is dry during

the low RH measurement of the DAASS. The neutral
aerosol, composed mostly of ammonium sulfate is expected
to crystallize at the RH of the dried measurements, which
did not exceed 25% RH. Only when the aerosol is acidic,
i.e., contains ammonium bisulfate, the assumption may not
be justified. However, even on those occasions the amount
of water in the aerosol at the RH of dried measurements is
expected to be small. For this reason, the amount of water in
the aerosol during the dried measurements was assumed to

be negligible. In addition, there is no reliable data available
for the activities of aerosol components in water solution
below 30% RH to accurately model the water content at
such a low RH.
[24] A Latin hypercube sampling (LHS) routine [McKay,

1988] was used to estimate the uncertainty in the model
output due to the uncertainties in the input variables (RH,
ammonia, nitrate and sulfate). Owing to the computational
intensity of the LHS routine the uncertainty of the model
output was assessed only with the GFEMN. Normal dis-
tributions were chosen for the input variables, with coeffi-
cient of variation of 0.15 for sulfate, nitrate and ammonia,
and 5% for RH. To avoid generating artificial correlations
among the different input variables and to allow the statistics
(e.g., mean and variance) of the output distribution to
converge, a sampling size of 200 was selected. Thus for each
input point the model simulated 200 possible scenarios
according to the Latin hypercube sampling. These 200 points
were then used to calculate the mean and the standard
deviation, the latter being a measure of the model uncertainty
due to the uncertainty in the input variables.

3. Results and Discussion

3.1. Aerosol Water Content

[25] The effect of relative humidity on the aerosol size
distribution is shown in Figure 1. The number concentration

Figure 1. An example of the effect of relative humidity on
the ambient aerosol size distribution measured on 1 July
2001 0130 EST, 73% RH. The solid lines represent the
dried distributions, and the dashed lines are for the wet
distributions.
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is preserved as well as the shape of the distribution.
However, the wet distribution is shifted to larger sizes
relatively to the dry distribution due to the hygroscopic
growth of particles. The volume size distributions, shown
on the lower panel of Figure 1, indicate that the volume
concentration of the wet aerosol is larger than that of the
dried aerosol, the difference being the amount of absorbed
water, i.e., the aerosol water content.
[26] The aerosol water content shows a strong depen-

dence on the ambient relative humidity. Figure 2 shows
average ratios of PM2.5 aerosol bound water to the dry mass
of PM2.5 aerosol measured with the TEOM during July
2001. At 70% RH approximately half of the ambient aerosol
mass was composed of water. The point at 75% RH does
not follow the overall trend because it represents only 3
observations during which the aerosol contained a relatively
small fraction of water-soluble material (sulfate comprised
20% of the aerosol mass as compared to the average of
40%). Figure 2 also shows that in July 2001 aerosol
contained water even at a relative humidity as low as
30%, at which point water constituted, on average, about
15% of the wet aerosol mass. As will be shown below, the
presence of water at low relative humidities is characteristic
of summer aerosol in the Pittsburgh area.
[27] The volume-based growth factors, GFv, (the aerosol

volume at ambient conditions divided by the volume at low
RH) as a function of ambient RH during different months of
the study are shown in Figure 3. A growth factor larger than
one indicates that aerosol contains water. The aerosol was
found to always contain water when the relative humidity is
above 60%. However, the aerosol water content below 60%
RH exhibits a seasonal behavior. The volume growth factors
for summer months were practically always above one
indicating that the aerosol contained water. Thus the sum-
mertime aerosol in the Pittsburgh area may be assumed to
be always wet. During winter months, however, the volume

ratios at RH below about 60% did not differ from unity
within experimental error most of the time (90% of obser-
vations), indicating absence of aerosol bound water. The
spring months show a transitional behavior: the fraction of
observations when the GF is higher than 1 below 55% RH
progressively increases from March to May (Figure 4).

3.2. Aerosol Crystallization and Aerosol Acidity

[28] The seasonal behavior of the presence of aerosol-
bound water below 60% RH follows that of the aerosol
acidity in the Pittsburgh area. The average ammonium to
sulfate ratio (moles ammonium to moles sulfate) in summer
is 1.4 which corresponds to an approximately equal mixture
of ammonium sulfate, (NH4)2SO4, and ammonium bisul-
fate, (NH4)HSO4 [Rees et al., 2004]. The ammonium
bisulfate crystallizes at 0–22% RH [Tang and Munkelwitz,
1994]. Such low relative humidities did not occur during
the study to induce crystallization. However, the ambient
RH often exceeds its deliquescence point, 40% [Tang and
Munkelwitz, 1994]. Even if the ambient RH at the ground
level is lower than 40%, the deliquescence point of
ammonium bisulfate may be reached at the upper layers
of the boundary layer. Thus the particles during their
lifetime (a few days) have multiple chances to become
hydrated. In contrast to summer, the ammonium to sulfate
mole equivalent ratio in winter is higher than 2 indicating
that all of sulfate is neutralized by ammonium. The ratio is
higher than 2 because some of ammonium is bound to
nitrate forming ammonium nitrate. Sulfate is thus in the
form of ammonium sulfate that crystallizes at about 40%
RH, which is frequently encountered during the daytime in
the mixed boundary layer. Spring months exhibit a tran-
sitional behavior as the aerosol becomes progressively
more acidic.
[29] The monthly average aerosol acidity is not represen-

tative for all observation points: the aerosol was not always
acidic and there were periods when it was neutral. However,
it appears that most periods of low RH (below 40%) are
associated with acidic conditions. For illustration purposes
we consider one week in July 2001. Figure 5 shows the
ambient RH, the GFv and the periods during which the
aerosol was acidic (i.e., had anion to cation mol-equivalent
ratio larger than one). During the periods when the RH was
close or below 40% (in the afternoon hours of most days),
the aerosol was acidic and thus was able to retain some water
(GFv > 1). The only period when the aerosol appears to
crystallize (GFv� 1) was on 13 July, when the RH decreased
from 90% to around 40% and the aerosol was neutral.

3.3. Error Analysis

[30] The consistent presence of water (GFv > 1) during
the summer could be a result of a loss of semivolatile
aerosol components during the drying process. Even though
the temperature is kept close to the ambient, a lower RH
may cause evaporation of a volatile species, such as
ammonium nitrate. The dried volume concentration will
be then biased low relatively to the wet measurements, and
the GFv will be thus above 1. This problem, however,
should be small during the summer months, as the ammo-
nium nitrate content was only 3% of the total PM2.5 mass on
average. The loss of semivolatile organic material, on the
other hand is hard to quantify, because the volatile fraction

Figure 2. Mass of PM2.5 aerosol bound water per PM2.5

dry aerosol mass as a function of relative humidity during
July 2001. The error bars indicate the standard deviation,
and the labels show the number of observations per each
point.
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of organic aerosol and organic aerosol and its volatility as a
function of RH are not known. On the other hand, measure-
ments during the winter indicate that the dried and wet
volumes are identical within the experimental error, if the
ambient RH is below 60%. If the drying process had a large
effect on the growth measurements, the winter measure-
ments would have been biased too. Further, the ‘‘dry’’
DAASS data agree very well with the TEOM PM2.5 mass
data when the measured volume is translated to mass using a
density based on the aerosol chemical composition [Stanier
et al., 2004]. If there was a substantial loss of semivolatile
material, the DAASS would have been biased low relatively
to the TEOM, which was not the case. Consequently, the
effect of evaporation of semivolatile material during the
drying process is expected to be negligible in our summer
measurements.

[31] In winter months during periods when the temperature
was below 9�C the aerosol passed through a heated enclosure
before it was re-equilibrated to the ambient RH at which the
measurements were done (see experimental section). If the
aerosol crystallizes during the passage through the heated
section (where the relative humidity is accordingly low) it
would remain dry even after re-equilibration, unless the
ambient RH is above the deliquescence point of the aerosol.
This possibility was investigated by examining the growth
factors during periods when the ambient RH was below 60%
(assuming that this is the deliquescence point) while the RH
in the heated section was above 40% (i.e., ammonium sulfate
and nitrate should not crystallize). It was found that even at
these conditions the aerosol was dry, i.e., ambient aerosol
was dry if the ambient RH is below 60%. Likewise, on a
few occasions when the ambient RH was around 50%

Figure 3. Measured volume growth factors during different months of the study. Each point
corresponds to a one-hour average of the growth factors.
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and the heated section RH was below 40%, the growth
factor was around 1.1 indicating again that the aerosol
was not crystallizing.
[32] Another possible problem associated with the heated

section during cold periods is evaporation of ammonium
nitrate aerosol. Even though the system is re-equilibrated
back to the original temperature, some of the nitric acid
vapor may be lost to the walls leading to a loss of
ammonium nitrate. The effect of the evaporative loss of
ammonium nitrate on the growth factor measurements was
assessed using the average aerosol chemical composition
during January 2002. Even if all ammonium nitrate was lost
in the heated section, the measured volume growth factor
would be underestimated by about 10% at RH between 60%
and 90% RH. This number represents the worst-case sce-
nario and the actual underestimation should be even lower.

3.4. Comparison With the Thermodynamic Models

[33] The observations with the DAASS during July 2001
were compared to simulations using the thermodynamic

models GFEMN [Ansari and Pandis, 1999] and AIM
[Clegg et al., 1998] to estimate the contribution of organic
aerosol to water absorption. Because the models assume that
the organic aerosol does not participate in water absorption,
the difference between the observations and the model
predictions can be used as a measure of the absorption by
organic compounds. The comparison with the models was
limited to July 2001 only, because measurements of PM2.5

water concentration were not available after August 2001.
[34] Figure 6 shows an example of time series of the

observed and modeled aerosol water content. The models
follow the observations, though they often underestimate
the water content, which is clear from Figures 7 and 8.

Figure 4. Fraction of observations below 55% RH when
the GF was larger than 1.15; i.e., aerosol had a substantial
amount of water.

Figure 5. Detailed examination of the effect of aerosol
acidity on water retention during summer months. (Solid
line, GFv; dotted line, RH; shaded areas, periods when
aerosol was acidic).

Figure 6. An example of time series of the observed and
modeled aerosol water content during a period in July 2001.

Figure 7. Comparison of the observed and predicted
hourly average water concentrations for July 2001. The
GFEMN model neglects the organic component contribu-
tion to the aerosol water content. The Y-error bars
correspond to the standard deviation from the 200 Latin
hypercube simulations. The X-error bars represent the
measurement uncertainty of the DAASS. A linear regres-
sion curve is also shown.
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Figure 7 shows a point-by-point comparison of the aerosol
water content during July 2001 observed with the DAASS
and predicted with the GFEMN. The model underestimates
the water content on average by 37%. Even though this
underestimation is not substantially larger than the mea-
surement and modeling uncertainties, it is statistically
significant given the number of observations (554). The
AIM runs yielded qualitatively similar results to the
GFEMN simulations (Figure 8), underestimating the water
content, on average, by 36% (Figure 8).
[35] Cabada et al. [2004] modeled light scattering by

ambient aerosol during the PAQS using a model developed
by [Pilinis, 1989] that calculates the light scattering based
on the inorganic concentration data and thermodynamic
modeling of water absorption by the aerosol. Similarly to
our observations, the model under-predicted the measured
scattering coefficient during July 2001. When the water
content measured with the DAASS was used to calculate the
light scattering, the predictions agreed with the observa-
tions. This agreement with independent measurements using
an integrating nephelometer suggests that the water content
measured with the DAASS is accurate. It also shows that
modeling of aerosol water content based only on inorganic
aerosol concentrations under-estimates water concentration.

3.5. Model Under-Prediction and Organic Aerosol

[36] Because the GFEMN and AIM assumed no contri-
bution to water absorption by organic material in the
aerosol, the observed underestimation may be an indication
of absorption of water by the organics. However, we have
found no clear correlation between the organic mass and the
under-prediction by the models (Figure 9). For this com-
parison the excess water was scaled with RH/(1-RH) to
exclude the large effect of relative humidity on water
absorption [Hanel, 1979]. This factor follows from the
Rault’s law, which states that the equilibrium RH of a
solution droplet is equal to the molar fraction of water in
the solution. From this follows that the ratio of the absorbed

water to the dissolved mass is proportional to the factor RH/
(1-RH).
[37] Dick et al. [2000] in their study conducted in the

Great Smoky Mountain National Park have found a good
correlation between the excess water (measured minus
predicted) and organic carbon concentration, if the inorganic
fraction of the aerosol was assumed to be crystalline and all
the water absorption was due to the organic aerosol when
the RH was below 80%. The water absorbed per unit
organic mass was within the range expected for dicarbox-
ylic acids. However, no such relationship was found in our
study, if the inorganic aerosol is assumed to be crystalline
below 80% RH. Also, if only organic matter is assumed to
contribute to water absorption below 80% RH, it would
have to have unrealistically high water absorption per unit
organic mass, on average 4 times higher than that of pure
ammonium sulfate. Thus the assumption that inorganic salts
are dissolved below 80% RH is more realistic for our study.
[38] A possible explanation for the lack of correlation

between the excess water and organic concentration is that
the contribution of organics to water absorption is not
constant and may change with time. For example, photo-
chemical activity during the day may increase the fraction
of water-soluble organics. This possibility was investigated
by calculating the diurnal profile of the ratio of the excess
water (under-prediction by the model) to the organic carbon
(OC) mass (Figure 10). The excess water scaled with RH/

Figure 8. Comparison of the observed hourly average
water concentrations and predicted by the AIM model for
July 2001.

Figure 9. Water deficit versus the concentration of organic
carbon. To remove the effect of relative humidity, the excess
water was scaled with f = RH/(1-RH): (a) using GFEMN
predictions and (b) using AIM predictions.
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(1-RH) per unit carbon mass shows, on average, higher
values during the afternoon hours. These observations
suggest that during afternoon hours organic compounds
contribute more to water absorption and that absorption
by the organics can explain the ‘‘excess’’ water. However, it
should be noted, that during the afternoon the absorption of
water per unit organic mass is quite high, being close to that
of pure dicarboxylic acids. Even though this cannot be ruled
out, because no data is available for the concentration of
these acids during our measurements, it is quite improb-
able that all of the organic mass was composed of these
compounds.
[39] The following observations offer a different expla-

nation for the discrepancy between the models and the
observations. It was found that the excess water scaled with
RH/(1-RH) correlates with PM2.5 sulfate concentration
stronger than with most of the other parameter measured
during the study (Table 1). Concentrations of PM2.5 water,
mass and sulfate strongly correlate with each other and thus
show similar correlation coefficients with the scaled excess
water. Given the fact that sulfate concentration in our study
was measured with 4 different instruments/methods and that
the concentrations measured at the central cite agreed within
the experimental error with those measured at the other sites
in and around the city, this correlation is not due to a bias in
sulfate measurements. A more probable explanation is that
the absorption of water by sulfate is enhanced by other
substances, organics in particular. Cruz and Pandis [2000]
have shown in a laboratory study that organic compounds
can enhance water absorption by ammonium sulfate by a
factor of 2–3 relatively to the absorption by the pure salt. If
we assume that the organics do not contribute to water
absorption, but enhance that of inorganic salts, the enhance-
ment factor in our study is on average 1.5. It should be
noted, that Cruz and Pandis [2000] observed the enhance-
ment of absorption at aerosol organic content above 50%
and did not observe a noticeable enhancement when the
aerosol organic content was close that of our study (on
average 20%). It is possible though that organic compounds

in ambient aerosol, which were not tested in the study by
Cruz and Pandis [2000], enhance water absorption even at
lower organic content. However, whether this is the case
remains to be resolved.
[40] Modeling of water absorption by atmospheric organic

aerosol is extremely difficult due to the complexity of the
organic chemical composition confounded by the lack of
thermodynamic data and models applicable to organic com-
pounds of various structures and their mixtures. Several
attempts have been made to use semiempirical models to
predict water absorption by organics using information on the
functional organic groups [Ansari and Pandis, 2000;Clegg et
al., 2001; Griffin et al., 2003; Ming and Russell, 2002;
Pividal and Sandler, 1990]. Unfortunately, no information
on functional groups of organic compounds in ambient
aerosol is available in our study. Therefore we could not
test this approach. Thermodynamic interactions between
organic components and inorganic salts in atmospheric
aerosol are even less understood. Our data indicate that
the observed discrepancy between the models and the
observations is unlikely to be explained solely by the
contribution of organics, thus suggesting that organic
material was changing the activity coefficients of inorganic
salts. Analysis of such interactions is beyond the scope of
this work. However, our results indicate the apparent
importance of such interactions in ambient aerosol.

4. Conclusions

[41] The hygroscopic behavior of ambient aerosol in
Pittsburgh exhibits a seasonal behavior. During summer
months the aerosol always contained water, even when
the relative humidity was as low as 30% at which point
water contributed on average about 15% the aerosol mass.
In contrast to summer, winter aerosol was generally dry
below 60% RH. The spring months showed a transitional
behavior. The seasonal behavior of aerosol water content
follows that of the aerosol acidity. In summer ammonium
bisulfate present in the particles retains water even at RH
below 40%, preventing the aerosol from drying. In contrast,
the winter aerosol is neutral and has a chance to crystallize
at ambient conditions. Aerosol in winter became wet only
when the relative humidity reached the deliquescence point
of ammonium nitrate.

Table 1. Correlation Coefficients Between the Excess Water

Scaled With RH/(1-RH) and Other Variables Measured During

July 2001

Component Correlation Coefficient

PM water 0.70
PM2.5 mass 0.67
Sulfate 0.64
Ammonium 0.38
RH 0.29
OC 0.28
Total nitrate 0.24
Temperature 0.22
O3 0.04
PM2.5 nitrate 0.04
NOx 0.02
SO2 �0.03
NO �0.05
CO �0.10

Figure 10. Diurnal profile of the excess water per OC
mass. The excess water was scaled with f = RH/(1-RH) to
account for the effect of relative humidity.
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[42] The observations during July 2001 were compared
with the predictions of the thermodynamic models GFEMN
and AIM assuming no contribution of the organic aerosol to
water absorption. The models under-predicted water con-
centrations by about 35%. This indicates the magnitude of
the possible contribution of organic material to water ab-
sorption in July 2001. However, no clear correlation between
organic mass and the excess water was observed, which is
probably due to a variable nature of the organic aerosol. On
average, the contribution of the organics to water absorption
appeared to be higher during the afternoon hours. However,
this work supports the hypothesis that water absorption by
sulfate is influenced by the organics, in addition to the
absorption of water by organics themselves.
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Abstract

The effect of concentrating semi-volatile aerosols using a water-condensation technology was investigated using
the Versatile Aerosol Concentration Enrichment System (VACES) and the Aerodyne Aerosol Mass Spectrometer
(AMS) during measurements of ambient aerosol in Pittsburgh, PA. It was found that the shape of the sulfate
mass-weighed size distribution was approximately preserved during passage through the concentrator for all the
experiments performed, with a mass enhancement factor of about 10–20 depending on the experiment. The size
distributions of organics, ammonium and nitrate were preserved on a relatively clean day (sulfate concentration
around 7�g/m3), while during more polluted conditions the concentration of these compounds, especially nitrate,
was increased at small sizes after passage through the concentrator. The amount of the extra material, however, is
rather small in these experiments: between 2.4% and 7.5% of the final concentrated PM mass is due to “artifact”
condensation. An analysis of thermodynamic processes in the concentrator indicates that the extra particle material
detectedcanbeexplainedby redistributionof gas-phasematerial to theaerosol phase in theconcentrator.Theanalysis
shows that the condensation of extra material is expected to be larger for water-soluble semi-volatile material, such
as nitrate, which agrees with the observations. The analysis also shows that artifact formation of nitrate will be more
pronounced in ammonia-limited conditions and virtually undetectable in ammonia-rich conditions.
� 2004 Elsevier Ltd. All rights reserved.
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1. Introduction

Several epidemiological studies have proposed that increased concentrations of ambient particulate
matter (PM) are responsible for adverse human health effects (Peters, Dockery, Heinrich, & Wichmann,
1997; Pope, Dockery, & Schwartz, 1995; Thurston, Ito, Hayes, Bates, & Lippmann, 1994). However, the
exact mechanism by which inhaled particles affects human health remains a subject of much research and
debate. In order to facilitate studies of the adverse effects of PMonhealth, particle concentrators havebeen
developed (Kim et al., 2001a; Kim, Jaques, Chang, Froines, & Sioutas, 2001b; Sioutas, Kim, & Chang,
1999). These devices allow exposure of human or animal subjects to controlled elevated concentrations
of ambient PM and, thus, are extremely useful research tools. In addition to their application in the
health research, particle concentrators can also be used to reach lower detection limits with instruments
measuring aerosol concentration and/or composition, as well as to reduce the effect of gaseous artifacts
on aerosol measurements (Eatough, Pang, & Eatough, 1999).
The heart of a particle concentrator is a virtual impactor (Willeke & Baron, 1993). Particles larger

than a certain cut-off size, which depends on the impactor design, are concentrated in the minor flow
of the impactor, with the concentration factor being approximately the ratio of the total sampling flow
rate of the impactor to the flow rate of its minor flow. Concentration factors of up to 40 can typically be
achieved. Cut-off sizes of less than about 100nm, however, require a very high pressure drop across the
impactor and are therefore not practical. In addition, high pressure drops may cause evaporative losses of
semi-volatile aerosol during the concentration process, since the partial pressure of the species in the gas
phase has been significantly decreased. For these reasons most concentrators enhance concentration of
fine aerosol, while concentration of ultra-fine particles (smaller than 100nm) remains unchanged. Since
ultra-fine particles are also proposed as one of the causative agents in the adverse health effects (Peters
et al., 1997), the Versatile Aerosol Concentration Enrichment System (VACES) (Kim et al., 2001a,b) has
been developed which uses water-condensation technology to concentrate ultra-fine particles.
The operation principle of the VACES is similar to that of other particle concentrators, but differs

in that particles are grown by water condensation prior to passage through the virtual impactor. The
instrument creates a super-saturation of water vapor by passing the air first through a warm saturator and
then through a cold condenser. The super-saturation causes water condensation onto the particles, which
as a result grow in size and can be concentrated without the need of a high pressure drop. The VACES
was demonstrated to be capable of enriching the concentration of particles in the range of 0.01–10�m
by a factor of up to 40 (Kim et al., 2001a,b). Its small size and modular design makes it well suited for
studies using mobile exposure platforms. In addition, theVACES can be readily adapted to accommodate
higher output flow rates, which are desirable in conducting human exposure studies. The portability
and the high concentration enhancement factors of these particle concentrators make them also very
attractive for measurements of an aerosol component which is below or close to the detection limit of
the available measurement techniques for the available time. Application of the VACES to increase the
aerosol concentration in front of the instruments during sampling may decrease the detection limit of the
instrument by up to a factor of 40.
Water condensation and the changes in temperature of the air during the passage through the concen-

trator raise concerns of possible changes in gas/aerosol partitioning, i.e. sampling artifacts. However, a
study byZhao et al. (2004)found no detectable sampling artifacts for the VACES concentrator. Here
we describe our observations during field measurements in which the VACES concentrator was cou-
pled to an Aerodyne Aerosol Mass Spectrometer (AMS) (Jayne et al., 2000; Jimenez et al., 2003). The
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measurements were conducted during the Pittsburgh Air Quality Study at the central monitoring site in
Pittsburgh, PA, during September 2002. The main aim of this study was to determine the applicability
of the VACES-AMS combination to measurements of aerosol chemical composition during nucleation
events. Because of the different nature of the problem, namely the very low aerosol concentrations during
these events, attention has been given to small changes in aerosol composition (of the order of 5% of the
concentrated mass) that were not relevant to the previous characterization studies of the VACES (Geller
et al., 2002; Kim et al., 2001b; Misra, Fine, Singh, & Sioutas, 2004).

2. Methods

2.1. VACES

TheVACES concentrator is described in detail elsewhere (Kim et al., 2001a,b). The concentrator used
in our studies consisted of a single sampling line operating at an intake flow rate of 112 l/min (LPM),
which was checked before and after experiments using a gas flow meter. In the VACES the air stream
is saturated with water vapor in a humidifier, which is a 10 l aluminum vessel half-filled with water and
maintained at 38◦C. The air stream is directed at and passes above the water surface. The residence time
in the humidifier is about 3 s. Doubly de-mineralized water(18.1M�/cm)was used in the humidifier. By
passing through the humidifier the air is saturated with water vapor and warmed up to about 30◦C (Kim et
al., 2001a).After leaving the humidifier the air enters a condenser, a stainless steel pipe that is surrounded
by a mixture of water and rock-salt, which was regularly stirred. The temperature of the cooling mixture
in the condenser was−8± 0.5◦C and was checked using a digital thermometer. The actual temperature
of the air stream in the condenser is 20–21◦C (Kim et al., 2001a). Due to the sharp drop in temperature
(about 10◦C) the air in the condenser becomes strongly supersaturated. The supersaturation causes water
vapor to condense onto particles as small as 20nm in size, which rapidly grow to 2.5–3�mwater droplets.
These droplets are subsequently concentrated by a virtual impactor, exiting via its minor air flow. After
leaving the virtual impactor, the droplets were dried with a silica-gel diffusion dryer, thus bringing the
concentrated aerosol particles to their original size. The ideal concentration factor is equal to the ratio
of the inlet flow to the minor flow (5LPM in this study) of the virtual impactor, i.e. in this study it was
22. The minor flow was regularly checked with a Gillibrator (Sensidyne, Inc. Clearwater, Florida) and
constantly monitored by observing the pressure drop across the virtual impactor.

2.2. Aerodyne AMS

TheAerodyneAMSmeasuressize-resolvedmassdistributionsand totalmass loadingsof non-refractory
chemical species in/on submicron particles. This instrument and the associated quantification procedures
have been described in detail in other publications (Alfarra et al., 2004; Allan et al., 2004; Jayne et
al., 2000; Jimenez et al., 2003), and only a brief summary will be given here. The results from the
deployment of this instrument in Pittsburgh are described inZhang, Canagaratna, Jayne, Worsnop, and
Jimenez (2004a)andZhang et al. (2004b). TheAMS uses an aerodynamic lens to focus the particles into
a narrow beam, a roughened cartridge heater to vaporize them under high vacuum, and an electron impact
ionizer coupled to a quadrupole mass spectrometer to analyze the vaporized molecules. Particle size is
measured via particle time-of-flight. TheAMS is operated in two modes: (1) a continuous mass spectrum
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(MS) mode, which produces mass concentrations of non-refractory species without size information; and
(2) a particle time-of-flight (P-TOF) size distribution measurement mode for selectedm/z settings of the
quadrupole (Jimenez et al., 2003). TheAMS alternated between the P-TOF andMSmodes approximately
every 25 s during this study. Themethod detection limits of NO−

3 , SO
2−
4 , NH

+
4 , and organics are estimated

to be 0.01, 0.05, 0.11, and 0.15�gm−3, for a 10min averaging time, respectively, based on sampling
particle free ambient air (filtered by a HEPA filter) (Zhang et al., 2004a). The standard errors of the
other reported parameters, such as concentration factors and artifacts, were calculated through error
propagation. Detailed information on AMS operation and data analysis is described in a separate paper
(Zhang et al., 2004a).

2.3. Experimental set-up

The VACES-AMS measurements were carried out on 10, 18, and 19 September 2002 at the central
monitoring site of the PittsburghAir Quality Study (Wittig et al., 2004). The site was located in an urban
park, approximately 6 km from the downtown Pittsburgh. Roughly 1 km of parkland exists between the
site and the residential areas in the predominant upwind direction (south and west). The site was several
hundred meters from any major sources.
The performance of the concentrator was assessed by performing several back-to-back tests during

which theAMS was alternately used with and without the concentrator at its inlet. On September 10 and
18, 2002, three back-to-back runs were made and on September 19, 2002 two runs were made. Each
run was about 20–40min, half with the concentrator and half without it. The integrated concentrations
of sulfate, nitrate, ammonium and organics, as well as their size distributions during the part of the runs
with the concentrator were compared with those during the part of the runs without the concentrator.
When the AMS was sampling behind the concentrator, its sampling inlet was connected to the minor

flow of the virtual impactor via a silica-gel diffusion drier. The sampling flow of the AMS was the
nominal 0.085 lmin−1, the rest of the minor follow(∼ 4.9 lmin−1) was drawn by a separate vacuum
pump. The concentration factor of the VACES was monitored regularly by attaching a TSI CPC 3022
particle counter to theminor flowof the concentrator and comparing the countswith the countswithout the
concentrator.
In parallel to the measurements with the AMS, the ambient aerosol size distributions in the size

range from 10nm to 2.5�m in diameter were continuously monitored with two TSI SMPS systems (TSI
3936N25 and TSI 3936L10, TSI Inc.) and an APS system (TSI 3320, TSI Inc.).

3. Results and discussion

3.1. Effect of concentrator on semi-volatile aerosol material

The concentrations of PM sulfate, nitrate, ammonium, and organics measured during the experiments,
as well as the corresponding concentration factors are given inTable 1. During the first 2 days the
concentration factors for sulfate and ammonium were about 2 times lower than the concentration factor
calculated from the ratio of the inlet and minor flows of the virtual impactor. The measured concentration
factors were verified with the CPC measurements that gave the same concentration factor as the AMS
sulfate. The flows were also checked regularly and were correct. Thus, the reason for this discrepancy is
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Table 1
Average concentrations and standard deviations in�g/m3 of the measured aerosol components and the corresponding concen-
tration factors

Date Sulfate Ammonium Nitrate Organics

OFFa ONb Fc OFF ON F OFF ON F OFF ON F

10/9/02 19.3±0.9 201±3.1 10.4±0.5 4.8±0.5 61.3±1.7 12.7±1.3 0.4±0.1 10.0±0.3 24.1±3.3 5.8±0.2 60.5±0.7 10.4±0.4
18/9/02 21.3±1.0 278±3.6 13.1±0.6 7.3±0.6 95.3±2.1 13.0±1.1 0.6±0.1 21.3±0.4 33.9±3.8 7.6±0.2 122±1.0 16.1±0.5
19/9/02 6.6±0.6 143±2.6 21.8±1.9 2.4±0.3 50.7±1.5 21.5±3.1 0.2±0.0 5.2±0.2 26.4±5.3 2.9±0.1 68.9±0.7 24.0±1.3
aOFF: when the concentrator was off.
bON: when the concentrator was on.
cF: the concentration factor.

unknown. The agreement between the AMS and the CPC also indicates that there was no change in the
particle collection efficiency of the AMS (Alfarra et al., 2004; Allan et al., 2003) between the ambient
and concentrated aerosol experiments, which would be expected given the relatively low ambient relative
humidities (25–58%) and the similar RH expected after the concentration and the diffusion dryer.
The concentrator factors for sulfate during each of the experiments were used as the reference for other

measured components. This was done for the following reasons: (1) sulfate is a stable aerosol component
with least likely gaseous artifacts, due to the very low vapor pressure of sulfuric acid, and to the very
short time the air spends in the concentrator (0.2 s) for SO2-to-sulfate conversion via aqueous chemistry
to be significant (maximum formation was estimated to be of the order of 1 ng/m3); (2) The CPC and the
AMS sulfate measurements showed virtually the same enhancement factor. The CPC counts are mostly
determined by particles smaller than 100nm and the AMS measurements (of aerosol species mass) are
mostly determined by particles larger than 100nm. The fact that the enhancement factors measured with
these two different instruments agreed is an indication that the deviation from the theoretical enhancement
efficiency (basedon theVACESflows) isnot due tochanges in theAMScollectionefficiency.TheAMScan
have lower than unity particle collection efficiency mainly due to particle bounce at the vaporizer (Allan
et al., 2004; T. Onasch, Aerodyne Research, Personal Communication, 2004), which can be a function
of particle composition and water content. Given that concentrated particles were equilibrated back to
ambient conditions after the concentrator and before AMS analysis and that the observed condensation
of additional material is very small, we believe that the AMS collection efficiency stays essentially the
same during each experiment.
On 18/9/02 and 19/9/02 the concentration factors for nitrate, organics, and ammonium were about two

times higher than those of sulfate, indicating that some extra particulate material had been formed in
the concentrator. The size distributions of organics and especially nitrate on these 2 days were distorted
after the concentrator (Fig. 1). Note that the original mode of nitrate mass size distribution changes
approximately by the factor close to that of sulfate, while the increase in mass is due to the appearance of
the second mode at smaller sizes. This change in the size distributions is another indication that an extra
amount of nitrate, ammonia and organics was formed in the concentrator.
The amount of the extra material (artifact) was calculated using the following formula:

�C = C − CaX

X
(1)
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Fig. 1. Size distributions of sulfate, ammonium, nitrate, and organics measured without and with theVACES concentrator (solid
and broken lines, respectively). Measurements with the concentrator are plotted using the right-hand axes, which were scaled by
the corresponding concentration factor of sulfate. Note the difference in scales for sulfate and nitrate. (A) September 10, 2002;
(B) September 18, 2002; (C) September 19, 2002.

in which �C is the concentration of the substance that has formed in the concentrator;C andCa are
the concentrations measured with and without the concentrator, respectively;X is the actual (or true)
concentration factor taken to be that of sulfate, which is the least likely subjected to the condensation
artifacts.
The calculated artifacts are given inTable 2. The table also contains relative magnitude of the artifacts:

relatively to the original concentration of the species aswell as relatively to the total(PM2.5) aerosolmass.
It is clear that even though the relative magnitude of the artifact may be large, its absolute value is small.
For example, for the 3 days of the study the average nitrate artifact was found to be 131%, 159%, and 21%
of the original nitrate concentration. However, the corresponding average absolute artifact concentrations
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Table 2
Average concentrations of the extra ammonium, nitrate and organics formed in the concentrator (see Eq. (1)), their fractions of
the original and concentrated concentration of each of the species (dC/Ca, dC/Cc, respectively), and their fractions of the total
aerosol mass(dC/M). Standard deviations of each value are also given

Date Ammonium Nitrate Organics

dC dC/Ca dC/Cc dC/M dC dC/Ca dC/Cc dC/M dC dC/Ca dC/Cc dC/M

(�g/m3) (%) (%) (%) (�g/m3) (%) (%) (%) (�g/m3) (%) (%) (%)

10/9/02 1.05±0.6 21.7±12.3 1.7±0.6 3.5±1.9 0.55±0.1 131±26 5.5±1.0 1.8±0.3 −0.01±0.4 −0.1±6.4 0.0±0.7 0.0±1.2
18/9/02−0.01±0.7 −0.2±1.4 0.0±0.7 0.0±0.2 1.0±0.1 159±25 4.7±0.5 2.7±0.3 1.75±0.5 23.1±6.8 1.4±0.4 4.8±1.4
19/9/02−0.04±0.4 −1.6±16 −0.1±0.8 −0.3±0.5 0.04±0.0 20.9±23 0.8±0.0 0.3±0.4 0.29±0.3 10.0±10.8 0.4±0.4 2.4±2.6

are 0.55, 1.0, and 0.04�g/m3. Because of the low absolute values of the artifact, its contribution to the
total aerosol mass is very small (less than 3% for nitrate).

3.2. Partitioning of semi-volatile components during concentration

The most probable reason for formation of the extra nitrate in the concentrator is a redistribution of
nitric acid from the gas to the aerosol phase in the concentrator. Even though the aerosol is re-equilibrated
to the original conditions (relative humidity and temperature) after the concentrator, some of the semi-
volatile material that was in the gas phase upstream of the concentrator may be left in the aerosol phase
after the concentrator, as is explained in the following analysis. It should be kept in mind that this analysis
assumes an “ideal” situation, i.e. the aerosol and the gas phase are in equilibrium at any time during the
passage through the concentrator (i.e. there are no kinetic limitations for reaching equilibrium) and there
are no losses of gaseous species or aerosol particles within the concentrator.
Let us assume that in the ambient air there is a semi-volatile substance that is in thermodynamic

equilibrium with its solid (aerosol) phase at ambient temperature(Ta) and relative humidity(RHa). Let
the concentration of the substance in the aerosol phase beCa and its saturation concentration (vapor
pressure) as a function of temperature and relative humidity isCsat(T ,RH). Further, let the sample air in
the condenser be at temperatureTc and relative humidity RHc.
When the air is cooled in the condenser the saturation vapor pressure of the substance is decreased and

some of the gas condenses on the particles. The amount of condensed material(Ccon) per unit volume of
air is

Ccon= Csat(Ta,RHa) − Csat(Tc,RHc). (2)

After the condenser the sample air passes through the virtual impactor, which is at conditions close to
those of the condenser. The aerosol and some of the gas exit the impactor with the minor flow. Let the
aerosol concentration in the minor flow be increased relatively to the inlet flow by a concentration factor
X. In the minor flow, the concentration of species in the gas phase isCsat(Tc,RHc) and the concentration
in the aerosol is

Cminor= (Ca+ Ccon)X. (3)
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After the minor flow is re-equilibrated to the ambient temperature and dried to RHd, some of the
substance in the aerosol phase is evaporated. The amount of evaporated substance is

Cevap= Csat(Ta,RHd) − Csat(Tc,RHc). (4)

The concentration in the aerosol phase after re-equilibration is the concentration of the aerosol in the
minor flow before re-equilibration minus the amount of evaporated material during the equilibration.
Using Eqs. (2) and (3) into Eq. (4), the aerosol concentration after re-equilibration, i.e. the actual output
from the concentrator is

Cfinal = CaX + �Ca (5)

in which�Ca is the amount of extra substance that was formed in the aerosol phase by passage through
the concentrator:

�Ca= (Csat(Ta,RHa) − Csat(Tc,RHc))X − Csat(Ta,RHd) + Csat(Tc,RHc), (6)

which, in turn, can be approximated by neglecting the difference inCsat(Ta,RHa) andCsat(Ta,RHd):

�Ca= (Csat(Ta,RHa) − Csat(Tc,RHc))(X − 1). (7)

The amount of extra aerosol species that is formed in the concentrator is, thus, proportional to the
difference in the saturation concentration (vapor pressure) of the species at the conditions of the ambient
air and inside the condenser.
The apparent concentration factor (the ratio of the aerosol concentration after the concentrator to the

aerosol concentration in the ambient air) is then:

Xa= X + (X − 1) �Csat

Ca
(8)

in which �Csat is the difference in the saturation concentration (vapor pressure) of the species at the
conditions of the ambient air and inside the condenser.
A better measure of the formation of extra material is the relative error in the concentration factor:

Ex = Xa− X

X
=

(
1− 1

X

)
�Csat

Ca
. (9)

In our analysis so far we have neglected the effect of the humidifier. The humidifier has no effect on the
output aerosol concentration because the process is reversible (the system is closed during transit from
the humidifier to the condenser, while after the separation in the virtual impactor it is not).
FromEq. (9) it follows, that the relative error in the concentration factor is higher at higher concentration

factors and at lower aerosol ambient concentrations. It is also proportional to�Csat. According to the
Clausius–Clapeyron equation, substances that have a larger enthalpy of vaporization will have a larger
�Csat and thus exhibit larger errors. It should be noted that an aerosol species can be formed even if its
gaseous concentration is lower than the saturation pressure at ambient conditions, but is higher than the
saturation pressure at the conditions in the condenser.

�Csat, and, thus, the relative error in the concentration factor (Eq. (9)), also depends on the difference
in temperatures between the ambient air and the air inside the condenser. The VACES concentrator was
designed in such a way that the air in the condenser is at 20◦C. This prevents much of a temperature
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difference between the condenser and the sample air, especially if it is equilibrated to room temperature,
which is often the case, especially in the human and animal exposure studies. Thus, most of the potential
artifact formation for species, which vapor pressure does not depend on relative humidity, is avoided. If
the sample air temperature differs from 20◦C, artifact formation according to Eq. (8) may be expected. In
that case it is recommended that the temperature setting of VACES be adjusted such that the temperature
of the air in the condenser is equal to the ambient temperature.

�Csat, also depends on the relative humidity, especially for water-soluble species. For example, am-
monium nitrate has a negligible vapor pressure at 100% RH, the conditions of the air in the condenser. In
this case all of the gas phase will be condensed onto the particles in the condenser (assuming no losses)
and the formation of extra material would be proportional to the amount of the substance in the gas phase
at ambient conditions. Thus, the effect of the concentrator on water-soluble species is expected to be
stronger than that for water-insoluble substances. This agrees with our observations that show a larger
change in nitrate mass in comparison to that of organics, which are often not or less hygroscopic and
which vapor pressure is not expected to depend strongly on RH. It should be noted that organics partition
to the aerosol before their saturation vapor pressure is reached by adsorption and absorption, depending
on the amount and properties of the pre-existing aerosol organic phase. For a more rigorous treatment of
organic artifacts, the analysis here would need to be modified using the formulation ofPankow (1994).
The observations of the increased nitrate mass in the concentrator were used to calculate the amount

of the gas that has condensed onto the particles in the concentrator using the following formula, which
follows from Eq. (8):

�CNO3 = Cfinal − CaX

X − 1 (10)

in which�CNO3 is the concentration of nitrate that has condensed onto particles in the condenser;Cfinal
andCa are the concentrations of nitrate measured with and without the concentrator, respectively;X

is the actual (or true) concentration factor taken to be that of sulfate, which is the species least likely
subjected to condensation artifacts. It should be noted that the amount of the condensed gas is larger
than the observed artifact mass (Eq. (1)), because a part of the condensed gas has re-evaporated after the
aerosol was equilibrated after exiting the condenser.
During the experiments on September 10, 18 and 19 on average 0.6, 1.1 and less than 0.1�g/m3 of

nitrate, respectively, has condensed to the aerosol in the concentrator (Table 1). The difference between
the first 2 days and the last one wasmostly in the air pollution conditions, with the former two beingmore
polluted than the latter. The PM2.5 sulfate concentration on 10 and 18 September was 19 and 21�g/m3,
respectively. On 19 September the concentration decreased to 6.6�g/m3. Therefore, the virtual absence
of extra nitrate formation on 19 September is probably due to limited availability of nitric acid.
It should be also noted that the condensed amounts on 10 and 18 September are relatively low in

comparison to the maximum possible under the conditions of the experiments. Unfortunately, no mea-
surements of nitric acid or ammonia are available for this period to perform a direct comparison. However,
under similar conditions nitric acid concentrations of 5–10�g/m3 were measured in Pittsburgh a year
prior to this study. If there are no losses of the gas-phase components in the VACES, practically all of
the available nitric acid should have been condensed to the particles. In fact, only a small fraction (about
10%) of the estimated nitric acid concentration has condensed on the particles. This is most probably due
to the losses of gas-phase nitric acid which is stripped by water in the saturator of the VACES as well as
other wall losses.
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3.3. Size dependence of the artifact

Fig. 1 shows size distributions of the measured chemical species during the three experiments. The
size distributions during the VACES runs were scaled by the concentration factors of sulfate for each of
the runs. The size distributions of sulfate are preserved after the passage through the concentrator, while
that of nitrate, and to a lesser degree those of ammonium and organics, are not, except for the run of 19
September. The striking feature on 10 and 18 September is the increase of nitrate concentration at small
sizes, in the size range of 100–200nm. Similarly, on these days the enhancement factor for the integrated
sulfate concentration is smaller than the factor for nitrate (Table 1). The change of size distribution of
nitrate, together with its concentration factor that is higher than that of sulfate, suggests formation of
nitrate in VACES on 10 and 18 September. The changes in the size distributions of nitrate on September
10 and 18 are far larger than the uncertainties of the AMS measurement.
As Fig. 1shows, the extra nitrate (as well as some organics) was mostly formed at small sizes (smaller

than about 300nm), while the shape of the distributionwasmostly preserved at and around themodeof the
mass distribution (500–700nm).The probable reason for such behavior is the shape of the size distribution
of the aerosol surface area. Condensation of the gas-phase species will proceed mostly to the size range
of maximum condensational sink, as described inPirjola et al. (1999). The average size distributions of
condensational sink of ambient aerosol during the experiments, as measured with the SMPS, are shown
in Fig. 2. The maximum of the condensational sink distribution is located at sizes smaller than the mode
of the volume (mass distribution), which explains why the extra nitrate was forming mostly at small
sizes. However, the exact position of the extra nitrate on the size distribution will be controlled by the
kinetics of nitrate condensation, which occurs simultaneously to water condensation. Because nitrate
condenses during the droplet growth, which changes the aerosol surface distribution, the final result may
only be determined by numerical calculations of condensational processes. Such calculations, however,
are beyond the scope of this work.

3.4. Modeling of artifact sensitivity to availability of ammonia and nitric acid

We have used the GFEMN thermodynamic model (Ansari & Pandis, 1999) to assess the effect of
ammonia and nitric acid availability on the error in the concentration factor for nitrate aerosol. The
aerosol was assumed to contain either 10 or 20�g/m3 of sulfate, while concentrations of total available
ammonia and nitric acid were varied. For these simulations the ambient temperature was set to 20◦C and
relative humidity to 50%. Based on our observations (see above) we assumed that 90% of the gas-phase
ammonia and nitric acid were lost in the humidifier and the remaining 10% of the gases condensed onto
the particles prior to their entrance into the virtual impactor. The concentration of the aerosol was then
increased by the concentration factor, which was taken to be 20. After that the model “equilibrated” the
concentrated aerosol to the conditions found after the VACES (20◦C and 35% RH).
The ratio of the predicted concentration factor for nitrate to the theoretical concentration factor (set to

be 20) as a function of the total available ammonia and nitric acid is shown inFig. 3. Themodeling results
indicate that the error is higher in ammonia-limited conditions, while in ammonia-rich environment the
modeled factor approaches the theoretical one. It shouldbenoted that thehigh increase in theconcentration
factor at low ammonia concentrations is due to the low initial aerosol nitrate concentrations at those
conditions. The absolute artifact in the aerosol nitrate after the concentrator as determined by Eq. (1) is
shown inFig. 4.
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Fig. 2. Volume (solid lines) and condensational sink (broken lines) size distributions measured with the SMPS.

Our observations support the trend predicted by themodel. In our experiments the artifact was observed
on 10 and 18 September, when the measured NH+

4 mass concentrations were approximately 10–30% in
deficit to fully neutralize the measured NO−

3 and SO
2−
4 , indicating ammonia-limited conditions. On

September 19, when no discernable artifact was observed, the aerosol was neutral, indicating that the
conditionswere not ammonia-limited. The sensitivity of the artifact to availability of ammonia is probably
also the reasonwhynoartifactwasobserved in theprevious testswhichwerecarriedouteither inCalifornia
in ammonia-rich conditions (Geller et al., 2002; Kim et al., 2001b; Misra et al., 2004) or in Pittsburgh in
March (Zhao et al., 2004) when the aerosol was neutral.

3.5. Recommendations

Given the potential of artifact formation in the concentrators using water-condensation technology it
is recommended to use a denuder to remove interfering species from the air stream prior to its entrance
into the humidifier. This, however, may lead to particle losses in the ultra-fine size range. Even though
no artifact formation was observed on the cleanest day of the study (19 September), care should be taken
when usingVACES for nucleation and new particle growth studies, since even a small artifact can be large
compared to the very small mass of these particles. For the exposure studies we would recommend to
monitor concentration of species before and after the concentrator such that concentration factors for each
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Fig. 3. Modeled increase in the concentration factor for aerosol nitrate relatively to the theoretical concentration factor at different
amounts of available ammonia and nitric acid. (A) sulfate concentration is 10�g/m3; (B) sulfate concentration is 20�g/m3.

compound are known. These individual concentration factors can be then used to assess health effects
(or lack thereof) of each compound. We would also like to reiterate, that the observed artifact formation
is small in comparison to the total mass concentration of the concentrated aerosol.

4. Summary and conclusions

The effect of water condensation on semi-volatile aerosol species during their passage through a
particle concentrator was assessed using theVACES concentrator coupled to theAerodyneAerosol Mass
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Spectrometer during measurements of ambient aerosol, with the following conclusions:

• The size distribution of sulfate is preserved after passage through the concentrator at all conditions
encountered during the study. The concentration factors determined for sulfate mass do not always
equal the theoretical concentration factors, but are very close to those simultaneously determined for
total particle number using a CPC.

• The size distributions of ammonium, organics and nitrate are preserved at relatively clean conditions
(sulfate concentrations around 7�g/m3), while under more polluted conditions (sulfate concentra-
tions around 20�g/m3) they exhibit an increase at small sizes (50–300nm in vacuum aerodynamic
diameter). Such an increase is especially pronounced for nitrate.
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• The increase of nitrate and organic concentrations at small sizes after the passage through the concen-
trator corresponds to the sizes of maximum aerosol surface area and fastest gas-to-particle transfer.

• The absolute increase in concentration of nitrate observed in this study is rather small, of the order of
1�g/m3 or less (i.e., 0.3–2.7% of the total aerosol mass concentration) and can be neglected for many
practical purposes.

• An analysis of thermodynamic processes in the concentrator indicates that the formation of extra
material in the concentrator is likely due to redistribution of the gas-phasematerial to the aerosol phase.
The modeling indicates that nitrate artifact will be most pronounced in ammonia-limited conditions,
while in ammonia-rich environment it becomes negligible.

• Even though the extent of the artifact is limited, to avoid its formation completely it is recommended
to operate VACES with a denuder and/or with its condenser temperature set equal to the ambient
temperature. If no denuder is used, we recommend that concentration of individual compounds be
measured both before and after concentrator, such that concentration factors for individual species are
known.
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and Aerodynamic Size Distributions Data when
Measuring Ambient Aerosol
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Ambient aerosol particles vary in size from a few nanometers to
several micrometers. No instrument is currently available to cover
such a wide size range, and so a combination of several instruments
is usually used. One such combination is that of electrical mobility
classifiers and an aerodynamic sizer. Because of the differences in
measurement principles between the instruments, difficulties arise
in the combination of the measurements into a single size distri-
bution. Here we report a simple algorithm that was developed to
combine aerosol size distributions measured with commercially
available scanning mobility particle sizers (SMPS; TSI Inc.) and
an aerodynamic particle sizer (APS; TSI Inc.). This algorithm was
tested during July 2001 in the Pittsburgh Air Quality Study. The
aerosol during the study had both urban and regional origin and
is characteristic of urban atmosphere in the Northeastern U.S. The
integrated volume concentrations from the SMPS–APS showed a
good correlation with PM2.5 mass concentration measurements us-
ing a TEOM. The relation of the aerosol mass to its volume is an
“effective” density, a ratio of the bulk aerosol density to the shape
factor. As a result of the comparison with the TEOM the ambient
aerosol in the Pittsburgh area was found to have an effective den-
sity of 1.5 ± 0.3 g cm−3. Given that the aerosol during the study
was found to always contain water, the particles are expected to be
spherical and thus the shape factor may be assumed to be 1. This
assumption has been supported by a comparison with the MOUDI,
using the aerosol density of 1.5 g/cm3. It should be noted that the
estimated aerosol density and the shape factor are applicable to
this study only and may be different in other locations.
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INTRODUCTION
Ambient aerosol plays an important role in the atmosphere,

influencing visibility, affecting global climate, and participating
in atmospheric chemistry (Seinfeld and Pandis 1998). Recently,
increased concentrations of ambient aerosol smaller than 2.5 µm
(PM2.5) have been associated with increased morbidity and mor-
tality rates (Schwartz and Dockery 1992; Dockery et al. 1993).
Size distribution of atmospheric particles spans a wide size range
from a few nanometers to several micrometers. In order to study
aerosol dynamics in such a broad size range a combination of
several separate instruments is necessary. A typical combination
has been a scanning mobility particle sizer (SMPS; TSI Inc.,
St. Paul, MN) with an aerodynamic particle sizer (APS; TSI
Inc.). This combination was employed in several recent studies
to measure ambient aerosol (Shen et al. 2002; Hand and Kreiden-
weis 2002; Shi et al. 2001). The integrated volume concentration
measured with the SMPS–APS can be used to estimate the mass
concentration using an assumed bulk aerosol density (Shen et al.
2002). If this approach proves accurate, the SMPS–APS can be
used as high time resolution substitution for the filter-based mass
measurements.

The SMPS and the APS have different measurement princi-
ples. The SMPS classifies particles according to their mobility in
an electric field (Wang and Flagan 1989). The electrical mobil-
ity size depends on the particle cross section, and for a spherical
particle this is the same as the physical size. Unlike the SMPS,
the APS measures aerodynamic size; particles are accelerated
in a nozzle and their time-of-flight is related to their aerody-
namic size (Armendariz and Leith 2002). The aerodynamic size
is proportional to the physical size and the square root of particle
density (Hinds 1999). Thus, for a sphere the aerodynamic size
is equal to the physical size only for unit density particles.

Because of the different measurement principles (i.e., elec-
trical mobility versus aerodynamic sizing), difficulties arise in
attempts to create a single size spectrum from the data measured
with the SMPS and APS. Some researchers have approached this
problem by selecting certain kinds of data from each instrument;
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for example, the SMPS is used up to a certain size, and beyond
that size the APS is used (Shen et al. 2002). Hand and Kreiden-
weis (2002) have developed an algorithm that combines electri-
cal mobility, optical particle counter (OPC), and APS data into a
single spectrum. The OPC data are first matched with the SMPS
spectrum by finding an optimal refractive index. Then the APS
data are matched to the modified OPC spectrum by finding an
effective density that would provide the best fit with the OPC.
The reason for matching the APS to the OPC and not directly
to the SMPS was that the size overlap between the APS and the
SMPS is rather small.

In this study we attempted to fit the APS size distribution to
the SMPS distribution without using an optical particle counter
as a middle ground. A simple algorithm was developed to com-
bine the aerodynamic and electrical mobility spectra into a single
distribution. The algorithm provides a ratio of the particle den-
sity to the shape factor of particles in the 540–800 nm size range,
where the SMPS and the APS measurement ranges overlap. The
ratio of aerosol density to its shape factor is usually called the
“effective” density. However, the algorithm does not provide
means of separating the density and the shape factor. It should
also be noted that the particle shape factor and density may dif-
fer through the aerosol spectrum, as the composition and the
physical properties of ambient particles usually vary with size.
Instead of concentrating on the narrow overlap size range, we
have determined the average (bulk) aerosol “effective” density
during a month of ambient aerosol measurements within the
Pittsburgh Air Quality Study (PAQS).

The measurements were carried out at the central site of the
PAQS, in an urban park approximately 5 km from the down-
town Pittsburgh. The aerosol originated from both urban and
long-range sources. Ammonium salts of sulfate were the dom-
inant aerosol components, comprising approximately 50% of
the PM2.5 aerosol mass. Carbonaceous material was the sec-
ond largest component, contributing approximately 25% to the
mass of fine particles (Wittig et al. 2003). The results obtained
with the SMPS–APS system were compared to the simultaneous
measurements of the aerosol PM2.5 mass concentration using a
tapered element oscillating microbalance (TEOM; R&P Co.,
Albany, NY, USA) and size-fractionated mass measurements
using MOUDI (MSP Co., Minneapolis, MN, USA) cascade im-
pactor. The comparison of the PM2.5 particle volume concentra-
tion from the merged SMPS–APS distribution with the TEOM
PM2.5 mass concentration has provided us with an estimate of a
bulk “effective” particle density.

EXPERIMENTAL

General Description of the SMPS–APS System
The SMPS-APS system used in the PAQS was a part of the

Dry-Ambient Aerosol Size Spectrometer (DAASS) described in
Stanier et al. (2003). The system consists of an ultrafine SMPS
system for 3–80 nm (TSI 3936N25), an SMPS for 13–680 nm
(TSI 3936L10), and an APS (TSI APS 3320) covering 0.5–

10 µm. In this study we used data up to 2.5 µm in aerody-
namic diameter. The DAASS system is equipped with a number
of computer-controlled solenoid valves that direct the sample
and sheath flows of the instruments either directly to the in-
struments or through nafion driers (Perma Pure Inc.). Single-
channel nafion dryers in stainless steel casing were used in the
sample lines to minimize particle losses. The sheath lines were
equipped with multichannel dryers, because of the higher ca-
pacity needed to dry larger flows and because particle loss is not
an issue in particle-free flows. To avoid losses of semivolatile
aerosol components the whole system was maintained at a tem-
perature that was within 2◦C of the ambient temperature. When
the aerosol is sampled through the dryers, the DAASS provides
measurements of dried ambient aerosol (at the relative humidity
of 10–35%). When the sample bypasses the dryers, the system
measures the aerosol at ambient relative humidity. Four dried
and four “ambient” (or “wet”) size distributions are measured
each hour.

No impactor was used in front of the SMPS systems. It was
found that the cutoff characteristics of the TSI impactor change
as the sampling progresses because of accumulation of material
on the impactor plate. Even with daily cleaning, it was observed
that the impactor was cutting into progressively smaller-than-
nominal sizes. The purpose of the impactor in SMPS systems is
to facilitate the data inversion. The impactor removes particles
larger than the measurement range of the SMPS, such that there is
no contribution of multiple-charge particles to the last channels
of the instrument. If no impactor is used, the concentration in
the last channels will be overestimated due to the contribution
of multiple-charge particles from particles larger than the upper
instrument size limit.

The effect of multiple charging was minimal in the present
study. During this study the ambient aerosol number concentra-
tion was rapidly declining with size for the particles larger than
100 nm, with the number size distribution at those sizes closely
following the power law function of −3 to −6 power. In other
words, when moving a factor of 2 in size the concentration drops
by 2−3 to 2−6 (there are 8 to 32 times less particles). If an SMPS
channel measures 700 nm single-charge particles, it will also
measure approximately 2 times larger double-charge particles.
Even though the charging for single charge at 700 nm is approx-
imately equal to that for double-charge particles at 1400 nm,
the maximum contribution of double charge particles to the last
SMPS channel would be about 10%. A more rigorous analysis
of the possible error due to the presence of multiple-charge par-
ticles in the last SMPS channels was done using the MICRON
software package (Wolfenbarger and Seinfeld 1991). The results
confirm that the error due to the presence of multiple-charge par-
ticles at sizes larger than the upper size limit of the SMPS is less
than 10% in this study. It should also be noted that the SMPS is
not designed to allow a 100% penetration of particles larger than
1 µm. Particle losses of the supermicrometer particles will fur-
ther reduce the error due to particles carrying multiple charges
outside the SMPS size range.
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The APS can be operated in two modes: “summed,” in which
the time-of-flight (TOF) and the optical signals are saved sepa-
rately, and “correlated,” in which the TOF and optical signal are
saved together on a per particle basis. Since less memory storage
is required in the summed mode, more bits of the TOF informa-
tion can be stored. Thus, the size resolution of the instrument in
that mode is better. In this study the APS was operated in the
summed mode, because the correlated mode has been reported
to have problems at low aerosol concentrations (Armendariz and
Leith 2002).

To facilitate the matching of electrical-mobility size distribu-
tions with the aerodynamic size data, the APS was “mobility”
calibrated using ammonium sulfate aerosol. Ammonium sulfate
was chosen because it is the dominant aerosol component in
ambient aerosol in the Pittsburgh area (Rees et al. 2003). The
almost monodisperse ammonium sulfate aerosol was produced
by selecting a narrow mobility range with a differential mobil-
ity analyzer (DMA; 3081, TSI Inc.) from a wider spectrum of
artificially generated ammonium sulfate particles. The artificial
aerosol was produced by spraying aqueous ammonium sulfate
solution with a constant output atomizer (Model 3076, TSI Inc.)
and drying it with a silica-gel diffusion drier. After passing the
drier the aerosol was fed to the DMA. The sheath and aerosol
flows of the DMA were set to be 2 l min−1 and 0.2 l min−1,
respectively. This was done to extend the size range of the DMA
to about a 1.2 µm mobility diameter. The monodisperse out-
put of the DMA was diluted with 0.8 l min−1 of clean filtered
air. The resulting flow of 1 l min−1 containing the monodisperse
aerosol was fed directly to the inner inlet nozzle of the APS. The
size of the monodisperse particles was adjusted by changing the
voltage of the DMA. Monodisperse ammonium sulfate aerosol
with sizes from 0.4 to 1 µm was used to calibrate the APS. The
DMA output contained smaller amounts of double- and triple-
charge particles, that have approximately 2 and 3 times larger
sizes than the main peak of single-charge particles. Because the
original polydisperse aerosol size distribution was rapidly de-
creasing with size and because the size resolution of the APS is
substantially better than a factor of 2 in size, these double- and
triple-charge particle peaks were not interfering with the analysis
of calibration results. Since it was impossible to produce par-
ticles larger than 1.2 µm with the DMA, the calibration curve
obtained at smaller sizes was extrapolated to the larger sizes.

Sizing precision of the SMPS was checked using monodis-
perse PSL aerosol as well as by sizing monodisperse ammonium
sulfate in 14 different size ranges from 20 nm to 900 nm. The
monodisperse ammonium sulfate particles were produced using
a DMA. Similar to the APS, the double- and triple-charge parti-
cles did not interfere with the analysis of the calibration results.
Differences in particle sizing were less than 3% across the entire
size range.

Prior to the ambient study the APS was tested in the labora-
tory using artificial ammonium sulfate aerosol. As will be shown
later, the merging algorithm requires the counting efficiency of
the SMPS and the APS to be equal in the overlap range. The inte-

grated counting efficiency of the SMPS was compared to that of
a standalone condensation particle counter (CPC Model 3025,
TSI Inc) and was found to be within 10% of that of the CPC.
The counting efficiency of the APS in the summed mode rela-
tive to that of the SMPS was assessed by comparing its counts
with those of the SMPS in the overlap size range of 0.5–1 µm
in mobility diameter. The APS was mobility calibrated with
monodisperse ammonium sulfate aerosol, as described above,
and the calibration information for this laboratory intercompari-
son was stored in the APS with the particle density and the shape
factor set both to 1. In this way, no postprocessing was required
for the APS data: the APS was reporting “mobility-equivalent”
size of ammonium sulfate particles.

Merging of the SMPS and the APS Size Distributions
Data obtained with the SMPS/APS were combined into one

single-size distribution in two ways. In the first approach, similar
to Shen et al. (2002), the APS data were merged with the SMPS
assuming the aerodynamic size is the same as the physical size.
In the second, similar to Hand and Kreidenweis (2002), a size
correction factor was searched for the APS data to be merged
with the SMPS data. Unlike Hand and Kreidenweis (2002), who
used optical counter measurements as an intermediate to match
the distributions, we converted the APS data to the mobility
spectrum by finding a size correction factor that gives the best
least-squares fit directly with the SMPS in the overlap size range.

The fitting of the APS to the SMPS was done in the following
way. The SMPS and APS systems overlapped from 542–680 nm
for unit density particles. The SMPS data were fitted with a
power-law (Junge size distribution) function (Willeke and Baron
1992) in this overlap size range. A size correction was then found
for the APS size distribution, expressed as dN/dLog(D), to have
the least-squares fit with the power-law approximation of the
SMPS data. Applying the correction factor preserves the shape
of the APS distribution while shifting it along the dLog(D)-axis
to achieve a good fit with the SMPS size distribution. Given the
narrow size range of the overlap region, the size-correction factor
is assumed to be constant within the overlapping size range.

The size-correction factor is selected to minimize the differ-
ence between the SMPS and shifted APS size distributions, with
the objective function S2 shown in the following equation:

S2(x) = 1

n2 − n1

n2∑
i=n1

[log(Ns(Di )) − log(Na(Di x))]2, [1]

where Ns is the power-law function representing the smoothed
dN/dLog(D) size distribution measured by the SMPS; Na is the
APS size distribution; x is the size-correction factor; and n1 and
n2 are the numbers of the first and the last APS channel that
fit, after applying the correction, into the 540–800 nm mobility
size range. The first two channels of the APS were not used for
the fitting procedure because of their unreliable counting. The
logarithms of the size distribution values are used to give the
same relative weight to all points in the overlap range.
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It should be noted that a dN/dLog(D) distribution should be
used for the minimization procedure. If a dN/d D distribution is
used, the APS distribution will need to be shifted not only along
the abscissa but also vertically:

(
dN

dDp

)
SMPS

=
(

dN

dDa

)
APS

dDa

dDp
=

(
dN

dDa

)
APS

x, [2]

where Da is the aerodynamic size, Dp is the physical size, and x
is the size-correction factor (Da = x Dp). In contrast, under the
assumption that the shift factor does not vary within the overlap
size range, the dN/dLog(D) distribution does not need a vertical
shift:

(
dN

d log(Dp)

)
SMPS

=
(

dN

d log(Da)

)
APS

d log(Da)

d log(Dp)

=
(

dN

d log(Da)

)
APS

d log(Dpx)

d log(Dp)

=
(

dN

d log(Da)

)
APS

. [3]

The size-correction factor relates the ratio of the aerosol density
to its shape factor in the size range used for the fitting and is
usually called an “effective” density (Hand and Kreidenweis
2002). This relationship can be seen from the formula relating
the mobility size to the aerodynamic size (Hinds 1999):

Dp = Da

√
χ

Cs(Da)

Cs(Dp)

ρ0

ρp
, [4]

where Dp and Da are the mobility and the aerodynamic diame-
ters, respectively; Cs is the Cunningham slip correction factor;
ρ0 is the reference density (1 g cm−3); ρp is the density of the
particle; and χ is the shape factor. At sizes of the APS–SMPS
overlap size range the slip correction can be neglected; for the
particle density of 2 g cm−3, the shape factor of 1, and the phys-
ical diameter of 500 nm the error in calculating the aerodynamic
diameter is 4%. At lower particle densities and larger shape fac-
tors the error will be even smaller. Neglecting the slip correction,
Equation (4) becomes

Dp = Da

√
χ

ρ0

ρp
= Da

x
. [5]

Thus, the size-correction factor is

x =
√

ρp

χρ0
. [6]

The size-correction factor depends on both the particle den-
sity and the shape factor in the overlap size range. Consequently,
it is not possible to determine each of these parameters from the
size-correction factor without complementary measurements.
However, the particle density in the overlap size range may differ

from the average bulk aerosol density, which will introduce er-
rors in determination of the shape factor from the size-correction
factor. This problem can be avoided by using mass measure-
ments within the narrow overlap size range. For practical pur-
poses, however, it is more useful to obtain integrated aerosol
properties in the PM2.5 size range such that, for example, the
aerosol volume measured with the SMPS–APS can be converted
to the aerosol mass, substituting filter-based measurements, and
the volume size distribution can be converted to the aerodynamic
size distribution to substitute cascade impactor measurements.
For this reason we concentrated our efforts to find the bulk PM2.5

aerosol effective density from comparisons of the SMPS–APS
with a TEOM and a MOUDI cascade impactor.

It should be noted that errors may be introduced into the
merged-size distribution if the SMPS and the APS have different
counting efficiencies in the overlapping size range. To demon-
strate the magnitude of the errors due to miscounting, a short
analysis is performed here. As an example we will assume the
SMPS to be correct and the APS is counting Z times lower
than the SMPS. If the dN/dLog(D) size distribution follows the
power-law function proportional to D−B , it can be shown that
the merging procedure would shift the APS distribution by Z1/B

times extra, relative to what the correction factor should be
if the APS is correct. If the size distribution in physical sizes
is f p(D) = A D−B , then the size distribution in aerodynamic
sizes, fa(D), will be

fa(D) = AD−B
p = A(x Da)−B = x−B f p(D). [7]

Consequently, the size correction factor is

x =
(

f p(D)

fa(D)

) 1
B

. [8]

An error in concentration measurements of aerodynamic dis-
tribution of a factor of Z will translate to an error in the correc-
tion factor of a factor Z1/B . In other words, a flatter distribution
(lower B) will have a larger error in the shift factor. However,
if the APS is miscounting with a constant factor throughout its
size range and the distribution is power law, there will be no er-
ror in the volume concentration measurements after the merging
procedure.

Comparison of the SMPS–APS with TEOM
and MOUDI Measurements

The SMPS–APS was compared with the TEOM (Model
1400a, R&P Co.) and MOUDI cascade impactor (Model 110,
MSP Co., Minneapolis, MN, USA) during measurements of am-
bient aerosol in Pittsburgh, PA during July 2001.

The integrated aerosol volume concentrations in the PM2.5

size range were compared to the simultaneous measurements
with the TEOM. Dried (low relative humidity) measurements of
the DAASS were used for this comparison, because the relative
humidity conditions were close to those of the TEOM (below
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30%RH). The TEOM was operated at 30◦C and was equipped
with a Nafion diffusion dryer Sample Equilibration System
(SES, R&P Co.) to minimize evaporative losses of volatile
aerosol components. During the study, the TEOM has shown
very good agreement with the federal reference method (FRM).
The TEOM was on average 1.5% higher than the FRM, both in-
struments giving readings within 10% of each other during the
whole study (Rees et al. 2004). Because of the relatively small
fraction of ammonium nitrate in July in Pittsburgh, and because
the TEOM was operated at 30◦C, the volatilization artifact in the
TEOM was relatively small during this study. The accuracy and
the artifacts of the FRM observed during the study are discussed
in detail in Rees at al. (2004).

Two combined spectra were calculated from the SMPS–APS
measurements for comparison with the TEOM: (1) without con-
verting the APS data to mobility diameter, similar to Shen et al.
(2002) and (2) with the conversion of APS data to the mobility
size using the procedure described in the Experimental section.
These two spectra were used to calculate the volume concentra-
tions in PM2.5 range. These volume concentrations were com-
pared to the PM2.5 mass measured with the TEOM.

The MOUDI was operated with 47 mm ring-supported Teflon
membrane filters (7592-104, Whatman) as the stage substrates
to reduce bounce during the sampling. The mass size distribution
of the aerosol collected with the MOUDI was determined gravi-
metrically by weighing the MOUDI stages before and after the
sample using a precision microbalance (UMX2, Mettler-Toledo,
Columbus, OH, USA). The MOUDI stages were weighed in
a controlled relative humidity (35 ± 2%RH) and temperature
(22 ± 1◦C) glove box. Prior to the weighing the stages were
equilibrated for 24 h at the conditions of the weighing box. The
combined accuracy of determination of the mass was ±5 µg per
impactor stage.

The PM2.5 mass collected with the MOUDI agreed well with
the FRM measurements (Cabada et al. 2004). It was, however,
found that volatile material was lost from the MOUDI stages.
During the summer more than 70% of nitrate was lost from the
MOUDI stages (Cabada et al. 2003). The nitrate contribution to
the PM2.5 mass in summer is small in the Pittsburgh region, so
the effect of nitrate loss on the fine mass is negligible. No evident
losses of organic carbon from Teflon MOUDI substrates were
observed.

The MOUDI was sampling at ambient conditions (tempera-
ture and relative humidity). Because of the hygroscopic growth
at high relative humidities (especially at night), the aerosol mass
size distribution is shifted to larger sizes relative to low rela-
tive humidity conditions. For the comparison with MOUDI size
distributions, merged dried SMPS-APS distributions need to be
converted to aerodynamic size and corrected for the hygroscopic
growth. This was done in the following way.

The DAASS measures both dried and wet size distributions.
Comparing the integrated volumes from the dried and ambient
measurements provides us with the increase in volume due to
water accretion. Assuming volume additivity, the aerosol density

at ambient conditions is

ρa = ρw + (ρd − ρw)
Vd

Va
, [9]

where ρd and ρa are the dried and ambient aerosol densities,
respectively; ρw is the density of water; and Vd and Va are the
dried and ambient aerosol integrated volumes, respectively. The
aerodynamic size at ambient relative humidity was then found
using the following equation (slip correction is ignored here):

Da = Dp

(
Va

Vd

)1/3√
ρa, [10]

where Dp is the physical size and Da is the corresponding size
at ambient relative humidity.

The dry density of 1.5 g cm−3 was used (Tuch et al. 1997;
Hand and Kreidenweis 2002). As will be shown in the Results
section, this value of the aerosol density is also applicable to this
study. Because during this study the ambient aerosol contained
water even at low relative humidities (Stanier et al. 2003), the
particles are expected to be spherical and thus the shape factor
of 1 was used to convert physical to aerodynamic size.

The geometric mean diameters and geometric mean stan-
dard deviations of the distributions in the PM2.5 range measured
with the MOUDI and the SMPS–APS were compared to assess
the size-distribution comparability of the two instruments. To
compare the SMPS–APS data with the size-fractionated mass
measurements of the MOUDI, the SMPS–APS data have been
summed up to match the MOUDI stage size ranges. Then, val-
ues from individual stages have been summed up such that the
PM2.5 range is divided into 4 fractions: <0.1 µm, 0.1–0.3 µm,
0.3–1 µm, 1–2.5 µm. The grouping corresponds to summing
2 impactor stages. The values found with the MOUDI and the
SMPS–APS within these size fractions are compared.

RESULTS AND DISCUSSION

Laboratory Tests of the APS
The counting efficiency of the APS in the submicrometer size

range is assessed by comparing it to the SMPS in the overlap
size range. The APS was mobility calibrated using ammonium
sulfate aerosol. The calibration information was stored with the
density and the shape factor both being one. In this way the APS
was measuring the mobility equivalent size of ammonium sul-
fate particles and no further data reduction was needed. The APS
was found to agree well with the SMPS in the overlap size range
of 580–720 nm (mobility equivalent size), with the counting ef-
ficiency differences of no more than 10% (Figure 1). The first
APS channel, however, had a lower efficiency of about 70%. Ar-
mendariz and Leith (2002) suggested that the counting efficiency
was steadily going up from about 30% at 0.5 µm to about 90%
at 1 µm. However, they did not test the efficiency between these
sizes. Our results indicate, however, that the counting efficiency
is constant and close to 100% except for the first APS channel.
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Figure 1. Comparison of the APS and the SMPS in the overlap size range using ammonium sulfate aerosol.

Comparison with TEOM
Figure 2 shows a comparison of the integrated ambient vol-

ume concentrations with the TEOM measurements. The agree-
ment between the SMPS–APS and the TEOM is considerably
improved when the APS is fitted to the SMPS distribution. The
ratio of the aerosol mass to the aerosol volume is a measure of
the aerosol effective density, which is equal to the bulk aerosol
density if the shape factor is 1. If the APS data are used without
any corrections, the density is unrealistically low (often below
1 g cm−3). However, when the APS is fitted to the SMPS, the
estimated density is 1.52 g cm−3, which is very close to the val-
ues reported in the literature, around 1.5 g cm−3 (Tuch et al.
1997; Hand and Kreidenweis 2002). The density data appear to
be normally distributed around the mean value with the standard
deviation of 0.26 g cm−3. It is thus concluded that the SMPS–
APS size distribution data, in which the APS data are fitted to
the SMPS, can be used to estimate the PM2.5 mass concentration
with an average standard error of about 20% by using an average
aerosol density of 1.5 g cm−3.

The estimated density is in good agreement with the density
estimated from the average chemical composition of the aerosol
during this study. The aerosol consisted of about 50% ammo-
nium salts of sulfate, 25% organic carbon, 3% elemental carbon,
2% nitrate, and 2% crustal material (Wittig et al. 2003). It was
also shown that the FRM and the TEOM retained water, which

comprised on average about 20% of the aerosol mass measured
with those instruments. Assuming the density of organics to be
1.4 g/cm3 and the density of crustal material and elemental car-
bon to be 2 g/cm3, and taking the density of salts of ammonium
to be 1.8 g/cm3, the average density of the aerosol according to
its chemical composition is estimated to be 1.56 g/cm3, which is
close to the density estimated from the SMPS–APS and TEOM
comparison. This suggests that the aerosol during this study had
a shape factor close to 1.

Comparison with MOUDI
Comparisons of the geometric mean diameters (GMD) and

the geometric mean standard deviations (GSTD) of the ambient
aerosol size distributions measured with the MOUDI and the
SMPS–APS converted to the aerodynamic size and corrected
for the hygroscopic growth are shown in Figures 3 and 4, re-
spectively. Both the GMD and GSTD show a good correlation
between the instruments. The slope of the regression line for
GMD is virtually 1. A shape factor of 1 was used to convert the
SMPS–APS distributions to aerodynamic sizes. The equality of
the GMDs suggests that the shape factor of 1 is justified for this
study. During this study the aerosol was found to be always wet
(i.e., contain water), even at relative humidities as low as 30%.
Thus, particles are expected to be spherical droplets and have
the shape factor of 1, which explains our observation.
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Figure 2. Comparison of mass concentrations with volume concentration in the PM2.5 range. (a) APS size distributions were not
converted to electrical mobility; (b) APS size distributions were converted to electrical mobility using the algorithm.



236 A. KHLYSTOV ET AL.

0.20 0.25 0.30 0.35 0.40 0.45 0.50 0.55 0.60 0.65
0.20

0.25

0.30

0.35

0.40

0.45

0.50

0.55

0.60

0.65

 

 

G
e

om
e

tr
ic

 M
e

a
n

 D
ia

m
e

te
r 

S
M

P
S

, 
µm

Geometric Mean Diameter MOUDI, µm

Y = 1.02 X

R2 = 0.61

Figure 3. Comparison of geometric mean diameters.

1.5 2.0 2.5 3.0 3.5 4.0
1.5

2.0

2.5

3.0

3.5

4.0

G
e

o
m

e
tr

ic
 S

T
D

 S
M

P
S

Geometric STD MOUDI

Y =0.95 X

R2 = 0.71

Figure 4. Comparison of geometric standard deviations.



SIZE DISTRIBUTIONS FROM MULTIPLE INSTRUMENTS 237

0 2 4 6 8 10 12
0

1

2

3

4

5

6

7

0 5 10 15 20 25 30 35
0

5

10

15

20

25

0 1 2 3 4 5 6 7
0.0

0.5

1.0

1.5

2.0

2.5

3.0

-0.5 0.0 0.5 1.0 1.5 2.0 2.5 3.0

0.0

0.5

1.0
0.1 –0.3 µm

Y = 0.61 X

R2 = 0.55

0.3 – 1 µm

 

 

S
M

P
S

-A
P

S
, µ

m
3
/c

m
3

MOUDI, µg/m3

Y = 0.66 X

R2 = 0.90

1 – 2.5 µm

 

MOUDI, µg/m3

Y = 0.51X

R2 = 0.37

 

S
M

P
S

-A
P

S
, µ

m
3 /c

m
3

< 0.1 µm

Y = 0.39 X

R2 = 0

Figure 5. Comparison of size-fractionated mass concentrations from MOUDI and volume concentrations from SMPS–APS.

0.01 0.1 1 10
0

20

40

60

80

dM
/d

Lg
(D

),
 µ

g/
m

3

Aerodynamic diamter, µm

Figure 6. Comparison of size distributions measured with SMPS–APS (dashed line) and MOUDI (solid line).



238 A. KHLYSTOV ET AL.

Figure 5 shows a size-fractionated comparison of the MOUDI
and the SMPS–APS. With the exception of the lowest stages
(below 0.1 µm) the MOUDI and the SMPS–APS appear to be
well correlated. The R2 values are similar or higher than those
found during a similar study by Shen et al. (2002). The slopes
for the stages between 0.1 and 1 µm are 0.61–0.66. Such slopes
correspond to aerosol densities between 1.52 and 1.64 g cm−3,
which again are close to ones reported in the literature and to the
density found during the comparison with the TEOM. The slope
for the 1–2.5 µm range indicates a density of about 2 g cm−3,
which is probably due to a larger contribution of the crustal
material to this size range.

The absence of correlation between the SMPS–APS and the
MOUDI below 0.1 µm is similar to the observations by Shen
et al. (2002). Similarly, we found that the MOUDI measures on
average more than the SMPS–APS in that size range. A possible
explanation for this observation is the particle bounce from the
upper stages of the MOUDI (Pak et al. 1992). The mass loading
on the last stages of the MOUDI is usually small, and even a
small contribution due to the bounce would introduce a large
relative error on those stages, while losses from the larger stages
will probably remain insignificant.

The comparison of representative size distributions measured
with the SMPS–APS and the MOUDI is shown in Figure 6. The
SMPS–APS distribution was converted to the mass size distri-
bution in aerodynamic space using the density of 1.5 g cm−3 and
correcting for the hygroscopic growth as explained in the Exper-
imental section. Qualitatively similar distributions are measured
with the two instruments. The sharp increase in the volume con-
centration after 7 µm measured with the SMPS–APS is most
probably due to the well-documented artifact counts in the APS
in the large size range (Stein et al. 2002). In this study, however,
these artifact counts were not observed to contribute significantly
to the PM2.5 range.

CONCLUSIONS
A simple algorithm was developed to combine electrical mo-

bility and aerodynamic size distribution data into a single size
distribution. This algorithm was tested during a month of ambi-
ent aerosol measurements by comparing size distributions mea-
sured using an SMPS–APS combination with simultaneous mea-
surements using a MOUDI cascade impactor and PM2.5 mass
concentration measurements using a TEOM.

Size distributions obtained by using the algorithm have better
correlations with PM2.5 measurements than do size distributions
in which aerodynamic sizes were not converted to electrical
mobility diameters.

A comparison of the TEOM PM2.5 mass concentrations with
the volume concentrations from the SMPS–APS data indicates
that the ambient aerosol during the study had an effective den-
sity of 1.52 ± 0.26 g cm−3. This density is close to 1.56 g cm−3,
the density estimated from the average aerosol chemical com-
position during this study. This suggests that the aerosol shape
factor during this study is close to 1.

The SMPS–APS size distributions obtained using the algo-
rithm agree with the mass distributions measured with MOUDI
cascade impactors within 0.1–2.5 µm size range, if a density of
1.5 g cm−3 and a shape factor of 1 are used, and the hygroscopic
growth of aerosol is taken into account. However, there was no
agreement below 0.1 µm, probably due to contamination of the
low impactor stages because of the bounce of large particles, or a
different shape factor based on the composition in this size range,
which may affect the particle mobility of ultrafine particles.
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Detection of Negative Ions from Individual
Ultrafine Particles

David B. Kane,† Jinjin Wang,‡ Keith Frost, and Murray V. Johnston*

Department of Chemistry and Biochemistry, University of Delaware, Newark, Delaware 19716

Aerosol mass spectrometers can be used to classify
individual airborne particles on the basis of chemical
composition. While positive ion mass spectra are normally
used to characterize ultrafine particles (defined here as
particles smaller than 200 nm in diameter), negative ion
mass spectra can provide complementary information. To
effectively utilize the negative ion mass spectra of ultrafine
particles, it is important to understand biases in the
formation and detection of negative ions. It is found that
the intensity of negative ions is generally less than that of
positive ions, due to the creation of electrons in the
ablation process that must react to form negative ions.
The ablation efficiency, defined as the probability that an
ablated particle produces a detectable ion signal, exhibits
both size and composition dependencies. The ablation
efficiency for detection of negative ions follows the same
trends as the ablation efficiency for the detection of
positive ions: sodium chloride and ammonium nitrate
have higher ablation efficiencies than oleic acid, and the
ablation efficiency decreases with the particle diameter.
The ablation efficiency of negative ions is less than or
equal to the ablation efficiency of positive ions, and the
relative difference increases as the particle diameter
decreases. Pure ammonium sulfate particles exhibit an
ablation efficiency too low to be measured in the present
experiments. However, trace amounts of sulfate in mixed-
composition particles can be readily detected in the
negative ion mass spectra.

Aerosol mass spectrometers are becoming an important tool
for the chemical characterization of ambient particulate matter.1,2

With these instruments, aerosol particles are sampled directly
from ambient conditions into the source region of a mass
spectrometer. The most common version of an aerosol mass
spectrometer couples laser ablation with time-of-flight mass
spectrometry for ionization and mass analysis.3 This combination
gives the advantages of rapid sampling and particle-by-particle
analysis.

Recently, the lower size limit of laser ablation aerosol mass
spectrometers was extended for composition analysis of ultrafine

particles, defined here as particles smaller than 200 nm in
diameter.4-10 In this range, size and composition biases of the hit
rate, defined as the rate at which single-particle mass spectra are
collected, cause the probability of detection to be different for
different size and composition particles.10 These detection biases
must be understood if aerosol mass spectrometers are to be used
to infer aerosol compositions.

Field studies of particles smaller than 200 nm have been limited
to the use of positive ion mass spectra because free electrons
dominate the negative ion mass spectra.6 In principle, positive and
negative ion mass spectra can provide complementary information
on the composition of particles.11 Some species, such as sulfate,
are only detected in negative ion mass spectra, while in other
instances, the negative ion mass spectra can be used to confirm
the presence of a particular species.

Previously we reported on the biases in the detection of positive
ions from ultrafine particles.10 These biases are found to result
from two parameters, both of which exhibit size and composition
biases. The first is the sampling rate (SR) of particles into the
mass spectrometer. This is the rate at which particles of a given
size and composition are sampled from the aerosol into the path
of the ablation laser beam when the laser fires. The second is the
ablation efficiency (Ea). This is the fraction of particles irradiated
by the laser beam that ablate in a manner that produces a
detectable ion signal. The relationship between the observed hit
rate (HR, particles per unit time that are detected), sampling rate,
and ablation efficiency is

where naerosol is the particle number density of the aerosol being
sampled. While the sampling rate is independent of the polarity
of the detected ions, the ablation efficiency is expected to be
dependent on the ion polarity.
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In this study, positive and negative ion detection are compared
for single-component particles having compositions representative
of ambient particles. Measurements are restricted to particles
greater than 40 nm in diameter because the hit rate decreases
significantly with decreasing particle size. The detection of sulfate
ions in mixed-composition particles is discussed, as are the
implications of these measurements for the characterization of
ambient aerosol.

EXPERIMENTAL DETAILS:
The design of the aerosol mass spectrometer is similar to that

previously described by Kane et al.9,10 In the present investigation,
the mass analyzer was operated in the linear mode with a
postacceleration detector (bipolar time-of-flight detector, Burle
Optoelectronics, Inc., Sturbridge, MA). Identical acceleration and
postacceleration fields were used in both positive and negative
ion detection modes. Because previous investigations showed that
free electrons produced by laser ablation of ultrafine particles can
saturate the detector, obscuring the negative ion signal,6 a slight
deflection field (100 V) was applied at the end of the ion source
to divert electrons from the detector. The deflection field was used
in both positive and negative ion modes to maintain equivalent
field gradients. An Ar-F excimer laser (PSX-100, MPB Technolo-
gies, Pointe Claire, PQ, Canada) was used for ablation. The laser
beam was focused with a 20-cm-focal length lens to give a fluence
of 2.0 × 104 J/m2 (193 nm, 8 ns, 2.5 mJ pulse) in the source region
of the mass spectrometer.

The aerosol mass spectrometer was used to collect single-
particle mass spectra and measure normalized hit rates for
particles representative of ambient compositions in both positive
and negative ion modes.9,10 The normalized hit rate is the rate at
which single-particle mass spectra are collected for a given particle
number density of the aerosol. It should be noted that the hit
rates reported in this work are not comparable to those reported
previously,10 due to differences in the ionization laser and mass
analyzer. The particle beam profile was determined by measuring
the hit rate as the laser beam was translated across the ion source
region of the mass spectrometer.9,10 Since the mass spectrometer
used in these experiments was not capable of simultaneous
positive and negative ion detection, the average mass spectra of
a set of particles were compared rather than those of individual
particles. In this manner, changes in the particle mass spectra
resulting from shot-to-shot variations were minimized.

Monodisperse test aerosols used in these experiments were
generated with a differential mobility analyzer to size select
particles produced by atomization of a solution containing the
analyte in either ethanol or an ethanol-water mixture. A second
differential mobility analyzer was used in-line with the aerosol
mass spectrometer to measure the size and concentration of the
particles.

RESULTS AND DISCUSSION:
Particle Mass Spectra. Negative and positive ion mass

spectra of oleic acid, ammonium nitrate, and sodium chloride are
compared in Figure 1. Each spectrum is the average of 100 single-
particle mass spectra. The negative ion mass spectrum of each
particle composition shows distinctive ions representative of that
composition. Oleic acid particles give strong ion signals for H-,
C2

-, and C2H-. Ammonium nitrate gives strong ion signals for

O-, OH-, and NO2
-. Sodium chloride particles are characterized

by Cl- and small peaks for NaCl2
-. The positive ion mass spectra

of these compounds are qualitatively the same as observed
previously with a reflectron time-of-flight mass spectrometer.10 The
negative ion mass spectra of these particles have peaks similar
to the negative ion mass spectra of micrometer-diameter par-
ticles.3,12,13 However, the mass spectra are dominated by smaller

(12) Carson, P. G.; Johnston, M. V.; Wexler, A. S. Aerosol Sci. Technol. 1997,
26, 291-300.

Figure 1. Positive and negative ion mass spectra of (a) sodium
chloride, (b) ammonium nitrate, and (c) oleic acid. Each spectrum is
the average of 100 single-particle mass spectra from 100-nm mobility
diameter particles.
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ions and usually do not contain the larger cluster ions observed
from the micrometer-diameter particles. A similar observation was
made previously for positive ion mass spectra of ultrafine particles.6

The greater fragmentation observed for ultrafine particles is most
likely a combination of effects: as the optical penetration depth
of the laser beam into the particle approaches the particle size,
the increased photon flux per unit volume gives a higher
probability of multiphoton absorption and fragmentation; and the
decreasing plume size and density as the particle size decreases
results in fewer collisions and less efficient cooling as the plume
expands.

Figure 2a is a plot of the integrated negative ion signal relative
to the positive ion signal as a function of the particle size. Each
point is the average of at least three 100-particle measurements
taken over the course of several experiments over several days.

While the absolute ion signals exhibited a high degree of
variability, the relative intensities in Figure 2a were consistent in
all of the experiments. For oleic acid and sodium chloride, the
negative ion signal from detected particles is significantly less than
the positive ion signal. Since overall charge neutrality must be
preserved, this illustrates the dominant role that free electrons
can play. Ammonium nitrate produces comparable positive and
negative ion signal intensities suggesting that electron capture in
the vaporized plume is more efficient than with the other
compounds. Sodium chloride exhibits a significant decrease in
the relative intensity of negative ions to positive ions as the particle
diameter decreases, while oleic acid and ammonium nitrate show
little size dependence. The reason for these dependencies is
apparent upon examination of Figure 2b, which shows the absolute
intensities of negative ions as a function of particle size for the
compounds shown in Figure 2a. The dependencies in Figure 2b
are similar to those in Figure 2a: the negative ion signal from
sodium chloride decreases rapidly with decreasing particle size,
while ammonium nitrate and oleic acid show little size depen-
dence. Previously we showed that the positive ion signal from
sodium chloride particles decreases only slightly with decreasing
particle diameter in this size range.6,9

Differences in the positive and negative ion signal intensities
and their dependencies on the particle diameter suggest that
multiple mechanisms may be responsible for the formation of
negative ions from ablated particles. It is expected that laser
ablation results in the production of free electrons, and negative
ions must be formed by the capture of these electrons by the
vaporized molecules or fragments. One would expect that the
negative ions formed by the ablation process will be biased toward
those species with the greatest electron affinities, provided that
the energy released by electron attachment is removed by
collisional cooling. However, negative ion formation also depends
on the electron capture cross sections of the vaporized species
and the residence time of the electrons in the plume. The electron
capture cross section is dependent on the electron kinetic energy
as well as properties of the molecule or fragment. Since the
electron kinetic energy distribution is determined by complex and
ill-defined processes associated with photon absorption, ionization,
and particle disintegration, a quantitative explanation of these
dependencies is not possible. However, the size dependence of
the negative ion signal from sodium chloride suggests that the
electron capture cross section of Cl is low enough that the
probability of Cl- formation is proportional to the electron
residence time in the plume. Larger particles produce more dense
plumes resulting in a larger percentage of negative ions. In
contrast, ammonium nitrate and oleic acid do not show significant
size dependencies. Evidently, the electron capture cross sections
of polyatomic species from these particles must be large enough
that the production of negative ions is relatively independent of
the plume density and hence the particle diameter.

Ablation Efficiency. By measuring the hit rate and determin-
ing the diameter of the particle beam from the beam profile, it is
possible to determine the ablation efficiency for a given particle
composition and size.10 Measurements of the ablation efficiency
for negative ion detection show the same trends that have been
observed for positive ion detection.10 Sodium chloride and am-
monium nitrate exhibit higher ablation efficiencies than oleic acid,

(13) Neubauer, K. R.; Johnston, M. V.; Wexler, A. S. Int. J. Mass Spectrom. Ion
Processes 1997, 163, 29-37.

Figure 2. (a) Relative intensities of negative ions to positive ions
from ammonium nitrate, sodium chloride, and oleic acid as a function
of particle mobility diameter. Error bars are 50% confidence limits
from at least three measurements, 100 particles each. (b) Integrated
intensity of the negative ion signal for the compounds above as a
function of particle mobility diameter. Error bars are the standard
deviation of at least three measurements, 100 particles each.
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and the ablation efficiencies for all three decrease with decreasing
particle size. It is not surprising that the trends in the negative
ion ablation efficiency are similar to the positive ion ablation
efficiency, since the positive and negative ions are created
simultaneously.

Figure 3 shows the ablation efficiency for negative ion detection
relative to that for detection for positive ion detection. Since the
sampling rate of particles into the laser beam is independent of
the ion polarity, the relative hit rate is equivalent to the relative
ablation efficiency (see eq 1). In most cases, the negative ion
ablation efficiency is much less than the positive ion ablation
efficiency. This behavior indicates that the conversion of free
electrons to negative ions varies from particle to particle and does
not always yield sufficient ions to exceed the detection threshold.
Relative to the positive ion ablation efficiencies, the negative ion
ablation efficiencies of all three compounds decrease with de-
creasing particle diameter. As the particles decrease in diameter,
fewer are detected in the negative ion mode, suggesting that free
electrons constitute a greater fraction of the negative ion signal.
For sodium chloride and oleic acid, the data also suggest that
the positive and negative ion ablation efficiencies become equiva-
lent in the limit of a large particle size, although this possibility
was not explored for particles above 200 nm in diameter.

It should be noted that the size and composition dependencies
of the relative hit rates in Figure 3 do not match those of the
relative signal intensities in Figure 2a. These differences are not
surprising since different quantities are measured. The ablation
efficiency is a measure of the fraction of all sampled particles that
produce an ion signal exceeding the detection threshold level,
while the relative signal intensities are measured only for the
subset of particles where the ion signal exceeded the threshold.

Detection of Sulfate in Mixed-Composition Particles.
Although sulfate is an important component of atmospheric
aerosols, the sensitivity of laser ablation mass spectrometry to
sulfate is very low in the positive ion mode. Sulfate particles 3
µm in diameter give negative ion signals that correspond to the

sulfate species present in the particle, for example, the HSO4
-

ion from ammonium sulfate.14 However, we were unable to detect
pure ammonium sulfate particles of <200 nm in diameter in the
negative ion mode, suggesting that these particles have negative
ion ablation efficiencies below 0.01. It is not surprising that the
negative ion ablation efficiency is low, since we reported previously
that the ablation efficiency of ammonium sulfate in the positive
ion mode is less than 0.02 and that the mass spectra of “pure”
ammonium sulfate particles are dominated by trace impurities.10,15

This suggests that only ammonium sulfate particles containing
impurities are detected.

Since particles in the atmosphere are likely to consist of a
mixture of components, we investigated the detection of sulfate
in mixed-composition particles. The average mass spectrum from
77-nm ammonium nitrate particles with 1% ammonium sulfate is
shown in Figure 4. In this spectrum, the HSO4

- ion (m/z 97) from
sulfate is clearly observed above the noise level. Also present are
O- (m/z 16), OH- (m/z 17), and NO2

- (m/z 46). Although,
ammonium nitrate is present at a concentration 100 times greater
than ammonium sulfate, the signals from NO2

- and HSO4
- are

similar, suggesting that sulfate competes favorably for charge in
the vaporized plume.

While small amounts of sulfate can be detected in mixed-
composition particles, the hit rate decreases as the amount of
sulfate in the particle increases. Figure 5 shows the effect of sulfate
concentration on the particle hit rate for ammonium nitrate-
ammonium sulfate particles. The hit rate drops significantly as
the sulfate mass fraction increases above 20%. Similar behavior
was observed for other sizes of ammonium nitrate-ammonium
sulfate particles and for oleic acid-ammonium sulfate particles.
At high sulfate concentrations, the particles are difficult to detect,
since neither positive nor negative ions are efficiently produced
by laser ablation. As the ammonium sulfate mass fraction ap-
proaches 1, the ablation efficiency becomes dependent on the
presence of trace impurities in the particle. It is these impurities
that promote ionization and allow sulfate to be detected by electron
capture or charge transfer in the vaporized plume.

Under the conditions used in this work, the relationship
between particle composition and the relative signal intensities

(14) Neubauer, K. R.; Sum, S. T.; Johnston, M. V. J. Geophys. Res. 1996, 101
(D13), 701-18, 707.

(15) Kane, D. B.; Johnston, M. V. Anal. Chem. 2001, 73, 5365-5369.

Figure 3. Size (mobility) and composition dependencies of the hit
rate for negative ion detection relative to the hit rate for positive ion
detection. The relative hit rates are equivalent to the relative ablation
efficiencies. Error bars are the standard deviation of at least three
measurements, 100 particles each.

Figure 4. Negative ion mass spectrum of 77-nm mobility diameter
particles composed of ammonium nitrate with 1% ammonium sulfate.
The spectrum is an average of 100 single-particle spectra.
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of the corresponding ions is complex and cannot be used to
quantitatively determine the sulfate concentration from the mass
spectra. This complexity reflects the strong coupling of ionization,
particle disintegration, and electron capture processes induced
by laser ablation.

Implications for Ambient Particle Measurements. The goal
of a single-particle experiment is to determine the composition of
an ambient aerosol from the distribution of single-particle mass
spectra. With this goal in mind, several factors must be taken into
consideration when negative ion detection is used for a single-
particle mass spectrometer. First is the need to detect species
that do not give strong ion signals in the positive ion mode, such
as sulfate. Second is the limitation imposed by lower particle hit
rates and lower ion signal intensities. If it is necessary to detect
species such as sulfates, which do not give strong ion signals in
positive ion mode, then negative ion detection must be used. The
poor ablation efficiencies of these particles can potentially be
overcome by increasing the sampling rate of particles into the
laser beam, either by increasing the laser repetition rate or by
decreasing the size of the particle beam. However, if the detection
of species in the negative ion mode is not of paramount
importance, then positive ion detection is preferred.

Aerosol mass spectrometers capable of dual-polarity ion detec-
tion have been reported in the literature.16,17 We recently experi-

mented with a dual-polarity instrument designed for field mea-
surements of ultrafine particles. This instrument is similar in
design to a previous field instrument having single-polarity
detection.18 Dual-polarity detection combines the advantage of
triggering on the positive ion mass spectrum while simultaneously
collecting the negative ion spectrum. An example of a dual-polarity
ambient particle spectrum is shown in Figure 6. In the negative
ion mode, HSO4

- indicates the presence of sulfate, while the
positive ion mode indicates the presence of organic components
and iron.

While low concentrations of sulfate can be readily detected in
particles composed primarily of other materials, particles contain-
ing nearly 100% ammonium sulfate are difficult to detect at all.
Recently, we demonstrated that by coating particles with a UV-
absorbing compound it is possible to increase the ablation
efficiency of “pure” ammonium sulfate particles by a factor of 20.15

When combined with dual-polarity detection, this provides a
reliable method for detecting particles with a high concentration
of ammonium sulfate.
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Figure 5. Dependence of the normalized particle hit rate (particles
detected per second for an aerosol containing 1000 particles/cm3)
on the mass fraction of ammonium sulfate for 150-nm mobility
diameter ammonium nitrate-ammonium sulfate particles. Error bars
are the standard deviation of at least three measurements, 100
particles each.

Figure 6. Dual-polarity mass spectra of a single ambient particle
containing sulfate. The particle size is nominally 70 nm in diameter
(aerodynamic).
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Laser-induced breakdown spectroscopy (LIBS) is examined as a
potential method for detecting airborne biological agents. A spec-
trally broadband LIBS system was used for laboratory measure-
ments on some common biological agent simulants. These measure-
ments were compared to those of common, naturally occurring bi-
ological aerosol components (pollen and fungal spores) to determine
the potential of LIBS for discriminating biological agents from nat-
ural background aerosols. A principal components analysis illus-
trates that linear combinations of the detected atomic lines, which
are present in different ratios in each of the samples tested, can be
used to discriminate biological agent simulants from other biologi-
cal matter. A more sensitive, narrowband LIBS instrument was
used to demonstrate the detection of single simulant (Bg) particles
in the size range 1–5 mm. Ca, Mg, and Na, which are present in
varying concentrations between 0.3 and 11% (by mass) in the Bg
particles, were observed in single particles using LIBS.

Index Headings: Laser-induced breakdown spectroscopy; LIBS;
Plasma spectroscopy; Biological agent detection; Biological aero-
sols.

INTRODUCTION

Biological warfare agents pose a serious threat to both
military establishments and civilian population centers.
A potential method for disseminating biological agents is
via aerosols with particles in the respirable size range of
1–10 mm.1 Therefore, the accurate detection of airborne
pathogens amidst the ambient background of dirt, biolog-
ical debris, and combustion products is of considerable
importance. In addition to defense applications, fast and
accurate detection and classi� cation of biological aero-
sols could be important in preventing the spread of dis-
ease in hospitals and for monitoring outdoor allergy-caus-
ing molds and pollens.

In most concepts for complete biowarfare-agent detec-
tion systems, a fast, consumables-free sensor continuous-
ly samples air and functions as a ‘‘trigger’’ for subse-
quent, usually wet-chemistry-based, identi� cation of
threatening aerosol particles.1 Considerable progress has
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been made in applying various combinations of particle
sizing, particle counting, and � uorescence measurements
to the trigger component of bioaerosol detection.2–7 Fluo-
rescence-based aerosol triggers provide reasonable rejec-
tion of inorganic background clutter, but � uorescent com-
bustion products and natural biological aerosols may
cause interference.1 High false-trigger rates due to back-
ground aerosols can drive up system operating costs by
increasing the use of consumables such as chemical re-
agents in the identi� er. Technologies that offer discrimi-
nation against � uorescent, non-threat aerosols would sub-
stantially reduce the deployment costs of bioagent aerosol
detection systems and subsequently increase their utility.
Additionally, consumables-free technologies with the
ability to classify biological aerosols into broad catego-
ries such as fungal spores, pollens, bacteria, viruses, and
toxins would further reduce operating costs, add another
level of con� rmation to the identi� er, and allow the op-
tical trigger/classi� er to operate independent of a full de-
tection system in certain limited-role applications.

Most likely, optimal false-trigger rates and classi� ca-
tion capabilities will require the fusion of two or more
orthogonal measurement technologies. The addition of el-
emental analysis to � uorescence/sizing measurement is
one example of such a concept. Biological organisms
contain a wide variety of readily detectable inorganic el-
ements such as Ca, Mg, Mn, Fe, P, Na, K, and Si.8 In
some cases, the relative amounts of these elements vary
between different classes of organisms. For example, it
is well known that during sporulation bacterial spores
concentrate calcium dipicolinate.9 Accordingly, Table I
shows a laboratory analysis of seven elements in three
types of sporulated Bacillus subtilis var. niger (Bg), a
common simulant for Bacillus anthracis, and three types
of fungal spores. Although the total weight percent of the
inorganic species varies within the Bg samples, the rel-
ative ratios remain fairly similar. More interesting are the
signi� cant differences in the ratios of Ca, K, P, and Na
between Bg and the fungal spores. This suggests that el-
emental analysis offers substantial potential for broad
classi� cation of biological aerosols.

Several techniques exist in atomic spectroscopy for the
analysis of laboratory samples. However, many of these
techniques are not easily translatable into � eld instru-
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TABLE I. Elemental analysis of Bg and smut.

Elementa

Bg

1 2 3

Fungal spores (smuts)

Oat Wheat Corn

Ca
Mg
Na
K
Fe
P

Mn

1.16
0.30
0.45
0.49
0.67
2.30
0.0081

1.08
0.37
0.38
0.49
0.57
2.32
0.0122

10.21
2.80
5.82
0.68
0.0088
8.52
0.10

0.16
0.20
0.0132
1.60
0.0253
0.44
0.006

0.0147
0.0937
0.0110
2.24
0.0032
0.41
0.0024

0.12
0.19
0.0171
1.63
0.0081
0.58
0.0037

a Elemental concentrations as percent by weight.

ments. Laser-induced breakdown spectroscopy (LIBS) is
one of the most practical means for bringing elemental
analysis to the � eld.10 The technique involves tightly fo-
cusing a laser pulse to create a microplasma via laser
breakdown of a sample or ambient air. Material inside
the plasma volume is ionized and decomposed into atom-
ic constituents. The hot plasma (10 000–15 000 K) pro-
vides a thermal excitation source for the atomized species
within the plasma volume. Emission from these electron-
ically excited atoms and ions is spectrally resolved and
used to determine the elemental composition of the sam-
ple. The lack of sample preparation, experimental sim-
plicity, and portability of modern lasers makes LIBS an
attractive and practical technique for deployment in � eld
sensors.

A rough gauge of the ability of LIBS to detect single
bioaerosol particles can be made by considering the ab-
solute mass of each element (Table I) present in a rep-
resentative bioaerosol particle, relative to the LIBS de-
tection limits reported in the literature. A single bacterial
spore represents a generally lower size limit for a typical
bioaerosol particle. It can be approximated as a cylindri-
cal particle with 2.5-mm length, 1-mm diameter, and a
density of ;1 g/cm3. This representative particle would
have a mass of approximately 2 pg. Recently, Hahn and
co-workers used a portable LIBS instrument to measure
Na, Ca, Mg, and Al from ambient aerosols. They reported
absolute mass detection limits of 0.5, 1.2, and 3.3 fg for
Ca, Mg, and Na, respectively.11 These detection limits for
Ca and Mg are similar to previously reported limits de-
termined using a differential mobility analyzer to measure
a monodisperse aerosol stream.12 Based on these limits,
one would expect to be able to detect these elements in
a bioaerosol particle at concentrations of 0.1% by weight.
Given the concentrations of these elements in Bg (Table
I), it is expected that LIBS should be able to detect them
in single spores. In reality, a bioaerosol will have a dis-
tribution of particle sizes so that a signi� cant fraction of
the bioaerosol particles would actually be larger.

A large body of work on the LIBS technique exists; a
general introduction to the technique and a survey of the
literature can be found in a number of reviews.13–16 Par-
ticularly relevant to this study is the literature associated
with detection of aerosol particles, which reveals limita-
tions to the LIBS technique. Because the plasma is re-
sponsible for both particle ablation/vaporization and ex-
citation of elements in the sample, plasma stability is crit-
ical for reproducibility and a favorable signal-to-noise ra-
tio (S/N) in LIBS. Air plasmas exhibit a saturation effect
with increasing laser power; it is observed that an in-

creasing percentage of the incident laser energy is ab-
sorbed by the plasma until a saturation of approximately
60% of the incident laser power is reached. Operation in
this saturated regime has been shown to increase the re-
producibility of the LIBS signal.17

The potential of incomplete vaporization of particles
also produces uncertainty in LIBS analysis. It is com-
monly accepted that the energy in a typical breakdown
is suf� cient to vaporize micrometer-sized particles and
atomize molecules in the plasma volume. Estimates of
the largest particles that can be vaporized, with ensuing
LIBS detection of the particles, have ranged from ;2.5
mm to ;10 mm and are expected to depend on the particle
composition and on experimental conditions such as laser
power. Such analysis has not been completed for the
chemical matrices relevant to bioaerosol detection. In ad-
dition, an optimal detection window for peak S/N exists
for each element based on the transition energy and the
transition probability.18,19

Once optimal S/N is achieved, a robust method is re-
quired to distinguish particles from noise generated by
the plasma and detection system. Schechter et al. suggest
that spectral sorting based on various characteristics
could be used to discriminate aerosol particles suspended
in gas and reject ill-conditioned spectra, which may have
variations due to matrix effects, poor atomization of the
particle in the plasma, or laser power � uctuations.20,21

Following this concept, Hahn presented an analysis of
LIBS-based aerosol detection, elemental analysis, and
particle sizing,12 which was subsequently con� rmed for
laboratory-generated aerosol particles and polydisperse
particles of known composition using a differential mo-
bility analyzer to size-segregate the particles prior to
LIBS.22 These strategies have enabled LIBS to be used
successfully for measurements of particulate-bound met-
als in ef� uents from thermal treatment processes.23,24 Ad-
ditional aspects of LIBS for aerosol detection are covered
in a recent review by Martin et al.10

Here, we report on the investigation of LIBS as a bio-
trigger technology. Two different LIBS instruments were
used to explore the following aspects of the technique
fundamental to its utility for bioaerosol detection: (1) its
discrimination potential for bioaerosol sensing, and (2)
the detection of the discriminatory elements in single-
bioagent-simulant particles. To address discrimination
potential, a broadband LIBS instrument was used to ac-
quire spectra of dense aerosols over the range 200–825
nm. These spectra were subjected to principal compo-
nents analysis (PCA) to gauge the overall discrimination
ability of the technique. Since the broadband system was
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FIG. 1. Experimental LIBS apparatus. A Big Sky Ultra CFR-GRM
Nd : YAG laser (YAG ) was used to produce the plasma. A 75-mm-focal-
length lens (L1 ) was used to both focus the laser pulse and collect the
plasma emission in the backward direction. A pierced aluminum mirror
(M1) directed the plasma emission towards the collection optics. A 100-
mm-focal-length lens (L2 ) was used to focus the emission into a bifur-
cated � ber bundle (BF ) consisting of two 600-mm-core UV-rated � bers.
The � bers then directed the emission into two Ocean Optics HR2000
spectrometers (S1 : 613–825 nm and S2 : 200–650 nm).

TABLE II. Samples tested.

Sample class Sample type

Bacterial spore 3 types of Bg (A, B, C)
Media/protein Ovalbumin (Ov)

Brain heart infusion (BH)
LB Broth (LB)

Fungal/mold spores Penicillium (Pn)
Corn Smut (Cn)
Oat Smut (Ot)

Pollen Ragweed (Rg)
Red Mulberry (Rm)
Red Oak (Ro)

not capable of detecting single particles, single-particle
detection of Bg was demonstrated over narrow spectral
windows with a more sensitive spectrometer/intensi� ed
charge-coupled device (CCD) system.

EXPERIMENTAL

Broadband, Multi-particle Laser-Induced Break-
down Spectroscopy of Aerosols. Broadband, multi-par-
ticle LIBS spectra were recorded using the apparatus
shown in Fig. 1. A Big Sky Ultra CFR-GRM Nd : YAG
laser was used to generate the plasma. Typical of lasers
used for LIBS experiments, it produces 7-ns, 50-mJ puls-
es at 1064 nm with a maximum repetition rate of 20 Hz.
The laser pulses were focused with a 2-in.-diameter, 75-
mm-focal-length UV-grade fused-silica lens (L1). CCD
images of the resulting plasma (in air) indicate a plasma
volume on the order of 1024 cm 3 (1-mm-long, 0.5-mm-
radial-diameter ellipsoid). Optical emission from the plas-
ma was collected with L1 and focused into a bifurcated
� ber bundle (BF, NA 5 0.22, diameter 5 600 mm for
each � ber) using a 2-in.-diameter, 100-mm-focal-length
UV fused-silica lens (L2). Each � ber was connected to
the input port of an Ocean Optics HR2000 spectrometer,
each with a 5-mm slit width. The spectrometers were
equipped with electronic triggering so that signal integra-
tion could be delayed in increments of 500 ns from the
time the laser � red (total integration time is � xed at 2
ms). For the experiments presented here, this delay was
set to 3.5 ms to prevent unwanted ion lines and broadband
plasma emission from decreasing S/N. The UV/VIS spec-
trometer (S2) covered 200–650 nm with 0.35-nm nomi-
nal resolution, and the NIR spectrometer (S1) covered
613–825 nm with 0.15-nm nominal resolution. Since an
aerosol LIBS sensor will likely encounter a variety of
particle sizes, it was assumed that any discrimination al-
gorithm would rely on the ratios of line intensities as
opposed to absolute intensities. Therefore, the acquired
LIBS spectra were not corrected for chromatic focusing
aberrations, wavelength-dependent CCD response, or
wavelength-dependent grating ef� ciency, since these ef-
fects should not vary from sample to sample.

An issue in obtaining background-free LIBS spectra of

powders is � nding a suitable means to bring the sample
into the plasma volume for measurement. One approach
is to adhere the sample to a surface such as double-sided
adhesive tape or a silicon wafer. However, any substrate
can contribute atomic lines to the LIBS spectrum that
may hide features due to the sample alone. Additionally,
because complex materials such as tape include many of
the same elements present in the bioagent simulants, they
might produce erroneous discriminating features that
could vary from sample to sample, or shot to shot, de-
pending on the relative amounts of substrate and sample
consumed in each measurement. Therefore, as shown in
Fig. 1, a small pile of sample was placed in a microcen-
trifuge tube for measurement. The tube was positioned
so that the air plasma formed at its mouth. The shock
wave resulting from each laser shot aerosolized suf� cient
material that the subsequent laser pulse encountered a
dense sample cloud. By continually running the laser at
5 Hz, single-shot spectra were obtained from a continu-
ally refreshed, dense aerosol cloud. No signal was ob-
served from empty tubes, indicating that the plasma was
not ablating the tube walls. In this way, clean, substrate-
free spectra were obtained for each sample. Table II con-
tains a list of the samples investigated. Bioagent simu-
lants included three types of Bg and three ‘‘protein/me-
dia’’ that simulate viruses, toxins, or growth media. The
various types of Bg differ from each other in growth
history and washing methods. Background materials in-
cluded three types of fungal spores, three types of pollen,
and dirt.

Narrowband Laser-Induced Breakdown Spectros-
copy of Single Aerosol Particles. Single Bg particles
were measured using the more sensitive intensi� ed CCD
system, in which a frequency-doubled Big Sky CFR-400
Nd : YAG laser with a nominal pulse energy of 200 mJ/
pulse � res at an adjustable rate between 1 and 10 Hz to
generate an air plasma inside a sample cell. We note that
previous work has shown the similarity of the 1064 nm
and 532 nm Nd : YAG wavelength-generated plasmas for
elemental analysis.25 A 3:1 Galilean telescope expands
the 0.6-cm beam from the laser to a diameter of 1.8 cm,
and the expanded beam is focused using a 10-cm-focal-
length plano-convex lens. Emission from the plasma is
detected at right angles using a 7.5-cm, 1-in.-diameter,
plano-convex lens to collimate the light. A 5.2-cm-focal-
length, 3-cm-diameter re� ective collection system (Mul-
tichannel Instruments CC-52) ef� ciently couples the plas-
ma light into a UV-compatible, 0.22 NA optical � ber
bundle. The optical collection system is characterized by
an overall N.A. of ;0.11, which corresponds to a 0.44
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FIG. 2. Representative LIBS spectra of bioagent simulants and back-
ground materials . Each spectrum is an average of 50–100 shots. The
prominent atomic lines are: Mg (;285 nm), Ca (393, 396, and 422.7
nm), Na (;589 nm), and K (;766 nm); approximate wavelengths are
given since some are unresolved or partially resolved multiplets. Mo-
lecular CN appears as a broad peak around 387 nm in some of the
spectra. Atmospheric N is visible at roughly 741, 743, and 746 nm, and
a prominent O line is apparent at 777 nm.

sr solid angle of collection. The � ber transmits the light
to a Roper Scienti� c PI-Max gated, intensi� ed CCD cam-
era (UV enhanced) mated to a 0.3-m Acton SpectraPro
300i spectrometer. This setup, collectively referred to
here as the Roper system, allows extremely accurate time
gating of the collected emission signal, on the order of 5
ns. The effective dispersion of the system using a grating
with 1200 grooves per millimeter is approximately 0.05
nm per pixel, allowing spectral window segments of ;50
nm to be recorded with each shot.

An aerosol stream was generated from a dry powder.
Aerosol particles were suspended in an air stream (5–20
Lpm of HEPA-� ltered air) using a 60-Hz excitation cur-
rent driving a loudspeaker. Software processing of each
acquired spectrum detects individual aerosol hits by mon-
itoring wavelengths corresponding to atomic emission
lines. The operation of the aerosol generator was varied
to result in a measured aerosol hit rate in the sample cell
between a maximum of one hit per 10 shots and a min-
imum of approximately one hit per 50 shots. As a result,
to � rst order, the frequency of double particle hits is be-
tween 0.01 and 0.0025.

RESULTS AND DISCUSSION

Broadband, Multi-particle Measurements. Figure 2
displays averaged LIBS spectra for the various classes of
biological simulants and representative background ma-
terials. The illustrated spectra are normalized by their to-
tal spectral power (integration of the entire spectrum),
and in the following discussion ratios of individual ele-
ments are determined by integration of the relevant atom-
ic peaks. Figure 2 also shows the LIBS spectrum of a
dirt sample in order to give some idea of inorganic aero-
sols likely to be encountered in the real environment. A
few conclusions can be drawn from visual inspection of
the individual LIBS spectra. Most important, each class
of biological sample has a distinctive feature: Ca : K ratio

¾ 1 in Bg, Ca : K ratio ½ 1 for fungal spores (e.g., Pen-
icillium), an overwhelming Na signal in the ovalbumin
spectrum, and a minimal sodium signal (combined with
Ca : K . 1) in pollen. In most of the biological samples
a relatively broad peak is seen around 387 nm, attributed
to recombination of CN in the cooling plasma. The peak
is also evident in diesel and spark-ignited engine exhaust,
where it has recently been used in conjunction with atom-
ic O and N measurements to quantify engine equivalence
ratio.26 Potentially, this molecular peak could be used to
separate predominantly carbon-based particles (mostly
biological) from inorganic particles. Phosphorus, with a
peak near 255 nm, is not readily visible in the bulk LIBS
spectra. This is likely due to the combined effect of de-
laying detection by 3.5 ms (phosphorus emission should
peak early because of its large excitation energy) and the
low (,30%) ef� ciency of the Ocean Optics grating and
CCD detector at this wavelength.

Even when operating signi� cantly above the detection
limits, as is the case with bulk samples, shot-to-shot re-
producibility of LIBS spectra can be poor because of var-
iations in the plasma volume, temperature, and electron
density. Variations of these plasma characteristics affect
both absolute and relative intensities of spectral lines.
Therefore, it is important to understand the magnitude of
these � uctuations relative to differences between samples.
Additionally, in order to be of utility for discriminating
classes of organisms from one another, the variation in
LIBS signatures between samples in the same class must
be signi� cantly less than the differences between samples
from different classes (i.e., LIBS signatures of two sam-
ples of Bg must be more similar to one another than to
corn smut). This issue is addressed in Fig. 3, which sum-
marizes the statistics of the major atomic lines in the
LIBS spectra of all 12 biological samples. The height of
each bar represents the average value of all the single-
shot, sum-normalized spectra of a given sample type, and
the error bars are drawn at 61 s. When the LIBS results
in Fig. 3 are compared with the analysis of Bg (different
samples of Bg) and fungal spores in Table I, there is very
good semiquantitative agreement across all four elements.
Among these four elements, the discriminating features
of each sample class are above the noise level set by the
shot-to-shot variations. In single-particle measurements,
other noise sources such as shot noise and variable par-
ticle ablation become important since many of the ele-
mental concentrations are near the LIBS detection limits.
Nonetheless, these initial results are encouraging in that
the reproducibility of the LIBS technique is suf� cient for
discriminating among this limited set of bioagent simu-
lants and interferants. It is interesting to note that, even
using only Mg, K, Ca, and Na lines, differences between
types of Bg, growth media, and fungal spores are signif-
icant, indicating that LIBS measurement of a few ele-
ments may be able to go beyond broad classi� cation and
differentiate more speci� cally, e.g., between different
types of fungal spores or bacterial spores grown under
different conditions.

To visualize and assess the discrimination potential of
LIBS (multi-particle, broadband), PCA was applied to the
30 most prominent lines in the data set. This analysis
provides a lower-dimensional representation of a data set
in a coordinate system that preserves the maximum
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FIG. 3. Bar plots representing major atomic lines in the LIBS spectra of the 12 biological samples. Each bar is drawn to the average value of the
atomic line intensity for each type of sample (intensity is normalized by total spectral power). The error bars are drawn at 61 standard deviation
and can be used as a guide to shot-to-shot reproducibility. Samples are annotated using the abbreviations in Table II.

amount of the data set’s variance (roughly its information
content).27 For discrimination between biological sample
classes, a reduced ‘‘training set’’ was constructed by de-
termining average spectra for each sample class (one for
Bg, one for fungal spores, etc.). These four spectra were
then used with a basic PCA procedure to generate a three-
dimensional coordinate system that best represented the
differences between each sample class. Each coordinate
is composed of a linear combination of atomic line in-
tensities weighted by their contribution to the training
set’s variance (they are the eigenvectors of the data’s co-
variance matrix). The atomic line intensities from each
individual, normalized spectrum were then used to put
each single-shot LIBS spectrum into the PCA space as a
single point. Figure 4 illustrates this three-dimensional
representation of the data, in which all four biological
sample classes are fairly well separated. The pollen data
set shows signi� cant spread, much of which is due to the
lower S/N of the pollen spectra. The lower S/N of the
pollen is probably due to the larger particle size of pollen
(20–60 mm), which makes it dif� cult to aerosolize and
fully ablate. The spread in each sample cluster is the com-
bined effect of shot-to-shot reproducibility and the true
variation between the different samples in each class
(e.g., oat smut vs. penicillium), which can both be seen
in the error bars of Fig. 2.

As suggested by Fig. 3, there are indications that LIBS
spectra can be used to differentiate samples within the
same class. This type of capability could be useful in
determining the source or identity of a particular bioae-
rosol. A PCA analysis on each sample class, using train-
ing spectra constructed from averages of each sample

type, such as the various Bg samples, was used to explore
this type of high-level discrimination. The results are
shown in Fig. 5. It appears that the LIBS spectra do pro-
vide signi� cant discrimination between the different
types of fungal spores, growth media, and Bg samples.
Since these spectra are not single particles, it is not clear
whether the different Bg spores are actually different or
if their spectral signatures come from impurities such as
residual growth media. Spectrally broadband single-par-
ticle measurements will be required to determine the or-
igin of these differences in LIBS signatures.

Some cautionary statements should be made about the
discriminatory power of LIBS. First, nearly all the ‘‘sig-
nature’’ elements of the biological samples can be found
in dirt. An example of this is the dirt in Fig. 2, which
contains Mg, Ca, K, and Na, albeit in different ratios than
either Bg or fungal spores. It is not hard to imagine, given
the diversity of the natural environment, that other types
of inorganic materials would have mineral signatures
very similar to the biological materials. The CN peak
does offer some discrimination but varies signi� cantly
among the samples of biological origin. Therefore, al-
though LIBS potentially offers better discrimination be-
tween biological materials, it might not perform as well
as current methods, such as � uorescence, in separating
dirt particles from biological aerosol particles. Further,
we should emphasize that the use of PCA in this work
is merely illustrative of the potential for LIBS-based dis-
crimination, but that more robust algorithms would likely
be required in real-world applications.

The presence of these signature elements in the inor-
ganic material also has signi� cant consequences for LIBS
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FIG. 5. PCA plots of each bioaerosol class. In this case, the principal components were determined from training sets comprising average spectra
of each speci� c type of bioaerosol. In all three cases, the � rst two principal components (PCA 1 and PCA 2) account for .95% of the training
set’s variance.

¬

FIG. 4. Three-dimensional scatter plot of the biological data set in the
principal component coordinates. Each data point represents a single
spectrum acquired from a single laser shot. The principal components
were computed using three linear combinations of the intensities of 30
lines from the spectra. Each class of bioaerosol contains three different
types, e.g., the fungal spore category is composed of penicillium, corn
smut, and oat smut.

of mixtures. Since the signatures of the simulants rely on
the relative intensities of multiple lines, rather than the
presence of a single unique line, it is not hard to imagine
that LIBS analysis of mixtures could easily cause inac-
curate classi� cation. An example, taken from this data
set, would be a mixture of ovalbumin (mostly Na and
CN) and dirt (mainly Ca and K). In the correct propor-
tions, this would have a nearly identical signature to the
LIBS spectrum of Bg. Although this study does not push
the limits of chemometrics, the exploitation of matrix ef-
fects, or pattern recognition, LIBS of single particles will
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TABLE III. Detection limits with Roper system at 5-ms delay, 60-
ms timing.

Element l (mm)

Mass detection
limit (3s)

(fg)

Minimum percent
concentration in

representative Bg
particle (wt %)

Ca
Na
Mg

422.67
589.0
285.2

30
100
20

1.5
5
1

FIG. 7. Peak/base ratio corresponding to Ca for 1000 shots with Bg
� owing through the sample cell. The upper trace, associated with the
right-hand axis, indicates the particle hit rate averaged over 10 s.

FIG. 6. Representative composite single-shot spectra of Bg, with in-
tensities unadjusted.

most likely be very useful for detecting bioagents and
discriminating them from the natural background.

Single-Particle, Narrowband Measurements. In or-
der to address the question of whether or not LIBS is
capable of detecting the amounts of Ca, Na, Mg, etc.,
present in single biological particles, narrowband single-
shot spectra of individual Bg particles in dilute � ows
were measured using the Roper system. Although the de-
tection limits mentioned earlier12 indicate that the relevant
concentrations should be readily detectable, the bioaero-
sol particles are complex matrices, and it is important to
verify that matrix effects do not elevate the detection lim-
its above the expected absolute masses. To obtain these
measurements, the aerosol generator was operated in a
regime in which the maximum particle hit rate is roughly
1:10. Thus, as noted above, the expectation is that the
incidence of simultaneous two-particle hits should be
roughly 1:100, but there was no way to measure coinci-
dence of particles directly in these experiments. Typical
mean particle sizes for the Bg aerosols, determined by
aerodynamic particle sizing, are roughly 2.5 mm.

Quanti� cation of LIBS peaks can be accomplished us-
ing several methods, such as by integrating the peak area
following baseline subtraction or by ratioing the peak
area to the baseline area. The latter quantity is referred
to as the peak/base ratio and has the bene� t of attenuating
� uctuations attributed to variations in the laser power as
both the peak strength and the baseline strength are func-
tions of the laser power. For measurements described in
this paper, the peak area and the peak/base ratio are close-
ly correlated. The peak/base ratio was used as the mea-
surement variable (e.g., Fig. 7), as it has been shown
(e.g., Ref. 18) that relatively robust calibrations, appli-

cable in the � eld where conditions may cause � uctuations
in laser power and/or transmitted light, are possible using
the peak/base ratio. Dedicated software analyzed individ-
ual spectra to determine the peak/base ratio for each el-
ement, which was then converted to the measured mass
of each element using laboratory calibrations.

A timing of a 5-ms delay after the laser pulse and a
60-ms gate width after the shutter opening allows rela-
tively good detection of all of the measured species. De-
tection limits for Ca, Mg, and Na (obtained with standard
aerosols of each element) are shown in Table III. These
are not optimized for each element, as were the detection
limits mentioned earlier.12 The detection limits shown in
Table III are related to the minimum percent concentra-
tion of the element in the hypothetical single-spore par-
ticle described in the Introduction. Based on the elemen-
tal analysis of Bg shown in Table I, these detection limits
suggest that individual spores are close to the detection
limit of our LIBS system as presently con� gured, but that
agglomerated particles should be readily detectable. As
agglomerates are expected in realistic situations, these re-
sults are equally relevant to the detection of real bioae-
rosol clouds. In addition, with the present system, detec-
tion limits for individual elements could be improved
with optimized delay and gate for each element.

With the limited spectral range of the Roper system, it
is not possible to measure all of the spectral lines at once,
as one may do with an echelle spectrometer or a suitably
con� gured linear array spectrometer. Hence, to visualize
the entire spectrum that may result from a single-particle
hit, a composite spectrum must be generated from a com-
bination of spectra from each of the spectral windows.
Figure 6 shows a composite single-shot, single-particle-
based spectrum of Bg. Ca, Na, and Mg are visible in the
spectra of single Bg particles. Although the ratios of
atomic lines in separate spectral windows are meaning-
less because they are not obtained from the same particle,
the composite spectrum can be used to gauge the relative
S/N of each element present in the bioaerosol. The back-
ground noise, which is primarily from the intensi� er and
the plasma itself, is somewhat more evident in single-
shot spectra than the average spectra, but the signals are
still much stronger than the background.

For these experiments, sets of 1000 spectra were taken
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FIG. 8. Histogram of Ca hits in aerosolized Bg, with peak/base ratio
.3s, for 1000 shots. In these spectra 3s ø 12.5.

TABLE IV. Atomic line statistics for single-particle spectra of Bg.

Line

Number of hits
(3 3 rms)
criterion

Peak/base
ratio
(hits)

Peak/base
rms noise

Deviation in
peak/base S/N

Mg 278 nm
Ca 422.67 nm
Na 589.0 nm

42
76
91

36.6
72.8

137.8

3.78
4.43

15.69

17.3
68.8
98.3

9.7
16.4
8.8

in each spectral window. Following the data acquisition,
software triggers were set to discriminate elemental peaks
(as relevant to the spectral window) using an adjustable
criterion for peak detection based on the measured rms
noise (s) in the spectral region immediately adjacent to
the relevant peak. Peaks and noise are both integrated
over the spectral line width. For many elements, includ-
ing all measured here, two lines are available in a single
spectral region, allowing software detection on one line
and veri� cation/quanti� cation on the other. For purposes
of these experiments, a 3s criterion is used; a spectrum
is classi� ed as a ‘‘hit’’ if the measured variable at the
peak is three or more times the rms value of the measured
variable in a region immediately adjacent to the peak.
Following software detection of the atomic lines, all spec-
tra classi� ed as hits were hand-checked to verify the hit,
and no false hits were detected.

Figures 7 and 8 illustrate the detection of Ca in aero-
solized Bg. Figure 7 shows the measured peak/base ratio
for 1000 laser shots. The Bg concentration � uctuates
somewhat during the experiment; the upper trace in Fig.
7 illustrates the particle hit rate, averaged over 10 s, as a
function of time. The average hit rate is approximately
1:10, but went as high as 1:5 for a short time near the
end of the experiment. The 3s hit criterion for Ca in the
Bg spectrum, based on a spectral region immediately ad-
jacent to the 422.7-nm peak of Ca, corresponds to a peak/
base ratio of 12.5, which is shown in Fig. 7 as a hori-
zontal line near the bottom of the � gure. Points above
this line correspond to hits of Ca-containing Bg. Figure
8 illustrates the 91 measured Ca hits from Fig. 7 in a
histogram, and the cumulative percentage (by number) of
hits as a function of peak/base ratio. In summary, based
on the frequency of hits, the majority can be assigned to
single-particle events with a high degree of con� dence.

Measured elemental signal strengths for Bg are shown
in Table IV, along with the standard deviation of each of

the measured peaks (some of this variation is due to the
distribution of particle sizes within the aerosol) and the
rms noise in that spectral region. The average S/N for
typical Bg particles is also shown in Table IV. This ex-
perimental data shows that detection of elemental con-
centrations relevant to single-particle detection of biolog-
ical particles is possible. Based on the data from Table
IV, each of the elements Ca, Mg, and Na has a S/N well
in excess of 3, suf� cient to discriminate individual par-
ticles, provided the spectral signatures of the single par-
ticles match those obtained in the multi-particle measure-
ments.

In addition to the technique’s sensitivity in terms of
optical signal strength, a central issue for any technology
being considered for bioaerosol detection is its sensitivity
in terms of minimum detectable particle concentration. In
the case of a bioagent release, detection of agent concen-
trations as low as 10 particles per liter within a time span
of less than 10 min may be required to prevent infection.1
In urban environments, the background aerosol concen-
tration in the size range 1–10 mm can be up to 10 000
particles per liter.28 Therefore, any aerosol sensor must
sort through a signi� cant amount of air and benign par-
ticles in order to interrogate the offensive agent. This is
particularly problematic for LIBS, which usually samples
;1 mm3 /laser shot at repetition rates ,50 Hz. Without
signi� cant modi� cation or new laser technology, a stand-
alone LIBS sensor would not be capable of achieving the
roughly 20-L/min sampling rate required for detecting
realistic concentrations of bioagents. The addition of air
concentrators and/or separate ‘‘cueing’’ detection tech-
nologies will most likely be required to increase the sen-
sitivity of LIBS so that it can deal with scenarios of this
type.

CONCLUSION

We have demonstrated that LIBS has signi� cant po-
tential as a bioaerosol classi� er. The technique is able to
resolve differing elemental ratios in biowarfare-agent si-
mulants and in common biological and environmental in-
terferants. Measurements combined with PCA suggest
that it may be possible to readily discriminate bioaerosols
from interferences. Single-particle analysis of Bg spores
reveals suf� cient sensitivity to detect Ca, Na, and Mg,
each with S/N . 3, illustrating that LIBS can be used to
detect single bioaerosol particles.

When considering the detection of a minority aerosol
species in the outdoor environment, laboratory measure-
ments can only go so far. The capabilities of LIBS must
be evaluated in the real outdoor environment. Future
studies may consider using sensitive echelle spectrome-
ters coupled with intensi� ed CCD cameras or a poly-
chromator/photomultiplier tube detector con� guration to
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obtain both wide spectral range and the high sensitivity
required to detect single particles.
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Abstract

In-use, fuel-based motor vehicle emission factors were determined using measurements made in a highway tunnel in

Pittsburgh, Pennsylvania. Concentrations of PM2.5 mass, CO, CO2, and NOx were measured continuously. Filter-based

measurements included PM2.5 mass, organic and elemental carbon (OC and EC), inorganic ions and metals. Fuel-based

emission factors for each pollutant were calculated using a fuel-carbon balance. The weekday traffic volume and fleet

composition varied in a consistent diurnal pattern with the estimated fraction of fuel consumed by heavy-duty diesel

vehicle (HDDV) traffic ranging from 11% to 36%. The emission rate of most species showed a significant dependence on

sample period. NOx, PM2.5, EC and OC emission factors were significantly larger during the early morning, truck-

dominated period. Emissions of particulate metals associated with brake wear (Cu, Sb, Ba and potentially Ga) were

emitted at higher rates during the rush-hour period, which is characterized by slower, stop-and-go traffic. Emission rates of

crustal elements (Fe, Ca, Mg, Li), Zn and Mn were highest during the early-morning period when there was more heavy-

truck traffic. A seasonal shift in average OC/EC ratio for the rush-hour period was observed; fall and summer OC/EC

ratios are 1.070.6 and 0.2670.06, respectively. Potential causes for this shift are increased partitioning of semi-volatile

organic compounds into the gas phase during the summer months and/or effects of seasonal changes in fuel formulation.

Emission factors for HDDV and light-duty vehicles (LDV) classes were estimated using a linear regression of emission

factor as a function of fleet composition. The extrapolated emission factors generally agree with previously published

measurements, though a substantial range in published values is noted.
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1. Introduction

Motor vehicles are among the most important
sources of gas- and particle-phase pollutants in the
urban atmosphere. Experiments in roadway tunnels
provide information about pollutant emissions from
.
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a large sample of in-use vehicles. Tunnel experi-
ments have been used to measure vehicle emission
rates in a range of geographic locations (see, e.g.,
Pierson et al., 1996; Kirchstetter et al., 1999; Gertler
et al., 2002; Chellam et al., 2005; Lough et al., 2005).
Substantial prior work has been done to quantify
gas-phase emissions on the East Coast (Pierson
et al., 1996), but fine particle emissions have not
been as well characterized, and there is more
disagreement between measured emission factors
and those derived from regulatory models (Kuhns
et al., 2004). Geographical variation in fleet age and
condition are important issues; for instance, high-
emitting or ‘smoker’ light-duty vehicles (LDV) can
emit large amounts of particulate matter (Zielinska
et al., 2004), and their portion of the fleet can vary
significantly with geographical location (Mazzoleni
et al., 2004).

The goal of this paper is to measure in-use motor
vehicle emissions in a highway tunnel in Pittsburgh,
Pennsylvania. Fleet average emission factors were
determined for gaseous species and PM mass,
organic carbon (OC), elemental carbon (EC) and
elemental metals. Measurements are combined with
traffic data to investigate the impact of vehicle fleet
composition and operating mode on emission rates.
Data taken during both fall and summer periods
allows the examination of seasonality in emissions.

2. Experimental methods

2.1. The Squirrel Hill Tunnel

The experiments were conducted in the two-lane
westbound bore of the Squirrel Hill Tunnel on
Interstate 376 in Pittsburgh, Pennsylvania. The
tunnel is 1.3 km long and has a 2.5% up-grade in
the westerly direction. The tunnel is ventilated
mechanically through ducts situated in the tunnel
ceiling and by the effects of traffic motion. The
sampling location was roughly 50m from the tunnel
exit; at this position the mechanical ventilation
system was under positive pressure and thus
pushing fresh air into the tunnel. The sample inlets
were inserted through an otherwise sealed ventila-
tion slit in the tunnel ceiling; several slits up- and
down-stream of the sample location were also
blocked. The majority of the measurements were
made during a two-week period in November of
2002. A more limited study was also performed in
the summer of 2004 to examine seasonal depen-
dence of organic aerosol emissions.
Traffic count and speed data were gathered
via a Remote Traffic Microwave Sensor (RTMS)
operated for the Pennsylvania Department of
Transportation (PennDOT). Fleet composition
was determined from PennDOT video by manually
counting heavy-duty (HD) vehicles. HD vehicles
include tractor-trucks, large single-unit trucks and
buses. City buses did not regularly pass through the
tunnel. While this approach separates vehicles by
size and not fuel-type, the assumption that most
large vehicles are diesel-powered and smaller ones
gasoline-powered is reasonable. Less than 5% of
HD vehicles with more than three axles in the
US fleet are gasoline-powered (VIUS, 2002). The
portion of LDV powered by diesel fuel is similarly
small; around 1% of vehicles in US households were
diesel powered (EIA, 1994) and at most 15% of
light-duty trucks are diesel powered (VIUS, 2002).
Therefore, we assume that all of the HD vehicles are
diesels (HDDV) and LDV are gasoline powered.

The portion of fuel use in the tunnel by HDDV
was calculated based on the HD vehicle number
counts from the video,

%fuelHD ¼
f HDUHD

f HDUHD þ ð1� f HDÞULD
, (1)

where fHD is the fraction of traffic identified as HD
and UHD and ULD are the fuel consumption rates
for HDDV and cars, respectively. Fuel consumption
values for cars and HDDV on an incline were
assumed to be 1272 and 4779 l (100 km)�1,
respectively (Pierson et al., 1996). Fuel consumption
rates of the US LDV and HD vehicle fleets have
remained essentially unchanged over the past 15
years (BTS, 2001; USDOT, 2004). Therefore,
these values represent a best estimate of in-use
fuel consumption rates as they were derived
from measurements taken under similar conditions
(in-use vehicles under load).
2.2. Air-quality measurements

The suite of continuous instruments and manual
samplers used to measure pollutant species concen-
trations during the November 2002 study is listed in
Table 1. Continuous instruments measured CO,
CO2, NO, NO2 and PM2.5 mass. The Tapered
Element Oscillating Microbalance (TEOM) oper-
ated at 30 1C with a PM2.5 cyclone and Sample
Equilibration System that incorporates a Nafion
dryer on the inlet. The CO2 monitor was the only
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Table 1

Instrumentation used in tunnel sampling site

Species measured Method Instrument Time resolution

CO2 Non-dispersive infrared Li-Cor LI-820 1min

NOX/NO Chemiluminensce API 200A 1min

PM2.5 TEOM with SES R&P 1400a 5min

CO Non-dispersive infrared API 300A 1min

Elemental and organic carbon Quartz/quartz-behind teflon Sunset Laboratory TOT 2/4/6.5 h

Size resolved mass and OC/EC MOUDI with Teflon/foil filters Sunset Laboratory TOT 2/4/6.5 h

Inorganic ions Teflon/nylon/cellulose filters with denuder Dionex DX-600/120 IC 2/4/6.5 h

PM2.5 metals Teflon/cellulose filters Agilent 4500 ICP-MS 6.5/8/12 h
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continuous instrument used during the summer
2004 study.

Integrated filter samples were collected to char-
acterize PM2.5 levels inside the tunnel. Based on the
diurnal patterns in tunnel traffic (discussed below),
three manual sampling periods (12–6 AM, 7–9 AM
and 10 AM to 4:30 PM) were defined to characterize
variation in emissions with fleet composition and
traffic characteristics. All manual sampling was
carried out during these time periods.

PM2.5 OC and EC were measured with a two-
channel sampler: one channel consisted of a quartz
filter (Bare-Q) and the other of a backup quartz
filter behind a Teflon (QBT) membrane filter
(Subramanian et al., 2004). The quartz filters
were analyzed using a modified version of the
NIOSH 5040 thermal-optical transmittance (TOT)
protocol in a Sunset Laboratory OC/EC Analyzer
(Subramanian et al., 2004). OC measured by the
backup quartz filter (QBT) is used to correct for
positive sampling artifact (Turpin et al., 2000).
Unless otherwise noted, all OC data reported in
the paper is artifact-corrected by subtracting the
OC on the backup filter from the bare quartz filter
(Q�QBT).

Samples to measure PM2.5 and gas-phase inor-
ganic ions were collected using a two-channel
sampler with each channel consisting of a filter
pack with a PTFE Teflon membrane filter, a nylon
filter, and a backup citric-acid-coated cellulose-fiber
filter in series; one channel operated with MgO and
citric acid denuders and the second channel
operated without the denuders (Takahama et al.,
2004). Ion chromatography was performed using
the method of Chow and Watson (1998) to yield
concentrations of PM2.5 Na, K, Mg, Ca, Cl,
ammonium, nitrate and sulfate and gas-phase
ammonia, hydrochloric acid, and nitric acid. Gas-
phase measurements were determined by taking the
difference of semi-volatile inorganic species concen-
trations between the two sampling lines.

PM2.5 samples for elemental analysis were col-
lected using a two-channel sampler with one
channel containing a Teflon filter and the other a
cellulose filter. Exposed filters were processed using
microwave-assisted digestion in a solution contain-
ing HNO3, HF, and H2O2. Digested samples were
then analyzed by inductively coupled plasma mass
spectrometry (ICP-MS). This method was used to
quantify the airborne concentrations of Ag, Al, As,
Ba, Be, Ca, Cd, Ce, Co, Cr, Cs, Cu, Fe, Ga, K, Li,
Mg, Mn, Mo, Ni, Pb, Rb, Se, Sb, Sr, Ti, Tl, V, and
Zn as described by Pekney and Davidson (2005).

To measure particle size distribution, two 8-stage
Micro-Orifice Uniform Deposit Impactor (MOU-
DI, MSP Corp.) were operated during the study.
One MOUDI was operated with aluminum foil
substrates and a quartz-fiber after-filter, and the
second with Teflon substrates. The Teflon filters
were used for gravimetric analysis followed by
elemental analysis by ICP-MS using the procedures
described above. The aluminum substrates were
used for OC/EC analysis as described by Cabada
et al. (2004).

2.2.1. Calculating fuel-based emission factors

Emission factors are calculated on a fuel basis
using a carbon balance of the major carbon-
containing exhaust constituents (Miguel et al.,
1998; Kirchstetter et al., 1999):

EFP ¼
D½P�

D CO2½ � þ D CO½ �

� �
MWp

MWC

� �
wc, (2)

where EFP is the emission factor of pollutant P in
grams (kg fuel)�1, D[P], D[CO2] and D[CO] are the
background-corrected pollutant, CO2 and CO con-
centrations measured in the tunnel, MWP and
MWC are the molecular weights of the pollutant
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and carbon, and wc is the weight fraction of carbon
in fuel. VOCs and particulate carbon were assumed
to contribute negligibly to the overall carbon mass
balance. The carbon weight fractions for gasoline
and diesel fuel were assumed to be 0.85 and 0.87,
respectively; a weighted average value for wc was
determined based on fleet fuel use for mixed fleet
conditions.

2.2.2. Background pollutant concentrations

All measurements in the tunnel were background
corrected using measurements made at the Pitts-
burgh Air Quality Study (PAQS) main site on the
Carnegie Mellon University (CMU) campus and
other sampling sites operated throughout Allegheny
County, none of which were strongly impacted
by local sources. Although the PAQS main site
was approximately 2 km to the northwest of the
tunnel sampling location, the strong regional
character of fine particle concentrations in the
Pittsburgh area supports the use of regional back-
ground measurements to correct the tunnel data
(Tang et al., 2004). In addition, tunnel concentra-
tions were typically much higher than background
concentrations, minimizing uncertainty associated
with the background correction. For example, the
average diurnal profiles of in-tunnel and regional
background PM2.5 mass concentrations are shown
in Fig. 1. Tunnel concentrations are significantly
above background levels throughout the day.

Background PM2.5 mass was measured with a
TEOM operated at the CMU site. Background
PM2.5 OC and EC data were measured with 24-h
quartz and quartz-behind-Teflon filters collected at
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Fig. 1. Average diurnal profile of in-tunnel (heavy solid line) and

background (light solid line) PM2.5 mass concentrations. Dashed

lines indicate7one standard deviation of tunnel concentration.
the CMU site. OC and EC levels during traffic
sampling periods were estimated by scaling the 24-h
background filter results with the time-resolved
TEOM data (Weitkamp et al., 2005).

Background metal levels were estimated using the
average ambient concentrations from PAQS daily
measurements taken during November and Decem-
ber 2001 with obvious plume-impaction events
removed. Elements with tunnel concentrations that
were not significantly above detection limits or
background levels were removed from the analysis;
tunnel concentrations of the species considered
were, on average, a factor of 7 higher than in the
background. Tunnel data for trace metals that
had concentrations less than the mean background
concentration plus two times the background
standard deviation were discarded.

Background levels of inorganic ion concentra-
tions were estimated based on averages of US EPA’s
Speciation Trends Network (STN) measurements
from two sites in Pittsburgh taken during the study
period. Concentrations of inorganic ions in tunnel
PM2.5 were not consistently significantly elevated
relative to the variable background levels.

Background NO, NO2, and CO mixing ratios
were taken as the average values of monitors
operated at 5 sites in Allegheny County (Weitkamp
et al., 2005); NOx concentrations in the tunnel were
at least a factor of 14 above background levels.
A composite diurnal profile for background CO2

was constructed based on measurements taken
periodically from the ventilation air.

3. Results and discussion

3.1. Fleet composition and traffic characteristics

The average diurnal traffic flow rate, vehicle
speed and fleet-fuel usage are shown in Fig. 2a–c.
A consistent, weekday diurnal traffic pattern was
evident throughout the study. Average traffic
characteristics for the specific periods selected for
manual sampling are listed in Table 2. These periods
encompass a range of fleet compositions and vehicle
operating conditions. The morning rush-hour per-
iod (6:30–9:00 AM) was dominated by slow-moving
light-duty traffic; on a number basis trucks com-
prised only 3% of vehicles, which is equivalent to
11% of fuel use (Eq. (1)). During the mid-day
period from 10 AM to 4:30 PM, the traffic volume
decreased slightly and both the average speed and
the proportion of HDDV increased. HDDV were
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most prevalent during the early morning hours
(between 12 and 6 AM); during this period traffic
flow thinned to a quarter of its daytime level and
average speed increased to 57mph. The data
indicate that the diurnal variation in fleet composi-
tion was largely due to changes in LDV volume; the
HDDV traffic volume was relatively constant
throughout the day.

Adequate video data for fleet composition identi-
fication were available for slightly more than half of
the manual sampling periods. In cases where direct
counting of vehicles was not possible (for example
when it was raining), fleet composition was defined
using the ratio of background-corrected NOx and
CO2 mixing ratios measured in the tunnel. A linear
regression of NOx/CO2 data from high traffic
periods onto HDDV fuel consumption fraction
yielded an excellent fit (R2 ¼ 0:92). This regression
equation was then used to derive estimated fleet fuel
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Fig. 2. Average diurnal profile of (a) heavy duty fuel use,

(b) vehicle speed and (c) traffic volume in the Squirrel Hill Tunnel

during the November 2002 study. In-use fleet fuel use is expressed

as a fraction of fuel consumed by diesel vehicles and was

estimated from traffic composition data using Eq. (1). Heavy line

indicates average profile with light lines indicating7one standard

deviation.

Table 2

Summary of sampling period traffic conditions

Period Time Speed (mile

Early morning (high truck) 12 AM–6 AM 56.571.5

Rush hour (low speed) 7 AM–9 AM 30.473.0

Mid-day (high speed) 10 AM–4:30 PM 49.373.8
use for those periods when video data were not
available.

3.2. Period average emission characteristics

Aggregated fuel-based emission factors for each
sampling period were calculated by averaging
emission factors weighted with the average fuel
consumption during the individual sample periods.
The sum of the background-corrected CO and
CO2 concentrations was used as the measure of fuel
consumption.

Period average fleet fuel use and emission factors
for PM2.5, OC (with and without positive artifact
correction), EC and elemental metals are shown in
Table 3. Background-corrected fine particle mass in
the tunnel was largely carbonaceous in nature, with
study average composition of 44% organic material
(OM ¼ artifact-corrected OC� 1.2 (Turpin and
Lim, 2001)), 42% EC, 5% sulfate, 2% ammonium,
2% chloride, 1% other inorganic and 4% elemental
metals. Filter measurements for speciated fine
particle concentrations collected in the tunnel
exhibited good mass closure with gravimetric mass
measurements with the sum of background-cor-
rected PM2.5 components accounting for an average
of 97718% of the gravimetrically determined
PM2.5 mass. The OC positive artifact correction
for each sampling period was 1876% of the total
OC mass measured on the bare quartz filter.

The results in Table 3 indicate that the emission
factors for many pollutants depend on fleet compo-
sition. For example, the fleet-wide fuel-based PM2.5

emission factor is two times higher during the
HDDV dominated early-morning hours than dur-
ing the LDV-dominated rush-hour period. EC and
OC emissions show a similar trend. Therefore, the
emission factors for HDDV are significantly higher
than those for LDV. Variability between measure-
ments made on different days during the same
sampling period is relatively small compared to the
variations between sampling periods.
s h�1) Traffic volume

(vehicles h�1)

% HDDV

(count basis)

% HDDV

(fuel basis)

860770 14.574.0 3678

38607180 3.470.5 11.071.6

32907150 6.071.1 19.272.1
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Table 3

Measured tunnel emission factors

Units High-speed (mid-day) Low-speed (Rush-hour) High truck (early morning)

% HDDV % fuel 1972 1172 3678

PM2.5 mg (kg fuel)�1 158729 189723 437776

EC mg (kg fuel)�1 110744 74727 153727

OC (Q-QBT) mg (kg fuel)�1 64728 6177 115721

OC (Bare Q) mg (kg fuel)�1 82729 7475 139712

NOX G (kg fuel)�1 1172 871 1874

NH3 mg (kg fuel)�1 183787 274772 272746

Al mg (kg fuel)�1 16607930 8507690 N/A

As mg (kg fuel)�1 N/A 2.371.0 5713

Ba mg (kg fuel)�1 360750 4507110 250750

Ca mg (kg fuel)�1 12707240 8407490 220071200

Ce mg (kg fuel)�1 2.970.7 2.371.2 4.472.1

Cs mg (kg fuel)�1 4.071.0 2.271.0 4.172.8

Cu mg (kg fuel)�1 145719 209754 98765

Fe mg (kg fuel)�1 54007800 490071300 700072100

Ga mg (kg fuel)�1 15.171.8 24.775.3 6.779.9

Li mg (kg fuel)�1 N/A 4.172.4 47726

Mg mg (kg fuel)�1 163720 5907150 11007300

Mn mg (kg fuel)�1 4877 92725 400790

Mo mg (kg fuel)�1 42.475.1 10.572.4 3.978.0

Pb mg (kg fuel)�1 N/A 1976 45754

Rb mg (kg fuel)�1 N/A 3.070.6 3.678.0

Sb mg (kg fuel)�1 3174 57712 1778

Sr mg (kg fuel)�1 11.271.4 11.172.8 10.675.3

Ti mg (kg fuel)�1 53.777.0 89.6723.3 54.9737.8

Zn mg (kg fuel)�1 7079 290770 21007820

Emission factors that are statistically significant relative to inter-sample variation and background concentrations are in underlined, bold

text. N/A ¼ tunnel concentrations below background.
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3.2.1. Metals emissions

Fig. 3 and Table 3 indicate that fine particle metal
emissions were dominated by Fe, Ca, Al, Zn and
Mg. Concentrations of Ba, Cu, Mn, Ti, Ce, Cs, Ga,
Li, Mo, Sb and Sr were also significantly above
background levels during all sampling periods,
while Ga, Li and Mo were not significantly elevated
relative to background levels during some sampling
periods.

Fe, Ca, Al and Mg are associated with crustal
components of road dust (Lough et al., 2005). Ca,
Ti, Fe, Zn, Ba, Cu, Sr and Sb particles have been
associated with brake-wear (Garg et al., 2000;
Sternbeck et al., 2002), but there is large variation
in reported emission rates due to variations in
sampling conditions and brake-pad compounds.
Rb, Pt, and Pd emissions are associated with
degradation of catalytic converters (Lough et al.,
2005); Rb and Pd were not elevated relative to
background, and Pt was not measured.

Fig. 3 shows that Ca, Mg, Zn, Mn, Mo, Sb, and
to a lesser extent Fe, emissions all exhibit significant
variation with sample period and thus appear
influenced by the fleet composition and/or vehicle
speed. Emissions of Ca, Mg, Zn and Mn were
significantly higher during the early-morning, HD-
vehicle-dominated testing period. Gertler et al.
(2002) found HD vehicles to emit significantly more
Ca and Fe than LD vehicles. However, they also
report a lower Mg emission factor for HD vehicles
than LDV—the opposite of what was observed
here. Zn in particular has been has been found to be
emitted in larger quantities by HDDV in other
studies (Lowenthal et al., 1994; Gillies et al., 2001).

Ba, Cu and Sb are associated with brake wear
particles (Garg et al., 2000); emissions of these
elements were all significantly higher during the
morning rush-hour period. Average speed during
this period was 30mph and is much more variable,
indicating more brake usage than other periods. The
ratio of Cu and Sb measured in the tunnel match the
diagnostic criteria of 4.672.3 proposed by Stern-
beck et al. (2002) for brake wear. Ga emissions were
also highest during this period.
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Table 4

PM2.5, EC and OC emission factors measured during the rush-hour period in November 2002 and July/August, 2004

Nov. 2002 July/Aug. 2004

Temp. (1C) 973 2672

N 3 14

PM2.5 (mg (kg fuel �1) 188723 213731

EC (mg-C (kg fuel) �1) 74727 111719

Artifact-corrected (Q-QBT)a OC (mg-C (kg fuel) �1) 6177 2974

OC/EC 1.070.6 0.2970.05

Not artifact-corrected (BareQ)b OC (mg-C (kg fuel)�1) 7475 6075

OC/EC 1.270.6 0.4870.08

Artifact Correction QBT/Q 1876% 3577%

aArtifact-corrected OC is determined by subtracting the OC measured on quartz backup filter (QBT) from the OC measured on the Bare

Q filter.
bBare quartz filter (Bare Q)–OC measurement includes positive artifact gas-phase material adsorbed onto filter.
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standard deviation of samples collected on different days.

A.P. Grieshop et al. / Atmospheric Environment ] (]]]]) ]]]–]]] 7
The Mo emission rate is significantly higher
during the mid-day sampling period—a period of
higher speed, more car-dominated traffic than other
periods. Mo is used as a component of automotive
catalysts and as an anti-friction additive in lubricat-
ing oils.

3.2.2. Seasonal shift in particle OC emissions

Comparing the measurements of PM2.5 mass, EC
and OC emissions made during the November 2002
and the July 2004 studies provides insight into
seasonal changes in emissions. Both studies mea-
sured emissions during the early morning rush-hour
period (6:30–9:30 AM). Fleet composition and
traffic flow during this period were similar in both
studies.
Emission factors and OC sample characteristics
for the fall and summer studies are compared in
Table 4. The overall PM2.5 emission rate is fairly
consistent between the summer and fall periods, but
there is a significant shift in the composition of the
emissions. EC emissions are modestly higher in the
summer, but artifact-corrected OC emissions are
reduced by a factor of 2. During the summer the
OC/EC ratio of emissions was 0.2670.06 versus
1.070.6 in the fall.

A potential explanation for this shift in emissions
is that changes in ambient temperature influence the
gas-particle phase partitioning of the OC emissions.
The average temperature during the summer study
was 16 1C higher than during the fall study. The
hypothesis is that under cooler fall conditions a
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larger fraction of the semi-volatile emissions exists
in the particle phase compared to summer condi-
tions. Recent dilution sampling measurements have
shown that sampling conditions can cause large
shifts in the partitioning of semi-volatile organics
in engine emissions (Lipsky and Robinson, 2006).
A roadside study also found significant volume loss
of volatile material from freshly emitted particles
upon heating (Kuhn et al., 2005).

Careful examination of the quartz filter OC data
provides evidence that supports the hypothesis that
there are significant seasonal differences in the gas-
particle partitioning of the OC emissions. As is seen
in Table 4, little seasonal dependence exists in the
OC emission factors calculated with non-artifact-
corrected bare quartz filters; however, a factor of 2
more OC is collected by the back up quartz filter
(QBT) during the summer than during the fall. This
is consistent with a much larger fraction of the
emitted organic material remaining in the gas phase
during the summer sampling period. The sampling
flow rates, total sample volumes and filter loadings
were essentially the same in both sets of measure-
ments, minimizing potential biases due to the
dependence of sampling artifacts on collection time,
face velocity, and OC loading on the filter (Sub-
ramanian et al., 2004). While artifact corrections are
imperfect measures of gas-particle partitioning of
organic matter (Turpin et al., 2000), the data
strongly suggests that ambient conditions are
having a significant impact on the partitioning of
freshly emitted particles.

A comparison of the PM2.5 mass measured with
the TEOM and MOUDI during the fall study
provides additional evidence for the loss of semi-
volatile mass with increased temperature. A linear
regression analysis of data from the two instruments
indicates that the TEOM operating at 30 1C
measured 13% less PM2.5 mass than the MOUDI
during the November 2002 period (R2 ¼ 0:81,
N ¼ 9). The average temperature inside the tunnel
was 9 1C versus 30 1C in the TEOM. Roughly half
the PM2.5 mass in the tunnel is organic material,
while only 3% is ammonium nitrate. Therefore, a
significant fraction of the mass discrepancy between
the TEOM and the MOUDI data is likely due to
loss of semi-volatile organic matter in the TEOM.
Assuming all mass lost in the TEOM is volatilized
OM explains the seasonal discrepancy in measured
OC emission rates.

Another potential explanation for the seasonal
shift in OC/EC emissions is changes in fuel
composition. Regulations require gasoline sold in
southwestern Pennsylvania to have substantially
lower Reid vapor pressure (RVP) during the
May–September ozone season (EPA, 2003). Refor-
mulated gasoline (RFG) has been demonstrated
to have a large impact on gaseous emissions
(Kirchstetter et al., 1996). However, Norbeck et al.
(1998) found little difference in the fine particle
emissions from LDVs operating on California
Phase 2 summer time RFG and pre-reformulation
gasoline.

3.2.3. Gas-phase species emission rates

NOx and NH3 emission factors for each sample
period are given in Table 3. Concentrations of both
of these pollutants inside the tunnel were signifi-
cantly higher than background levels. Fleet compo-
sition has a significant impact on NOx emission
factors; the early-morning (high-truck) period emis-
sion factor is twice that during the rush-hour period.
The emission factor for gas-phase NH3 was
relatively constant across testing periods (Table 3).
The study average ammonia emission factor is
2437122mg (kg fuel)�1, which is significantly lower
than values reported in a recent tunnel study
conducted in California by Kean et al. (2000).

3.3. LDV and HDDV emission rates

Table 3 indicates there is a strong dependence of
overall emission factors of several species on the
fleet composition in the tunnel, with HDDV
emitting significantly more on a fuel basis than
LDV. Previous studies have performed linear
regressions of emission data as a function of fleet
composition to estimate HDDV and LDV emission
factors (Gertler et al., 2002; Fraser et al., 2003).
Results from a similar analysis of the Squirrel Hill
tunnel data are summarized in Figs. 4a–d.

Fig. 4a shows NOx emission factors plotted
versus HDDV fuel use; a least-squares linear
regression fit to the data is used to estimate HDDV
and LDV emission factors. The results show
that NOx emission factor is well correlated with
estimated diesel and gasoline fuel consumption
(R2 ¼ 0:74). The extrapolated value for HDDV
agrees well with values from the literature
shown in Fig. 4a. The extrapolated value for LDV
NOx emission factor is somewhat lower than
many published values but similar to those found
by Durbin et al. (1999) in a dynamometer
study of model-year 1991–97 gasoline vehicles.
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Fig. 4. (a) NOx, (b) PM2.5, (c) EC, and (d) OC emission factors as a function of the fraction of fuel used by HDDV. Best-fit linear
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The agreement of the emission factors estimated
here with those from others’ work suggests that
vehicle classes are being accurately separated using
traffic count and video data.

Similar regressions for PM2.5, EC and OC
emission factors versus fleet composition yield
estimates for LDV and HDDV emission factors;
in all cases the fuel-based emission factors for
HDDV are significantly larger than for LDV.
Fig. 4b shows that the PM2.5 mass emission factors
based on the MOUDI measurements are well
correlated with fleet fuel use (R2 ¼ 0:80). On a fuel
basis, HDDV emit a factor of 25–40 more PM2.5

mass than LDV.
EC emission factors, shown in Fig. 4c, are
modestly correlated with fleet fuel usage
(R2 ¼ 0:58). The extrapolated LDV EC emission
factor is highly uncertain but significantly smaller
than the extrapolated HDDV EC emission factor.
Under the hot-stabilized operating conditions inside
the tunnel, LDV EC emissions are a factor of 10–20
lower than HDDV EC emissions.

Fig. 4d shows OC emission factors based on the
positive-artifact-corrected (Bare Q�QBT) filter
measurements. Again HDDV emissions are higher,
but the correlation between OC emission rate and
diesel fuel fraction is poor (R2 ¼ 0:24), significantly
worse than for other species. This indicates wider
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variability in OC emissions from vehicles and/or
inconsistent artifact corrections. OC emission rates
calculated based on Bare-Q data (not-artifact-
corrected) are modestly higher but do not provide
better correlations with fuel use, suggesting that
variation in OC emission rates is not associated with
artifact correction.

Comparison of the estimated vehicle-class PM2.5,
EC and OC emission factors to values from the
literature show that they generally fit within the
wide range of published values. Fig. 4b–d plot a
selection of published PM2.5, EC and OC emission
factors for LDV and HDDV. The LDV PM2.5

emission factor estimated here is a factor of 2 lower
than many of the literature values shown in Fig. 4b,
while the estimated HDDV PM2.5 emission factor
shows better agreement with prior work. The
extrapolated LDV EC emission factor shown in
Fig. 4c is consistent with values from the literature,
but the extrapolated HDDV EC emission factor is
roughly a factor of 3 lower than that found in many
other studies. Extrapolated LDV and HDDV OC
emission factors are both lower than values reported
in many studies, the value for HDDV significantly
so. The seasonal variation in measured OC emission
factors discussed above provides a potential ex-
planation for large variability in the published
values.

4. Conclusions

This study was carried out to provide a detailed
characterization of motor vehicle emissions in
conjunction with the Pittsburgh Air Quality Study.
Emission factors were determined from tunnel data
collected during three distinct periods: early morn-
ing (high proportion of heavy-duty vehicles), mid-
day (high speed, mixed fleet) and rush hour (low
speed, low proportion of heavy-duty vehicles).
Emissions of NOx, PM2.5, OC and EC had a strong
dependence on sample period, as did many of the
metals sampled, indicating a strong influence of fleet
composition and operating conditions on emissions.
Estimates for emission factors for light-duty gaso-
line vehicles and heavy-duty diesel vehicles were
determined by performing a linear regression on the
emissions and fleet composition data.

OC emissions were more variable than other
pollutants. Measurements made in the summer also
indicate a significant seasonality in OC emission
factors. There is evidence that these changes may be
due to changes in partitioning of semi-volatile
organic compounds associated with seasonal
changes in ambient temperature. If this is the case,
the impact of ambient conditions on sampling of
organic particulate matter must be considered when
measuring and interpreting emissions data. Further
work in this area is necessary to elucidate the nature
and evolution of organic PM from vehicles and
other combustion sources.
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Abstract 
 
 Three-dimensional chemical transport models have been previously applied to several 

particulate matter (PM) episodes in California, but fewer studies have been done in regions such 

as the eastern United States, where PM mass is dominated by sulfate and organics, in contrast to 

the high ammonium nitrate concentrations seen in California. Here, a three-dimensional transport 

model (PMCAMx+) is used to simulate PM mass in the eastern United States for a July 2001 

pollution episode. The performances of the model in this region is evaluated, taking advantage of 

the highly time and size-resolved PM and gas-phase data collected during the Pittsburgh Air 

Quality Study (PAQS).  PMCAMx+ uses the framework of CAMx, which models the processes 

of horizontal and vertical advection, horizontal and vertical dispersion, wet and dry deposition, 

and gas-phase chemistry.  Three detailed aerosol modules have been added to PMCAMx+ with 

the goal of maintaining accuracy while improving efficiency in three areas: inorganic aerosol 
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growth, aqueous phase chemistry, and secondary organic aerosol formation and growth. The 

model predictions are compared to hourly measurements of PM2.5 mass and composition at 

Pittsburgh, as well as to measurements from the AIRS and IMPROVE networks.  The 

performance of the model is evaluated and the main challenges encountered during PM 

simulations in this region are discussed.  

 
1. Introduction 
 

Atmospheric aerosols have been implicated in the development of adverse effects on 

human health, visibility reduction, the formation of acid rain and acid fogs, and changes in the 

energy balance of the planet.  Air quality standards have been proposed in the US for the daily 

and yearly average concentrations of PM2.5 and PM10 (particulate matter less than 2.5 µm and 10 

µm in diameter, respectively).  Three-dimensional chemical transport models that can accurately 

and efficiently describe the physical and chemical atmospheric transformations of atmospheric 

PM are crucial for developing emission control strategies to achieve these air quality standards. 

Evaluation of model performance requires both time and spatially-resolved 

measurements of particulate matter (including speciation), as well as the precursor gases.  Many 

field campaigns have been conducted in California, where the first ozone and PM chemical 

transport models were developed and applied (Russell and Cass, 1986; Pilinis and Seinfeld, 

1988; Lurmann et al., 1997; Meng et al., 1998; Sun and Wexler, 1998).  However, fewer studies 

have been conducted in areas such as the eastern United States (Mebust, 2003) where PM mass 

is dominated by sulfate and organics, in contrast to the high ammonium nitrate concentrations 

seen in California. 

Several chemical transport models have previously been applied with some success to 

various regions. The CIT (Meng et al., 1998; Harley et al., 1993), GATOR (Jacobson, 1997), 
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GATOR-GCMM (Jacobson, 2001), UAM-AERO (Lurmann et al., 1997), SAQM-AERO 

(Dabdub et al., 1998), and UAM-AIM (Sun and Wexler, 1998) models have all been applied to 

episodes in southern California. The URM model (Odman and Russell, 1991) has been applied to 

both southern California (Kumar et al., 1996) and an episode in the southern Appalachian 

Mountains (Boylan et al., 2002). Finally, the Models-3/CMAQ (Binkowski and Shankar 1995; 

Mebust et al., 2003) and CMAQ-MADRID (Zhang et al., 2004) models have been applied more 

extensively, including to the entire contiguous United States. 

One of the challenges in modeling chemical and aerosol transport is the tradeoff between 

accuracy and speed.  Simulation of aerosol processes consumes most (95%) of the computational 

time in these models.  As a result simplifying assumptions, such as assuming equilibrium 

between the gas and particle phases (i.e., Lurmann et al., 1997), are often used.  In this work, 

three detailed aerosol modules are presented, developed with the goal of maintaining accuracy 

while achieving good efficiency in three areas: inorganic aerosol growth (Gaydos et al., 2003; 

Koo et al., 2003a), aqueous-phase chemistry (Fahey and Pandis, 2001), and secondary organic 

aerosol formation and growth (Koo et al., 2003b). 

These modules are implemented in a state-of-the-art chemical transport model, 

PMCAMx+.  In addition to the detailed aerosol modules, PMCAMx+ uses the framework of 

CAMx (ENVIRON, 2002), which simulates horizontal and vertical advection, horizontal and 

vertical dispersion, wet and dry deposition, and gas-phase chemistry.  PMCAMx+ is applied to a 

July air pollution episode in the eastern United States.   The model predictions are evaluated 

against hourly measurements of PM and gas-phase data collected during the Pittsburgh Air 

Quality Study (PAQS) (Wittig et al., 2004), as well as daily average PM measurements taken 
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throughout the eastern United States by the IMPROVE (IMPROVE, 1995) and AIRS (U.S. EPA, 

2002) monitoring networks.   

 

2. Model Description  

 The general equation solved in the model to describe the change in concentration over 

time for a given species, ci, is: 
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The change in concentration resulting from advection, dispersion, gas-phase chemistry, emission, 

wet and dry deposition, aerosol processes (coagulation, condensation, and nucleation), and 

aqueous phase production, are all represented and will be discussed in more detail below.  The 

aerosol species are modeled using a sectional representation (Gelbard et al., 1980; Jacobson and 

Turco, 1995), assuming a uniform concentration for the particles in a given size section. In 

equation (1)  ci=ci,k represents the concentration of aerosol species i in section k. 

 As is typical in chemical transport models, an operator-splitting approach is used, with 

each process simulated separately for each time step.  The operator time step changes to ensure 

numerical stability for horizontal advection, and typically ranges anywhere from five to fifteen 

minutes.  Smaller time steps are used internally in the modules describing individual processes, 

such as condensation and aqueous phase-chemistry, where smaller time steps are often needed to 

obtain an accurate solution.  The simulation order of the processes is: emissions, horizontal 

advection, vertical advection, vertical dispersion, horizontal dispersion, wet deposition, gas-
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phase chemistry, aerosol processes (nucleation, coagulation, inorganic aerosol condensation and 

evaporation), secondary organic aerosol growth, and aqueous phase-chemistry. The approaches 

used are summarized below: 

Horizontal advection.  The advection equations are solved using the Piecewise Parabolic Method 

of Colella and Woodward (1984) as implemented by Odman and Ingram (1996).  The order of 

directions of horizontal advection is alternated to avoid any numerical biases that can develop 

when this order is constant.   

Vertical advection.  The equation for vertical transport is  

z
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where w is the net vertical velocity.  To calculate the vertical velocity profile, the atmospheric 

continuity equation is locally integrated through the depth of the vertical column. 

Vertical dispersion.  Vertical dispersion is represented by the equation: 
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where Kv is the vertical dispersion coefficient and is provided as a meteorological input and ρ is 

the atmospheric density. 

Horizontal dispersion.  Horizontal dispersion is simulated using the equation: 
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where KX and KY are the horizontal dispersion coefficients determined using a deformation 

approach based on the methods of Smagorinsky (1963).  KX and KY are calculated for each face of 

the grid cell and a maximum value is set to maintain numerical stability. 
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Gas-phase chemistry.  CAMx supports chemical mechanisms based on the Carbon Bond 

mechanism version 4 (CB4; Gery et. al., 1989) and the SAPRC99 mechanism (Carter, 2000). 

The chemical mechanism used in this application is based on the CB4 mechanism (Gery et al., 

1989).  The mechanism includes 100 reactions for 46 species (34 gas species and 12 radicals).  

The thirty-four gas-phase species modeled in PMCAMx+ are listed in Table 1.  The gas-phase 

chemistry reactions are numerically integrated using the Chemical Mechanism Compiler (CMC) 

solver (Environ, 2003).  The CMC solver is a fast and robust solver. It uses the steady-state 

approximation for fast reacting species (radicals) while the slower reacting (state) species are 

separated into two groups.  Fast state species (with chemical lifetimes of seconds to a few 

minutes) are solved using a second order implicit Runge-Kutta method, while slow state species 

(with longer chemical lifetimes) are solved explicitly.  In the base case simulations, the nighttime 

chemistry for the formation of HNO3 (g) is neglected, as will be discussed in more detail below. 

Wet deposition.  The change in concentration within or below a cloud due to precipitation is 

parameterized using a scavenging coefficient, Λ : 

i
i c
t
c

Λ−=
∂
∂

  (5) 

The scavenging coefficient is calculated separately for gases and particles, based on Seinfeld and 

Pandis (1998).  The mass transfer coefficient below the clouds depends on the droplet diameter 

and falling speed, which are calculated based on the empirical estimates of Scott (1978) and 

modified to better agree with the data provided by Seinfeld and Pandis (1998).  Within a cloud, 

Henry’s Law is used to partition the total gas concentration of a species between the aqueous and 

gas phases. For the case of aerosols, all aerosol particles are assumed to be within the cloud 

water.  Below the cloud layer, the collection efficiency depends on the particle diameter, dp 

(Seinfeld and Pandis, 1998). 
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Dry deposition.  Dry deposition is modeled using the resistance model of Weseley (1989).  For 

gases, the deposition velocity, vd, is calculated from three resistances in series: the aerodynamic 

resistance ra, surface resistance rs, and canopy resistance rc (vd=1/[ra+rs+rc]). For strong acids 

such as nitric and hydrochloric acid, the surface resistance is set to zero because of their high 

rates of uptake onto most surfaces. 

 For aerosol particles, the resistance approach of Slinn and Slinn (1980) as implemented 

by Kumar et al. (1996) is used.  The deposition velocity is given as: 

sedbaba
sedd vrrrr

vv
++

+= 1   (6) 

where vsed is the gravitational settling velocity.  

Aerosol species.  Thirteen aerosol species (listed in Table 2) are included in the model.  Several 

of these species, primary organic aerosol, primary elemental carbon, crustal material and sodium 

are present only in the aerosol phase. The secondary organic species, chloride, ammonium, 

nitrate, and sulfate partition between the gas and aerosol phases. 

Nucleation. The nucleation rate is calculated using the ternary NH3-H2SO4-H2O parameterization 

of Napari et al. (2002).  The parameterization uses the NH3 gas-phase concentration, H2SO4 gas-

phase concentration, temperature, and relative humidity as inputs, and provides a nucleation rate 

as output.  Because of the relatively large concentrations of water vapor, water is assumed to be 

in equilibrium with the aerosol phase.  The amount of water in the aerosol phase is calculated 

using the thermodynamic module ISORROPIA (Nenes et al., 1998). 

Coagulation.  The coagulation rate of aerosol particles was modeled using the approach of 

Tambour and Seinfeld (1980).  The generalized coagulation coefficient for the collision of two 

particles is defined as: 
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( )( )βπ 212112 2 DDDDK pp ++=   (7) 

 where β  is the Fuchs correction factor (Fuchs, 1964).   A high-resolution distribution is used 

for the coagulation calculations by subdividing each section of the original distribution into three 

sections. 

Inorganic aerosol formation.  PMCAMx+ allows the user to choose between three methods for 

solving the inorganic aerosol condensation/evaporation equation, depending on the 

computational efficiency and level of accuracy desired.  The simplest and most efficient 

approach is the bulk equilibrium approach, with equilibrium being assumed between the bulk 

aerosol and gas phase for inorganic species.  The equilibrium model employed in this work has 

been described by Capaldo et al. (2000). The amount of each species transferred between gas and 

aerosol phases is determined by bulk aerosol thermodynamics using ISORROPIA (Nenes et al., 

1998), and is distributed over the aerosol size distribution by using a weighting factor for each 

size section k, fk, based on the surface area of each size section (Pandis et al., 1993; Lurmann et 

al., 1997): 
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  (8) 

where Nk and dk are the number and diameter, respectively of particles in section k, βk=2λ/adk, a 

is the accommodation coefficient, and λ is the mean free path of the species transferred (Pandis 

et al., 1993). 

 The second approach is the hybrid approach, which assumes equilibrium for the smaller 

particles (< 0.625 µm) and solves mass transfer explicitly for the larger particles (Capaldo et al., 

2000).  Finally, a fully dynamic approach can be used, where mass transfer is simulated 

explicitly for all particles (Pilinis et al., 2000).  This is the most accurate method, but requires 
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significant computational resources for use in three-dimensional transport models at this time.  In 

the hybrid and fully dynamic approaches, the mass transfer equations are solved using the 

trajectory-grid method (Gaydos et al., 2003).  The equilibrium approach requires about 7.5 CPU 

hours per simulation day on a 1.8 GHz AMD Opteron CPU.   

Secondary organic aerosol (SOA).  Four secondary organic aerosol species are modeled.  The 

condensable organic gases are represented by the species CG1 to CG4, while the corresponding 

secondary organic aerosol species are labeled SOA1 to SOA4.  The condensable gases, CG1 and 

CG2 correspond to the low and high yield products, respectively, from oxidation of toluene and 

the xylenes.  The condensable oxidation products from paraffins, anthropogenic olefins (model 

species OLE), and cresol are lumped into CG3. The oxidation products from biogenic olefins 

(OLE2) are assigned to CG4.  The VOC precursor, aerosol yield, saturation concentration, and 

heat of vaporization of each of the SOA condensables is shown in Table 3. 

Equilibrium is assumed between the gas and aerosol phase using the Secondary Organic 

Aerosol Model (SOAM II) of Strader et al. (1999) as implemented by Koo et al. (2003b).  The 

condensable gas products are partitioned between the gas and aerosol phases similar to the 

inorganics (Eq. 8) with an additional factor to account for the aerosol composition using the 

pseudo-ideal solution assumption (Koo et al., 2003b).  The temperature dependence of saturation 

concentrations is considered by the Clausius-Clapeyron equation. 

Aqueous phase chemistry.  The variable sizes resolution model (VSRM) of Fahey and Pandis 

(2001) is used to model aqueous phase chemistry.  The model is based on the chemical 

mechanism of Pandis and Seinfeld (1989), with the addition of Ca2+ to the list of aqeuous-phase 

species and H2SO4 to the gas phase (Fahey and Pandis, 2001).  When the liquid water content is 

larger than 0.05 g m-3, aerosol particles larger than the activation diameter of 0.7 µm (Strader et 
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al., 1998) are assumed to instantly form cloud droplets.  The model selects whether to use a bulk 

or two-section (split at 2.5 µm dry diameter) approach for each operator time step for each cell 

using the decision algorithm of Fahey and Pandis (2001). 

 

3. Model application 

PMCAMx+ is applied to a seventeen day (July 12-28, 2001) episode in the eastern 

United States.  The simulation begins on a day (July 12) when the measured PM concentrations 

were low in the northeast US to limit the effect of the initial conditions on the results.  For initial 

and boundary conditions, low or zero background concentrations are used for all species (see 

Tables 1 and 2).  The aerosol module includes ten size sections varying in size from 40 nm to 10 

µm, with the equilibrium approach being used to model aerosol condensation and evaporation.  

The modeling domain covers a 3492x3240 km region in the eastern United States with 36x36 km 

grid resolution and fourteen vertical layers totaling 6 km (Figure 1).  Inputs to the model include 

horizontal wind components, temperature, pressure, water vapor, vertical diffusivity, clouds, and 

rainfall, all created using the meteorological model MM5 (Grell et al., 1995).   

Emission inventory.  The emission inventory used is Midwest Regional Planning Organization’s 

Base E inventory (LADCO, 2003).  This inventory (including primary carbonaceous material) is 

based on the U.S. EPA’s 1999 National Emissions Inventory (version 2.0) (U.S. EPA, 2001).  

Spatial and temporal improvements have been made to the EPA inventory. The improvements 

include the ammonia emissions (Pinder, 2004), the use of MOBILE6 for vehicular sources (U.S. 

EPA, 2003), BIOME3 for biogenic emissions (Wilkinson and Janssen, 2001), and the updated 

dust emissions.  Three different representative days are available from the inventory: an average 

weekday, Saturday, and Sunday.  There are two types of emissions, elevated point sources and 
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gridded area sources, which include mobile sources, area/non-road mobile sources, and biogenic 

sources. 

3.1 Predicted PM Concentrations 

 The average predictions over the entire period of simulation (July 12-28, 2001) for PM2.5 

mass, sulfate, nitrate, ammonium, total carbon, and ozone are shown in Figure 2.  The highest 

concentrations for most PM species are seen over the Midwest, while similar ozone 

concentrations are seen over a significant portion of the modeling domain.  Overall, sulfate 

accounts for 36.5% of total PM2.5 at ground level averaged over the entire domain, followed by 

OC (31.3%), ammonium (13.1%), EC (4.4%), and finally nitrate (2.6%).  The remaining 12.3% 

is from crustal material and other metal oxides.  The model predictions are explored in more 

detail in the next section where they are compared to the measurements. 

 

3.2 Model Performance 

The model predictions are first compared to hourly measurements (for both particulate 

matter and gases) taken during the Pittsburgh Air Quality Study (PAQS) (Wittig et al., 2004).  

To cover a larger spatial scale, the model results are also compared to daily average 

measurements from the U.S. EPA’s AIRS monitoring network (U.S. EPA, 2002) and the 

IMPROVE network (IMPROVE, 1995).  The fractional bias (FBIAS), fractional error 

(FERROR), mean bias (BIAS), and mean error (ERROR) are calculated to assess the model 

performance: 

∑
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where N is the number of measurements, Pi is the predicted concentration, and Oi is the 

corresponding observed concentration. The comparisons for the inorganic PM2.5 species and total 

PM2.5 are shown in Figure 3 and the comparisons for total atmospheric concentrations (gas + 

particulate matter) are shown in Figure 4.   

 

PM2.5 sulfate.  Sulfate makes up the largest portion of the PM2.5 mass in Pittsburgh, both for the 

measurements and predictions. The sulfate predictions generally compare well with the 

observations although the model underpredicts on the 18th-19th, and 22nd-24th.  The model 

performs poorly for all species during these two periods, with the systematic underpredictions 

and simultaneous decrease in all species indicating a poor representation of wet deposition in the 

model.  The meteorological model predicts too frequent rainfall and also does not accurately 

represent the timing of rainfall. For example, significant rainfall is predicted a day earlier (on the 

18th) than it actually occurred in Pittsburgh.  The supplied meteorological inputs exhibit a 

significant overprediction of convective rainfall (LADCO, 2004), that leads to the above 

discrepancies. With this overprediction of rainfall, the mean bias and error are -1.75 and 3.94 

µg/m3, respectively. The measured average sulfate concentration was 10.03 µg/m3 compared to 

the predicted average of 8.29 µg/m3.  The daily average predicted concentrations exhibit this 
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same underprediction throughout most of the domain (Tables 5 and 6), again largely because of 

the overprediction of convective rainfall.  The average daily average sulfate concentration 

measured at the AIRS monitoring stations was 6.21 µg/m3 and the model predictions have a 

mean bias and mean error of -1.2 µg/m3 and 2.3 µg/m3, respectively.  The mean bias and error 

compared to the IMPROVE measurements are similar, -1.62 and 2.68 µg/m3, respectively.   

 

PM2.5 nitrate.  Measurements of both total nitrate (particulate + gas) and PM2.5 nitrate were taken 

during PAQS.  PM2.5 nitrate shows a strong diurnal pattern in Pittsburgh, with the concentrations 

typically peaking early in the morning when the low temperatures are more favorable to nitrate 

transfer to the particulate phase.  During the day, when the nitric acid tends to stay in the gas 

phase, the model predictions compare well with the observations except on the days where the 

poor representation of wet deposition affects the model performance.  However, the model 

significantly underpredicts the daytime peaks of total HNO3 on many days (Figure 4), although 

the agreement is better during the night.   The total nitric acid predictions will be discussed in 

more detail later as these results are compared to the results when nighttime HNO3 chemistry is 

included.  The measured average PM2.5 nitrate in Pittsburgh is 0.57 µg/m3, with a mean bias and 

mean error of the predictions -0.20 and 0.56 µg/m3, respectively.  These results are consistent 

with the results of Takahama et al. (2004), who evaluate the ability of current thermodynamic 

models to predict the partitioning of nitrate between the gas and aerosol phase and also detail the 

uncertainty and some of the issues regarding the measurements taken during PAQS.  Comparison 

with the AIRS and IMPROVE data reveal under and overpredictions throughout the modeling 

domain.  Overall, the mean bias and error of the predictions are -0.12 and 0.57 µg/m3 compared 

with the AIRS measurements (with a measured mean of 0.7 µg/m3), and the mean bias and error 
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of the predictions are -0.01 and 0.28 µg/m3 compared with the IMPROVE measurements (with a 

measured mean of 0.29 µg/m3). 

 

Ammonium.  In Pittsburgh, the total ammonium (particulate + gas) concentration was measured 

using the steam sampler of Khlystov et al. (1995).  The model performs well compared to the 

observations (Figure 4), again with the exceptions of the 18th-19th and 22nd-24th.  The mean bias 

is only -0.31 µg/m3, although the mean error is higher at 1.12 µg/m3 (Table 3).  The PM2.5 

ammonium predictions are unbiased compared with the AIRS measurements, with a fractional 

bias of -0.03 and a mean bias of -0.10 µg/m3.  The fractional error of the ammonium 

measurements is 0.54 and the mean error is 0.83 µg/m3 compared to the measured average of 

1.80 µg/m3.  These higher errors are probably related to the poor correlation of the nitrate 

predictions, since the partitioning of ammonia and HNO3(g) are directly related.  These 

encouraging results for ammonia reflect the improvement in the corresponding inventory made 

by Pinder et al. (2004). Most of the IMPROVE stations had many missing values for PM2.5 

ammonium and the model predictions were not compared to the few available measurements.  

 

PM2.5 carbon. For carbonaceous PM, the model predictions are compared against OC, EC, and 

the combined total carbon (TC) measured.  A multiplier of 1.2 was applied by LADCO to 

convert OC to organic mass (OM) when creating the emission inventories, so this factor is used 

to convert the modeled primary OM back to OC when comparing with the measurements.  For 

secondary organic aerosol, where a significant portion of the organic mass comes from oxygen 

and nitrogen, a multiplier of 1.8 is used.  The methods used in measuring OC and EC during 

PAQS are described in Cabada et al. (2004).  In Pittsburgh, the predicted total carbon and OC 
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concentrations compare reasonably well with the measurements, while the predicted EC 

concentrations are a factor of two higher than the measurements on average (Figure 5).  The 

discrepancies are more pronounced at night. Although there are some days where the nighttime 

peak observed EC concentrations are similar to the predictions, on most nights the observed 

concentrations are considerably lower.  The model performs the worst compared to the AIRS 

measurements, where the NIOSH TOT protocol (NIOSH, 1999) is used for measuring EC and 

OC.  The EC predictions are nearly a factor of three higher than the measurements on average 

while OC and TC are significantly underpredicted.  The comparison with the IMPROVE 

measurements is better, where the TOR protocol (Chow et al., 1993) is used to analyze the 

filters.  Many of the EC predictions agree well with the observations, although there are four 

IMPROVE monitoring stations where the model significantly overpredicts the amount of EC.  

The comparison with the OC measurements is unbiased, although there are many points that are 

significantly over or underpredicted, as with total carbon.  Chow et al. (2001) directly compared 

measurements analyzed using the NIOSH TOT and IMPROVE TOR protocols and found 

NIOSH EC was typically less than half of IMPROVE EC, consistent with our findings.  Since 

the inventories of most of the major sources of carbonaceous material were constructed using the 

TOR protocol (Bhave, 2004), the better agreement with the IMPROVE measurements is 

encouraging.  In addition, the total carbon measurements between the two methods compare 

better if a blank correction, which corrects for collection of gaseous carbonaceous material on 

the filters, is applied to the NIOSH TOT measurements (the IMPROVE measurements already 

include this correction).  Graham (2004) found that a blank correction of ~1 µg/m3 on average is 

needed to bring the two methods into agreement.  With this correction, the model predictions for 

total carbon will than have a slight positive bias compared to the AIRS measurements, consistent 
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with the positive biases observed when the model predictions are compared to the Pittsburgh and 

IMPROVE measurements. 

 

PM2.5 mass.  PM2.5 mass is equal to the sum of the above components, with the addition of 

crustal material and other metal oxides.  As with most of the individual species, the model 

predictions generally agree with the measurements at Pittsburgh (Figure 3) with the exception of 

the two periods where the poor representation of wet deposition affects the model performance.  

Even with these periods where the model significantly underpredicts, the overall performance of 

the model is encouraging, with a fractional bias of -0.16 and a fractional error of 0.31.  The mean 

bias is -4.65 µg/m3 and the mean error is 7.42 µg/m3, while the measured and predicted PM2.5 

mass concentrations average 24.2 µg/m3 and 19.7 µg/m3, respectively, over the 17 day period.  

Comparing the preditions to the measurements from the AIRS network reveals a similar mean 

bias and error, -4.11 µg/m3 and 7.39 µg/m3, respectively.  These errors represent a greater 

fraction of the measured values, however, as the observed average PM2.5 concentrations are 6 

µg/m3 less than in Pittsburgh.  The comparison with the IMPROVE observations again is similar, 

with the same fractional error (0.48) as the comparison with the AIRS measurements, and a 

similar fractional bias (-0.29 compared to -0.23).  Comparing the biases of the individual species 

with the bias for overall mass indicates that a significant portion of the error is a result of 

underprediction of the “other” or “unidentified” species. Only 30.7% of the underprediction is 

accounted for by the individual species measured in Pittsburgh, 62.3% for the AIRS network, 

and 42.9% for the IMPROVE network. Rees et al. (2004) provided strong evidence that this 

unexplained mass found in PM2.5 mass measurements in the Eastern US is due to water retention 

in the filters used for these mass measurements. 
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The modeling domain has been broken down into six regions (Figure 6) to help to 

identify how the model performs in different areas against the AIRS measurements.  The 

performance metrics of the model predictions compared with the AIRS measurements in each 

region are shown in Table 7.  The model underpredicts PM2.5 throughout most of the domain, 

with a significant negative bias in regions I, III, V, and VI.  The exception again is in region II, 

where the model overpredicts by an average of 25%.  Assuming the overprediction of convective 

rainfall is also present in this region, this tendency to underpredict must be counteracted by some 

other factor, such as a poor understanding of the ammonia and/or SO2 emissions inventory in this 

area.  The model performs the best in region IV, with the predictions 11% lower than the 

measurements on average, although the mean error is still significant at 6.59 µg/m3 compared to 

the measured average of 17.44 µg/m3 in this region. 

 

Gases: Ozone, NOx, SO2.  Predictions for four gas species, ozone, NO, NO2, and SO2 were also 

compared with hourly measurements from PAQS (Figure 7).  The ozone predictions exhibit the 

strong diurnal pattern seen in the measurements, with the predictions comparing fairly well with 

the nighttime lows and the daytime concentrations generally underpredicted.  For NO2 the 

diurnal pattern is opposite that of ozone, with a bimodal peak usually seen during the night.  The 

model tends to predict higher concentrations than observed for the first peak, with the second 

peak is in better agreement.  NO peaks around 6:00 or 7:00 EST and remains at a low value the 

remainder of the time.  The peak  model predictions agree well with the observations, but the 

predicted NO drops down to zero on many nights while the observed NO typically remains at or 

above 2 ppb.  Unlike the other gases, no typical diurnal pattern is seen for SO2.  
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Sensitivity to HNO3 chemistry. Most species do not exhibit significant changes when the HNO3 

nighttime reactions are included.  The PM2.5 concentrations of sulfate and carbonaceous species 

do not change significantly compared to the base case, as the increased amount of HNO3 (g) does 

not affect the partitioning of these species between the gas and aerosol phase.  Ozone is also not 

affected significantly (increasing by about 1 ppb compared to the study average of 40 – 50 ppb 

throughout much of the domain).  Both PM2.5 nitrate and ammonium increase, however, as 

equilibrium between the gas and aerosol phase for these species is directly affected by the 

increase in HNO3(g).  Although the total ammonium (gas + particulate) does not change 

significantly, the partitioning of ammonium between the gas and aerosol phase is affected.  The 

largest changes are seen in the area surrounding Philadelphia and in the Midwest (Region II), 

where the PM2.5 predictions are about 1.5 µg/m3 higher than the base case (a 30-40% increase).  

The PM2.5 nitrate predictions increase by an even larger amount, up to 5 µg/m3 in some places, 

while the total nitrate increases by up to 10 µg/m3.   

The predictions from both cases were compared with hourly total nitrate measurements, 

which were taken during PAQS using the steam sampler of Khlystov (1995) and corrected by 

comparing them with 4-6 hourly average measurements collected using filter-based methods 

(Wittig et al., 2004).  The results from the base case are shown in Figure 4, while the results 

including nighttime HNO3 production (Case II) are shown in Figure 8.  The measurements show 

a strong diurnal pattern, with high concentrations during the day and lower concentrations at 

night, similar to the bas case predictions.  In contrast, the highest predictions for Case II are seen 

at night, with the predictions an order of magnitude higher than the measurements at midnight on 

the 16th, 18th, 23rd, 25th, and 26th (29% of the days).  The mean bias and error calculated for each 

scenario for both the nighttime (20:00 to 6:00 EST) and daytime (6:00 to 20:00 EST) are shown 
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in Table 8.  For the base case, the amount of total nitrate is underpredicted at night, with a mean 

bias of -0.30 µg/m3 and a mean error of 1.64 µg/m3.   This comparison is much better than for 

Case II, however, where the predictions are almost a factor of five higher than the measurements 

(with a mean bias of 6.43 µg/m3 and a mean error of 6.83 µg/m3 compared to the measured 

average of 1.63 µg/m3.  Case II compares better with the measurements during the day, although 

this is largely because of the high nighttime concentrations carrying over into the daylight hours 

on some days.  Both cases are unable to reproduce the high peak concentrations (20 – 30 µg/m3) 

measured on several days.  This poor agreement does not affect the PM predictions significantly, 

however, as most of the nitric acid remains in the gas phase at the higher temperatures observed 

during the day.  This comparison indicates that the nighttime nitrate production is significantly 

overpredicted in the model for reasons that are not clearly understood at the moment. 

 

7. Conclusions 

 A detailed three-dimensional chemical transport model, PMCAMx+, is presented and 

applied to an episode in the eastern United States.  Although the model predictions generally 

agree with the observations in Pittsburgh, there are two periods where the model underpredicts 

significantly for all modeled species, indicating a poor representation of wet deposition 

(overprediction of convective rainfall) in the model.  This systematic underprediction also 

appears in the comparison with the daily average predictions throughout the modeling domain.  

The exception is in Region II (the Midwest), where the model significantly overpredicts the 

PM2.5 mass and speciated concentrations. 

 Simulations both with and without the uncertain nighttime HNO3 chemistry are included, 

and the results from both cases are compared to hourly total HNO3 concentrations in Pittsburgh.  
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The base case results, without this uncertain chemistry, provide a more accurate representation of 

the nighttime HNO3 levels, while including this chemistry results in predictions that are a factor 

of five higher than the observations on average, and an order of magnitude higher on 29% of the 

modeled days.  Neither case accurately predicts the high HNO3 levels observed during the day.  

This does not affect the PM2.5 nitrate predictions significantly, however, as most of the nitric acid 

remains in the gas-phase because of the temperatures observed during the day. The simulation of 

nighttime chemistry is a topic of ongoing research. 

 Finally, OC and EC predictions are compared to measurements taken using two different 

analysis methods, the TOR and TOT protocols.  The comparisons with the TOR protocol are 

better than with the TOT protocol.  This is not surprising since the emission inventories for most 

of the major OC and EC sources were constructed using this protocol.    Even when compared 

with the IMPROVE TOR improvements, however, EC is significantly overpredicted and there is 

a high level of inconsistency in the prediction of OC and TC, indicating that large areas of 

uncertainty still remain in these emission inventories.  Overall, these initial results in the eastern 

United States are encouraging, but indicate that significant improvements are needed in several 

uncertain areas. 

 

7. Acknowledgements 

 The authors wish to thank the Lake Michigan Air Directors Consortium (LADCO) for 

providing the meteorological files and the area and point emission files. This research was 

conducted as part of the Pittsburgh Air Quality Study, which was supported by the US 

Environmental Protection Agency (EPA) under contract R830961 and the US Department of 

Energy National Energy Laboratory under contract DE-FC26-01NT41017.  This paper has not 



 

 21

been subject to EPA’s peer and policy review, and therefore does not necessarily reflect the 

views of the Agency.  No official endorsement should be inferred.   

 
8. References 

Bhave, P.V. 2004. Measurement Needs for Evaluation Model Calculations of Carbonaceous 

Aerosol. Presented at the EMEP Workshop on Particulate Matter Measurement & 

Modeling, April 20-23, New Orleans, LA. 

Binkowski, F.S., and Shankar, U., 1995. The Regional particulate Matter Model. 1: Model 

Description and Preliminary Results, Journal of Geophysical Research 100, 26,191-

26,209. 

Boylan, J.W., M.T. Odman, J.G. Wilkinson, A.G. Russell, K.G. Doty, W.B. Norris and R.T. 

McNider, 2002. Development of a comprehensive, multiscale "one-atmosphere" 

modeling system: application to the Southern Appalachian Mountains, Atmospheric 

Environment 36, 3721-3734. 

Cabada, J.C., and S. N. Pandis.  2004.  Estimating the secondary organic aerosol contribution to 

PM2.5 using the EC tracer method, Aerosol Science and Technology, in press. 

Capaldo, K.P., C. Pilinis, and S.N. Pandis.  2000.  A computationally efficient hybrid approach 

for dynamic gas/aerosol transfer in air quality models.  Atmospheric Environment 34, 

3617-3627. 

Chow, J.C. et al. 1993.  The DRI Thermal/Optimal Reflectance Carbon Analysis System: 

Description, Evaluation and Applications in U.S. Air Quality Studies, Atmospheric 

Environment 27A, 1185-1201. 

Chow, J.C., J.G. Watson, D. Crow, D.H. Lowenthal, and T. Merrifield.  2001. Comparison of 

IMPROVE and NIOSH Carbon Measurements. Aerosol Science and Technology 34, 23-

34. 

Colella, P., and P.R. Woodward.  1984.  The Piecewise Parabolic Method (PPM) for Gas-

dynamical Simulations.  Journal of Computational Physics 54, 174-201. 



 

 22

Dabdub, D., Dehaan, L., Kumar, N., Lurmann, Fl., and Seingfeld, J.H., 1998. Computationally 

Efficient Acid Deposition Model for California, Draft Report Contract 92-304, California 

Air Resources Board, Sacremento, CA. 

Environ.  2003.  User’s guide to the comprehensive air quality model with extensions (CAMx).  

Version 4.02.  Report prepared by ENVIRON International Corporation, Novato, CA. 

Fahey, K.M., and S.N. Pandis.  2001.  Optimizing model performance: variable size resolution in 

cloud chemistry modeling.  Atmospheric Environment 35, 4471-4478. 

Gaydos, T.M., B. Koo, S.N. Pandis, and D.P. Chock.  2003.  Development and application of an 

efficient moving sectional approach for the solution of the atmospheric aerosol 

condensation/evaporation equations.  Atmospheric Environment 37, 3303-3316. 

Gelbard, F., 1990. Modeling multicomponent aerosol particle growth by vapor condensation. 

Aerosol Science and Technology 12, 399-412. 

Gery, M.W., G.Z. Whitten, J.P. Killus, and M.C. Dodge.  1989.  A photochemical kinetics 

mechanism for urban and regional scale computer modeling.  Journal of Geophysical 

Research 94, 925-956. 

Graham, J. 2004.  IMPROVE/STN Comparison & Implications for Visibility and PM2.5. 

Presented at the MANE-VU/MARAMA 2004 Science Meeting, January 27-29, 

Baltimore, MD. 

Grell, G.A.., J. Dudhia, and D.R. Stauffer, 1995.  A Description of the Fifth-Generation Penn 

State/NCAR Mesoscale Model (MM5). NCAR/TN-398+STR. 

http://www.mmm.ucar.edu/mm5/documents/mm5-desc-doc.html. 

Harley, R.A., Russell, A.G., McRae, G.J., Cass, G.R., and Seinfeld, J.H., 1993. Photochemical 

Modeling of the Southern California Air Quality Study, Environmental Science and 

Technology 27, 378-388. 

IMPROVE, 1995.  IMPROVE Data Guide.  University of California Davis, August, 1995. 

http://vista.cira.colostate.edu/improve/Publications/OtherDocs/IMPROVEDataGuide/IM

PROVEDataGuide.htm. 

Jacobson, M.Z., 1997. Development and Application of a New Air Pollution Modeling System. 

II. Aerosol Module Structure and Design, Atmospheric Environment 31, 131-144. 



 

 23

Jacobson, M. Z., 2001. GATOR-GCMM: 2. A study of day- and nighttime ozone layers aloft, 

ozone in national parks, and weather during the SARMAP Field Campaign, Journal of 

Geophysical Research, 106, 5403-5420. 

Jacobson, M.Z., and Turco, R.P., 1995. Simulating condensational growth, evaporation, and 

coagulation of aerosols using a combined moving and stationary grid. Aerosol Science 

and Technology. 22, 73-92. 

Jaecker-Voirol, A., and P. Mirabel.  1989.  Heteromolecular nucleation in the sulfuric acid-water 

system.  Atmospheric Environment 23, 2053-2057. 

Koo B., T. M. Gaydos, and S. N. Pandis. 2003a Evaluation of the equilibrium, dynamic, and 

hybrid aerosol modeling approaches, Aerosol Sci. Technol., 37, 53-64. 

Koo, B.Y., A.S. Ansari, and S.N. Pandis.  2003b.  Integrated approaches to modeling the organic 

and inorganic atmospheric aerosol components.  Atmospheric Environment 37, 4757-

4768. 

Khlystov, A., G.P. Wyers, and J. Slanina.  1995.  The Steam-Jet Aerosol Collector.  Atmospheric 

Environment 29, 2229-2234. 

Kumar, N., F.W. Lurmann, A.S. Wexler, S. Pandis, and J.H. Seinfeld.  1996.  Development and 

Application of a Three Dimensional Aerosol Model.  Presented at the A&WMA 

Specialty Conference on Computing in Environmental Resource Management, Research 

Triangle Park, NC, December 2-4, 1996.  

LADCO.  2003.  Midwest Regional Planning Organization: Base E modeling inventory.  Report 

prepared by Lake Michigan Air Directors Consortium. 

http://www.ladco.org/tech/emis/BaseE/baseEreport.pdf. 

Lurmann, F.W., A.S. Wexler, S.N. Pandis, S. Musarra, N. Kumar, J.H. Seinfeld.  1997.  

Modeling urban and regional aerosols – II.  Application to California’s south coast air 

basin.  Atmospheric Environment 31, 2695-2715. 

Mebust, M. R., B. K. Eder, F. S. Binkowski, and S. J. Roselle. 2003. Models-3 Community 

Multiscale Air Quality (CMAQ) model aerosol component, 2, Model evaluation, Journal 

of Geophysical Research 108(D6), 4184, doi:10.1029/2001JD001410. 

Meng, Z, D. Dabdub, and J. H. Seinfeld. 1998. Size-resolved and chemically resolved model of 

atmospheric aerosol dynamics, Journal of Geophysical Research 103, 3419-3435. 



 

 24

Napari, I., M. Noppel, H. Vehkamaki, and M. Kulmala, 2002. Parameterization of ternary 

nucleation rates for H2SO4-NH3-H2O vapors, Journal of Geophysical Research 107(D19), 

4381. 

Nenes, A., S.N. Pandis, and C. Pilinis.  1998.  ISORROPIA: a new thermodynamic model for 

inorganic multicomponent atmospheric aerosols.  Aquatic Geochemistry 4, 123-152. 

NIOSH, 1999.  Method 5040 Issue 3 (Interim): Elemental Carbon (Diesel Exhaust).  In NIOSH 

Manual of Analytical Methods. National Institute of Occupational Safety and Health, 

Cincinatti, OH. 

Odman, M. T. and Ingram, C. L., 1993. “Multiscale Air Quality Simulation Platform (MAQSIP): 

Source Code Documentation and Validation.” Technical report, 83 pp., ENV-96TR002, 

MCNC–North Carolina Supercomputing Center, Research Triangle Park, North Carolina, 

1996. 

Odman M.T. and Russell A.G.,1991. A multiscale finite element pollutant transport scheme for 

urban and regional modeling. Atmospheric Environment 25A, 2385-2394. 

Pandis, S.N., and J.H. Seinfeld.  1989.  Sensitivity analysis of a chemical mechanism for 

aqueous-phase atmospheric chemistry.  Journal of Geophysical Research 94, 1105-1126. 

Pandis, S.N., A.S. Wexler, and J.H. Seinfeld. 1993.  Secondary organic aerosol formation and 

transport. 2. Predicting the ambient secondary organic aerosol-size distribution.  

Atmospheric Environment 27, 2403-2416. 

Pinder, R.W., Strader, R, Davidson, C.I., and Adams, P.J., 2004. A Temporally and Spatially 

Resolved Ammonia Emission Inventory for Dairy Cows in the United States, 

Atmospheric Environment 38, 3747-3756. 

Pilinis, C., and Seinfeld, J. H., 1988. Development and evaluation of an Eulerian photochemical 

gas-aerosol model, Atmospheric Environment 22, 1985-2001. 

Pilinis, C., Capaldo, K.P., Nenes, A., and Pandis, S.N., 2000. MADM – A new multicomponent 

aerosol dynamics model. Aerosol Science and Technology 32, 482-502. 

Rees S. L., A. L. Robinson, A. Khlystov, C. O. Stanier, and S. N. Pandis, 2004. Mass balance 

closure and the PM2.5 Federal Reference Method in Pittsburgh, Pennsylvania, Atmos. 

Environ., 38, 3305-3318. 



 

 25

Russell, A. G., and Cass G. R., 1986. Verification of a mathematical model for aerosol nitrate 

and nitric acid formation and its use for control measure evaluation, Atmospheric 

Environment 20, 2011-2025. 

Russell, L.M., S.N. Pandis, and J.H. Seinfeld.  1994.  Aerosol production and growth in the 

marine boundary layer.  Journal of Geophysical Research 99, 20,989-21,003. 

Seinfeld, J.H., and S.N. Pandis.  1998.  Atmospheric Chemistry and Physics, From Air Pollution 

to Climate Change.  John Wiley and Sons, Inc., NY. 

Slinn, S.A., and W.G.N. Slinn.  1980.  Predictions for particle deposition on natural-waters.  

Atmospheric Environment 14, 1013-1016. 

Smagorinsky, J.  1963.  General Circulation Experiments with the Primitive Equations: I. The 

Basic Experiment.  Monthly Weather Review 91, 99-164. 

Strader, R., C.S. Gurciullo, S.N. Pandis, N. Kumar, and F.W. Lurmann.  1998.  Development of 

gas-phase chemistry, secondary organic aerosol, and aqueous-phase chemistry modules 

for PM modeling.  STI Final Report STI-997510-1822-FR. 

Strader, R., F. Lurmann, and S.N. Pandis.  1999.  Evaluation of secondary organic aerosol 

formation in winter.  Atmospheric Environment 33, 4849-4863.    

Sun, Q., and Wexler, A.S., 1998. Modeling Urban and Regional Aerosols near Acid Neutrality – 

Application to the June 24-25 SCAQS Episode, Atmospheric Environment 32, 3533-

3545. 

Takahama S., Wittig A.E., Vayenas D.V., Davidson, C.I., Pandis, S.N., 2004. Modeling the 

diurnal variation of nitrate during the Pittsburgh Air Quality Study, Journal of 

Geophysical Research - Atmospheres 109 (D16): Art. No. D16S06. 

Tambour, Y., and Seinfeld, J.H., 1980. Solution of the discrete coagulation equation, Journal of 

Colloid Interface Science 74, 260-272. 

U.S. EPA.  2001.  Procedures Document for National Emission Inventory, Criteria Air Pollutants, 

1985-1999.  EPA-454/R-01-006.  Office of Air Quality Planning and Standards.  March.  

http://www.epa.gov/ttn/chief/trends/procedures/neiproc_99.pdf. 

U.S. EPA.  2003. User’s Guide to MOBILE6.1 and MOBILE6.2 – Mobile Source Emission 

Factor Model.  EPA420-R-03-010.  Air and Radiation.  August.   

 http://www.epa.gov/otaq/models/mobile6/420r03010.pdf. 

U.S. EPA.  2002.  User Guide: Air Quality System.  Report prepared by the U.S. EPA.  April. 



 

 26

http://www.epa.gov/ttn/airs/aqs/softw/AQSUserGuide_v1.pdf. 

Wesely, M.L.  1989.  Parameterization of Surface Resistances to Gaseous Dry Deposition in 

Regional-Scale Numerical Models.  Atmospheric Environment 23, 1293-1304. 

Wilkinson, J., and M. Janssen.  2001.  BIOME3.  Prepared for the National Emissions Inventory 

Workshop, Denver, CO, May 1-3, 2001.   

http://www.epa.gov/ttn/chief/conference/ei10/modeling/wilkenson.pdf. 

Wittig, B., N. Anderson, A. Y. Khlystov, S. N. Pandis, C. Davidson and A. L. Robinson.  2004.  

Pittsburgh Air Quality Study overview and preliminary scientific findings, Atmospheric 

Environment, in press. 

Zhang, Y., B. Pun, K. Vijayaraghavan, S.-Y. Wu, C. Seigneur, S. Pandis, M. Jacobson, A. Nenes 

and J.H. Seinfeld, 2004. Development and Application of the Model of Aerosol 

Dynamics, Reaction, Ionization and Dissolution (MADRID), J. Geophys. Res., 109, 

D01202, doi:10.1029/2003JD003501. 



 

 27

 Table 1. Gas phase species in the PMCAMx+ CB4 chemical mechanism 

PMCAMx+ 
Name Description 

Initial 
Condition 
(ppb) 

Boundary 
Condition 
(ppb) 

NO Nitric oxide 0.08 0.08 
NO2 Nitrogen dioxide 0.17 0.17 
O3 Ozone 35 35 
PAN Peroxyacyl nitrates 0.0 0.0 
NXOY Nitrogen in NO3 and N2O5 0.0 0.0 
OLE CB4 olefins (anthropogenic) 0.0 0.0 
PAR CB4 paraffin 0.0 0.0 
TOL CB4 toluene 0.0 0.0 
XYL CB4 xylene 0.0 0.0 
FORM Formaldehyde 0.0 0.0 
ALD2 CB4 higher aldehyde 0.0 0.0 
ETH Ethene 0.0 0.0 
CRES CB4 cresol 0.0 0.0 
MGLY CB4 methylglyoxal 0.0 0.0 
OPEN CB4 aromatic ring opening product 0.0 0.0 
PNA Peroxynitric acid 0.0 0.0 
CO Carbon monoxide 0.0 0.0 
HONO Nitrous acid 0.0 0.0 
H2O2 Hydrogen peroxide 0.0 0.0 
HNO3 Nitric acid 0.05 0.05 
ISOP Isoprene 0.0 0.0 
MEOH Methanol 0.0 0.0 
ETOH Ethanol 0.0 0.0 
ISPD Isoprene product 0.0 0.0 
NTR Organic nitrates 0.0 0.0 
OLE2 CB4 olefins (biogenic) 0.0 0.0 
CG1 Condensable gas precursor (forms SOA1) 0.0 0.0 
CG2 Condensable gas precursor (forms SOA2) 0.0 0.0 
CG3 Condensable gas precursor (forms SOA3) 0.0 0.0 
CG4 Condensable gas precursor (forms SOA4) 0.0 0.0 
NH3 Ammonia 0.1 0.1 
HCL Hydrogen chloride 0.0 0.0 
SO2 Sulfur dioxide 0.3 0.3 
SULF Sulfuric acid 0.0 0.0 
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Table 2. Aerosol species in PMCAMx+, along with their initial and boundary conditions. 
 

PMCAMx+ 
Name Description 

Initial 
Conditions 
(µg m-3) 

Boundary 
Conditions 
(µg m-3) 

SOA1 Secondary organic 
aerosol 1 

0.0 
 

0.0 

SOA2 Secondary organic 
aerosol 2 

0.0 0.0 

SOA3 Secondary organic 
aerosol 3 

0.0 0.0 

SOA4 Secondary organic 
aerosol 4 

0.0 0.0 

POCa Primary organic 
aerosol 

2.0 1.0 

PEC Primary elemental 
carbon 

0.0 0.0 

CRST Crustal material 0.0 0.0 
PH2O Water 0.0 0.0 
PCL Chloride ion 0.0 0.0 
NA Sodium ion 0.0 0.0 
PNH4 Ammonium ion 0.0 0.0 
PNO3 Nitrate ion 0.0 0.0 
PSO4 Sulfate ion 1.77E-04b 0.0 

 

a Primary organic particulate matter and not just organic carbon 

b A small non-zero value is used to avoid numerical problems at start-up. 
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Table 3. VOC precursor, aerosol yield, saturation concentration, and heat of vaporization for 

modeled SOA species. 

 

VOC 
precursor 

SOA 
product 
name 

Molecular 
weight of 
product 
(g mole-1) 

Aerosol 
Yield 
(ppm/ppm) 

Saturation 
concentration
(µg/m3 at 
281.5K) 

Heat of 
vaporization 
(kJ mole-1) 

PAR CG3 150 0.0088 0.007 0 
OLE CG3 150 0.0024 0.007 0 
TOL CG1 150 0.07 0.023 156 
TOL CG2 150 0.137 0.674 156 
XYL CG1 150 0.044 0.023 156 
XYL CG2 150 0.192 0.674 156 
CRES CG3 150 0.036 0.007 0 
OLE2 CG4 180 0.136 0.008 0 
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Table 4.  Comparison of inorganic and total PM2.5 mass predictions at Pittsburgh with hourly 

measurements taken during the Pittsburgh Air Quality Study.   

 

Species 
Predicted 
Averagea 

(µg/m3) 

Measured 
Averagea 

(µg/m3) 
FBIAS FERROR BIASa 

(µg/m3) 
ERRORa 

(µg/m3) 

PM2.5 mass 19.59 24.24 -0.16 0.31 -4.65 7.42 
PM2.5 SO4 8.29 10.03 -0.09 0.47 -1.75 3.94 
PM2.5 NO3 0.37 0.57 -0.77 1.30 -0.20 0.56 
Total NH3 2.91 3.22 -0.06 0.38 -0.31 1.12 
Total HNO3 2.68 4.85 -0.20 0.88 -2.05 3.16 
PM2.5 TC 4.34 3.81 0.17 0.38 0.52 1.41 
PM2.5 OC 2.81 3.05 -0.01 0.40 -0.24 1.10 
PM2.5 EC 1.53 0.77 0.67 0.71 0.76 0.81 
Ozone 33.35 43.9 -0.30 0.45 -10.55 14.62 
NO2 19.50 14.43 0.30 0.41 5.07 7.45 
NO 3.21 4.53 -0.79 1.04 -1.31 3.27 
SO2 10.8 9.46 0.19 0.50 1.38 5.15 

 

aThe concentrations of the PM species and total ammonium and HNO3 are in µg/m3, while the 

concentrations of the gases are in ppb. 
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Table 5. Comparison of PMCAMx+ predictions with daily average measurements taken at 

monitoring stations in the U.S. EPA’s AIRS network. 

 

Species 
Predicted 
Average 
(µg/m3) 

Measured
Average 
(µg/m3) 

FBIAS FERROR BIAS 
(µg/m3)

ERROR 
(µg/m3) 

PM2.5 mass 14.13 18.24 -0.29 0.48 -4.11 7.38 
PM2.5 SO4 4.79 6.21 -0.32 0.55 -1.42 2.70 
PM2.5 NH4 1.70 1.80 -0.03 0.54 -0.10 0.83 
PM2.5 NO3 0.58 0.70 -0.76 1.06 -0.12 0.57 
PM2.5 TC 3.85 4.77 -0.24 0.47 -0.92 1.98 
PM2.5 OC 2.49 4.29 -0.52 0.59 -1.80 2.01 
PM2.5 EC 1.36 0.48 0.82 0.90 0.88 0.91 
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Table 6. Comparison of PMCAMx+ predictions with daily average measurements taken at 

monitoring stations in the IMPROVE network. 

 

Species 
Predicted 
Average 
(µg/m3) 

Measured
Average 
(µg/m3) 

FBIAS FERROR BIAS 
(µg/m3)

ERROR 
(µg/m3) 

PM2.5 mass 10.06 13.54 -0.23 0.48 -3.54 5.88 
PM2.5 SO4 4.10 5.72 -0.30 0.57 -1.62 2.68 
PM2.5 NO3 0.26 0.29 -0.54 0.93 -0.01 0.28 
PM2.5 TC 2.24 2.13 0.09 0.43 0.11 0.90 
PM2.5 OC 1.72 1.78 0.04 0.43 -0.06 0.71 
PM2.5 EC 0.52 0.35 0.20 0.56 0.17 0.28 
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Table 7.  Comparison of PMCAMx+ daily average PM2.5 mass predictions with measurements 

taken at monitoring stations in the U.S. EPA’s AIRS network in six different regions. 

 

Region 
Predicted 
Average 
(µg/m3) 

Measured
Average 
(µg/m3) 

FBIAS FERROR BIAS 
(µg/m3)

ERROR 
(µg/m3) 

I 8.23 14.4 -0.54 0.57 -6.17 6.47 
II 21.12 16.91 0.19 0.40 4.21 8.07 
III 17.35 25.27 -0.29 0.35 -7.92 8.74 
IV 15.49 17.44 -0.12 0.41 -1.96 6.59 
V 8.46 14.28 -0.58 0.65 -5.82 6.67 
VI 14.88 20.76 -0.35 0.50 -5.87 7.91 
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Table 8.  Comparison of PMCAMx+ total nitrate predictions during the day (7:00 – 20:00 EST) 

and night (20:00 – 7:00 EST) with measurements taken during the Pittsburgh Air Quality Study. 

 

Case 
Predicted 
Average 
(µg/m3) 

Measured
Average 
(µg/m3) 

FBIAS FERROR BIAS 
(µg/m3)

ERROR 
(µg/m3) 

Base case 
(day) 3.70 6.84 -0.24 -0.77 -3.14 4.10 

Case II (day) 5.34 6.84 0.08 0.75 -1.50 4.31 
Base case  
(night) 1.34 1.63 -0.15 1.06 -0.30 1.64 

Case II (night) 8.06 1.63 1.27 1.32 6.43 6.83 
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Figure Captions 

Figure 1.  The PMCAMx+ modeling domain for the eastern United States.  The locations of the 

monitoring stations for the IMPROVE network are shown. 

Figure 2. Average predicted ground-level concentrations over the entire simulation period (July 

12-28, 2001) for PM2.5 mass, sulfate, nitrate, ammonium, total carbon (µg/m3),  and ozone gas 

(ppb). 

Figure 3. Comparison of model predictions with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS) in July 2001. 

Figure 4. Comparison of model predictions with hourly measurements of total (gas and aerosol) 

ammonium and nitrate taken during the Pittsburgh Air Quality Study (PAQS) in July 2001. 

Figure 5. Comparison of model predictions with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS) in July 2001. 

Figure 6.  The modeling domain broken down into six subregions (I-VI), with the AIRS 

monitoring stations in each region shown. 

Figure 7. Comparison of model predictions with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS) in July 2001. 

Figure 8.  Comparison of predicted total (particulate + gaseous) HNO3 concentrations when 

HNO3 (g) nighttime production is turned on with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS). 
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Figure 1.  The PMCAMx+ modeling domain for the eastern United States.  The locations of the 

monitoring stations for the IMPROVE network are shown. 
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Figure 2. Average predicted ground-level concentrations over the entire simulation period (July 

12-28, 2001) for PM2.5 mass, sulfate, nitrate, ammonium, total carbonaceous PM (all in µg/m3),  

and ozone gas (ppb). 
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Figure 3. Comparison of model predictions with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS) in July 2001. 
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Figure 4. Comparison of model predictions with hourly measurements of total (gas and aerosol) 

ammonium and nitrate taken during the Pittsburgh Air Quality Study (PAQS) in July 2001. 
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Figure 5. Comparison of model predictions with hourly measurements of organic PM2.5 taken 

during the Pittsburgh Air Quality Study (PAQS) in July 2001.
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Figure 6.  The modeling domain broken down into six subregions (I-VI), with the AIRS 

monitoring stations in each region shown. 
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Figure 7. Comparison of model predictions with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS) in July 2001. 
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Figure 8.  Comparison of predicted total (particulate + gaseous) HNO3 concentrations when 

HNO3 (g) nighttime production is turned on with hourly measurements taken during the 

Pittsburgh Air Quality Study (PAQS). 
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[1] The creation of new atmospheric particles from in situ nucleation influences climate
through cloud-aerosol interactions and may negatively impact human health. Although
recent observations show that nucleation is widespread in the eastern United States, the
corresponding pathways remain uncertain. Combining extensive field measurements in
Pittsburgh, Pennsylvania, with an aerosol dynamics and chemistry model assuming
ternary NH3-H2SO4-H2O nuclei formation, we show excellent model-measurement
agreement and predictive capability. The ternary NH3-H2SO4-H2O nucleation model is
successful in predicting the presence or lack of nucleation on 19 out of 19 days with
complete data sets in July 2001 and on 25 out of 29 days in January 2002. Reductions of
ammonia emissions are predicted to decrease the frequency of nucleation events during
both summer and winter, with a more dramatic effect during the summer. The response to
changes in emissions of sulfur dioxide during the summer is counterintuitive. Reductions
of sulfur dioxide and the resulting sulfate by up to 40% actually increase the frequency of
the summer nucleation events. Modeling predicts the opposite effect in winter, with
reductions of sulfur dioxide leading to fewer nucleation events.

Citation: Gaydos, T. M., C. O. Stanier, and S. N. Pandis (2005), Modeling of in situ ultrafine atmospheric particle formation in the

eastern United States, J. Geophys. Res., 110, D07S12, doi:10.1029/2004JD004683.

1. Introduction

[2] The two major processes introducing new particles
into the atmosphere are in situ nucleation and direct
emission from sources such as combustion, sea spray,
dust, etc. A variety of field measurements show that in
situ nucleation occurs in many places around the globe
[Weber et al., 1999; Kulmala et al., 2001a; O’Dowd et
al., 2002], including urban areas [Woo et al., 2001] where
it was previously thought particularly unlikely due to high
concentrations of aerosol surface area, which suppress
nucleation. These events alter the number and chemical
composition of ultrafine particles and cloud condensation
nuclei, with implications for human health [Oberdorster
et al., 1992; Ibald-Mulli et al., 2002; Li et al., 1999;
Nemmar et al., 2002; Peters et al., 1997; Oberdorster et
al., 2002] and climate [Adams and Seinfeld, 2003]. For
example, recent studies comparing the health effects of
differently sized particles show that ultrafine (<100 nm)
atmospheric particles can have negative health effects,
possibly due to their high surface area. Climate can be
affected as these particles grow to larger than 100 nm in
size.

[3] Several mechanisms have been proposed for the
production of new atmospheric particles including sulfuric
acid-water binary nucleation [Nilsson and Kulmala, 1998],
sulfuric acid-ammonia-water ternary nucleation [Coffman
and Hegg, 1995; Weber et al., 1998; Kulmala et al., 2002],
nucleation of organic vapors [Hoffman et al., 1997], ion-
induced nucleation [Laakso et al., 2002], and halogen-oxide
nucleation [Hoffman et al., 2001]. Another important issue
is what species are involved in the growth of these nuclei.
Field measurements [Eisele and McMurray, 1997; Weber et
al., 1999; Janson et al., 2001] and model simulations
[Kerminen et al., 2001; Kulmala et al., 2001b; Pirjola
and Kulmala, 2001; Anttila and Kerminen, 2003] have
indicated that the condensation of sulfuric acid alone is
often not sufficient to grow these nuclei to detectable sizes,
since these particles have a very short lifetime before being
lost through coagulation with larger existing particles. To
aid in the growth of these particles, the condensation of
organic species [Kerminen et al., 2000], heterogeneous
reactions [Zhang and Wexler, 2002], and ion-enhanced
condensation have been suggested.
[4] During the Pittsburgh Air Quality Study (PAQS)

[Wittig et al., 2004], a recent field campaign focused on
elucidating aerosol sources, chemistry, and processes, ultra-
fine particle concentrations were monitored for 15 months.
During this period, over 130 days with regional in situ new
particle formation were observed. An example is shown in
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Figure 1, with the smooth progression from small particle
sizes at the beginning of events to larger sizes strongly
suggesting a regional process.
[5] In this paper, data taken during July 2001 and January

2002 during PAQS is used to evaluate a model for the
simulation of these regional nucleation events. Ternary
NH3-H2SO4-H2O has been cited as an explanatory mecha-
nism for new particle formation in several field studies, and
the mechanism is used here as the core of an aerosol
dynamics model to quantitatively test model-measurement
agreement for new particle formation timing, strength, and
evolution of size distributions. Sensitivity analysis is per-
formed on uncertain parameters and to determine how
future changes in emissions might affect nucleation, and
the differences in nucleation between the summer and
winter months are also explored.

2. Model Description

[6] A photochemical box model based on the framework
of Capaldo et al. [1999] is used to model regional nucle-
ation events occurring in July 2001 and January 2002.
Atmospheric processes included in the model are gas-phase
chemistry, condensation, aerosol coagulation, and nucle-
ation. The model is a fixed sectional model with 221 size
sections: 186 size sections between 3 nm and 10 mm
corresponding to the measured size distribution of particles
and 35 additional size sections evenly distributed in loga-
rithmic space by diameter for particles below the detection
limit of the field instruments. The concentration of SO2 was
measured directly and is an input to the model and the
input concentrations of NH3 and OH were calculated from
measurement data and are discussed in section 3. The
governing equations for the model, giving the change
over time of the concentration of gaseous sulfuric acid,
CH2SO4

, and the number concentration of particles in
section i, Ni, are:

@CH2SO4

@t
¼ Rgas SO2;OH ;T ;Pð Þ þ n*Rnuc CH2SO4

;NH3; T ;RHð Þ

þ RH2SO4

cond CH2SO4
;RHð Þ � Rdep CH2SO4

ð Þ ð1Þ

@Ni

@t
¼ Rnuc CH2SO4

;NH3;T ;RHð Þ þ Rcoag Nj;RH
� �

þ RNi

cond CH2SO4
;RHð Þ � Rdep Nið Þ; ð2Þ

where Rgas is the rate of change due to gas-phase chemistry,
Rnuc is the rate of nucleation, n* is the number of sulfuric
acid molecules in the critical nucleus, Rcoag is the
coagulation rate, Rcond is the condensation rate, and Rdep

is the rate of dry deposition, with dependence on the relative
humidity RH, temperature T, pressure P, dry particle size
distribution, Nj, and gas-phase concentrations shown. The
rate terms are discussed in detail below.

2.1. Gas-Phase Chemistry

[7] Sulfuric acid is produced from the reaction of OH and
SO2:

Rgas ¼ kSO2
SO2½ � OH½ �; ð3Þ

where kSO2
is the reaction constant for the reaction of SO2

with OH from DeMore et al. [1994].

2.2. Nucleation

[8] The rate of nucleation, Rnuc, is calculated using the
ternary NH3-H2SO4-H2O parameterization of Napari et al.
[2002]. The parameterization uses the NH3 gas-phase
concentration, H2SO4 gas-phase concentration, tempera-
ture, and relative humidity as inputs, and provides a
nucleation rate as output. The upper limit of the nucleation
rate for which the parameterization is valid is 106 particles
cm�3 s�1, so rates higher than this are capped at this
value. Napari et al. [2002] also give an approximation for
the radius of the initial nuclei as a function of the
nucleation rate and temperature. The initial nuclei diameter
was calculated to be 0.8 nm for the winter and 1.0 nm
during the summer, assuming average temperatures of
275 K and 298 K, respectively. The nuclei diameter was
assumed to be constant for each period. The number of
sulfuric acid molecules in the critical nucleus, n*, is also
calculated using the approximation given in the work of
Napari et al. [2002]. There were roughly two sulfuric
acid molecules in the critical cluster during the winter
and four during the summer.
[9] Figure 2a shows the nucleation rates given by the

ternary NH3-H2SO4-H2O parameterization for typical July
daytime conditions: 298 K, 60% RH, and H2SO4 from 107

to 3 � 108 molecules/cm3 (0.4 to 4.0 ppt). Ammonia is
allowed to vary over the entire range of the parameteriza-
tion, 0.1 to 100 ppt. The nucleation rates are not high
enough for nucleation to occur unless some gas-phase
ammonia is present, although ammonia concentrations
above 10 ppt and sulfuric concentrations above 2.4 ppt
result in nucleation rates of at least 10 particles cm�3 s�1, so
even this small amount of gas-phase ammonia can be
enough for nucleation to occur on summer days in
Pittsburgh.
[10] In contrast to July, where the presence of gas-phase

ammonia gives the best indication of when nucleation will
occur, both the H2SO4 concentrations and gas-phase
ammonia can influence whether or not nucleation will
occur during the winter. Figure 2b shows the nucleation
rates for typical January conditions: 275 K, 0.7 RH, 105–

Figure 1. Evolution of the particle size distribution on
11 August 2001, a day with new particle formation and
growth. Particle number concentration (z axis) is plotted
against time of day (x axis) and particle diameter (y axis). A
traffic signal can be seen between 0700 and 0800 EST,
followed by new particle formation occurring at just after
0900 EST, and finally growth to around 100 nm in size.
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108 molecules/cm3 H2SO4 (0.00375 to 3.75 ppt), and 0.1–
100 ppt NH3. At higher sulfuric acid concentrations, nucle-
ation rates can still reach about 1000 particles cm�3 s�1

even with very low gas-phase ammonia concentrations. At
lower sulfuric concentrations, nucleation rates can be less
than 100 cm�3 s�1 even with high gas-phase ammonia
concentrations. Consequently, the amount of H2SO4, which
varies more than in the summer months, plays a more
important role during the winter.

2.3. Condensation

[11] The condensation rate, Rcnd, is described using the
modified form of the Fuchs-Sutugin equation [Fuchs and
Sutugin, 1971; Hegg, 1990; Kreidenweis et al., 1991]. The
condensation rate J to a particle of diameter Dp is given by:

J ¼ 2pDDpF Knð ÞA p� p0ð Þ; ð4Þ

where D is the diffusivity of sulfuric acid in air (set to
0.1 cm2 s�1), Kn is the Knudsen number, and F(Kn) is
a coefficient correcting for free molecular effects:

F Knð Þ ¼ 1þ Kn

1þ 1:71Knþ 1:33Kn2
: ð5Þ

A is a coefficient correcting for the interfacial mass transport
limitations described by the accommodation coefficient ae:

A ¼ 1þ 1:33KnF Knð Þ 1

ae
� 1

� �� ��1

: ð6Þ

Here p is the bulk partial pressure of sulfuric acid and p0 is its
partial pressure at the particle surface. The value of the
accommodation coefficient depends on the composition of
the particle, with the presence of organic species in the
aerosol likely to result in a lower accommodation coeffi-
cient. Jefferson et al. [1997] report values of 0.31 and 0.19
for the accommodation coefficient onto a NaCl aerosol
coated with stearic acid with high and low coverage,
respectively, compared to values 0.73 ± 0.21 for ammonium
sulfate particles and 0.79 ± 0.23 for NaCl. Since the
preexisting aerosol mass is likely to be a mixture of
inorganic and organic species, the accommodation coeffi-
cient is set at 0.2 in this work. Sensitivity analysis is
performed to see how changes in this parameter affect the
model results.
[12] H2SO4 is assumed to be the major condensing

species. Although it is likely that other species, such as
nitrate, ammonium, and organic compounds, also are in-
volved in the growth of the nuclei, their respective roles
remain unclear. Measurements taken during PAQS in Sep-
tember 2002 indicate that sulfuric acid is the primary initial
species involved in the growth of the nuclei, followed by
ammonium and then organics, whose presence lags behind
sulfuric acid by .5 hours to up to 2.5 hours in the smallest
measured particles (AMS measurements of particles 22–
40 nm, estimated physical diameter) [Zhang et al., 2004].
Although contributions of other species cannot be ruled
out, condensation of sulfuric acid alone produces growth
that is similar to the observations, as will be discussed in
more detail below.
[13] The vapor pressure of sulfuric acid at the surface of

the aerosol can be estimated from the data of Bolsaitis and
Elliott [1990]. For example, at a temperature of 293 K and a
relative humidity of 90%, the value of p0 is approximately
10�5 ppt. Since the calculated values of p0 are much smaller
than ambient sulfuric acid concentrations, p0 is assumed to
be zero.
[14] For the ith aerosol size section from xi = log10(Di) to

xi+1 = log10(Di+1), the sulfuric acid condensation rate is
given by

Ji ¼ Ki
mtNiCH2SO4

; ð7Þ

where the sectional mass transfer coefficients Kmt
i are

calculated by

Ki
mt ¼

2pD
xiþ1 � xi

Zxiþ1

x

10xF xð ÞA xð Þdx: ð8Þ

The total change in the gas-phase concentration of sulfuric
acid due to condensation is equal to the sum of Ji over all
size sections i.
[15] The diameter of the aerosol particle is adjusted to be

in equilibrium with the ambient RH before the calculation.

Figure 2. Nucleation rates (in particles cm�3 s�1) for
typical conditions in (a) July and (b) January. The
conditions for July are: temperature 298 K, relative
humidity 0.6, sulfuric acid 0.4–4 ppt, and gas-phase
ammonia 0.1–100 ppt. The conditions for January are:
temperature 275 K, relative humidity 0.7, sulfuric acid
0.00375–3.75 ppt, and gas-phase ammonia 0.1–100 ppt.
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The dry aerosol diameter, Dp,dry, is increased due to the
addition of water vapor according to the following param-
eterization for ammonium bisulfate based on data presented
by Seinfeld and Pandis [1998]:

Dp;wet

Dp;dry
¼ 17:8 RH � 50%ð Þ3:5þ 1:28: ð9Þ

The parameterization is valid for RH between 50% and
98%. When RH is below 50%, the particles are assumed to
have negligible amounts of water. This parameterization
neglects the effect of curvature, which can be significant for
particles less than 10 nm in size.
[16] Finally, the change in the number concentration in

section i, Ni, is calculated from the relation:

RNi

cond ¼ Fi�1NiCH2SO4
� FiNiCH2SO4

; ð10Þ

where Fi is the flux from section i into section i + 1:

Fi ¼
6MH2SO4

Ki
mtDp;wet

RTrp Diþ1
p;dry

� 	3
� Di

p;dry

� 	3� � : ð11Þ

MH2SO4
is the molecular weight of sulfuric acid, r is the

density of the particles, and R is the ideal gas constant.

2.4. Coagulation

[17] The coagulation rate of aerosol particles, Rcoag, is
modeled according to Seinfeld and Pandis [1998], using
linear interpolation to preserve both mass and particle
number concentrations:

Rcoag ¼
1

2

Xk
j¼1

fkKj;k�jNjNk�j � Nk

X1
j¼1

Kk;jNj; k 
 2 ð12Þ

where Kk,j is the coagulation coefficient of particles in
section k and j, and fk is a correction factor to preserve mass,
giving the fraction of the newly formed particle that will go
into section k. The generalized coagulation coefficient for
the collision of two particles is defined as:

K12 ¼ 2p Dp1 þ Dp2

� �
D1 þ D2ð Þb; ð13Þ

where b is the Fuchs correction factor [Fuchs, 1964]. Linear
interpolation is then used to determine the value of fk. For
example, if Vp is in between sections k and k + 1, with
volumes Vk and Vk+1 respectively, then fk is defined as:

fk ¼
Vkþ1 � Vp

Vkþ1 � Vk

; ð14Þ

fkþ1 ¼
Vp � Vk

Vkþ1 � Vk

: ð15Þ

2.5. Dry Deposition

[18] Dry deposition is modeled using a species and
aerosol size-dependent deposition velocity, vdep, such that

Rdep ¼
vdepci

H
; ð16Þ

where ci is the concentration of gas species or aerosol size
section i, and H is the mixing height. Aerosol dry deposition
rates range from 0.1 to 0.015 cm s�1 dependent on particle
size according to Hummelshoj et al. [1992] while the
deposition velocity of H2SO4 is assumed to be 1.0 cm s�1

[Brook et al., 1999].

3. Simulation Inputs

[19] Meteorological data, gas-phase concentrations, and
aerosol number concentrations were available as inputs for
these time periods from ground-level observations during
the Pittsburgh Air Quality Study (PAQS) [Wittig et al.,
2004]. Temperature, relative humidity, and UV radiation are
updated from 15-min averages during July, and 10-min
averages during January. SO2 concentrations are averaged
over 10-min intervals for both months. Initial aerosol
number distributions are available from dry size distribu-
tions measured every 15 min [Stanier et al., 2004a]. Each
simulation starts sometime between 0000 and 0900
(depending on meteorology), and ends at midnight.

3.1. Gas-Phase Ammonia Concentrations

[20] Gas-phase NH3 was not measured directly during
this period and was estimated from related quantities
using two independent methods. First, total NH3 (PM2.5

ammonium + NH3(g), sampled hourly during July and every
2 hours during January using a steam sampler [Khylstov et al.,
1995] and quantified by ion chromatography) was compared
to the particulate sulfate and nitrate. Hourly particulate
sulfate and nitrate concentrations are composites of mea-
surements made using several methods, including filter-
based and semicontinuous methods [Wittig et al., 2004]. If
enough NH3 was present to fully neutralize the particulate
sulfate and nitrate, then the excess NH3 was assumed to be
in the gas phase. Second, total NH3, total nitrate and sulfate
(all from steam sampler/ion chromatography) were assumed
to be in thermodynamic equilibrium, with gas and partic-
ulate phase concentrations determined by the model
GFEMN [Ansari and Pandis, 1999]. The two methods
showed excellent agreement for the time periods studied.

3.2. OH Concentration

[21] To estimate the OH concentration, a maximum value
is assumed for both July and January, and then this value
is scaled linearly based on the 15-min average measured
UV radiation. The summer maximum was chosen as 5 �
106 molecules/cm3. Observations in New York City during
July 2001 had an average maximum OH concentration of
7 � 106 molecules/cm3 [Ren et al., 2003a, 2003b] and other
measurements during the summer months have given max-
imum OH concentrations in a similar range [Tan et al.,
2001; Creasey et al., 2002; Mauldin et al., 2001; George et
al., 1999]. Fewer studies have been done in the winter,
although Heard et al. [2001] have compared measurements
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taken in Birmingham, England during June 1999 and
January 2000. They reported that winter OH noontime
maximum concentrations in Birmingham ranged from
0.6–5 � 106 molecules/cm3. Although the ozone photolysis
was around 20 times lower compared to July, these winter
OH concentrations were on average only 2–3 times lower
than in the summer, where the noontime maxima ranged
from 3–8 � 106 molecules/cm3. In this paper, a base case
value of 1 � 106 molecules/cm3 is used for the January
simulations, a factor of 5 different from July. Sensitivity
analysis is performed on both the summer and winter
maxima to assess how these assumptions affect the results.

3.3. Local Emissions of Ultrafine Particles

[22] From the measurements, it is clear that there are a
number of local sources of ultrafine particles which affect
the observed number concentrations. The most prominent
local source is automobile traffic, which is strongest during
morning rush hour between 0600 and 0900 EST. On the
basis of the observations, these local emissions appear to
have little effect on the regional nucleation events, which
usually begin after the morning traffic has returned to
normal levels. Even when there are relatively high numbers
of ultrafine particles present when nucleation occurs, the
number of particles produced by nucleation is much greater
than from local sources, and the smooth growth of these
nucleated particles is the dominant behavior observed. The
fresh particles from these local sources have a relatively low
surface area, and they do not appear to have much effect on
the nucleation either through depletion of gaseous sulfuric
acid concentrations or through coagulation with the nucle-

ated particles. Because of this, these local sources of
ultrafine particles can be ignored as a first approximation.

4. Observations

[23] Overall, significant new particle formation was
observed on seventeen days during July 2001. Twelve days
of July 2001 were not modeled due to missing measurement
data (8 days), local primary source influences (3 days), and
meteorology that severely violated the box model assump-
tions (1 day). Of the 19 days modeled, nucleation occurred
on 13 of them, while there was no evidence of new particle
formation on the other 6. Most of the nucleation events in
July started at about 0900 EST, just a few hours after
sunrise. Nucleation also tends to occur on days with below
average PM2.5 concentrations and clear skies [Stanier et al.,
2004b]. Many of these events are regional in nature, taking
place over several hours with smooth growth, indicating
that nucleation is taking place over a large geographic area.
The events are observed to sometimes coincide with mixing
of the stable nighttime ground-level atmosphere. This is
similar to observations of nucleation coincident with atmo-
spheric mixing seen in Germany [Birmili et al., 2003] and
Finland [Nilsson et al., 2001] and suggests that vertical
mixing can be important to nucleation. However, a signif-
icant fraction of nucleation events observed in Pittsburgh
did not coincide with atmospheric mixing, and occurred
either earlier or later than the rise in boundary layer height
[Stanier et al., 2004b]. The degree to which vertical
transport is important to nucleation in the eastern United
States is currently unknown and vertical transport is not
included in the box model developed here.
[24] In January, 19 days had no observed nucleation.

The first 2 days of the month cannot be modeled because
of missing data, leaving 17 days with no nucleation and
12 days where nucleation was observed in our data set.
Nucleation typically began around noon, presumably once
sufficient sulfuric acid was produced for nucleation and
growth to occur. The nucleation events tended to be
weaker and shorter-lived than during the summer months,
and particles did not grow as much. This is consistent
with lower levels of sulfuric acid (predicted by the
model) and lower secondary organic aerosol during the
winter [Cabada et al., 2002].

5. Results

5.1. Base Case

[25] An example simulation is shown for 27 July 2001,
when new particle formation occurred over a 9-hour span
(Figure 3), beginning shortly after 0600 and continuing to
nearly 1500 EST. The model prediction compares well with
the observed behavior, with the timing of the event and the
size and shape of the growth curve similar to the observa-
tions. The model does predict higher number concentra-
tions, however, producing a peak hourly average of
93,000 cm�3 for particles greater than 10 nm in diameter,
compared to a maximum of 47,000 cm�3 from the
measurements, and the model-predicted nucleation is also
stronger between noon and 1500 EST.
[26] As shown in Table 1, the model successfully pre-

dicted the presence or lack of new particle formation on all

Figure 3. Comparison of modeled (a) and measured
(b) size distributions as a function of time for one day with
nucleation activity (27 July 2001). Particle number (z axis)
is plotted against time of day (x axis) and particle size
( y axis). The increased number concentrations observed
between 0600 and 0700 EST and after 2100 EST are due
to local emissions of ultrafine particles. The observed onset
of nucleation at �0700 EST is captured in the model, and
the qualitative features of particle growth are also captured
by the model.
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19 modeled days in July. The timing of the events also
compared well with the observations, with the model
predicting the start of new particle formation within 1 hour
for all 13 events. The size and shape of the growth curve
were consistent with measurements, with the predicted
average final size of the nucleated particles within 10 nm
of the actual size in 9 out of the 13 nucleation days. Three of
the days with poor agreement are days where observed
growth is significantly less than the majority of days. Two
of these days (the 1st and 3rd) are characterized by fronts
moving through the region, which could effect the perfor-
mance of the model, and on the other day nucleation is
delayed until late afternoon because of cloud cover (26th).
[27] A strong correlation between the presence of free

NH3 in the gas phase and new particle formation contrib-
uted to the success of the model in July. During the 13 days
where particle production was observed, gas-phase NH3

concentrations exceeded 100 ppt while nucleation was
occurring. Although Pittsburgh has a high average sulfate
concentration, on the 13 days in question there was suffi-
cient NH3 to neutralize the aerosol sulfate. In contrast,
during the 6 days without new particle formation, the
aerosol sulfate levels were higher, leaving less NH3 in the
gas-phase (typically a few ppt). Other parameters, such as
SO2, temperature, relative humidity, and UV radiation, all
varied widely over the nineteen days. The preexisting
surface area tended to be less on the days with particle
formation than those without, although there was some
overlap.
[28] The ternary NH3-H2SO4-H2O parameterization is

also successful in predicting the presence of nucleation in
January (Table 2). Peak and average number concentrations
are not shown for the month of January because the local
sources of ultrafine particles occasionally produce similar

number of particles as the nucleation events, which produce
fewer particles than in July. The difference between par-
ticles produced by these local sources and the nucleation
events is clear, however, and there appears to be no
interaction between the particles produced by these different
phenomena. The model is successful in predicting 11 of the
12 observed events, with the exception being the 14th. This
day has a sudden drop in surface area shortly after the
observed nucleation begins, which is difficult to capture in
the model. The model also suffers from three ‘‘false
positive’’ cases in January, predicting nucleation events on
3 days where it was not observed in the field. Two of these
predicted events are very weak and do not exhibit growth
above 10 nm (the 24th and 29th), while the particles from
the third additional event grow only to 15 nm in size.
[29] A comparison of the model prediction and observa-

tions for 28 January 2002 is shown in Figure 4. The
predicted onset of nucleation compares well with the
observations, beginning shortly after noon. The predicted
nucleation event lasts about 1.5 hours longer, and produces
more particles than observed. This overprediction of num-
ber concentrations is typical in January, as it was in July. In
addition, the overall timing of the events does not agree as
well as in July, with one event predicted to occur 3 hours
earlier than the observed event (on the 9th) and two other
events occurring at least 2 hours before nucleation is
observed. Most of the predicted nucleation events show
growth that is similar or less than the observed growth,
although two events show considerably more growth than
observed (the 18th and 22nd).
[30] The good agreement with the growth of the particles

is somewhat surprising, with sulfuric acid as the only
condensing species included in the model. However, due
the cubic relation between diameter and volume seemingly

Table 1. Predicted and Observed New Particle Formation During July 2001

Day of
July
2001

Observed
Strength of
Nucleationa

Time of Nucleation, EST
Final Mode Diameter of
Nucleation Mode, nm

Daily Average Number
Concentration > 10 nm,

103 cm�3

Peak Hourly Number
Concentration > 10 nm,

103 cm�3

Observed Predicted Observed Predicted Observed Predicted Observed Predicted

1 moderate 0900 0800 20 60 10 53 19 158
2 weak 0800 0800 80 60 21 50 32 150
3 weak 0900 0900 10 65b 17 50b 22 184b

4 none none none – – 9 6 12 8
6 weak 0900 0900 60 65 24 54 42 159
7 none none none – – 12 13 26 20
8 none none none – – 11 10 18 11
9 strong 1000 0900 90 100 24 73 54 259
11 moderate 0900 0900 40 50 24 35 47 105
12 moderate 0900 0900 70 60 21 59 37 164
13 weak 0900 0900 50 40 19 37 27 86
14 strong 0800 0900 60 60 19 46 36 127
15 moderate 0800 0900 50 60 25 48 44 145
18 none none none – – 16 10 24 18
19 none none none – – 11 7 17 17
23 none none none – – 8 9 16 17
24 moderate 0800 0800 70 80 19 47 44 170
26 moderate 1600 1700 40 20 17 31 35 108
27 strong 0600 0600 70 70 28 45 47 140
aEvents were classified as no new particle formation, weak, moderate, or strong according to the observed rate of change of particle number between 3

and 10 nm. Strong events have dN10/dt > 15,000 cm�3 hr�1, moderate events from 4000 to 15,000, and weak events between 2000 and 4000 cm�3 hr�1.
No new particle formation refers to a dN10/dt that was not distinguishable from the natural variability in nuclei mode particle concentrations due to local
primary sources. Usually the noise threshold was about 2000 cm�3 hr�1.

bMultiple air masses moved through the region on this day, probably violating the box model assumptions. This day was modeled to see if the observed
0900 burst in number concentration was replicated by the model, rather than to compare the observed and modeled growth.
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large differences in mass will not greatly affect the diameter.
For example, AMS measurements indicate that the final
mode of the particles (around 100 nm) for three measured
events in September 2002 are approximately 25%, 25%,
and 40% organic by mass [Zhang et al., 2004]. Leaving out
this organic mass would result in a reduction of only 9% to
16% in the final diameter of the particles. Thus it is possible
that organic and other inorganic species are also involved in
the growth, although sulfuric acid alone appears to be
sufficient to grow the particles to significant sizes in
Pittsburgh during the periods studied.

5.2. Sensitivity to Changes in the Maximum OH

[31] One of the major uncertainties in the model is OH
concentration. The July simulations were repeated with
maximum OH concentrations of 107 molecules/cm3 (200%
of the base case value) and 2.5� 106 molecules/cm3 (50% of
the base case value). No change was seen in the number of
nucleation events for either of these additional cases, with
the model still predicting nucleation to occur on the same
13 days (68% of the modeled days). The growth of the
particles changed significantly, however. A maximum OH
concentration of 107 molecules/cm3 resulted in signifi-
cantly more growth than in the base case simulations. For
12 of the 13 events, the nucleated particles grew to at
least 80 nm, with the final mode of nine of these events
at least 100 nm in size. With a maximum OH concen-
tration of 2.5 � 106 molecules/cm3, the final mode size of
the nucleated particles is 20% less than for the base case
on average.

[32] In January, both the number of nucleation events and
the growth of the nucleated particles are sensitive to changes
in the maximum OH concentration (Table 3). Again, the
simulations are performed with OH levels 200% of the base

Table 2. Predicted and Observed New Particle Formation During January 2002

Day of January 2002
Observed Strength
of Nucleation

Time of Nucleation, EST
Final Mode Diameter of
Nucleation Mode, nm

Observed Predicteda Observed Predicteda

3 none - - - -
4 none - - - -
5 weak 1200 1100 20 20
6 none - - - -
7 none - - - -
8 none - - - -
9 weak 1200 1200 30 20
10 none - - - -
11 none - - - -
12 weak 1300 1000 30 20
13 moderate 1200 1330 25 15–20
14 weak 1100 - 20 -
15 none - - - -
16 none - - - -
17 none - - - -
18 weak 1300 1330 8 10–15
19 none - 1100 - 10–15
20 none - - - -
21 none - - - -
22 moderate 1200 0930 25 40
23 none - - - -
24 none - 1330 - 10
25 strong 1130 1000 30 25
26 strong 0915 1000 25 25
27 strong 1100 1030 30 20
28 moderate 1200 1230 25 20
29 none - 1300 - 8
30 none - - - -
31 weak 1200 1000 10–15 15

aTo classify as an event, the predicted nucleation had to last for at least an hour and produce particles that grew to at least 8 nm in size (the smallest size
for an observed event). Events that do not meet these criteria would probably not be observed.

Figure 4. Comparison of modeled (a) and measured
(b) size distributions as a function of time for a day in
January with nucleation activity (28 July 2001). Particle
number (z axis) is plotted against time of day (x axis)
and particle size (y axis).
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case value (a maximum of 2 � 106 moleclues/cm3) and 50%
of the base case value (5� 105 molecules/cm3). The number
of events predicted ranges from 8 with OH levels 50% of
the base case (28% of the modeled days) to 21 with OH
levels 200% of the base case (72% of the days). The growth
of the nucleated particles is significantly greater with a
maximum OH concentration of 2 � 106 moleclues/cm3,
with 16 events having particles grow to at least 20 nm in
size, compared to 8 for the base case. With a maximum OH
concentration of 5 � 105 molecules/cm3, particles from
only 2 of the 8 events grow above 10 nm in size, and
only 1 event exhibits growth to 20 nm. The difficulties
of the model in the simulation of a few winter days
could be due to this sensitivity to the uncertain OH
concentration. Because of the sensitivity of nucleation
in January to the maximum OH concentrations, additional
field measurements of OH would help to improve our
understanding of nucleation during the winter months.

5.3. Sensitivity to Accommodation Coefficient

[33] Another source of uncertainty is the value of the
accommodation coefficient. In addition to the base case
value of 0.2, simulations were run with the accommodation
coefficient set to values of 0.5 and 1.0. Higher values of the
accommodation coefficient will tend to increase the uptake
of sulfuric acid onto the preexisting aerosol mass, lowering
the gaseous sulfuric acid concentrations (and, consequently,
the nucleation rates). The higher accommodation coefficient
also has the potential to increase the growth of the nucleated
particles, despite the lower sulfuric acid concentrations.
[34] In July, the average predicted sulfuric acid concen-

trations are reduced by a factor of 2 for an accommodation

coefficient of 0.5, and 3 for an accommodation coefficient
of 1.0. The corresponding reductions in the nucleation rate
are 22%, and 31%, respectively. However, with the presence
of ammonia as the major factor in determining when
nucleation occurs in July, the number of days which exhibit
nucleation does not change. The final mode of the nucleated
particles increases by about 5 nanometers for 2 of the
13 events with an accommodation coefficient of 0.5, and
for 5 of the 13 events with an accommodation coefficient
of 1.0.
[35] In January, changes in the accommodation coeffi-

cient had mixed effects, although the number of events was
not affected. The average sulfuric acid concentrations
between 1000 and 1400 are reduced by a similar amount,
a factor of 2 for an accommodation of coefficient of 0.5,
and a factor of 3 using a value of 1.0. The nucleation rates
are reduced by 8% and 15%, respectively. The reduction
does not affect the number of events. With an accommo-
dation coefficient of 0.5, four events are either shorter,
weaker, or exhibit less growth than for the base case, while
three events produced particles that grew larger than in the
base case. Using an accommodation coefficient of 1.0 in the
model, five events exhibit more growth than the base case,
while four events are either weaker, shorter, or exhibit less
growth. The final mode of the nucleated particles was
within 5 to 10 nm of the base case in all cases.

5.4. Binary Nucleation

[36] Several binary (H2SO4-H2O) parameterizations were
also used in the model for comparison. The parameteriza-
tion of Vehkamäki et al. [2002] predicted no nucleation
events in either the summer or winter. Comparisons with

Table 3. OH Sensitivity Analysis for January 2002

Day of
January 2002

OH, 0.5 � 106 molecules/cm3
OH, 1 � 106 molecules/cm3

(Base Case) OH, 2 � 106 molecules/cm3

Time, EST Final Mode Time, EST Final Mode Time, EST Final Mode

3 - - - - - -
4 - - - - 1100 25
5 - - 1100 20 0930 45
6 - - - - - -
7 - - - - - -
8 - - - - 1200 15
9 1200 10 1200 20 1100 30
10 - - - - - -
11 - - - - - -
12 1000 10 1000 20 0900 35
13 1300 10 1330 15–20 1330 25
14 - - - - 1100 9
15 - - - - 1300 10
16 - - - - 1100 15
17 - - - - 1030 20
18 - - 1330 10–15 1300 25
19 - - 1100 10–15 1030 25
20 - - - - 1030 15
21 - - - - 1000 15
22 1000 20 1000 40 0900 55
23 - - - - - -
24 - - 1330 10 1300 20
25 1100 10 1000 25 0930 45
26 1200 15 1000 25 0930 45
27 1130 10 1030 20 1030 40
28 1230 9 1230 20 1200 30
29 - - 1300 8 0900 20
30 - - - - 1000 10
31 - - 1030 15 1000 30
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nucleation thresholds given by Wexler et al. [1994] and
Pirjola et al. [1999] also revealed that estimated sulfuric
acid concentrations were below the threshold needed for
H2SO4-H2O nucleation to occur in both months at the
relative humidity and temperature corresponding to the
ground level, as well as the top of the mixed layer [Stanier
et al., 2004b]. Finally, the parameterization of Jaecker-
Voirol and Mirabel [1989] was applied, both with and
without a nucleation tuner. Without the tuner, no nucleation
events were predicted. Although there is a lot of uncertainty
as to what value to use for the tuner, Raes et al. [1992] have
suggested a value of between 104 to 107 to bring the results
into better agreement with measurements. Even with a value
of 107, however, only four nucleation events were predicted
in January, and no events were predicted in July.
[37] The poor performance of the binary models is

consistent with results by other researchers who have found
that sulfuric acid concentrations are generally not high
enough to induce binary nucleation in the lower troposphere
[Korhonen et al., 2003; Kulmala et al., 2002; Weber et al.,
1996, 1999]. In fact, the predicted sulfuric acid concen-
trations are similar on days with and without nucleation
for both the summer and winter simulations. In July, the
average sulfuric acid concentration on days with nucle-
ation is 6.5 � 107 molecules/cm3 between 0900 and
1500 EST, about 10% less than the corresponding value
of 7.2 � 107 molecules/cm3 on days without nucleation.

The daily maximum concentrations predicted for July are
2.8 � 108 and 2.9 � 108 molecules/cm3 on days with
and without nucleation, respectively, while the concen-
trations are generally at least 107 molecules/cm3. In
January, the average sulfuric acid concentration on days
with nucleation (1.8 � 107 molecules/cm3) is about
30% higher than on days without nucleation (1.3 �
107 molecules/cm3). The maximum sulfuric acid con-
centrations are again similar, 1.3 � 108 and 1.4 �
108 molecules/cm3, respectively, while the predicted con-
centrations are generally above 105 molecules/cm3.

6. Effect of Changes in SO2 and NH3 Emissions

[38] Sensitivity analysis was also performed to determine
how changes in emissions of SO2 and NH3 would influence
nucleation during summer and winter conditions. Scenarios
were modeled changing the emissions of one gas while
leaving the other at the base case level, as well as with both
ammonia and SO2 being simultaneously controlled. The
following changes were made to the model inputs with
changes in SO2 emissions: (a) a proportional change was
made in the gas-phase SO2 and aerosol sulfate concentra-
tions; (b) the gas-phase ammonia concentrations were
recalculated using the adjusted aerosol sulfate concentra-
tions and conserving the total ammonia; (c) the initial
surface area was reduced proportional to the change in total
aerosol mass. Changes in aerosol mass are calculated
accounting for the change in sulfate concentrations, the
mass fraction of sulfate in the aerosol phase, and adjusting
for replacement of sulfate by nitrate and ammonium when
sufficient NH3 and HNO3 are available [Seinfeld and
Pandis, 1998]. The adjustment to the surface area implicitly
assumes that there is no change in the shape of the aerosol
distribution. In reality, there would be a shift in the
distribution with changes in total mass. However, sensitivity
analysis on the preexisting surface area showed that the
results were insensitive to changes of up to 20% (the
number of events remains the same while the growth of
nucleated particles is affected only slightly), so the error
introduced by this simplifying assumption can be ignored.
Changes in NH3 emissions are handled in a similar manner:
(a) the total ammonia is changed proportionally to the
change in NH3 emissions; (b) the gas-phase ammonia
concentrations are recalculated with the new values for total
ammonia; (c) the initial surface area is adjusted proportion-
ately to the change in aerosol mass resulting from the
increase of total ammonia.
[39] Figure 5 shows the effects of changes in SO2

emissions for both the January and July simulations.
For the July simulations, increasing the SO2 emissions
decreases the number of nucleation events, as the additional
aerosol sulfate lowers the amount of gas-phase ammonia
and reduces the nucleation rates. The fresh particles that are
created grow to larger sizes, however, as there is more
sulfuric acid being produced to contribute to the growth of
the particles. Lowering SO2 emissions initially increases the
number of nucleation events, as gas-phase ammonia con-
centrations increase and raise the nucleation rates. A
maximum of 18 events out of the 19 modeled days occurs
with a 40% reduction in SO2. Additional reductions in SO2

decrease the number of nucleation events and substantially

Figure 5. Sensitivity to changes in SO2 concentrations for
(a) July and (b) January. The shaded bars represent the base
case scenario.
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reduce the amount of growth seen. Even with an 80%
reduction in SO2 emissions, however, fourteen nucleation
events occur (74% of the modeled days), although eight of
these events are very weak with the nucleated particles not
growing above 20 nm in size.
[40] In January, changes in SO2 emissions have the

opposite effect, with increases in SO2 emissions tending
to cause additional events, and vice versa. This is indicative
of the fact that sulfuric acid, in conjunction with ammonia,
plays an important role in determining the nucleation rate in
January, as opposed to in the summer when ammonia
controls the system. The model predicts a maximum of
18 events (62% of the modeled days) with an 80%
increase in SO2 emissions, 5 more than for the base case.
The nucleation events also exhibit increased growth as the
SO2 emissions are increased. With a 40% reduction in
SO2, nucleation is still seen on 38% of the days, although
the particles from only 2 of the 11 events grow to 20 nm
in size. An 80% reduction in SO2 leaves only 3 events
(10% of the modeled days), with the mode of the particles
only reaching 10 nm in size for all three events.
[41] In July, a strong positive correlation is seen between

changes in total ammonia and the number of nucleation
events (Figure 6). In July, the model predicts 17 events
when the total ammonia is increased by more than 60%
(89% of the modeled days). A 40% reduction in ammonia
eliminates 5 nucleation events seen in the base case (leaving

42% of the days showing nucleation), while a 100%
reduction eliminates all the events. The length of the
nucleation events is also affected as ammonia decreases,
with several of the events becoming significantly shorter.
[42] Although a similar trend is seen in January, ammonia

does not have as great an effect as in July. Even with a
100% reduction in total ammonia, seven events still occur
(24% of the modeled days), with the particles from 5 of
these events growing to at least 20 nm in size. For these
cases, the lower limit of ammonia for the parameterization
was used, 0.1 ppt, so these cases do not reduce to the binary
H2SO4-H2O case. A doubling of ammonia results in nine-
teen predicted nucleation events (66% of the days),
although 8 of these events are weak and do not exhibit
growth above 20 nm in size.
[43] Although SO2 emissions have been reduced substan-

tially since the 1980s by the Clean Air Act, further reduc-
tions are planned [e.g., U.S. Congress, 2003] to help reduce
fine particulate matter mass concentrations in the eastern
United States, which have been linked to adverse health
effects [Samet et al., 2000; U.S. Environmental Protection
Agency, 1996]. With these further reductions in SO2 already
planned, additional scenarios were simulated for July in
which NH3 was controlled in addition to SO2. As shown
previously, a 40% reduction in sulfate results in five
additional events during this month. When coupled with a
10% reduction in NH3, however, three of these additional
events are eliminated. A reduction of NH3 by 30% elimi-
nates the other two additional events, leaving just the
original thirteen.

7. Conclusions

[44] A strong correlation between the presence of gas-
phase ammonia in July and observed nucleation indicates
that ternary NH3-H2SO4-H2O nucleation is the likely mech-
anism for nucleation in Pittsburgh. The ternary NH3-H2SO4-
H2O nucleation parameterization of Napari et al. [2002] is
shown to accurately predict the presence or lack of nucle-
ation during both the summer and winter: 19 out of 19 days
in July, and 25 out of 29 days in January. The success of the
model using H2SO4 as the sole condensing species and
without simulating the effect of organics suggests that the
role of organics in the formation and growth of these
nucleated particles is probably secondary.
[45] The predicted size and shape of the growth curve,

as well as the timing of the onset of nucleation, is in
good agreement with observations, particularly in July.
The predicted timing of the events is within 1 hour of
the observations for all 13 events in July, and 6 of the
12 events in January. Nine of the thirteen predicted events
show very similar growth compared to the observations in
July, while the model generally predicts less growth than
observed in January. The model tends to predict higher
number concentrations of particles on days with nucleation
for both the summer and winter months. In July, for
example, the predicted daily average and peak hourly
number concentrations of particles larger than 10 nm are
2.5 and 4.3 times higher, respectively, than the observed
number concentrations on these days. Although this dis-
crepancy in number concentrations might be partially
explained by the model not accounting for coagulational

Figure 6. Sensitivity to changes in ammonia emissions for
(a) July and (b) January. The shaded bars represent the base
case scenario.
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scavenging of particles smaller than the critical cluster as
well as dilution as the mixing layer rises during the day,
this issue needs to be further explored.
[46] Sensitivity analysis on the OH concentrations reveals

that the number of nucleation in July events is insensitive to
the OH concentration, while the number of events in
January ranges from 8 (28% of the modeled days) with
OH concentrations 50% of the base case value to 21 (72%
of the days) with OH concentrations twice the base case
value. The growth of the nucleated particles due to sulfuric
acid condensation changes significantly for both months as
a function of the assumed maximum OH. Field measure-
ments of OH concentrations during the winter months
would greatly enhance our understanding of nucleation
during the winter.
[47] Additional sensitivity analysis shows what effect

future changes in ammonia and SO2 emissions would have
on the number and strength of nucleation events. In both July
and January, the number of events shows a strong correlation
with ammonia emissions. In July, reducing the ammonia
emissions by 100% eliminates all the nucleation events,
while doubling ammonia emissions results in 17 events
(89% of the modeled days). In January, the relationship is
not quite as strong, with the percentage of days exhibiting
nucleation rising from 24% with no ammonia to 66% with
double ammonia. The effect of changes in SO2 emissions is
different depending on the season. In January, there is again
a positive correlation with the number of events. An 80%
reduction in SO2 emissions leaves only 3 events, while
doubling the SO2 results in 19 events (66% of the days). In
July, the simulated effect of SO2 emissions is nonlinear. For
the July simulations, SO2 reductions can either increase or
decrease the frequency of nucleation. Reductions up to about
40% will increase the number of days with nucleation, while
larger reductions will ultimately decrease the frequency.
Doubling the SO2 in summer decreases the nucleation
frequency substantially. Like the changes in OH concentra-
tions, the amount of SO2 also affects the growth of the
nucleated particles significantly in both months, as the
amount of sulfuric acid available for condensation is affected.
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Abstract

Natural radionuclides have been proposed for use as tracers in assessing the transport of ozone and aerosols in the

troposphere. Beryllium-7 is produced in the upper troposphere and lower stratosphere and after formation rapidly

attaches itself to fine aerosol particles. Measurements of 7Be at ground level can therefore be used as a tracer of

stratospheric/tropospheric folding events, leading to injection of ozone and upper atmospheric aerosols into the lower

atmosphere. Since its concentration varies little on regional scales it can also be used to detect and correct for sampling

problems in particulate monitoring networks. Lead-210 and its progeny, 210Bi, and 210Po can also be used to determine

the apparent tropospheric residence times for fine aerosols by looking at the 210Bi/210Pb and 210Po/210Pb activity ratios.

Reported here are measurements of the natural radionuclides 7Be and 210Pb, taken at two sites near Pittsburgh, PA in

the summer of 2001 and at a site near Centerton, New Jersey in 1999 during the NEOPS field campaign. Beryllium-7

results show no evidence of upper atmospheric input during the sampling period. Apparent residence times as

calculated from 210Po/210Pb ratios are shorter for Pittsburgh than for Centerton, and shorter for both sites than those

obtained previously in other areas, indicating a local aerosol source as well as a higher loading of water-soluble species

such as sulfate and nitrate. A comparison of fine and course aerosol lifetimes shows no contribution of excess 210Po

from wind-blown soil or from coal-fired power plants.

r 2004 Elsevier Ltd. All rights reserved.
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1. Introduction

We are now becoming more aware of the importance

of atmospheric aerosols in the chemistry and physics of
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the atmosphere and as a means of transporting materials

over long distances. In the stratosphere, atmospheric

aerosols provide important surfaces for heterogeneous

chemical processes leading to enhancement of the

catalytic destruction of stratospheric ozone by chlorine.

Aerosols are important as cloud condensation nuclei

and play key roles in the hydrological cycle through

their influence on the types and formation rates of

clouds. Aerosols, as well as the clouds they produce, can

also scatter or absorb incoming radiation from the sun

or outgoing radiation from Earth, with important

consequences for the thermal balance of the planet as

well as for climate and weather.

Aerosols at high concentrations also have health

impacts, particularly when they are associated with

other air pollutant exposures (Holland et al., 1979). The

killer smog episodes in London during the 1940s and

1950s were due to high levels of carbon soot and sulfur

dioxide trapped in a shallow boundary layer. In the
d.
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United States, similar events in Donora, Pennsylvania,

caused a number of deaths and led thousands of

residents to be hospitalized. The result was the passage

of legislation aimed at reduction of the levels of these

primary pollutants. More recently, studies have indi-

cated a relationship between lower levels of atmospheric

particulate exposure and increases in the incidences of

cardiopulmonary illnesses (Pope, 2000; Schwartz et al.,

2001), cancer (Beeson et al., 1998) and mortality rates in

general (Lipfert et al., 2000; Schwartz et al., 1996). The

effects are particularly strong in individuals with

preexisting conditions. This correlation has motivated

a call for stricter air quality standards for particulate

matter even though a toxicological mechanism is still

unknown. Evidence has suggested that aerosol mass

concentration is not the most appropriate measure of

potential health effects (Lighty et al., 2000). Other

characteristics such as size, surface area, particle

number, chemical composition, and morphology have

been suggested as important measurements to consider.

Critical to our understanding of the roles that aerosols

play in the atmosphere as well as their effects on human

health is the determination of their size, chemical

composition, and physical properties. It is especially

important to determine the ability of aerosols to take up

water and grow to a size that can be removed by

gravitational settling or washout processes. We now

recognize that the secondary formation of aerosols in

the atmosphere is also important. The oxidation of

sulfur dioxide and nitrogen oxides to form submicron

sulfate and nitrate aerosols is well documented. Large

organic hydrocarbons, such as the natural monoterpenes

and anthropogenic-sourced hydrocarbons, can also

react with ozone and hydroxyl radical to form secondary

organic aerosols. In many cases, these submicron

secondary aerosols formed in the boundary layer can

be transported for some distances, as they are removed

slowly by gravitational settling.

The dominant radioactive isotopes attached to fine

aerosols are 7Be and 210Pb, and the 210Pb progeny, 210Bi

and 210Po (Junge, 1963). The sources, radioactive

lifetimes, and decay schemes of these radionuclides are

shown in Fig. 1. Cosmogenic particles hitting the

atmosphere lead to the production of 7Be through

spallation processes with light atomic nuclei (e.g.

nitrogen and oxygen). About 66% of the total 7Be is

produced in the stratosphere and 33% in the upper

troposphere (G.aggeler, 1995), with peak production at

about 15 km (Bhandari et al., 1970). Once 7Be is

produced in the upper troposphere and lower strato-

sphere, it attaches itself to the available aerosol surfaces.

This leads to a mean diameter of 0.3 mm for the size

distribution of 7Be-containing aerosol particles. Con-

centrations of 7Be in surface air depend on cosmic ray

intensity, stratosphere–troposphere exchange, down-

ward transport in the troposphere, and wet and dry
deposition of the carrier aerosols. Consequently, 7Be is a

sensitive indicator of intrusions of stratospheric air into

the troposphere. Thus, the determination of the 7Be

content in fine aerosols can give a measure of the

transport of this fine aerosol material from the upper

troposphere/lower stratosphere to the surface where it is

sampled. Past work has also suggested that this might be

a useful way to determine stratospheric intrusions into

the lower atmosphere in order to estimate whether

stratospheric ozone is affecting tropospheric sites during

these events (Gaffney et al., 1994, 1995).

Uranium-238 is common throughout the Earth’s crust

and decays to the inert gas 222Rn, which escapes into the

atmosphere. The 222Rn decay leads to the formation of
218Po, which rapidly becomes attached to fine aerosols,

with average attachment times of 40 s to 3min (Whit-

tlestone, 1990), and subsequently decays to form the

long-lived 210Pb (see Fig. 1). The 210Pb is attached to

aerosol particles in the submicron size range and is

therefore considered to be a good tracer of secondary

aerosols produced by gas-to-particle conversion (Sanak

et al., 1981). The size distribution for the 210Pb attached

particles in the boundary layer is somewhat larger than

that for 7Be, with a median diameter upon initial

attachment of 0.4 mm. Removal of 210Pb from the

atmosphere occurs mainly by wet and dry deposition,

with precipitation being the dominant pathway (Gaffney

et al., 1994).

In theory, the activity ratio of either 210Po or 210Bi to

the parent 210Pb can be used to estimate the atmospheric

residence times of the carrier aerosols (Nevissi, 1991).

However, residence times calculated by these methods

have led to controversy in the past. In general, the
210Bi/210Pb activity ratios obtained on total atmospheric

particulate samples have yielded residence times shorter

than those calculated from the 210Po/210Pb ratios

(Gavini et al., 1974; Tsunogai and Fukuda, 1974;

Lambert et al., 1979; Tokieda et al., 1996; Kim et al.,

2000). Although 210Bi/210Pb ratios often result in aerosol
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residence times of approximately one week (Fry and

Menon, 1962; Poet et al., 1972; Rangarajan et al., 1986),
210Po/210Pb ratios yield residence times on the order of a

month or more (Burton and Stewart, 1960; Pierson et al.,

1966; Anand and Rangarajan, 1990). The larger than

expected 210Po/210Pb ratios have been attributed to

additional sources of 210Po besides the radioactive decay

of 210Pb (Moore et al., 1976).

In contrast to 7Be, which has a 53-day half-life, 210Pb,

with a half-life of 22.3 years, is present long enough in

soil to be measurable in wind-blown dusts. Contamina-

tion of aerosol samples with resuspended surface

materials will result in excess 210Po and subsequently,
210Po/210Pb activity ratios that are extremely high

resulting in very long apparent residence times. Samples

taken across a variety of sites with an eight-stage

cascade impactor demonstrated that submicron analyses

are needed to avoid contamination and the subsequent

long apparent lifetimes that occur in the larger size

ranges (Marley et al., 2000a, b) from wind-blown dust

and soil. In this work (Marley et al., 2000a, b), aerosol

samples in the size ranges >1 mm gave apparent

residence times of >300 days and a wide disagreement

between 210Bi/210Pb and 210Po/210Pb ratios. While

sample sizes below 1 mm gave apparent residence times

of 33–66 days and a general agreement between results

obtained from 210Bi/210Pb and 210Po/210Pb activity

ratios.

An unexpected disequilibrium has been recently

reported in fine aerosol fractions in the atmosphere

inside a mine environment where very high 222Rn levels

were observed (Wallner et al., 2002). Large excess of
210Po was seen attached to fine aerosol fractions leading

to a significant disequilibrium and was attributed to the

attachment of 210Po to aerosols independent of the

parent 210Pb. This large disequilibrium requires a

separation and/or a new source of 210Po from the

parent 210Pb that might normally be due to high

temperature volatilization and separation of the 210Po

from the 210Pb (Lambert et al., 1979) or from chemical

fractionation (Gaffney et al., 1992). Although there is no

clear explanation for the large disequilibrium observed

in this work (Wallner et al., 2002), this unexpected

observation might be due to the high concentrations of

the gaseous parent reported in the enclosed environment

inside the mine. This fractionation effect has not been

observed in ambient atmospheric samples. Under

conditions of atmospheric levels of 222Rn, the daughter
218Po becomes attached to fine aerosols within 40 s to

3min after formation (Whittlestone, 1990). Therefore

subsequent decay to form the long-lived 210Pb and its

progeny will normally occur after initial attachment has

taken place.

In the absence of wind-blown dust contamination or

other sources of excess 210Bi and/or 210Po, a measure of

the activity ratios of 210Bi/210Pb and 210Po/210Pb have
been shown to be useful estimates of the atmospheric

residence times of the attached particles (Baskaran and

Shaw, 2001; Marley et al., 2000a). Key to the success of

this approach is the ability to rapidly separate and

determine the activities of 210Pb, 210Bi, and 210Po in fine

aerosol samples. A quick and easy method for the

separation of these species in size-fractionated air

samples has been developed based on solid phase

extraction of their chloride complexes (Marley et al.,

1999).

Reported here are measurements of the natural

radionuclides 7Be and 210Pb, taken at two sites near

Pittsburgh, PA in the summer of 2001 and at a site near

Centerton, New Jersey in 1999 during the North East

Oxidant and Particulate Study (NEOPS). Measurements

of 210Pb and 210Po were used to estimate fine aerosol

residence times at all sites. Data was taken at the

Pittsburgh sites with high-volume, slotted cascade

impactors, which enable the determination of 1-day

averaged apparent aerosol ages for the first time. The

use of 210Po to identify soil aerosol sources is presented

and discussed in light of data from recent studies.

Beryllium-7 was used for tracing and assessing the

effects of upper air parcels on the lower atmosphere in

this area. We also discuss how 7Be measurements can be

used to address PM-2.5 network sampling problems.

Errors in the assessment of aerosol distributions can be

large if sampling volumes are not determined accurately.

Beryllium-7 values, which should be reasonably con-

sistent on network scales, can help both to identify

problems when they occur and to present a basis for

correction of data.
2. Experimental methods

2.1. Sample collection

We define fine aerosols for this study as being 0.1–

1 mm in aerodynamic diameter. Larger aerosols are

considered coarse, and smaller aerosols are considered

ultrafine. Initial studies have made use of an eight-stage

Lundgren-type impactor with a flow rate of 1 lmin�1.

Samples were collected on Teflon, with the final stage

being quartz (Marley et al., 2000a, b). Because of the low

flow used by this impactor, a sampling duration of 3–7

days, depending on the aerosol density, was required to

obtain sufficient sample for analysis. We have examined

the fine and coarse fractions of aerosols collected with

this impactor from a number of urban and rural sites for
7Be and for 210Pb, 210Bi, and 210Po (Marley et al.,

2000a, b). The results are consistent with the findings of

others in that 7Be cannot be detected on aerosols above

1 mm in diameter (Papastefanou and Ioannidou,

1996a b). We have since used this fact to advantage to

obtain samples of higher volume and shorter time
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resolution for 7Be determination, by collecting the entire

aerosol below a 2.5-mm cutoff for direct gamma

counting of the 7Be. This approach has allowed us to

examine the concentrations of 7Be in the Deer Park,

Texas area as part of the recent TexAQS 2000 field study

(Gaffney and Marley, 2002).

For the determination of 210Pb, 210Bi, and 210Po, we

have found, based on measurements at a number of

sites, that a sample collection system, which separates

the fine fraction (diameters of 0.1–1.0 mm) from the

coarse fraction (>1.0 mm), allows the separation of fine

combustion-related and secondary aerosols from coarse

wind-blown soil and dust. By using a slotted-plate

cascade impaction system equipped with a single

separation stage, we have been able to collect samples

of both fine and coarse aerosol fractions for the

determination of 210Pb, 210Bi, and 210Po.

Samples were collected by using the low flow eight-

stage Lundgren-type impactor from 24 July to 9 August

1999 (Julian Day 205–222) at Centerton, New Jersey, a

rural site, 30 miles south of Philadelphia and 25 miles

north of Delaware Bay during the NEOPS. Samples

were collected at two sites in the Pittsburgh area using

the high flow Sierra impactor from 22 July to 30 July

2001 (Julian Day 202–210). Sierra impactors calibrated

to operate at 40 cfm (1.13m3min�1) were set to collect

24-h samples beginning at midnight, Eastern Standard

Time. The impactors were equipped with the number 4

plate for a particle size cut-off (D50) between 0.95mm at

a flow rate of 40 cfm and 1.10 mm at a flow rate of

30 cfm. Aerosol samples were collected on quartz and

cellulose filters. Air sample volumes ranged from 1320 to

1600m3 of air.

The first Pittsburgh site was located approximately

5 km east of the city center on a building rooftop

adjacent to Schenley Park (SP) (40.4395�N latitude and

79.9405�W longitude) at an altitude of approximately

310m. At this site the wind was predominantly from the

south and the west during the study. The second site was

located at the US Department of Energy National

Energy Technology Laboratory (NETL) Ambient Air

Monitoring Station. This site is approximately 15 km

south of downtown Pittsburgh (40.30655�N latitude and

79.9794�W longitude) at an elevation of 325m above sea

level. The wind at this site was predominantly from the

south and southwest. A total of nine samples were taken

at the NETL site, and six were taken at the SP site.

2.2. Beryllium 7 measurements

Beryllium-7 was determined by direct gamma count-

ing of the samples on the filter collection membranes

with a high purity, low background, germanium (HPGe)

crystal detector coupled to a 4096 channel multichannel

analyzer (EG&G Ortec, 92X Spectrum Master). The

478 keV emission peak was used to determine 7Be
attached to fine aerosol particles. Sample counting rates

are corrected for counting geometry, detector response

factors, and the relative decay rates of the gamma

radiation versus total decay processes.

Counting statistical errors were o5%.

2.3. Radon daughter measurements

The method of separation of 210Bi and 210Po from
210Pb has been described in detail elsewhere (Marley

et al., 1999). Briefly, the samples were leached in 50%

nitric acid over gentle heat for 24 h. Filters were

removed and washed with distilled water. After the

leachate was taken to dryness overnight, approximately

25ml of 1M HCl was added to redissolve the dried

samples. Samples obtained on glass fiber membranes

were then prefiltered with 0.45-mm Millipore filters to

remove particulate matter.

Samples were filtered slowly through 0.45-mm, 0.2-mm
solid phase extraction disk membranes (3M Emporet)

to extract the chloride complexes of 210Bi and 210Po and

leave those of the parent 210Pb in the solution. Samples

were rinsed several times with 1M HCl to remove traces

of lead from the membrane. After drying the membranes

and neutralizing the H+, the filter disks were then placed

directly in the low background beta counter (Tennelec

LB4000 proportional counter) for simultaneous beta

and alpha counting of the 1.16MeVbmax of
210Bi and the

5.3MeV a particle of 210Po. The counting efficiencies

were 0.4 for beta and 0.18 for alpha. Both 210Pb and
210Bi were determined by beta counting of the 210Bi

daughter, while 210Po was determined by simultaneous

alpha counting. After sufficient time is allowed (X30 d)

for regrowth of the 210Bi, a second extraction allows for

the subsequent determination of 210Pb. Counting

statistical errors were o5%.

2.4. Determination of atmospheric residence times

Atmospheric residence times were calculated from
210Po/210Pb and 210Bi/210Pb ratios by the method

described by Nevissi (Nevissi et al., 1974; Nevissi,

1991; Kuroda et al., 1978).

Briefly, the mean residence time of a sample of

atmospheric aerosols in days (TR) can be calculated

from the activity ratio of the attached 210Po/210Pb

according to the theoretical decay rates as

210Po=210Pb ¼T2
R=ðTR þ 1=lBiÞðTR þ 1=lPoÞ: ð1Þ

Similarly, TR can be calculated from the 210Bi/210Pb

activity ratio as

210Bi=210Pb ¼TR=ðTR þ 1=lBiÞ; ð2Þ

where l is the radioactive decay constant for each

species.
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Note that the observed ages reported are not absolute

but are an average representative of the compositions of

the aerosols. For example, a mixture of 90% of a 5-day-

old aerosol and 10% of a 100-day-old aerosol would

have an apparent age of 14.5 days. Similarly, a 50:50

mixture of a 5-day-old aerosol and a 100-day-old

aerosol would have a 52.5-day apparent residence time.
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Fig. 2. Observed 7Be levels in milli-Becquerels per cubic meter

of air (mBqm�3) for samples collected at NETL and SP. All

samples were on the fine fractions with the exception of one

coarse sample taken at NETL on Julian Day 202.
3. Results and discussion

3.1. Beryllium-7

Observed 7Be levels in milli-Becquerels per cubic

meter of air (mBqm�3) for the Pittsburgh samples are

given in Table 1 and shown graphically in Fig. 2. All of

the samples collected were fine aerosol fractions except

for one coarse sample taken at the same time as the fine

sample on 22 July at the NETL site. This course sample

was examined and found to contain negligible amounts

of 7Be above the counting background observed in

sample blanks. This is consistent with earlier findings

that the 7Be is exclusively attached to aerosols in the size

range of 0.3–0.6 mm diameter.

Very good agreement for 7Be samples taken on 22, 23,

26, and 27 July (Julian Dates 202, 203, 206, and 207) can

be seen for the two sampling stations. On the 28th

(Julian Date 208) the NT site was about a factor of two

higher than the SP site, albeit these are still fairly low

levels of 7Be in air. The sample on the 29th (Julian Date
Table 1
7Be measurements on samples collected at the NETL (NT) and SP fiel

of one coarse sample (C) taken at NETL at the beginning of the sampli

analysis and the radioactive decay of the 7Be

Date Site Volume (m3) 7Be

7.22.01 NT 1471 7336

7.22.01 NT (C) 1471 108

7.22.01 SP 1353 6587

7.23.01 NT 1432 4879

7.23.01 SP 1355 5237

7.24.01 NT 1462 5895

7.25.01 NT 1410 4825

7.26.01 NT 1572 2813

7.26.01 SP 1545 3296

7.27.01 NT 1605 5886

7.27.01 SP 1472 5846

7.28.01 NT 1358 5032

7.28.01 SP 1385 2011

7.29.01 NT 1589 1750

7.29.01 SP 1609 4638

7.30.01 NT 1329 1580

Blank 29

Blank 13
209) was just the opposite, with the SP site being higher

than the NT site. Generally we have seen that sites that

are within a 20-mile distance of each other track fairly

well, indicating that 7Be is a fairly good measure of

regional air transport. Also, over a short time period

(12 h) in a citywide area, 7Be levels are usually quite

constant. For most of this period we observed this same

trend. Problems with sample pumping rates were

suspected for SP on the 28 July and for NT on 29 July.

The reduced sample flows were reflected in the 7Be

results when compared with the nearby site. This

observation could serve as a quality control measure-

ment for PM-2.5 network sampling problems. The
d sites. All samples were on the fine fractions with the exception

ng period. Values in mBqm�3 are corrected for the time delay in

(mBq) 7Be (mBqm�3) Atoms 7Be (m�3)

5.120 34,016

0.077 509

5.125 34,052

3.635 24,151

4.235 28,139

4.416 29,339

3.748 24,903

1.960 13,021

2.367 15,728

4.178 27,758

4.583 30,451

4.275 28,401

1.675 11,130

1.271 8444

3.370 22,388

1.372 9114
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reliability of high-volume measurements is often an issue

in determining mass loadings of aerosols. Errors can be

large if sampling volumes are not determined accurately.

Power loss, heavy sample loading leading to reduction in

air flow, and a variety of other problems in aerosol

networks can result in an inaccurate assessment of

aerosol distributions. Beryllium-7 values, which should

be reasonably consistent on network scales, can help

both to address errors in the volume of air sampled by

high-volume filters and could be a means for correcting

data when these problems occur.

Concentrations of 7Be in mBqm�3 in Pittsburgh were

observed to range from 0.08 to 5.1 during the sample

period. This is very comparable to levels observed in

Houston during much of the study in 2000 (Gaffney and

Marley, 2002), and lower by a factor of 3–7 than values

observed in the Phoenix area during the summer of 2001

(Gaffney and Marley, 2003). The data do not indicate

any significant ‘‘events’’ that would be interpreted as

upper air mass transport into the Pittsburgh area during

the sampling period. Examination of the data and

comparison with maximum ozone values for this period

also did not reveal significant correlation with 7Be

activity, consistent with results seen in the Houston area.

Whereas, computer modeling by Lawrence Livermore

National Laboratory (IMPACT) has indicated that

there may have been some downward transport during

the Phoenix study as indicated by higher 7Be levels (25–

30mBqm�3) observed in the beginning of the sampling

period. From these data, we derived an upper limit of

20–30 ppb for ozone background from stratospheric

input (Gaffney and Marley, 2002).

3.2. Radon daughters

The results for 210Pb collected in Centerton, New

Jersey in July–August 1999, with the low flow eight-

stage Lundgren-type impactor are given in Table 2.
Table 2
210Pb measurements on samples collected at the Centerton, NJ field sit

stage low flow impactor

Diameter (mm) 7/24–30 7/3

mBq MBqm�3 mB

9.2 13 (0.7) 0.052 11

5.8 16 (0.8) 0.064 12

4.2 10 (0.5) 0.042 9

3.1 11 (0.6) 0.044 74

2 16 (0.8) 0.065 36

1.05 25 (1.3) 0.102 56

0.62 51 (2.6) 0.210 86

0.43 132 (6.6) 0.545 86

0.1 81 (4.0) 0.333 82

Measurement uncertainties are given in parenthesis.
Lead-210 levels range from 0.041 to 0.545mBqm�3 with

the highest values occurring in the size ranges below

2 mm. These levels were generally less than seen in

previous work with samples taken in more arid areas

(Marley et al., 2000a). Results for 210Pb determined on

aerosol samples collected at NETL and SP in July 2001,

with the high flow, single stage impactor are given in

Table 3. Values range from 0.107 to 0.903mBqm�3 in

the fine fraction and 0.031–0.809mBqm�3 in the coarse

fraction. Lead-210 values reported on total atmospheric

particulate samples obtained in the Chesapeake Bay

have ranged from 0.268 to 1.412mBqm�3 (Kim et al.,

2000). This corresponds to the total 210Pb levels of 1.46–

1.75mBqm�3 obtained in this study.

The apparent residence times, as calculated from the
210Po/210Pb activity ratios, for the aerosol samples

collected at Centerton are given in Table 4. As expected,

apparent ages are longer for the larger sample sizes

where contamination from resuspended material can be

a problem. For the smaller sizes (o1mm), the residence
times range from 24 to 44 days with an average of 28

days. These results are compared with the residence

times calculated from 210Bi/210Pb activity ratios in the

size fractions below 2 mm. These values range from 25 to

47 days with an average difference between ages

calculated by the two ratios of 8 days.

The apparent residence times for aerosols collected at

NETL and SP are given in Table 5. The fine fractions

gave results, which range from 17 to 37 days with an

average of 22 days. The coarse fractions ranged from 42

to 14 days and averaged an apparent lifetime of 26 days.

The lifetimes estimated for the Pittsburgh aerosols are

somewhat shorter than those seen at Centerton. How-

ever, both areas yield lifetimes shorter than those

previously observed in other areas of the country

(Marley et al., 2000a). This is consistent with a local

production of aerosols as well as a higher loading of

water-soluble species in the northeast. Past results
e in July–August, 1999. All samples were collected with an eight-

0–8/6 8/6–12

q mBqm�3 mBq mBqm�3

(0.6) 0.041 11 (0.6) 0.045

(0.6) 0.047 18 (0.9) 0.077

(0.5) 0.035 12 (0.6) 0.049

(3.7) 0.286 11 (0.6) 0.045

(1.8) 0.139 56 (2.8) 0.236

(2.8) 0.217 66 (3.3) 0.278

(4.3) 0.331 46 (2.3) 0.193

(4.3) 0.331 77 (3.8) 0.320

(4.1) 0.316 87 (4.4) 0.045
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Table 4

Apparent atmospheric residence times (ages in days) calculated from the 210Po/210Pb and 210Bi/210Pb ratios for aerosol samples

collected at the Centerton, NJ field site in July–August, 1999. All samples were collected with an eight-stage low flow impactor

Diameter (mm) 7/24–30 7/30–8/6 8/6–12

Age (210Po/210Pb) Age (210Bi/210Pb) Age (210Po/210Pb) Age (210Bi/210Pb) Age (210Po/210Pb) Age (210Bi/210Pb)

9.2 83 112 71

5.8 37 93 37

4.2 47 117 45

3.1 88 19 31

2 57 29 24 19 23 25

1.05 44 30 16 13 24 29

0.62 35 47 25 27 26 39

0.43 25 41 27 27 25 34

0.1 37 26 24 32 26 25

Table 3
210Pb measurements from the NETL (NT) and SP field sites. All samples were on both fine (o1 mm) and course (>1mm) fractions

Date Site Volume (m3) Fine Coarse

210Pb (mBq) mBqm�3 210Pb (mBq) mBqm�3

7.22.01 NT 1471 1113 (55) 0.757 1190 (60) 0.809

7.22.01 SP 1353 1190 (60) 0.879 166 (8.3) 0.123

7.23.01 NT 1432 1223 (61) 0.854 305 (15) 0.213

7.23.01 SP 1355 1223 (61) 0.903 295 (15) 0.218

7.24.01 NT 1462 1285 (64) 0.879 505 (25) 0.345

7.25.01 NT 1410 869 (43) 0.616 406 (20) 0.288

7.26.01 NT 1572 597 (30) 0.380 86 (4.3) 0.055

7.26.01 SP 1545 550 (27) 0.356 174 (8.7) 0.113

7.27.01 NT 1605 281 (14) 0.175 49 (2.5) 0.031

7.27.01 SP 1472 254 (13) 0.173 49 (2.5) 0.033

7.28.01 NT 1358 792 (40) 0.583 97 (4.9) 0.072

7.28.01 SP 1385 361 (18) 0.261 54 (2.7) 0.039

7.29.01 NT 1589 170 (8.5) 0.107 104 (5.2) 0.065

7.29.01 SP 1609 409 (20) 0.255 691 (35) 0.429

7.30.01 NT 1329 197 (9.9) 0.148 48 (2.4) 0.036

Measurement uncertainties are given in parenthesis.
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(Gaffney et al., 1994) had indicated apparent lifetimes of

approximately 10 days for aerosols being removed by

wet deposition, in good agreement with the current

understanding of the washout cycles in the atmosphere.

Water-soluble aerosols such as the sulfates, in particular,

will be removed more readily leading to apparently

shorter residence times. The results from Pittsburgh may

indicate that sulfate removal processes are occurring

leading to the slightly shorter lifetimes than previously

observed at other sites.

We have found that ages for aerosol size fractions

o1mm were very consistent from site to site, indicating

that the aerosols had apparent atmospheric residence

times of 10–40 days. The shorter lifetimes are consistent

with typical values of 10 days observed in precipitation.

The remaining interstitial aerosol would then be
expected to have a longer apparent lifetime. It is likely

to be composed of carbonaceous soot and other organic

components that require some surface oxidation before

they can become wettable and undergo subsequent

washout. The concept here is that the wet deposition of

soluble aerosols such as sulfate and nitrate would be

consistent with these observations for precipitation and

that the longer lifetimes observed for the air samples

were due to non-hygroscopic fine particulate matter

such as carbonaceous aerosols that will not immediately

wet deposit.

The results from this work and from past studies

indicate that a substantial amount of the fine back-

ground aerosol entered the study areas through long-

range transport (Marley et al., 2000a, b). The longer

lived aerosol species are more likely to be associated
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Table 5

Apparent atmospheric residence times (ages) for aerosol

samples collected at the NETL (NT) and SP field sites in July

2001calculated from the 210Po/210Pb ratio. All samples were on

both fine (o1 mm) and course (>1 mm) fractions

Date Site Fine Coarse

Age (days) Age (days)

7.22.01 NT 20 14

7.22.01 SP 17 23

7.23.01 NT 23 24

7.23.01 SP 21 30

7.24.01 NT 21 21

7.25.01 NT 17 19

7.26.01 NT 24 25

7.26.01 SP 21 25

7.27.01 NT 37 33

7.27.01 SP 27 28

7.28.01 NT 18 25

7.28.01 SP 20 30

7.29.01 NT 21 27

7.29.01 SP 19 18

7.30.01 NT 25 42
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with carbonaceous aerosols that are not as rapidly wet

or dry deposited, as sulfate and nitrate aerosols. This

aerosol component probably contributes to the fine

submicron aerosol number, with a less significant

addition to the PM-2.5 micron mass. The consistency

of the data at many sites also indicates that this

background concentration of fine aerosols is fairly

constant over wide areas. Recent studies on arctic haze

have found similar lifetimes of 0–39 days for aerosol

samples that were not size fractionated (Baskaran and

Shaw, 2001). These data indicate that a significant

fraction of fine aerosols can be transported long

distances and that the background fine aerosol will still

have a significant contribution from long-range trans-

port. This transport of fine aerosols will lead to

difficulties in determining local source contributions to

the fine particulate mass. This should be considered

when determining control strategies for this important

health related material.

Samples collected in areas where wind-blown dust is

significant, such as Phoenix and Mexico City, have

exhibited very high apparent ages in the coarse fractions

from soil contamination. Samples collected at Pitts-

burgh and Centerton do not show this trend. The coarse

and fine aerosol fractions at both Pittsburgh and

Centerton had similar apparent residence times, indicat-

ing that little excess 210Po could have come from soils or

from coal-fired power plants, which previously had been

suggested as a source of excess 210Po (Carvalho, 1995;

Moore et al., 1976). These results indicate that the 210Po

content in the coarse fraction is an excellent indicator of
wind-blown dust or soil contamination, because it is not

dependent on soil type.
4. Conclusions

Natural radioactivity can be a very useful tool

in understanding the physical processes affecting aero-

sols during their evolution in the atmosphere. These

studies have shown that useful information can be

obtained about the washout and transport of aerosols

in the troposphere from the measurement of 7Be and
210Pb and its progeny. As anticipated, 7Be is a good

tracer for fine aerosols. It is also a good indicator

for upper air mass intrusions into the lower tropo-

sphere, which can be useful for addressing downward

transport of ozone and aerosols and impacts on regional

and urban air masses. High-volume sampling allows

for sampling time periods of 6 h or shorter for direct

gamma counting of 7Be on sample collection media

directly. This method is non-destructive and can

allow other chemical analyses to be conducted as

well, after the gamma counting is completed. Minimal

upper air intrusions were evident during the sampling

period from the 7Be data collected in the Pittsburgh

area. Comparison of 7Be measurements between

nearby sampling sites can be used to address PM-2.5

network sampling problems. Errors in the assessment

of aerosol distributions can be large if sampling volumes

are not determined accurately. Beryllium-7 values,

which should be reasonably consistent on the citywide

network scales, can help both to identify problems

when they occur and to present a basis for correction

of data.

In the absence of wind-blown dust contamination or

other sources of excess 210Bi and/or 210Po, a measure of

the activity ratios of 210Bi/210Pb and 210Po/210Pb can be

useful estimates of the apparent atmospheric residence

times of the attached particles. High-volume sampling

coupled with a single 1mm impactor stage enables rapid

aerosol collection for determination of 210Pb and its

progeny. Apparent residence times of aerosols collected

in the Pittsburgh area are shorter than those collected at

Centerton, New Jersey and both areas are shorter than

those observed in other areas, indicating a local source

of aerosols as well as a higher loading of water-soluble

species such as sulfate or nitrate. Results from fine and

course fractions were similar for both Pittsburgh and

Centerton sites, indicating the presence of little excess
210Po from wind-blown soil or from coal-fired power

plants in coarse fractions. Clearly, a significant fraction

of fine aerosols is transported for more than 20 days.

This means that regional if not global control strategies

are needed to maintain adequate air quality and reduce

the impacts of elevated levels of fine aerosols on our

weather and climate.
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[1] Light scattering by fine particulate matter was measured during the Pittsburgh Air
Quality Study (PAQS) as close to ambient conditions as possible. Several approaches are
used for the theoretical calculation of the scattering coefficient and the results are
compared to the direct measurements. The first approach uses ambient high time and daily
resolved PM2.5 composition concentrations to estimate the scattering coefficient assuming
that the aerosol is an external mixture. The second approach uses a thermodynamic
model and Mie theory to predict the scattering coefficient of aerosols from daily size
composition distributions. The third approach introduces high time and daily resolved
ambient aerosol water concentrations and concentrations of sulfate, nitrate, organic
material, and soil with fixed scattering efficiencies. During the summer the first two
approaches underestimate the measured scattering coefficient by around 20%. Agreement
within experimental error is obtained between the measured scattering coefficient and the
model, incorporating measured water aerosol concentrations. During the winter the first
two approaches tend to overpredict the measured scattering by around 15%. This
overprediction is weakly correlated to the organic mass. The modeling approaches suggest
that sulfate and the associated water contribute 65–73% to the scattering coefficient
during the summer, with organic material contributing 25–30%. During the winter, sulfate
accounts for 35–43%, nitrate accounts for 24–32%, and organic material accounts for
30–40% of the scattering coefficient. INDEX TERMS: 0305 Atmospheric Composition and

Structure: Aerosols and particles (0345, 4801); 0345 Atmospheric Composition and Structure: Pollution—

urban and regional (0305); 0365 Atmospheric Composition and Structure: Troposphere—composition and

chemistry; KEYWORDS: atmospheric aerosols, optical properties, Pittsburgh Air Quality Study

Citation: Cabada, J. C., A. Khlystov, A. E. Wittig, C. Pilinis, and S. N. Pandis (2004), Light scattering by fine particles during the

Pittsburgh Air Quality Study: Measurements and modeling, J. Geophys. Res., 109, D16S03, doi:10.1029/2003JD004155.

1. Introduction

[2] Visibility degradation is probably the most readily
perceived impact of atmospheric pollution. The protection
of good visibility conditions for scenic views and the
reduction of haze in rural and urban areas is one of the
main goals of the Clean Air Act (U.S. Environmental
Protection Agency, 1999). Figure 1 shows the effect of fine
particle mass concentrations on visibility impairment for the
Pittsburgh metropolitan area. High fine particulate concen-
trations can deteriorate visibility reducing the visual range
to a few hundred meters.

[3] Fine particulate matter (below 2.5 microns in aerody-
namic size) is efficient in scattering light in the atmosphere
and is the main cause of visibility degradation over urban
and remote areas. Light scattering from fine particles
depends on various factors such as chemical composition,
ambient relative humidity, and size distribution of the
aerosol [Ouimette and Flagan, 1982; Sloane, 1984; Seinfeld
and Pandis, 1998; Watson, 2002]. Sulfate and organic
material are the most common components of the fine
particulate matter (below 2.5 mm) for the eastern United
States [Malm, 2000; U.S. Environmental Protection Agency,
2002; NARSTO, 2003]. The mass of these particles tends to
accumulate between 0.1 and 1 mm. Scattering by particles of
sizes comparable to the wavelength of visible light (0.4–
0.7 mm) is mostly responsible for visibility reduction in the
atmosphere.
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[4] The presence of water in the aerosol phase increases
the ability of these particles to scatter light. Hygroscopic
growth of inorganic salts as a function of relative humidity
has been thoroughly studied by several authors [Tang et al.,
1981; Tang, 1996; Cruz and Pandis, 1998, 2000; Hand et
al., 2000]. Thermodynamic models that calculate the equi-
librium of the inorganic aerosol with the gas phase have
been developed, and the estimates of these models are
usually in agreement with the laboratory measurements
[Pilinis and Seinfeld, 1987; Wexler and Seinfeld, 1990,
1991; Nenes et al., 1998; Ansari and Pandis, 1999].
[5] The role of organic material in the aerosol water

uptake is not well understood. In some cases an increase in
aerosol water is observed, while in others a decrease in
aerosol water content is reported when organics are added
to atmospheric inorganic aerosols [Cruz and Pandis, 1998,
2000; Saxena et al., 1995]. Relatively little theoretical
work has been done trying to explain the water uptake
from organic aerosol, mainly because of the difficulties in
estimating the physical properties of organic aerosols,
which are composed of hundreds of different compounds
[Saxena and Hildemann, 1997; Jang and Kamens, 1998;
Ansari and Pandis, 2000; Hemming and Seinfeld, 2001;
Koo et al., 2003]. However, Ansari and Pandis [2000]

reported that the secondary organic aerosol (SOA) fraction
of the aerosol could account for around 20% of the aerosol
water. Koo et al. [2003] reported that SOA increased the
water uptake from aerosols by 2–15%, depending on the
conditions.
[6] Several authors have used approaches of different

complexity to estimate the visibility degradation due to
aerosols in the atmosphere [Watson, 2002; Molenar et al.,
1994; White, 1986]. The simpler models are based on bulk
concentrations of fine particulate matter (PM) [Trijonis
et al., 1988; Charlson et al., 1992; Gebhart et al., 1994;
Malm et al., 1994, 2000a]. These models assume an
external mixture of the aerosol components and average
scattering efficiencies for each individual compound to
determine the increase in the scattering efficiency as a
function of relative humidity. In more complex models,
additional characteristics of the aerosol (i.e., mixing state,
size distributions of the different compounds, and the
physical shape of the particles) are taken into account,
and Mie theory is used to calculate the optical properties
[Heintzenberg, 1980; Jaggard et al., 1981; Ouimiette and
Flagan, 1982; Sloane, 1984; Wu et al., 1996; Hegg et al.,
1993; Zhang et al., 1994; Lowenthal et al., 1995; Tang,
1996]. In the most advanced models the aerosol water

a)

b)

Figure 1. Comparison of visual characteristics during PAQS. View of downtown Pittsburgh from the
PAQS main site at Schenley Park. (a) Day with low aerosol concentrations: PM2.5 = 6 mg/m3, bsp =
5 Mm�1, RH = 60%. (b) Polluted day: PM2.5 = 70 mg/m3, bsp = 255 Mm�1, RH = 74%. See color version
of this figure at back of this issue.

D16S03 CABADA ET AL.: LIGHT SCATTERING BY FINE PARTICLES

2 of 13

D16S03



content is calculated by thermodynamic models or esti-
mated from semiempirical relationships [Sloane and Wolff,
1985; Sloane, 1983, 1986; Larson et al., 1988; Pilinis,
1989; Nemesure et al., 1995; Pilinis et al., 1995; Quinn et
al., 1995; McMurry et al., 1996; West et al., 1998;
Koloutsou-Vakakis et al., 1998; Malm et al., 2000a,
2000b].
[7] Most previous studies found that measured scatter-

ing was generally consistent with the aerosol composition
measurements [White et al., 1994; Pilinis et al., 1995;
Malm et al., 1996], assuming that the inorganic aerosol
components were responsible for the PM water uptake
[Malm et al., 2003]. Discrepancies between predictions
and observations have been attributed to PM composition
measurement errors or lack of high temporal resolution
composition measurements, lack of information about
the aerosol size distribution, lack of understanding of
the particle hygroscopic growth, and uncertainties in the
scattering efficiencies of the different components.
[8] Despite the advances, there are a number of remain-

ing issues. The ability of the more advanced theoretical
tools to simulate visibility reduction has rarely been tested
in the eastern United States. The few available studies
[Sloane and Wolff, 1985; Lowenthal et al., 1995; Malm et
al., 2000a; Kreisberg et al., 2001; Malm and Day, 2000]
have relied on daily or semidaily average composition
measurements and not on higher-resolution information.
The causes of the discrepancies between models and
measurements are not well understood because the aero-
sol water concentration has not been measured in any of
the previous field campaigns. Finally, the role of organics
in the water uptake by aerosols and therefore their
contribution to scattering is yet to be elucidated.
[9] In this work, several modeling approaches of vary-

ing complexity are used to predict the scattering coeffi-
cient of aerosol particles using composition and size
distribution measurements during the Pittsburgh Air
Quality Study (PAQS) during the summer of 2001
(July–August) and during the winter of 2002 (January).
The results of each approach are compared to the
measured scattering coefficient from nephelometry. High
time resolution (1 hour) and daily measurements of the
principal components of the fine particulate matter are
used for the estimations of the scattering coefficient for
the simplest approach proposed. Daily concentrations and
size distributions are used for a thermodynamic model
applying Mie theory to estimate the scattering coefficient.
Finally, for the first time we use continuous measure-
ments of the aerosol water concentration to directly
calculate its contribution to light scattering. We conclude
by addressing the role of aerosol water and organics
in the optical properties of the aerosol measured at
PAQS.

2. Experiment

2.1. Scattering Coefficient Measurements

[10] An integrating nephelometer (NGN-3, Optec, Inc.,
Lowell, Michigan) was used to measure the scattering
coefficient of PM2.5 continuously during the summer of
2001 (July–August) and during the winter of 2002 (Janu-
ary) at PAQS. The main sampling site was located on the

top of a hill just outside the Carnegie Mellon University
campus, around 5 km from downtown Pittsburgh.
[11] Scatter of light inside the instrument chamber is

measured over a 170� angle, from 5� to 175� at a range
of wavelengths, peaking near 550 nm for typical atmo-
spheric aerosols [Molenar, 1997]. A cyclone is used in the
sampling inlet for the collection of PM2.5 from ambient air.
Raleigh scattering (clean air) calibrations were performed
automatically by the instrument approximately every
12 hours. The nephelometer was operated as close to
ambient conditions as possible, without using the heater
or any treatment of the incoming sample air. However,
small differences in the ambient air temperature and the
chamber were still observed. Air temperature inside the
chamber was on average 3�C higher than the ambient air
temperature for the length of the project. Differences in the
chamber and the ambient temperature affect the relative
humidity of the sampled air. The chamber relative humidity
was estimated on the basis of the Clausius-Clapeyron
equation [Gebhart et al., 1994]:

RHcham ¼ RHamb � exp 5210:5 � Tamb � Tcham

Tamb � Tcham

� �� �
; ð1Þ

where RHcham is the relative humidity inside the nephe-
lometer measuring chamber, RHamb is the ambient relative
humidity, Tamb is the ambient temperature (�K), and Tcham is
the nephelometer chamber temperature (�K). Relative
humidity inside the chamber of the nephelometer ranged
from 15 to 92% during the measurements.
[12] Ambient relative humidity (RH) was measured by

the meteorological station installed at the main site of the
PAQS with a Campbell Scientific HMP45C probe. The
probe contained a Vaisala HUMICAP

1

180 capacitive
relative humidity sensor (expected accuracy at 20�C is
±2% from 0 to 90% RH and ±3% from 90 to 100% RH).

2.2. Aerosol Sampling

[13] Several samplers were operated during the Pittsburgh
Supersite project for the determination and speciation of
PM2.5 aerosol mass. Continuous and semicontinuous instru-
ments were used for the determination of total PM2.5 mass,
organic and elemental carbon, sulfate, nitrate, and ammo-
nium aerosol concentrations from July 2001 to July 2002
[Wittig et al., 2004a]. The uncertainties in the measurements
of the major ions are described by Wittig et al. [2004a,
2004b] and the merging of the different data sets for the
same parameter to one self-consistent data set in the work of
Takahama et al. [2004].
[14] A tamper element oscillating microscale (TEOM,

Series 1400a, Rupprecht and Patashnick Co., Inc.,
Albany, New York) was operated continuously during
PAQS, reporting PM2.5 mass concentrations. The TEOM
operated at 30�C and was equipped with a Nafion diffusion
dryer sample equilibration system (SES, Rupprecht and
Patashnick Co., Inc.). Atmospheric aerosol was collected
on quartz fiber filters using several sampler configurations
for the determination of the carbonaceous material concen-
trations [Cabada et al., 2004a; Subramanian et al.,
2004]. High time resolution samples were collected with
a denuded in situ semicontinuous sampler (Carbon aerosol
analysis field instrument, Sunset Lab, Tigard, Oregon),
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with 2–4 hour time resolution. The denuder was used to
remove gas-phase organics and to minimize the positive
organic aerosol sampling artifact. Daily samples were
collected using an undenuded sampler with the use of
backup filters for the correction of positive and negative
artifacts [Subramanian et al., 2004]. The ambient organic
and elemental carbon concentrations were determined fol-
lowing the National Institute for Occupational Safety and
Health protocol with the thermal/optical transmittance
method and a flame ionozation detector (FID) [Cabada
et al., 2004a]). Concentrations of secondary organic aero-
sol (SOA) were estimated using the elemental carbon (EC)
tracer method [Cabada et al., 2004a]. Aerosol concentra-
tions of sulfate and nitrate were measured on a 10-min
basis using Rupprecht and Patashnick (R&P) instrument
models 8400N and 8400S, respectively [Wittig et al.,
2004b]. High time resolution total (gas + aerosol) ammo-
nium, nitrate, and chloride concentrations were measured
using a steam sampler [Khlystov et al., 1995]. The crustal
material concentrations were less than 5% of the PM2.5

concentration [Rees et al., 2004]. The comparison of the
aerosol mass concentration (measured using the federal
reference method) and the sum of the component concen-
trations during PAQS are discussed by Rees et al. [2004].
After accounting for the water retained on the filters when
the aerosol was acidic, mass balance was achieved within
10% for all days, well within experimental error. The
aerosol was neutral during the winter but was often acidic
during the daytime of the summer days [Rees et al., 2004].
[15] Size distributions of the major inorganic and carbo-

naceous material were measured using a micro-orifice
uniform deposit impactor (MOUDI). Daily samples were
collected for 15 days during the summer (July 2001) and for
8 days during the winter intensive (January 2002) [Cabada
et al., 2004b]. Samples were collected on aluminum foils
for analysis of carbonaceous material and on Teflon filters
for analysis of particle mass and inorganic compounds.
Carbonaceous concentrations from the MOUDI samples
were determined by the thermal/optical method (same as
the filter-based samplers), and the inorganic compound
concentrations were determined by ion chromatography.
During the summer, around 50% of the organic material
was lost from the aluminum foils as compared to a filter-
based sampler. The organic aerosol losses were negligible
during the winter. The corrected MOUDI values (uniform
correction for all stages), based on the artifact corrected
filter measurements, were used in the present study. Cabada
et al. [2004b] showed that these corrections satisfy the mass
balance of all MOUDI stages.
[16] The comparison of the inorganic aerosol measure-

ments is discussed by Wittig et al. [2004a], the compar-
ison of the organic aerosol measurements is discussed by
Subramanian et al. [2004] and Cabada et al. [2004a],
and the comparison of the MOUDI results with the bulk
measurements is discussed by Cabada et al. [2004b]. The
results of all of these approaches with different time and
size resolutions were merged into one self-consistent data
set [Takahama et al., 2004; Cabada et al., 2004b] using
the artifact-corrected traditional filter measurements as the
basis. When more than one continuous method was used,
the average of the corrected values was used for each
hour. In the present study the daily average values of the

continuous measurements are the same as these of the
daily filter measurements, and the sum of the MOUDI
concentrations are equal to the artifact corrected bulk
measurements.

2.3. Aerosol Water Content

[17] A dry-ambient aerosol size spectrometer (DAASS)
system [Stanier et al., 2004] operated during PAQS report-
ing number, surface area, and volume distributions of
aerosols. The system consists of two scanning mobility
particle sizers (SMPS, TSI 3936N25 and TSI 3936L10)
and an aerodynamic particle sizer (APS, TSI APS 3320)
that measure the aerosol size distribution between 3 nm and
10 mm in diameter. The inlets of the instruments and their
sheath air lines were equipped with computer controlled
valves that direct air through Nafion dryers or bypass them.
The Nafion dryers reduce the RH to below 30%, at which
ambient particles are expected to lose most or all of the
water. The instrument cycles between dried and the ambient
conditions every 7 min and is synchronized with the scan
times of the aerosol spectrometers. The aerosol water
concentrations measurements are described in detail by
A. Khlystov et al. (Water content of ambient aerosol during
the Pittsburgh Air Quality Study, submitted to Journal of
Geophysical Research, 2004, hereinafter referred to as
Khlystov et al., submitted manuscript, 2004). The amount
of aerosol water can be found from the difference of the
integrated dry and wet aerosol volumes. Owing to malfunc-
tions in the APS system, aerosol water concentrations are
only calculated from this approach for July and August
2001.

3. Scattering Coefficient Calculation

3.1. Approach 1a: Use of Bulk PM2.5 Composition
(High Time Resolution)

[18] The scattering coefficient was calculated assuming
external mixing of the aerosol components and utilizing
bulk PM2.5 concentrations of the different compounds with
the ability to scatter light, using the relationship proposed
by Malm et al. [2000a]:

Bsp ¼ 4:125� SO2�
4

� �
� f RHð Þsalt þ 3:87� NO�

3

� �
� f RHð Þsalt

þ 4� OM½ 	 � f RHð Þorg þ 1� SOIL½ 	; ð2Þ

where [SO4
2�] is the sulfate concentration (mg/m3), [NO3

�] is
the nitrate concentration (mg/m3), [OM] is the organic mass
concentration (1.8 � [OC]) (mg/m3) and [SOIL] is the
crustal material ambient concentration, estimated here to be
4% of the TEOM fine mass (mg/m3). The dry scatter
efficiency of sulfates and nitrates is assumed to be 3 m2/g,
4 m2/g corresponds to the organic material dry scattering
efficiency, and 1 m2/g corresponds to the crustal material
scattering efficiency [Trijonis et al., 1988; Gebhart et al.,
1994]. The above parameters were estimated from measure-
ments mainly in the western United States. Sulfate was
assumed to be fully neutralized (i.e., ammonium sulfate)
for both summer and winter, and the 4.125 factor in
equation (2) accounts for both the scatter efficiency and the
ammonium corresponding to the sulfate. The increase in
scattering efficiency as a function of relative humidity for
the inorganic hygroscopic aerosols, f(RH)salt, was calculated

D16S03 CABADA ET AL.: LIGHT SCATTERING BY FINE PARTICLES

4 of 13

D16S03



from Mie theory and the average size distribution of
sulfate (Table 1) in PAQS using the model described by
Pilinis [1989] (see also the description of approach 2).
For the summer the aerosol was assumed to be always
liquid based on the PM water concentration measure-
ments of Khlystov et al. (submitted manuscript, 2004).
For the winter the particles were assumed to be solid
below approximately 60% RH and liquid for higher RH
based on the same measurements. The same f(RH)salt was
used both for sulfate and nitrate since the scattering
efficiency curves are very similar for these two
compounds [Tang, 1996]. Figure 2 shows the calculated
scattering efficiencies for the two seasons. A higher
scattering efficiency at high RH is calculated for the
winter. During the winter the geometric mean diameter of
the aerosol is smaller than during the summer [Cabada et
al., 2004b]. For this approach the contribution of the
organic matter to aerosol water is considered to be
negligible; therefore f (RH)org is set to 1.
[19] Most mass balance studies use a value of 1.4 for

the organic carbon (OC) multiplier. Recent work by
Turpin and Lim [2001] examines this factor, recommend-
ing values ranging from 1.1 for fresh emissions to 1.6–
2.1 for an aged aerosol. Comparison of PAQS main site
data with satellite sites indicates that the air quality in
Pittsburgh is dominated by regional transport [Tang et al.,
2004]. We therefore used a multiplication factor of 1.8,
which is representative of an aged, regional aerosol to
estimate total organic mass from OC measurements. Our
choice of the 1.8 for the conversion of the OC to organic
aerosol concentration is supported by the mass closure
study of Rees et al. [2004].

3.2. Approach 1b: Use of Bulk PM2.5 Composition
(Daily Resolution)

[20] For this approach the scattering from particles was
also calculated from equation (2), but daily averaged con-
centrations were used. Since the effect of relative humidity
on the scattering from particles is nonlinear, daily averaged
values need to account for this to avoid biasing the
calculations of the model low. To estimate the effect, the
daily average of f (RH) is calculated from hourly resolved
data (from approach 1a). From the daily average value of
f (RH), the effective value of relative humidity is estimated.
On average, this effective relative humidity value is 4%

higher than the arithmetic average of relative humidity for
each day. Therefore the f(RH)salt is calculated at the daily
averaged RH plus 4% for all days.

3.3. Approach 2: Use of Mie Theory, Size Composition
Distributions, and a Thermodynamic Model

[21] In this approach the scattering coefficient was calcu-
lated using a thermodynamic model and Mie theory. The
model is described in detail by Pilinis [1989]. Briefly, the
thermodynamic model uses as inputs the measured size
distributions of sulfate, sodium, organic material, elemental
carbon, crustal material (Tables 2 and 3), and total concen-
trations (gas + aerosol) of ammonium, nitrate, and chloride
together with the ambient temperature and RH. The model
finds the appropriate form of the sulfate in the particulate
phase (sulfate, bisulfate, or sulfuric acid), partitions the total
inorganic semivolatile species (nitrate, ammonium, chlo-
ride) between the gas and aerosol phases, calculates their
size distribution, and also calculates the aerosol water size
distribution. Therefore the thermodynamic model provides
the full size composition distribution of the particles includ-
ing water. After the thermodynamic calculation, Mie theory
is used to estimate the scattering coefficient of the aerosol.
The relative humidity used is the effective relative humidity
used in approach 1b. The performance of one size-resolved
equilibrium calculation per day reduces significantly the
computational cost and the potential numerical problems of
this method. For the days where no size/composition
measurements were available (e.g., August 2001, second
half of January 2002), the average distribution for the month
was used together with the bulk concentrations measured
during that day.

3.4. Approach 3a: Use of Measured Aerosol Water
Concentrations (High Time Resolution)

[22] Since ambient aerosol water concentrations are avail-
able from the DAASS system, the contribution of water to
the scattering coefficient can be directly estimated. For this
analysis, equation (2) is modified to account for the water
aerosol as an ambient concentration as follows:

Bsp ¼ 4:125� SO2�
4

� �
þ 3:87� NO�

3

� �
þ 4� OM½ 	 þ 1

� SOIL½ 	 þ 3� WATER½ 	: ð3Þ

Table 1. Average Conditions Used to Calculate the Scattering

Efficiency Curves During Summer and Winter

Summer Winter

Temperature, K 300 280
Total NH3,

a mg/m3 2.6 1.6
Total HNO3,

a mg/m3 1.4 2.0
Total HCl,a mg/m3 0.4 0.3

Size range, mm Sulfate, mg/m3 Sulfate, mg/m3

0.056–0.10 0.1 0.0
0.10–0.18 0.5 0.2
0.18–0.32 1.3 0.6
0.32–0.56 2.2 0.6
0.56–1.00 3.9 0.9
1.00–1.80 0.6 0.1
1.80–2.50 0.1 0.0

Figure 2. Scattering efficiency curve, f (RH), as a function
of relative humidity for the summer (solid line) and winter
(dashed line) during PAQS.

D16S03 CABADA ET AL.: LIGHT SCATTERING BY FINE PARTICLES

5 of 13

D16S03



The terms used in this equation are the same as in
equation (2), with the introduction of the water aerosol
concentration [WATER] (mg/m3). Note that for equation (3)
the dependence of the scattering efficiency as a function
of relative humidity, f (RH), is not needed. The aerosol
water scattering coefficient is assumed to be 3 m2/g. The
choice of the water mass scattering efficiency is based
on the similarity of the optical properties and size
distribution of water with that of the sulfates and nitrates
[Seinfeld and Pandis, 1998]. The use of the same
scattering efficiency for the inorganic salts and water is
implicitly consistent with the previous studies of aerosol
optical properties that calculated f (RH) on the basis of
the measured PM hygroscopic growth.

3.5. Approach 3b: Use of Measured Aerosol Water
Concentrations (Daily Resolution)

[23] For this approach, daily averaged concentrations of
sulfate, nitrate, organic mass, and water were used to
estimate the scattering coefficient from equation (3).

4. Results and Discussion

4.1. Approach 1a: Use of Bulk PM2.5 Composition
(High Time Resolution)

[24] The time series of measured and estimated scatter-
ing coefficient using this approach is shown in Figure 3.
For both seasons the model predictions track the actual
measurements with the exception of localized episodes
mostly during the summer. Figure 4 depicts the compar-
ison between the measured scattering coefficient from the
nephelometer and the estimated value from equation (2)
for the high time resolution measurements. Good corre-
lation between the measured and the reconstructed scatter
is shown during the summer, and a weaker correlation is
observed during the winter due to lower values (Table 4).
The uncertainty of the predicted values because of the
PM composition measurement uncertainty is estimated to
be around 15% and can explain most but not all the
discrepancies between predictions and measurements.

[25] During the daytime of the summer months, Pitts-
burgh aerosol is often acidic, whereas for the other
seasons the aerosol is mostly neutralized [Rees et al.,
2004]. During periods when the aerosol is acidic, the
assumption of neutralized particles may introduce errors.
Malm et al. [2000a] showed that errors in the assumed
degree of neutralization can explain some of the discrep-
ancies between predictions and observations. However,
for our case, these errors are expected to be less than 5%
on a daily average basis because of the small difference
in the mass between ammonium sulfate and bisulfate and
because aerosol was acidic only during the daytime when
the RH was low. This is consistent with the weak
correlation (R2 = 0.08) of the model error for scattering
to the sulfate concentrations. The error was also not
correlated with the nitrate (R2 = 0.12) and the organic
aerosol (R2 = 0.14) concentrations. However, a relatively
high and statistically significant correlation (at the 99.5%
level) was found between this error and the measured
concentration of ambient aerosol water (R2 = 0.53). The
link of the error to the aerosol water indicates a potential
limitation of the model used to deal with the effect of
hygroscopic growth on the scattering from particles.
[26] In relative terms, greater discrepancies between the

model and the measurements are observed for the winter
(Table 4). There is practically no correlation between the
ambient concentrations of the different compounds and
the error although there is a downward trend in all of
them. The organic mass seems to inversely correlate weakly
(R2 
 0.2) with the error. This could be due to an
overestimation of the organic mass since the mass conver-
sion factor used (1.8 � [OC]) might be too high for the
winter carbonaceous aerosol. The hydrophobic organics
could also have a negative effect on the ability of the
inorganics to absorb water.
[27] The assumption of an externally mixed aerosol is not

physically realistic but provides a good approximation of
the scattering properties of atmospheric aerosol. The error in
the scattering coefficient introduced by neglecting the

Table 2. Summer Average Size Distributions (mg/m3) of Compounds Used and Predicted by the Thermodynamic

Model

Size Range, mm Sodium Sulfate OM EC Dust Nitrate Ammonium

0.056–0.10 0.00 0.1 0.4 0.0 0.00 0.00 0.03
0.10–0.18 0.01 0.5 0.7 0.1 0.00 0.01 0.1
0.18–0.32 0.01 1.3 1.1 0.1 0.01 0.01 0.3
0.32–0.56 0.01 2.2 1.7 0.1 0.01 0.01 0.6
0.56–1.00 0.01 3.9 1.4 0.1 0.02 0.02 1.0
1.00–1.80 0.01 0.6 0.7 0.1 0.02 0.02 0.1
1.80–2.50 0.01 0.1 0.4 0.0 0.05 0.05 0.03

Table 3. Winter Average Size Distributions (mg/m3) of Compounds Used by the Thermodynamic Model

Size Range, mm Sodium Sulfate OM EC Dust Nitrate Ammonium

0.056–0.10 0.00 0.0 0.2 0.0 0.02 0.0 0.0
0.10–0.18 0.00 0.2 0.7 0.1 0.04 0.2 0.1
0.18–0.32 0.01 0.6 0.8 0.1 0.05 0.4 0.25
0.32–0.56 0.01 0.6 1.0 0.1 0.03 0.4 0.25
0.56–1.00 0.01 0.9 0.8 0.1 0.06 0.8 0.4
1.00–1.80 0.02 0.1 0.3 0.0 0.08 0.1 0.05
1.80–2.50 0.02 0.0 0.1 0.0 0.08 0.1 0.02
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interactions among the different aerosol species coexisting
in the same particle is only a few percent [Seinfeld and
Pandis, 1998]. One of the advantages of this approach is the
direct apportionment of the scattering to the aerosol com-
ponents [White, 1986]. On average, for the summer, 70% of
the estimated scattering is due to sulfate, followed by the
organic material with 25% and the remaining fraction is due
to nitrates and soil. During the winter, sulfate accounts for
43% of the scattering, organics account for 31%, and
nitrates contribute 24% on average. Changes in one of the
aerosol components may result in changes in the other
components (e.g., an increase in nitrate may accompany a
decrease in sulfate), so these results should be used with

caution [Seinfeld and Pandis, 1998]. The reported contri-
butions are based on the external mixture assumption
neglecting these interactions.

4.2. Approach 1b: Use of Bulk PM2.5 Composition
(Daily Resolution)

[28] Figure 5 shows time series of measured and estimated
scattering coefficient applying equation (2) with daily
averaged measurements. Model predictions for scattering
track the measurements both for summer and winter. The
scatterplot of measurements versus predictions for the two
seasons analyzed is shown in Figure 6. The effect of
averaging the concentrations over 24-hour periods reduces

Figure 3. Time series of measured scattering coefficient (line) and estimated scattering coefficient
(symbols) from approach 1a. Each point corresponds to 1-hour average.

Figure 4. Comparison of measured scattering coefficient versus the calculated value approach 1a for
two seasons during PAQS.
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the random errors of the measurements used as input by the
model and therefore reduces model errors in both summer
and winter (Table 4). McMurry et al. [1996] reported that
significant uncertainty is introduced by this type of models
when the scattering efficiencies are assumed constant for
long periods of analysis since the characteristics of the
aerosol populations are likely to vary within hours. This
uncertainty is present in all approaches using daily average
values.

4.3. Approach 2: Use of Mie Theory, Size Composition
Distributions, and a Thermodynamic Model

[29] The measured and calculated scattering coefficients
for the summer and winter seasons during PAQS are shown
in Figure 7. The model predictions and the measurements
are in good agreement with the exception of the period of
4–9 August. Figure 8 shows the scatterplot of measure-

ments versus predictions from the model for the two
different seasons analyzed. Relatively good correlation is
shown between the measurements and the predictions for
the summer and the winter (Table 4). During the summer
the model tends to under-predict the measured scattering
coefficient, although this model shows better agreement
between the measurements and the predictions. The errors
once more is only weakly correlated to sulfate (R2 = 0.17),
nitrate (R2 = 0.06), and organics (R2 = 0.10). The error of
this model shows a weak correlation with ambient aerosol
water (R2 = 0.22) and PM2.5 mass concentrations (R2 =
0.37). The weak correlation of the model and PM2.5 from
the TEOM, which also includes some water, suggests that at
least part of the error may be related to the hygroscopic
properties of the aerosol. Water aerosol concentrations are
calculated from the model assuming that only the inorganic
material uptakes water at high relative humidity. In the case

Table 4. Model Performance Statistics for the Different Approaches Used to Estimate Scattering

Summer N Average, Mm�1 R2 Error, Mm�1 Bias

Measured 690 99
Approach 1a 690 84 0.80 23.7 �15.1
Approach 1b 32 89 0.87 19.1 �10.4
Approach 2 32 89 0.83 19.6 �10.6
Approach 3a 690 98 0.89 16.0 �1.1
Approach 3b 32 104 0.95 11.6 4.9

Winter N Average, Mm�1 R2 Error, Mm�1 Bias

Measured 39
Approach 1a 639 34 0.44 12.2 �1.5
Approach 1b 28 37 0.61 9.2 1.0
Approach 2 28 40 0.47 9.0 2.3

Figure 5. Time series of measured scattering coefficient (line) and estimated scattering coefficient
(symbols) from approach 1b. Each point corresponds to 24-hour averages.
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that carbonaceous material contributes to the water uptake
into the aerosol phase, this could not be predicted from the
model, and the actual scattering would be underestimated.
Khlystov et al. (submitted manuscript, 2004) also reported
that during certain periods in the summer the measured
aerosol water was underestimated from theoretical thermo-
dynamic calculations. The effect of using averaged size
distributions during the summer does not seem to affect
significantly the overall performance of the thermodynamic
model. The corresponding scattering efficiencies for the
major aerosol components were approximately the same
as those used in approach 1.

[30] Winter estimates from this model tend to overpredict
the measured scattering coefficient. The model shows a
weaker correlation with the measurements as compared to
the other approaches used, but the overall error is smaller
(Table 4). No correlation was observed between the aerosol
components and the error. The organic mass showed a weak
anticorrelation (R2 
 0.2), which indicates either an over-
estimation of the organic mass from the organic carbon
measurements or a negative effect of the organics on the
water absorption by the inorganics.
[31] Summer contribution of sulfates and nitrates to the

scattering coefficient from this model is 67%, followed by

Figure 6. Comparison of measured scattering coefficient versus the calculated value from approach 1b
for two seasons during PAQS.

Figure 7. Time series of measured scattering coefficient (line) and estimated scattering coefficient from
approach 2. Each point corresponds to 24-hour averages. Open circles point correspond to model
calculations using actual size distributions. Open triangles were calculated used the average size
distributions.
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the organic material with 30%. Negligible contributions are
estimated from the other components. These contributions
are estimated comparing the base case with the case where
the component is not present. For winter, sulfates and
nitrates account for 56% of the estimated scattering fol-
lowed by 39% from the organic material. Other inorganic
material and elemental carbon contribute 4% of the esti-
mated scattering for the winter.

4.4. Approach 3a: Use of Measured Aerosol Water
Concentrations (High Time Resolution)

[32] Figure 9 shows the time series of measured scattering
coefficient and the estimated scattering coefficient for
equation (3). The model does a good job in reproducing
the observations including the higher peaks. The scatterplot
of the measurements and the estimates for the scattering
coefficient is shown in Figure 10. Good correlation (R2 =
0.89) is observed between the model predictions and the
measurements (Table 4). This model has the lowest absolute
error (less than 10%) and a low absolute bias (5%). The
consistency of the results is encouraging and indicates that
the aerosol water content measurements by the DAASS are
quite accurate. The improved agreement also suggests that a
large fraction of the error of the previous approaches is
indeed due to the estimation of the water uptake of the
particles.

[33] A small source of error in this approach is that the
water aerosol is measured with the DAASS system at
slightly different conditions of relative humidity than the
nephelometer. The measurements of aerosol size distribu-
tions and scattering coefficient are done at slightly lower
than ambient relative humidity because of heating of the
sample in both instruments. This difference in RH is a
source of discrepancy between the model predictions and
the corresponding scattering coefficient measurements. The
magnitude of the discrepancy depends on the ambient RH
and is on average around 10%. The error introduced by this
RH difference is similar in magnitude to the model error.
[34] The scattering budget estimated from this model

indicates that, for the summer, sulfates account for around
38% of the estimated scattering coefficient, water aerosol
accounts for 35%, and organic material contributes with
24%. Negligible contributions from nitrate and soil are
estimated. In this approach the sulfates, organics, and the
corresponding water are decoupled.

4.5. Approach 3b: Use of Measured Aerosol Water
Concentrations (Daily Resolution)

[35] Time series of predictions from the model and daily
measurements are shown in Figure 11. The model predicts
values closely to the measurements (Figure 12). A high
correlation (R2 = 0.95) exists between the model and the

Figure 8. Comparison of measured scattering coefficient versus the calculated value from a
thermodynamic model using Mie theory for two different seasons during PAQS. Each point corresponds
to a 24-hour sampling period.

Figure 9. Time series of measured (line) and estimated scattering coefficient (symbols) from approach
3a. Aerosol water concentrations are only available for July and August 2001 during PAQS. Each point
corresponds to 1-hour average sampling times.
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measured scattering (Table 4). The absolute error of the
model is less than 10% for the summer and can be easily
explained by the experimental errors. The model slightly
overpredicts the scattering coefficient by around 5%
(Table 4). The good agreement and performance of this
model indicates that the other approaches do not describe
accurately the water uptake by fine particles in Pittsburgh.

5. Conclusions

[36] The three modeling approaches used for the calcu-
lation of the scattering coefficients (bulk composition and
average scattering coefficients, size-resolved composition
with Mie theory and a thermodynamic model, and use of the
measured water) were able to reproduce the hourly obser-
vations with an absolute error less than 25% and a bias of
less than 15%. The approach using the measured aerosol
water concentration reduces the error to 15% and the bias to
1%. This error is similar to the uncertainty of the predictions
due to the PM composition measurement uncertainty. These
results suggest that while our water measurements are
consistent with the observed optical properties, the current
models have still some difficulties predicting the aerosol

water content. The fact that the thermodynamic model is
underestimating the scattering coefficient during the sum-
mer is an indication that organics may be contributing to
water uptake into the aerosol phase. However, the weak
correlation between the error and the organic PM mass
suggests that the effect is complex and is probably related
not to the total organic matter (OM) but to the hydrophilic
fraction of the organic component.
[37] The simplest of the approaches used, bulk PM2.5

composition and average scattering efficiencies, was rela-
tively successful in reproducing the observations even if its
parameters were derived from measurements in other parts
of the United States [Malm et al., 2000a], and the aerosol
acidity during the summer was neglected. This indicates that
the model is relatively robust in describing aerosol scatter-
ing over not only the western but also the northeastern
United States. The use of high time resolution measure-
ments did not result in a significant improvement of the
scattering coefficient prediction over using daily resolved
concentrations. However, a correction has to be made to the
daily relative humidity to account for the nonlinear effect in
the scattering coefficient. Also, the relative success (and
sometimes failure) of the approach to reproduce hour by

Figure 10. Scatterplot of measured scattering coefficient
versus predicted values from approach 3.

Figure 11. Time series of measured (line) and estimated scattering coefficient (symbols) from approach
3b. Aerosol water concentrations are only available for July and August 2001 during PAQS. Each point
corresponds to 1-hour average sampling times.

Figure 12. Scatterplot of measured scattering coefficient
versus predicted values from approach 3.
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hour variations of the scattering coefficient provides an
excellent test for our ability to perform accurate semi-
continuous measurements of PM2.5 composition and of
our understanding of the PM2.5 properties.
[38] A size-resolved thermodynamic model, using daily

averaged concentrations, has practically the same perform-
ance during the summer as the simpler bulk composition-
based model of approach 1. The fact that the growth
curves, f (RH), in the bulk model were calculated from
Mie theory and a thermodynamic model for the average
conditions over the two seasons explains part of its success.
During the winter the use of size-resolved thermodynamic
model marginally improves the estimates of the scattering
coefficient.
[39] The summer scattering budget indicates that sulfates

and the associated water contribute around 70% and organic
material contributes with around 30%. Negligible contribu-
tions are estimated for nitrate and soils. During the winter,
sulfates are responsible for around 40%, organics for 30%,
and nitrates for 25% of the scattering. Negligible contribu-
tions to scattering are estimated from the soil ambient
concentrations. The budget estimates of the different mod-
eling approaches are within a few percent of each other.
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Figure 1. Comparison of visual characteristics during PAQS. View of downtown Pittsburgh from the
PAQS main site at Schenley Park. (a) Day with low aerosol concentrations: PM2.5 = 6 mg/m3, bsp =
5 Mm�1, RH = 60%. (b) Polluted day: PM2.5 = 70 mg/m3, bsp = 255 Mm�1, RH = 74%.
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ABSTRACT
The organic carbon (OC)/elemental carbon (EC) tracer
method is applied to the Pittsburgh, PA, area to estimate
the contribution of secondary organic aerosol (SOA) to
the monthly average concentration of organic particu-
late matter (PM) during 1995. An emissions inventory is
constructed for the primary emissions of OC and EC in
the area of interest. The ratio of primary emissions of OC
to those of EC ranges between 2.4 in the winter months
and 1.0 in the summer months. A mass balance model
and ambient measurements were used to assess the accu-
racy of the emissions inventory. It is estimated to be ac-
curate to within 50%. The results from this analysis show
a strong monthly dependence on SOA contribution to
the total organic PM concentration, varying from near
zero during winter months to 50% or more of the total
OC concentration in the summer.

INTRODUCTION
Atmospheric aerosol is a complex mixture of multicom-
ponent particles whose size distribution, composition, and
morphology can vary significantly in space and time. At-
mospheric aerosol size ranges from a few nanometers to
tens of micrometers. Major components include SO4

2–,
NO3

–, NH4
+, Cl–, Na+, trace elements (including toxic and

transition metals), organic material, elemental carbon (EC)
(or soot), and crustal components.1,2 Particulate matter
(PM) is emitted directly from anthropogenic sources (com-
bustion, industrial, etc.) and natural sources (dust, sea salt,
etc.) and also is formed in the atmosphere during the

oxidation of gaseous precursors (SO2, NOx, high-molecular-
weight organic compounds, etc.). In 1997, the U.S. Envi-
ronmental Protection Agency (EPA) proposed new standards
for the mass concentrations of PM less than 2.5 µm in di-
ameter (PM2.5), because of the hazards that these particles
represent to human health.3 Fine particles also contribute
to visibility impairment in the United States4,5 and other
parts of the world,6-8 influence the energy balance of the
planet, and are related to the global change problem.9,10

Between 10 and 65% of PM2.5 in the United States
consists of carbonaceous material either directly emitted
from sources in particulate form (primary) or produced
from gas-to-particle conversion processes (secondary).2,11-14

Therefore, control strategies to meet new PM2.5 require-
ments likely will need to account for carbonaceous PM.
Carbonaceous aerosol is usually measured and reported
as EC and organic carbon (OC).4,15 Elemental carbon re-
sembles impure graphite and only is emitted directly from
combustion sources (primary PM). Organic carbon con-
sists of thousands of organic compounds; it either can be
emitted directly from sources (primary PM) or can be
generated from gaseous precursors in atmospheric oxida-
tion reactions (secondary PM).

Several approaches have been used to estimate the
primary and secondary contribution to the total OC con-
centration, including tracer compounds for primary and
secondary OC, computational models describing the for-
mation and transport of secondary organic aerosol (SOA),
and transport models of primary OC.4,11,12,14,16-20 Most of
these methods have been applied to areas in the western
United States.11,12,14,16,17,19-21

Studies conducted in southern and central Califor-
nia have shown that SOA is an important contributor to
the organic PM2.5 concentration. It has been shown that
SOA contributes between 15 and 40% of the total OC on
an annual average basis,11,14,18,19 with a 60% contribution
during the summer and ~20% contribution during win-
ter.20,22 For air pollution episodes, SOA contributions can

Sources of Atmospheric Carbonaceous Particulate Matter in
Pittsburgh, Pennsylvania

Juan C. Cabada and Spyros N. Pandis
Department of Chemical Engineering, Carnegie Mellon University, Pittsburgh, Pennsylvania

Allen L. Robinson
Department of Mechanical Engineering, Carnegie Mellon University, Pittsburgh, Pennsylvania

IMPLICATIONS
During the summer in southwestern Pennsylvania, as
much as 50% of the organic aerosol is estimated to be
the result of secondary production processes. Therefore,
implementation of effective control strategies for organic
PM2.5 may require regulation not only of organic PM but
also of SOA.
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be as high as 75% on summer days and 50% on winter days
in southern and central California.20,22 Most of the SOA pro-
duced in this region of the country is related to high photo-
chemical activity episodes (accompanied by high O3

concentrations), generally occurring at midday and in areas
downwind of gaseous precursors emitters.11,20,22

The results of these studies cannot be generalized to
other places in the country because of differences in pri-
mary gas and particulate emissions and in meteorologi-
cal conditions. Relatively little information exists about
the extent of SOA formation for other areas of the United
States, mainly because there is no analytical technique
that permits its direct separation from primary OC. One
of the simplest approaches has been the use of EC as a
tracer for primary OC in the atmosphere.11,20,22

This study applies the OC/EC ratio technique to iden-
tify the SOA contribution to the total OC concentration
for the Pittsburgh, PA, metropolitan area. The method uses
OC and EC measurements obtained in 1995 and emis-
sions inventories of OC and EC constructed for this area.
A mass balance is used to evaluate the accuracy of the
emissions inventory.

THE OC/EC APPROACH
The ratio of the ambient concentrations of particulate OC
to EC includes information about the extent of second-
ary OC formation. Ambient OC/EC ratios greater than
those that are characteristic of the primary emissions are
an indication of secondary aerosol formation. The OC/
EC ratio method takes advantage of the fact that primary
OC and EC are mostly emitted by the same sources. Pri-
mary ratios of OC to EC can be determined either by us-
ing ambient measurements, if a large data set is available,22

or by developing an emissions inventory of the principal
sources for an area of interest.23 The contribution of sec-
ondary OC can be estimated by

(1)

where [OC]S is the SOA contribution to the total OC, [OC] is
the measured OC concentration, [EC] is the measured EC
concentration, [OC/EC]p is the ratio of OC to EC for the
local primary sources affecting the site of interest, and [OC]0

and [EC]0 are the OC and EC concentrations of the air par-
cels entering the area of interest (background concentra-
tions). All of these parameters are time-dependent because
of the temporal variations in anthropogenic emissions and
in meteorology. The application of this method requires mea-
surements of [OC], [EC], [OC]0, and [EC]0 and the determi-
nation of the [OC/EC]p ratio for the area of interest.

A challenge for the implementation of the OC/EC
ratio approach analysis is that OC and EC are operation-
ally defined by the analysis method. The result is that the

amount of OC and EC measured using different meth-
odologies, such as the Desert Research Institute (DRI)
thermal optical reflectance (TOR) method and the Na-
tional Institute of Occupational Safety and Health
(NIOSH) thermal optical transmittance (TOT) method,
do not agree.15,24-26 Ideally, all of the samples would be
analyzed with the same method. However, this is often
impossible because emission factors for the different
sources reported in the literature have been measured
with one method or the other. To use OC and EC data
determined with different techniques, the differences
between the techniques must be reconciled before pro-
ceeding with the OC/EC ratio analysis.

This study uses emission factors, reported in the lit-
erature, that were analyzed using the NIOSH TOT method
and ambient data for Pittsburgh analyzed with the DRI
TOR method. The comparison of NIOSH and DRI meth-
ods by Chow et al.27 indicates that for urban aerosol
samples, TOR OC and EC values can be corrected to agree
with the NIOSH method by reducing EC by ~50% and
adding this difference to OC. For this analysis, we have
adopted the Chow et al.27 approach to correct the OC and
EC values of the ambient data. No corrections were made
to the emissions data, which were all measured with the
NIOSH technique.

Etyemezian et al.28 reported weekly measurements
(continuous sampling for 7 days) of EC and OC concen-
trations in Pittsburgh for 1995. Monthly averages com-
puted from this data are shown in Figure 1. The samples
were collected in Oakland, an urban neighborhood 3 miles
from downtown Pittsburgh. DRI analyzed the samples for
OC and EC content using the TOR method.29 Briefly, the
TOR method measures the carbon content of the aerosol
by exposing the sample collected on a quartz filter to a
prescribed temperature profile. The first stage of the analy-
sis volatilizes organic material in an inert environment
(He). The second stage of the analysis exposes the filter to
a 98% He and 2% O2 environment, and the pyrolized OC

  

OC OC OC EC EC
OC
ECS

0 0

p
[ ] = [ ] − [ ] − [ ] − [ ]


⋅










Figure 1. Monthly mean ambient OC and EC concentration measured
in the Pittsburgh area during 1995.28 Data were analyzed using the
DRI-TOR method and then corrected to NIOSH equivalent values.
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and the EC are oxidized. The carbon in the off gases from
the filter are converted to CH4 through a hydrogen-en-
riched nickel catalyst and quantified with a flame ioniza-
tion detector. The TOR method determines OC and EC
from the sample by measuring the reflectance of the
sample. During the initial stages, the reflectance of the
sample decreases because of pyrolization of the carbon-
aceous material; however, as the sample is oxidized in the
second part of the analysis (98% He and 2% O2 environ-
ment), the reflectance increases. The OC and EC split is
defined at the point where the reflectance of the filter
reaches its initial value.

Past studies using the OC/EC method to estimate SOA
production in California assumed that the impact of back-
ground concentrations of carbon was negligible.12,20 This
assumption is not valid for the eastern United States; data
in the literature suggest typical background OC concen-
trations around 2.5–3.3 mg C/m3 and EC concentrations
around 0.4–0.6 mg/m3.2,13,28 For the purposes of this study,
constant background concentrations of 2.9 mg C/m3 for
OC and 0.5 mg/m3 for EC concentrations were assumed.13

The sensitivity of our results to these estimated values is
discussed in a subsequent section.

Application of the OC/EC approach also requires the
calculation of the [OC/EC]p ratio (see eq 1). This can be ob-
tained by compiling an inventory of carbonaceous PM emis-
sions in the area of interest. In general, inventories are
developed by multiplying source activity data by a source-
specific emission factor of EC and OC. The main OC and EC
sources for western Pennsylvania are expected to be wood
burning, transportation, and industrial sources. Activity data
for these sources were obtained from the Pennsylvania De-
partment of Transportation (PennDot),30 the Energy Infor-
mation Administration (EIA),31 EPA,32 the U.S. Census
Bureau,33 and the Allegheny County Health Department
(ACHD).34 Activity data from the literature are reported at
the county level; therefore, for this study, the Pittsburgh met-
ropolitan area is represented by Allegheny County (Figure
2). Emissions factors are obtained from the literature.13,23,35-37

EMISSIONS INVENTORY DEVELOPMENT
The inventory estimates emissions of primary OC and EC
in the Pittsburgh area for 1995, with a monthly time reso-
lution. Sources have been classified into mobile and non-
mobile according to the characteristics of their
activities. Emissions from sources outside the Pitts-
burgh metropolitan area and regional transport of
carbonaceous material are considered to be back-
ground OC and EC.

Mobile Sources
On-Road Vehicles.  Emissions from on-road vehicles
were determined by multiplying the vehicle miles

traveled (VMT) by each type of vehicle and the mea-
sure of total traveled miles by each type of vehicle30

(Table 1) by the corresponding emissions factor (Table
2).36 The available VMT data are reported on a yearly
average basis for each type of vehicle (automobiles and
light and heavy diesel trucks). To derive the monthly
variation, we assumed that the monthly variation of
VMT in southwestern Pennsylvania is the same as the
U.S. average reported by the U.S. Department of Trans-
portation (Table 3).40 For all other sources involving the
use of the miles traveled by the vehicles (tire and brake
attrition and paved road dust), this same approach, mul-
tiplication of reported annual VMT by the Table 3
weighting factors, was adopted to estimate the monthly
contributions of primary OC and EC.

Tire and Brake-Lining Attrition.  The emissions caused by
tire and brake-lining attrition in on-road vehicles were
calculated as the product of the VMT for vehicle type
times the vehicle-specific emission factor (see Table 2).23

For the tire attrition emissions, we assumed four tires
for catalytic and non-catalytic automobiles, eight for
light-duty trucks, and 18 for heavy-duty trucks. The num-
bers of tires for each type of vehicle were deduced from

Figure 2. Area map of Allegheny County. The Pittsburgh metropolitan
area is indicated by the shadowed area inside county boundaries. The
dot represents the geographical location of the sampling site.

Table 1. Average daily VMT in Allegheny County for 1995.31

Cat. Autos Non-Cat. Autosa Light-Duty Heavy-Duty
Diesel Trucks  Diesel Trucks

VMT 14,000,000 880,000 980,000 720,000

aNon-catalytic automobiles were considered to be 6% of the total automobile fleet.38

Cabada 5/21/02, 4:44 AM734



Cabada, Pandis, and Robinson

Volume 52  June 2002 Journal of the Air & Waste Management Association  735

the traffic data reported by PennDOT for the Pittsburgh
area. PennDOT reports axle number or directly reports
the number of tires for each type of vehicle (automo-
biles, light-duty diesels, and heavy-duty diesels). The
number of tires for each category is a weighted average
for each category according to the VMT.

Paved Road.  Emissions caused by resuspension of PM
from paved roads were calculated based on the follow-
ing empirical formula:32

(2)

where k is the PM2.5 particle size multiplier (g/VMT), sL is
the road surface silt loading (g/m2), and W is the mean
vehicle weight (Mg). The constants for k, sL, and W were
chosen considering the Pittsburgh road network as “high
annual daily traffic roads” in normal conditions, based
on EPA recommendations.32 The particulate emissions
from paved roads calculated by eq 2 were multiplied by
the fraction of EC and OC within these particles (see
Table 2)36 to obtain the carbon emissions from this source.

Railroad.  Railroad emissions in Pennsylvania were calcu-
lated by multiplying the amount of distillate fuel sold for
railroad operations (Table 4) times the fuel-based emis-
sion factor for EC and OC (see Table 2).23 The emissions
for the Pittsburgh area were estimated using the ratio of
railway miles inside the Pittsburgh metro area to the total
railway miles in the state of Pennsylvania.44 The emis-
sions from railroad activity were assumed to have no
monthly variation for the year of analysis.

Airplanes.  Emissions of EC and OC from airplanes in the
Pittsburgh region were estimated by multiplying the num-
ber of landing and takeoff (LTO) operations by the appro-
priate emission factor (see Table 2).35 Data for the total
LTO operations and the types of planes at Pittsburgh In-
ternational Airport were obtained from the Federal Avia-
tion Administration (Table 5).45 It was assumed that the
operations of the airplanes have no monthly variation
for the year of analysis.

River Vessels.  Emissions of EC and OC from river vessels
(towboats and commercial vessels) operating on the rivers

    
PM VMT *2.5 = k

Table 2. OC and EC emissions factors used in the construction on the inventory.a

Source EC OC Units Ref

Catalytic automobiles 4 9 (mg C/mi) 36
Non-catalytic automobiles 7.6 63 (mg C/mi) 36
Diesel trucks 270 210 (mg C/mi) 36
Tire attrition 0.1 0.1 (µg C/tire-mi) 22
Brake lining attrition 0.1 0.2 (kg C/106 mi) 22
Paved road 1.1 14 (% of PM

2.5
) 36

Wood burning (softwood) 680 6300 (mg C/kg wood) 36
Wood burning (hardwood) 150 2500 (mg C/kg wood) 36
Charbroiled meat – 23,000 (mg C/kg meat) 36
Fried meat – 740 (mg C/kg meat) 36
Cigarette smoking 0.01 12 (mg C/cigarette) 36
Coal 1.2 4.2 (kg C/t of coal) 22
Natural gas 3.1 40 (ng C/kJ) 36
Distillate fuel 2.7 0.5 (µg C/kJ) 22
Residual fuel 0.4 1.4 (kg C/billion Btu) 22
Railroad 50 15 (kg C/billion Btu) 22
Gasoline 0.5 4.2 (kg C/billion Btu) 22
Turbojet (4 engines)b 1.8 0.6 (kg C/LTO) 34
Turbojet (3 engines) b 0.4 0.1 (kg C/LTO) 34
Turbojet (2 engines) b 0.3 0.1 (kg C/LTO) 34
Turbopropb 0.2 0.1 (kg C/LTO) 34
River vesselsc 4.3 1.3 (kg C/ship-day) 22,34
Structural firesd 0.5 1.0 (kg C/ton burned) 22,34

aAs reported by the authors, OC and EC analyzed by NIOSH protocol for all emission
factors; bEmission factor reported as mass of carbon per LTO operations; cTotal PM
emissions calculated from EPA procedures,39 and carbon emissions determined by
emission fractions reported by Gray;23 dTotal PM emissions calculated from EPA pro-
cedures,13 and carbon emissions determined by emission fractions reported by Gray.23

Table 3. Monthly variations for mobile, stationary sources, and residential combustion and structural fires occurrence.

Jan Feb March April May June July Aug Sept Oct Nov Dec

% Total
Miles Traveled
a Yeara 7.0 7.7 7.8 8.1 8.7 9.0 8.8 9.0 9.2 9.1 8.1 7.6

% Heating
Fuel Consumedb 20.2 17.0 13.3 7.7 3.6 0.6 0.1 0.2 1.7 6.7 11.4 17.4

% Structural
Fire Ocurrencec 12.6 9.8 9.1 8.2 7.4 7.5 7.4 6.9 6.6 7.5 8.0 9.0

aRef 40; bBased on heating-degree days, as reported from the National Weather System;41 cFederal Emergency Management Agency.42
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around the Pittsburgh area were estimated by multiply-
ing the amount of ships operating each day on the rivers
by the appropriate emission factor (see Table 2).23,37 Data
for the total river vessel operations in the Pittsburgh area
were obtained from the U.S. Army Corps of Engineers
(USACE).46 Monthly variations on these emissions were
constructed according to the data reported by USACE.

Non-Mobile Sources
Industrial.  Industrial emissions of EC and OC were calcu-
lated based on the PM emissions reported by the Allegh-
eny County Health Department34 (Table 6). Emissions
from each industry were obtained by multiplying the to-
tal PM emissions by the corresponding percentage of EC
and OC in the particulate phase (see Table 6). It is as-
sumed that industrial sources have no significant monthly
variation in the emissions.

Structural Fires.  Emissions of OC and EC from structural
fires were calculated based on the occurrences of struc-
tural fires in the Pittsburgh area52 by multiplying the mass
of material burned by the carbon emitted per mass of
material burned (see Table 2).23 Material burned in struc-
tural fires was estimated based on EPA procedures53 and

considering an average residence size of 160 m2. Monthly
variations of structural fires in Pittsburgh were assumed
to follow U.S. averages (see Table 3),42 and OC and EC
monthly emissions were calculated multiplying the
monthly percentages of fires by the yearly emissions.

Meat Cooking.  Meat cooking emissions were calculated
based on the total population of the Pittsburgh area and
the annual per capita consumption of meat for the United
States.54 For the commercial and residential cooking prac-
tices, it was assumed that 90% of the meat is fried and
10% is charbroiled.23 The EC and OC emissions were esti-
mated by multiplying the amount of meat cooked times
the emission factor for each type of cooking practice (see
Table 2).36 Meat cooking operations were assumed to re-
main constant during all months of the year of analysis.

Cigarettes.  The active population of smokers in the Pitts-
burgh area was estimated from data from the Center for
Disease Control and Prevention.55 In the state of Pennsyl-
vania, 18% of the population are active smokers. The av-
erage smoker in Pittsburgh consumes 19 cigarettes a day.55

Emissions from smoking practices were calculated by
multiplying the number of cigarettes consumed times the
carbon emission factor (see Table 2).36 It was assumed that
there was no monthly variation in the cigarette emissions.

Heating Fuels.  Emissions from fuel combustion (coal, dis-
tillate fuel, residual fuel, natural gas, and gasoline) for resi-
dential space heating and commercial operations were
obtained by multiplying the amount of fuel used in the
Pittsburgh area (see Table 4)31 times the emission factor
for each type of fuel (see Table 2). Pittsburgh area fuel
consumption was estimated by scaling Pennsylvania data
with the ratio of households and commercial businesses
in the Pittsburgh area using each type of heating fuel (ra-
tios obtained from the 1990 census data).54 Monthly varia-
tions of emissions for non-industrial stationary and area
sources of EC and OC (wood, coal, distillate and residual
fuels, and natural gas) were estimated using the heating-
degree days approach.43 For each degree below 18 ºC on
the average ambient temperature, a “heating-degree day”
is registered. Data about the heating-degree days of the
Pittsburgh area were obtained for 1995.41 The monthly
variation in emissions from space-heater sources was de-
termined by multiplying the fraction of the total annual
heating-degree days by the total emissions for each source.
Table 3 shows the monthly variations in the heating-
degree days for Pittsburgh in 1995.

Wood Burning.  Emissions of OC and EC from wood burning
in residential fireplaces were calculated based on the amount
of wood consumed in the Pittsburgh area multiplied by the

Table 4. Fuel consumption in the Pittsburgh area for 1995.43

Fuel Quantity Units

Railroad fuel (distillate oil) 302,000 Barrelsa

Wood (residential) 170,000 Cordsb

Wood (commercial) 12,000 Cordsb

Coal (residential) 2000 Tons
Coal (commercial) 70,000 Tons
Natural gas (residential) 1500 Billion Btu
Natural gas (commercial) 250 Billion Btu
Distillate fuel (residential) 9.8 × 1011 kJ
Distillate fuel (commercial) 4.6 × 1012 kJ
Residual fuel (residential) 1000 Billion Btu
Gasoline (commercial) 60 Billion Btu

aEnergy content, 5.8 × 106 Btu/barrel;23 bThe density of a cord is 79 ft3/cord, and the
density of wood (kg/ft3) is 11 for “softwoods” and 16 for “hardwoods.”39

Table 5. Distribution of LTO operations for Pittsburgh International Airport.a

Aircraft Type % of LTO

Turbojet (4 engines) 6%
Turbojet (3 engines) 16%
Turbojet (2 engines) 40%
Turboprop 24%
Others 13%

a203,000 LTO operations are reported for Pittsburgh International Airport for 1995.45
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carbon emitted per mass of wood
burned (see Table 2).36 Wood consump-
tion was estimated based on data for the
state of Pennsylvania,54 and the ratio of
households in Pittsburgh to the total
households in the state of Pennsylva-
nia.54 For the commercial wood-burning
operations, the ratio of commercial
businesses in Pittsburgh to the total in
the state was used.54 Based on sales, 90%
of the wood burned is of the “hard-
wood” type, and the rest is “softwood.”
Monthly variations of wood-burning
emissions were estimated according to
the previously described heating-degree
days approach.

OC AND EC EMISSIONS
Table 7 summarizes the particulate EC and
OC primary emissions by various source
categories for Pittsburgh. The PM2.5 inven-
tory for the area includes a contribution
of 1690 t/year from OC and 1040 t/year
from EC. On an annual basis, the major
sources of primary OC emissions are wood
burning (33%), fugitive sources (22%),
steel industries (12%) and mobile sources
(13%). On an annual basis, the major
sources of EC are heavy- and light-duty
diesel trucks (30%), coke-burning steel-
related industries (21%), stationary fuel
combustion sources (11%), and fugitive
sources (11%).
    Figures 3 and 4 show the monthly re-

solved emissions inventory for primary
EC and OC in the Pittsburgh area. The
OC emissions in winter are 3 times higher

Table 6. Industrial PM emissions and factors used to estimate EC/OC contributions to inventory.34

Industrial Source PM
2.5

 (kg/day) Classification % EC % OC Refa

Steel works 4500 Blast furnaces and steel mills 0.0 10 47
Power plants 2500 Steam supply 0.2 0.9 48
Steel works (coke burning) 800 Blast furnaces and steel mills 74 10 49
Cement works 440 Cement, hydraulic 0.2 5.4 49
Glass works 310 Glass containers 0.1 0.7 49
Construction 70 Construction sand and gravel 1.4 0.0 48
Copper works 40 Copper rolling and drawing 0.0 1.6 47
Paving mixtures 60 Paving mixtures and blocks 1.0 23 50
Plastics works 30 Plastics materials and resins 1.8 9.2 47
Refuse systems 20 Refuse systems 36 5.8 51

aOC and EC contents analyzed with NIOSH protocol or equivalent.

Table 7. Carbon emissions inventory for the Pittsburgh area in 1995.

Source Primary OC (t/year) % Primary EC (t/year) %

Residential wood burning 551 32.6 37 3.6
Steel works 190 11.2 - 0.0
Structural fires 181 10.7 85 8.2
Paved road 130 7.7 10 1.0
Meat cooking 106 6.2 - 0.0
Heavy-duty trucks 84 4.9 218 21
Light-duty trucks 76 4.5 95 9.1
Catalytic autos 46 2.7 21 2.0
Commercial wood burning 43 2.6 3 0..
River vessels 40 2.4 130 13
Residential natural gas 37 2.2 18 1.8
Brake attrition 33 2.0 7 0.7
Tire attrition 27 1.6 13 1.3
Railroad 26 1.6 86 8.3
Cigarettes 20 1.2 0 0.0
Non-catalytic autos 20 1.2 2 0.2
Aircraft 20 1.2 64 6.2
Commercial natural gas 11 0.7 5 0.5
Steel works (coke burning) 10 0.6 218 21
Cement works 9 0.5 0 0.0
Residential coal 8 0.5 2 0.2
Paving mixtures 5 0.3 0 0.0
Commercial coal 4 0.2 1 0.1
Power plants 3 0.2 1 0.1
Commercial distillate fuel 2 0.1 12 1.2
Commercial residual fuel 1 0.1 0 0.0
Plastics works 1 0.1 0 0.0
Othersa,b 2 0.1 6 0.6
Total carbon (t/year) 1690 100 1040 100

aOther sources included in OC emissions inventory: glass works (0.8 t/year), refuse systems (0.5 t/year), residential
distillate fuel (0.4 t/year), commercial gasoline (0.3 t/year), and copper works (0.2 t/year); bOthers sources included
in EC emissions inventory: refuse systems (3 t/year), residential distillate fuel (3 t/year), construction (0.4 t/year),
and glass works (0.1 t/year).
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than the OC emissions in summer. For EC, the seasonal
variation is not as large, but the winter emissions are still
30% more than the emissions during the summer. The
main reason for these seasonal variations is changes in
the emissions related to heating purposes (wood, coal, dis-
tillate fuel, and residual fuel burning). These sources have
a strong seasonal dependence in the area and dominate over
the other sources, which are assumed to have a weaker tem-
poral variability (on-road vehicles, airplanes, industrial). Fig-
ure 5 shows the [OC/EC]p ratio of emissions during 1995.
The OC/EC primary ratio varies between 2.4 in winter and
1.0 in summer.

Uncertainty estimates for the inventories and the
[OC/EC]p ratio were developed based on the reported un-
certainties in the emissions factors and in the source ac-
tivity data. Uncertainties are higher during the winter,
mostly because of the uncertainty in emissions from
wood-burning operations. Several studies have reported
large variations in OC and EC emissions from wood-burn-
ing operations,36,56,57 because these emissions are highly
dependent on the nature of the wood consumed and
the characteristics of the combustion. Figures 3 and 4
show that coal combustion, the steel industry, and

diesel trucks are important sources of primary organic PM
in the Pittsburgh region.

SOA PRODUCTION
Using the ambient OC and EC measurements for 1995,
the [OC/EC]p ratio from the emissions inventory, and the
background concentrations of OC and EC, it is possible
to estimate the contribution of SOA to the total OC on a
monthly basis applying eq 1. The estimated SOA concen-
trations vary from a high of ~3.8 µg C/m3 in June to a low
of almost zero during the winter months (Figure 6). The
average yearly SOA contribution to the total OC concen-
tration is ~25%, ranging from near zero in the winter to
~50% in the summer. Monthly variations in the SOA pro-
duction are consistent with the expected seasonal varia-
tions in the photochemical activity and the gaseous
precursors concentrations.2,17 Winter conditions in west-
ern Pennsylvania limit photochemical activity, leading

Figure 3. Pittsburgh area EC local primary emissions inventory.
Monthly averages for 1995.

Figure 4. Pittsburgh area OC local primary emissions inventory.
Monthly averages for 1995.

Figure 5. Ratio of OC to EC primary emissions in the Pittsburgh region
for 1995. Uncertainties are based on the reported uncertainties of
emission factors and activity data for the different sources of primary
OC and EC.

Figure 6. Contribution of SOA, primary emissions, and background
to total OC PM2.5 in Pittsburgh in 1995, based on results from [OC/EC]p
ratio method, assuming average background concentrations of 2.9 µg
C/m3 for OC and 0.5 µg/m3 for EC. Uncertainties are based on the
uncertainties of the [OC/EC]p.
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to less production of SOA. The current approach cannot
explain the origin of the background concentration of
OC, which is a significant contributor to the OC in the
area. Therefore, the previous estimates represent a lower
bound for the SOA contribution to Pittsburgh aerosol.

The OC and EC background concentrations are an
important factor in estimating SOA production for areas
like Pittsburgh using the OC/EC ratio approach. Figure 7
shows the calculated SOA concentration throughout the
year for a range of background concentrations. Increas-
ing background concentrations of OC from 2.5 to 3.3 µg
C/m3, and EC from 0.4 to 0.6 µg/m3, changes the esti-
mates of the contribution of SOA to the total OC concen-
tration from zero to 2 µg C/m3 in winter, and from 2.0 to
4.1 µg C/m3 in summer. The corresponding contributions
of SOA to the total organic aerosol vary from 0 to 20% in
winter and from 20 to 50% in summer. Because of the
uncertainties of background concentrations, SOA contri-
butions to the total OC concentration vary from 10 to
35% on a yearly basis. Uncertainties in background OC
and EC concentrations can lead to variations in the Pitts-
burgh SOA estimates of more than 50%. Future measure-
ment campaigns should include sufficient upwind
measurements of OC and EC concentrations to determine
their seasonal patterns and to provide a better estimate of
the Pittsburgh carbonaceous aerosol composition.

EVALUATION OF THE OC AND EC INVENTORIES
The quality of the emissions inventory is evaluated by
comparing predictions of a mass balance model to the
measured ambient OC and EC concentrations. The mass
balance model predicts the ambient OC and EC concen-
trations from the emissions inventory and the background
concentrations. The model assumes the air above the Pitts-
burgh area is well mixed and the primary emissions are
uniformly distributed throughout the area.

A box model approach, represented by eq 3, was
adopted to calculate OC and EC concentrations in the area.

(3)

where cs is the concentration of the species of interest (EC
or OC), qs is the emission rate per m2, H is the mixing
height, vs is the removal velocity, cs

0 is the background
concentration, τr is the residence time inside the system,
and Rs is the SOA formation rate. For the evaluation of
the emissions inventory, the background concentrations
for EC and OC (cs

0) are considered to be constant for the
whole year. The monthly averaged mixing heights are
based on the 1991 data for the area, and the average resi-
dence time (τr) of the air parcels is determined according
to the monthly averaged wind speeds in Pittsburgh (Table
8). The removal velocity is assumed to be constant
throughout the year at vs = 1 m/hr. The Pittsburgh metro
surface area is 1900 km2.

From the emissions inventory monthly data, the me-
teorological variables, and the background concentrations
of carbonaceous material, it is possible to estimate the
ambient concentration of “primary” OC and EC. The for-
mation rate of SOA is calculated based on the monthly
contribution of SOA to the total OC determined by eq 1.
Depending on the background OC and EC concentrations,
the monthly SOA contribution is calculated, and by ap-
plying eq 3, a mass balance over the area can be performed.

The mass balance model indicates that the yearly av-
erage concentration for a number of scenarios varies from
3.7 to 6.6 µg C/m3 for OC and from 1.1 to 1.6 µg/m3 for
EC. These ranges were calculated assuming background
concentrations of OC ranging from 2.5 to 3.3 µg C/m3

and of EC ranging from 0.4 to 0.6 µg/m3. Figures 8 and 9
show the comparison between the monthly model pre-
dictions and the measurements for the concentrations of
EC and OC for 1995. Reasons for the discrepancies in-
clude the simplicity of the model (neglecting the spatial
variability of concentrations and sources), assuming con-
stant background concentrations throughout the year, and
simplifying the description of aerosol removal by dry and
wet deposition. Based on these results, it is estimated that
the emissions inventory is probably accurate within 50%
for the whole year for the different scenarios.

CONCLUSIONS
Accurate estimates of the background OC and EC con-
centrations are necessary for the estimation of the local
OC and EC influences. Our analysis indicates that SOA
can represent at least 10–35% of the total organic PM in
the Pittsburgh area on a yearly basis. The primary or sec-
ondary origin of the background concentrations cannot
be determined by the present analysis. Future measurement

Figure 7. Local SOA concentration estimates under different
background concentrations. The error bars represent the range in the
estimated SOA concentrations caused by variations of OC from 2.5 to
3.3 µg C/m3, and variations in the EC background concentrations from
0.4 to 0.6 µg/m3.
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This finding is consistent with the expected higher pho-
tochemical activity during the summer. The winter esti-
mates are highly uncertain because of the uncertainty of
wood-burning emissions, which is the dominant primary
organic particulate source during these periods. The emis-
sions inventory is consistent with the measured concen-
tration and is probably accurate within 50%.

Local wood and fugitive sources combustion are ma-
jor sources of primary OC in western Pennsylvania on an
annual basis (33 and 22%, respectively), and wood burn-
ing is the dominant source during winter months. The coke
production industry and diesel combustion are the domi-
nant sources of the primary EC emissions (21 and 30%,
respectively). The EC emissions show a weaker monthly
dependence compared with that shown by OC sources.
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Abstract

Size-resolved aerosol mass and chemical composition were measured during the Pittsburgh Air Quality Study. Daily

samples were collected for 12 months from July 2001 to June 2002. Micro-orifice uniform deposit impactors (MOUDIs)

were used to collect aerosol samples of fine particulate matter smaller than 10 mm. Measurements of PM0.056, PM0.10,

PM0.18, PM0.32, PM0.56, PM1.0, PM1.8 and PM2.5 with the MOUDI are available for the full study period. Seasonal

variations in the concentrations are observed for all size cuts. Higher concentrations are observed during the summer

and lower during the winter.

Comparison between the PM2.5 measurements by the MOUDI and other integrated PM samplers reveals good

agreement. Good correlation is observed for PM10 between the MOUDI and an integrated sampler but the MOUDI

underestimates PM10 by 20%. Bouncing of particles from higher stages of the MOUDI (>PM2.5) is not a major

problem because of the low concentrations of coarse particles in the area. The main cause of coarse particle losses

appears to be losses to the wall of the MOUDI.

Samples were collected on aluminum foils for analysis of carbonaceous material and on Teflon filters for analysis of

particle mass and inorganic anions and cations. Daily samples were analyzed during the summer (July 2001) and the

winter intensives (January 2002). During the summer around 50% of the organic material is lost from the aluminum

foils as compared to a filter-based sampler. These losses are due to volatilization and bounce-off from the MOUDI

stages. High nitrate losses from the MOUDI are also observed during the summer (above 70%). Good agreement

between the gravimetrically determined mass and the sum of the masses of the individual compounds is obtained, if the

lost mass from organics and the aerosol water content are included for the summer. For the winter no significant losses

of material are detected and there exists reasonable agreement between the gravimetrical mass and the sum of the

concentrations of the individual compounds.

Ultrafine particles (below 100 nm) account on average, for o 5% of the PM2.5 mass, and show different composition

for the summer and the winter. During the summer the ultrafine mass is 50% carbonaceous material (organic material

and elemental carbon) and 50% inorganic (mainly sulfate and ammonium); during the winter these percentages are

70% and 30%, respectively.

r 2004 Elsevier Ltd. All rights reserved.
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1. Introduction

Fine atmospheric aerosol mass concentrations (parti-

culate matter below 2.5mm, PM2.5) are of importance

because of their impact on human health (Dockery et al.,

1993), their ability to scatter light affecting visibility, and

their role in global climate change (Seinfeld and Pandis,

1998). Fine particulate matter size distributions can

provide information about the chemical and physical

processes affecting aerosols as they are transported in

the atmosphere (Wall et al., 1988). Aerosol size

distributions also are important for the optical proper-

ties and the effect of aerosols on the planet energy

balance (Seinfeld and Pandis, 1998).

Particles emitted from combustion sources (primary

emissions) and produced by nucleation start their

atmospheric lifetime in the smaller particle sizes

(diameters o 200 nm). Condensation of organic com-

pounds after the reaction of atmospheric oxidants and

organic gases (secondary organic aerosol, SOA) and

secondary production of sulfate affects mainly the

accumulation mode between 200 and 500 nm. Long-

range transported and cloud-processed aerosol tend to

be in the 200–1000 nm diameter range (Whitby, 1978;

Wexler and Ondov, 1998; Seinfeld and Pandis, 1998).

Recently, attention has been drawn to the ultrafine

(diameter below 100 nm) aerosol concentrations. Ultra-

fine particles account for practically all the aerosol

number concentration in the urban atmosphere, though

their mass contribution is in general small. These

particles can penetrate deep into the interstitial space

of the lungs and overwhelm the alveolar macrophages,

thereby impeding the natural cleaning mechanisms of

the lungs (Oberdorster et al., 1994; Oberdorster, 1995,

2001; Ferin et al., 1992). Furthermore, inhalation of

highly acidic particles can cause inflammation and

irritation of the lung tissue; if the chemical constituents

of the particles are carcinogenic, these particles may

induce cancer tumors (Oberdorster and Yu, 1990;

Donalson et al., 2002). Fine-particle regulations in the

US are focused on controlling the PM mass concentra-

tion (PM10 and PM2.5) (Environmental Protection

Agency, 1996). The effect of reductions of the PM2.5

and PM10 on the concentration of ultrafine particles is

not well understood. Ultrafine particles are emitted

mainly from mobile sources (automobiles and diesel

trucks) and stationary combustion sources. However,

they are also formed during the nucleation of sulfuric

acid and organic gases (Seinfeld and Pandis, 1998).

Results of studies combining measurements of aerosol

number concentrations and chemically speciated size

distributions, using micro-orifice uniform deposit im-

pactors (MOUDIs), are limited to southern and central

California (Hughes et al., 1998; Chung et al., 2001).

Both of these studies were done during the winter. For

Southern California (Pasadena) carbonaceous material
was the largest fraction of the PM2.5, followed by

nitrate. Small contributions of sulfate, ammonium and

trace compounds were reported for this winter aerosol.

An ‘‘unknown’’ component was determined by the

difference between the gravimetrically measured mass

and the sum of the masses of the individual compounds

on each MOUDI stage. Larger values of ‘‘unknown’’

material are associated with the upper stages of the

MOUDI (between 0.32 and 1.0 mm). The fraction of this

‘‘unknown’’ material is reported to be of the order of

10–30%. Central California (Bakersfield) was character-

ized by periods of clean and polluted air during the

winter. Clean days were characterized by high fractions

of carbonaceous material, nitrate and ammonium in the

PM2.5. During polluted days particles contained mainly

sulfate, nitrate, sodium and chloride. On the clean days,

the reported ‘‘unknown’’ mass was negligible, although

this discrepancy was significantly larger on polluted

days, occasionally over 30%.

The studies of Hughes et al. (1998) and Chung et al.

(2001) also provided information on ultrafines particles.

Both of these studies reported a lack of correlation

between ultrafine number and ultrafine mass concentra-

tions. Carbonaceous compounds were the largest frac-

tion of the ultrafine mass. Significant contributions of

sulfate, nitrate and trace compounds were reported in

both studies. The unknown fraction of material in the

ultrafine particles was reported to be between 0%

and 50%.

In this paper we present data on particle mass

concentrations in several size ranges (0.056–10 mm)

collected in the Pittsburgh Air Quality Study (PAQS)

from July 2001 to June 2002. For two intensive periods,

during 15 days in the summer of 2001 and 9 days in the

winter of 2002, impactor samples were chemically

resolved for inorganic components and carbonaceous

compounds.
2. Experimental

MOUDIs (Marple et al., 1991) (Model 110, MSP Co.,

Minneapolis, MN) were used to collect daily size-

resolved aerosol samples during PAQS, from July 2001

to June 2002. Aerodynamic size cuts for the impactor

are 0.056, 0.10, 0.18, 0.32, 0.56, 1.0, 1.8, 2.5, 5.6 and

10 mm. The MOUDI sampling flow rate is 30 1 min�1.

The PAQS main site was located in Schenley park on the

top of a hill adjacent to the Carnegie Mellon University

campus, around 6 km east of downtown Pittsburgh.

Samples for the determination of total mass were

collected using 37mm ring-supported Teflon filters

(7592-104, Whatman, Clifton, NJ). The mass size

distribution of the aerosol collected by the MOUDI

stages was determined by weighing the filters using a

high-precision microbalance (UMX2, Mettler-Toledo,
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Columbus, OH). The MOUDI filters were weighed

inside a glove box with a controlled relative humidity

(3572%) and temperature (2171�C). Prior to weigh-

ing, the filters were equilibrated for 24 h inside the glove

box. During two intensive sampling periods, July of

2001 and January of 2002, two MOUDI samplers were

operated in parallel using different filter media to collect

aerosol particles. Teflon filters were used for determina-

tion of total mass and inorganic compounds, and

uncoated aluminum foils (MSP Corp.) were used for

the determination of carbonaceous aerosol concentra-

tions. Inorganic compound concentrations were deter-

mined by ion chromatography (Dionex DX-600 for

anions and DX-120 for cations) and carbonaceous

aerosol was analyzed using a thermal/optical transmit-

tance carbon analyzer (Sunset Laboratory Inc., OC-EC

Aerosol Carbon Analyzer Model-3) and temperature

program based on the NIOSH protocol (Cabada et al.,

2003). In the case of aluminum foils it is not possible to

determine the organic carbon (OC), elemental carbon

(EC) split by the optical transmittance method. Since

aluminum foil loads are low, the possible pyrolisis of

material is reduced. For this case, the OC concentrations

were determined by the amount of carbon evolved

during the helium atmosphere in the analysis and the EC

was considered to be the carbon evolved during the

helium/oxygen atmosphere. Viidanoja et al. (2002)

reported that defining organic and elemental carbon

without an optical correction for pyrolisis leads to an

upper limit in the estimation of EC and an error within

30% of the real EC concentration. This change in

definition has a small effect on the OC concentration

(o10%).

Aluminum foils were baked at 550�C for 24 h prior to

collection. The MOUDI collecting carbonaceous mate-

rial was operated without rotating the impactor stages,

as a multi-orifice impactor (MOI). OC concentrations

measured by the carbon analyzer are converted to

organic mass (OM) multiplying by a factor of 1.8 to

account for the hydrogen, oxygen, sulfur and nitrogen

associated with the organic compounds (Turpin and

Lim, 2001).

Measurements of PM0.056, PM0.01, PM0.18, PM0.32,

PM0.56, PM1.0, PM1.8 and PM2.5 with the MOUDI are

available for the full study period, while PM5.6 and

PM10 measurements were conducted only during 2001.

Independent measurements of PM10 with a dichotomous

sampler are available for the full study.

Particle bounce-off in cascade impactors has been

documented by several authors, particles as small as

0.2mm can bounce from their respective collection stage

and are collected on stages corresponding to smaller

sizes (Hinds, 1998; Pak et al., 1992). This problem is

more common in the upper stages of the impactors.

Experimental data show that once a large particle

bounces-off its proper stage it is likely to continue
bouncing-off other stages in the impactor and may not

be collected at all (Hinds, 1998). The use of fine PM

cyclones in front of cascade impactors and the use of

greased substrates can reduce this problem (Hinds,

1998). For this study greased Teflon substrates were

used for MOUDI stages collecting particles larger than

10 mm. No greased stages were used for the MOUDI

with aluminum foils substrates to avoid contamination

of organic material.

A dry-ambient aerosol size spectrometer (DAASS)

system (Stanier et al., 2003) operated during PAQS

reporting number, surface area and volume distributions

of aerosols. The system consists of two scanning

mobility particle sizers (SMPS, TSI 3936N25 and TSI

3936L10) and an aerodynamic particle sizer (APS, TSI

APS 3320) that measure the aerosol size distribution

between 3 nm and 10mm in diameter. The inlets of the

instruments and their sheath air lines were equipped

with computer-controlled valves that direct air through

Nafion dryers or bypass them. The Nafion dryers reduce

the RH to below 30%, at which ambient particles are

expected to lose most or all of the water and thus be

virtually dry. The instrument cycles between dried and

the ambient conditions every 7min and is synchronized

with the scan times of the aerosol spectrometers.

In addition to the size-resolved measurements using

the MOUDI and the DAASS system, integrated PM10

and PM2.5 samplers were operated at PAQS from July

2001 to July 2002. A dichotomous sampler (Series 241,

Thermo Andersen) measured daily average PM10 and

PM2.5 mass on Teflon filters (7592-104, Whatman), with

operational flow of 16.7 l min�1. An FRM sampler

(Partisol-2000, Rupprecht & Patashnick Co., Inc.)

measured daily average PM2.5 mass on Teflon substrates

(7592-104, Whatman), operating at 16.7 lmin�1. Deter-

mination of mass from these filters followed the same

procedure as for the MOUDI Teflon filters. A tapered

element oscillating microbalance (TEOM, Series 1400a,

Rupprecht & Patashnick Co., Inc.) operated continu-

ously for the length of the PAQS project, reporting

PM2.5 mass. The TEOM sampled at 30�C and was

equipped with a Nafion diffusion dryer sample equili-

bration system (SES, Rupprecht & Patashnick

Co., Inc.).

Several PM2.5 speciation samplers were used during

PAQS. Filter-based organic material measurements

were collected on quartz fiber filters (47mm Pallflex,

QAOT) on a daily basis using a denuded sampler during

the summer. During the winter, an undenuded sampler

using a front quartz filter and a backup quartz filter was

used (Cabada et al., 2004). For the winter, the

concentrations measured by the undenuded sampler

were corrected for positive artifact by subtracting the

measured organic concentration in the backup filter

(Subramanian et al., 2004). Measurements of total

concentrations of nitrate and ammonium (PM2.5 and
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gas), aerosol sulfate, sodium, potassium, magnesium,

calcium, chloride, nitrite and oxalate were made using

Teflon (Whatman Cat No. 7592-104) and nylon filters

(Whatman Cat No. 7410-004). Daily samples were

collected during the length of the project except for the

summer 2001 intensive period (July 2001), where five

samples a day were collected (4–6 h samples). Two

sampling lines were used for these species, one denuded

and one undenuded, to provide data for both gas and

particulate phase compounds. Analysis of the inorganic

material was performed by ion chromatography (Wittig

et al., 2003a).
3. PM10 and PM2.5 measurements

Fig. 1 shows the intercomparison of PM2.5 and PM10

mass concentrations measured by the MOUDI with

corresponding measurements by the dichotomous sam-

pler, FRM and TEOM. The correlation coefficient (R2)

exceeded 0.75, for the comparisons between the different

samplers. However, the original data indicate coarse

particle losses from the MOUDI. On average, the

MOUDI collects 15–20% less PM10 mass than the

dichotomous sampler. The integrated fine mass collected

by the MOUDI (sum of all stages up to 2.5 mm) and the

filter-based gravimetrical methods (FRM and dichot-

omous) are in good agreement. These results are

consistent with losses to the walls of some mainly coarse
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Fig. 1. Sampler inter-comparisons at PAQS, with forced fits throug

MOUDI PM2.5 vs. Dichot PM2.5 for 2001 and 2002. (c) MOUDI PM

TEOM PM2.5 for 2001 and 2002. All measurements are daily averag
particles in the MOUDI and limited bounce-off from the

larger to the smaller stages. Particles during PAQS are

expected to be liquid during most of the study because of

their ability to retain water at low RH during the

summer (Stanier et al., 2003) and their high organic

content during the winter (Wittig et al., 2003b). The

comparison between the MOUDI and the TEOM for

PM2.5 shows that the MOUDI measures, on average,

around 5% less mass than the TEOM. Statistical

analyses show no significant difference between these

two measurements.
4. PMx mass concentrations

The MOUDI results were used to construct time series

of the different PM concentrations measured. Fig. 2

shows the monthly averaged concentrations for the

different size cuts, from PM10 to PM0.056. A seasonal

dependence is observed for all PM sizes, with higher

concentrations observed during the summer and lower

during the winter. Lower size cuts mass concentrations

show more variability.

Comparisons between mass concentrations measured

in the different stages of the MOUDI show that good

correlations exist between PM2.5 and PMx, when PMx is

close to PM2.5. The correlation between the different

concentrations decreases significantly as PMx is smaller

than PM0.56. On average, around 80% of the PM10 is
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below 2.5mm in Pittsburgh (Fig. 3a). Eighty-five percent

of the PM2.5 mass is in aerosol particles smaller than

1.0mm in aerodynamic size (Fig. 3b). Fifty-five percent

of the PM2.5 is PM0.56 (Fig. 3c). PM0.32 and PM0.18

constitute around 30% and 12% of the total fine aerosol

mass, respectively (Fig. 3d and e). The ultrafine mass

contribution (below 100 nm) to PM2.5 is, on average,

around 5% (Fig. 3f).

Ultrafine particles contribute o 5% of the total fine

particle mass and the filter loads are low, making the

measurement of the mass of these particles prone to

errors during sampling and analysis. Even a few large

particles bouncing from higher stages can have a big

impact on the mass on the lower stages. Khlystov et al.

(2004) showed that good agreement is achieved between

the MOUDI and the DAASS system for particles bigger

than 100 nm, but not for the ultrafine particles (Fig. 4a).
Improved agreement is obtained when the ratios of

ultrafines mass to PM2.5 and ultrafines volume to V2.5

are compared (Fig. 4b). Comparing the ratios from the

two systems can give an estimate of particles bouncing

from higher stages of the MOUDI and that are collected

by lower stages, in this case stages corresponding to the

ultrafine particulate matter. If bounce-off is a significant

problem, the ratio of masses (PM0.10/PM2.5) would

exceed the ratio of volumes (V0.10/V2.5) and the

corresponding points would lie in the upper left corner

of Fig. 4b, which is not the case. The correlation

coefficient between these two measurements is reason-

able (R2=0.55) given the uncertainty of the ultrafine

mass concentration (estimated to be around 30%).

Variability in the absolute estimates could be due to

the measurement of the ultrafine mass in the MOUDI

or the fundamental differences in the measurement
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methods employed by the MOUDI and the SMPS

techniques (i.e. aerosol aerodynamic diameter vs.

mobility diameter). Ambient conditions and character-
istics of the aerosols (e.g. non-spherical shapes of

fresh particles) could also influence these estimates

(Shen et al., 2002).
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5. Size-resolved mass distributions

Seasonal average mass distributions collected with the

MOUDI are shown in Fig. 5. Mass size distributions

for each stage of the MOUDI were inverted using

MICRON (Wolfenbarger and Seinfeld, 1990). For all

seasons, most of the fine aerosol mass is concentrated

between 0.10 and 1.0 mm. Summer size distributions

show multiple modes. The droplet mode (around

0.7mm) dominates over the size distribution. The

condensation mode (around 0.2 mm) is clear only after

the data is inverted to create a smooth size distribution.

Fall size distributions show tri-modal distribution but in

this case the condensation mode is slightly larger than

the droplet mode. Winter size distributions show four

modes distribution with both, the condensation and the

droplet modes contributing equally to the distribution.

Spring size distributions are similar to the summer, with

a dominating droplet mode and lower condensation

mode.

Data collected during SCAQS in southern California,

using both MOUDIs and SMPS systems, showed two

modes in the fine mass distributions. One mode was

observed around 0.20mm (condensation mode) and the

second and larger mode was at around 0.70 mm (droplet

mode) (John et al., 1990; Eldering et al., 1994). Size

distributions measured at Fresno, CA, for two different

seasons (winter and spring) with an SMPS system

showed a bi-modal distribution (Lawless et al., 2001).

During the winter, size distributions showed a dominant

mode around 0.20mm and a smaller mode around

1.0mm. The same two modes existed in the spring, but

the 1.0mm mode was dominant.
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6. PM composition measurements

Comparisons of the major components of PM2.5 in

Pittsburgh between the MOUDIs and filter-based

samplers are shown in Fig. 6. The organic material

(OM, OC multiplied by 1.8) measurements show

reasonable correlation between the samplers for both

seasons (R2=0.55 for summer and R2=0.74 for winter).

However, around 50% of the OM, is lost from the

MOUDI aluminum foils during the summer (Fig. 6a).

EC measurements from the MOUDI (not shown) and

the filter-based sampler show agreement within experi-

mental uncertainty. Good agreement of the organic

material collected by the MOUDI and the filter-based

measurements is observed during the winter intensive

(Fig. 6b). EC is slightly overestimated during the winter

using the MOUDI, but still within experimental error.

There are a couple of possible reasons for the loss of

OC during the summer. The first is evaporation of semi-

volatile material, especially SOA. Volatilization of semi-

volatile material from impactor samplers has been

reported to be as large as 50% depending on the

pressure drop of the sampler, the prevalent sampling

conditions, and the ratio of gas to particle concentra-

tions in the sampled air (Zhang and McMurry, 1991). In

addition, McMurry and Zhang (1989) found significant

SOA volatilization from MOUDI impactors using

aluminum foils as collecting media. Anderson et al.

(2002) estimated that around 20% of the total PM2.5

consisted of semi-volatile organic compounds during the

summer of 2000 in the Pittsburgh area. Furthermore,

Cabada et al. (2003) report that between 20 and 50%

of the organic PM in the Pittsburgh area during the
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Fig. 6. Comparison between measurements of individual PM2.5 compounds by the MOUDI and the integrated samplers for the two

intensive periods. (a) Organic material (OM, 1.8�OC) measured with the MOUDI foils vs. OM measured using a denuder-based

sampler during the summer intensive. (b) OM measured with the MOUDI foils vs. OM measured using an undenuded sampler during

the winter intensive. The winter filter-based measurements were corrected for the positive artifact by the use of a backup quartz filter.

(c) Sulfate measured with the MOUDI vs. sulfate measured with a PM speciation sampler during the summer intensive. (d) Sulfate

measured with the MOUDI vs. sulfate measured on Teflon filters during the winter intensive. (e) Nitrate measured with the MOUDI

vs. nitrate measured with a speciation sampler during the summer intensive. (f) Nitrate measured with the MOUDI vs. nitrate

measured on Teflon filters during the summer intensive.
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summer is SOA material. The contribution of SOA to

the organic PM during the winter is o10% (Cabada

et al., 2002a). If all of the SOA is assumed to be semi-

volatile material, these estimates agree reasonably well

with the mass losses from the MOUDI sampler, using

aluminum foils, for both seasons.

The second explanation is related to the collection

efficiency of particles on aluminum foils substrates. The

use of non-greased substrates reduces the collection

efficiency; especially for larger particles which are more

likely to experience bounce-off. From analysis of the

geometrical mean diameters (GMD) of the size distribu-

tions collected by the MOUDI using Teflon substrates,

summer intensive GMDs are larger than those for
the winter (summer GMD=0.18 mm; winter GMD=

0.09 mm). Thus, particle loss by bounce-off may be a

factor in losses of organic material from the MOUDI

during the summer.

Offenberg and Baker (1999) compared PM10 mass

data from a Berner impactor using aluminum foils as

substrates with data from a dichotomous sampler. The

Berner impactor integrated mass accounted for only

45% of the PM mass collected by the dichotomous

sampler at a Chicago urban site. They also report no

significant difference between summer and winter

samples, though only three data points are reported

for the winter. McMurry et al. (1996) reported that

MOUDIs with aluminum foil substrates in Southern



ARTICLE IN PRESS
J.C. Cabada et al. / Atmospheric Environment 38 (2004) 3127–3141 3135
California collected only about 50% of the organic

aerosol mass compared to quartz fiber filters. In

contrast, Chung et al. (2001) found good agreement

for similar sampling in Central California in winter.

Overall, the results of all three studies are consistent

with the findings of PAQS reported here.

Fig. 6c and d show the comparison of sulfate collected

by the MOUDI and the filter-based sampler for the two

intensive periods. These results indicate around 20%

loss of sulfate from the MOUDI during the summer. No

significant difference between the MOUDI and the filter-

based sampler is detected during the winter. The

correlation between the samplers is high (R2>0.95)

during the summer. Lower correlation is observed at

lower sulfate levels during the winter. Comparisons in

other studies between MOUDI and integrated filter

samplers have shown o10% differences between the

sulfate collected by cascade impactors and sulfate

collected by filter-based samplers (Sloane et al., 1991;

Wall et al., 1988; Chung et al., 2001).

Fig. 6e and f show the comparison between the nitrate

collected by the MOUDI and the filter-based sampler.

Nitrate is an important constituent of PM2.5 during the

winter. During the summer, however, aerosol nitrate

concentrations are low due to the higher ambient

temperatures and the relatively high vapor pressure of

ammonium nitrate. More than 70% of the nitrate mass

is lost from the MOUDI during the summer. Good

agreement between the MOUDI and the filter-based

sampler is observed during the winter. Several studies

have reported small discrepancies in the measurement of

nitrate with cascade impactors and filter-based samplers

in California. Zhang and McMurry (1992) reported that

a cascade impactor measures from 10% to 20% less

nitrate than a denuded filter-based sampler. Wall et al.

(1988) also reported an under-sampling of nitrate in a

cascade impactor for a study done in Claremont, CA.

Sloane et al. (1991) reported a difference of around 15%

between the mass collected by a MOUDI and a filter-

based sampler, although they report that this difference

is not statistically significant. California is characterized

by nitrate concentrations that are one or two orders of

magnitude higher than Pittsburgh. This could explain

the significant losses as a fraction of the total in PAQS,

during the summer, that still represent 0.5 mgm�3 of

nitrate or less.
7. Size-resolved mass composition

7.1. Summer

The average size distributions of the major compo-

nents of PM2.5 during the summer are shown in Fig. 7.

The inorganic material, predominantly sulfate, has a

practically bi-modal distribution, with a higher peak
around 0.7mm (droplet mode) and a smaller peak

around 0.2 mm (condensation mode). The two modes

are overlapping and the condensation mode appears as a

‘‘shoulder’’ in the raw measurements. Several authors

(Hering and Friedlander, 1982; Wall et al., 1988; John

et al., 1990; McMurry and Wilson, 1983) have reported

the existence of these two modes in the size distribution

of the inorganic aerosol from ambient samples. The

sulfate condensation mode is associated with the gas

phase oxidation of SO2 and the droplet mode is the

product of heterogeneous reactions mainly in clouds and

the accumulation of material from the lower mode.

Measurements 50 km upwind (west of the central site) in

Florence, PA, indicate that more than 90% of PM2.5

sulfate concentration measured at the PAQS site during

July was the result of long-range transport into the area.

Sulfate is an important constituent of PM2.5 in

Pittsburgh during the summer (around 40% of total

PM2.5). The effect of long-range transport of emissions

and the high relative humidity in the northeast US

during the summer are reflected by the sulfate concen-

tration in the droplet mode. Ammonium size distribu-

tions are similar to those of sulfate, showing a smaller

condensation mode, indicating formation of aerosol

from the product of gas phase reactions, and a dominant

droplet mode, indicating formation of aerosol by

heterogeneous reactions (Wall et al., 1988; Walter

et al., 1990). The GMD of the inorganic material for

the summer is 0.36mm.

The OM and EC have wide size distributions, with a

peak between around 0.45mm, for both compounds.

This mode is the effect of long-range transport of

carbonaceous material as particles grow. The condensa-

tion of secondary components (organic and sulfate)

onto primary emitted particles is another mechanism of

particle growth into the droplet mode (Vankatamaran

and Friedlander, 1994; Pandis et al., 1993). Cabada et al.

(2004) estimated that 20–50% of the total OC concen-

tration is of secondary in origin for the Pittsburgh area,

providing some material for the growth of the particles.

Sulfate mass distributions indicate the influence of cloud

processing for the Pittsburgh aerosol. Cloud processed

organic aerosol or a higher fraction of water-soluble

organics could also contribute to the increase the

particle diameter. The GMD for OM during the summer

is around 0.30mm.

Fig. 8a shows the gravimetrically determined mass

and the sum of the masses of each chemical compound

identified. The sum of the identified compounds

accounts for 70% of the MOUDI mass. This discre-

pancy is mainly the result of the ability of the Teflon

filters used for the determination of mass, to retain more

OM than the aluminum foils. Other potential explana-

tions for the discrepancy are that the Teflon filters

promote less bounce-off of carbonaceous particles and

possibly absorb organic gases. Another possible reason
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Fig. 8. Chemically resolved average distribution during the two

intensive periods at PAQS (July 2001 and January 2002). The

PM2.5 mass corresponds to the gravimetrically determined mass

from the MOUDI stages.

0.0

0.5

1.0

0.01 0.1 1 10

0

3

6

0.01 0.1 1 10
0.0

0.5

1.0

0.01 0.1 1 10

0

3

6

0.01 0.1 1 10
0

10

20

0.01 0.1 1 10

Diameter, µm

dM
/ d

L
og

D
p

(µ
g/

m
3 )

Diameter, µm

dM
/ d

L
og

D
p

(µ
g/

m
3 )

Diameter, µm

dM
/ d

L
og

D
p

(µ
g/

m
3 )

Diameter, µm

dM
/ d

L
og

D
p

(µ
g/

m
3 )

Diameter, µm

dM
/ d

L
og

D
p

(µ
g/

m
3 )

Sulfate Ammonium

Nitrate OM

EC

Fig. 7. Summer intensive size resolved chemical composition during PAQS, for the major components of the PM2.5. Also shown the

MICRON-inverted size distributions (smooth lines). The error bars represent the sampling and analytical standard errors for each

compound.
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for the discrepancy is aerosol water. Water associated

with the inorganic salts and possibly the organic

material is not measured by the chemical analyses of

the various compounds. Rees et al. (2004) report that

Pittsburgh summer aerosol is ‘‘wet’’ even at low relative

humidity, indicating that the mass collected by the

MOUDI and measured gravimetrically contains aerosol

water. Most of the ‘‘unknown’’ mass, namely the

difference between the total gravimetric mass and the

sum of the chemical species, is between 0.1 and 1.0 mm,

where most of the mass of the inorganic salts is located.

Trajectory analyses of air masses passing thru an urban

area and measured at different downwind sites show

that the amount of ‘‘unknown’’ material increases as the

air mass ages in the atmosphere (Hughes et al., 1999,

2000). This is because fresh primary emissions and

secondary production of aerosols modify the composi-

tion during transport. Increases in concentration of

hydrophilic aerosol (via primary emissions as well as

secondary production) can increase the amount of

aerosol water content, leading to more ‘‘unknown’’

mass. For this work, if the MOUDI losses of organic

material are taken into consideration (assuming they are

size independent), the sum of masses of the individual

compounds accounts for 85% of the gravimetrically
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determined MOUDI mass. Viidanoja et al. (2002)

reported that gaseous or semi-volatile material collected

on quartz filters using a cascade impactor only modify

the total mass of carbon collected but had no significant

impact on the shape of the original size distribution

measured. Aerosol water content has been estimated to

be from 10% to 15% of the PM2.5 during the summer

for PAQS (Rees et al., 2004). The estimated aerosol

water mass was distributed into the different MOUDI

stages according to the size distribution presented by the

inorganic aerosol. These two corrections are sufficient

for the closure of the summer mass balance for all stages

within experimental error (Fig. 8a). The closure of mass

balance suggests that the shape of the OM size

distribution (Fig. 7) is correct despite the significant

losses during the sampling.

7.2. Winter

Average winter size distributions are shown in Fig. 9.

Sulfate shows practically a bi-modal distribution as the

summer, but in this case the droplet mode peak is not as

high. Production of sulfate from gas-phase reactions

(condensation mode, around 200 nm) is evident during

the winter, but in lower intensity than the summer. The
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lower mass accumulated in the droplet mode indicates

that even if heterogeneous sulfate formation is the

dominant pathway during the winter it is either slower

or the removal of these particles occurs faster. During

the winter, nitrate accounts for around 20% of the

PM2.5 mass. The nitrate droplet mode suggests cloud

processing and growth of the condensation mode of

ammonium nitrate. Ammonium size distributions follow

the same pattern as shown by sulfate and nitrate,

indicating reactions of nitric acid and existing ammonia

in the particulate phase and sulfur dioxide accumulate

mass in the droplet mode. The GMD of the inorganic

material for the winter is 0.34 mm practically the same as

the GMD during the summer. Unlike the summer where

most of the ammonia reacts to form ammonium sulfate,

a significant fraction of the ammonia in winter forms

ammonium nitrate.

Carbonaceous material size distributions, OM and

EC, are slightly different from the summer. In winter the

single mode peaks around 0.32 mm, indicating a greater

influence of primary particles in the size distribution

(Seinfeld and Pandis, 1998). The wide shape of the size

distribution indicates that growth of material and long-

range transport are still important factors. During the

winter, the GMD for the total carbonaceous PM2.5 size
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distributions is 0.25mm, reflecting the increased winter

influence of primary emissions and the slower growth to

larger particle sizes.

Fig. 8b shows the gravimetrically determined

mass and the sum of the masses of each chemical

compound identified for the winter. The sum of the

identified compounds is in agreement with the measured

PM2.5, within experimental errors, without any

corrections.
8. Ultrafine particles mass composition

The chemical composition of ultrafine particles

(0.056oDpo0.10mm, collected by the last MOUDI

stage) is shown in Fig. 10. Most of the ultrafine mass is

collected by the last stage of the MOUDI. For the two

intensive periods, ultrafine mass concentrations are

comparable, around 0.6 mgm�3. The fraction of ultrafine

mass to the total PM2.5 ranges from 0% to 11% for the

summer and from 0% to 18% for the winter. Number

concentrations of ultrafine particles are 23� 103 cm�3

for the summer and 19� 103 cm�3 for the winter

(Stanier et al., 2004).

During the summer, on average 70% of the measured

ultrafine mass can be explained by the sum of the

concentrations from the identified components. Depend-

ing on the errors of the measurements the identified

percentage ranges from 40% to 100% of the summer

ultrafine mass. Carbonaceous aerosol (OM and EC) is

the largest identified component of the ultrafine mass

(around 50%). Sulfate and ammonium contribute 28%
Fig. 10. Identified ultrafine mass composition (56 nmoDpo
100nm) for the summer and the winter intensive at PAQS.
and 12%, respectively. These three compounds account

for around 90% of the identified ultrafine mass during

the summer. The ‘‘other’’ fraction is inorganic material

(e.g. sodium, oxalate, potassium, magnesium and

chloride) with individual mass contribution o2% of

the ultrafines.

For the winter, on average 65% of the mass is

accounted for. The identified chemical species explain

from 40% to 100% of the ultrafine mass during the

winter. The chemical composition of the ultrafine

particles is different during the winter. Carbonaceous

material accounts for more than 70% of the

mass. Ammonium sulfate accounts for around 25% of

the ultrafine mass. The high contribution of carbonac-

eous material during the winter is consistent with the

increase in carbon emissions from combustion of

material for heating purposes (Cabada et al., 2002b).

A large fraction of crustal material in the ultrafine mass

has been identified in studies in Central California,

during the winter (Chung et al., 2001). For PAQS, the

contribution of crustal compounds to the ultrafine

mass is negligible, with o1% for both summer and

winter.

Southern and Central California studies indicate

similar mass composition of ultrafine particles during

the winter. Hughes et al. (1998) reported that most of

the ultrafine particle composition in Pasadena, Califor-

nia, was carbonaceous material (OM and EC) during the

winter (>40%), followed by around 5–25% of trace

metals. Negligible contributions of sulfate and nitrate

were reported. The unidentified fraction of material in

the ultrafine mass is reported to be from 23% to 43%.

Chung et al. (2001) reported that the ultrafine aerosol

composition for Bakersfield, California, during the

winter is mostly composed of inorganic material, crustal

compounds, and trace metals. However, one of the

major components identified is OC, contributing about

20% of the ultrafine mass. Calcium concentrations in

the ultrafine mass were reported to be around 20%.

Considerable amounts of nitrate, sodium and sulfate

were also found (>5%). The ‘‘unknown’’ material in the

ultrafine mass was reported to be between 0% and 50%.

During September 2002, an aerosol mass spectrometer

(AMS, Aerodyne Inc.) measured size distributions of

sulfate, nitrate and OM between 30 nm and 2 mm at

PAQS main site. On average, the ultrafine mass was

mostly composed of organic material (50–70%). Sulfate

was detected in the ultrafine section for particle

diameters larger than 70 nm. The sulfate contribution

to the ultrafine mass varied from 20% to 50%.

Negligible quantities of nitrate are reported for the

ultrafine mass. Results by the Aerodyne AMS are

consistent with the MOUDI ultrafine mass composition

for the summer. Both approaches show that OM is a

major component of the ultrafine mass in the area

followed by sulfates.
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9. Conclusions

Size-resolved mass distributions have been measured

using a MOUDI impactor for 12 months, during the

PAQS. Measurements of PM0.056, PM0.10, PM0.18,

PM0.32, PM0.56, PM1.0, PM1.8 and PM2.5 are available

for the length of the study. A seasonal dependence of all

the mass fractions is observed, with higher concentra-

tions during the summer and lower concentrations for

the winter and spring. High correlation exists between

PM2.5 and PM1.0.

The MOUDI PM10 concentration was around 20%

less than the gravimetrically determined PM10 mass. The

discrepancy is probably due to losses of coarse particles

to the walls of the impactor or bounce-off from the

collecting stages. Good agreement between the PM2.5

collected by the MOUDI and other integrated mass

samplers is obtained for the length of the study.

Mass distributions for all seasons are dominated by

the accumulation mode, with the condensation mode

around 0.2mm, and the droplet mode around 0.7 mm.

Size distributions of the major inorganic compounds

and carbonaceous material were measured for two

intensive periods (July 2001 and January 2002). The

summer is characterized by a higher peak in the droplet

mode, indicating a greater influence of heterogeneous

production of inorganic material (sulfate, ammonium)

and significant cloud processing. OM is also abundant in

the droplet mode. During the winter and fall, the

condensation mode becomes more important indicating

more influence from primary emissions of carbonaceous

material and slower photochemical production and

growth.

More than 50% of the OM is lost from the MOUDI

aluminum foils as compared to a filter-based sampler

during the summer. Good agreement is observed during

the winter. OM losses during the summer are mainly due

to volatilization of material due to higher ambient

temperatures and higher concentrations of secondary

organic species (i.e. SOA). Significant volatilization

of nitrate from the MOUDI is also observed in the

summer. Reasonable agreement between the gravime-

trically determined mass and the sum of the masses of

the individual compounds is achieved if the losses of

OM and nitrate are considered and if the water content

of the aerosol is taken into account.

Reasonable correlation is observed between the

MOUDI and the DAASS when the ratios of PM0.1 to

PM2.5 and V0.1 to V2.5 are compared between each other.

Possible bouncing of particles in the MOUDI is

introducing an error o30% for the ultrafine mass and

composition. Winter and summer intensives ultrafine

concentrations are somewhat different, with higher

contribution of carbonaceous material during the

winter. Number concentrations are slightly higher

during the winter. During the summer, carbonaceous
material contributes around 50% and sulfate and

ammonium contribute 28% and 12% of the ultrafine

mass, respectively. Small amounts of other inorganic

material (e.g. sodium, oxalate, potassium, magnesium

and chloride) account for around 10% of the ultrafine

mass. During the winter, carbonaceous material ac-

counts for more than 70% of the ultrafine mass,

indicating a greater influence of primary emissions from

combustion sources to the Pittsburgh ultrafine aerosol.

Sulfate and ammonium are the most important inor-

ganic compounds in the ultrafine regime accounting for

around 25% of the mass. Negligible amounts of crustal

material are detected in the ultrafine particles in either

summer or winter.
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The EC tracer method is applied to a series of measurements
by different carbonaceous aerosol samplers in the Pittsburgh Air
Quality Study (PAQS) in order to estimate the concentration of
secondary organic aerosol. High-resolution measurements (2–6 h)
and daily averaged concentrations were collected during the sum-
mer 2001 intensive (1 July to 4 August 2001) and are used for the
analysis. The various samplers used during PAQS show differences
in the measured concentrations of OC and EC due to the different
sampling artifacts and sampling periods.

A systematic approach for the separation of periods where SOA
contributes significantly to the ambient OC levels from the periods
where organic and elemental carbon concentrations are dominated
by primary emissions is proposed. Ozone is used as an indicator of
photochemical activity to identify periods of probable secondary
organic aerosol production in the area. Gaseous tracers of com-
bustion sources (CO, NO, and NOx) are used to identify periods
where most of the OC is primary. Periods dominated by primary
emissions are used to establish the relationship between primary
OC and EC, a tracer for primary combustion-generated carbon for
the different sets of measurements for July 2001. Around 35% of
the organic carbon concentration in Western Pennsylvania during
July of 2001 is estimated to be secondary in origin.

INTRODUCTION
Carbonaceous aerosol is an important constituent of the PM2.5

(particulate matter with aerodynamic diameters less than 2.5 mi-
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crons) mass in most of the U.S. Between 10–65% of the fine
particulate mass has been identified as carbonaceous material
for various regions of the country (Gray et al. 1986; Turpin et al.
1991; Seinfeld and Pandis 1998; Tolocka et al. 2001; Lim and
Turpin 2002). Aerosol carbon is commonly classified as organic
carbon (OC) and elemental carbon (EC). OC can be directly
emitted to the atmosphere in the particulate form (primary) or
can be produced by gas-to-particle conversion processes (sec-
ondary). EC is emitted from combustion sources. Since primary
OC and EC are mostly emitted from the same sources, EC can
be used as a tracer for primary combustion-generated OC (Gray
et al. 1986; Turpin and Huntzicker 1995; Strader et al. 1999).
The formation of secondary organic aerosol (SOA) increases
the ambient concentration of OC and the ambient OC/EC ra-
tio. OC-to-EC ratios exceeding the expected primary emission
ratio are an indication of SOA formation. For Southern and Cen-
tral California, 30–80% of the total OC has been identified as
secondary in summer (Gray et al. 1986; Pandis et al. 1992;
Hildemann et al. 1993; Turpin and Huntzicker 1995; Schauer
et al. 1996).

The relationship between primary OC and EC depends also
on the sampling and analyses techniques used to determine the
ambient OC and EC concentrations. Sample collection (i.e.,
the use or not of denuders, filter face velocities, etc.) and dif-
ferent analysis techniques (i.e., thermal optical transmittance
versus thermal optical reflectance) affect the reported concen-
trations for OC and EC (Countess 1990; Birch 1998; Chow
et al. 2001; Schmid et al. 2001). Sampling carbonaceous par-
ticulate matter from the atmosphere is challenging because of
interferences from gaseous material that is adsorbed on the
filters and evaporation of the collected organic material dur-
ing sampling (Turpin and Huntzicker 1994; Fitz 1990; Hering
et al. 1990). Different sampling arrangements (e.g., using backup
quartz filters, placing denuders upstream of the filter to remove
organic gases, etc.) have been proposed in order to reduce,
measure, and correct for the positive and negative artifacts that

140



SECONDARY ORGANIC AEROSOL CONTRIBUTION TO PM2.5 141

affect the measured carbonaceous concentrations (Turpin et al.
2000).

Primary ratios of OC to EC vary from source to source and
show temporal and diurnal patterns (Gray 1986; Cabada et al.
2002a), but since EC is only emitted by combustion sources,
gaseous tracers of combustion (CO, NO, NOx) can be used to de-
termine periods dominated by primary aerosol emissions. Ozone
is an indicator of photochemical activity, and it also can be used
as a tracer for periods where secondary organic aerosol produc-
tion is expected. In this case, increases in the OC-to-EC ratio
correlated to ozone episodes are indicative of SOA production.

In this work a relationship between primary OC and EC is
established for each of the different types of measurements and
artifact estimation approaches. An algorithm is proposed for
the determination of the primary OC-to-EC ratio and secondary
organic aerosol concentrations are estimated. SOA results based
on high-resolution and daily-averaged samples are compared.
The effect of sampling frequency on the estimates of the primary
ratios is also discussed.

EXPERIMENTAL METHODS AND EQUIPMENT
The Pittsburgh Air Quality Study (PAQS) main site was lo-

cated in Schenley park on the top of a hill just outside of Carnegie
Mellon University campus, around three miles to the east of
downtown Pittsburgh. The Pittsburgh supersite operated three
different samplers for collecting carbonaceous aerosol (one un-
denuded and two denuded samplers). The undenuded sampler
and a denuded in situ analyzer collected samples every 2–6 h,
and the denuder-based sampler collected daily samples, during
the 2001 summer intensive (1 July to 4 August, 2001).

Quartz fiber filters (47 mm Tissuquartz 2500 QAO-UP),
Teflon filters (2 µm pore, Whatman 7592-104), and carbon-
impregnated filters (Schleicher and Schuell, GF-3649) were used
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Figure 1. Schematic of the Pittsburgh Air Quality Study carbonaceous aerosol samplers. Subscript “F” denotes the front filter in
the samplers. Backup filters are indicated as a subscript “B” followed by the type of filter they are after (T, Teflon; Q, quartz).

to sample carbonaceous material in three different samplers.
Quartz fiber filters were baked at 550◦C for more than 12 h and
stored in previously cleaned glass jars until sampling and anal-
ysis. Carbon-impregnated filters were baked at 370◦C for more
than 3 h in a nitrogen atmosphere.

Undenuded Sampler
PM2.5 carbonaceous aerosol samples were collected on quartz

fiber filters using filter packs in a nondenuded line. This sampler
consisted of two parallel lines, the first line holding a quartz
fiber filter followed by a backup quartz filter and the second
line having a Teflon filter followed by a backup quartz fiber fil-
ter (Figure 1). The two backup quartz fiber filters are used to
estimate the positive and negative artifact (Turpin et al. 2000).
Five samples a day, with intervals between sampling times of 4–
6 h, were collected during the summer intensive. Samples were
collected during 0–6, 6–10, 10–14, 14–18, and 18–24 h (all in
EST). The filter configuration allows two different estimates of
the adsorption artifacts on the front quartz fiber filter (QF). The
first correction is done by subtracting the OC collected in the
backup quartz fiber filter behind the front quartz (QB,F) from
the OC collected by the QF. This approach assumes that the QF

collects 100% of the carbonaceous particulate matter (no evap-
oration) and that both the QF and the QB,F adsorb organic gases
and reach equilibrium with them during the sampling period.
The second correction approach subtracts the OC collected in
the QB,F behind the Teflon filter (QB,T) from the OC in the QF.
This approach assumes that the Teflon filter collects all of the
particles from the sampled flow with 100% efficiency and that
the QB,F from this line adsorbs the same quantity of gases as
the QF. The EC concentration reported by the QF is used for all
datasets from the undenuded sampler. More details on the unde-
nuded sampler and its operation are described in Subramanian
(2004).
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Denuded Sampler
Filter packs holding a quartz filter in front of a carbon-

impregnated filter (CIF) were used to collect carbonaceous ma-
terial from a denuded sampling line (Figure 1). A carbon annu-
lar denuder (Novacarb monolith synthetic carbon, Mast Carbon
Ltd., Guilford, UK) was used to remove organic gases and min-
imize the positive artifact in the quartz filter. The CIF organic
carbon concentration was intended to correct for evaporation of
semivolatile material from the quartz filter (negative artifact).
Sampling frequency for this unit was 24 h, from midnight to
midnight (EST). More details on the undenuded sampler and its
operation are described in Subramanian (2004).

Semicontinuous Denuded in situ Analyzer
An in situ semicontinuous carbon analyzer (Sunset Labs, Car-

bon Aerosol Analysis Field Instrument), similar in design to that
described by Turpin et al. (1990), was used to collect and ana-
lyze carbonaceous aerosol with sampling periods of 2–4 h (100
to 220 min sampling time plus 20 min for analysis). Instru-
ment performance and PAQS protocols are described in detail
by Lim et al. (2002). A parallel plate diffusion denuder (CIF;
Schleicher Schuell, Keene, NH, USA) was placed upstream of a
quartz filter, which was mounted inside the analyzer (Figure 1).
Cycles of sampling and analysis were alternated in order to de-
termine the ambient concentrations of OC and EC (Lim et al.
2002).

Quartz filters from the filter-pack–based samplers were an-
alyzed using a Thermal/Optical transmittance carbon analyzer
(Sunset Laboratory Inc., OC-EC Aerosol Carbon Analyzer
Model-3) using the temperature steps of the NIOSH protocol
(Birch and Cary 1996; NIOSH 1999) for the determination of
OC and EC. Table 1 shows the experimental parameters for
the analysis of the quartz and carbon-impregnated filters during

Table 1
Temperature programs used by the Thermal/Optical

Transmittance methods for the analysis of carbonaceous
material during PAQS

PAQS analysis method

Filter In situ
Carrier pack-based carbon Carbon impregnated

gas samplers analyzer filters

He 340◦C, 120 s 340◦C, 60 s 20◦C/min up to 330◦C
He 500◦C, 120 s 500◦C, 60 s 330◦C, 300 s
He 615◦C, 120 s 615◦C, 60 s
He 870◦C, 180 s 870◦C, 90 s
He/O2 575◦C, 45 s 575◦C, 45 s
He/O2 650◦C, 45 s 650◦C, 45 s
He/O2 725◦C, 45 s 725◦C, 45 s
He/O2 800◦C, 45 s 800◦C, 45 s
He/O2 910◦C, 100 s 910◦C, 100 s

PAQS. The time length of the different temperatures steps in
the method was modified to get a better split between OC and
EC (Yu et al. 2002). Carbon-impregnated filters were analyzed
using a temperature ramp up to 340◦C during 25 min under a
helium atmosphere. All concentrations of OC and EC were cor-
rected for field blanks. Concentrations reported from the in situ
carbon analyzer were corrected for dynamic blanks generated
by sampling with a Teflon filter upstream of the denuder.

CARBONACEOUS AEROSOL MEASUREMENTS
Differences exist among the measured concentrations of or-

ganic and elemental carbon collected by the different samplers.
For example, adsorption of organic gases on the QF of the unde-
nuded lines (positive artifact) is evident as the OC measured by
this line is higher than that of the denuded samplers. The mag-
nitudes of the positive and negative artifacts depend not only on
the sampling method and the atmospheric composition but also
on the length of the sampling period. For the high-time resolved
samples the most adequate correction for the concentration mea-
sured with the QF in the undenuded sampler is the subtraction
of the OC concentration measured in the backup quartz filter be-
hind the Teflon filter. A detailed discussion of the artifacts using
these datasets is presented by Subramanian et al. (2004).

Figure 2 shows time-resolved concentrations for the differ-
ent samplers during a six-day period. Overall samplers indicate
similar patterns of OC and EC concentrations, but the OC and
EC concentrations from the undenuded line are almost always
higher than those of the other two samplers.

The summer intensive averaged concentrations of OC and EC
for all types of samplers and all artifact correction approaches at
the Pittsburgh supersite is shown in Table 2. Subtracting the mea-
sured OC concentration on the QB,F and QB,T from the QF re-
duces the OC concentrations by 20% on average for the summer
intensive. Subtracting the OC concentration of the QB,F behind
the Teflon filter in the parallel line of the undenuded sampler re-
sults in an average correction of around 50% on average for the
summer intensive. The reported OC concentrations of the two

Table 2
Monthly averaged OC and EC concentrations for the summer

intensive 2001 at PAQS

Measurement type OC (µg C/m3) EC (µg C/m3)

Undenuded (QF) 4.1 0.8
Undenuded (QF − QB,Q)1 3.6 0.8
Undenuded (QF − QB,T)1 2.2 0.8
Denuded in situ analyzer 2.8 0.8

(QF,situ)
Denuded sampler 3.1 0.5

1The undenuded sampler OC concentrations are corrected by sub-
tracting the OC collected in the backup quartz filter behind the front
quartz or by subtracting the OC collected in the backup quartz filter
behind the Teflon filter from the parallel sampling line.



SECONDARY ORGANIC AEROSOL CONTRIBUTION TO PM2.5 143

0

2

4

6

8

10

22 23 24 25 26 27 28

0

1

2

3

4

22 23 24 25 26 27 28

July

O
C

 (
µ g

 C
/m

3 )

Denuded EC 
Undenuded EC 

(QF)

Denuded In-situ EC 

E
C

 (
µ g

/m
3 )

Denuded OC 
Undenuded OC 

(QF)

Denuded In-situ OC 

OC

EC

Figure 2. Time-resolved concentrations for the different organic samplers at the Pittsburgh supersite project. The filter-based
undenuded samples and the denuded in situ analyzer samples were collected in high resolution time periods (2–6 h). The filter-based
denuded samples were collected in 24 h periods.

denuded samplers agree within 10% and give particulate OC
concentrations between the QF,B and QB,T corrected undenuded
sampler concentrations. However, the reported average EC con-
centrations differ by 50%. EC concentrations reported by the
undenuded and denuded in situ analyzer agree within 10%. A
detailed discussion of the potential reasons for these differences
is provided by Subramanian et al. (2004).

In this work we examine the effect of the difference in sampler
configuration and sampling periods of OC and EC measurements
on the SOA estimates by applying the EC tracer method.

THE EC TRACER METHOD
The ratio of the ambient concentrations of particulate OC to

EC includes information about the extent of secondary OC for-
mation. Ambient OC/EC ratios greater than those characteristic
of the primary emissions for a specific area are an indication of
secondary aerosol formation. The EC tracer method takes ad-
vantage of the fact that primary OC and EC are mostly emitted
by the same combustion sources. Primary ratios of OC to EC
can be determined from a subset of ambient measurements if a
large data set is available and conditions to produce SOA are
unlikely (Turpin and Huntzicker 1995; Strader et al. 1999), or
by developing an emissions inventory of the principal sources
for an area of interest (Gray 1986; Cabada et al. 2002a).

Assuming that OC primary can be defined by,

[OC]p =
[

OC

EC

]
p

· [EC] + b, [1]

the contribution of secondary OC can be estimated as

[OC]S = [OC] − [OC]p, [2]

where [OC]p is the primary organic aerosol concentration,
[OC/EC]p is the ratio of OC to EC for the primary sources affect-
ing the site of interest, and b is the noncombustion contribution to
the primary OC and sampling artifacts (Turpin and Huntzicker
1995; Strader et al. 1999). Sources that emit mainly OC and
would contribute to this intercept b include meatcooking opera-
tions, biogenic sources (i.e., plant detritus, resuspension of other
biogenic material), etc. [EC] is the measured EC concentration,
[OC]S is the secondary organic aerosol contribution to the total
OC, and [OC] is the measured OC concentration. All of these pa-
rameters are time dependent because of the temporal variations
in anthropogenic emissions and meteorology. The application of
this method requires measurements of [OC], [EC], and the de-
termination of the [OC/EC]p ratio, as well as the noncombustion
primary OC contribution (b) for the area and period of interest
(Turpin and Huntzicker 1995).
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Calculation of the Primary OC-to-EC Ratio and Intercept
Diurnal variations of the ambient OC-to-EC ratio were ob-

served for all the high-resolution measurements taken during
the summer intensive of 2001 at PAQS. Photochemical
activity, meteorology, and primary emissions all contribute to
these variations. Ozone concentration can be used as an indi-
cator of photochemical activity. Carbon monoxide (CO) and
nitrogen oxides (NO and NOx) can be used as tracers of
combustion-related primary emissions. The primary ratio and
intercept are determined from a dataset by identifying the peri-
ods where the ambient concentrations are dominated by primary
emissions.

The first step in the determination of the primary OC/EC ratio
is the subtraction from the original dataset of the points where
rain and the corresponding storms cause significant changes to
the OC/EC ratio (Figure 3a). These changes have a variety of
causes (removal of aged particles and increased importance of
the locally produced ones, preferential removal of secondary
OC, etc.). These periods are excluded from the analysis to avoid
unnecessary complications.

The second step consists of identifying the OC and EC con-
centrations where there is high probability of SOA production.
The OC-to-EC ratio usually showed a strong correlation with
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Figure 3. Time series of OC/EC ratio (undenuded QF) and gaseous tracers of photochemical activity and primary emissions for
different periods in July 2001 during the summer intensive at the Pittsburgh Supersite. (a) OC/EC ratio affected by rain. (b) Ozone
and OC/EC ratio. (c) Nitrogen oxides and OC/EC ratio. (d) OC/EC ratio and carbon monoxide.

ozone, but a lag time between the ozone peak and the actual
OC-to-EC ratio was observed. In an effort to account for those
events, the “history” of the ozone peak was taken into account,
and the peak ozone concentration for the period preceding the
sample was compared to the OC-to-EC ratio to evaluate its in-
fluence. For example, Figure 3b shows the measured OC-to-EC
ratio and O3 concentrations during a 4-day period in July. Pe-
riods of significant photochemical activity are evident during
the afternoon of each day. The corresponding afternoon OC and
EC measurements are “deleted” from the dataset because they
probably include some SOA contribution. This does not mean
that the other periods have only primary OC. Secondary aerosol
can be produced elsewhere, maybe even during the previous day,
and transported into the site.

Figures 3c and d show periods where combustion-related
sources were dominating over the area. The last step in this
methodology consists of identifying these periods. As the NOx,
NO, and CO concentrations peaked during the night and early
morning of 3 July and 1 August, the OC-to-EC ratios decreased,
indicating the influence of primary sources over the area of anal-
ysis. The corresponding samples during these periods are kept
in the dataset and are used to estimate the primary OC-to-EC
ratio for the period of analysis.
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Figure 4. Scatter plot of OC versus EC for all samples collected during the period (summer intensive 2001). Concentrations shown
are from the undenuded sampler, front quartz data. Hollow circles represent concentrations that have not been classified according
to the criteria used. (a) OC versus EC for all samples collected during the period of analysis. (b) Concentrations eliminated from
the dataset because they are affected by rain (solid rhombus). (c) Concentrations strongly influenced by photochemical activity are
deleted from the dataset (solid squares). (d) Final set of concentrations influenced by primary emissions (hollow triangles). OC/EC
primary ratio and intercept, b, are estimated by a linear fit of these data.

Figure 4 shows the sequence of how the OC versus EC plot
is evolving during the different steps of the analysis. Once all
the points that are dominated by primary OC are determined
(those influenced by combustion sources as described by the al-
gorithm), a linear regression by least squares minimization is
fitted to the “primary” concentrations. The slope of the fit repre-
sents the OC-to-EC primary ratio, and the intercept represents
the “noncombustion organic carbon” contribution to the primary
OC concentration (see Equations (1) and (2)).

Table 3 shows the classification of concentrations between
primary and secondary influenced for a two-day period during
the summer intensive using the undenuded QF data. Most of the
OC during the first morning (6:00–10:00) appears to be primary,
as the area was heavily influenced by primary emissions showing
higher values of NOx and CO. OC-to-EC ratios increased rapidly
during the day as the ozone concentration increased, suggesting
that the formation of SOA was probably taking place. A period
where SOA material is probably transported into the area can be
observed during the late hours of 1 August and the first hours
of 2 August. These periods are characterized by relatively high
ozone and NOx, leading to the classification of this period as
SOA dominated. Periods when most of the OC is primary are
characterized by average concentrations of 25 ppb of NOx, 8 ppb

of NO, 0.3 ppm of CO, and 30 ppb of ozone. The remaining
periods where there may be significant amounts of SOA present
have average concentrations of 17 ppb of NOx, 2 ppb of NO,
0.2 ppm of CO, and 50 ppb of ozone.

For the analysis of the daily samples (or daily-averaged con-
centrations) the above algorithm needs to be modified. Daily
averages of the O3, CO, and NOx concentrations are used to de-
termine the periods when the OC concentrations are influenced
by primary sources. Primary-dominated concentrations for the
daily-averaged concentrations show an average concentration of
17 ppb of NOx, 4 ppb of NO, 0.2 ppm of CO, and 30 ppb of
ozone. Secondary-dominated concentrations show and average
concentration of 20 ppb of NOx, 4 ppb of NO, 0.2 ppm of CO,
and 45 ppb of ozone.

Estimated [OC/EC]p and b
Figure 5 summarizes the classification of points between pri-

mary and secondary influenced for all high-resolution datasets.
The estimated primary ratio of OC to EC ([OC/EC]p) and the
intercept, b, vary depending on the dataset analyzed and the
averaging period used (Table 4). A consistent set of concen-
trations of OC and EC should be used in order to estimate the
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Table 3
Selection criteria for OC and EC concentrations (undenuded QF dataset) influenced by primary emissions or SOA formation

EC OC OC/EC O3 avg. O3 peak O3 peak CO NO NOx Source
Date µg/m3 µg C/m3 Ratio (ppb) (ppb) (i-1)∗ (ppb) (ppm) (ppb) (ppb) influence

8/1/01
6:00–10:00 1.5 5.4 3.5 18 29 34 0.7 12 40 Primary
10:00–14:00 1.1 6.7 6.3 75 97 29 0.2 3 20 Secondary
14:00–18:00 0.8 5.0 6.3 92 98 97 0.1 1 13 Secondary
18:00–24:00 1.1 5.4 4.9 49 80 98 0.2 2 31 Secondary

8/2/01
0:00–6:00 1.1 5.6 5.0 13 29 80 0.3 5 38 Secondary
6:00–10:00 1.1 4.6 4.4 21 35 29 0.2 4 25 Primary
10:00–14:00 0.9 6.4 7.5 86 107 35 0.1 1 12 Secondary
14:00–18:00 0.6 4.9 8.4 104 105 107 0.1 0.2 8 Secondary
18:00–24:00 0.9 4.6 5.3 69 90 105 0.2 0.1 15 Secondary

∗i-1, corresponds to the average concentration of ozone during the previous sampling interval of carbonaceous material.
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Table 4
Estimated parameters for the linear fit of the “primary” OC and EC concentrations: High-resolution data (2–6 h) and daily

averages and low-resolution measurements (24 h) from the July 2001 summer intensive at Pittsburgh Air Quality Study

Noncombustion Correlation
Measurement type [OC/EC]p primary OC, b (µg/m3) coefficient (R2)

Undenuded (QF 4–6 h samples) 2.3 ± 0.4 1.2 ± 0.4 0.60
Undenuded (QF − QB,Q 4–6 h samples) 2.6 ± 0.4 0.3 ± 0.4 0.76
Denuded in situ analyzer (2–4 h samples) 1.7 ± 0.2 0.9 ± 0.2 0.78
Undenuded (QF − QB,T 4–6 h samples) 0.9 ± 0.2 0.6 ± 0.2 0.53
Denuded sampler (24 h samples) 3.1 ± 0.8 1.0 ± 0.4 0.80
Undenuded (QF 24 h averages) 2.7 ± 0.5 1.3 ± 0.4 0.90
Undenuded (QF − QB,Q 24 h averages) 2.3 ± 0.5 1.2 ± 0.3 0.88
Undenuded (QF − QB,T 24 h averages) 1.6 ± 0.5 0.5 ± 0.4 0.62
Denuded in situ analyzer (24 h averages) 1.9 ± 0.5 0.7 ± 0.4 0.80

SOA concentration using the approach proposed in the previous
sections. Estimates of the primary ratio vary from 0.9 to 3.1,
and the intercept, b, varies from 0.3 to 1.2 µg C/m3. Variations
in the estimated parameters for the different sets of measure-
ments are due to the different characteristics of the samplers
(Subramanian et al. 2003). In general primary ratios and inter-
cepts from the fitting of the daily-averaged concentrations in-
fluenced by primary emissions are higher than those calculated
from the high time resolution measurements (Figure 6). This can
be explained by the fact that high-resolution measurements have
the ability to more accurately identify and separate periods of
secondary organic aerosol formation from those dominated by
primary emissions. Higher correlations coefficients are achieved
for the daily samples because the datasets show less variability
among the points considered to be influenced by primary emis-
sions (Table 4). The effect of the sampling artifacts can also be
seen in the estimated primary ratios for the different datasets.
Those datasets with corrections of the artifact (using the backup
quartz filters in the undenuded sampler) or having a denuded
line have lower primary ratios. The exception to this rule is the
denuded sampler.

Higher contributions from the noncombustion primary OC
are calculated for the undenuded front quartz datasets. This is due
to the addition of the adsorbed organic gases to the actual primary
noncombustion OC, and the calculated values (1.2–1.4 µg C/m3)
are probably overestimates of the real noncombustion primary
OC. Lower intercepts are calculated for the undenuded datasets
where corrections are done for the front quartz artifact, and these
values are probably closer to the true concentrations (Table 4).

Since the primary ratio and intercept are expected to vary
temporally, primary ratios and intercepts were estimated for the
different high time resolution samplers, segregating the data for
the different times of the day sampled. This analysis showed no
significant diurnal variations for the estimated ratios and inter-
cepts. This lack of temporal dependence is associated with the
characteristics of the organic PM2.5 in the Northeast U.S. The
Northeast U.S. is characterized by long-range transport of PM

and shorter residence times over the large urban areas. The dom-
inance of regional sources reduces the effects of local emissions
and their temporal patterns. Studies done in Southern and Cen-
tral California, where most of these types of analyses have been
performed, are able to identify different patterns of emissions for
different times of the day since there is little background trans-
port into the area (Gray 1986; Turpin and Huntzicker 1995).

SOA CONCENTRATIONS
Once the primary ratio and the noncombustion primary OC

contribution are calculated for each of the different datasets of
carbonaceous measurements, the primary and secondary com-
ponents of the Pittsburgh organic aerosol can be determined by
applying Equations (1) and (2).

SOA Based on High Time Resolution Measurements
The calculated SOA concentrations for the different high-

resolution measurements are in a qualitative agreement
(Figure 7), predicting the same periods of SOA production for
the summer intensive. For example, from 15 July to 25 July a
high pressure system dominated the area, allowing high produc-
tion of SOA. The effect of two other high-pressure systems can
be seen from 8 July to 11 July and in the beginning of August.
Production of SOA can be observed during the mid-afternoon of
each of those days, and significant transport of secondary mate-
rial into the area occasionally occurs during the nighttime. The
first days of July were characterized by a strong contribution of
SOA during the daylight hours.

Ozone and solar radiation (UV) are triggers of secondary
organic aerosol production. Estimated SOA concentrations show
the same behavior as the ozone and UV radiation during the day
(Figure 8). This qualitative agreement provides some additional
confidence on the estimated concentrations. The first hours of
2 August show a period of pollution transport to the area. SOA
concentration increases and a peak in the ozone concentration is
observed during the middle of the night. The effect of ambient
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Figure 6. Estimated carbonaceous concentrations influenced by primary emissions and SOA production for daily averaged and
24 h measurements during the summer intensive at PAQS. Solid squares correspond to SOA-influenced concentrations and hollow
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filter behind the Teflon filter in the parallel undenuded line (QF − QB,T). (d) Denuded in situ analyzer. (e) Denuded sampler.

temperature can also be observed—as the temperature increases
more SOA is produced in the area (Figure 8c). Temperature
increases are associated with high-pressure systems over the
Pittsburgh area during the summer. In general these periods
provide the ideal conditions for the production of SOA, like
stagnant air masses and high photochemical activity. Little cor-
relation exists between relative humidity and SOA production
(Figure 8d). For the summer intensive 2001, in Pittsburgh low
relative humidity periods are associated with high temperatures
at the middle of the day, and high relative humidity periods

correspond to fronts entering the area and lowering the SOA
production.

Figure 9 shows the average daily concentrations of the es-
timated SOA and primary OC for all high-resolution datasets
analyzed. In order to make comparisons between the datasets,
average concentrations for each are normalized to the daily av-
erage primary OC and SOA for the period. The diurnal varia-
tion of primary OC is relatively small because during the sum-
mer intensive 2001 the majority of the OC is transported to
the region from elsewhere (Cabada et al. 2002b). SOA patterns
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(Figure 9) show some differences among the datasets used. Over-
all, all samplers show a minimum concentration of SOA in the
early morning hours (6:00–9:00 EST) and SOA increase as the
photochemical activity increases during the day. The SOA pro-
duction peak varies depending on the dataset analyzed, but it
follows the ozone average daily peak occurring around 15:00
EST (Figure 9). All datasets suggest that a significant amount
of SOA is due to long-range transport during the late afternoon
and night hours. Minimum production of SOA coincides with
periods where the ozone concentration is at its minimum (4:00–
8:00 EST).

The daily averaged SOA concentrations for all high-resolution
datasets show high episodes of SOA formation in the middle of

July and at the beginning on August (Figure 10). Practically all
days during the summer intensive show some contribution of
SOA material to the total OC concentrations.

Table 5 summarizes the monthly averaged SOA contribution
for all the high-resolution measurements. Estimates of SOA vary
from 30% for the denuded in situ analyzer to a high of 45% for
the undenuded sampler doing the correction to the front quartz
artifact with the backup filter behind the Teflon filter. Error bars
are estimated from the uncertainties in the linear fit (95% con-
fidence level) from the point influenced by primary emissions
determined for each dataset. Taking into account these uncer-
tainties all methods agree in the average contribution of SOA
around 35%.
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SOA Based on Daily Results, Summer Intensive 2001
Figure 11 shows the estimated organic carbon composition

(primary and secondary) for all different carbonaceous con-
centrations datasets using daily concentrations averages to esti-
mate the primary ratio and the primary OC intercept. The SOA
concentration variation during the period is qualitatively sim-
ilar to that estimated using the high-resolution measurements
(Figure 10). Periods of high SOA production are evident in the
middle of July and the beginning of August. Unlike the esti-
mates of SOA from the high-resolution measurements, primary

Table 5
Summer intensive average SOA fraction of the Pittsburgh

organic aerosol for all high-resolution datasets (2–6 h
sampling times)

Measurement type SOA (%)

Undenuded, QF (4–6 h) 32 ± 14
Undenuded, QF − QB,Q (4–6 h) 47 ± 17
Undenuded, QF − QB,T (4–6 h) 36 ± 14
Denuded in situ analyzer, QF,situ (2–6 h) 29 ± 10

ratios and intercepts calculated with the daily averaged concen-
trations show a number of days when no SOA is produced. SOA
is probably present in all days but the estimated primary ratio and
intercept is probably too high for this dataset, so these results can
be viewed as a lower bound for the SOA concentrations. On av-
erage from all the methods, 22% of the total OC concentrations
are estimated to be SOA (Table 6). All estimates agree within 5%
from each other. The higher estimate is given from the denuded

Table 6
Summer intensive average SOA fraction of the Pittsburgh

organic aerosol for all datasets (24 h
averaged concentrations)

Measurement type SOA (%)

Undenuded, QF (24 h) 19 ± 14
Undenuded, QF − QB,Q (24 h) 20 ± 18
Undenuded, QF − QB,T (24 h) 23 ± 15
Denuded In-situ analyzer, QF,situ (24 h) 24 ± 19
Denuder sampler (24 h) 25 ± 18
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sampler dataset, where SOA contributes 25%. The lower es-
timate is 18% from the undenuded front quartz dataset. Error
bars are calculated from the uncertainties in the linear fitting of
the point identified as influenced by primary emissions for each
dataset.

Figure 12 shows a scatter plot of the daily fraction of the
different samplers for both high-resolution and daily-averaged
samplers. For both cases all samplers agree within 20% on the
estimated SOA fraction for each day. Higher differences are
shown at the lower fractions. The reason for this could be that
the lower fractions correspond to lower concentrations of OC,
magnifying small variations over the SOA estimations.

CONCLUSIONS AND DISCUSSION
Application of the EC tracer method analysis to the differ-

ent types of high-resolution measurements suggests an average
of 35% SOA contribution to the monthly average OC concen-
tration during the summer intensive of 2001. Overall estimates
range from a low of 20% to a high of 50%. A preliminary study
trying to identify the sources of carbonaceous aerosol for west-
ern Pennsylvania estimated a SOA contribution of 30–50% to
the total OC concentration during the summer of 1995 (Cabada
et al. 2002b). These previous results are in good agreement with
the estimates that are obtained applying this new method, giving
some confidence about the results.
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Figure 10. Daily-averaged SOA and primary OC concentrations during the summer intensive, estimated from the high-resolution
measurements. (a) Undenuded sampler, QF. (b) Undenuded sampler, QF − QB,F. (c) Undenuded sampler, QF − QB,T. (d) Concen-
trations from the denuded in situ analyzer.

Higher time resolution measurements result in the highest
estimation of SOA. Events that trigger SOA production have a
strong diurnal dependence (i.e., ozone and sunlight daily cycles),
so high-resolution measurements are more likely to identify pe-
riods of primary or secondary production dominance. The use
of daily-averaged measurements probably tends to underpredict
the SOA concentration, especially for relatively small datasets,
because it may be impossible to find days without any SOA
present. On average, the SOA concentrations are around 5–10%

higher if high-resolution measurements are used compared to
the daily-averaged concentrations.

The EC tracer method is a simple approach for the deter-
mination of contribution of SOA to the total OC concentration
measured in a sampling site. It relies on simultaneous measure-
ments of gaseous pollutants that could be indicators of primary
emissions or secondary aerosol production. The major weak-
ness of the method is its reliance on the assumption of a con-
stant primary OC/EC and constant b during the analysis period
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Figure 11. Daily-averaged SOA and primary OC concentrations during the summer intensive, estimated from the daily-averaged
concentrations (24 h averages). (a) Undenuded sampler, QF. (b) Undenuded sampler, QF − QB,F. (c) Undenuded sampler, QF −
QB,T. (d) Concentrations from the denuded in situ analyzer. (e) Concentrations from the denuder sampler.
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(the whole month, or the few hours of the measurement period).
Variations of sources strengths, meteorology, etc. are expected
to change the (OC/EC)p even for the same 4-h period from day
to day. This variability introduces significant uncertainties (see
Tables 5 and 6).
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Abstract

A single particle mass spectrometer, RSMS-3, and a MOUDI were deployed during the Pittsburgh Air Quality Study

(PAQS), July 2001–September 2002, to obtain size resolved measurements of elemental composition for particulate matter

(PM) within the Pittsburgh area. Elemental mass distributions from analysis of the MOUDI stages were directly compared

to those constructed using the single particle data, in conjunction with coincident SMPS measurements, for specific days

within the PAQS.

Results from one episode on 27 October 2001 showed that approximately 80% of the metal containing particles detected

on this day belonged to the Na/Si/K/Ca/Fe/Ga/Pb particle class. The density and shape factor of these particles were

estimated to be 3.970.8 g/cc and 1.570.2, respectively, and the relative sensitivity factors for individual metals showed

little variation with respect to particle diameter over the size range of 70–800 nm.

Compared to the 27 October 2001 episode, there was a larger degree of variability in the metal containing particles detected

during another episode on 14 March 2002. The Ca and Pb mass distributions from this day represent an ensemble of externally

mixed particles. Estimates of particle density were provided for the dominant particle types, including EC/OC/Ca, Al/Si/Ca/Fe,

EC/OC/Pb and Na/K/Zn/Pb, and estimates of particle shape factor were provided for the EC/OC/Ca and Na/K/Zn/Pb classes.

Comparison with the 27 October 2001 Ca and Pb mass distributions revealed that the RSMS data reconstructed the MOUDI

mass much better from the Ca/Pb containing particles detected on 14 March 2002 than those observed on 27 October 2001,

suggesting that the single particle instrument sensitivity to both Ca and Pb depends on the particle matrix.
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Nomenclature

Particle number and mass distributions

Di,RSMS vacuum aerodynamic diameter focused
by orifice i (nm)

sg geometric standard deviation of the
transmission function for the RSMS inlet
(independent of particle size)

_8i volume flow rate through orifice i (m3/s)
Ni number of particles measured at

orifice i

Dti length of time spent sampling from
orifice i (s) (see footnote 1)

ðdN=d log DpÞi;RSMS value of the number con-
centration distribution function mea-
sured at orifice i by RSMS-3 (particles/
cm3) (see footnote 1)

ðdN=d log DpÞi;SMPS value of the number con-
centration distribution function mea-
sured by the SMPS for the mobility
diameter most closely matching the
vacuum aerodynamic diameter focused
by orifice i (particles/cm3) (see footnote
1)

DEi detection efficiency for orifice i (see
footnote 1)

Ni,g number of group g particles measured at
orifice i (see footnote 1)

ðdN=d logDpÞi;g value of the number concentra-
tion distribution function for group g

particles measured at orifice i (particles/
cm3) (see footnote 1)

ðdM=d logDpÞi;g value of the mass concentration
distribution function for group g parti-
cles measured at orifice i (mg/m3) (see
footnote 1, 2)

Single particle mass fractions

zn a particular molecule found within an
individual particle

Mn molar mass of zn (g/mol)
gn sum of the integrated ion current over all

peaks in the single particle mass spec-
trum due to zn

sk a particular element found within zn

ak stoichiometric coefficient of sk in zn

Mk molar mass of sk (g/mol)
fn;k fraction of single particle mass due to sk

as a result of zn alone

fk fraction of single particle mass due to all
sk-containing molecules

ðdM=d logDpÞi;k value of the mass concentration
distribution function for sk due to all sk-
containing particles measured at orifice i

(mg/m3) (see footnote 1, 2)

Particle diameter distributions

Dm electrical mobility diameter (nm)
Da aerodynamic diameter (nm)
Dva vacuum aerodynamic diameter (nm)
Dve volume equivalent diameter (nm)
Dp true (geometric) diameter (nm)
r particle density in g/cc (includes internal

voids)
w dynamic shape factor
Cc(D) Cunningham slip correction factor eval-

uated using the particle diameter within
the parentheses

Relative sensitivity factors

Dmk,s mass of element k measured on stage s of
the MOUDI (g)

Dmj,s mass of element j measured on stage s of
the MOUDI (g)

Da1;s lower diameter cut point of stage s (nm)
Da2;s upper diameter cut point of stage s (nm)
D̄a;s mean diameter of stage s (nm)
ðdM=d log DpÞRSMS;k mass concentration distri-

bution function for element k measured
by RSMS-3 (mg/m3) (see footnote 2)

ðdM=d log DpÞRSMS;j mass concentration distri-
bution function for element j measured
by RSMS-3 (mg/m3)(see footnote 2, 3)

RSFk;jðD̄a;sÞ sensitivity of RSMS-3 to element k

ions, relative to element j ions, for
particles with diameter D̄a;s

Particle volume fraction

X a particular metal found within an
individual particle

DmX mass of X measured on the MOUDI
stage corresponding to the peak in the
dominant mode within the MOUDI
distributions (g)

MX molar mass of X (g/mol)
ḡXþ integrated ion current due to X+ in each

spectrum as averaged over all X-contain-

K.J. Bein et al. / Atmospheric Environment ] (]]]]) ]]]–]]]2
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ing particles detected at the orifice
corresponding to the peak in the domi-
nant mode within the RSMS distribu-
tions

XnOm a particular metal oxide found within an
individual particle (n metal atoms co-
ordinated to m oxygen atoms)

MX nOm
molecular weight of XnOm (g/mol)

DmX nOm
mass of XnOm measured on the MOUDI
stage corresponding to the peak in the
dominant mode within the MOUDI
distributions (g)

rX nOm
bulk density of XnOm (g/cm3)

dX nOm
Fraction of the volume of an individual
particle that is occupied by XnOm
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1. Introduction

In an ongoing effort to broaden our under-
standing of the effects of particulate air pollution, it
is becoming increasingly important to provide more
accurate and complete descriptions of ensembles of
airborne particles. As a result, it is common in large
field studies, like the EPA Supersite experiments, to
include a wide variety of instruments that measure
complementary attributes of the same particle
population. The attributes of greatest interest are
particle size, composition, number and mass, where
it is common to report the latter two in terms of the
distribution of these moments with respect to
particle size. Numerous techniques are now avail-
able for obtaining these measurements and each has
its own advantages and limitations.

Counting and sizing particles can be done very
accurately over a broad range of particle diameters
using the combination of a nano differential
mobility analyzer (NDMA), long differential mobi-
lity analyzer (LDMA), condensation particle coun-
ter (CPC) and aerosol particle sizer (APS).
Although these instruments provide highly time
resolved measurements of particle number distribu-
tion, no information about particle composition is
obtained. Conventional methods for determining
particle composition are centered around collecting
particulate matter (PM) on filters for subsequent
chemical analysis using various techniques, includ-
ing gas chromatography-mass spectrometry (GC-
MS) for organic tracers, Inductively coupled plas-
ma-mass spectrometry (ICP-MS) for trace metals,
elemental carbon/organic carbon (EC/OC) ovens
for carbon, and ion chromatography (IC) for major
ions. All of these chemical analysis techniques are
considered quantitative and make it possible to
determine the ambient mass concentration of a
particular chemical species present in PM during
sampling. Size distributed composition can be
obtained using impactors like the micro-orifice
uniform deposit impactor (MOUDI). There are
two major limitations with these measurements: (1)
a significant amount of time is required to collect
sufficient mass for chemical analysis such that the
temporal resolution of these measurements is low,
typically 24 h, and (2) it is not possible to determine
which chemical species were originally present
together in individual particles.

Single particle mass spectrometry represents a
recent advancement in aerosol sampling technology
and has considerable potential to bridge the gap
between size-resolved number-based data and che-
mically speciated mass-based data by providing
highly time resolved measurements of single particle
size and composition. Instruments built upon this
technique, like the third generation rapid single-
ultrafine-particle mass spectrometer (RSMS-3),
have been deployed in a growing number of field
studies and their success in these efforts has been
well documented (Bein et al., 2005; Lake et al., 2003;
Phares et al., 2003; Rhoads et al., 2003; Liu et al.,
2003). Currently, a major limitation of these
instruments is that they only measure a small
sample of the ambient population such that the
data must be scaled to obtain quantitative informa-
tion. Since single particle instruments are number
based, concurrent SMPS measurements are appro-
priate for scaling the data and the combination
yields quantitative estimates of composition-re-
solved particle number distribution (Lake et al.,
2003; Tolocka et al., 2004). The accuracy of these
estimates depends primarily on the extent to which
the sampled population correctly represents the true
population. As a result, choosing events that
minimize potential sampling biases is essential to
these calculations. Furthermore, a direct compar-
ison with chemically speciated mass-based data
requires the ability to quantitatively determine the
distribution of different chemical species within
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1Determined for each RSMS sampling interval.
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individual particles from their single particle mass
spectra. Since little is known about the relative
sensitivity of the single particle instrument to
different species in a given particle, it is not clear
how accurately the distribution of ion signal within
the mass spectrum represents the original distribu-
tion of the corresponding species within the particle.
Once again, choosing events that highlight the
strengths of the single particle instrument is
essential to this effort.

Due to these uncertainties, little effort has been
made to quantify single particle data, especially
using ambient data, and each dataset is typically
analyzed and interpreted independently (Liu et al.,
2000; Fergenson et al., 2001; Bhave et al., 2002;
Wenzel et al., 2003). In the current work, a
framework is developed for quantitatively compar-
ing RSMS data to chemically speciated mass-based
data. The framework is then applied to elemental
mass distributions constructed from the RSMS
output and ICP-MS bulk chemistry data. We show
that the combination of the single particle, particle
number and bulk chemistry results provide a more
complete characterization of PM than can be
obtained from any method alone. This analysis is
performed for select days of ambient measurements
collected during the Pittsburgh Air Quality Study
(PAQS).

2. Experimental

The PAQS took place from July 2001 to
September 2002 in Schenley Park, adjacent to
Carnegie Mellon University. A general overview of
this study, including the various instruments de-
ployed, can be found in Wittig et al. (2004). RSMS-
3, a laser ablation time-of-flight single particle mass
spectrometer, was used to obtain high-temporal-
resolution measurements of single particle size (in
terms of the vacuum aerodynamic diameter Dva)
and composition, and was operated semi-continu-
ously for 306 of the possible 372 operation days
during this study. Details of the instrument and its
operation, information about data processing and
analysis, as well as general conclusions about the
types of particles observed and their sources can be
found in Bein et al. (2005). Select days were chosen
and the single particle data from these days were
combined with coincident measurements of particle
number distribution, obtained using SMPSs
(NDMA and LDMA), to construct elemental mass
distributions for several metals commonly observed
throughout the PAQS. For these same days, size-
segregated PM collected by a collocated MOUDI
was analyzed for the same metals using ICP-MS.
Details of the MOUDI/ICP-MS analysis can be
found in Part I of this work (Pekney et al., 2005).

During the PAQS, RSMS-3 sampled on a semi-
continual basis with sampling intervals starting
every 3 h for the first 4 months (September–Decem-
ber, 2001) and every 2 h for the remainder of the
study (January–September, 2002). Each sampling
interval consisted of cycling through nine flow-
limiting orifices, corresponding to nine different
particle sizes transmitted into the instrument ran-
ging from about 30 nm to 1.1 mm. The instrument
was operated at each orifice until either 10min
expired or 30 particles were sampled, whichever
came first. For each particle sampled, a positive and
negative ion mass spectrum, as well as particle size
and time of detection, were obtained.

2.1. Data analysis

For a given sampling interval, the value of the
number concentration distribution function mea-
sured at each orifice may be written as

dN

d log Dp

� �
i;RSMS

¼
Ni=Dti

_8i logðs2gÞ
, (1)

where the subscript i denotes the orifice number,1 Ni

is the number of particles measured during time
interval Dti, _8i is the volume flow rate through
orifice i, sg is the geometric standard deviation of
the transmission function for the instrument inlet,
which is considered independent of particle size for
the diameter range measured (Phares et al., 2002),
and logðs2gÞ is the log width ðD log DpÞ of the
transmission function between 15.9% and 84.1% of
the size distribution.

Using collocated and coincident SMPS measure-
ments, the detection efficiency of each orifice, DEi,
may be defined as

DEi ¼
ðdN=d logDpÞi;RSMS

ðdN=d log DpÞi;SMPS

, (2)

where ðdN=d logDpÞi;RSMS is calculated using Eq.
(1) and ðdN=d log DpÞi;SMPS is the value of the
number concentration distribution function mea-
sured by the SMPS for the electrical mobility
diameter, Dm, most closely matching the vacuum
aerodynamic diameter focused by orifice (i),
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Di,RSMS. Although equating these two diameters is
likely to be incorrect in many cases, as long as the
features of the SMPS distribution can be matched
with corresponding features in the RSMS distribu-
tion, the detection efficiencies resulting from Eq. (2)
can be adjusted to account for this.

Sampling biases can significantly alter the accu-
racy of the detection efficiencies. Several studies
have investigated these biases using both laboratory
generated aerosol and ambient data (Allen et al.,
2000; Kane and Johnston, 2000; Kane et al., 2001;
Bhave et al., 2002; Wenzel et al., 2003). Although
useful in providing selection criteria, the results of
these studies depend strongly on the particles being
considered and cannot be generalized to accommo-
date all situations. For ambient data, the specific
events being considered must be directly investi-
gated to determine the validity of using Eq. (2) and
the accuracy of the resulting values. As a result, a
thorough discussion of this will only be pursued
within the context of the data being presented and
will be addressed in a following section.

Single particle mass spectra are typically used to
group particles based upon similarities in composi-
tion. Detection efficiencies are then applied to these
groups of particles to obtain quantitative estimates
of composition-resolved number distribution. For a
group of particles, Ng, within the sampled popula-
tion, the value of the number distribution function
within that group for a given sampling interval and
orifice may be written as

dN

d log Dp

� �
i;g

¼
Ni;g=Dti

_8i logðs2gÞDEi

, (3)

where Ni,g is the number of particles from group g

measured at orifice i during time interval Dti,
2 and

DEi is calculated using Eq. (2).
Assuming a particle density r, Eq. (3) can be

transformed into the mass distribution within the
group, for the same sampling interval and orifice, as
follows:

dM

d log Dp

� �
i;g

¼ r
p
6
ðDi;RSMSÞ

3 dN

d log Dp

� �
i;g

. (4)

For consistency, DRSMS has been used in this
equation to represent the calculation of particle
volume. However, since ambient particles tend to be
non-spherical with densities greater than 1.0 g/cc,
and since particle volume varies as the cube of the
2Detection efficiency of orifice i has been taken into considera-

tion.
diameter, this is a potentially significant source of
error. Estimates of the appropriate volume correc-
tions for the data being presented will be given in
the results section. Detailed compositional data
from each single particle mass spectrum, in con-
junction with Eq. (4), can be used to calculate
elemental mass distributions.

In the current study, only the positive ion mass
spectra were used for this effort since a large
majority of the compositional information is in
these spectra. Secondary components are avoided
by focusing on small metal-containing particles
(�50–300 nm in diameter) which can be attributed
to local sources. For these particles, the transport
time from source to receptor is short and the
likelihood of atmospheric processing is greatly
reduced. In addition, data obtained from a collo-
cated, continuous PM2.5 sulfate monitor and
TEOM were used to select events with low sulfate
mass. For example, during the events being
considered, the average fraction of PM2.5 which is
sulfate is only �14–16%.

It is important to note that the original molecular
composition information is destroyed during the
laser ablation process and atomic and fragment ions
are predominantly seen in the mass spectra. The
specific molecular structures assumed for the ions
observed in the mass spectra of the particles
considered in this study will be detailed in a
following section.

First it is necessary to outline the mathematical
framework for calculating elemental mass fractions
from single particle mass spectra. Consider an
individual particle composed of N different types
of molecules where each molecule, zn, contains k

elements, sk, with stoichiometric coefficients ak and
molecular weights Mk such that the molecular
weight of zn may be written as

Mn ¼
XK

k¼1

akMk. (5)

Now consider the mass spectrum of this particle
within which a binned ion current for each m/z
value has been obtained by integrating 70.5Da
about each integer m/z value. Let gn be the sum of
the integrated ion current over all peaks in the
spectrum that correspond to molecule zn. Note that
atomic ions, fragment ions, cluster ions or any
combination of the three can be produced from the
ablation of zn. In the case of atomic and fragment
ions, the integrated ion current represents the
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number of moles of zn originally within the particle
on a one to one basis. However, for cluster ions, the
integrated ion current must be multiplied by the
number of zn molecules each cluster represents
before it is included in gn.

For a particular element sk found within mole-
cule zn, the fraction of the particle mass that is due
to sk as a result of zn alone, fn,k, may be written as

fn;k ¼
akMkgnPN

n¼1gnMn

. (6)

If sk is found in more than one type of molecule
within the particle, then fn,k must be calculated for
each type of molecule and then summed over all sk

containing molecules to obtain fk, which is the
fraction of the total particle mass due to sk.
Furthermore, if sk has isotopes, then the zn that
results from each isotope should be considered a
different type of molecule with its own gn, Mn and
fn,k, and should be included as such in the sum that
determines fk. The constant of proportionality
between the number of moles of a particular ion
and the integrated ion current in the mass spectrum
is assumed to be the same for all ions and particle
sizes, as well as independent of the presence of other
species in the particle. Based on results from
previous studies (Mansoori et al., 1994; Ge et al.,
1998; Gross et al., 2000; Woods et al., 2001; Bhave
et al., 2002), which show that the instrument
sensitivities associated with single particle mass
spectrometers vary significantly for different chemi-
cal species within a particle due to differences in
ionization efficiencies, this is considered a poten-
tially significant source of error in the calculations
that follow. During the course of the current work,
we were able to estimate the size-dependent relative
sensitivity factors for several different elements in a
given particle matrix. In addition, evidence that the
sensitivity of the instrument to a particular element
depends on the other species in the particle, or the
particle matrix, was also observed. Both of these
topics will be addressed in more detail in the results
section.

The next step in this process is to isolate all single
particle spectra within the data set that contain the
element of interest, sk. Eq. (4) may be applied to
this group of spectra, assuming a particle density of
1.0 g/cc, to determine the value of the mass
distribution function within that group for a given
sampling interval and orifice. This value is used only
as a convenient starting point.
On a particle by particle basis, Eq. (6) may be
used to calculate fk for each spectrum within the
group. Summing fk over all orifice i particles in the
group, Ni,g, the fraction of the total mass measured
at orifice i during the given sampling interval due to
element sk, fi,k, is obtained. The value of the
elemental mass distribution for the same sampling
interval and orifice may now be written as

dM

d log Dp

� �
i;k

¼ fi;k

dM

d log Dp

� �
i;g

. (7)

However, since the goal of this work is a direct
comparison between ambient RSMS and MOUDI/
ICP-MS data and the sampling interval of the
MOUDI is 24 h, the method described above was
slightly modified to account for this. The products
ðfi;kNi;g=DEiÞ and ð _8iDtiÞ were individually summed
over all sampling intervals within a given 24 h
period (8–12 intervals depending on the sampling
protocol) and the ratio of the resulting values was
multiplied by ðr ðp=6ÞððDRSMS;iÞ

3= logðs2gÞÞ to obtain
the 24 h value of ðdM=d log DpÞi;k. This was done
for each orifice and then the points were fitted with
the following lognormal distribution function:

MðDpÞ ¼M0 þ
Xn

j¼1

Mj exp �
lnðDp=ðD̄pgÞjÞffiffiffi

2
p

lnððsgÞjÞ

 !2
2
4

3
5,
(8)

where n is the number of modes in the distribution,
the subscript j denotes the mode number, Mj is the
amplitude of mode j, ðD̄pgÞj is the geometric mean
diameter and (sg)j is the geometric standard
deviation. The Levenberg–Marquardt algorithm
was used to identify coefficient values. The resulting
curve fits are included in Figs. 1–4 and 10–11, as
well as values for ðD̄pÞj, (sg)j and 24 h elemental
PM1.2, as determined by integrating under the
curves.
3. Results and discussion

Graphical comparison of the RSMS and MOU-
DI mass distributions are presented only for those
situations in which both RSMS and MOUDI
detection criteria are met; particles containing the
element must have a significant number of hits on
that day and the element mass measured on the
MOUDI filters must be above detection on at least
one of the stages. In addition, the airborne
concentrations as determined by the MOUDI must
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be within 35% of the airborne concentrations
measured by a collocated high volume sampler (hi-
vol). Details of sample collection, preparation, and
analysis for the hi-vol samples are given by Pekney
and Davidson (2005). For Figs. 1–4 and 10–11, the
MOUDI filter stages with measured mass below
detection limits (BDL) are shown as hatched bars
that give an upper limit to the element mass
concentration. Mass distributions for calcium, iron,
gallium and lead from the 27 October 2001 sampling
date (Figs. 1–4), and calcium and lead mass
distributions from the 14 March 2002 sampling
date (Figs. 10–11) have been included for
comparison.

3.1. 27 October 2001 data

Approximately 80% of the metal containing
particles detected on 27 October 2001 were com-
posed of Na, Si, K, Ca, Fe, Ga, and Pb. This single
particle composition represents a subclass of the
Si/K/Fe/Ga class, which was detected frequently
throughout the duration of the PAQS (Bein et al.,
2005). In Part I of this work evidence is presented
connecting this class of particles to coal combustion
sources in Pittsburgh and surrounding area (Pekney
Fig. 1. Airborne concentration on 27 October 2001 was 0.046mg/m3 PM

measured by the hi vol. The mass distribution scale for the RSMS data

the right y-axis.
et al., 2005). As a result, it was assumed that these
metals were originally in the form of metal oxides
within the particle for the purposes of calculating
elemental mass fractions (wi,k). The oxidation states
used and corresponding metal oxides are as follows:
Na(I): Na2O; Si(IV): SiO2; K(I): K2O; Ca(II): CaO;
Fe(III): Fe2O3; Ga(III): Ga2O3; Pb(IV): PbO2

(Wigley and Williamson, 1998; Font et al., 2005).
Of the remaining metal containing particles

detected on this day, �95% of them belong to the
Na/K/Zn/Pb class, which was also detected con-
sistently throughout the Pittsburgh Supersite ex-
periment. For these types of particles, both chlorine
and oxygen are frequently observed in the mass
spectra such that the possibility the metals in these
particles existed as chloride salts and/or oxides must
be addressed. In the current study, NaCl/KCl/
ZnCl2/PbO2 was chosen as the molecular makeup
because it minimizes the error between the values of
fi,k obtained using this combination versus any
other combination of chlorides and oxides. Assum-
ing that gNa � gK � gZn � gPb, which is approxi-
mately true in most observed particles, it can be
shown that this error is less than 7%.

The clean separation of a large group of metals
between two distinct particle classes (Na/Si/K/Ca/
3.2 Ca as measured by the MOUDI and 0.050mg/m3 PM2.5 Ca as

is on the left y-axis and the MOUDI mass distribution scale is on
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Fig. 2. Airborne concentration on 27 October 2001 was 0.056mg/m3 PM3.2 Fe as measured by the MOUDI and 0.088mg/m3 PM2.5 Fe as

measured by the hi vol.

Fig. 3. Airborne concentration on 27 October 2001 was 0.0029mg/m3 PM3.2 Ga as measured by the MOUDI and 0.0026mg/m3 PM2.5 Ga

as measured by the hi vol. The mass distribution scale for the RSMS data is on the left y-axis and the MOUDI mass distribution scale is on

the right y-axis.

K.J. Bein et al. / Atmospheric Environment ] (]]]]) ]]]–]]]8



ARTICLE IN PRESS

Fig. 4. Airborne concentration on 27 October 2001 was 0.0056mg/m3 PM3.2 Pb as measured by the MOUDI and 0.0044mg/m3 PM2.5 Pb

as measured by the hi vol. The mass distribution scale for the RSMS data is on the left y-axis and the MOUDI mass distribution scale is on

the right y-axis.
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Fe/Ga/Pb and Na/K/Zn/Pb) that account for 99%
of the metal containing particles detected on a
particular day is a rare situation, but allows for a
direct investigation of the sensitivity of the single
particle instrument to those metals in the given
matrix. This can be seen explicitly in Figs. 1–4 by
noticing the similarity in the shape of the mass
distributions from metal to metal in both the RSMS
and MOUDI data. All of the distributions have a
dominant fine mode centered at �200 nm which can
be attributed solely to the Na/Si/K/Ca/Fe/Ga/Pb
particle class. The coarse mode in the RSMS lead
distribution is a result of the Na/K/Zn/Pb class only
and allows for lead to be included in this analysis
because the distinction between the two particle
classes is clear within the distribution. The MOUDI
lead distribution is in excellent agreement showing
the same two modes and thus the same separation
between the two particle classes.

3.1.1. Comparison of RSMS, SMPS and MOUDI

size data: differences in size distribution peaks

Let us now reconcile the size distributions of
RSMS, SMPS, and MOUDI data. On 27 October
2001, the observation of Na/Si/K/Ca/Fe/Ga/Pb
particles was an isolated event, occurring during
three consecutive sampling intervals only. Fig. 5a
shows the RSMS number distribution, as deter-
mined using Eq. (1), the SMPS number distribution
and the number distribution of Na/Si/K/Ca/Fe/Ga/
Pb particles, as determined using Eq. (3), for the
first of the three sampling intervals. Results from
the other two sampling intervals are almost identical
to those shown. There are several things to note in
this figure.

First, there is excellent agreement between the
features of the SMPS and RSMS distributions, i.e.
both are bimodal with a dominant ultrafine mode
and smaller fine mode, but the distributions are
shifted. The shift is a direct result of plotting the
distributions with respect to a common particle
diameter (Dva). To understand this, consider an
ensemble of ambient particles composed of n

independent particle types, each with its own
density, shape factor, and size distribution. The
vacuum aerodynamic and electrical mobility dia-
meters of each particle type are related to each other
through the particle density r and shape factor w as
follows:

Dva

Dm
¼

r
w2CcðDmÞ

Cc
Dm

w
CcðDm=wÞ

CcðDmÞ

� �
, (9)
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Fig. 5. (a) The RSMS and SMPS number distributions and the scaled number distribution of Na/Si/K/Ca/Fe/Ga/Pb particles for the first

of three sampling intervals during which these particles were detected. (b) The RSMS number distribution for the same sampling interval

after adjusting the hit rate of the orifice corresponding to the lower size limit of the instrument for an undetected particle type. The SMPS

and Na/Si/K/Ca/Fe/Ga/Pb distributions are plotted with respect to the left y-axis and the RSMS distribution is plotted with respect to the

right y-axis.
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where Cc(D) is the Cunningham slip correction
factor calculated using the diameter, or expression,
within the parentheses and the dependence of w on
the flow regime, or Knudsen number, has been
neglected (Jimenez et al., 2003; DeCarlo et al.,
2004). Since the total size distribution is a super-
position of the independent, type-specific distribu-
tions, the general agreement between the features of
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the RSMS and SMPS distributions (# of modes and
mean diameter and standard deviation of each
mode) depends strongly on the observed particle
types. For the 27 October 2001 data, a large
majority of the particles detected during the
sampling intervals being considered were Na/Si/K/
Ca/Fe/Ga/Pb particles. For example, at the orifices
within the 50–400 nm size range, they represent as
much as 70–90% of the total number of particles
detected. As a result, calculating the detection
efficiencies for these orifices, as in Eq. (2), and then
applying the detection efficiencies to this group of
particles, as in Eq. (3), essentially returns the
corresponding section of the SMPS distribution.
This can be seen explicitly in Fig. 5a by looking at
the scaled distribution of Na/Si/K/Ca/Fe/Ga/Pb
particles and noting that the scaling has simply
collapsed the RSMS fine mode onto the SMPS fine
mode such that the shift between these modes can be
explained by the physical properties of the particles,
as described in Eq. (9).

Secondly, the apparent agreement between the
ultrafine modes in this figure is misleading. The hit
rate falls off by an order of magnitude between the
lower size limit of RSMS (�40 nm) and that of the
adjacent orifice. This suggests that the particles
represented by the ultrafine mode in the SMPS
distribution are not being detected by the single
particle instrument. Similar size-dependent hit rates
were observed by Wenzel et al. (2003). In that study,
the decrease in hit rate was correlated with a missing
particle type composed primarily of ammonium
sulfate that was undetected by the single particle
instrument. This represents a composition-based
sampling bias. Similar biases have been observed in
laboratory studies investigating particles of compar-
able compositional simplicity; i.e. relatively pure
single component and very simple multi-component
laboratory generated aerosol (Kane and Johnston,
2000; Kane et al., 2001). Calculating the detection
efficiency for this orifice using Eq. (2) would
represent a significant source of error if the missing
particle type is not accounted for. In the current
work, this issue is avoided as the number of Na/Si/
K/Ca/Fe/Ga/Pb particles goes to zero at the
smallest sizes and the corresponding detection
efficiencies are not necessary. However, a first-order
approximate solution to this problem is to use the
hit rate of the adjacent orifice to adjust the RSMS
data at the smallest particle size. The adjusted
distribution is shown in Fig. 5b. Note the improved
agreement between the features of the RSMS and
SMPS distributions. The shift between the ultrafine
modes can be explained in a similar fashion as the
fine modes and Eq. (9) describes the physical
properties of the missing particle type. If the missing
particle type is assumed to represent relative pure
ammonium sulfate particles, similar to Wenzel et al.
(2003), then using a particle density of �1.8 g/cc in
Eq. (9) yields a particle shape factor of �1.1. Using
these values to convert to mass, the integrated
ultrafine mode ammonium sulfate mass concentra-
tion is 1.2 mg/m3 which is in close agreement with
the continuous PM2.5 sulfate monitor reading of
�1.1 mg/m3 (�1.5 mg/m3 PM2.5 ammonium sulfate).

Finally, it is clear in Fig. 5 that equating the
electrical mobility and vacuum aerodynamic dia-
meters when calculating detection efficiencies, as
described for Eq. (2), can result in significant errors
since the RSMS and SMPS distributions are based
on different physical size measures. In the case that
the features of the distributions can be matched, for
example the fine modes in Fig. 5a, the error is clear
and the detection efficiencies can be adjusted. If the
features cannot be matched, then the error is not
clear and nothing can be said about the accuracy of
the resulting detection efficiencies. In this specific
example, however, the adjustment is unnecessary
because for the size range within which the Na/Si/
K/Ca/Fe/Ga/Pb particles exist (�60–200 nm), their
number distribution essentially is the SMPS dis-
tribution. Adjusting the detection efficiencies has an
insignificant impact on the amplitude or width of
the distribution and simply shifts the scaled
distribution from the SMPS fine mode back to the
RSMS fine mode.

With this in mind, the shift between the peaks in
the RSMS and MOUDI distributions can be
understood by considering the relationship between
the aerodynamic diameter (Da), as measured by the
MOUDI, and the electrical mobility diameter. This
relationship may be written as

Da

Dm
¼

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
r

w3CcðDaÞ½CcðDmÞ�
2

r

� Cc

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
w
r

CcðDaÞ

Ccð
ffiffiffiffiffiffiffiffi
w=r

p
DaÞ

s
Da

" #" #3=2
. ð10Þ

Since the dominant fine mode in Figs. 1–4 is due
solely to one class of particles, Eq. (10) can be used
to convert between electrical mobility and aero-
dynamic diameter if the density and shape factor of
the particles are known. Although the application of
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Eq. (9) to the fine modes in Fig. 5a yields
information about the combined effect of particle
density and shape factor, as discussed above, it
cannot be used to directly estimate either variable
without knowledge of the other. In the following
section, an alternative method for determining
particle density, based upon particle composition
considerations, is presented.
3.1.2. Particle characteristics

Considering that the dominant fine mode in each
of the MOUDI distributions (Figs. 1–4) represents
only one class of particles and that each particle
within that class contains all four metals, the ratio
of the mass collected on the corresponding MOUDI
stage for one metal, DmX, to that of another
represents the relative amounts of these metals in
each particle as averaged over all particles within
the class that were collected on that stage. As a
result, the fraction of the particle volume that is
occupied by the metal oxide of each element, dX nOm

,
can be calculated. This calculation requires values
of DmX in conjunction with the single particle mass
spectra collected from the orifice that corresponds
to the same dominant fine mode, and literature
values for RSFNaþ;Kþ , RSFSiþ ;Feþ and RSFKþ;Feþ .
For particles in the Na/Si/K/Ca/Fe/Ga/Pb class,
dX nOm

may be written as

dX nOm
¼

ðDm=rÞX nOmPX¼Pb
X¼NaðDm=rÞX nOm

, (11)

where the sum in the denominator is over all metals
in the particle. In the case of metals for which
MOUDI data are available (Ca, Fe, Ga and Pb), the
ratio ðDm=rÞX nOm

may be determined using

Dm

r

� �
X nOm

¼
DmX MX nOm

nrX nOm
MX

, (12)

where MX nOm
is the molecular weight of metal oxide

XnOm, n is the number of atoms of metal X in each
molecule of XnOm, rX nOm

is the bulk density of
XnOm and MX is the molecular weight of X. The
single particle data, reported values for the relative
sensitivity factors listed above, and the value of
DmFe can be used to calculate ðDm=rÞX nOm

for
sodium, silicon and potassium, since no MOUDI
data are available. For example, the value of this
ratio for K2O can be calculated as

Dm

r

� �
K2O

¼
DmFeMK2O

2rK2O
RSFKþ;FeþMFe

ḡKþ
ḡFeþ

, (13)
where ḡXþ is the value of the total integrated ion
current that is due to X+ in each single particle
averaged over all Na/Si/K/Ca/Fe/Ga/Pb spectra
collected at the orifice that corresponds to the
dominant fine mode. Similar equations can be
obtained for Na2O and SiO2. Yokozawa et al.
(1987) used laser microprobe mass spectrometry
(LMMS) on samples of coal fly ash collected from a
heavy-oil fired testing furnace to obtain
RSFSiþ;Feþ ¼ 0:2 and RSFKþ ;Feþ ¼ 1:7. Gross et al.
(2000) reported a value of 5.1 for RSFNaþ ;Kþ .
Combining all of these data, dX nOm

was calculated
for each metal. The resulting values, plotted in
Fig. 6, may be used to estimate the density of these
particles according to

r ¼
XX¼Pb

X¼Na

dX nOm
rX nOm

. (14)

Using Eq. (14), the particle density was determined
to be 3.970.8 g/cc, where the error estimate was
obtained through the propagation of the standard
deviation in both the MOUDI/ICP-MS data and
ḡXþ values. Using this density in Eq. (9), the particle
shape factor is 1.570.2.

Given the particle density and shape factor listed
above, there are several corrections that must be
made to the RSMS distributions shown in Figs. 1–4.
First, these values must be used in Eq. (10) to
convert from electrical mobility to aerodynamic
diameter so that the RSMS and MOUDI distribu-
tions are with respect to the same particle diameter.
Second, as discussed previously, assuming a particle
density of 1.0 g/cc in Eq. (4) is a serious source of
error in the value of dM=d log Dp and the
distributions must be adjusted using the true
particle density to account for this. Finally, since
the number distributions originally used in Eq. (4)
to obtain the mass distributions are with respect to
the electrical mobility diameter, these diameters
were used to calculate particle volume. This assumes
that the particles are spherical which is incorrect
and the volume equivalent diameter is the appro-
priate diameter to use in these calculations. The
correction factor (b) which must be applied to the
RSMS distributions to account for both the density
and volume corrections may be written as

bðDmÞ ¼
r
w

CcðDveÞ

CcðDmÞ

� �3
. (15)

Using the particle density and shape factor listed
above, and the electrical mobility diameters shown
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Fig. 6. The particle volume fraction of 100–200nm Na/Si/K/Ca/Fe/Ga/Pb particles measured on 27 October 2001; shows the fraction of

the total particle volume occupied by each of the metal oxides believed to be present in the particle.
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in the figures, Eq. (15) may be solved numerically to
obtain b(Dm). All of these corrections have been
applied to the RSMS distributions shown in
Figs. 1–4 and the corrected distributions are shown
in the inset of each figure.

For the coarse mode Pb distribution (Fig. 4), all
of the particles within this mode belong to the Na/
K/Zn/Pb class. As will be shown in a later section,
the density of these particles is �3.0 g/cc. Using the
shift between the RSMS and MOUDI distributions
for this mode in Eq. (10), in conjunction with the
density listed above, the particle shape factor of
these particles is �1.4. These values were used in the
analyses presented above to correct this mode.

There are several things to note about the
corrected distributions. First, the excellent agree-
ment between the position of the fine mode peaks in
the RSMS and MOUDI distributions is evidence of
the accuracy of the particle density and shape factor
estimates, obtained from independent analyses, used
to convert from electrical mobility to aerodynamic
diameter. Second, although the density and volume
corrections tend to offset each other, there is a
general increase in agreement between the peak
values of dM=d log Dp in the RSMS and MOUDI
distributions. For example, the agreement between
the peak value of the fine mode in the RSMS and
MOUDI distributions increases by a factor of �2
for Ca, Ga, and Pb. In the RSMS Fe distribution,
the peak value switches from a 20% underestima-
tion of the MOUDI peak to a 30% overestimation,
but the total integrated PM1.2 is in excellent
agreement; 0.57 mg/m3 for the RSMS distribution
and 0.570.1 mg/m3 for the MOUDI distribution.

Finally, note that the discrepancy between the peak
value of dM=d log Dp for the dominant fine mode in
the RSMS distributions versus the MOUDI distribu-
tions ranges from 30% for iron to a factor of 4 for Ca
and an order of magnitude for gallium and lead. The
fact that the Fe distributions are in such good
agreement, coupled to the fact that the MOUDI
values of dM=d log Dp differ by less than a factor of
2 from element to element, is strong evidence that the
variation in the discrepancy between the distributions
for iron versus the other three metals (Ca, Ga and Pb)
is directly a result of the sensitivity of the single
particle instrument to each. If it is assumed that the
remainder of the error between the RSMS and
MOUDI distributions can be accounted for in the
relative sensitivity factors, then these factors can be
calculated. An outline of these calculations is pre-
sented in the following section.

Similar arguments can be made for the coarse
mode in the Pb distribution, which represents
Na/K/Zn/Pb particles. The error between the
RSMS and MOUDI data for the coarse mode is
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Fig. 7. The relative sensitivity factors (RSF) for Ca, Ga and Pb, normalized by Fe, as a function of particle diameter. The RSF values for

Ca and Ga are plotted on the left y-axis and the values for Pb are plotted on the right y-axis. Ga and Pb are with respect to the bottom x-

axis and Ca is with respect to the top x-axis. The triangles represent RSF values calculated using MOUDI data below the method detection

limit (MDL) and the asterisks represent RSF values calculated using MOUDI data above the MDL.
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comparable to that of the fine mode. This suggests
that the Pb mass fractions are being underestimated
for these particles and the single particle instrument
is more sensitive to one, or more, of the other
species in these particles. A direct calculation of this
requires MOUDI data for the other species, which
is not available.
3.1.3. Sensitivity of RSMS-3 to particle composition

Letting Dmk,s represent the mass of element k

collected on stage s of the MOUDI, where Da1,s and
Da2,s are the lower and upper diameter cut points of
stage s, respectively, and D̄a;s is the mean diameter,
then the sensitivity of the single particle instrument
to element k ions, relative to element j ions, for
particles with diameter D̄a;s, RSFk;jðD̄a;sÞ,

3 may be
written as

RSFk;jðD̄a;sÞ ¼

RDa2;s

Da1;s
ðdM=d log DpÞRSMS;k d log DpRDa2;s

Da1;s
ðdM=d log DpÞRSMS;j d logDp

�
Dmj;s

Dmk;s

� �
. ð16Þ
324 h value.
Using Fe+ as the normalizing ion in Eq. (16), the RSF
values for calcium, gallium and lead have been
calculated and are plotted versus aerodynamic dia-
meter in Fig. 7. The error bars represent the
propagation of errors from the standard deviation in
the MOUDI/ICP-MS measurements. Notice that the
RSF value for a particular element within this particle
matrix is approximately constant with respect to
particle diameter within the range of �70–800nm.

3.2. 14 March 2002 data

In contrast to the situation presented above for 27
October 2001, there was a large degree of variability
in the metal containing particles detected on 14
March 2002. This is more representative of what
was typically observed throughout the PAQS. Figs.
10 and 11 show the RSMS and MOUDI 24 h
elemental mass distributions for calcium and lead,
respectively, on 14 March 2002. Calcium and lead
were chosen because they are the only two metals
detected on this day that were also detected on 27
October 2001 and satisfied the detection criteria
described previously.

Since Ca and Pb were observed in multiple types
of particles, each with their own density, the
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features of the elemental mass distributions will
ultimately depend on the distribution of densities.
As a result, rather than assuming a constant density
for all particles, like the 27 October 2001 analysis,
each particle type was considered independently
when using Eq. (4) in what follows.

According to the single particle data, �80% of
the Ca-containing particles detected on this day
belong to one of two classes; EC/OC/Ca (�60%) or
Al/Si/Ca/Fe (�20%). Similarly, �85% of the Pb-
containing particles belong to either the EC/OC/Pb
class (�45%) or Na/K/Zn/Pb class (�40%). How-
ever, the remaining Ca and Pb-containing
particles detected on this day were of highly
variable composition, containing mixtures of
different metals, and a constant density of 3 g/cc
was assumed for these particles. This is simply the
number-weighted average density of the
major species observed in these particles.
Although the true densities will likely be slightly
different, this is not considered a significant source
of error since these particles only represent a small
fraction of the total number of Ca and Pb-
containing particles detected (�20% and 15%,
respectively).

For EC/OC/Ca particles, the single particle mass
fraction for Ca, as averaged over all EC/OC/Ca
particles, is �5%. Assuming that the remaining
95% of the single particle mass is EC/OC, with an
average density of 1.5 g/cc (Zhang et al., 2005), the
particle volume fraction for CaO (r ¼ 3:34 g=cc) is
0.023 and the volume-weighted particle density is
1.5 g/cc. Of the remaining Ca-containing particles
detected on this day, �50% of them belong to the
Al/Si/Ca/Fe class. Numerous other elements were
detected in these particles, including Na, K, Ti, V,
Mn, Sr, Rh and Ba, but were observed with a high
degree of variability and only in trace amounts. The
average mass fraction of Ca within these particles is
�14% and a large majority of the remaining mass is
Al and Si. These particles are considered to be
associated with coal combustion where the Al, Si
and Ca were originally present as minerals within
the coal, predominantly quartz (r ¼ 2:65 g=cc) and
kaolinite (r ¼ 2:65 g=cc) for Al and Si and calcite
(CaCO3) for Ca (Ward, 2002), which were directly
transferred to PM during combustion. The calcite is
decarboxylated to CaO and the quartz and kaolinite
form a melt which traps nonvolatile trace elements,
including those listed above, as it solidifies into
aluminosilicate glass (Clarke, 1993; Reifenstein
et al., 1999). Using these data, and ignoring the
trace elements, the particle volume fraction of CaO
is �0.11 and the volume-weighted density is 2.7 g/cc
for this class of particles.

The density of EC/OC/Pb particles can be
estimated in a similar fashion as the EC/OC/Ca
particles. Averaged over all EC/OC/Pb particles, the
mass fraction of lead is �0.2 and, assuming the
remaining mass is EC/OC (r ¼ 1:5 g=cc), the
volume-weighted density is �1.8 g/cc. More than
70% of the remaining Pb-containing particles
belong to the Na/K/Zn/Pb class. Assuming the
molecular makeup described previously and
gNa � gK � gZn, the average mass fraction of lead
(�0.3) may be used to obtain a volume-weighted
density of �3.0 g/cc.

For the purposes of calculating the lead and
calcium single particle mass fractions, it was
assumed that all of the metals detected on this day
were originally in the form of metal oxides with the
highest oxidation state that is stable under atmo-
spheric conditions. The Na/K/Zn/Pb class is an
exception and was treated in the same manner as
was discussed in the 27 October 2001 analysis. In
addition, for the combustion-oriented EC/OC/Ca
and EC/OC/Pb classes, in which metal and carbon
are found together in individual particles, it was
assumed that the sum of signal intensities, weighted
by the appropriate molecular weights, over all
carbon based ions within the spectrum correctly
represents the mass of EC/OC originally in the
particle.

3.2.1. Comparison of RSMS, SMPS and MOUDI

size data: differences in size distribution peaks

Similar to the 27 October 2001 analysis, when
using Eq. (2) to calculate detection efficiencies for
the 14 March 2002 data, it is important to consider
any potential errors associated with mismatch in the
RSMS and SMPS distributions. Fig. 8 shows the
RSMS number distribution, as determined from Eq.
(1), and the SMPS number distribution for the
sampling interval during which a majority of the
fine mode, Ca-containing particles were detected
(�55%). In contrast to the situation for the 27
October 2001 data (Fig. 5a), note the excellent
agreement between the position of the RSMS and
SMPS peaks. The implication is that Dva � Dm for
the particles within this mode such that equating
these diameters when calculating detection efficien-
cies is appropriate. The inset of Fig. 8 shows the
number distribution of Ca-containing particles for
the case of scaled versus un-scaled data. Note that
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Fig. 8. The RSMS and SMPS number distributions for the sampling interval during which a majority of the fine mode Ca-containing

particles were detected (�55%). The inset shows the number distribution of Ca-containing particles for the case of scaled versus un-scaled

data. The SMPS and scaled distributions are with respect to the left y-axis and the RSMS and un-scaled distributions are with respect to

the right y-axis.
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the scaling has no effect on the shape of the
distribution or the position of the peak.

According to the single particle data, �80% of
the particles detected during this interval were EC/
OC particles; the EC/OC/Ca particles are a small
subset of this population. As a result, the distribu-
tions shown in Fig. 8 can be attributed almost
entirely to the EC/OC class and the fact that Dva �

Dm describes the relationship between the density
and shape factor of these particles during this
particular event. Using a density of 1.5 g/cc for EC/
OC particles, Eq. (9) can be used to obtain a particle
shape factor of �1.2.

The RSMS and SMPS number distributions for
the sampling interval during which a majority of the
remaining Ca and Pb-containing particles were
detected is shown in Fig. 9a. Similar to the 27
October 2001 data, there is excellent agreement
between the features of the two distributions, i.e.
both are tri-modal and peak in the ultrafine range,
but they are shifted. If the SMPS and RSMS
number distributions can be fit with lognormal
distributions, according to Eq. (8), and the modes of
the distributions can be matched so that, concei-
vably, the distributions could be aligned before
calculating detection efficiencies, then the correction
factor (c) can be written as

cðDvaÞ

¼

P
jNSMPS;j exp � ln Dva

�
D̄m;j

� �
=
ffiffiffi
2
p

lnðsm;jÞ
� �� �2h i

P
jNSMPS;j exp � ln Dva

�
D̄va;j

� �
=
ffiffiffi
2
p

lnðsm;jÞ
� �2h i ,

ð17Þ

where the subscript j denotes the mode number,
NSMPS,j is the amplitude of mode j in the SMPS
distribution, D̄m;j and sm,j are the geometric mean
diameter and standard deviation of the SMPS
mode, D̄va;j is the geometric mean diameter of the
corresponding mode in the RSMS distribution, and
the summations are over all modes within the
distribution. Using the lognormal fits shown in
Fig. 9a, these correction factors have been calculated
and are plotted in Fig. 9b in terms of the relative error
(e), which is defined simply as � � 1� c. Also shown
in this figure is the number distribution of Ca and
Pb-containing particles for the un-scaled data, the
data scaled using the detection efficiencies from the
mismatched distributions, and the data scaled using
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Fig. 9. (a) The RSMS and SMPS number distributions for the sampling interval during which a majority of the remaining Ca and Pb-

containing particles were detected. (b) The number distribution of Ca and Pb-containing particles for un-scaled data, data scaled using the

detection efficiencies from the mismatched distributions, and data scaled using the corrected detection efficiencies. The relative error in the

value of the detection efficiency, for the cases of matched versus mismatched RSMS and SMPS number distributions, is plotted on the

second pair of axes. The SMPS and scaled distributions are with respect to the left y-axis and the RSMS and un-scaled distributions are

with respect to the right y-axis.

K.J. Bein et al. / Atmospheric Environment ] (]]]]) ]]]–]]] 17
the corrected detection efficiencies. Note that using
the corrected detection efficiencies scales the
value of dN=d log Dp by significant factors ranging
from �0.9 to 3.
Since the distributions shown in Figs. 10 and 11
represent several different types of particles, a direct
investigation of the relative position of the RSMS
and MOUDI peaks is significantly more complicated
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than the 27 October 2001 data so it is difficult to
resolve the affects of a single particle type. The fine
mode Ca distribution is an exception considering
that �80% of the particles in this mode belong to
the EC/OC/Ca class. In this case, the agreement
between the position of the RSMS and MOUDI
peaks is due to the physical properties of these
particles and can be understood by considering the
relationship between the aerodynamic and vacuum
aerodynamic diameters, which can be written as

Da

Dva
¼

ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
w
r

CcðwDva=rÞ
CcðDaÞ

s
. (18)

Using the density determined previously for EC/
OC/Ca particles, and the positions of the fine mode
peaks in Fig. 10, the particle shape factor is �1.3.

It was mentioned previously that since Ca and Pb
were observed in multiple types of particles, each
with their own density, the features of the elemental
mass distributions will ultimately depend on the
distribution of densities such that each particle type
must be considered independently when using Eq.
(4). A further implication of this is that using the
vacuum aerodynamic diameter in this equation to
calculate the particle volume is incorrect and the
volume equivalent diameter is the appropriate
diameter to use. If a constant density of 1.0 g/cc is
Fig. 10. Airborne concentration on 14 March 2002 was 0.10mg/m3 PM

measured by the hi vol.
used in Eq. (4) to determine the mass distribution,
then the correction factor which must be applied to
the resulting distribution to account for the
combined effect of scaling by the true particle
density and correcting for overestimating particle
volume may be written as

bi ¼
X

g

Ni;g

Ni

w3g
r2g

, (19)

where the subscript i denotes the orifice number, Ni

is the total number of particles detected at orifice i,
Ni,g is the number of group g particles, wg is the
shape factor of group g particles and rg is their
density. The distributions shown in Figs. 10 and 11
already include these corrections. The distribution
of particle types, and corresponding densities,
described previously were used in those calculations.
In terms of the particle shape factor, direct estimates
are available for the EC/OC/Ca and Na/K/Zn/Pb
classes. The value obtained for EC/OC/Ca particles
was also used for the EC/OC/Pb class, the value
obtained for the Na/Si/K/Ca/Fe/Ga/Pb particles
(27 October 2001 analysis) was applied to the Al/Si/
Ca/Fe particles, since both are related to coal
combustion, and the value obtained for the Na/K/
Zn/Pb particles was used to represent the remaining
mixed-metal particles.
3.2 Ca as measured by the MOUDI and 0.11mg/m3 PM2.5 Ca as
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Fig. 11. Airborne concentration on 14 March 2002 was 0.0050mg/m3 PM3.2 Pb as measured by the MOUDI and 0.0065mg/m3 PM2.5 Pb as

measured by the hi vol.
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3.2.2. Comparisons of mass distributions on different

dates

When comparing the Ca and Pb distributions
from 27 October 2001 to those obtained for 14
March 2002, it is evident that, in general, the ability
of the RSMS data to reconstruct the MOUDI mass
is much better for the particles detected on 14
March 2002. For example, considering the fine
mode in the Ca distributions, the agreement
between the RSMS and MOUDI mass is a factor
of 4 better for the 14 March 2002 data than the 27
October 2001 data. Assuming that, similar to the 27
October 2001 analysis, the error in the 14 March
2002 data represents the relative sensitivity of the
single particle instrument to Ca, the increase in
agreement for this day suggests that Ca is detected
more efficiently in EC/OC/Ca particles than Na/Si/
K/Ca/Fe/Ga/Pb particles. The implication is that
the sensitivity of the single particle instrument to a
particular species depends on the other species in
the particle; i.e. RSFs depend on particle matrix.
Similar arguments can be made for the Pb distribu-
tions. For the MOUDI stage corresponding to the
largest particle sizes (�560–1000 nm), the particles
detected at the corresponding RSMS orifices were
almost exclusively Na/K/Zn/Pb particles in both the
27 October 2001 and 14 March 2002 distributions.
It was suggested earlier in the context of the 27
October 2001 analysis that the Pb mass fractions
were underestimated and that the single particle
instrument is more sensitive to one, or more, of the
other species in the particle. The fact that the
relative error between the MOUDI and RSMS mass
for the 14 March 2002 data is almost identical to
that of the 27 October 2001 data (o10% difference)
is further evidence of this conclusion. Progressing
from larger to smaller particles, the distribution of
particle type changes, EC/OC/Pb particles begin to
dominate the distribution, especially in the fine
range (�150–500 nm), and the agreement between
the RSMS and MOUDI mass increases consider-
ably. Comparing the relative error between the
RSMS and MOUDI fine mode in the 27 October
2001 distribution to the error in the corresponding
section of the 14 March 2002 distribution, it is
evident that the agreement between the 14 March
2002 distributions is an order of magnitude better.
This corroborates the results for the EC/OC/Ca
particles; the sensitivity of the single particle
instrument to both Ca and Pb depends on the other
species in the particle, or particle matrix.

4. Conclusions

Elemental mass distributions were constructed
using the RSMS single particle data, in conjunction
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with concurrent SMPS measurements, and com-
pared to mass distributions obtained from MOU-
DI/ICP-MS analysis for two separate days during
the PAQS. Calcium, iron, gallium and lead mass
distributions from 27 October 2001 and calcium and
lead mass distributions from 14 March 2002 were
included for comparison.

Approximately 80% of the metal-containing
particles detected on 27 October 2001 belonged to
the Na/Si/K/Ca/Fe/Ga/Pb particle class and for the
sampling intervals during which they were detected,
they represent �70–90% of the total number of
particles detected. As a result, it was possible to use
a combination of the RSMS, SMPS and MOUDI
data to investigate the physical properties of these
particles. The density and shape factors of the Na/
Si/K/Ca/Fe/Ga/Pb particles were estimated to be
3.970.8 g/cc and 1.570.2, respectively. In addition,
a direct comparison between the magnitudes of the
RSMS and MOUDI distributions allowed investi-
gation of the sensitivity of the single particle
instrument for different metals in the Na/Si/K/Ca/
Fe/Ga/Pb particle matrix. Relative sensitivity fac-
tors (RSF) were calculated for Ca, Ga, and Pb,
normalized by Fe, and showed little variation with
respect to particle diameter over the range of
70–800 nm.

In contrast to the particles observed on 27
October 2001, there was a large degree of variability
in the metal containing particles detected on 14
March 2002. As a result, the calcium and lead mass
distributions from this day represent an ensemble of
externally mixed calcium and lead containing
particles. Estimates of particle density, based upon
compositional considerations, were provided for the
dominant particle types, including EC/OC/Ca, Al/
Si/Ca/Fe, EC/OC/Pb and Na/K/Zn/Pb. Further-
more, direct estimates of particle shape factor were
given for the EC/OC/Ca and Na/K/Zn/Pb classes.
Comparison with the 27 October 2001 calcium and
lead mass distributions showed that the ability of
the RSMS data to reconstruct the MOUDI mass is
much better for the Ca/Pb-containing particles
observed on 14 March 2002 than for those
detected on 27 October 2001, suggesting that the
sensitivity of the single particle instrument to both
calcium and lead depends on the particle matrix. In
addition, inspection of the ultrafine mass measured
by RSMS, as compared to the method detection
limits of the MOUDI/ICP-MS analysis, revealed
that it is difficult to detect trace amounts of
metal in ultrafine particles using MOUDI/
ICP-MS, highlighting another benefit of single
particle analysis.
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[1] Approximately 236,000 single particle mass spectra were collected throughout the
duration of the Pittsburgh Supersite experiment using the third-generation rapid single
particle mass spectrometer (RSMS-3). The instrument was operated semicontinuously for
306 days, sampling particles with aerodynamic diameters in the range of 30–1100 nm and
collecting both positive and negative ion spectra, particle size, and time of detection for each
particle measured. The entire data set has been fully processed and analyzed. Spectra
have been clustered into 20 distinct particle classes on the basis of the distribution of their
positive ion mass peaks. Negative ion spectra were classified independently within each
positive ion class. Frequency of occurrence versus particle size, month of the year, and wind
direction has also been calculated for the full data set, as well as within each class. Results
indicate a rich array of multicomponent ultrafine particles composed primarily of carbon and
ammonium nitrate. Approximately 54% of all the particles measured fell into the
carbonaceous ammonium nitrate (CAN) class. These particles were observed in all size bins
and from most wind directions for the entirety of this study. Ubiquitous sources throughout
the area, including vehicular emissions and secondary organic aerosol formation, are
considered to be responsible for a larger fraction of these particles. In terms of particle
number, metal containing aerosol dominated the remainder of the particle classes identified.
These particles were rich in K+, Na+, Fe+, and Pb+ and to a lesser extent, Ga+ and Zn+. They
tended to be smaller in size and were highly correlated with specific wind directions,
facilitating the isolation of specific sources.

Citation: Bein, K. J., Y. Zhao, A. S. Wexler, and M. V. Johnston (2005), Speciation of size-resolved individual ultrafine particles in

Pittsburgh, Pennsylvania, J. Geophys. Res., 110, D07S05, doi:10.1029/2004JD004708.

1. Introduction

[2] Numerous advances have been made in understanding
the effects of anthropogenic particle emissions on the
atmosphere including the mechanism and feedback of
aerosol radiative forcing, the correlation between fine at-
mospheric particles and adverse health effects, visibility
reduction due to particle loading and ecological degradation
due to particle deposition. These advances have facilitated
and necessitated the continual development of aerosol
instruments capable of measuring particle concentrations,
size distribution and chemical composition with increasing
accuracy for smaller and smaller particle sizes.
[3] Conventional instruments for these measurements

were designed with the idea of collecting particles onto a

substrate, which can be analyzed later for mass and chem-
ical composition using traditional techniques. Although
these instruments are useful, they are limited by the amount
of detail they can capture. Essential information, such as the
original chemical composition of individual particles, the
distribution of compositions among different particle sizes
and time resolution of particle detection, is obscured or lost.
Recent technological developments have allowed for
improvements in theway that atmospheric aerosol is sampled.
A new technique has been established that is capable of
counting, sizing, and analyzing particles one by one in real
time. The general design of an instrument implementing such
a technique encompasses size-selective particle focusing,
particle detection, laser ablation, mass spectrometry, and
signal digitization [Wexler and Johnston, 2001]. Several
groups around the world have built instruments based upon
this method of single particle sampling [Thomson and
Murphy, 1994; Prather et al., 1994; Hinz et al., 1994;
Murphy and Thomson, 1995; Suess and Prather, 1999;
Jayne et al., 2000]. One of the original prototypes [Johnston
and Wexler, 1995; Carson et al., 1995] is referred to as a
rapid single particle mass spectrometer (RSMS). Instru-
ments like RSMS are clearly superior in their capacity to
obtain the original composition of individual particles at the
time of detection as well as counting and sizing particles of
similar or different composition.
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[4] One inherent drawback of these instruments is the use
of light scattering to detect particles. Particles with diame-
ters less than the wavelength of light cannot be easily
detected. This puts a practical lower detection limit of
approximately 200 nanometers on the instrument [Wexler
and Johnston, 2001]. Unfortunately, some of the most
fundamental physics and chemistry behind particle forma-
tion and evolution can only be captured in the analysis of
ultrafine particles, typically defined as having aerodynamic
diameters less than 100 nm. In addition, both toxicological
and epidemiological studies show an increased risk of
respiratory health effects associated with exposure to ultra-
fine particles, as compared to accumulation mode or coarse
mode particulate matter (PM), making their characterization
even more important [Peters et al., 1997; Pekkanen et al.,
1997; Donaldson et al., 1998; Li et al., 2003]. The instru-
mental modifications necessary to overcome this obstacle
have only recently been implemented though they have
been known for several years. The essence of eliminating
the need to detect a particle lies in the ability to fire the
ablation laser with a constant energy output at a high
frequency and to only collect spectra when a particle is
present [Reents et al., 1995]. This technique was first
deployed in the development of the second-generation rapid
single particle mass spectrometer, RSMS-2 [Carson et al.,
1997]. Further improvements to RSMS-2 were made by the
inclusion of a size-selective focusing inlet, originally intro-
duced byMallina et al. [2000]. The design of the instrument
and results from laboratory experiments have been de-
scribed in detail elsewhere [Ge et al., 1998; Mallina et
al., 2000; Johnston, 2000; Phares et al., 2002; Lake et al.,
2003]. In addition, RSMS-2 has been successfully deployed
in two major field studies, the 1999 Atlanta Supersite
experiment [Rhoads et al., 2003] and the 2000 Houston
Supersite experiment [Phares et al., 2003]. During the
Atlanta study four different types of single particle instru-
ments, including RSMS-2, were deployed simultaneously
[Lee et al., 2002; Liu et al., 2003; Jimenez et al., 2003;
Rhoads et al., 2003; Wenzel et al., 2003; Lee et al., 2003].
For an inter comparison of the measurements obtained from
these techniques, see Middlebrook et al. [2003].
[5] RSMS-3 is the latest version in the RSMS family.

Improvements in RSMS-3 over earlier versions include:
(1) the addition of a negative ion mass spectrometer to run
in conjunction with the positive one such that both positive
and negative ion spectra are obtained for each particle, (2) two
A/D converters on each spectrometer to increase dynamic
range, and (3) software improvements that enable automa-
tion and remote control of the instrument. RSMS-3 was
specifically constructed for deployment in a yearlong air
quality field study located adjacent to Carnegie Mellon
University in Pittsburgh, Pennsylvania as a part of the
U.S. Environmental Protection Agency (EPA) Supersites
program. The purpose of RSMS-3 in this study was to
provide semicontinuous, time and size resolved measure-
ments of single particle composition for ambient air pollu-
tion in the Pittsburgh area. These measurements are
extremely valuable not only in assessing Pittsburgh air
quality but also for numerous other applications. Many
issues of interest in this field, ranging from health affects
to global climate, are believed to be strongly linked to the
composition as well as the size of the particles involved.

This paper, however, will focus strictly on statistical anal-
ysis of the data and the application of these statistics to
initiating possible source-receptor relationships.

2. Experiment

2.1. Instrument

[6] As mentioned in the introduction, the details of
RSMS have been described in previous work such that only
the major points will be revisited here. RSMS-3 is depicted
schematically in Figure 1. The measurement technique
involves size-selective particle sampling, particle beam
generation, laser desorption/ionization of individual par-
ticles and mass spectrometry. During this experiment,
ambient air was drawn from outside the trailer at a height
of 6.4 meters above ground through a 10 cm diameter
stainless steel duct. Aerosol was sampled from the center
of the duct through 1=4 inches OD copper tubing and dried
with a Nafion dryer (Perma Pure, Inc., Toms River, New
Jersey) prior to entering the inlet. Using a computer con-
trolled 10-position rotary valve (Valco Instruments Co.,
Houston, Texas), the particle flow is then directed through
one of nine differently sized flow-limiting orifices contained
in an orifice bank (O’Keefe Controls Co., Trumbull, Con-
necticut). The size of the orifice determines the pressure just
upstream of the critical focusing orifice. This inlet pressure,
in conjunction with the geometry of the critical orifice,
determines the particle size focused and transmitted into the
instrument. Aerodynamic diameter of the focused particles
can be approximated by

Dp ¼ 1:66lð Þ2þ 18mdnStkf
rpUsonic

 !" #1
2

�166l; ð1Þ

where l is the mean free path evaluated at the critical orifice
conditions [Wexler and Johnston, 2001]. The maximum
particle diameter that can be focused in this manner is given
by the quantity within the inner brackets, where m is gas
viscosity, dn is the diameter of the critical orifice, rp is
particle density, Stkf is the stokes number that is focused
(�1.1) and Usonic is the speed of the gas through the critical
orifice, which is sonic since the flow is choked. The particle
beam then travels through several differentially pumped
skimming stages in which the carrier gas is removed using
both mechanical pumps (BOC Edwards, Wilmington,
Massachusetts; Varian Inc., Lexington, Massachusetts) and
split turbo pumps (Pfeiffer Vacuum, Nashua, New Hamp-
shire). Particles then enter the source region where they are
vaporized and ionized by a colinear, counter propagating
and free-fired 193 nm excimer laser (GAM Laser, Orlando,
Florida). Ions are initially accelerated by a dual gradient in
the source region and then travel at constant velocity down
their respective time of flight tubes until they impinge upon
the microchannel plate detectors (Burle Electro-optics Inc.,
Sturbridge, Massachusetts). Current from each detector is
recorded and digitized by two separate 500 MHz digitizer
channels (Acqiris, Monroe, New York). Overlapping high
and low sensitivity channels increases signal resolution and
enhances dynamic range by optimizing the offset between
signal saturation and limit of detection. Triggered by each
laser pulse (50 Hz), the digitizer collects 5000 sample points
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with a sampling rate of 2 ns covering a mass-to-charge ratio
range of �1–300 Da for each detector. As part of the data
acquisition software, written in LabView2 (National
Instruments Inc., Austin, Texas), signal intensity from each
mass spectrum is checked against an experimentally
determined threshold to ensure that only spectra from true
particle hits are recorded. Peaks from either positive or
negative ions can trigger the spectrum to be saved.
Threshold values are different for different windows within
the spectrum and certain sections were left out to avoid
triggering on background peaks. Since the background
peaks are associated with gas phase contamination originat-
ing from inside the instrument, their relative peak heights
are independent of the particle size being sampled, and thus
the same threshold values were used for all nine orifices.
For each particle hit, positive and negative ion intensity,
time of detection and particle size are recorded.

2.2. Sampling Protocol

[7] RSMS-3 was fully automated for the entirety of the
Pittsburgh Supersite experiment, controlled solely by the
data acquisition software, except during times of mainte-
nance or special studies. The measurement protocol was
based on sampling intervals starting every three hours for
the first four months (September–December 2001) and

every two hours for the remainder of the study (January–
September 2002). Each sampling interval consisted of
cycling through the nine flow-limiting orifices, corre-
sponding to nine different particle sizes transmitted into the
instrument ranging from about 30 nm to 1.1micrometers. The
instrument was operated at each orifice until either 10 min
expired or 30 particles were sampled, whichever came first.
On average, �1 hour was required to step through the
entire orifice bank. This protocol was adopted to allow
for instrument down time between sampling intervals to
optimize the balance between instrument sustainability and
robustness of the data set. Over the course of a day, the
average number of single particle mass spectra acquired was
�1100. Of these 1100, �15% had detectable signal from
both positive and negative ions while the remainder had
signal from positive ions only.

2.3. Data Processing and Analysis

[8] Remote control software, pcAnywhere
TM

(Symantec
Inc., Cupertino, California), was used to monitor the per-
formance of the instrument and to transfer data from the
instrument’s hard drive to University of California-Davis
computers for storage, postprocessing and analysis. Each
single particle mass spectrum collected has been processed
from its original state as follows: (1) It has been time to

Figure 1. A schematic of the RSMS-3 instrument.
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mass calibrated according to the relation m/z = (at + b)1/2

where m/z is mass to charge ratio, a and b are experimen-
tally determined constants and t is the time interval during
which the ion current was detected. (2) A binned ion current
for each m/z value was obtained by integrating ±0.5 Da
about each integer m/z value. (3) The spectrum has been
normalized across all m/z values according to a Euclidian
norm. Calibration is the single most important step in this
procedure. It is vital to the interpretation of the spectral
peaks. Since the calibration constants are moderately de-
pendent on the degree to which the particle and laser beams
are coincident, they have a tendency to vary slightly from
spectrum to spectrum. As a result, each spectrum has been
inspected and calibrated individually to ensure the quality of
the data processing and the integrity of the analysis.
[9] Owing to recent progress in digital capture, process-

ing and storage technology, RSMS-3 presents a unique
challenge to data analysis in its ability to amass enormous
sets of data in relatively short time durations. For instance,
over 200,000 dual-polarity single particle mass spectra
were collected during this campaign alone. Confounding
the issue is that each spectrum itself can have as many as
500 independent components, or dimensions, each with its
own inherent uncertainty. Perhaps the single most chal-
lenging task in working with such data sets is creating an
unbiased and self-consistent mechanism for reducing the
amount of data without compromising resolution or robust-
ness. An obvious starting point is to construct an algorithm
that organizes individual data points (spectra) into unique
clusters (particle classes) based upon some metric of simi-
larity between them. The process should include a set of
conditions that control the evolution of the classification
while simultaneously allowing for convergence to a unique
solution.
[10] Adaptive Resonance Theory version 2a (ART-2a)

[Carpenter et al., 1991], originally introduced to the aerosol
community by Hopke and Song [1997], is an example of
such a classification algorithm currently in use by a number
of groups. Spectra obtained from laboratory generated
aerosol of known composition were used to validate its
application to single particle data [Phares et al., 2001]. It
uses the vector dot product as its metric of similarity and is
controlled by two parameters, one of which sets the condi-
tion for similarity and the other which determines the rate at
which the algorithm learns. A new algorithm, based on
ART-2a, has been developed specifically for the analysis of
this data set encompassing several improvements. First, the
process by which clusters are seeded has been reconstructed
to allow for the identification of ‘‘natural seeds’’ in a data
set, rather than picking random seeds. ‘‘Natural seeds’’ are
defined as those spectra having the largest number of most
similar partners. This makes the seeding process definitive,
rather than random, and ensures that the outcome of the
classification is no longer dependent on the choice of
spectra used to seed it, since the same spectra will always
be chosen. Secondly, the dynamics of the algorithm have
been de-coupled from parameterization to allow for unbi-
ased learning from iteration to iteration. Specifically, the
learning rate parameter has been eliminated in favor of
equal-weighted averaging; allowing the variance in the
mass peaks of each cluster to be calculated. This ensures
that the clustering is based on true statistics rather than an

arbitrary parameter. Finally, a variance-weighted similarity
metric, based on the geometric distance rather than the dot
product, has been adopted. Both the dot product and the
geometric distance are inherently a measure of the angle of
separation between two vectors (spectra), but the geometric
distance is proportional to the sine of the angle, rather than
the cosine, and thus is more sensitive at small angles;
similar vectors. Using either metric alone, however,
assumes that each dimension is equally important when
comparing spectra and therefore each dimension should be
equally weighted. In attempts to relax this notion, a more
realistic approach has been taken that weights each dimen-
sion by its own inherent variance. This allows clusters to
adopt an ellipsoidal shape, rather than being strictly spher-
ical. The algorithm has been thoroughly tested and validated
on a well characterized subset of data collected during this
experiment. Results indicate convergence from different
sets of initial conditions, stability from iteration to iteration
and reproducibility of results.
[11] In addition to data clustering, numerous other anal-

ysis techniques have been applied which sort, organize,
correlate and count spectra. These have been used on the
entire data set to determine the fraction of total particle hits
by month, size and particle class. They were also applied
independently to each particle class to establish the distri-
bution of particle hits within the class by month, time of
day, size and wind direction. Correlating single particle
spectra with wind data is possible due to the time signature
associated with each spectrum. It allows for the identifica-
tion of the direction(s) from which each particle class is
most frequently observed. This, in conjunction with knowl-
edge of local industry, can be used to associate specific
classes with nearby sources and has proven to be a very
powerful technique for studying source attribution.

2.4. Site

[12] During this field study, RSMS-3 was housed at the
Schenley Park site located adjacent to Carnegie Mellon
University in Pittsburgh, Pennsylvania. Pittsburgh can be
characterized as a largely industrialized and urbanized city
surrounded by both suburbs and rural areas. As such, it was
an excellent location to capture the true depth and com-
plexity of urban aerosol. The list of emission sources within
Pittsburgh is exhausting, let alone the possibility of regional
transport from outside the city. Figure 2 depicts amap of some
of the major PM2.5 point sources within 24 km (15 miles) of
the site. Notice that the site is surrounded by coal fired power
plants. To the northeast are Allegheny Power and the
Duquesne Light Co., to the south are Elrama and Mitchell
and to the northwest, not drawn on the map, are Orion Power
Midwest LLC (Phillips Station, 28.3 km, 301�) and Bruce
Mansfield (1255 metric tons/year PM2.5, 45.5 km, 298�).
There are seven additional major coal fired power plants
within 80 km (50 miles) of the site. All of these power plants
are considered large sources of NOx and SO2, as well as
moderate sources of trace metals. Steel mills and blast
furnaces comprise the next largest industrial point source
of PM in the area. USX Corporation (Edgar Thompson
Works), USX Corporation (Irvin Plant), USS Clairton
Works, Universal and Stainless Alloy Products and
Shenango Neville Island Coke Works all use steel mills
and blast furnaces. Other sources on the map include a
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landfill owned by Chambers Development Co., two cement
processing facilities (possibly large sources of coarse mode
calcium) and two glass plants. Not included on the map, but
still of interest, are a hospital incinerator located adjacent to
ShenangoCokeWorks (General SuburbanHospital, 11.9 km,
310�), Allegheny Ludlum Steel (410 metric tons/year
PM2.5, 26.5 km, 42�) and Zinc Corporation of America
(363 metric tons/year PM2.5, 41.8 km, 307�), a company
dealing primarily in zinc and other nonferrous metals.
Besides industry, a significant fraction of PM measured at
the site can be attributed to numerous ubiquitous sources
such as commuting, cooking and wood burning.

3. Results

[13] RSMS-3 began taking measurements on 20 Sep-
tember 2001 and was successfully sampling for 306 of
the possible 372 operation days. During this period,
236,286 single particle mass spectra were acquired,
185,244 (78.4%) of which had positive ion signal only
and 51,042 (21.6%) that had both positive and negative
ion signal. There were very few instances of spectra with
only negative ion signal. Figure 3a shows the fraction of
total particle hits obtained from each of the nine orifices
for particles with positive ion spectra only (solid white)

and those with positive and negative ion spectra (diagonal
stripes). The sum of the two is the total fraction. The
nominal aerodynamic diameter of particles focused by
each orifice is labeled in nanometers on the x axis. Please
note that this is not a true size distribution, particles are
simply being counted at each orifice. There are many
confounding factors involved with extracting true size
distributions from this data. The difficulty lies in the fact
that the hit rate efficiency of the instrument is a function
of both particle size and composition, as has been
discussed in detail by Kane and Johnston [2000]. It is
also important to note that the existence of a complimen-
tary negative ion spectrum is most commonly an indicator
of atmospheric aging. This is simply due to the fact that
the major negative ions detected are those of secondary
particle components, specifically nitrates and sulfates. As
a result, negative ion signal is seen predominantly in the
spectra of particles from the larger size bins because there
is simply more analyte in larger particles, making detec-
tion more likely. Note that small particles may have also
undergone significant atmospheric transformations but this
cannot be detected in the negative ion spectrum due to
the combination of insufficient analyte and lower instru-
ment sensitivities for these components in general [Kane
et al., 2002]. The fraction of total particle hits by month

Figure 2. Major PM sources within 24 km of the site. Bearing from site is measured clockwise from
true north. Listed emission rates are for PM2.5.
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of the year is shown in Figure 3b, normalized by the
number of days within each month that the instrument
was actually sampling. Once again, both the fraction of
particles with positive ion spectra only (solid white) and
the fraction of those with positive and negative ion
spectra (diagonal stripes) have been plotted. Results
indicate that the largest fraction of particles sampled, as
well as the largest fraction containing negative ion
spectra, was observed in the winter during the month of
January. However, there are elevated levels in the summer
months of June and July as well. Figure 3c displays
frequency of occurrence versus wind direction for all
wind observations greater than two meters per second,
depicting major wind directions in the Pittsburgh area.
Notice that the wind comes predominantly from the west
to northwest and is almost never observed originating
from anywhere inside the first quadrant. This is an
important issue to consider when interpreting wind sig-
natures associated with specific particle classes. Particles

are observed in the first quadrant, but little statistical
significance is given to these observations in the context
of identifying source-receptor relationships.
[14] Data classification was performed in a series of steps

designed to enhance the quality of the classification and
make certain its validity. First, the entire data set was split
into three groups based upon periods of similar operating
conditions and instrument performance. The clustering
algorithm was then applied independently to each of the
three groups using positive ion spectra only. In total, over
500 clusters were isolated. Each cluster was individually
inspected, peak assignments were made for all known peaks
and the normalized peak heights recorded. This information
was used in conjunction with a sorting algorithm to organize
the clusters into approximately 100 subclasses. Sorting was
performed under the condition that all clusters within each
subclass contain the same six largest peaks in identical peak
height progressions. Subclasses were then categorized into
20 distinct particle classes by grouping together those

Figure 3. Summary statistics for all particles sampled during the Pittsburgh Supersite experiment. (a)
Fraction of total particle hits versus particle aerodynamic diameter for spectra containing both positive
and negative ion signal and those containing positive ion signal only. (b) Fraction of total particle hits by
month for spectra containing both positive and negative ion signal and those containing positive ion
signal only. Reported values have been normalized by the number of days within each month the
instrument was operating. (c) Frequency of observation versus wind direction for all wind observations
greater than 2 m/s. Wind direction is measured clockwise from true north. (d) Monthly distribution of the
ten largest particle classes, along with the iron/cerium class. The number of spectra, belonging to a given
class within each month, has been normalized by the total number of spectra collected during that same
month.
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containing the same four dominant peaks, regardless of the
distribution of peak heights. Results are summarized in
Table 1. The first column contains a general description
of each particle class, the second displays the percent of the
total number of spectra which belong to that class, the third
is the percent of spectra within the class observed to have
negative ion signal, the fourth shows the percent of spectra
within the class having detectable amounts of NO+, the fifth
lists the subclasses within each class and the sixth column
lists the subclass distribution within the class. Figure 3d
depicts the monthly distribution of the ten largest particle
classes listed in Table 1, along with the iron/cerium class.
The number of spectra, belonging to a given class, within
each month has been normalized by the total number of
spectra collected during that same month. Notice that all of
these classes, with the exception of unidentified organics
and iron/cerium, were observed continuously throughout
the duration of this study, and that a majority of the particles
observed were carbonaceous in nature, both overall and
within each month. A more detailed discussion of the
temporal distribution of each class will be given below.
Negative ion spectra were classified independently within
each positive ion class during the final step of classification.
Figure 4 depicts the distribution of all negative ion spectra
among the identified negative ion classes. As stated above,
sulfate and nitrate, secondary components, dominate the
entire distribution. Note that every single negative ion class
has some form of sulfate in it. The four largest classes
contain nitrate/sulfate, sulfate only, chlorine/nitrate/sulfate
and elemental carbon/organic carbon/sulfate.
[15] Figures 5–16 summarize the results of the 10 major

particle classes (>1% of the total number of particles, see
Table 1) and two minor classes (Ce/Fe and Cr/Mo/W). Each
figure contains five graphs, a–e, that illustrate different
ensemble characteristics of the particles found in that class.
The first graph (a) is a spectral representation of the class
showing normalized peak area versus mass to charge ratio
(m/z), the average of all spectra belonging to the dominant
subclass. The bars at the top of each mass peak represent the
standard deviation in the average. The second plot (b) depicts
both the fraction of particle hits having positive ion signal
only (solid white) and the fraction having positive and
negative ion signal (diagonal stripes) versus aerodynamic
diameter. Third is a wind rose (c) illustrating frequency of
observation of the class versus wind direction for all wind
speeds greater than 2 m/s. Real time data acquisition allows
each single particle spectrum to be associated with a specific
wind speed and direction. As a result, particles can be
counted for a given wind direction interval. For the analysis
described in this paper, 5� intervals were used. Values
obtained for each interval have been normalized by the total
number of wind observations, depicted in Figure 3c, for that
same interval. This has been done in attempts to normalize
out the major wind directions, isolating regions where
particles were observed more frequently than the wind,
relative to the other directions. However, as mentioned
above, the wind is almost never observed originating from
anywhere inside the first quadrant and thus particle observa-
tions within this quadrant will tend to be exaggerated, relative
to the other three quadrants, during the normalization pro-
cess. In this sense, peaks occurring in the first quadrant are
considered statistically insignificant and will be disregarded.

Next is a graph (d) showing the fraction of particle hits by
month for spectra containing positive ion signal only and
those containing both positive and negative ion signal. The
fractions reported have been obtained by normalizing the
number of particle hits, belonging to the class, that were
observed during each month by the total number of particles
observed during that same month. The final plot (e) is a pie
chart displaying the distribution of particles, for which
negative ions were observed, among the identified negative
ion classes.

3.1. Carbonaceous Ammonium Nitrate (CAN)

[16] CAN is by far the largest and perhaps most complex
class of particles identified in Pittsburgh. For a large
majority of these particles, it is not possible to determine
whether the carbon is elemental or organic solely from the
peaks in their mass spectra. The laser energy required to
vaporize and ionize particles is too large to retain any
significant information about the original structure of most
organic molecules. As a result, unless stated otherwise, the
carbon in these particles can be elemental, organic or a
combination of the two. The spectral representation shown
in Figure 5 is that of an ammonium nitrate dominant
subclass containing smaller carbon peaks (44% of class).
Closely related is the carbon dominant subclass containing
smaller ammonium nitrate peaks (28%). It is important to
note that making a distinction between these two subclasses
is a bit arbitrary. In reality, the ratio of signal intensities,
NO+/C1

+, is continuously distributed over a range of �0.1–
1.5 [Zhao et al., 2005]. Therefore it is more appropriate to
think of only one subclass that displays a wide range of
relative peak heights. The other three subclasses, compris-
ing the remaining 28% of the class, have the same four
dominant peaks (C1

+, C2
+, C3

+ and NO+) as the previous two,
but contain additional peaks, facilitating their isolation as
different particle types. Two of them contain carbon that is
distinguishably organic and appears to be highly oxygenated
(oxy-OCAN), as evidenced by the presence of signature
peaks for: CO+, C2H3O

+, C4H7O
+, etc. The remaining one,

as well as one of the oxy-OCAN subclasses, contains distinct
positive ion sulfate peaks (SO+, HSO2

+, HSO3
+ and

NH4�HSO3
+) in addition to carbon and ammonium nitrate

(CANS, oxy-OCANS), possibly indicating a greater amount
of sulfate in these particles. The purpose to making a
distinction between these subclasses is to accentuate the fact
that this class does not represent a single particle type, but
rather a distribution of many carbonaceous aerosols contain-
ing various combinations of numerous organic species,
elemental carbon, nitrate and sulfate.
[17] Looking at the fraction of total particle hits by size

indicates that these particles have undergone a considerable
amount of atmospheric aging and thus tend to be skewed
toward the larger size bins. This is also evident by the
overwhelming amount of ammonium nitrate and sulfate
found in both the positive and negative ion spectra. The
organic carbon itself is most likely from combustion or
secondary organic aerosol. From the wind rose there appear
to be numerous sources, as was expected given the com-
plexity of the class and the nature of the particle. The
monthly distribution shows the particle fraction slowly
climbing during the late fall, peaking during the winter
months of January and February, and then falling off as
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spring and summer approach. This trend is most likely
associated with a reduction in the vapor pressure of ammo-
nium nitrate accompanying lower temperatures. The reduc-
tion in vapor pressure will force the ammonium nitrate into
the particle phase and thus increase the frequency with
which this class of particles is observed. However, notice
that there are elevated levels in the month of June, falling
outside the trend. Obviously nitrate and sulfate dominate the
negative ion speciation within this class. A bit more
surprising is the significant amount of chlorine found in
these particles, whose source is unknown.

3.2. Elemental Carbon//Organic Carbon//Potassium
(EC//OC//K)

[18] In urban and residential settings, biomass particles
are typically associated with burning wood for energy or
recreation. Rural areas can also be a large source of
biomass particles, typically through heating, recreation
and waste disposal. The signature spectrum, shown in
Figure 6, includes a potassium ion in conjunction with
multiple carbon peaks (C1

+–C4
+). Similar to CAN, the K+/C1

+

ratio exhibits a rather continuous distribution. Also similar to
CAN, it is not possible to discern whether the carbon is
elemental or organic from thesemass peaks. Amajority of the
particles measured had aerodynamic diameters in the range of
100–200 nm, consistent with a combustion source. The wind
rose suggests numerous sources and the monthly distribution
indicates that these particles were observed largely during the

late fall and early winter, although there are slightly elevated
levels in July as well. The negative ion spectra contain
predominantly nitrate and sulfate, again with a significant
amount of chlorine. Chlorine in this class is most likely

Table 1. Positive Ion Classification Statisticsa

Positive Ion Classb
Percent
of Totalc

Percent
With

Negative
Ion

Signald

Percent
With

Ammonium
Nitratee Subclassesf Percent of Classg

Carbonaceous ammonium
nitrate (CAN)

54.43 22.06 100 ammonium nitrate, carbon,
oxygenated + sulfate,

oxygenated organics, sulfate

44.2, 28.3, 12.9,
11.7, 2.9

EC/OC/K 10.87 20.59 99.6 EC/OC_K, EC/OC_K, Pb 93.9, 6.1
EC/OC 6.59 20.39 3.5 6 subclasses (C1, C2, C3) 100
Na, K 5.76 14.87 72.5 5 subclasses (Fe, Pb) 100
Unidentified organics 3.34 19.89 64.6 4 subclasses 100
Elemental carbon 3.24 20.88 63.3 3 subclasses 100
Si, K, Fe, Ga 3.12 30.52 66.7 10 subclasses

(Al, Na, Li, Pb, P, Cr)
100

Na, K, Zn, Pb 2.86 18.6 86.2 8 subclasses
(Fe, Cr, Li, Sn)

100

Li, Na, K 2.28 11.56 71 3 subclasses (Fe, Pb) 100
Fe 1.16 24.31 16.6 3 subclasses 100
Na, K, Sn, Pb 0.8 22.24 67.1 3 subclasses (Li, Cr) 100

Amines 0.68 15.03 100 C3H8N, C5H12N,
hydroxy aliphatic

58.9, 37.4, 3.8

Al, Si, Ca 0.55 51.08 19.6 6 subclasses (Na, K, V, Pb) 100
Mixed metals 0.5 17.69 41.5 27 subclasses 100
Nickel 0.45 0.09 0 4 subclasses (Fe, Ca, Co) 100
Ca/CaO 0.37 24.12 66.7 4 subclasses (S, P,Na) 100
Fe, Ce 0.29 25 80.8 3 subclasses 100
Unidentified 0.26 37.14 N/A N/Ah N/A
Cr, Mo, W 0.13 8.91 10.9 2 subclasses (Na, K) 100
Sulfate only (positive) 0.02 3.7 0 no subclasses 100

aStatistics from the positive ion classification of single particle mass spectra collected during the Pittsburgh Supersite experiment.
bGeneralized description of identified classes.
cPercent of the total number of particles sampled that belong to each class.
dPercent of particles within the class observed to have detectable negative ion signal.
ePercent of particles within the class containing detectable amounts of NO+ (associated with ammonium nitrate).
fGeneral description of subclasses identified within each class.
gPercent of particles within the class that belong to each subclass.
hN/A, not applicable.

Figure 4. Overall classification of negative ion mass
spectra collected during the Pittsburgh Supersite experiment.
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Figure 5. Summary statistics from the analysis of the carbonaceous ammonium nitrate class, containing
54.4% of the total number of particles sampled. See text for more details. All distributions plotted in this
figure refer solely to the particles within this class. (a) Positive ion spectral representation of the
carbonaceous ammonium nitrate class depicting average peak area versus mass to charge ratio. The bars
at the top of each mass peak represent the standard deviation in the average. (b) Fraction of particle hits
versus particle aerodynamic diameter for spectra containing both positive and negative ion signal and
those containing positive ion signal only. (c) Frequency of observation versus wind direction for wind
speeds greater than 2 m/s. Values obtained for each wind direction interval have been normalized by the
total number of wind observations for that same interval. Wind direction is measured clockwise from true
north. (d) Fraction of particle hits by month for spectra containing both positive and negative ion signal
and those containing positive ion signal only. Reported fractions have been obtained by normalizing the
number of spectra, belonging to the class, that were observed during each month by the total number of
particles observed during that same month. (e) Distribution of particles, for which negative ions were
observed, among the identified negative ion classes.
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associated with wood burning, as chloride ions have been
observed in several studies on wood smoke emissions
[Kleeman et al., 1999; Schauer et al., 2001]. Depending
on the type of wood that is burned, chlorine comprises as
much as 0.13–1.7%, by mass, of the fine particulate
emissions [Schauer et al., 2001].

3.3. Elemental Carbon//Organic Carbon (EC//OC)

[19] Typical spectra in this class contain only the first
three carbon cluster ions (C1

+–C3
+), see Figure 7. Once

again, it is not immediately clear from this series of peaks
whether the carbon is elemental, organic, or a combina-
tion. However, the sizes of the particles suggest that they
are combustion particles since the majority of those

detected were in the 75–125 nm range. The wind rose
suggests that this class of particles has been routinely
detected from all directions, which is consistent with
multiple sources; such as vehicles and cooking. One of
the major differences between this class and CAN is the
absence of detectable amounts of ammonium nitrate in
the positive ion spectra. Notice that the observed monthly
distribution for this class is largely anticorrelated with
that of CAN, further evidence for the seasonal trend in
ammonium nitrate discussed earlier. Carbon particles
without ammonium nitrate are observed less frequently
in the winter months, when the temperatures are colder,
and more frequently in warmer months, with the excep-
tion of August and September. Nitrate is still observed in

Figure 6. Summary statistics from the analysis of the EC/OC/K class, containing 10.9% of the total
number of particles sampled. See caption of Figure 5 and text for a detailed description of Figures 6a–6e.

D07S05 BEIN ET AL.: SPECIATION OF SIZE-RESOLVED ULTRAFINE PARTICLES

10 of 22

D07S05



the negative ion spectra, along with sulfate and EC/OC,
but note that, similar to CAN, only �20% of the particles
in the class have detectable negative ion signal.

3.4. Sodium//Potassium (Na//K)

[20] Easily distinguished by the combination of Na+,
K+, Na2

+ and NaK+ ions, as depicted in Figure 8, this is
the largest class of non-carbon-based particles. Sodium
and potassium are very common earth alkali metals
emitted by a variety of sources. Potassium was discussed
briefly in the context of biomass burning, but has also
been identified in both sea salt and road salt particles,

similar to sodium. However, given that the majority of
the particles detected were in the size range of 75–200 nm,
this class is inconsistent with what one would expect to see
for sea salt or road salt particles, suggesting an alternate
source. This is supported by the fact that the nearest ocean is
almost 500 km away and the majority of Na/K particles were
observed in the summer months, when the roads are not being
salted. On the other hand, besides the nitrate/sulfate class, the
negative ion speciation is dominated by chlorine (33%),
implying that these particles are, in fact, composed primarily
of NaCl and KCl salts. From the wind rose, it is clear that
these particles originate largely from somewhere inside the

Figure 7. Summary statistics from the analysis of the elemental carbon/organic carbon class, containing
6.6% of the total number of particles sampled. See caption of Figure 5 and text for a detailed description
of Figures 7a–7e.
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second quadrant. There are numerous sources in this
general area so it is hard to attribute the class to any
one in particular.

3.5. Unidentified Organics

[21] This is a very interesting class of particles. As the
name of the class states, the chemical composition of
these particles is yet to be completely identified. For this
reason, no peak assignments have been made in Figure 9;
only the m/z values of the dominant and reoccurring
peaks have been listed. Notice the structure that begins to
develop at m/z 81. Successive peaks further downfield are
separated by 14 Da (81, 95, 109, 123, 135, 149, etc.).

This kind of structure suggests large organic carbon
chains perhaps with high degrees of functionality. From
the plot of particle fraction versus size, these particles
tend to be larger in size, peaking around 200–300 nm,
with significant fractions of secondary components in the
largest size bins. Looking at the wind rose, there is a
very well-defined wind signature for this class of par-
ticles. Notice that the direction coincides exactly with
Chambers Development Co. at 108�. This is a major
landfill and a moderate source of volatile organic com-
pounds (16 metric tons/year). In fact, these particles were
seen almost exclusively in the summer months when the
VOC emissions from the landfill were probably at a

Figure 8. Summary statistics from the analysis of the sodium/potassium class, containing 5.8% of the
total number of particles sampled. See caption of Figure 5 and text for a detailed description of
Figures 8a–8e.
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maximum. Figure 9 includes an additional plot (f) show-
ing the fraction of total particle hits by hour of the day.
Notice that this particle type is observed almost entirely
during the nighttime hours, after the sun has gone down
and the atmosphere begins to cool. Combining this
evidence we posit that the sun drives the volatilization
of VOCs from the landfill during the day, but the
atmosphere cools at night and these vapors condense on
preexisting particles. Another possibility, however, must
also be considered. Photochemical oxidation may
suppress the detection of these particles during the day,
but when the sun goes down and the chemistry shuts off,

the particles reappear. Both mechanisms most likely play
a role in the observed diurnal variation.

3.6. Elemental Carbon (EC)

[22] This is the classic elemental carbon particle, also
called black carbon. It is easily identified by the long series
of carbon cluster ions, typically from C1

+–C11
+ , seen in

Figure 10. Approximately 63% of these particles also
contain detectable amounts of ammonium nitrate, as
evidenced by the presence of NO+ peaks. Carbon has
already been discussed extensively, so this class will only
be touched on briefly. Similar to the EC/OC class, the size

Figure 9. Summary statistics from the analysis of the unidentified organics class, containing 3.3% of
the total number of particles sampled. See caption of Figure 5 and text for a detailed description of
Figures 9a–9e. (f) Fraction of particle hits by hour of the day.
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of these particles tend to be skewed toward the smaller size
bins (75–125 nm), consistent with a combustion source.
The wind rose shows multiple sources for this particle, also
consistent with combustion. They were observed continu-
ously throughout the campaign and the negative ion classi-
fication reveals a significantly larger fraction of EC/OC, in
addition to nitrate and sulfate.

3.7. Silicon//Potassium//Iron//Gallium

[23] This is the single largest class of metal particles
identified in the data set. Sodium and potassium have
already been discussed, but only in the context of

biomass burning and salts. The spectral representation,
shown in Figure 11, contains the Si+, K+, SiO+, Fe+ and
Ga+ peaks. Some of the subclasses within this class
contain trace amounts of additional metal, such as alu-
minum, sodium, lithium and lead, but the dominant ions
remain the four listed above. Notice that the majority of
the particles fall in the size range of 100–300 nm,
implicating combustion or a high temperature furnace as
the source. Also notice that there is significant negative
ion fraction in each size bin, indicating extensive atmo-
spheric processing and suggesting a more distant source.
A very pronounced wind signature for this class is

Figure 10. Summary statistics from the analysis of the elemental carbon class, containing 3.2% of the
total number of particles sampled. See caption of Figure 5 and text for a detailed description of
Figures 10a–10e.
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centered at �305�. Numerous possible sources exist in
this direction, but not all are equally probable. Shenango
Coke plant (297�, 13 km) and the hospital incinerator
(303�, 11.9 km) seem too close to the site to be
consistent with the amount of aging, while the Zinc
Corporation of America (307�, 42.2 miles) deals only in
nonferrous metals. Gallium, the least commonly seen of
the metals in this class, is actually a trace metal found in
coal. As there are very few sources of gallium in the
atmosphere, it is most likely that these particles originated
from coal combustion. It is also common to see other
crustal metals like aluminum, silicon, potassium and iron

in coal. Supporting this hypothesis, is the existence of
two large coal fired power plants precisely in the direction
of interest: Orion Power (Phillips Station, 301�, 28.3 km)
and Bruce Mansfield (298�, 45.5 km, 1255 metric tons/year
PM2.5).

3.8. Sodium//Potassium//Zinc//Lead

[24] Besides being composed of different metals, this
class of particles closely resembles the previous one. A
majority of the particles are in the size range of 100–300 nm,
all size bins contain some fraction of negative ion spectra
and there is a well resolved wind signature at �300�

Figure 11. Summary statistics from the analysis of the silicon/potassium/iron/gallium class, containing
3.1% of the total number of particles sampled. See caption of Figure 5 and text for a detailed description
of Figures 11a–11e.

D07S05 BEIN ET AL.: SPECIATION OF SIZE-RESOLVED ULTRAFINE PARTICLES

15 of 22

D07S05



(Figure 12). Given this information, and the composition
of the class, the most likely source of this particle is Zinc
Corporation of America. It is interesting to note, however,
that almost half of the negative ions contain chlorine,
suggesting that a significant amount of the metal in these
particles is bound as a salt.

3.9. Lithium//Sodium//Potassium

[25] Except for the addition of lithium, these particles
are almost identical to those of the Na/K class discussed
above, see Figure 13. They were observed consistently
throughout the study and a majority of them are in the

size range of 75–200 nm. Once again, this is more
indicative of a combustion process or high temperature
furnace rather than a sea salt particle or crustal material.
However, the wind signatures are fewer and more resolved.
Of particular interest is the well developed peak at
�120�; the peak near 80� is not statistically significant.
Notice that this coincides exactly with the USX Corporation
(Edgar ThompsonWorks, 128�, 8.5 km, 280 metric tons/year
PM2.5), a steel manufacturer housing blast furnaces and
steel mills. Almost half of the negative ion spectra
contain chlorine, suggesting predominantly NaCl and
KCl particles. Sodium and potassium chloride are both

Figure 12. Summary statistics from the analysis of the sodium/potassium/zinc/lead class, containing
2.9% of the total number of particles sampled. See caption of Figure 5 and text for a detailed description
of Figures 12a–12e.
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used as hot molten alkali salts in salt pots for heat
treating steel, suggesting that these particles originate
from within the framework of steel processing. Since
48% of the total PM2.5 (6368 metric tons/year) emitted
within 80 kilometers of the site is directly a result of the
steel industry (8 separate companies), this could help
explain the overwhelming amount of ultrafine sodium
and potassium observed in Pittsburgh aerosol.

3.10. Iron

[26] Iron is one of the most commonly observed tran-
sition metals in urban particles and such is also the case
in Pittsburgh. Consisting primarily of the iron isotope

peaks (54, 56 and 57), the spectral representation of this
class is shown in Figure 14. Notice from the size plot
that the particle fraction distribution tends to be skewed
toward the larger size bins, peaking around 200–300 nm,
possibly the tail end of a distribution of mechanical
abrasion particles, but more likely combustion or high
temperature furnace related. Looking at the wind rose,
there is a predominant wind signature centered at �125�,
again pointing almost directly at Edgar Thompson Works
(USX Corporation). This makes sense given that, besides
steel, this company also manufactures iron products. Blast
furnaces, used in the casting houses of this facility, are
the most probable source of these particles. From

Figure 13. Summary statistics from the analysis of the lithium/sodium/potassium class, containing
2.3% of the total number of particles sampled. See caption of Figure 5 and text for a detailed description
of Figures 13a–13e.
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the negative ion speciation, it is apparent that, to some
degree, all seven negative ion classes are present.
However, notice the increased fractions of both fluorine
and chlorine in these particles. One possible explanation
is the existence of hydrofluoric and hydrochloric acid on
the interior wall of the emissions stack. If this is the case,
then as iron is emitted it would sequester these acids,
eventually transferring the fluorine and chlorine into the
particle phase as salts.

3.11. Iron//Cerium

[27] As part of one of the most unanticipated classes
observed during this campaign, these particles contain the

rare earth metal cerium. From Figure 15, it can be seen
that a majority of them occupy the largest size bins,
300–1100 nm, unlike any other class. Also unique to this
class is the fact that the particles were only observed for
a relatively short period of time. Notice from the monthly
distribution that they begin to appear in December and
then practically disappear by the end of January. As a
result, there were not enough data points with wind
speeds greater than 2 m/s to obtain a good wind signa-
ture, making source attribution difficult. However, the two
most common uses of cerium are:(1) as part of catalytic
crackers used in oil refineries to break down large
hydrocarbons in crude oil to smaller, higher grade, hydro-

Figure 14. Summary statistics from the analysis of the iron class, containing 1.2% of the total number
of particles sampled. See caption of Figure 5 and text for a detailed description of Figures 14a–14e.
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carbons and (2) as an additive to many oxidation and
heat resistant alloys. Rare earth metals like cerium,
lanthanum and yttrium are added to alloys (microalloy-
ing) specifically for oxidation and scaling resistance.
Cerium is also found naturally in the Earth’s crust, as a
trace component, and has been observed in certain types
of mineral dust [Utsunomiya et al., 2004].

3.12. Chromium//Molybdenum//Tungsten

[28] This is the last class of particles that will be
addressed in this paper. A spectral representation, showing
the Cr+, Mo+, MoO+ andW+ peaks, can be seen in Figure 16.

Similar to many of the other metal-based classes, the
majority of the particle fraction resides in the smaller size
bins, peaking at �75 nm. In addition, there is only a very
small fraction of negative ions across all size bins. Together,
this indicates that the particles originated from a high
temperature furnace located relatively close to the site.
Incorporating data from the wind rose, it is clear that they
are most frequently observed from the southwest, at �235�.
This coincides almost exactly with Universal Stainless and
Alloy Products (237�, 16.9 km, 15 tons/year PM2.5). Not
surprisingly, this company is primarily involved with melt-
ing and refining alloys, including stainless steel, using

Figure 15. Summary statistics from the analysis of the iron/cerium class, containing 0.3% of the
total number of particles sampled. See caption of Figure 5 and text for a detailed description of
Figures 15a–15e.
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equipment like electric arc furnaces. Note that chromium
and molybdenum are two major constituents (along with
nickel, iron and silicon) of almost all alloys. Chromium is
added for oxidative resistance and strength, while molyb-
denum is added for strength and weldability. Tungsten, on
the other hand, is a major constituent of superalloys, added
for additional strength. It is also interesting to note that the
other dominant wind signature is aligned with the USX
Corporation (Edgar Thompson Works), also stainless steel
manufacturers. Chromium is of special interest in this class
since, depending on its oxidation state (Cr[III] versus
Cr[VI]), it can be either a nutrient or a carcinogen. Unfor-

tunately, RSMS-3 is not able distinguish between the two
species [Neubauer et al., 1995].

4. Conclusions

[29] RSMS-3, operating semicontinuously for 306 days
and sampling ambient aerosol within the size range of
�30–1100 nm, collected approximately 236,000 single
particle mass spectra as part of the EPA funded Supersites
experiment in Pittsburgh, Pennsylvania. Although negative
ion mass spectra were collected for every particle measured,
very few (�22%) had detectable amounts of negative ion

Figure 16. Summary statistics from the analysis of the chromium/molybdenum/tungsten class,
containing 0.1% of the total number of particles sampled. See caption of Figure 5 and text for a detailed
description of Figures 16a–16e.
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signal. This can be attributed to the fact that the sensitivity
of the instrument to negative ions increases with increasing
particle size. Since atmospheric number concentrations are
typically much smaller for larger particles, the hit rate of the
instrument is significantly lower at this size range. Conse-
quently, fewer particles are sampled and the fraction of
spectra containing negative ion signal is small. For this
reason, the negative ion mass spectrometer is able to
characterize larger aerosol, but becomes less informative
as the size of the particles decrease, especially in the
ultrafine regime.
[30] All particles measured during this campaign have

been clustered into particle classes based on the spectral
distribution of their positive ion mass peaks. Twenty clas-
ses, and over 100 subclasses, were identified during this
analysis. Negative ion spectra were then classified indepen-
dently within each positive ion class. Characteristic size
distributions, monthly distributions and wind signatures
were also obtained within each class. These data were used
not only to assess the dominant sizes and composition of
urban aerosol in Pittsburgh, but also to construct possible
source-receptor relationships between local industry and
classes of observed particles.
[31] Particulate pollution in Pittsburgh was found to be

predominantly carbonaceous in nature with �79% of the
particles measured containing some form of carbon. These
particles were observed in all size bins and from almost
every direction for the duration of this study. Numerous
ubiquitous sources scattered throughout the area, such as
vehicular traffic, biomass burning and secondary organic
aerosol formation, are most likely responsible for a large
fraction of these carbon particles. In addition, there was a
significant amount of ammonium nitrate observed in these
particles.
[32] Besides carbon and secondary components, metals

were recognized as the next largest constituent of Pittsburgh
aerosol. Although a rich array of multicomponent metal
particles was identified, the most commonly observed ions
were K+, Na+, Fe+, Pb+, and to a lesser extent, Ga+ and Zn+.
These particles were typically smaller in size, ranging from
about 75–300 nm, and tended to be associated with specific
wind directions. The analysis of the wind roses for individ-
ual classes has facilitated the isolation of specific local
industries to which the observed metal-based classes may
be attributed. Results from this analysis alone indicate that
high temperature furnaces are the single largest source of
ultrafine metal particles in the Pittsburgh area.

[33] Acknowledgments. Although the research described in this
paper has been funded by the U. S. Environmental Protection Agency
through grants to the Pittsburgh and Baltimore Supersites, it has not been
subjected to the agency’s required peer and policy review and therefore
does not necessarily reflect the views of the agency. No official endorse-
ment should be inferred. The authors acknowledge the assistance of Allen
Robinson in compiling emissions inventory for industry-based air pollution
sources in the Pittsburgh area, from which emission rates and source
locations reported in this paper have been obtained. The authors also
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Mining airborne particulate size distribution data

by positive matrix factorization
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[1] Airborne particulate size distribution data acquired in Pittsburgh from July 2001 to
June 2002 were analyzed as a bilinear receptor model solved by positive matrix
factorization (PMF). The data were obtained from two scanning mobility particle
spectrometers and an aerodynamic particle sampler with a temporal resolution of 15 min.
Each sample contained 165 size bins from 0.003 to 2.5 mm. Particle growth periods in
nucleation events were identified, and the data in these intervals were excluded from this
study so that the size distribution profiles associated with the factors could be regarded as
sufficiently constant to satisfy the assumptions of the receptor model. The values for
each set of five consecutive size bins were averaged to produce 33 new size intervals.
Analyses were made on monthly data sets to ensure that the changes in the size
distributions from the source to the receptor site could be regarded as constant. The
factors from PMF could be assigned to particle sources by examination of the number
size distributions associated with the factors, the time frequency properties of the
contribution of each source (Fourier analysis of source contribution values), and the
correlations of the contribution values with simultaneous gas phase measurements (O3,
NO, NO2, SO2, CO) and particle composition data (sulfate, nitrate, organic carbon/
elemental carbon). Seasonal trends and weekday/weekend effects were investigated.
Conditional probability function analyses were performed for each source to ascertain
the likely directions in which the sources were located. Five factors were separated.
Two factors, local traffic and nucleation, are clear sources, but each of the other factors
appears to be a mixture of several sources that cannot be further separated.

Citation: Zhou, L., E. Kim, P. K. Hopke, C. Stanier, and S. N. Pandis (2005), Mining airborne particulate size distribution data by

positive matrix factorization, J. Geophys. Res., 110, D07S19, doi:10.1029/2004JD004707.

1. Introduction

[2] There have been many studies that find relationships
between elevated morbidity and mortality and higher par-
ticulate matter (PM) concentrations [Dockery and Pope,
1994; Pope et al., 1995; Brunekreef et al., 1995; van Bree
and Cassee, 2000]. In order to develop an effective control
strategy for airborne particles, the relationship between the
sources and receptor concentrations needs to be understood.
[3] Positive matrix factorization (PMF) is a powerful tool

for solving receptor models with aerosol composition data
and has been used successfully in identifying the sources of
the airborne particles in many studies [Xie et al., 1999; Lee

et al., 1999; Ramadan et al., 2000; Chueinta et al., 2000;
Polissar et al., 2001; Song et al., 2001]. Recently, the
aerosol size distribution data have been analyzed by prin-
cipal component analysis [Ruuskanen et al., 2001;Wahlin et
al., 2001] and PMF [Kim et al., 2004].
[4] It is obvious that particles in different size ranges have

unique characteristics and one always needs to consider
classifying the size range before detailed analyses. A three-
modal structure was widely used to describe continental
particle number size distribution, including a nucleation
mode at 10–20 nm, an Aitken mode at 40–80 nm, and
an accumulation mode at 100–300 nm [Whitby, 1978; Raes
et al., 1997; Hussein et al., 2004]. Lognormal distribution
functions representing the three modes were used to param-
eterize size distribution, and the modes fit by the lognormal
distribution functions were thought to be associated with
particle sources and processes during the transport [Birmili
et al., 2001]. Using constant modal distribution functions
was also proved possible if particle growth processes from
nucleation mode to Aitken or even accumulation mode were

JOURNAL OF GEOPHYSICAL RESEARCH, VOL. 110, D07S19, doi:10.1029/2004JD004707, 2005

1Now at Providence Engineering and Environmental Group LLC, Baton
Rouge, Louisiana, USA.

2Now at Department of Chemical and Biochemical Engineering,
University of Iowa, Iowa City, Iowa, USA.

Copyright 2005 by the American Geophysical Union.
0148-0227/05/2004JD004707$09.00

D07S19 1 of 15



not considered [Mäkelä et al., 2000]. It is worth mentioning
that for size distributions with a stable structure, using variant
modal distributions instead of constant ones tends to be an
overfitting, which means that the small random variations of
the modes and even measurement errors may be fit and,
consequently, the features of the modes may be smeared.
[5] The Pittsburgh supersite was located in a strong

anthropogenic source region, and the size distribution mea-
sured there cannot be fit well by the aforementioned three-
modal distribution [Stanier et al., 2004c]. Thus some other
methods need to be applied for classifying the size ranges.
[6] Previously, size distribution data from July 2001

measured by the Pittsburgh Air Quality Study (PAQS) have
been analyzed to identify the particle sources by PMF [Zhou
et al., 2004]. Five sources were identified: secondary
aerosol (from distant sources), local stationary combustion,
remote traffic (probably from the interstate highway 1 mile
away), local traffic (from the street and minor roads close to
the receptor site), and nucleation, with decreasing sizes. The
PMF method has successfully divided the particles into the
five classes on the basis of both their size ranges and
temporal behavior without prior assumptions such as log-
normal distribution and the number of modes. The PMF
analysis requires stationary or quasistationary size distribu-
tions measured at the receptor site. In a short period such as
one month, conditions that might affect particle size
changes such as photochemical activity or temperatures
may be taken as relatively constant, and the change of the
particle size distribution can be thought to be sufficiently
constant to permit the PMF analyses.
[7] Our recent study has indicated linear relationships

between size distribution data and chemical composition
data simultaneously measured at the Pittsburgh supersite
[Zhou et al., 2005], and this is a direct proof of the
stationarity of the size distribution.
[8] In this study, a larger data set from PAQS, containing 1

year of size distribution data from July 2001 to June 2002, has
been analyzed for source identification. Data mining is a
process to discover patterns and relationships in data using
various tools. The tools used in this study, includingPMF,will
be introduced in the next sections. Each factor found by PMF
can be thought of as a pattern that represents the variations
of a source or a group of sources. The possible sources
associated with each factor (or pattern) will be investigated.
[9] Over a full year the atmospheric processes influencing

the size distributions vary significantly, and our previous
efforts in directly analyzing the full year data set proved to
be inappropriate [Zhou et al., 2003]. Therefore this analysis
will be performed on a month-by-month basis.
[10] In our previous work [Zhou et al., 2004], the days

with extensive nucleation events, especially those events
followed by particle growth, were excluded, and this leads
to an incomplete description of the summer situation at the
Pittsburgh area. In this study, a special method has been
designed to remove only the data representing particle
growth events, and thus a more thorough and complete
investigation will be made.

2. Description of the Data

[11] The receptor site was located in Schenley Park,
Pittsburgh (latitude 40.4395�, longitude �79.9405�). An

overall summary and preliminary results for PAQS were
given elsewhere [Wittig et al., 2003]. The size distribution
data were obtained from July 2001 to June 2002. Samples
were collected and measured continuously every 15 min.
The data were from two scanning mobility particle spec-
trometers (SMPS) and an aerodynamic particle sampler
(APS). Above 583 nm, the data used in this study represent
the electrical mobility diameter inferred from aerodynamic
mobility and estimated density [Khlystov et al., 2004]. The
ratio of APS diameter and SMPS diameter is around 1.3.
The samples were collected at 25% relative humidity, and
‘‘dry’’ particle distributions were obtained [Stanier et al.,
2004a].
[12] The gas phase concentrations (O3, NO, NOx, SO2,

and CO, with a 10 min resolution), particle mass and
composition (PM2.5, sulfate, and nitrate, with 10 min time
resolution; organic carbon (OC) and elemental carbon (EC),
with 2 to 4 hour resolution), and meteorological conditions
(wind direction, wind speed, etc., with 10 min resolution)
were measured at the same time and location as the size
distribution data. A detailed description of the instrument
and sampling methods can be found elsewhere [Wittig et al.,
2003; Stanier et al., 2004b]. Each size distribution sample
contained 165 geometrically equal sized intervals covering
the particle size range of 0.003–2.5 mm.

3. Exclusion of Data Representing Particle
Growth

[13] Nucleation events observed at the Pittsburgh site
were classified as regional and short-lived by Stanier et
al. [2004b]. In a regional nucleation event, it is often
observed that the newly formed particles continue growing.
Particle growth events are confined to limited time intervals
and size ranges from over 10 nm up to accumulation mode
size. A typical growth event after the nucleation is shown in
Figure 1, where the number concentrations on 2 July 2001
are shown. These particle growth events were also observed
at many other places, and the experimental and theoretical
studies on this phenomenon were recently reviewed by
Kulmala et al. [2004]. Discussions of the mechanisms of
these events are beyond the scope of this study.

Figure 1. Typical particle growth on 2 July 2001.
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[14] Receptor models require that the property being
apportioned be stationary or, in this case, that there must
be constant size distribution profiles associated with all
factors. The temporal variations of the size distribution
caused by particle growth events will deform the model
solutions and make the sources unidentifiable. Particle
growth during a regional nucleation event was identified,
and the data representing the growth were removed by the
following method. The number-concentration-weighted
mean diameter is defined by the following equation:

log dav ¼
X
dp

N dp
� �

log dp=
X
dp

N dp
� �

: ð1Þ

In addition to the variation of number concentration dN/dt,
the number-concentration-weighted diameter can also be
used to investigate the nucleation event. If there is a
nucleation event, the number concentration increases
sharply, and the mean diameter should simultaneously drop
sharply since the newly formed particles have the smallest
sizes and the largest number concentrations.
[15] Since many particle growth events occurred in the

size range above 6 nm, the total number concentration
and mean diameter above 6 nm, N6 and dp6,av, were used.
Here, N6 is the total number concentration over 6 nm;
dp6,av is computed by equation (1) for all particles larger
than 6 nm. The beginning of particle growth is defined
quantitatively as the point at which no significant de-
crease of mean diameter occurs when the number con-
centration has a sharp increase and the mean diameter
rises gradually afterward. In Figure 2, t1 is found to be
the start of particle growth. The mean diameter dp6,av
does not change with time when particle growth becomes
stable. A polynomial regression of log dp6,av against time

was made to estimate the time after which the variation
in mean diameter is sufficiently small, as shown in Figure 2.
When the first derivative of the regressed value is below a
criterion value, such as at t2 in Figure 2, the growth can be
considered to have terminated.
[16] By assuming the number concentration distribution

versus dp6,av to be lognormal (during the particle growth
after the nucleation, the number concentration distribution
over 6 nm is usually unimodal), we define the data, within
±1.2s from the regressed dp6,av and between t1 and t2,
representing particle growth, where s is the standard devi-
ation of the lognormal distribution for each time interval.
Figure 3 shows the result of this definition for 2 July 2001.
The data thus defined were treated as missing values, which
means replacing these values by the mean values and

Figure 2. Number concentration and mean size variations on 2 July 2001.

Figure 3. Definition of particle growth zone for 2 July
2001.

D07S19 ZHOU ET AL.: MINING PARTICLE SIZE DISTRIBUTIONS

3 of 15

D07S19



assigning them high uncertainties (low weights), such as
10 times their concentrations. Thus these data will not
influence the PMF result and will not be reflected in the
factors obtained by PMF. The data before and after this
operation were inspected visually, and sometimes the
parameters were adjusted manually to properly define the
particle growth zone. If a regional nucleation event is
followed with no particle growth, the corresponding data
were not processed by this method. The days processed by
this method are listed in Table 1. From this table, it can be

seen that this kind of particle growth phenomenon rarely
happened in winter.

4. PMF and Other Tools for Mining the Size
Distribution Data

4.1. PMF

[17] A detailed introduction to PMF can be found else-
where [Paatero, 1997]. In this study, PMF2 (two-way PMF)
is used to solve the following two-way receptor model:

X ¼ GF þ E ð2Þ

or, in the elemental form,

xij ¼
Xp
k¼1

gik fkj þ eij; ð3Þ

where X is the matrix of observed data and the element xij is
the number concentration value of the ith sample at the jth size
bin.G and F are the source contributions and size distribution
profiles, respectively, of the sources that are unknown and to
be estimated from the analysis. To be specific, gik is the
concentration of particles from the kth source associated with
the ith sample and fkj is the size distribution associated with
kth source. E is a matrix of residuals.

Table 1. Days With a Particle Growth Zone Defined (Data by

This Definition Excluded in PMF Analysis)

Month Days

July 2001 2, 11, 14, 15, 24, and 30 July
Aug. 2001 7, 11, 14, and 18 Aug.
Sept. 2001 1, 5, 11, 14, 16, and 26 Sept.
Oct. 2001 7, 10, 11, 15, 18, 20, 24, 25, 29, and 30 Oct.
Nov. 2001 3, 4, 8, 9, 10, and 22 Nov.
Dec. 2001 None
Jan. 2002 25 and 26 Jan.
Feb. 2002 13, 14, and 25 Feb.
March 2002 6, 7, 9, 15, 23, 24, and 29 March
April 2002 2, 10, 11, 12, 16, 17, 18, and 19 April
May 2002 4, 5, 10, 11, 15, 16, 17, 23, 24, 26, 27, 28, 29, 30,

and 31 May
June 2002 2, 3, 4, 5, 8, 9, 21, 22, 23, 24, and 29 June

Table 2. Description of the Whole Year Data (Data Representing Particle Growth Excluded)

Size,
mm

Number Concentration, number cm�3

Mean Volume
Concentration,
mm3 cm�3

Mean,
� 103

SD,a

� 103 Min
Max,
� 103

Median,
� 103

Lower 25%,
� 103

Upper 25%,
� 103

0.0032 21.5 53 0 1550 7.8 0 23 0.00038
0.0039 11.2 21 0 496 5.7 0 13 0.00034
0.0046 8.8 12.7 0 241 5.4 2.4 10 0.00045
0.0055 8.4 10.1 0 306 5.9 3.2 9.7 0.00074
0.0066 8.8 9.7 0 667 6.9 3.9 10 0.0013
0.0079 9.9 14 0 2110 8.3 4.9 12 0.0026
0.0095 11.2 9.1 0 406 10.1 5.8 13 0.0050
0.0113 12.6 9.6 0 304 11.5 6.7 15 0.0096
0.0136 13.7 10.4 0 405 12.6 7.2 16 0.018
0.0163 14.3 12.5 0 688 12.0 6.9 17 0.030
0.0195 14.6 12.7 0 481 12.3 7.2 17 0.056
0.0233 15.0 13.3 0 371 12.3 7 17 0.10
0.0279 15.5 15.1 0 1170 12.7 7.5 18 0.18
0.0334 16.1 13.9 0.6 444 13.4 7.8 20 0.31
0.0400 16.2 13.2 0.44 224 13.7 7.7 19 0.54
0.048 15.6 12.0 0 150 13.6 7.6 19 0.90
0.057 14.6 10.8 0 131 12.6 7.2 17 1.4
0.069 13.0 9.6 0 124 11.2 6.7 15 2.2
0.082 11.2 8.1 0 118 9.8 6.0 13 3.2
0.098 9.5 6.7 0 96.9 8.5 5.1 11 4.7
0.118 7.8 5.2 0 51.8 6.9 4.1 9.3 6.6
0.141 6.03 3.87 0 38.0 5.3 3.3 7.3 8.8
0.169 4.43 2.74 0 23.5 3.8 2.5 5.7 11
0.20 3.11 1.90 0 19.2 2.6 1.7 4.1 13
0.24 2.09 1.36 0.32 19.0 1.7 1.1 2.7 15
0.29 1.31 0.99 0 11.0 0.98 0.62 1.7 16.5
0.35 0.74 0.68 0 5.9 0.51 0.29 0.96 16
0.41 0.37 0.41 0 4.1 0.22 0.12 0.45 14
0.50 0.16 0.21 0.43 2.6 0.089 0.045 0.19 11
0.63 0.087 0.092 1.81 0.84 0.056 0.027 0.109 11
0.90 0.01 0.010 0.23 0.21 0.0075 0.0037 0.12 3.8
1.29 0.0021 0.0018 0.1 0.054 0.00190281 0.0012 0 2.3
1.84 0.0011 0.0009 0 0.036 0.0009 0.0007 0.0013 3.6

aSD, standard deviation.
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[18] The residual sum of squares (Q) is minimized by
finding the optimal F and G values as indicated in
equations (2) and (3):

Q ¼ X � GFð Þ
s

����
����
2

F;G

¼
X
i

X
j

eij

sij

� �2

: ð4Þ

[19] Rotations are obtained by setting an FPEAK value
[Paatero et al., 2002]. When the FPEAK value is positive,
the following additional term is included in the object
function Q:

QP ¼ b2
Xp
k¼1

Xn
j¼1

fkj

 !2

; ð5Þ

where b2 corresponds to the FPEAK value. The term
defined above attempts to pull the sum of all the elements
of F toward zero and makes the program do elementary
transformations for F and G by subtracting the F vectors
from each other and adding corresponding G vectors to
obtain a more physically realistic solution. Recently, a
method for solving rotational ambiguities by detecting
edges in G space have been developed, and the best
solution is obtained without clearly defined edges in G
space [Paatero et al., 2005]. In this study, the FPEAK

value is set to 0.2 for each of the months to eliminate G
space edges, and five similar factors were found for each
month.
[20] The F values were normalized to make the sum of

each size interval equal to 1 for each factor. The G values
were then rescaled correspondingly. The uncertainties were
estimated with the method described by Zhou et al. [2004].
To smooth the size distribution data and minimize the error
caused by the discontinuity between instruments, every five
consecutive size bins were combined into one, and 33 new
size intervals were produced from the original 165 size bins.
The analysis of volume size distribution data does not
provide much more information since it generates similar
source contributions as number size distribution analyses do
[Zhou et al., 2004], and hence it will not be performed in
this study. During the period between October 2001 and
April 2002 the APS was not working, and only 29 new size
intervals were produced for these months. This also caused
incomplete information on volume size distribution. Table 2
summarizes the data set after the aforementioned treatment.

4.2. Correlation Analyses

[21] Correlations of some compositions and gases with
source contributions were investigated. Using only gas data
as an input to PMF will not bring much more information,
and both data sets need to be averaged to 30 min. The 15 min
resolution has made possible a more thorough time series

Figure 4. Histograms of the scaled regression residuals. The horizontal axes indicate the scaled
residual, and the vertical axes indicate the frequencies.
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analysis than 30 min resolution, such as in the time of day
effect.

4.3. Conditional Probability Function (CPF)

[22] A conditional probability function [Ashbaugh et al.,
1985; Kim et al., 2004] was calculated using the source
contributions obtained by PMF2 and wind direction values
by the following equation:

CPF ¼ mDq

nDq
; ð6Þ

where mDq is the number of occurrences in the direction
sector that exceeds the threshold, upper 25th percentile of
the fractional contribution from each source, and nDq is the
total number of wind occurrences in the same direction
sector. Fractional contributions are used to avoid the
influence of atmospheric dilution on CPF results. The
angular width of direction sector is set as 10�, and thus there
are 36 directional sectors. Those samples corresponding to a
wind speed below 1.0 m s�1 are excluded from this study,
and two thirds of the total samples were excluded. The
sources are thought to be located in the direction sectors

Figure 5. Size distribution profiles for each month.
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with high CPF values. When nDq is below 10, the CPF value
is set to zero.

4.4. Fourier Analysis

[23] The source contributions from each month are linked
in a temporal sequence to form annual source contribution
series, and Fourier analyses have been performed for these
annual series. In the signal-processing field, it is well known
that Fourier analysis has no temporal specificity. For exam-
ple, if the Fourier analysis says that the series has a daily
pattern (24 hour period), it cannot determine that the daily
pattern exists at any specific time in the series. Therefore
many time-frequency analysis techniques have been devel-
oped and used in combination with Fourier analyses. To
address the problem in this study, the Fourier analysis was
performed for the source contributions of each month. The
correlations of the source contributions with the gas and
particle composition data were calculated for each month.

5. Results and Discussion

[24] Table 2 describes the average number and volume size
distribution of the full year of data. The volume distribution
mode is located between 0.1 and 1 mm. The smallest particles

have the largest mean number concentration, but their median
concentrations are not the highest. This situation may be
caused by the frequent nucleation events that produce large
numbers of new particles. Table 2 also indicates that the
minimum number concentrations in all the size intervals are
nearly zero, implying very low contributions from certain
sources. The 12 months of data were summarized and
described in detail elsewhere [Stanier et al., 2004c].
Figure 4 indicates the histograms of the scaled regression
residuals for all size intervals of all 12 months. Most of the
residuals are within �2 and +2, and the distributions are
symmetric and close to normal distributions. If the size
distributions measured at the receptor are not stationary or
quasistationary, then these good regressions cannot be
obtained. The five factors are arranged in order of decreas-
ing size from factor 1 to factor 5. These five factors are
similar to the sources identified in our previous study [Zhou
et al., 2004]. Detailed discussion is provided as follows.
[25] Factor 1 has a number mode between 0.15 and

0.25 mm and a submode at 0.02 mm, as shown in Figure 5.
Detecting edges in F space is a method to help resolve
rotation problems [Henry, 2003]. For July 2001 the
number concentrations of the two size intervals d1 (240 nm)
and d2 (23 nm), the center size intervals of the two
modes, were plotted in Figure 6. The edge corresponding
to FPEAK = 0.2 was also plotted. When pulling down
the submode by increasing the FPEAK value, the edge
will rotate toward the d1 axis, but it is clear that the edge
cannot overlap with the d1 axis, suggesting that the
submode cannot be eliminated completely. Nevertheless,
for the solutions with different rotations, the major mode
and source contributions did not experience large
changes, and our analysis and conclusions were not
severely influenced.
[26] In Figure 7, the Fourier analysis shows a weak daily

pattern for factor 1. Table 3 indicates that the daily pattern is
clear in February and April of 2002 but not that clear in
other months. Fourier analyses have also been applied for
sulfate and nitrate data for each month. These analyses
found that sulfate does not have daily patterns except in the
summer months (it had weak daily patterns in July and
August of 2001 and June of 2002) and nitrate usually has a
strong diurnal pattern during the whole year except in
November and December of 2001 and January and March
of 2002. On the basis of these facts, one possible explana-
tion for the periodicity of factor 1 is as follows: When the
sulfate concentration is low and nitrate has a strong simul-
taneously diurnal pattern, such as the situation of February
and April of 2002, the temporal behavior of factor 1 can be
influenced by nitrate and shows observable daily patterns.
Another possible reason is that some local emissions have
been included in factor 1. However, the reason cannot be
completely clarified within the current data sets.
[27] Factor 1 has a strong correlation with PM2.5 mass

over the entire period as indicated in Table 4 and is
related to the major components of the PM2.5 mass at the
Pittsburgh supersite. In winter the correlation of nitrate
with factor 1 increases, suggesting that more nitrate is
included in factor 1.
[28] As indicated in Table 4, factor 1 usually has high

correlations with sulfate. Secondary sulfate was formed
by the oxidation of SO2 through photochemical reactions.

Figure 6. Discussion of the two modes of factor 1 in July
2001. (a) Size distribution of factor 1. (b) Scatterplot of the
number concentration of the central size intervals of the two
modes.
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The main SO2 sources are coal-fired power plants
hundreds of kilometers away. In winter the correlation
of factor 1 with nitrate increases noticeably. The lower
temperatures support ammonium nitrate in the solid
phase, and the fraction of nitrate in PM2.5 mass increases.
The increase of the correlation coefficient with nitrate
may explain the higher correlation of factor 1 with PM2.5

than with sulfate during winter, and this is also consistent
with the fact that there was much less sulfate in winter.
[29] Factor 1 has a higher correlation with OC than with

EC in the summer and fall of 2001, but the correlations are
similar for both species in the first half of 2002. The higher
correlation with OC than with EC in the summer may be
caused by secondary organic matter condensing onto pre-
existing particles during the transport as well as more
production of secondary OC in the summer. When primary
OC dominates, the correlations with OC and with EC are
similar since they are from the same sources and have
similar temporal variations. In Figure 8 the CPF analysis
shows that factor 1 is from the south. Table 5 summarizes
the characteristics of factor 1 and other factors.
[30] Factor 1 typically includes sulfate, nitrate (in winter),

and secondary organics as well as primary organics that
have aged in the atmosphere and have grown from their
original size. The particles of the submodes cannot be from
distant places; otherwise, they would be depleted during the
transport. The small modes of factor 1 are more likely to be
from fresh emissions of some combustion sources south of

the site. Since the dominating direction of factor 1 is south,
the particles of the small mode have the same variations as
other large particles in factor 1, which may explain the
correlation with CO. Factor 1 includes secondary, aged
primary aerosol particles and also fresh primary particles
from local combustion sources.
[31] The number mode of factor 2 is at 0.08 � 0.1 mm in

July, August, and September of 2001. In 2002 the number
mode is at 0.06 � 0.07 mm. In Figure 9 a daily pattern,
caused by the reduction of mixing height at night, is clearly
observed. The nocturnal increase of the source contribution,
owing to the reduction of the mixing height, may be the

Figure 7. Fourier transformation for the annual contribution of each factor. (The powers are all nearly
zero for all factors from 0.2 h�1 to 2 h�1, the Nyquist frequency.)

Table 3. Results of Monthly Fourier Analysis for Daily Patternsa

Factor 1 Factor 2 Factor 3 Factor 4 Factor 5

July 2001 no weak no strong strong
Aug. 2001 no no no strong strong
Sept. 2001 very weak very weak no strong strong
Oct. 2001 very weak weak no strong strong
Nov. 2001 no very weak no strong strong
Dec. 2001 no no no strong strong
Jan. 2002 no no no strong strong
Feb. 2002 weak very weak no strong strong
March 2002 no no no strong strong
April 2002 weak weak no strong strong
May 2002 no weak no strong strong
June 2002 no weak no strong –

aThe strength of the daily patterns was decided by comparing the spectral
intensity at 1/24 h�1 with other frequencies.
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Table 4. Correlations r of the Source Contributions With Gas and Particle Composition Dataa

O3 NO NOx SO2 CO PM2.5 Sulfate Nitrate OC EC

Factor 1
July 2001 0.18 0.03 0.18 0.16 0.19 0.87 0.85 0.23 0.63 0.28
Aug. 2001 �0.02 0.20 0.29 0.07 0.42 0.75 0.54 0.29 0.56 0.42
Sept. 2001 0.10 0.26 0.34 0.21 0.38 0.80 0.78 0.46 –b –b

Oct. 2001 0.03 0.32 0.41 0.27 0.51 0.73 0.75 0.61 0.67 0.56
Nov. 2001 �0.05 0.42 0.48 0.33 0.57 0.90 0.68 0.40 0.89 0.67
Dec. 2001 �0.47 0.46 0.45 0.14 0.61 0.81 0.47 0.54 0.74 0.76
Jan. 2002 �0.42 0.51 0.56 0.17 0.47 0.70 0.48 0.67 0.56 0.55
Feb. 2002 �0.53 0.70 0.75 0.34 0.76 0.91 0.61 0.54 0.82 0.76
March 2002 �0.50 0.43 0.57 0.30 0.59 0.88 0.62 0.57 0.65 0.69
April 2002 �0.33 0.44 0.52 0.18 0.52 0.73 0.58 0.45 0.51 0.43
May 02 �0.12 0.39 0.45 0.22 0.50 0.85 0.74 0.31 0.80 0.66
June 02 0.18 0.13 0.35 0.17 0.49 0.82 0.63 0.31 0.58 0.56

Factor 2
July 2001 �0.18 0.47 0.57 0.48 0.54 0.29 0.15 0.54 0.46 0.56
Aug. 2001 �0.15 0.34 0.48 0.32 0.35 0.25 0.23 0.31 0.31 0.39
Sept. 2001 �0.24 0.60 0.73 0.32 0.77 0.61 0.52 0.58 –b –b

Oct. 2001 �0.46 0.66 0.78 0.46 0.56 0.46 0.23 0.61 0.43 0.58
Nov. 2001 �0.51 0.74 0.79 0.42 0.79 0.48 0.23 0.34 0.41 0.75
Dec. 2001 �0.46 0.53 0.53 0.36 0.67 0.81 0.47 0.40 0.80 0.81
Jan. 2002 �0.37 0.59 0.71 0.44 0.59 0.72 0.61 0.45 0.71 0.71
Feb. 2002 �0.61 0.71 0.78 0.58 0.70 0.79 0.56 0.38 0.66 0.71
March 2002 �0.50 0.53 0.68 0.59 0.61 0.70 0.57 0.43 0.53 0.61
April 2002 �0.41 0.50 0.59 0.48 0.54 0.49 0.46 0.34 0.36 0.34
May 2002 �0.29 0.60 0.68 0.47 0.64 0.65 0.41 0.38 0.64 0.71
June 2002 �0.21 0.36 0.58 0.27 0.61 0.45 0.19 0.52 0.50 0.58

Factor 3
July 2001 �0.24 0.37 0.40 0.23 0.28 �0.14 �0.23 0.23 �0.04 0.26
Aug. 2001 �0.27 0.32 0.44 0.18 0.31 �0.01 �0.11 0.25 0.14 0.35
Sept. 2001 �0.31 0.36 0.51 0.29 0.43 0.13 0.07 0.30 –b –b

Oct. 2001 �0.24 0.39 0.45 0.24 0.22 0.13 0.02 0.28 0.08 0.27
Nov. 2001 �0.32 0.33 0.36 0.15 0.21 0.04 �0.15 0.17 �0.07 0.21
Dec. 2001 �0.25 0.20 0.18 0.34 0.24 0.34 0.13 0.31 0.27 0.30
Jan. 2002 �0.20 0.38 0.42 0.40 0.30 0.28 0.41 0.35 0.20 0.33
Feb. 2002 �0.23 0.16 0.20 0.45 0.08 0.11 0.19 0.10 �0.10 0.02
March 2002 �0.32 0.35 0.42 0.52 0.28 0.31 0.36 0.22 0.14 0.25
April 2002 �0.28 0.30 0.37 0.59 0.28 0.22 0.19 0.17 0.02 0.13
May 2002 �0.21 0.33 0.41 0.49 0.27 0.15 0.01 0.11 0.06 0.21
June 2002 �0.17 0.22 0.30 0.21 0.20 0.02 �0.05 0.20 0.04 0.17

Factor 4
July 2001 �0.10 0.18 0.19 0.06 0.01 �0.03 �0.06 0.09 �0.11 0.10
Aug. 2001 �0.13 0.23 0.21 0.07 �0.05 �0.20 �0.23 0.01 �0.17 0.03
Sept. 2001 �0.09 0.17 0.11 0.12 �0.10 �0.18 �0.20 �0.03 –b –b

Oct. 2001 0.01 0.11 0.07 0.18 �0.03 �0.11 �0.03 0.02 �0.07 0.04
Nov. 2001 0.20 �0.17 �0.18 0.06 �0.23 �0.11 �0.17 �0.10 �0.16 �0.16
Dec. 2001 0.05 �0.04 �0.04 0.06 �0.09 �0.10 �0.20 0.06 �0.15 �0.02
Jan. 2002 0.05 0.16 0.14 0.16 0.07 �0.10 0.02 0.16 �0.15 0.03
Feb. 2002 0.11 �0.07 �0.08 0.13 �0.19 �0.23 �0.09 �0.10 �0.27 �0.16
March 2002 �0.10 0.14 0.15 0.21 0.06 0.10 0.12 0.14 0.01 0.10
April 2002 �0.03 0.08 0.07 0.34 �0.08 �0.05 �0.07 �0.03 �0.19 �0.02
May 2002 0.02 0.03 0.05 0.24 �0.08 �0.08 �0.11 �0.03 �0.17 �0.07
June 2002 �0.04 0.21 0.13 0.21 0.04 �0.05 �0.08 0.01 �0.10 0.01

Factor 5
July 2001 0.08 �0.13 �0.16 �0.02 �0.15 �0.15 �0.11 �0.19 �0.25 �0.18
Aug. 2001 0.12 �0.05 �0.12 0.03 �0.17 �0.22 �0.18 �0.19 �0.24 �0.17
Sept. 2001 0.09 �0.11 �0.20 0.03 �0.19 �0.24 �0.20 �0.24 –b –b

Oct. 2001 0.17 �0.17 �0.25 0.03 �0.25 �0.27 �0.14 �0.27 �0.19 �0.12
Nov. 2001 0.17 �0.12 �0.15 0.13 �0.14 �0.11 �0.14 �0.07 �0.14 �0.17
Dec. 2001 0.27 �0.06 �0.08 �0.07 �0.10 �0.19 �0.21 �0.13 �0.15 �0.08
Jan. 2002 0.20 �0.08 �0.15 �0.10 �0.16 �0.28 �0.25 �0.21 �0.26 �0.17
Feb. 2002 0.35 �0.16 �0.21 �0.03 �0.20 �0.27 �0.20 �0.22 �0.22 �0.20
March 2002 0.21 �0.08 �0.14 �0.08 �0.11 �0.11 �0.10 �0.09 �0.02 �0.03
April 2002 0.13 �0.01 �0.05 0.16 �0.09 �0.03 0.00 �0.15 �0.08 0.02
May 2002 0.18 �0.11 �0.14 0.11 �0.14 �0.08 �0.11 �0.16 �0.14 �0.13
June 2002 –c – c – c – c – c – c – c – c – c – c

aThe source contributions and the species with 10 min resolution were averaged to 30 min; for OC and EC the source contributions were averaged to the
corresponding OC/EC sampling period.

bOC or EC data are missing.
cHalf of the data between 3 nm and 15 nm were missing during this month because the SMPS was not functioning properly.
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cause of the negative correlation with ozone. Table 3 shows
that the diurnal pattern of factor 2 does not appear in all
months, indicating that this daily pattern is weak and is
easily disturbed.
[32] The correlations between factor 2 and these gases,

NO, NOx, CO, and SO2, suggest that the particles are from
combustion sources and arrived at the receptor site accom-
panied by these gases. The strong correlation with SO2

suggests coal burning, including coal power plants and steel
mills. The correlation with CO can be explained by the
emission from steel mills as well as a boiler 1 km away to
the northwest of the site.
[33] Factor 2 has a weak correlation with OC in summer,

and in winter the correlation becomes stronger. Like factor
1, the winter correlations with OC and with EC are similar,
indicating primary OC sources. Factor 2 probably contains
both emissions from wood burning and other local com-

bustion sources that are too similar in size to separate. The
average contribution of factor 2 in the winter months
(December 2001, January 2002, February 2002, and March
2002) is higher than that in the summer months (July 2001,
August 2001, and September 2001) by 34%. In comparison,
the average number contribution of factor 3 increases from
summer to winter by only 17%. The higher increase of the
factor 2 contribution may suggest an additional source from
wood burning. As shown in Figure 9, factor 2 has no
significant differences between weekdays and weekends.
The CPF analysis shows it is also from the south to
southeast.
[34] Factor 2 is thus assigned as stationary combustion,

including emissions from local combustion sources. Prob-
ably, it may also include wood burning in winter. The
emission from the boiler may also be included, except in
summer when it seldom ran. The higher correlation of factor

Figure 8. Wind profile and CPF of the whole year contribution of each factor.
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2 with SO2 and lower correlation with sulfate suggests that
the sources are located close to the receptor site, <100 km
[Zhou et al., 2004]. This is also consistent with results for a
coal-fired power plant that was found to increase SO2 close
to the source but that produced little sulfate because of the
short distance and time for oxidation [Green et al., 2003].
[35] The number mode of factor 3 is at 0.04 mm in

summer and 0.03 mm in the fall and winter. This factor
has been associated with Pittsburgh traffic in a previous
paper [Zhou et al., 2004], but its behavior is a little puzzling
here. Factor 3 is weakly correlated with NO, NOx, and CO
during all months. Figure 7 and Table 3 both indicate that it
has no daily patterns. Table 6 also indicates that factor 3 has
no correlation with the traffic flow on Interstate 376. One
reason may be that the distance of transport weakened the
daily pattern and the correlations, and meteorological con-
ditions have more influence than the emissions. Another
possible reason is the presence of some particles from local
point sources in factor 3. Figure 7 indicates frequency peaks
at 1/12 h�1, 1/8 h�1, and 1/6 h�1 for factor 3. These are the
harmonic frequencies of 1/24 h�1, caused by a nonsinusoi-
dal periodicity of 24 hours. Although these frequencies may
suggest a hidden daily pattern, they only appeared in
January and February of 2002, and we cannot conclude
that factor 3 has daily patterns.
[36] Taking the periodicity of a series as ‘‘signal’’ and the

nonperiodicity as ‘‘noise,’’ then factor 3 has weak signals as
just discussed, and noise is then sufficiently large to prevent
a detectable 24 hour periodicity by Fourier analyses. The
effect of the noise is random, and it affects any time of day
to the same extent. Since there are a large number of
samples for each time of weekday and weekend, we can
expect a horizontal line with small fluctuations for the daily
average in Figure 9. Thereafter, the concentration peak of
factor 3 at morning rush hours as well as the weekday/
weekend difference in Figure 9 suggests the influence of
traffic.
[37] Although the number size distribution changes sig-

nificantly within �100 m of highways [Zhu et al., 2002a,
2002b, 2004], the mode of the size distribution becomes
stable at farther distances, and factor 3 is consistent with the
unimodal size distributions found several kilometers down-
wind of the highway in Los Angeles [Kim et al., 2002].
[38] Factor 3 is probably a collection of point sources and

remote Pittsburgh traffic. These are particles produced in the
city but not close to the measurement station, several
kilometers away. The current techniques cannot separate
these two source categories, and the source characteristics
are not identified well.
[39] Factor 4 has its number mode at 15 nm. Figure 9

clearly shows the concentration peak during the morning
rush hour for weekdays and shows no such peak for
weekends. Sometimes particles in 10–20 nm were formed
by nucleation followed with no detectable particle growth,
and these data were not excluded by the method described
in the previous section. These nucleation events keep the
average concentration value of factor 4 from decreasing
rapidly after 1000 local time (LT) to the afternoon. In Figure 7,
Fourier analyses found two frequency peaks corresponding to
a 7 day period and a 24 hour period. Factor 4 has no
correlations with any gas and particle composition data, and
this can be attributed to the small traffic flow around the site.T

a
b
le

5
.
S
u
m
m
ar
y
o
f
th
e
C
h
ar
ac
te
ri
st
ic
s
o
f
A
ll
F
ac
to
rs

F
ac
to
r
1

F
ac
to
r
2

F
ac
to
r
3

F
ac
to
r
4

F
ac
to
r
5

S
o
u
rc
es

as
si
g
n
ed

se
co
n
d
ar
y
an
d
ag
ed

p
ri
m
ar
y
ae
ro
so
l,

fr
es
h
p
ri
m
ar
y
ae
ro
so
l
fr
o
m

lo
ca
l

co
m
b
u
st
io
n
so
u
rc
es

st
at
io
n
ar
y
co
m
b
u
st
io
n
so
u
rc
es

re
m
o
te

P
it
ts
b
u
rg
h
tr
af
fi
c,

lo
ca
l
p
o
in
t
so
u
rc
es

lo
ca
l
tr
af
fi
c

lo
ca
l
n
u
cl
ea
ti
o
n

S
iz
e
ra
n
g
e

0
.1
5
�

0
.2
5
mm

0
.0
8
�

0
.1

mm
in

Ju
ly
,
A
u
g
u
st
an
d

S
ep
te
m
b
er

2
0
0
1
;
0
.0
6
�

0
.0
7
mm

in
o
th
er

m
o
n
th
s

0
.0
3
�

0
.0
4
mm

1
5
n
m

<
1
0
n
m

D
iu
rn
al

p
at
te
rn

a
v
er
y
w
ea
k

w
ea
k

n
o

st
ro
n
g

st
ro
n
g

W
ee
k
d
ay
/w
ee
k
en
d

d
if
fe
re
n
ce

sm
al
l

n
o

m
o
d
er
at
e

si
g
n
if
ic
an
t

n
o

C
o
rr
el
at
io
n
s
w
it
h

g
as

an
d
p
ar
ti
cl
e

co
m
p
o
si
ti
o
n
d
at
a

n
o
co
rr
el
at
io
n
w
it
h
o
zo
n
e;

st
ro
n
g

co
rr
el
at
io
n
w
it
h
su
lf
at
e;

co
rr
el
at
io
n
s

w
it
h
o
th
er

sp
ec
ie
s

n
eg
at
iv
e
co
rr
el
at
io
n
w
it
h
o
zo
n
e;

st
ro
n
g

co
rr
el
at
io
n
s
w
it
h
o
th
er

g
as
es
;

co
rr
el
at
io
n
s
w
it
h
su
lf
at
e,

n
it
ra
te

an
d
O
C
/E
C

w
ea
k
co
rr
el
at
io
n
s
w
it
h
N
O
,
N
O
x
an
d
S
O
2
;

n
o
co
rr
el
at
io
n
s
w
it
h
o
th
er

sp
ec
ie
s

n
o
o
b
v
io
u
s
co
rr
el
at
io
n
s

w
it
h
an
y
sp
ec
ie
s

a
w
ea
k
co
rr
el
at
io
n
w
it
h
o
zo
n
e;

n
o

co
rr
el
at
io
n
s
w
it
h
o
th
er

sp
ec
ie
s

D
o
m
in
at
in
g
d
ir
ec
ti
o
n

b
y
C
P
F

so
u
th

so
u
th

an
d
so
u
th
ea
st

so
u
th
ea
st
an
d
n
o
rt
h
w
es
t

n
o
cl
ea
r
d
o
m
in
at
in
g

d
ir
ec
ti
o
n
s

n
o
cl
ea
r
d
o
m
in
at
in
g
d
ir
ec
ti
o
n
s

a
M
o
n
th
ly

re
su
lt
s
ca
n
b
e
fo
u
n
d
in

T
ab
le

4
.

D07S19 ZHOU ET AL.: MINING PARTICLE SIZE DISTRIBUTIONS

11 of 15

D07S19



Figure 9. Daily average contribution from each factor for weekdays and weekends. The strength of the
daily pattern can be determined by the spectral intensity at 1/24 h�1 in Figure 6. The daily pattern
strength is strong for factors 4 and 5, weak for factors 1 and 2, and nearly nothing for factor 3.
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The traffic flow rate at three places (Schenley Drive, Forbes
Avenue, and Interstate 376) near the site were not correlated
with NO, NOx, or CO as indicated in Table 6, indicating that
the temporal variations of these gases do not show traffic
patterns. The contribution of factor 4 has a positive correlation
with the traffic flows. These facts support the conclusion that
factor 4 is from local traffic while most NO, NOx, or CO is not
from local traffic.
[40] In 2002, from mid-February to mid-April, the roads

near the station were closed in the early weekend mornings
(0600–1200 LT) for motorless ‘‘buggy’’ practice. Figure 10
shows the contribution series of factor 4 and also the

moving average of this series. The moving average time
was chosen as 6 hours so that rapid variations were filtered.
Usually, there are low emissions from local traffic on
weekends, corresponding to low source contributions of
factor 4. When the roads were closed for buggy practice,
factor 4 shows the lowest contributions, as indicated in
Figure 10. Factor 4 is thus assigned to be from local traffic.
It may be from Forbes Avenue and other minor roads close
to the measurement station within a distance of 1 km.
[41] Factor 5 represents particles smaller 10 nm from

nucleation. These small particles are not involved in the
particle growth event that we have discussed. A detailed
study of nucleation events during PAQS was presented by
Stanier et al. [2004b]. On average, the number mode is
larger than 3 nm, and this may be caused by the nucleation
happening upwind or happening at higher elevations with
subsequent downward mixing of the particles. The similar-
ity of data between the upwind (Florence) nucleation and
Pittsburgh indicates that the nucleation is occurring upwind
of Pittsburgh [Stanier et al., 2004b]. Figure 7 shows a clear
daily pattern, and Figure 9 indicates that local nucleation
events are more active during the daytime, especially
around noon. The similar pattern of mean and median
values indicates that nucleation happened frequently in
Pittsburgh, and this cannot be explained by occasional

Table 6. Correlations of Gases and Source Contributions With

Traffic Flow Volume on Schenley Drive, Forbes Avenue, and

Interstate 376a

NO NOx CO Factor 3 Factor 4

Schenley Driveb 0.056 �0.0024 �0.045 0.066 0.30
Forbes Avenueb M0.021 �0.081 �0.145 �0.0069 0.27
Interstate 376c �0.032 �0.125 �0.154 0.046 0.39

aDistance to the site: Schenley Drive, �200 m; Forbes Avenue, �600 m;
and Interstate 376, �1600 m.

bFor 1–31 January and 1–30 April 2002.
cFor 11–31 January and 1–30 April 2002.

Figure 10. Source contribution series of factor 4 from 1 January to 30 April 2002.
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occurrences of nucleation with a large number of new
particles produced.
[42] Figure 11 illustrates the variation of the monthly mean

number contribution from each factor. The fluctuations are
within a factor of 2. Factors 1 and 2 have similar seasonal
trends, high in the fall and low in the winter. They all reach
their highest concentrations in November 2001, and the SO2

concentration is also the highest in that month. These high
concentrations in November 2001 may be attributed to the
dominant wind direction from the south, where more coal
power plants are located. Figure 12 indicates the monthly
volume contribution variations. The volume contribution is
calculated from the number contribution and size distribution
of each factor. For factor 1 the volume contribution only
includes particles smaller than 0.5 mm for all months since the
lack of APS data in some months prevents us from investi-
gating the volume contribution over this size. The monthly
variation of factor 1 is similar to PM2.5 mass concentration. In
the summer of 2001, particles from all sources seem to be
larger than in other seasons.
[43] Table 7 summarizes the average contribution from

each factor through the full year. The number contributions
from factors 2, 3, 4, and 5 are approximately the same, and
factor 1 contributes far fewer particles. The volume contri-
bution is dominated by factors 1 and 2, and factor 5
contributes little to the total volume concentration. The

volume contribution of factor 1 is underestimated because
of the missing APS data.

6. Conclusion

[44] Positive matrix factorization and other data-mining
techniques have been applied for extracting source infor-
mation with the full year size distribution data from the
Pittsburgh Air Quality Study. The data representing particle
growth after nucleation events were excluded. The analysis
was performed for each month, and the same five factors
were found for all months.
[45] The five factors found in this analysis represent five

different size patterns. Each pattern is caused by a source or
source group. This analysis has succeeded in separating and
identifying local traffic and nucleation. The effect of this
method is limited in separating sources in factors 1, 2, and
3. Factor 1 includes local sources besides secondary and
aged primary aerosol; factor 2 includes power plants, but it
cannot be separated further from other stationary combus-
tion sources; factor 3 is probably Pittsburgh traffic, but the
evidence is insufficient.
[46] For the purpose of source apportionment, the ap-

proach by itself has significant limitations compared with
traditional receptor modeling based on chemical composi-

Figure 11. Monthly variations of average number con-
tribution from each factor.

Figure 12. Monthly variations of average volume con-
tribution from each factor.
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tion data. Comparison of the results of this approach with
other chemical-composition-based analysis in the future will
provide more information, especially in identifying the
sources included in factors 1, 2, and 3. However, there is
useful information that can be obtained from such analyses.
Although the initial cost of the equipment is substantial, the
operational costs are low, and they provide far more
information than can be obtained from particle counts alone.
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Table 7. Average Contribution of All Factors

Factor 1 Factor 2 Factor 3 Factor 4 Factor 5

Number concentration,
number cm�3

1402 4907 6182 5972 4514

Volume concentration,
mm3 cm�3

7.40 2.78 0.500 0.306 0.149a

aJune 2002 is not included.
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