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A prospective ecological risk assessment method was 

developed evaluating the cumulative probabilistic impact of 

chemical stressors to aquatic organisms. This method was 

developed in response to the need to evaluate the magnitude, 

duration and episodic nature of chemical stressors on 

aquatic communities under environmental exposure scenarios. 

The method generates a probabilistic expression of the 

percent of an ecosystem's species at risk from a designated 

chemical exposure scenario. 

Probabilistic extrapolation (distribution) methods 

generate estimated safe concentrations (ESC) for a defined 

ecosystem using laboratory toxicity test results for a 

chemical stressor. Fate and transport modeling is employed 

to generate temporal stressor exposure concentration curves. 

An "Area Under the Curve" (AUC) integration is performed on 

predicted exposure concentrations exceeding the stressor ESC 

to calculate cumulative exposure over time. After adjusting 



for the allowable duration of exposure to the stressor ESC, 

the cumulative exposure concentration is applied to the 

stressor's distribution model (curve) to predict the percent 

of the ecosystem's species at risk to the cumulative 

magnitude and duration of an episodic exposure to the 

chemical stressors. 

The method was applied to retrospective assessment data 

for Leadenwah Creek, South Carolina. Chemical and 

biological data, assessing the impact of agricultural runoff 

of pesticides to Leadenwah Creek, was used to validate the 

method. Episodic exposure- scenarios were reconstructed from 

ambient measurements of azinphos-methyl and fenvalerate. 

Although limited biological data were available for 

validation of the prospective method, the probabilistic 

ecological risk assessment predictions compared well with 

the Leadenwah Creek in situ bioassay results. Application 

of cumulative exposure concentrations to distribution models 

predicted 65% of the ecosystem's species to be at risk 

during the 1986 group 4 simulated exposure scenario, while 

the 1986 group 4 in situ bioassay deployments exhibited 

significant mortality to all four test species. Conversely, 

the cumulative exposure concentrations for the 1986 group 2 

exposure scenario predicted 27% of the ecosystem's species 

to be at risk while mortality was observed to only one of 

four species in the 1986 group 2 bioassay deployments. 
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CHAPTER 1 

Introduction 

The Framework for Ecological Risk Assessment developed 

by the U.S. Environmental Protection Agency (EPA) defines 

ecological risk assessment as a process that evaluates the 

likelihood that adverse ecological effects may occur or are 

occurring as a result of exposure to one or more stressors 

(USEPA, 1992a). The EPA definition of ecological risk 

assessment defines the process as one which evaluates the 

"likelihood" of adverse effects. This definition allows for 

either probabilistic or qualitative estimates of adverse 

ecological effects. Other definitions of ecological risk 

include the term "probability" of adverse or undesirable 

effects (Suter II, et al., 1983). Contemporary ecological 

risk assessment publications recommend a probabilistic 

presentation of ecological risk (SETAC, 1994; USEPA, 1996). 

Nevertheless, most ecological risk assessments performed for 

pesticide registration requirements and hazardous waste site 

remediation decisions are deterministic assessments based on 

the calculation of a hazard quotient. The hazard quotient 

is generally derived as the stressor's estimated 

environmental concentration divided by the stressor's 

hazard; based on ecological toxicity data, pesticide use 
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data and fate and transport data. An ecological risk 

assessment based on the calculation of a hazard quotient is 

a deterministic assessment, not a probabilistic assessment. 

This study explored various applications of probabilistic 

risk assessment methods to an aquatic ecosystem impacted by 

pesticide exposure from agricultural pesticide runoff. 

Figure 1 presents a study overview. 

Appendix A 

Single-species Toxicity 
Test Data 

Application of 
Methodology 

Chapter 4 

Study Conclusions 

Chapter 5 

Ecological Risk 
Assessment 

Chapter 1 

Azinphos-methyl 
Toxicity Tests 

Chapter 2 

Figure 1. Study Overview 

This chapter provides a history and overview of 

ecological risk assessment, including the steps involved in 

conducting a risk assessment. The chapter also describes 
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the specific methods that were applied at each step of the 

risk assessment process in this study. 

An important component of the ecological risk 

assessment process is the characterization of ecological 

effects (or effects assessment) of the environmental 

stressor(s). There were insufficient data to effectively 

perform the one of the effects assessment methods selected 

for the characterization of effects to azinphos-methyl, a 

stressor evaluated in this study. Chapter 2 reports the 

results of additional azinphos-methyl toxicity testing data 

conducted on two estuarine species to augment the database 

for this stressor (Figure 1). 

Chapter 3 describes the entire ecological risk 

assessment methodology employed in this study. Chapter 4 

applied the methods described in chapter 3 to an estuarine 

community in South Carolina which was repeatedly exposed to 

pesticide-contaminated agricultural runoff. Chapter 5 

reports conclusions of the ecological risk assessment method 

utilized in this study, describes additional applications of 

the methodology, and discusses the method's limitations. 

Historical Overview 

Conducting ecological risk assessments at contaminated 

sites is a relatively recent development. Historically, the 

EPA has emphasized the protection of human health over that 

of the environment. Although the Federal Insecticide, 
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Fungicide and Rodenticide Act (FIFRA) was originally enacted 

in 1948, protection of the environment was not a goal of the 

act until the Federal Environmental Pesticide Control Act 

amendments to FIFRA in 1972. Under these amendments, FIFRA 

states that the Administrator shall register a pesticide if 

he determines that, "when used in accordance with widespread 

and commonly recognized practice it will not generally cause 

unreasonable adverse effects on the environment"... (PL 

95396, Section 3(c)(5)(D)). 

The Ecological Effects Branch (EEB) in the Hazard 

Evaluation Division (HED) in the Office of Pesticide 

Programs (OPP)(now the Office of Pollution Prevention and 

Toxic Substances) developed Ecological Risk Assessment 

guidelines over a decade ago. The procedures outlined by 

the EEB were relatively simple and promoted the quotient 

method (USEPA, 1986a; Barnthouse et al., 1986). The 

quotient method is not a probabilistic method and should 

more aptly be referred to as ecological hazard assessment. 

The majority of ecological assessments required for 

registration of a pesticide rely on a qualitative comparison 

of effects and exposure. 

The OPPTS is not the only office within the EPA that, 

historically, has concentrated on human health effects over 

ecological effects. The EPA's emphasis towards conducting 

human health risk assessments over ecological risk 

assessments is discussed in the Preface of the Comprehensive 
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Environmental Response, Compensation and Liability Act 

(CERCLA) document entitled Risk Assessment Guidance for 

Superfund Volume I Human Health Evaluation Manual Part A 

Interim Final (USEPA, 1989). 

In 1989, EPA Administrator William K. Reilly requested 

the EPA Science Advisory Board (SAB) to develop strategic 

options for reducing risk. In response to Administrator 

Reilly's request, the Relative Risk Reduction Strategies 

Committee (RRRSC) issued a report listing ten recommen-

dations for approaches to risk management (SAB, 1990). 

Among those recommendations, the RRRSC stated that the EPA 

should attach as much importance to reducing ecological risk 

as it does to reducing human health risk. The SAB noted 

that, due largely to environmental regulations, EPA's agenda 

during the 1980s was dominated by concerns about the effects 

of toxic chemicals on human health (SAB, 1990). The SAB 

report stated that the recommendation was made to underscore 

the strong bonds between all forms of life on this planet. 

Healthy, productive natural ecosystems are essential to 

sustainable human health and economic growth. 

In response to this SAB recommendation, the EPA 

embarked on an initiative to develop guidelines for 

ecological risk assessment. The EPA began by drawing from 

the National Academy of Science (NAS) 1983 risk assessment 

paradigm (NAS, 1983). The NAS paradigm for risk assessment 

had four fundamental phases: hazard identification, dose-
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response assessment, exposure assessment and risk 

characterization (NAS, 1983) . In 1991, the EPA convened a 

peer review workshop of ecotoxicological and ecological 

experts to review a proposed framework for ecological risk 

assessment in Rockville, Maryland. The new framework, 

although similar to the NAS risk assessment paradigm, 

identified differences inherent to ecological risk 

assessment such as biological diversity. The Rockville 

workgroup recommended that the document be revised and 

limited to discussion of a basic framework providing 

structure and content only to the major elements of the 

framework and reserving substantive ecological risk 

assessment guidance to future guidelines (USEPA, 1991). In 

the following year, the EPA published the Framework for 

Ecological Risk Assessment. This guidance document has 

served as the basis for evaluating scientific data on the 

adverse effects of physical and chemical stressors on the 

environment for five years. While the framework offered 

three approaches for the integration of stressor-response 

and exposure profiles, the primary comparison continued to 

be one of single effect to exposure value or the quotient 

method. 

Over the last few years, books on ecological risk 

assessment have been published (Suter, 1993; Bartell et al., 

1992), the National research Council proposed an ecological 

risk paradigm (NRC, 1993) and there have been numerous 
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professional organization meetings and workshops devoted to 

ecological risk assessment. The EPA is in the process of 

developing more detailed procedural guidance for ecological 

risk assessment (USEPA, 1996). Much of this work is either 

promoted to address all ecosystems or devoted entirely to 

terrestrial ecosystems. 

In 1994, the Society of Environmental Toxicology and 

Chemistry issued a report that concentrated on risk 

assessment methods and mitigation measures specifically 

designed for aquatic ecosystams (SETAC, 1994). This 

document entitled, Aquatic Dialogue Group: Pesticide Risk 

Assessment and Mitigation, was developed by the Aquatic Risk 

Assessment and Mitigation Dialogue Group (the Aquatic 

Dialogue Group) under joint National Agricultural Chemical 

Association (NACA) and EPA sponsorship in response to OPP's 

plan to implement the new paradigm for pesticide 

registration (USEPA, 1992b). The Aquatic Dialogue Group 

reviewed an extensive array of technical issues regarding 

risk assessment, exposure and effects characterization and 

risk mitigation. Based on this review, the Dialogue Group 

reached numerous recommendations for implementation of the 

new paradigm for pesticide registration and re-registration. 

In the very first recommendation of the report, the 

Aquatic Dialogue Group stated that the OPP should implement 

integrated probabilistic risk assessment approaches that 

include both the probability of exposure and effects. The 
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Aquatic Dialogue Group suggested that probabilistic 

presentation of risk would provide risk managers with 

information on the degree of risk and the uncertainty 

associated with the assessment. 

Further, the report noted that prior to the new 

paradigm, expected environmental concentrations of 

pesticides were represented as single values. Hence, the 

pesticide's quantitative likelihood of occurrence in the 

ecosystem is unknown. Without a probabilistic framework of 

exposure, the significant spatial and temporal variation of 

actual pesticide concentrations in the environment can not 

be evaluated. The Aquatic Dialogue Group strongly supported 

the use of computer simulation models to estimate pesticide 

exposure to aquatic organisms. The report stated that in 

order to capture the variability of environmental exposure 

concentrations, a probabilistic modeling approach should be 

used to develop exposure values that present a measure of 

the likelihood of occurrence in the real world (SETAC, 

1994). However, the report also noted that computer model 

validation was critically needed. 

In addition, the report asserted that "characterizing 

the potential risk of a pesticide requires a comparison of 

the exposure potential with some measure of potential 

effects" (SETAC, 1994). The report recommended that "a risk 

characterization be presented as a distribution of toxicity 



1-9 

values, rather than a single point estimate, and be compared 

with the exposure probability distribution" (SETAC, 1994). 

This study evaluates the use of probabilistic aquatic 

risk assessment methods in conjunction with temporal 

exposure predictions determined from fate and transport 

modeling of pesticide runoff and attempts to validate these 

procedures through their application to an actual multi-year 

agricultural pesticide runoff study conducted on Leadenwah 

Creek in South Carolina (Scott et al.; 1990, 1993). 

Study Overview 

This research examined risk characterization methods 

that combine probabilistic exposure concentrations developed 

from simulation modeling with the probabilistic toxicity 

values derived from effects assessment methods. The 

validity of various aspects of the aquatic ecological risk 

characterization method is evaluated. First, the validity 

of the aquatic effects assessment methods, which predict 

estimated safe concentrations (ESCs) for azinphos-methyl and 

fenvalerate, are evaluated by comparing the ESCs with 

ambient concentrations from the Scott et al. (1990, 1993) 

studies and simulated pesticide concentrations from the 

Acevedo et al. (1997) study, where actual in situ bioassay 

toxicity test results are available. Increased mortality in 

the bioassay tests would be expected to coincide with 
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ambient and simulated pesticide concentrations that exceeded 

the respective ESCs. 

Second, in the risk characterization, risk estimates 

are calculated for pesticide exposures incorporating the 

magnitude, duration and temporal distribution of pesticide 

exposure from agricultural runoff during defined runoff 

episodes. The validity of this risk characterization method 

can be evaluated by comparing calculated risk estimates to 

known in situ responses associated with measured and 

simulated pesticide concentrations (stressors) associated 

with specific runoff episodes. These field validations are 

essential to evaluating the applicability of the effects 

assessment methods and the risk characterization methods 

employed in this investigation. In addition, the Aquatic 

Dialogue Group stated that model validation is critically 

needed and will require additional field validation studies 

(SETAC, 1994). This investigation attempts to meet the 

Aquatic Dialogue Group's recommendation for model and field 

validation studies. 

Cairns (1986) defines the extrapolation from the 

laboratory to the field as "the ability to predict the 

relationship between the response of the artificial 

laboratory system and the natural system." Chapman equates 

this definition of extrapolation with validation, stating 

that the only way to "validate" the laboratory, compared to 

the field, is to show similar effects in the laboratory and 



1-11 

the field with the same test species (Chapman, 1995). In 

this study, laboratory effect concentrations and risk 

estimates for a particular estuarine species are compared to 

the in situ bioassay results of same test species whenever 

possible. Cairns (1993) also called for the use of 

indigenous species over standardized, but non-indigenous 

species in toxicity testing. Scott et al. (1990, 1993) used 

indigenous species for the in situ bioassay toxicity tests 

in Leadenwah Creek evaluated for this risk assessment. 

Chapman (1995) proposed three exploratory postulates 

for evaluating causal relationships in sediment studies. 

However, these postulates should apply to water column 

analyses. First, contaminants must be found in all cases of 

effects in question. Second, similar effects must be 

demonstrable in the laboratory with field collected samples; 

and/or, the field with in situ experimentation. Third, 

similar ecosystem effects must be demonstrable in the 

laboratory with direct exposure to the same contaminants. 

Therefore, for the field validations made in this 

investigation to purport causality, it is assumed that the 

exploratory postulates proposed by Chapman (1995) are met in 

this study. 

In the tradition ecological risk assessment paradigm 

described in Framework for Ecological Risk Assessment 

(USEPA, 1992), the basic steps involved in performing an 

ecotoxicological assessment of impacts to a community 
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include: 1) problem formulation; 2) effects assessment (or 

characterization of ecological effects); 3) exposure 

assessment (or characterization of exposure) followed by 

4) risk characterization (or characterization of ecological 

effects). Steps 2 and 3 are often referred to as the 

Analysis Phase and may be performed simultaneously. 

Ecological risk assessments are often divided into two 

main categories; prospective and retrospective. In the 

prospective ecological risk assessment, the evaluation of 

the ecosystem is predictive, relying on laboratory effects 

data to predict in situ biological impacts. However, the 

retrospective risk assessment is performed using actual in 

situ chemical and biological assessments. A method is 

presented to perform a prospective probabilistic ecological 

risk assessment. The prospective method uses the Scott et 

al. (1990, 1993) ambient pesticide data to predict 

probabilistic effects to Leadenwah Creek. The effects 

assessment and exposure assessment predictions determined by 

the prospective method are compared to retrospective 

ecological risk assessment results reported by Scott et al. 

(1990, 1993). 

Problem Formulation 

Problem formulation is defined as the process for 

generating and evaluating preliminary hypotheses about why 

ecological effects have occurred, or may occur, from human 
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activities (USEPA, 1996). Problem formulation is an initial 

scoping process for defining the objectives for the 

ecological risk assessment. The problem formulation process 

requires an evaluation of exposure and effects of the 

ecosystem of interest. In addition, a thorough examination 

of available data and site-specific factors should be 

conducted (USEPA, 1992a; USEPA, 1996). 

An estuarine community is the ecosystem of interest in 

this validation study of risk assessment methods. The 

assessment is confined to the water column community. 

Although the potential for adverse effects to the benthic 

community may exist at the validation site, an assessment of 

this component of the aquatic ecosystem was not the focus of 

this investigation. 

In this investigation, ecological risk is expressed as 

a probabilistic function of the ecotoxicological effects and 

the environmental exposure. This aquatic risk assessment 

presents a risk characterization method which provides the 

risk manager with a probabilistic measure of the potential 

effects of pesticide exposure from agricultural runoff to an 

estuarine stream. 

Effects Assessment 

Aquatic ecotoxicological effects assessment is the 

identification and quantification of the potential adverse 

effects of chemicals stressors to the aquatic ecosystem. 
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The chemical stressors investigated in this study were the 

pesticides, azinphos-methyl and fenvalerate. To identify 

potential adverse effects for an estuarine community, a 

review of available azinphos-methyl and fenvalerate 

laboratory single species toxicity data for relevant species 

was conducted. The EPA's Aquatic Toxicity Information 

Retrieval database (AQUIRE) database, the Ecotoxicology 

database (ECOTOX) and other published toxicity testing data 

were reviewed to identify known stressor-response 

relationships. The AQUIRE and ECOTOX databases, managed by 

EPA's National Health Effects Exposure Research Laboratory 

in Duluth, Minnesota, are active databases which contain 

ecotoxicological effects information for aquatic life, 

terrestrial wildlife and plants. Data were evaluated to 

describe the relationship between the magnitude, frequency 

and duration of the pesticide in an experimental setting and 

the magnitude of response (adverse effect). 

The second component of the prospective ecotoxico-

logical effects assessment was the quantification of 

potential adverse effects. The goal of effects assessment 

quantification is to develop a stressor-response profile. 

In this study, probabilistic methods were used to quantify 

potential adverse effects to aquatic ecosystems. For 

aquatic ecosystems, the conventional probabilistic effects 

methods extrapolate the results of a series of single 

species laboratory toxicity tests to derive estimated safe 
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concentration values for aquatic ecosystems. By applying 

the laboratory-derived aquatic toxicological endpoints 

obtained from the AQUIRE database and the literature review 

of available probabilistic methods, estimated safe 

concentrations (ESCs) for azinphos-methyl and fenvalerate in 

estuarine ecosystems were calculated. Acute and chronic ESC 

was determined for each pesticide. The ESCs are different 

for each probabilistic method employed and serve as 

stressor-response profiles in the effects assessment. 

The risk manager must acknowledge the incongruity 

between the invariable conditions of laboratory test methods 

for determination of stressor-response profiles and the 

variable environmental conditions impacting ecological 

response. This is a possible source of error in risk 

assessment. In this study, water column pesticide 

oscillations and duration of environmental exposure are two 

variable conditions that are evaluated in the risk 

characterization. 

This study examined three probabilistic effects 

assessment methods which may be applied to aquatic 

laboratory toxicity test data for prospective effects 

assessment. Acute and chronic ESCs were calculated by each 

method. Although each probabilistic effects method has 

specific terminology for the predicted safe concentrations, 

this study refers to all predicted ecosystem safe 

concentrations as ESCs (either acute ESCs or chronic ESCs). 
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The first method is the Guidelines for Deriving Numerical 

Water Quality Criteria for the Protection of Aquatic 

Organisms and Their Uses (Stephan et al., 1985), also 

referred to as the USEPA national guidelines document. 

This method employs a probabilistic approach to assessing 

ecotoxicological effects through procedures that are 

designed to protect 95% of the exposed aquatic species 95% 

of the time. 

The EPA national guidelines document (Stephan et al., 

1985) details the requirements and the methodology for 

deriving ambient water quality criteria (AWQC) for specific 

chemicals for the protection of aquatic life. Criterion 

values are determined for the protection against acute 

exposure and chronic exposure to a chemical stressor. An 

acute criterion is referred to as a criterion maximum 

concentration (CMC) and a chronic criterion is known as the 

criterion continuous concentration (CCC). The statement of 

a criterion generally specifies that the four-day average 

concentration of a substance should never exceed the CCC and 

that the one-hour average concentration of that substance 

should never exceed the CMC. 

Stephan et al. (1985) specifies explicit data 

requirements for calculation of freshwater and saltwater 

numeric criteria values. For estuarine ecosystems, the 

methods require the results of acceptable acute tests with 

at least one species of saltwater animal in at least eight 
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different families such that the following are included: 

a. two families in the phylum Chordata; b. a family in a 

phylum other than Arthropods or Chordata; c. either the 

Mysidae or Penaeidae family; d. three other families not in 

the phylum Chordata and; e. any other family. Second, data 

are required for acute-chronic ratios (ACRs) with species of 

aquatic animals in at least three different families 

provided that of the three species: a. at least one is a 

fish; b. at least one is an invertebrate and; c. at least 

one is an acutely sensitive saltwater species (the other two 

may be freshwater species). Third, the results of at least 

one test with a saltwater alga or vascular plant is needed. 

Finally, at least 1 bioconcentration factor (BCF) determined 

with an appropriate saltwater species is required. 

An insufficient number of published single-species 

laboratory-derived toxicity test results were available to 

calculate saltwater criteria (acute and chronic ESCs) for 

the pesticide, azinphos-methyl. Additional acute and 

chronic toxicity tests were necessary to derive azinphos-

methyl acute-to-chronic ratios. To augment the database, 

acute and chronic toxicity tests were conducted on an 

estuarine invertebrate, the mysid (Mysidopsis bahia), and a 

estuarine vertebrate, the sheepshead minnow (Cyprinodon 

variegatus). The methods and results are presented in 

Chapter 2. 
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Hansen (1989) reported that when freshwater criterion 

continuous concentrations were compared to saltwater 

criterion continuous concentrations, 35% of the values 

varied by a factor of five or greater. However, there 

exists less toxicological information for saltwater species, 

particularly phytoplankton and macroalgae, than for 

freshwater species (Hansen, 1989). Since data suggest that 

values for saltwater criteria differ from freshwater 

criteria, every effort was made to derive saltwater aquatic 

life criteria and other estimated safe concentrations. 

The EPA method for derivation of aquatic life criteria 

assumes that aquatic ecosystems can tolerate stress and 

intermittent adverse effects. Therefore, protection of all 

species at all times and places is not deemed necessary 

(Stephan et al., 1985). Criteria established by the EPA are 

intended to provide a reasonable level of protection to 95% 

of the aquatic species and their uses 95% of the time. It 

is inferred that species selected for testing will 

adequately represent the range of sensitivity of species in 

aquatic ecosystems. Policy judgement was used to define the 

extent to which individual species should be protected 

(e.g., 90 vs 95 percent of the species). 

The national guidelines were developed on the premise 

that effects to a species in a controlled laboratory 

toxicity test will ordinarily occur to the same species in 

comparable field conditions. Dickson et al. (1992) assessed 
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the relationships between ambient toxicity and instream 

biological response, such as fish richness, by statistically 

reevaluating eight studies which included six USEPA study 

sites throughout the United States, a study on the Trinity 

River in Texas and another on the South Elkhorn Creek in 

Kentucky. Utilizing robust canonical correlation and 

classification methods, the authors were able to identify 

statistically significant relationships between ambient 

toxicity and instream biological impact in each site 

investigated. 

While final criteria values for the protection of 

aquatic life are peer reviewed and published in the Federal 

Register, these numbers are not federally enforceable. A 

chemical specific criterion must be adopted as a numeric 

standard in a state's surface water quality standard 

regulations. Should a state not establish a water quality 

standard for a federally published aquatic life criterion 

which contributes to or has the potential to contribute to a 

violation of a state's water quality regulations, the 

federal government may promulgate numeric standards for the 

protection of aquatic life in that state. 

The second and third probabilistic methods are those of 

Aldenberg and Slob (1991) and Wagner and Lokke (1991). These 

methods predict ecosystem safe concentrations of a chemical 

stressor by applying statistical extrapolation procedures to 

sets of acute (LC50) or chronic (NOEC) laboratory toxicity 
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testing data available for a specific chemical stressor. 

Both Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

estimate an ecosystem safe concentration termed the 

hazardous concentration (HCP) for some percentage p of the 

species in an ecosystem such that the probability of 

selecting a species with an LC50 or NOEC smaller than p is 

an arbitrary small number, with p = 0.05 (5%) generally 

accepted. These type of risk assessment methods are 

generally referred to as distribution methods. 

There are other distribution models methods (Kooijman, 

1987; Van straalen and Denneman, 1989) available which 

perform laboratory-to-field extrapolations on sets of acute 

or chronic laboratory toxicity testing data for a particular 

chemical stressor. Most of these methods recommend the use 

of chronic NOEC values with some minimum number of NOEC 

values available from species of various taxonomic groups 

for the specific compound of concern. Acute endpoints 

(i.e., 96-h LC50s) from various taxonomic groups may also be 

employed by the extrapolation models to determine acute 

saltwater ESCs (Van Straalen and Denneman, 1989; personal 

communication, T. Aldenberg, 1996; RIVM, 1993). The use of 

extrapolation methods as an ecotoxicological risk assessment 

tool has been generally well received (OECD, 1992; OECD, 

1994; van Leeuwen, 1990). However, reviewers have 

recommended that validation studies be performed before 
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extrapolation methods are used as a management tool (Smith 

and Cairns, 1993; van Leeuwen, 1990). 

These probabilistic methods are similar in that 

extrapolation procedures using distribution models 

statistically predict the effect level of a compound in an 

ecosystem from single species tests on selected species 

representing the ecosystem. However, differences in the 

type of tests evaluated, the type of logistic distribution 

used and other factors distinguish one method from another. 

The methods of Kooijman (1987), Van Straalen and Denneman 

(1989) and Aldenberg and Slob (1991) utilize the log-

logistic distribution while the method of Wagner and Lokke 

(1991) utilizes the log-normal distribution. The Stephen et 

al. (1985) method is referred to as the triangular 

distribution (Smith and Cairns, 1993; van Leeuwen, 1990). 

In addition, the method of Kooijman (1987) estimates a 

hazardous concentration for the most sensitive species in a 

community where the methods of Wagner and Lokke (1991), Van 

Straalen and Denneman (1989) and Aldenberg and Slob (1991) 

estimate the hazardous concentration for some percentage p 

of the species in an ecosystem such that the probability of 

selecting a species with an NOEC smaller than p is an 

arbitrary small number, with p = 0.05 (5%) generally 

accepted. Therefore, the ecotoxicological safe level could 

theoretically cause adverse effects to 5% of an ecosystem's 

species. 
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Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

(1991) utilize improved extrapolation constants that allow 

straightforward calculation of estimates of the HC5 (or ESC) 

from mean and standard deviation of a sample of acute or 

chronic toxicity test data. The distribution model 

procedure of Van Straalen and Denneman (1989) which sets out 

to predict a concentration that protects 95% of the species 

in an ecosystem using single species toxicity data is 

modified by Aldenberg and Slob (1991) and Wagner and Lokke 

(1991) to account for the uncertainty in the Van Straalen 

and Denneman estimates. The modified constants of Aldenberg 

and Slob (1991) and Wagner and Lokke (1991) allow for the 

calculation of the one-sided 95% left confidence limit of 

the Van Straalen and Denneman HC5. This 95% confidence 

limit is always lower than the 95% certainty value 

calculated by Van Straalen and Denneman. 

Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

also derive constants which calculate the one-sided 50% 

confidence estimate. This one-sided 50% confidence value is 

always higher than the 95% certainty value calculated by Van 

Straalen and Denneman. The one-sided 50% confidence value 

is referred to as a median HC5 estimate which is calculated 

to overpredict as often as it underpredicts the true ESC at 

p = 0.05. Because the median hazardous concentration is 

already a confidence limit, confidence intervals are not 

determined. However, the one-sided 95% left confidence 
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limit of the Aldenberg and Slob (1991)/Wagner and Lokke 

(1991) extrapolation method does serve as the estimate which 

confidently underestimates the hazardous concentration by 

95%. The median hazardous concentration (HC5) estimate 

predicted by the Aldenberg and Slob (1991)/Wagner and Lokke 

(1991) extrapolation method is defined as the estimated safe 

concentration (ESC) for this study. 

Aldenberg and Slob (1991) introduced a statistical 

modification calculated by computer simulation to enlarge 

the reliability of the method, particularly if there are few 

data. The fewer the input data for a distribution model 

extrapolation method, the greater the uncertainty of the 

estimated safe level at the selected probability. When 

applying these approaches in this project for azinphos-

methyl, too few marine chronic data were available to 

effectively calculate chronic saltwater ESCs using the 

extrapolation methods. Therefore, freshwater chronic values 

were incorporated to augment the chronic database. 

In these methods, it is assumed that the acute or 

chronic values for single test species and for all species 

in a community are stochastically independent variables with 

the same logistic distribution. Another assumption is that 

the toxicity data entered in the model are drawn at random 

from the symmetrical probability distribution. It should be 

noted that the results of these extrapolation models are 

limited in their ability to reflect ecological reality. 
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Many variables remain unaccounted for. The interaction 

between species is just one example of such a variable. 

These methods account for direct effects to individual 

species only, whereas ecosystems are characterized by many 

species interactions such as predator-prey relationships, 

food webs, and competition. In addition, it is an implicit 

assumption that protection of a selected percentage of 

species will sustain the structure and function of the 

aquatic ecosystem. 

The probability p = 0.05 was selected for use in this 

investigation. It should be noted that classification of 

data into taxonomic groups does not mean that, given the 

protection level of 95%, entire groups of species may be 

adversely affected by a substance. The use of these 

distribution methods present some limitations. The 

selection of the protection level (e.g., 95% or 90% of the 

ecosystem's species) may not be universally accepted. While 

a 95% protection level may be viewed as overprotective, the 

5% of potentially affected species may include endangered 

species or species of ecological, commercial or recreational 

significance. 

Exposure Assessment 

Exposure assessment is the estimation of exposure of 

indigenous species resulting from the release, fate and 

transport of a stressor (e.g., pesticide). In an exposure 
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assessment, a characterization of the stressor(s) and the 

ecological components is performed. Data analyses conducted 

in the exposure assessment should describe the source(s) of 

stressors, the distribution of stressors in the environment, 

and the contact or co-occurrence of stressors with 

ecological receptors. The final report of the Aquatic 

Dialogue Group emphasized the importance of estimating 

pesticide (chemical stressor) exposure to the aquatic 

community (SETAC, 1994). The report recommended the use of 

computer modeling in prospective effects assessment to 

generate spatial and temporal distributions of expected 

environmental concentrations of pesticides (SETAC, 1994). 

Further, the report encouraged the use of models in 

conjunction with field studies, to increase the confidence 

in the model predictions and, hence, increase confidence in 

predictive environmental fate and exposure characterization 

(SETAC, 1994). 

The characteristics of an ecosystem affect the 

quantity, bioavailability and distribution of a chemical 

stressor. Ecosystem characteristics many include microbial 

biotransformation as well as fate and transport mechanisms 

such as flow rate, photolysis, hydrolysis and sorption. 

Exposure of a chemical stressor may also be influenced by 

physical characteristics. In an aquatic ecosystem 

characterization, the physical characteristics that effect 

chemical stressor exposure include precipitation, 
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temperature and water chemistry parameters such as total 

organic carbon (TOC), salinity and hydrogen ion 

concentration (pH). The relevance of a characteristic 

depends on the particular ecosystem in question and the 

chemical nature of the stressor. In aquatic ecosystems, 

information influencing the spatial and temporal 

distribution dynamics and the bioavailability of the 

chemical stressor are essential components of stressor 

characterization. 

Not only do the aforementioned factors affect the 

bioavailability of stressors in an exposure assessment, but 

comparisons to effects assessments in risk characterization 

should be made cautiously. The information gathered for 

affects assessments generally come from laboratory toxicity 

tests performed under established standardized conditions 

(i.e., pH, temperature) and do not accurately portray 

chemical toxicity in the environment. In natural aquatic 

ecosystems, constantly changing physicochemical conditions 

may alter the physiological condition of biota as well as 

the interaction between biota and stressor(s) (Mayer et al., 

1994). For instance, temperature has been reported to 

affect chemical toxicity by influencing changes in 

respiration rates, chemical absorption, chemical excretion 

and detoxification (Mayer et al., 1994). 

The stressors assessed for this investigation include 

an organophosphate pesticide (azinphos-methyl) and a 
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pyrethroid pesticide (fenvalerate). Temperature, pH and the 

octanol/ water partition coefficient (Kow) can affect the 

bioavailability of these toxicants. The toxicity of 

organophosphate pesticides increases with temperature 

(Brecken-Folse et al., 1994; Howe et al., 1994; Mayer et 

al., 1994). The toxicity of some pyrethroids has been 

negatively correlated with temperature (Mauck et al., 1976). 

Although some data on water column temperature in the 

exposed ecosystem (Leadenwah Creek) were available, 

attempting to adjust toxicity for the variable temperatures 

profiles in Leadenwah Creek is beyond the scope of this 

study. 

Total hardness appears to have little affect on the 

acute toxicity of organic chemicals (Mayer et al., 1994). 

Acute toxicity of two organophosphate pesticides correlated 

poorly with Kow (Mayer et al., 1994). Nonetheless, the 

bioavailability of pyrethroid pesticides should be 

influenced by the organic content in the water column, given 

the high Kow of most pyrethroids (fenvalerate log Kow = 6.2). 

However, data on suspended solids and the organic content of 

the water column in the exposed ecosystem (Leadenwah Creek) 

was not available, therefore adjustments to bioavailability 

based on sorption to organics cannot be estimated. 

While avoidance can reduce exposure to chemicals, test 

organisms exposed to the pesticides in the runoff episodes 
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(Scott et al.; 1990, 1993) were caged and unable to avoid 

exposure to pesticide concentrations in the runoff. 

In a risk assessment, changes in ecological effects can 

be expressed as a function of changes in exposure to a 

stressor (USEPA, 1996). To develop accurate exposure 

profiles for each of the pesticides measured in the 

estuarine ecosystem in this risk assessment, fate and 

transport modeling was employed to predict the temporal 

distribution of pesticide concentrations following five 

separate agricultural runoff events. 

Using the ambient concentrations of azinphos-methyl and 

fenvalerate measured in Leadenwah Creek following rainfall 

events, Acevedo et al. (1997) modeled pesticide exposure 

concentrations during the duration of the field bioassay 

tests. The fate and transporL model used in this study was 

developed specifically to correspond with the physical 

characteristics of the estuarine system that was modeled. 

However, other fate and transport models are available and, 

depending on the characteristics of a given water body, may 

be more appropriate. The Federal Insecticide, Fungicide and 

Rodenticide Act (FIFRA) Exposure Modeling Work Group (EMWG) 

recommends the Exposure Analysis Modeling System (EXAMS) and 

the Water Quality Analysis Simulation Program (WASP5) as 

primary surface water models (Wauchope, 1992). The FIFRA 

EMWG recommends the Groundwater Loading Effects of 

Agricultural Management Systems (GLEAMS) and Pesticide Root 
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Zone Model (PRZM2) as primary runoff/soil erosion models 

(Wauchope, 1992). 

Five rainfall events were modeled as individual runoff 

episodes. During each episode, Acevedo et al.(1997) 

characterized the temporal pattern of pesticide exposure by 

simulating the transport and fate of the pesticides in the 

tidal stream. The pesticide exposure concentrations 

predicted in the baseline scenarios for each episode and 

each pesticide were used to estimate total pesticide 

exposure in the water column. These baseline scenarios were 

constructed to coincide with known periodic deployments of 

field bioassay toxicity tests conducted by Scott et al. 

(1990, 1993). Several baseline scenarios encompassed more 

that one rainfall event over the course of several days. 

A one-dimensional transport equation with first-order 

decay was used to simulate the transport and fate of 

pesticide runoff entering the tidally influenced creek 

following a rainfall event. The first-order rate constants 

used by the fate component were calculated from half-life 

values. The modeled pesticide concentrations were dominated 

by the transport mechanism. In all modeled scenarios, the 

ambient pesticide concentrations rise following the initial 

torrent of rainfall runoff, followed by decreasing 

oscillations in pesticide concentrations influenced by tidal 

cycles. The simulated pesticide concentrations followed up 

and down undulations that tracked the tidal movements. This 
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finding suggested that the estuarine ecosystem would be 

subject to repetitive oscillations of pesticide exposures 

over several tides after the initial pesticide runoff 

exposure. 

The few measured pesticide concentrations were not 

always overlaid on the simulated curve. The methodology 

developed by Acevedo et al.(1997) reconstructed the exposure 

events from the sparse sampling of pesticide concentrations 

measured by Scott et al. (1990, 1993) during the rainfall 

events which were significant enough to result in 

agricultural runoff. Acevedo et al.(1997) used uncertainty 

intervals (mean ± a) of the simulated curve to indicate 

potential excursions of the exposure metrics not captured by 

the field sampling. 

Risk Characterization 

The ultimate goal of the risk characterization is to 

estimate the of risk to the ecosystem from exposure to the 

stressor(s). Risk estimation entails the integration of 

exposure and effects estimates (USEPA, 1996). Risk 

estimation calculates the likelihood (or probability) of 

adverse effects to the ecosystem by integrating effects and 

exposure data. There are various approaches for estimating 

risks. In a probabilistic risk assessment a quantitative or 

semi-quantitative estimation of the probability of adverse 

effects to the ecosystem can be determined from the effect 
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and exposure assessments. However, the most common method 

is the single-point estimate of stressor exposure and 

effects, generally referred to as the quotient method. The 

quotient method does not provide the risk manager with a 

measure of probability of ecological risk. Another 

deterrent to the use of the quotient method is that the 

point estimate may not reflect the intensity of effect or 

exposure pattern for the assessment. For instance, an acute 

endpoint (LC50) derived from a 96-h LC50 laboratory test 

using constant exposure concentrations may be unsuitable for 

assessment of reproductive effects or lethal effects 

resulting from pulsed exposures. Lastly, the quotient 

method does not provide an explicit measure of uncertainty 

such as the ability to extrapolate from tested species to 

the ecosystem of concern. 

Probability can be factored into the estimation of risk 

when either the distribution of effects (stressor response 

profile) or the distribution of exposure (exposure profile) 

can be quantified. When the stressor(s) exposure 

distribution can be quantified, the effects point estimate 

can be compared with a cumulative exposure distribution. 

The OPPTS uses the Probabilistic Distribution Model (PDM3) 

to generate an exposure distribution. A stressor (pesticide) 

distribution can be compared to a toxicity test endpoint 

(LC50) to predict the number of days per year the endpoint 

concentration is exceeded (USEPA, 1988). However, this only 
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provides the risk manager with a frequency of exceedance of 

a duration of the toxicity test used as the effects point 

estimate. Suter et al. (1983) also discuss comparisons 

between point estimates of effects and distributions of 

exposure. 

Finally, exposure distributions predicting the annual 

maximum 21-d mean stressor (pesticide) level can be plotted 

against chronic point estimates to approximate the percent 

probability that the annual maximum 21-d mean concentration 

will exceed the chronic point estimate (SETAC, 1994). The 

same approximations of probable exceedance can be made using 

acute annual distributions and acute point estimates. 

On the other hand, when the stressor-response profile 

can be quantified as a distribution, the exposure point 

estimate (stressor's measured environmental concentration) 

can be compared with the probability distribution of effects 

to the ecosystem (Spehar and Carlson, 1993). Here, the 

limited exposure assessment prevents an evaluation of the 

duration, and frequency of exposure. Therefore, no implicit 

discussion of probable exposure to populations can be 

compared to the stressor-response profile. 

When the exposure and the stressor-response profiles 

can describe the variability in exposure and effects, a 

variety of different risk estimates can be calculated. 

Measured exposure distributions presented as frequency of 

observations for chemical stressors have been compared with 
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effects distributions (stressor-response profiles) of acute 

or chronic toxicity test endpoints from different species 

(SETAC, 1994, Solomon et al., 1996). In the Aquatic 

Dialogue Group final report, a frequency distribution of 

atrizine measured exposure concentrations was compared with 

single-species algal toxicity data for the same pesticide. 

The degree of overlap of the curves indicated the 

probability that a certain percentage of species may be 

adversely affected (SETAC, 1994). However, no relationship 

between the duration of environmental exposure distribution 

and the duration of the single-species toxicity tests was 

performed. 

In this risk characterization, the probability of 

adverse effects (responses) occurring as a result of 

exposure to the pesticides (stressors) in Leadenwah Creek is 

evaluated. For this study, the risk characterization 

consists of comparing probabilistic stressor-response 

profiles and the exposure distribution profiles. The 

stressor-response profiles are the ESCs developed from the 

distribution methods in the effects assessment. The 

exposure profiles are the temporal distributions of ambient 

pesticide concentrations in Leadenwah Creek predicted from 

the fate and transport modeling. In addition, this risk 

characterization employs a method to account for the 

duration of exposure. 
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Simultaneous exposure to multiple pesticides did occur 

during a number of the runoff episodes at the Leadenwah 

Creek site. The toxicity of pesticide mixtures has been 

studied by numerous authors (Fulton and Scott, 1991; Mayer 

et al., 1972; Macek, 1975; Konemann, 1981). Results 

indicate that toxicity is generally additive and rarely 

greater than additive. Additive pesticide toxicity has been 

demonstrated in laboratory toxicity tests using endosulfan, 

fenvalerate and azinphos-methyl (Fulton and Scott, 1991). 

Therefore, the risk characterization incorporates an 

evaluation of additive pesticide exposure. 

This study employed two different methods to compare 

the probabilistic stressor-response profiles and the 

exposure distribution profiles. In the first risk 

estimation, the estimated acute and chronic ESCs of each 

pesticide calculated from three probabilistic effects 

assessment methods (the probabilistic stressor-response 

profiles) are compared with the respective measured 

pesticide concentrations (point estimate exposure values) 

from field toxicity studies which experienced agricultural 

pesticide runoff. The estimated acute and chronic ESCs of 

each pesticide are also compared with maximum and average 

estimated pesticide exposure concentrations predicted by the 

model simulation described in Acevedo et al. (1997). The 

ratio of the ambient or modeled pesticide concentration over 

the ESCs is termed a hazard factor (HF). The ESC determined 
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for a specific stressor represents a value that is estimated 

to be protective of an entire ecosystem by protecting a 

given percentage of the ecosystem's species. The ESC should 

not be confused with a point estimate effects concentration 

and, therefore, use of the term hazard quotient would be 

inappropriate. Recall that the distribution model effects 

methods (Stephan et al., 1985; Aldenberg and Slob, 1991; and 

Wagner and Lokke, 1991) calculate acute and chronic ESCs. 

Actual measured or model-estimated pesticide values 

that equaled a pesticide's ESC at some given p would 

indicate the potential for adverse effects to some 

percentage p of an ecosystem's species. This ratio would 

equate to a hazard factor (HF) of 1. Hazard factors are 

calculated as follows: 

_ Stressor ambient or modeled concentration 
Jtir — • — 

Stressor Estimated Safe Concentration (ESC) at p = 0.05 

For a given chemical with the effects assessment safe 

concentration set at p = 0.05, an HF less than one indicates 

that 5% or fewer of an ecosystem's species would likely be 

adversely effected by exposure to that chemical. Likewise, 

at p = 0.05, a chemical HF of greater than one indicates the 

potential for adverse effects to more than 5% of the species 

exposed to that chemical. The percentage of species likely 

to be adversely affected by any given HF would be dependent 

on the representativeness of species-specific data which 
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constitute the distribution of species in the ecosystem and 

the percentage p selected in each distribution effects 

method used to calculate a pesticide's ESC. 

Hazard factors can be derived for acute or chronic 

stressor-response profiles (acute and chronic ESCs). An 

acute hazard factor (HFa) for a given stressor estimates the 

percentage of species adversely affected by acute exposure 

to that stressor at the acute ESC concentration for the 

allowable duration of exposure to the acute ESC. The 

allowable duration for this study, as in Stephan et al. 

(1985) is the 1 hour average). A chronic hazard factor 

(HFC) for a given stressor estimates the percentage of 

species adversely affected by chronic exposure to that 

stressor at the chronic ESC concentration for the allowable 

duration of exposure to the cnronic ESC. The allowable 

duration for this study, as in Stephan et al. (1985) is the 

four-day average. 

Acute hazard factors (HFas) and chronic hazard factors 

(HFcs) are generated for each pesticide measured during a 

runoff event. Hazard factors generated from the ratio of 

measured pesticide concentrations over ESCs are called 

ambient HFs. Hazard factors generated from the ratio of 

model-estimated pesticide concentrations to ESCs are called 

model-estimated HFs. For example, the ratio of the maximum 

model-estimated fenvalerate concentration over the acute 

fenvalerate ESC would be the fenvalerate model-estimated 
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HFa. ESCs were developed using three effects methods. 

Therefore, hazard factors (HFs) must reference the method 

that was used to develop the ESC used in the ratio. 

There are several limitations to this estimation of 

risk. While acute and chronic ESCs are associated with a 

specific duration of exposure, measured and model-estimated 

pesticide concentrations are not associated with specific 

exposure durations. Hazard factors are dependent on a 

consistent concentration over a given duration (i.e., that 

an ecosystem is exposed to an acute ESC for one hour). 

Concentrations of contaminants in aquatic ecosystems, 

especially tidally influenced systems, generally oscillate 

over time depending on physical and chemical variables 

(e.g., tide, runoff, hydrolysis, etc.). Hence, the ambient 

HFs calculated from grab samples of measured pesticide 

concentration probably do not reflect the true pesticide 

concentration during the hour about the grab sample 

measurement. Likewise, the model-estimated HFcs are 

calculated using an average simulated pesticide 

concentration which was predicted to occur over a four-day 

exposure scenario. Although the average concentrations may 

be predicted, true exposure concentrations constantly 

oscillate, limiting the inferences that can be drawn from 

comparing chronic ESCs with average exposure concentrations. 
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Most laboratory-derived chemical-specific data are 

based on continuous exposure to a relatively constant 

exposure level of a chemical stressor. The ESCs developed 

from the application of the distribution effects methods 

incorporate this constant. However, concentrations of 

chemical stressors in natural aquatic ecosystems continually 

undergo fluctuations. This disparity introduces error into 

attempts to calculate ambient ESCs derived from laboratory 

toxicity testing data. To compensate for this imprecision, 

the second risk estimation accounts for temporal fluctuates 

in ambient pesticide exposures in the water column. 

The pesticide exposure distribution determined for each 

runoff episode modeled by Acevedo et al. (1997) provides an 

intermittent, oscillating pattern of temporal pesticide 

exposure of azinphos-methyl and fenvalerate. The simulated 

pesticide concentrations were modeled to predict the 

pesticide concentrations occurring about agricultural runoff 

events during which in situ bioassay toxicity tests were 

conducted. 

In the second risk estimation, the cumulative (computed 

as a function of the magnitude and duration of simulated 

pesticide exposure concentrations) stressor exposure values 

are compared to various toxic threshold values (effects 

point estimates and probabilistic stressor-response ESCs). 

The product of the calculations are termed toxic exposure 

equivalents (TEEs). The TEEs are determined for each of the 
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five modeled runoff episodes conducted in Acevedo et al. 

(1997) and are then compared to the results of in situ caged 

bioassay tests deployed during the respective runoff events 

to validate the risk estimates of the methodology. 

A TEE of one is defined as exposure to the pesticide 

ESC (or other toxic effects threshold) for the duration not 

to be exceeded as defined in the distribution effects method 

used to calculate that ESC. For example, the fenvalerate 

acute ESC for the AWQC methodology (Stephen et al., 1985) is 

0.0086 ng/L. According to Stephen et al. (1985), the one 

hour average acute ESC (which is defined as the final acute 

value, FAV), should not be exceeded. Therefore, one TEE 

would equate to exposure to the acute ESC (0.0086 fJ.q/L>) for 

one hour. Exposure to the FAV ESC for two hours or exposure 

to two times the FAV ESC (0.017 ng/l>) for one hour is 

equivalent to two fenvalerate toxic exposure equivalents for 

the Stephan et al. (1985) method. 

Chronic ESCs were also used to calculate chronic TEEs 

for a given contaminant. Chronic TEEs were calculated two 

ways; 1) using pesticide concentrations which equaled or 

exceeded the ESC during an exposure event and 2) using all 

pesticide concentrations which occurred during an exposure 

event. A chronic TEE of one is defined as exposure to the 

pesticide's chronic ESC (or other toxic effects threshold) 

for the duration not to be exceeded as defined in the 

distribution effects method used to calculate that chronic 
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ESC. Toxic exposure equivalents developed from chronic ESCs 

(i.e., Final Chronic Value or FCV) estimate the percentage 

of species adversely affected from chronic exposure to that 

contaminant dependent upon the chronic ESC and the allowable 

duration of exposure defined by the distribution effects 

method used to calculate the chronic ESC. This study, as in 

Stephan et al. (1985) distribution effects method, used the 

four-day average concentration as the allowable duration to 

the chronic safe concentration. 

To calculate ESC-specific TEEs, modeled pesticide 

concentrations were selected from the baseline run of the 

Acevedo et al. (1997) paper. The fate and transport model 

estimated pesticide concentrations at given time intervals 

over each rainfall runoff episode. For the development of a 

TEE for a given ESC, the integration of simulated pesticide 

concentrations exceeding the acute or chronic ESC of concern 

was performed using following steps: 

1) During a given stressor simulation event, stressor 

concentrations oscillate over time, forming "curves" 

over the duration of the exposure event as illustrated 

in Figure 2. In acute TEE calculations, for every time 

interval where a model-estimated stressor (pesticide) 

concentration equals or exceeds that stressor ESC 

(illustrated as the FAV) during the event's exposure 

duration, all pesticide concentrations are totaled to 
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provide the "Area under the Curve" or AUC. The entire 

shaded area in Figure 2 graphically illustrates a 

section of a temporal stressor level profile for an 

exposure event taken from Acevedo et al. (1997). Note 

the shaded area includes all pesticide concentrations 

at predicted concentrations equal to or above the ESC, 

both above and below the ESC. This summation is 

essentially equivalent to a mathematical interpolation. 

In Figure 2, each tick mark on the simulated stressor 

curve represents an interval with a stressor 

concentration. For example purposes, only the first 

curve is shaded, although all intervals equal to or 

exceeding an acute ESC in an exposure event are summed. 

2) The summed "AUC" for all time intervals equal to or 

exceeding the acute ESC is divided by the "acute ESC 

area" (shaded AUC with diagonal lines) to provide acute 

TEEs not adjusted for duration. 

3) In chronic TEE calculations, the TEEs were calculated 

two ways. First, chronic TEEs were calculated as acute 

TEEs (Steps 1, 2). 

4) In the second method of chronic TEE calculation, for 

all time intervals where model-estimated pesticide 

concentration occurred during the event's exposure 

duration, whether above or below the chronic ESC, the 

predicted pesticide concentrations are summed to yield 

the "AUC" (Figure 3). 
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5) The "Area Under the Curve" for all time intervals in 

which model-estimated stressor concentrations occurred 

during the exposure event is divided by the chronic ESC 

to provide chronic TEEs. 

6) To relate exposure event duration to the maximum 

allowable duration for the stressor acute ESC, exposure 

event duration must be a function of the stressor ESC's 

maximum allowable duration (i.e., for the AWQC method, 

the FAV specifies that to be protective as defined, the 

one hour average concentration should not exceed the 

FAV). For acute TEEs, total time for all time 

intervals equal to or, in exceedance of, the stressor 

acute ESC is determined. Since the acute ESC endpoint 

is only mortality, it is assumed that exposure to 

concentrations below the acute ESC for the ecosystem 

will not cause significant mortality and are below an 

acute threshold effect level. For chronic TEEs, total 

time for all time intervals with any model-estimated 

concentration is determined. Calculate the ratio of 

the total time of exceedance of the stressor ESC over 

that ESC's allowable duration of exposure. This ratio 

is multiplied by the ESC-specific TEEs (calculated in 

Steps 2-5) to yield the temporal event-specific TEEs 

for the stressor ESC, adjusted for allowable duration 

of exposure to the ESC. 
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The premise of this procedure is a basic mathematical 

interpolation (AUC) normalized to a benchmark (the acute or 

chronic ESC area) and adjusted for allowable duration of 

exposure. However, actual calculations for the interpo-

lation of the AUC may be performed various ways. 

Pesticide oscillations over the duration of exposure of 

bioassays during deployment have now been factored into the 

risk estimate. Where TEEs were calculated for both 

pesticides during the same model episode, cumulative TEEs 

are generated for the bioassay deployment. Simulated 

stressor concentrations predicted by the fate and transport 

model which are below an acute ESC in a TEE calculation are 

not included in acute TEE analyses. Simulated stressor 

concentrations below an acute ESC of concern for a given 

ecosystem are assumed to be below the threshold value for 

acute effects and, therefore, are not expected to adversely 

affect the exposed community. This study developed TEEs 

from ESCs (and for other effects threshold values, e.g., 

LC50s, MATCs) in order to provide a variety of benchmarks 

from which to draw comparisons to the bioassay results of 

the various species exposed to agricultural runoff in 

Leadenwah Creek. 

In a final analysis of risk estimation, relevant 

stressor exposure concentrations (or TEEs converted to a 

representative exposure concentration) are applied to the 

appropriate statistical distribution model derived from 
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Aldenberg and Slob extrapolation effects assessment method. 

The percentage of species to be protected from exposure to a 

particular stressor is set at 95% (p = 0.05) for this study, 

although from a strictly scientific point of view, the 

percentage of species to be protected from adverse effects 

is arbitrary. The 5th percentile, determined by the 

stressor's toxicity data set, is the so-called estimated 

safe concentration (ESC) for the ecosystem. If an exposure 

concentration happens to equal the 5th percentile value, the 

estimated hazard to the ecosystem is equal to 5%. Exposure 

concentrations below the ESC lead to adverse effects to less 

than 5% of the species while exposure concentrations above 

the ESC lead to larger percent of species at risk to adverse 

effects. The distribution model predicted by the stressor's 

toxicity data set may also be used inversely to estimate the 

risk associated with a certain stressor exposure 

concentration. 

Four statistical distributions are predicted from the 

acute and chronic single-species toxicity test data for 

azinphos-methyl and fenvalerate. Not only does the 

Aldenberg and Slob (1991) distribution model predict the 

concentration that is protective of 95% of the ecosystem's 

biota, the model may also be used inversely to estimate the 

risk associated with a certain exposure concentration or the 

cumulative exposure concentration derived from a toxic 

exposure equivalent. The ambient or model-estimated 
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stressor concentrations used to calculate HFs or the 

cumulative exposure concentrations derived as a function of 

a TEE can be extrapolated into the appropriate stressor 

statistical distribution model to predict the percent 

species at risk of adverse effects to a given HF or TEE 

value. Toxic exposure equivalents can be converted into 

stressor concentrations, since they are a function of an 

estimated safe concentration (ESC). 

The agricultural pesticide runoff study conducted by 

Scott et al. (1990, 1993) is the source of field data used 

to validate the risk characterization results. The field 

research was conducted in tidal streams of Leadenwah Creek 

near the Edisto River, South Carolina from 1985 through 

1989. This comprehensive study measured ambient pesticide 

levels and conducted in situ field bioassay toxicity tests 

before, during and after agricultural runoff events. The 

results of the bioassay toxicity tests from each of the 

runoff events were compared with predicted risk estimates 

calculated for each of the runoff episodes. The risk 

estimation methods that serve as the best predictors of the 

actual bioassay results are determined. 

As previously stated, the two pesticides examined in 

this risk assessment are Fenvalerate (CAS No. 51630-58-1) 

and Azinphos-xnethyl (CAS No. 86-50-0) . Each pesticide 

represents a predominant pesticide class. Azinphos-methyl 

is a member of the organophosphorus pesticides and 
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fenvalerate is a synthetic pyrethrin, commonly referred to 

as a pyrethroid. 

Az inphos-methy1 

Azinphos-methyl (Guthion) is a commonly used 

organophosphate pesticide initially registered for use in 

the United States in 1956 which is used on a wide variety of 

food and non-food crops. The chemical, used as an 

insecticide, acaricide and molluscicide, had the thirteenth 

greatest use (by mass) of insecticides used in the United 

States in 1989 (Gianessi, 1989). Azinphos-methyl has the 

chemical name 0,0-dimethyl-s-[(4-oxo-l,2,3-benzotriazin-

3(4H)-yl)methyl] phosphorodithioate with a molecular weight 

of 317.1. An n-octanol/water partition coefficient for 

azinphos-methyl of 477.6 (or log Kow = 2.78) has been 

reported by Lenz (1979). Azinphos-methyl solubility in 

freshwater is reported to be 25.1 mg/L (USEPA, 1994a). The 

compound has a melting point of 67-70°C with a vapor 

pressure of 2.2 x 10"7 torr and Henry's Law Constant of 

3.66x10 J (USEPA, 1994a). Azinphos-methyl degradation 

products include azinphos-methyl oxygen analog, 

mercaptomethyl benzazimide, benzazimide, hydroxymethyl 

benzazimide and bis-methyl benzazimide sulfide (USEPA, 

1994a). 

As an organophosphate, azinphos-methyl acts as an 

esterase-inhibitor causing nerve damage by blocking synaptic 
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transmission in the cholinergic parts of the nervous system. 

Nerve impulse transfers are disrupted by excessive 

accumulation of the neurotransmitter acetylcholine (ACh) 

which is usually broken down by the enzyme acetylcholin-

esterase (AChE). The organophosphates bind to the active 

site of AChE and preclude ACh breakdown (O'Brien, 1960; 

O'Brien, 1967). 

The half-life of azinphos-methyl in a non-sterile soil 

is 21-44 days under aerobic conditions and 68 days under 

anaerobic conditions (USEPA, 1986b). Azinphos-methyl is 

more stable under sterile soil conditions with a reported 

half-life of about one year (355 days). The degradation of 

azinphos-methyl is primarily by aerobic microbes and the 

pesticide has a low potential for bioaccumulation (USEPA, 

1994a). Azinphos-methyl hydrolyses slowly in acidic and 

neutral solution with half-lives of 39 and 23 days at pH 4 

and pH 7, respectively. The rate of hydrolysis was 

substantially greater at pH 9 (t1/2 = 2.2 days) (USEPA, 

1994a). Although the insecticide rapidly photodegradates in 

aqueous solution (at pH 4.4, t1/2 = 3 days), this compound is 

stable to photodegradation on soil with terrestrial field 

dissipation half-lives of 30-181 days (USEPA, 1994a). Data 

indicate that azinphos-methyl demonstrates low soil mobility 

(Kd = 7.6 - 16.8) as well as low leaching potential in a 

variety of soils and exhibits a low potential for residue 

leaching to groundwater (USEPA, 1986b; USEPA, 1994a). 
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The most sensitive saltwater organism is the common 

shrimp (Crangon crangon) with a 48-hr LC50 of 0.67 //g/L 

(confidence limits of 0.33 - 1.0 //g/L) (Portmann, 1972). 

However, this species is considered non-resident for the 

purposes of deriving U.S. EPA ambient water quality 

criteria. The most acutely sensitive marine vertebrate 

species, the Atlantic salmon, Salmo salar was determined to 

have a 96-hr LC50 of 2.1 //g/L (Johnson and Finley, 1980). 

The 96-hr LC50 for the mummichog (Fundulus heteroclitus) was 

reported to be 28 //g/L (Fulton and Scott, 1991) . 

Other acutely sensitive marine species data include the 

pinfish, Lagodon rhomboides, with reported effects to enzyme 

activity with one day exposure at 10 //g/L (Coppage and 

Matthews, 1974) the spot, Leiostomus xanthurus with a 2 day 

EC50 for irritation at 50 //g/L (Butler, 1964) , the white 

mullet, Mugil curema with a 24-hr LC50 of 5.5 //g/L (Butler, 

1963) and a one hour EC50 with an effect endpoint of 

equilibrium determined to be 550 //g/L for the Blue crab, 

Callinectes sapidus. Davis and Hidu (1979) demonstrated 

developmental effects to half the American oysters 

(Crassostrea Virginia) following 48-hr exposure to 620 //g/L 

Azinphos-methyl. Mayer (1987) reported an acute 48-hr EC50 

for the Brown shrimp (Paneaus aztecus) of 2.4 //g/L while 

Butler (1963) reported a 48-hr EC50 (equilibrium) for the 

Brown shrimp (Penaeus aztecus) to be 4.4 //g/L. 
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Reported effects on chronic azinphos-methyl exposure to 

saltwater organisms include a Gulf Breeze study by Cripe et 

al. (1984). The study found that seven-day exposure to 1.9 

//g/L azinphos-methyl produced significant mortality in the 

Sheepshead minnow (Cyprinodon variegatus) while exposure to 

0.06 //g/L for 107 days altered brain acetylcholinesterase 

activity in the same species. In the same study, effects to 

locomotive behavior were exhibited to the Sheepshead minnow 

following 164 days exposure to 0.42 //g/L and reproductive 

effects were demonstrated following 219 days exposure to the 

same concentration (Cripe et al., 1984). 

By comparison, freshwater acute toxicological effects 

data for azinphos-methyl exposure to invertebrates include 

96-hr LC50 values of 0.10 //g/L for the scud (Gammarus 

fasciatus) (Sanders, 1972), 0.20 //g/L for the freshwater 

prawn (Palaemonetes kadiakensis) (Sanders, 1972), 8.5 //g/L 

for the stonefly (Acroneuria pacifica) (Jensen and Gaufin, 

1964) and 14 // g/L for the mayfly (Ephemerella grandis) 

(Gaufin et al., 1965). Acute 96-hr LC50 data for freshwater 

vertebrate species ranged from 2.4 //g/L for the Yellow perch 

(Perca flavescens) (Johnson and Finley, 1980) and 3.2 //g/L 

for the Rainbow trout (Oncorhynchus mykiss) (Katz, 1961) to 

3,500 //g/L for the Black bullhead catfish (Ictalurus melas) 

(Macek and McAllister, 1970; Johnson and Finley, 1980). 

The freshwater aquatic sowbug, Asellus aquaticus, 

exhibited significant chronic mortality following 21 days 
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exposure to 1.0 <ug/L azinphos-methyl (Dortland, 1980). The 

20-day LC50 for freshwater prawn exposed to azinphos-methyl 

was reported to be 0.16 //g/L (Sanders, 1972). Adelman et 

al. (1976) indicated that the Fathead minnow (Pimephales 

promelas) exhibited significant mortality following 22 days 

exposure to 0.10 yug/L azinphos-methyl. 

Fenvalerate 

Fenvalerate (Pydrin), one of the more widely used 

synthetic pyrethroids, was developed in the mid-1970s. 

Pyrethroid insecticides are synthetic analogues of 

pyrethrins, a naturally occurring group of chemicals that 

act on the central nervous system causing depolarization of 

the nerve membrane by affecting the nerve's permeability to 

sodium and potassium ions, causing excessive firing of nerve 

impulses and eventual death (Shell, 1977). Fenvalerate has 

the chemical name Cyano(3-phenoxyphenyl) methyl 4-chloro-

alpha-(l methylethyl) benzeneacetate. 

Fenvalerate has a molecular weight of 419.91. At 25°C, 

this compound has a vapor pressure of l.lxlO"8 torr and a 

Henry's law constant of 6.08x 10"8 atm m3/mol (USEPA, 1994b). 

Fenvalerate has low solubility in seawater (24 Mg/L) 

(Schimmel et al., 1983) and strongly sorbs to sediments and 

particulate matter with a n-octanol/water partition 

coefficient of log Kow = 6.2 (Schimmel et al., 1983). With 

this high log Kow, a principal route of dissipation is 
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adsorption to soil (Kd > 15,000) although microbial-mediated 

biodegradation (aerobic and anaerobic) also occurs (USEPA, 

1994b). Fenvalerate also sorbs to glass, teflon and 

polypropylene (USEPA, 1994b). 

The half-life of fenvalerate in sediment/pesticide 

seawater solution was determined to be 34 days (t1/2 = 27-42, 

95% CI) (Schimmel et al., 1983). The half-life of 

fenvalerate in aerobic soils varies from 65 days in 

sandy/loam soils to 8 months for a study conducted in 

silt/loam soils (USEPA, 1994b). The terrestrial field 

dissipation half-lives for this compound were reported to 

range from 14 to 54 days (USEPA, 1994b). Fenvalerate does 

not hydrolyze with stability observed from a pH of 5 through 

a pH of 9. Fenvalerate does photodegrade in water with a 

half-live of 6 days (USEPA, 1994b). In a 1984 Ecological 

Effects Branch (EEB) hazard assessment, it was reported that 

residues can persist from one treatment year to another. 

The majority of toxicological data determined for 

fenvalerate has been generated utilizing pydrin. Data on 

fenvalerate in this summary refers to the pydrin formulation 

unless otherwise noted. Fenvalerate has been shown in 

laboratory studies to be highly toxic to aquatic organisms, 

particularly estuarine crustaceans. The pesticide has been 

classified as a "super toxic" chemical (Clark et al., 1989). 

Estuarine organisms have been shown to be more 

sensitive to acute fenvalerate exposures than freshwater 
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organisms. The most acutely sensitive marine organism 

tested, an invertebrate, the grass shrimp (Palaemonetes 

pugio) with a 96-hr LC50 < 0.003 //g/L (McKenney and Hamaker, 

1984), is an order of magnitude more sensitive to 

fenvalerate than the most acutely sensitive freshwater 

species tested, the scud, Gammarus pseudolimnaeus with a 96-

hr LC50 = 0.032 /zg/L (Mayer and Ellersieck, 1986). Other 

acutely sensitive marine invertebrates with reported 96-hr 

LC50s include the mysid, Mysidopsis bahia at 0.008 //g/L 

(Schimmel, et al., 1983), the shrimp, Crangon septemspinosa 

at 0.04 Mg/L (McLeese et al., 1980), the lobster, Homarus 

americanus at 0.14 //g/L (McLeese et al., 1980), the copepod, 

Nitocra spinipes at 0.38 ,ug/L (Linden et al., 1979) and the 

pink shrimp, Penaeus duorarum at 0.84 //g/L (Schimmel et al., 

1983) . 

The most acutely sensitive marine vertebrate species 

found in the literature were Menidia menidia, Leuresthes 

tenuis and Alburnus alburnus. Each study reported a 96-hr 

LC50 of 0.3 //g/L (Schimmel et al., 1983; Clark et al., 1985; 

Linden et al., 1979). All three of these marine species 

were more sensitive than the most acutely sensitive to 

fenvalerate exposure than the most sensitive freshwater 

vertebrate species tested, the Fathead minnow (Pimephales 

promelas) with a 96-hr LC50 of 0.69 //g/L (Bradbury et al., 

1985). Additional acutely sensitive saltwater vertebrate 

species with reported 9 6-hr LC50 values include the Striped 
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mullet, Mugil cepalus at 0.6 ^g/L (Schimmel, et al., 1983), 

the Tidewater silverside, Menidia peninsulae at 1.0 ^g/L 

(Clark et al., 1985), the Inland silverside, Menidia 

beryllina at 1.0 jug/L (Clark et al., 1985), the Atlantic 

salmon, Salmo salar at 1.2 ^g/L (McLeese et al., 1980), the 

Gulf toadfish, Opsanus beta at 2.4 y.g/L (Clark et al., 1985) 

and the Sheepshead minnow, Cyprinodon variegatus at 5.0 ,ug/L 

(Schimmel et al., 1983). 

A sublethal fenvalerate study evaluated aquatic 

invertebrate larval development and metabolism. McKenney 

and Hamaker (1984) determined that exposure to 0.0001 and 

0.0002 ptg/L can alter the metabolic-salinity patterns of the 

larval grass shrimp, Palaemonetes pugio, limiting the 

ecological hardiness of the organism during a critical life 

stage by reducing the organism's ability to adapt to 

fluctuating salinity conditions common to estuarine waters. 

The authors determined that 0.0032 //g/L fenvalerate produced 

significant mortality on the fourth day. Continual exposure 

to fenvalerate concentrations greater than 0.0008 /Ug/L 

significantly prolonged development of larval grass shrimp 

through metamorphosis. Larval exposure to 0.0016 IJ,g/L 

fenvalerate delayed the completion of metamorphosis by 1.7 

days and exposure to 0.0032 //g/L delayed completion of 

larval development by 2.4 days. 

In other chronic data, early life-stage (ELS) tests for 

five marine vertebrate species reported no observed effect 
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concentrations (NOECs) ranging from 0.06 //g/L for the 

California grunion, Leuresthes tenuis to 1.2 //g/L for the 

Gulf toadfish, Opsanus beta (Hansen et al., 1983; Hansen et 

al., 1985). 

Several laboratory benthic and sediment-borne toxicity 

tests have been conducted with fenvalerate. Tagatz and Ivey 

(1981) studied the effects on laboratory-colonized and 

field-colonized estuarine benthic communities exposed to 

fenvalerate in the laboratory following colonization. 

Community structure was altered significantly by exposure to 

0.1 and 1.0 ŷ g/L fenvalerate for one week. 

In an investigation of the toxicity of sediment-sorbed 

pyrethroids to marine organisms, static tests with a nominal 

sediment concentration of 0.1 mg/Kg fenvalerate or greater 

resulted in significant acute lethal effects in Mysidopsis 

bahia and Palaemonetes pugio (Clark et al., 1987). 

Mortality of mysids and grass shrimp was lower in flow-

through systems with similar nominal sediment concentrations 

of fenvalerate. Clark et al. (1987) demonstrated that the 

toxicity of fenvalerate-contaminated sediments to the grass 

shrimp and the mysids was dependent on the waterborne 

concentration of fenvalerate which could be explained by the 

release of the pesticide to water overlying the fenvalerate-

contaminated sediments employing partition coefficients to 

estimate the equilibrium of the sediment/water fenvalerate 

concentrations. This study, as in Tagatz et al. (1987) found 
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that, for the grass shrimp, lethal water-borne fenvalerate 

concentrations were 4 to 5 orders of magnitude less than 

equivalent lethal sediment-exposure concentrations. 

Scott et al. (1991) conducted laboratory toxicity tests 

using benthic copepods, Microarthridion littorale, 

Paronychocamptus wilsoni and Enhydrosoma propinquum to 

evaluate the acute and sublethal effects of field-collected 

sediment-bound fenvalerate (22.5-90.0 /ug/Kg). The sediment 

containing 90 v-g/Kg fenvalerate was collected from Leadenwah 

Creek in South Carolina following a runoff event on June 9, 

1986 and diluted with uncontaminated field sediments from 

the North Inlet Estuary. The laboratory-cultured offspring 

of field-collected copepods were exposed to three sediment 

concentrations of fenvalerate, 22.5, 45 and 90 peg/Kg for 

seven days. There was a significant reduction in the 

incidence of egg production and the number of eggs produced 

per gravid female M. littorale at all concentrations tested. 

Sediment fenvalerate concentrations of 22.5 /u.g/Kg reduced 

female M. littorale egg production by 97.5%. The 22.5 Mg/Kg 

sediment-bound fenvalerate concentration inhibited egg 

production in the female P. wilsoni by 47.5%. 

In bioconcentration studies conducted on marine 

species, Hansen et al. (1983) reported a mean 28-day 

fenvalerate bioconcentration factor (BCF) of 570 for the 

Sheepshead minnow, Cyprinodon variegatus with values ranging 

from 3 60 to 82 0. The fenvalerate steady-state BCF for the 
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oyster, Crassostrea virginica, was 4,700 (Schimmel et al., 

1983). Steady-state was achieved in 15 days and in 

pesticide-free water, oysters depurated the fenvalerate to 

non-detectable levels within one week. In freshwater 

species, BCFs for the Fathead minnow (Pimephales promelas) 

determined at the end of chronic exposure studies were in 

the range of 1,000 to 3,000 (Spehar et al., 1982). 

In a sediment-borne toxicity test, Tagatz et al. (1987) 

investigated the effects of estuarine macrobenthic animal 

communities that colonized fenvalerate-contaminated and 

uncontaminated sediment in the field for eight weeks. The 

mean number of species per community exposed to 10 ug/g 

fenvalerate was significantly less than the control. No 

significant effects were seen at 0.1 or 1.0 /u.g/g. The 

equivalent effective concentration for fenvalerate exposure 

via the sediment was five orders of magnitude greater than 

that for benthic community studies via water-borne exposure. 

Day (1986) summarized the results of synthetic 

pyrethroids applied to freshwater experimental ponds. 

Adverse effects to zooplankton were observed from field 

exposure to several synthetic pyrethroids at concentrations 

less than 1 //g/L. 

Scott et al. (1991) conducted an extensive 

ecotoxicological study on the effects that the agricultural 

use of three different pesticides (endosulfan, fenvalerate 

and azinphos-methyl) had on an estuarine community in South 
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Carolina. Throughout the four year study, investigators 

measured the concentration of pesticides in the water column 

and in sediments in Leadenwah Creek surrounded by 

agricultural field to study non-point agricultural 

insecticide runoff events. The study combined various 

environmental risk assessment techniques including 

laboratory toxicity tests (water column and sediment), field 

toxicity tests (field bioassay cages), field ecotoxico-

logical biomonitoring (block-seining of pelagic populations) 

and field analyses of ambient and sediment pesticide 

concentrations. Grab and composite samples were taken at 

prescribed times after significant rainfall events (> 0.5 

inches/day). 

Scott et al. (1990) also investigated the levels of 

insecticides in oyster (Crassostrea virginica) tissues from 

1986 through 1988. Scott et al. (1990) reported the 

bioconcentration of fenvalerate in oyster tissue occurred 

during 1987. 

Summary 

This investigation explored various applications of 

prospective probabilistic ecological risk assessment 

methods. These predictive methods were conducted on an 

estuarine ecosystem adversely impacted by pesticide exposure 

from agricultural pesticide runoff. The fundamental 

ecotoxicological risk assessment paradigm described in 
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Framework for Ecological Risk Assessment (USEPA, 1992) 

involves four steps: 1) problem formulation; 2) effects 

assessment (or characterization of ecological effects); 3) 

exposure assessment (or characterization of exposure) 

followed by 4) risk characterization (or characterization of 

ecological effects). 

Problem formulation is essentially the process of 

defining the objectives for the ecological risk assessment 

and conducting an evaluation of exposure and effects of the 

ecosystem of interest. This prospective ecological risk 

assessment method performed in this study predicted 

ecosystem effects to the water column community of Leadenwah 

Creek, South Carolina based on data collected by Scott et 

al. (1990, 1993). Scott et al. (1990, 1993) conducted 

comprehensive investigations of this estuarine community 

between 1985 and 1989. These studies measured ambient 

Leadenwah Creek samples following agricultural runoff for 

pesticides and conducted concurrent field bioassays with 

indigenous vertebrate and invertebrate species. 

Incorporating the ambient pesticide measurements and 

the bioassay results of the Scott et al. (1990, 1993) 

studies, this ecological risk assessment combined a 

probabilistic exposure characterization method developed 

from simulation modeling (using available measured pesticide 

concentration) with stressor profiles developed from 

published probabilistic effects assessment methods. 
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The second step in an ecological risk assessment is the 

characterization of ecological effects or ecological effects 

assessment. Ecological effects assessment describes the 

effects that are elicited by a stressor(s). In this study, 

the stressors were the pesticides measured in the 

agricultural runoff to Leadenwah Creek, azinphos-methyl and 

fenvalerate. Ecological effects assessment evaluates 

effects data to further specify the effects that are 

elicited by the stressor(s). This study examined three 

probabilistic effects assessment methods for quanitification 

of predicted acute and chronic safe concentrations for 

organisms within the water column community. Safe 

concentrations were defined as those which predicted 

protection of 95% of the ecosystem's species. The three 

methods employed were: 1) the ambient water quality criteria 

guidelines as described by Stephan et al. (1985); 2) the 

distribution model method of Aldenberg and Slob (1991) and; 

3) the distribution model method of Wagner and Lokke (1991). 

The third step in an ecological risk assessment is the 

characterization of exposure or exposure assessment. In the 

prospective exposure assessment, an estimation of temporal 

exposure to the community biota resulting from the release, 

fate and transport of a stressor (i.e., pesticide) was 

calculated. This investigation employed simulation fate and 

transport modeling using limited ambient pesticide 

measurements to develop exposure profiles for discrete 
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runoff scenarios in Leadenwah Creek concurrent with field 

bioassay toxicity tests conducted by Scott et al. (1990, 

1993). 

The risk characterization is performed in the final 

step of the ecological risk assessment. Its goals are to 

use the results of the exposure and effects assessments to 

estimate risk to the ecosystem identified in problem 

formulation. Risk estimation determines the likelihood or 

probability of adverse effects to the affected community by 

integrating the exposure and stressor-response profiles 

developed in the exposure and effects assessments, 

respectively. In this study, the probability of adverse 

effects occurring as a result of exposure to pesticides in 

Leadenwah Creek is evaluated. The risk characterization 

consists of integrating the probabilistic stressor-response 

profiles (developed from the effects assessment methods) 

with the exposure distribution profiles (developed from the 

fate and transport modeling) to estimate predicted adverse 

effects. A risk characterization method is introduced to 

account for the magnitude, duration and episodic nature of 

the stressor(s) exposure to the water column community of 

Leadenwah Creek. The unitless product of this method is 

inversely applied to the appropriate Aldenberg and Slob 

distribution model to predict the percentage of the 

ecosystem's species at risk of adverse effects. 
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Acute and chronic probabilistic stressor-response 

profiles were developed, thereby permitting the generation 

of acute and chronic risk estimates (i.e., predictions of 

percentage of the ecosystem's species at risk via acute and 

chronic evaluations). Validation of the effects assessment 

methods and risk characterization methods was performed by 

comparing risk estimates to the results of the Scott et al. 

(1990,1993) bioassay toxicity tests. 
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CHAPTER 2 

ACUTE AND CHRONIC TOXICITY OF AZINPHOS-METHYL 

TO TWO ESTUARINE SPECIES, MYSIDOPSIS BAHIA 

AND CYPRINODON VARIEGATUS 

Introduction 

A frequently used org^nophosphate pesticide, azinphos-

methyl (Guthion) [O,0-dimethyl-s-[(4-oxo-l,2,3-benzotriazin-

3(4H)-yl)-methyl] phosphorodithioate was initially 

registered for use in the United States in 1956. Azinphos-

methyl is now registered for a wide variety of food and non-

food crops including fruits, field crops (sugarcane, cotton, 

etc.), vegetables, tobacco, nuts, ornamentals and forest 

trees (USEPA 1986). The chemical, which serves as an 

insecticide, acaricide and molluscicide, had the thirteenth 

greatest application (by mass) of insecticides used in the 

United States in 1989 (USEPA 1994). 

Azinphos-methyl hydrolyzes slowly in acidic and neutral 

solution with half-lives of 39 and 37 days at pH 4 and pH 7, 

respectively (USEPA 1994). This compound is stable to 

photodegradation on soil with terrestrial field dissipation 

half-lives of 30 to 181 days (USEPA 1994). Azinphos-methyl 

has a solubility of 33 mg/L in freshwater at 20° C (Worthing 

and Walker 1987). 
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The combination of wide-spread use and the aforemen-

tioned fate data indicate that azinphos-methyl has the 

potential to enter the watershed through non-point runoff in 

agricultural regions. For the period 1978-1985, seven fish 

kills attributed to azinphos-methyl were reported to the 

U.S. Environmental Protection Agency (EPA) (USEPA 1986). In 

addition, during a 19-day span in 1989, Scott et al. (1990) 

measured ambient azinphos-methyl concentrations as high as 

5.3 /ig/L resulting from runoff from six different rainfall 

events in a tidally-influenced creek in South Carolina. The 

authors attributed at least one fish kill in the creek to 

az inphos-methyl. 

Azinphos-methyl toxicity in the aquatic ecosystem has 

been evaluated through toxicity tests conducted on both 

freshwater and marine species, although only limited marine 

data are available and no acute-chronic ratio for any marine 

species has been determined. The most acutely sensitive 

saltwater organism reported in the literature is an 

invertebrate species, the common shrimp (Crangon crangon), 

with a 48-h LC50 of 0.67 ju<?/L (95% confidence limits = 0.33 

- 1.0 ng/L) (Portmann and Wilson 1971) (Table l). Scott et 

al. (1990) derived a 96-h LC50 of 1.1 for the estuarine 

grass shrimp (Palaemonetes pugio). Other marine inverte-

brate toxicity data include two 48-h EC50s for the brown 

shrimp (Penaeus aztecus) of 2.4 jug/L (Mayer 1987) and 4.4 

Mg/L (Butler 1963). Davis and Hidu (1969) demonstrated 
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developmental effects to fifty percent of eastern oysters 

(Crassostrea virginica) following a 48-h exposure to 620 jug 

azinphos-methyl/L. By comparison, freshwater acute data for 

invertebrates and azinphos-methyl include 96-h LC50 values 

of 0.10 ng/l> for scuds (Gammarus fasciatus) and 0.20 nq/L 

for the freshwater grass shrimp (Palaemonetes kadiakensis) 

(Sanders 1972). 

The most acutely sensitive marine vertebrate species 

tested, the striped mullet (Mugil cephalus), was determined 

to have a 48-h LC50 of 3.2 //g/L (Mayer 1987) (Table 1). 

Other published estimates for acute toxicity of azinphos-

methyl to estuarine fish include 96-h LC50 values of 3.4 

jug/L for the topsmelt (Atherinops affinis) , 4.8 jug/L for the 

threespine stickleback (Gasterosteus aculeatus) and 23 ng/L 

for the inland silverside (Menidia beryllina) (Hemmer et al. 

1992; Katz 1961). Fulton and Scott (1991) reported an 

average 96-h LC50 of 32 fJ.q/L for the mummichog (Fundulus 

heteroclitus) , with 96-h LC50 values ranging from 28 jtxg/L at 

5 ppt salinity to 37 fxg/L at 20-ppt salinity. 

Chronic azinphos-methyl exposure data for marine 

invertebrates are extremely limited. Davis and Hidu (1969) 

reported a 12-day LC50 of 860 ng/L for northern quahog 

(Mercenaria mercenaria), based on fifty percent survival of 

larvae. Reported effects of chronic exposure of saltwater 

organisms to azinphos-methyl include a study by Cripe et al. 

(1984). They determined that seven-day exposure to 1.9 /xg/L 
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azinphos-methyl produced significant mortality in the 

sheepshead minnow (Cyprinodon variegatus), while 

exposure to 0.06 /xg/L for 107 days significantly 

inhibited brain acetyl-cholinesterase activity in the 

same species. In the same study, effects on locomotive 

behavior were exhibited by the sheepshead minnow 

following a 164-day exposure to 0.42 and 

reproductive effects were demonstrated following a 219-

day exposure to the same concentration (Cripe et al. 

1984). 

Methods and Materials 

Common Test Conditions 

Natural seawater, pumped from Santa Rosa Sound 

through sand and gravel filters and 20-nm cartridge 

filters, served as dilution water. Salinity of 

dilution water for both the acute and chronic toxicity 

tests was 20-ppt and was controlled by computer. 

Dissolved oxygen, pH and temperature were monitored in 

each aquaria at the initiation of all toxicity tests, 

at 48 and 96 h during the acute tests and twice per 

week beginning at test initiation during the chronic 

toxicity tests. Water bath temperature, control 

seawater temperature and dilution water salinity were 

monitored continuously. The photoperiod for all 

toxicity tests was 14h light:lOh dark. 
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Mysidopsis bahia 

For the 96-h acute and chronic toxicity tests, mysids 

(Mysidopsis bahia) were obtained from an indigenous 

population from Range Point (Santa Rosa Sound, FL) and 

cultured at the EPA laboratory in Gulf Breeze, Florida. The 

mysids were maintained in the laboratory in a flow-through 

system at 20-ppt salinity and 25° C. Organisms less than 

24-h were used for both acute and chronic toxicity tests. 

A 1-L intermittent-flow diluter system (Mount and 

Brungs 1967) was used for both the 96-h and the chronic 

mysid toxicity tests. One set of flow-splitting boxes was 

used to deliver azinphos-methyl concentrations to the 

exposure aguaria. The splitter boxes (11.5 x 14.0 x 9.0 cm 

i.d.) divided the 1L flow from each diluter concentration 

cell to the aquaria (25.5 x 16.5 x 45 cm i.d.) (500 ± 25 

ml). Each of six test concentrations and the carrier-

control were delivered to two replicate aquaria per 

treatment. Each aquarium was drained by a self-starting 

siphon at a level set to replace 50% of the total volume 

(ASTM 199 3). Maximum water depth in exposure aquaria was 

8.5 cm. The diluter cycled every 15 minutes for both the 

acute and chronic tests to achieve an average of six volume 

additions per 24 h. Test water temperature (26° C) for both 

toxicity tests was regulated by heat exchangers in both the 

aerated constant-level head box and the water bath 

surrounding the exposure aquaria. 
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Two incubation cups were placed in each replicate 

aquaria for both the acute and chronic tests. Incubation 

cups were constructed by attaching a 90-mm high collar of 

300-/um nylon mesh screen to the inside walls of a 150-mm 

glass petri dish bottom with clear silicone adhesive (ASTM 

1993). For both toxicity tests, fifteen mysids were 

randomly placed in each of two incubation cups 

(30/replicate; five mysids per introduction). 

Mysids were fed 3 ml of concentrated brine shrimp 

(Artemia) nauplii (< 48-h old) twice per day, except on 

weekends (during the chronic test) when they were fed once 

daily. Mysids in all incubation cups were monitored daily 

for mortality, and dead mysids were removed and incubation 

cups were cleansed of food debris. On day 15 of the chronic 

test, mysids were paired with one male and one female placed 

in each of the brood cups. The chronic toxicity test lasted 

for 7 days after mean first brood release in the solvent 

control. Brood cups were constructed of 90-mm high, 300-/zm 

nylon mesh screen attached with clear silicone adhesive to 

the inside walls of a 60-mm glass petri dish bottom. 

Neonate production was recorded per brood cup daily and then 

young were removed. Care was taken to insure that food 

(brine shrimp nauplii) was constantly available in all brood 

cups and that cups were cleaned regularly. 
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Cyprinodon variegatus 

For the 96-h acute toxicity test, sheepshead minnows 

were obtained from an indigenous population from Range Point 

(Santa Rosa Sound, FL). They were maintained in the 

laboratory in a flow-through system at 25-ppt salinity and 

25° C. Sixty-six day old fish were acclimated to 20-ppt 

salinity over an 8-hour period prior to introduction to the 

test aguaria. For the 28-day Early Life Stage (ELS) 

toxicity test, sheepshead minnow embryos (less than 48-h 

old) were obtained from AquaTox of Hot Springs, Arkansas. 

Embryos were acclimated to 25° C and visually inspected for 

viability prior to placement in the test aquaria. 

For both the 96-h acute and the 28-day ELS toxicity 

tests, a 2-L proportional intermittent-flow diluter system 

(Mount and Brungs 1967) was used. Two sets of flow-

splitting boxes were used to deliver azinphos-methyl 

concentrations to the exposure aquaria. The first splitter 

boxes (10.2 x 14.0 x 25.4 cm i.d.) divided the flow from 

each diluter cell equally to the subsequent spitter boxes 

(12.7 x 11.4 x 7.6 cm i.d.). The second set of splitter 

boxes divided the remaining 1-L flow (500 ±25 ml) among 

duplicate aquaria (10.2 x 12.7 x 30.5 cm id). Therefore, 

there were four replicate aquaria for each test 

concentration and the carrier control. Each aquarium was 

drained by a self-starting siphon at a level set to replace 

50% of the total volume (ASTM 1993); maximum water depth in 
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exposure aquaria was 8 cm. The diluter cycled approximately 

every 15 minutes for both tests to achieve an average of 7.5 

volume additions per 24 h. Test water temperature (25° C) 

was regulated by heat exchangers in both the aerated 

constant-level head box and the water bath. 

Two incubation cups were placed in each of four 

replicate aquaria. Incubation cups were constructed by 

attaching a 90-mm high collar of 400-jum nylon mesh screen 

with clear silicone adhesive to the inside walls of a 100-mm 

glass petri dish bottom (ASTM 1993). Five juvenile fish 

were placed in each incubation cup (10/replicate, 40 total) 

for the 96-h acute toxicity test. Fifteen embryos were 

placed in each incubation cup (30/replicate, 120 total) for 

the 28-day ELS toxicity test. All fish (acute toxicity test) 

and embryos (chronic toxicity test) were distributed to 

incubation cups randomly aided by a computer-generated 

random number table (5 embryos/fish per introduction). 

Sheepshead minnows were fed five ml of concentrated 

brine shrimp nauplii (< 48-h old) twice per day, except on 

week-ends when they were fed once daily. Fish in all 

incubation cups were monitored daily for mortality and dead 

fish were removed. At termination of the 28-day ELS 

toxicity test, fish standard length was measured to the 

nearest 0.5 mm, and individual fish weight was determined to 

a 10th of a milli-gram after fish were rinsed in deionized-

water and towel-drained. 
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Materials 

The compound tested, azinphos-methyl (98% pure), was 

purchased from ChemService (West Chester, PA). Stock 

solutions were prepared by dissolving the azinphos-methyl in 

acetone. The solvent concentrations for the mysid and 

sheepshead minnow acute toxicity tests were 41 and 30 jul 

acetone/L, respectively. The solvent concentration was 5.0 

fj,l acetone/L for both chronic toxicity tests. For measured 

exposure concentrations of azinphos-methyl, one liter 

samples (500 ml/replicate) of seawater from each treatment 

were chemically analyzed by extracting each sample with two 

ml portions of an equal mixture (1:1) of nanograde quality 

solvents (petroleum ether/ethyl ether, V/V). Sample 

extracts were concentrated to an appropriate volume (ranging 

from 2 ml to 5 ml) and analyzed using a gas chromatograph 

equipped with an electron-capture detector. A glass 

capillary column (30 mm x 0.32 mm i.d., 1.0 fj, film thickness 

of RTX-5) was used for separations, with a flow of 1.5 

ml/minute. Column temperature was programmed from 200° C to 

250° C at 10° C/minute. The injector temperature was 200° C 

and the detector temperature was 300° C. Two /iL of a 

standard solution containing 40 nanograms azinphos-methyl/juL 

were injected as a reference. Data were collected and 

quantified using an HP A990 computer system, and 

concentrations were determined by comparing peak heights of 

the sample to the peak height of the standard when the two 
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peaks were in the same retention window. The method 

detection limit was 0.08 ng azinphos-methyl/L of seawater. 

Statistics 

Determinations of 96-h LC50 concentrations were made 

using a computerized, trimmed Spearman-Karber method 

(Hamilton et al. 1977). For the chronic toxicity tests, the 

highest concentration showing no observable effect (NOEC) 

was determined for growth, reproduction and mortality using 

an appropriate a posteriori program (Gulley et al. 1991). 

Chronic mortality data recorded in percentages were arcsine 

transformed for proportions, followed by analysis of 

variance. Length and weight data from the sheepshead minnow 

ELS toxicity test were analyzed using Dunnett's test with 

SAS general linear models procedure. 

In the mysid chronic toxicity test, reproduction data 

from the seawater control and carrier control treatments 

were pooled for analyses after a t test performed on both 

control replicate means found no statistically significant 

difference between control treatment means. In addition, a 

t test was performed on the number of young per female mysid 

from each replicate of a test concentration with SAS general 

linear models procedure (SAS Institute Inc., PC Version 

6.04). The number of young per female mysid between 

replicates of the same test concentration was determined not 

to be significantly different for any test concentration in 
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the chronic toxicity test. The number of young per female 

mysid within each replicate of each test concentration was 

determined to be normally distributed using the SAS 

univariate procedure. 

Maximum acceptable toxicant concentrations (MATCs) were 

determined as values representing the geometric mean of the 

highest no-observed-effect concentration and the lowest-

observed-effect concentration (LOEC). The 96-h LC50 for a 

species was divided by the lowest estimated chronic MATC for 

that species to determine an acute-to-chronic ratio for the 

test organisms. The significance level for all statistical 

analyses was (P < 0.05). 

Results 

Chemical 

Average percentage recovery for samples spiked with 

azinphos-methyl at 1.0 ng azinphos-methyl/liter was 99% with 

a standard deviation of 12.9%. Blank seawater samples from 

the toxicity test did not contain detectable concentrations 

of azinphos-methyl above the detection limit of 0.08 jug 

azinphos-methyl/L of seawater. Water samples from all test 

aquaria were analyzed at the initiation of each test. 

Control and test concentrations were measured twice in the 

96-h toxicity tests and twice weekly in the chronic toxicity 

tests. Measured values were not corrected for percentage 

recovery. 
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Nominal and (average) measured test concentrations for 

the 96-h mysid toxicity test were 0 (control), 0 (solvent 

control), 0.028 (below detection), 0.047 (below detection), 

0.078 (0.084), 0.13 (0.14), 0.22 (0.23), 0.36 (0.36) and 

0.60 (0.56) jug/L. The nominal and measured (mean ± standard 

deviation) test concentrations for the mysid chronic test 

were 0 (control), 0 (solvent control), 0.022 (0.020), 0.036 

(0.030 ±0.005), 0.06 (0.061 ±0.022), 0.10 (0.097 ±0.026), 

0.17 (0.18 ±0.054) and 0.28 (0.28 ±0.072) Atg/L. Recoveries 

from spiked samples for each analysis ranged from 79% to 

106% for the 96-h toxicity test and from 95% to 109% for the 

chronic toxicity test. 

Nominal and measured (average) test concentrations for 

the 96-h sheepshead minnow toxicity test were 0 (control), 0 

(solvent control), 0.38 (0.33), 0.75 (0.78), 1.5 (1.3), 3.0 

(2.8) and 6.0 (5.6) jug/L. The nominal and measured (average 

± standard deviation) test concentrations for the sheepshead 

minnow ELS toxicity test were 0 (control), 0 (solvent 

control), 0.12 (0.17 ±0.03), 0.25 (0.34 ±0.07), 0.50 (0.62 

±0.04), 1.0 (1.2 ±0.13), 2.0 (2.3 ±0.29) jug/L. Recoveries 

from spiked samples ranged from 78% to 103% for the 96-h 

sheepshead minnow acute toxicity test and from 79% to 107% 

for the ELS toxicity test. 
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Mysidopsis bahia 

Acute Toxicity 

In the acute mysid toxicity test, the 48-h and 96-h 

LC50 values and 95% confidence limits (in parentheses) for 

mysids exposed to azinphos-methyl were 0.44 jug/L (0.41 -

0.47 fig/L) and 0.29 iiq/l> (0.26 - 0.32 nq/L) , respectively 

(Table 2). 

Chronic Toxicity 

In the chronic mysid toxicity test, the mean day of 

first brood release in the pooled control was day 19.2. The 

initiation of reproduction by mysids was not significantly 

influenced by azinphos-methyl (Table 3). Survival was 

significantly reduced for mysids exposed to 0.18 iiq/h and 

0.28 jug/L at 2 6 days, with no survivors in the 0.28 jug/L 

treatment (Table 4). The NOEC for mortality in the chronic 

toxicity test was 0.097 nq/L (Table 5). The MATC for mysid 

survival following 26-day exposure to azinphos-methyl was 

calculated to be 0.13 nq/L (Table 5). 

The number of young per female mysid exposed in the 

0.03 0, 0.061 and 0.097 fj-q/h treatments was significantly 

less than that of the controls. The NOEC for non-lethal 

effects (reproduction) was 0.020 nq/L (Table 5). The 

subsequent MATC for non-lethal (reproduction) effects was 

0.024 jUg/L (Table 5). Based on the non-lethal MATC, the 

azinphos-methyl acute-to-chronic ratio for the mysid was 

calculated to be 12 (Table 5). 
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Table 2. Survival of mysids in a 96-h continuous flow-

through exposure to azinphos-methyl in 20-ppt seawater. 

Values are in percent and represent the mean for two 

replicates. 

Azinphos-methyl Hours 

(fi g/L) 24 48 72 96 

Control 100 100 100 100 

0.028a 100 100 100 100 

0. 047a 100 100 100 100 

0.084 100 100 97 97 

0.14 100 100 100 93 

0.23 100 100 100 90 

0.36 100 87 63 23 

0.56 100 7 0 0 

LC50 (Mg/L) 

(95% Confidence limits) 

0.44 

(0.41-0.47) 

0.29 

(0.26-0.32) 

Concentrations are reported as measured, but are below the 

minimum detection limit (0.08 /xg/L) . 
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Table 3. Influence of azinphos-methyl on initiation of 

reproduction in mysids. Values represent mean day of first 

brood release. 

Azinphos-methyl 

Concentration 

(Mg/L) 

Mean i Day of First Brood Release Azinphos-methyl 

Concentration 

(Mg/L) Replicate A Replicate B Treatment Mean 

Control3 18.9 19.5 19.2 

0.020c 19.2 19.1 19.1 

0. 030c 19.0 19.1 19.1 

0. 061c 19. 3 19.2 19.3 

0. 097 19.7 19.2 19.4 

0.18 b b b 

0.28 b b b 

"solvent and seawater control pooled mean. 

bno neonate production. 

Concentrations are reported as measured, but are below the 

minimum detection limit (0.08 ng/L). 
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Table 4. Survival and number of young (first brood) per 

female mysid following a 26-day continuous flow-through 

exposure to azinphos-methyl in 20-ppt seawater. Reproduc-

tion values represent the mean for each replicate ± one 

standard deviation. 

A z inpho s-methy1 

Cone. Survival Reproduction (number of young/female) 

(Mg/L) (%) Rep 1 Rep 2 Mean 

Control b 6.6 + 2.0 6.3 ± 2.5 b 

SCa 85 + 2 . 0b 7.1 + 2.0 7.6 + 3.3 6.9 ± 2.4b 

0. 020e 78 + 7.1 6. 6 + 2.6 6.0 + 1.6 6.3 + 2.1 

0. 030e 82 + 7.1 3.3 + 1.4 5.8 + 2.2 4.6 ± 2.2° 

0. 061e 82 + 7.1 3 . 5 + 2.1 4.6 ± 1.7 3.9 + 1.9° 

0. 097 70 + 0 3.3 ± 1.5 4.2 + 2.0 3.8 + 1.8° 

0.18 7 + 4. 7C 3.0 d d 

0.28 0C d d d 

aSC-solvent control "control and solvent control pooled mean 

cSignificantly different from controls (P ^ 0.05) 

dno neonate production. "^Concentrations reported as measured 

but, are below the minimum detection limit (0.08 /xg/L) . 
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Table 5. Summary of azinphos-methyl acute and chronic 

toxicity tests results for the mysid and the sheepshead 

minnow. Results in M9/L (95% confidence limits). 

Concentration (jug/L) 

Endpoint Mysids Sheepshead minnow 

48-h LC50 0.44 (0.41-0. 47) 3.3 (2.9-3.8) 

96-h LC50 0.29 (0.26-0. 32) 2.0 (1.8-2.2) 

LOEC, Non-lethal3 0. 03b 0.34 

LOEC, Lethality 0.18 0.34 

NOEC, Non-lethala 0. 02b 0.17 

NOEC, Lethality 0.097 0.17 

MATC, Non-lethala 0.024 0.24 

MATC, Lethality 0.13 0.24 

A/C ratio 12 8.3 

areproduction/mysids; growth/sheepshead minnow 

Concentrations are reported as measured but, are below the 

minimum detection limit (0.08 jug/L) . 



11-20 

Cyprinodon variegatus 

Acute Toxicity 

The 48-h and 96-h LC50 values for sheepshead minnows 

were 3.3 (2.9 - 3.8 /J-q/L) and 2.0 jug/L (1.8 - 2.2 ng/L) , 

respectively (Table 6). Control survival in the 96-h acute 

toxicity test was 100%. 

Chronic Toxicity 

In the chronic ELS toxicity test, no fish survived 

exposure to 1.2 and 2.3 ng/L for 28 days (Table 7). The 

LOEC for survival was 0.34 /zg/L, and the NOEC was 0.17 jug/L 

(Table 5). Statistical analyses failed to demonstrate 

significant growth effects (average standard lengths or 

weights of fish) at concentrations < 0.62 ng/L. The ensuing 

azinphos-methyl MATC in the ELS toxicity test was determined 

to be 0.24 ixq/1) for both the lethal and non-lethal endpoints 

(Table 5). The azinphos-methyl acute-to-chronic ratio 

derived for the sheepshead minnow was calculated to be 8.3. 

Discussion 

A comparison of estimated acute values reveals that the 

sheepshead minnow 96-h LC50 (2.0 /xg/L) is approximately 

seven times the mysid 96-h LC50 (0.29 jug/L), while the fish 

48-h LC50 (3.3 Mg/L) is 7.5 times higher than the mysid 48-h 

LC50 (0.44 jug/L) . This supports published data which 
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Table 6. Survival of sheepshead minnows in a 96-h 

continuous flow-through exposure to azinphos-methyl in 20-

ppt seawater. Values are in percent and represent the mean 

for four replicates. 

Azinphos-methyl Hours 

Concentration 

(Mg/L) 24 48 72 96 

Control 100 100 100 100 

0.33 100 100 100 100 

0.78 100 100 100 100 

1.3 100 100 100 95 

2.8 100 75 30 10 

5.6 80 0 0 0 

LC50 (jug/L) 3 . 3 2.0 

(95% Confidence Limits) (2.9-3.8) (1.8-2.2) 
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Table 7. Survival and growth (mean ± one standard 

deviation) of sheepshead minnow following 28-day continuous 

flow-through exposure to azinphos-methyl in 20-ppt seawater. 

Values represent the mean for four replicates. 

Az inphos-methy1 

Concentration 

(jug/L) Survival (%) Weight (g) 

Standard 

Length (mm) 

Control 84 + 3.2 0.043 ±.003 12.3 ±.06 

0.17 81 + 9.6 0.046 ±.005 12.2 ±.30 

0.34 73 + 2.T 0. 043 ±.006 12.1 ±.28 

0.62 73 + 3. 9a 0.037 ±.005 10.6 ±.48a 

1.2 0a b b 

2.3 0a b b 

Statistically significant from control (P <, 0.05). 

bNo survival. 
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indicate that, in general, invertebrates are more sensitive 

to azinphos-methyl exposure than vertebrates (Table 1). 

The mysid NOEC for mortality (0.097 isg/L) is slightly 

more than one-half the sheepshead minnow NOEC (0.17 nq/h) 

for mortality. However, the mysid MATC for non-lethal 

effects (0.024 jug/L) is approximately one order of magnitude 

lower than the sheepshead minnow MATC (0.24 ng/L). While 

the mortality NOEC values for the two test species are 

relatively close, the disparity between the non-lethal MATC 

values for these two species is substantially greater. This 

suggests that the chronic mysid test's non-lethal endpoint 

(reproduction) is a more sensitive indicator of azinphos-

methyl exposure than the sheepshead minnow non-lethal 

endpoint (growth). Note also that the sheepshead minnow 

chronic non-lethal endpoint was no more sensitive than 

chronic mortality (i.e., the NOECs for the lethal and non-

lethal endpoints in the ELS toxicity test were the same). 

The estimated MATC derived in the 28-day sheepshead 

minnow ELS toxicity test falls between the 96-h LC50 value 

reported in this study (2.0 /ig/L) and the LOEC value 

reported by Cripe et al. (1984) for altered brain 

acetylcholinesterase activity in the same species following 

107-day exposure to 0.06 jxg/L (Table 5). 

The mysid acute-to-chronic ratio for azinphos-methyl 

(12) is only slightly higher than the azinphos-methyl acute-

to-chronic ratio for the sheepshead minnow (8.3). No other 
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azinphos-methyl acute-to-chronic ratios have been determined 

for estuarine species. An acute-to-chronic ratio of 1.6 was 

determined for mysids exposed to the organophosphate 

insecticide, diazinon (Nimmo et al. 1981). 

The acute toxicity test results reported in this study 

are representative of the published azinphos-methyl toxicity 

data for marine species summarized in Table 1 from the EPA's 

AQUIRE database (USEPA 1995). The mysid 96-h LC50 (0.29 

/xg/L) is slightly less than one-half of the 48-h LC50 of 

0.67 /xg/L for the common shrimp (C. crangon) (Portmann and 

Wilson 1971) . Although within an order of magnitude, the 

mysid value is also less than the 96-h LC50 values reported 

for the estuarine grass shrimp (P. pugio), 1.0 nq/h, and the 

brown shrimp (P. aztecus), 2.4 M9/L (Table 1). By 

comparison, freshwater invertebrate 96-h LC50s of 0.13 Mg/L 

for the grass shrimp (P. kadiakensis) (Sanders 1972) and 

0.13 jug/L for scuds (G. lacustris) (Gaufin et al. 1965) were 

lower than the mysid value estimated here. 

The estimated sheepshead minnow 96-h LC50 value (2.0 

Atg/L) compares well with other marine fish acute toxicity 

data. Cripe et al. (1984) determined that a seven-day 

exposure to 1.9 ^g azinphos-methyl/L produced significant 

mortality in the sheepshead minnow. The 96-h LC50 value 

that we derived for sheepshead minnows is slightly less than 

the 96-h LC50 values reported for topsmelt (A. affinis) and 

threespine stickleback (G. aculeatus) of 3.4 and 4.8 Mg/L, 
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respectively. Among freshwater species, the 96-h LC50 of 

0.36 M9/L reported for the northern pike (Esox lucius) is 5-

times lower than the sheepshead minnow 96-h LC50 value 

derived in this study while the rainbow trout (Oncorhynchus 

mykiss) 96-h LC50 (5.5 ng/l>) is roughly 3 times higher 

(Johnson and Finley 1980; Macek et al. 1969). 

Although the mysid and the sheepshead minnow 96-h LC50s 

reported in this study are the most sensitive 96-h LC50 

values reported for any luarina invertebrate and vertebrate 

to date, more sensitive 96-h LC50 values have been reported 

among freshwater invertebrates and vertebrates (Table 1). 

Published toxicity data indicate that freshwater species 

exhibit a greater range in acute sensitivities to azinphos-

methyl exposure than marine species (USEPA 1995). This may 

be explained, in part, by the fact that more freshwater 

species have been tested for acute sensitivity to azinphos-

methyl exposure than marine species. 

Agricultural1s reliance on pesticides coupled with 

their extensive use advocate continued toxicological 

evaluation of these xenobiotics. This study augments the 

limited marine toxicity database for this organophosphate 

pesticide, providing acute and chronic values for mysids and 

the sheepshead minnow. Study results provide the first 

available marine vertebrate and invertebrate acute-to-

chronic ratios developed for azinphos-methyl. 
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CHAPTER 3 

EVALUATION OF STRESSOR MAGNITUDE AND DURATION IN 

AQUATIC RISK ASSESSMENT METHODOLOGY 

Introduction 

The U.S. Environmental Protection Agency (EPA) has 

defined ecological risk uosessment as a process that 

evaluates the likelihood that adverse ecological effects may 

occur or are occurring as a result of exposure to one or 

more stressors (USEPA, 1992). The EPA definition of 

ecological risk assessment states that the process is one 

which evaluates the "likelihood" of adverse effects. As 

defined, ecological risk can be expressed as either 

probabilistic or qualitative estimates of adverse ecological 

effects. Some definitions of ecological risk have included 

the term "probability" of adverse or undesirable effects 

(Suter II, et al., 1983). Contemporary ecological risk 

assessment publications recommend probabilistic presentation 

of ecological risk (SETAC, 1994; USEPA, 1996). 

Nevertheless, most ecological risk assessments are 

deterministic assessments based on the calculation of a 

hazard quotient. The hazard quotient is derived as the 

stressor's estimated (often a point estimate) environmental 

concentration divided by the stressor's hazard effect 
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concentration (often based on limited laboratory-derived 

toxicity data). An ecological risk assessment based on the 

calculation of a hazard quotient is a deterministic 

assessment, not a probabilistic assessment. 

This paper introduces a methodology to conduct an 

aquatic risk assessment for the water column community 

expressed in probabilistic terms. The risk assessment 

methodology evaluates the ambient exposure of the chemical 

stressor(s) as both a function of concentration and duration 

in a dynamic system. The method has been applied to an 

aquatic ecosystem adversely impacted by periodic pesticide 

exposure from agricultural runoff (Morton et al. draft). A 

schematic of the ecological risk assessment process 

presented in this paper is outlined in Figure 1. 

Overview 

The traditional ecological risk assessment paradigm 

described in the document entitled Framework for Ecological 

Risk Assessment (US EPA 1992) includes the following primary 

steps: l) problem formulation; 2) effects assessment (or 

characterization of ecological effects); 3) exposure 

assessment (or characterization of exposure) and; 4) risk 

characterization (or characterization of ecological 

effects). The effects assessment and the exposure 

assessment are often combined and referred to as the 

analysis phase. 
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Figure 1. Schematic of the Ecotoxicological Aquatic 
Risk Assessment Methodology. 
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Methods 

The following assumptions have been made for this 

ecological risk assessment methodology. The aquatic risk 

assessment method is intended for use for the water column 

community. The methodology is directed towards assessment 

of chemical stressors; it does not consider the possible 

effects of non-chemical stressors (biological or physical). 

However, the basic method could be applied to other 

ecological communities with some modifications. 

This methodology expresses ecological risk as a 

probabilistic expression of ecotoxicological effect profiles 

and environmental exposure profiles for the chemical 

stressor(s) of interest. This risk characterization method 

provides the risk manager with a probabilistic measure of 

the potential acute and chronic ecological effects from 

exposure to chemical stressors factoring water column 

concentration and duration. 

Problem Formulation 

Problem formulation is defined as the process for 

generating and evaluating preliminary hypotheses about why 

ecological effects have occurred, or may occur, from human 

activities (USEPA, 1996). Problem formulation is an initial 

scoping process for defining the objectives for the 

ecological risk assessment and identifying the character-

istics of the stressor(s). The problem formulation process 
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requires an evaluation of exposure and effects of the 

ecosystem of interest. In addition, a thorough examination 

of available data and site-specific factors which may 

influence stressor exposure and toxicity is conducted 

(USEPA, 1992; USEPA, 1996). During problem formulation, 

assessment endpoints are established. Assessment endpoints 

are "explicit expressions of the actual environmental value 

that is to be protected" (USEPA, 1992). Assessment 

endpoints must be ecologically relevant to the ecosystem 

they represent and susceptible to the stressor(s) of concern 

(USEPA, 1996). 

The assessment endpoint for this methodology goes 

beyond the consideration of a single species; it is the 

protection of the aquatic community. Protection of the 

aquatic community is determined through the application of 

distribution model methods employed in the effects 

assessment of the analysis phase. These methods predict a 

stressor concentration at which a given percentage of the 

ecosystem's species are safe from acute or chronic exposure, 

termed the estimated acute or chronic safe concentration. 

The selection of the percentage of ecosystem species which 

is considered to be protective of the entire ecosystem 

(e.g., 95% or 90% of the ecosystem's species) can be left to 

the investigator. The percentage of species to be protected 

is generally set at 95% (p = 0.05), although from a strictly 
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scientific point of view, the selection of the percentage of 

species to be protected from adverse effects is arbitrary. 

Analysis Phase 

Effects Assessment 

The analysis phase includes two principal activities: 

characterization of exposure (or exposure assessment) and 

characterization of ecological effects (or effects 

assessment) (USEPA, 1996). Aquatic ecotoxicological effects 

assessment is the identification and quantification of the 

potential adverse effects of chemicals stressors on aquatic 

biota. In the first step in this effects assessment, a 

comprehensive review of available laboratory single species 

toxicity data for relevant species tested for exposure to 

the chemical stressor(s) of concern is conducted (Figure 1, 

Step 1). The EPA's Aquatic Toxicity Information Retrieval 

database (AQUIRE) database and the Ecotoxicology database 

(ECOTOX) are sources of effects information. 

Toxicological endpoints reported for most of the 

available chemical-specific effects data are based on 

constant exposure to relatively constant chemical stressor 

concentrations and physicochemical parameters. However, 

under natural conditions, chemical stressors and physico-

chemical parameters are highly variable. The risk manager 

must consider that the incongruity between the constant 

conditions of laboratory test methods for determination of 
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stressor-response profiles and the variable environmental 

conditions impacting ecological response is a possible 

source of error in risk assessment. Stressor oscillations 

(episodic exposure) in the water column and duration of the 

stressor in the affected community are two variable 

conditions that are evaluated in this risk characterization. 

The laboratory toxicity test data used to delineate 

stressor effects are evaluated to describe the relationship 

between the magnitude, frequency and duration of the 

stressor in an experimental setting and the magnitude of 

response (adverse effect). To impart quality control and 

reduce uncertainties, the investigator should define 

criteria for acceptable laboratory toxicity test results 

(e.g., adequate control survival). 

The second component in an ecotoxicological effects 

assessment is the quantification of potential adverse 

effects to biota of the impacted ecosystem (Figure 1, 

Step 2). The goal of effects assessment quantification is 

to develop a stressor-response profile. Probabilistic 

effects assessment methods are recommended over use of 

single-species effects data (SETAC, 1994; USEPA, 1996). 

Probabilistic effects assessment methods are available which 

extrapolate the results of a series of single species 

laboratory toxicity tests to derive estimated safe 

concentration values for aquatic ecosystems. By applying 

the laboratory—derived aquatic ecotoxicological endpoints 
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obtained from a literature review (e.g., AQUIRE) to the 

probabilistic effects assessment methods, a stressor 

concentration can be predicted which protects a given 

percentage of the ecosystem's species (i.e., estimated safe 

concentrations or ESCs). 

Estimated safe concentrations can be predicted for 

acute or chronic exposure by applying sets of acute or 

chronic ecotoxicological endpoint data, respectively. The 

acute and chronic ecotoxicological endpoint data sets 

developed for each stressor serve as input data to stressor-

response profiles developed by the probabilistic effects 

assessment method(s). Predicted acute and chronic ESCs will 

differ depending on the probabilistic effects assessment 

method employed. Three probabilistic effects assessment 

methods which may be applied to aquatic ecosystems are 

considered here, although additional methods exist. Each of 

the probabilistic effects assessment methods described below 

have specific terminology for the predicted ecosystem safe 

concentrations. Herein, the value that is predicted to be 

protective of the ecosystem calculated by any of the effects 

assessment methods is designated an estimated safe 

concentration or ESC. 

The first effects assessment method is the Guidelines 

for Deriving Numerical Water Quality Criteria for the 

Protection of Aquatic Organisms and Their Uses (Stephan et 

al., 1985), also referred to as the USEPA national ambient 
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water quality guidelines document. This method employs a 

probabilistic approach to assessing ecotoxicological effects 

through procedures that are designed to protect 95% of the 

exposed aquatic species 95% of the time. The EPA national 

guidelines document (Stephan et al., 1985) details the 

requirements and the methodology for deriving ambient water 

quality criteria (AWQC) for specific chemicals for the 

protection of aquatic life. Criteria values are determined 

for protection against acute or chronic exposure to a 

chemical stressor. An acute criterion is referred to as a 

criterion maximum concentration (CMC) and a chronic 

criterion is known as the criterion continuous concentration 

(CCC). The statement of a criterion generally specifies 

that the four-day average concentration of a substance 

should never exceed the CCC and that the one-hour average 

concentration of that substance should never exceed the CMC. 

Stephan et al. (1985) specifies explicit data 

requirements for calculation of freshwater and saltwater 

numeric criteria values. Meeting these data requirements 

dictates that an considerable ecotoxicological database 

exists for each stressor impacting an affected aquatic 

community. 

The Stephan et al. (1985) criteria established by the 

EPA are intended to provide a reasonable level of protection 

to 95% of the aquatic species and their uses 95% of the 

time. It is inferred that species selected for testing will 
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adequately represent the range of sensitivity of species in 

aquatic ecosystems. Policy judgement was used to define the 

extent to which individual species should be protected 

(e.g., 90 vs 95 percent of the species). 

The second and third probabilistic effect assessment 

methods described are those of Aldenberg and Slob (1991) and 

Wagner and Lokke (1991). These methods predict ecosystem 

estimated safe concentrations (ESCs) for a chemical stressor 

by applying statistical extrapolation procedures to sets of 

acute (LC50) or chronic (NOEC) laboratory ecotoxicological 

testing data available for that specific chemical stressor. 

Both Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

calculate an ecosystem ESC termed the hazardous 

concentration (HCP) for some percentage p of the species in 

the ecosystem such that the probability of selecting a 

species with an LC50 or NOEC smaller than p is an arbitrary 

small number, with p = 0.05 (5%) generally accepted. These 

type of effects assessment methods are generally referred to 

as distribution methods or extrapolation methods. 

There are other distribution models methods (Kooijman, 

1987; van Straalen and Denneman, 1989) available which 

perform laboratory-to-field extrapolations on sets of acute 

or chronic laboratory toxicity testing data for a particular 

chemical stressor. Most of these methods recommend the use 

of chronic NOEC values with some minimum number of NOEC 

values available from species of various taxonomic groups 



III-ll 

for the specific compound of concern. Acute endpoints 

(i.e., 96-h LC50s) from various taxonomic groups may also be 

employed by the extrapolation models to determine acute 

saltwater ESCs (Straalen and Denneman, 1989; personal 

communication, T. Aldenberg, 1996; RIVM, 1993). The use of 

extrapolation methods as an ecotoxicological risk assessment 

tool has been generally well received (OECD, 1992; OECD, 

1994; van Leeuwen, 1990). However, reviewers have 

recommended that validation studies be performed before 

extrapolation methods are used as a management tool (Smith 

and Cairns, 1993; van Leeuwen, 1990). 

These probabilistic methods are similar in that 

extrapolation procedures using distribution models predict 

the effect level of a compound in an ecosystem from single 

species toxicity tests on selected species representing the 

ecosystem. However, differences in the type of tests 

evaluated, the type of logistic distribution used and other 

factors distinguish one method from another. The methods of 

Kooijman (1987), Van Straalen and Denneman (1989) and 

Aldenberg and Slob (1991) utilize the log-logistic 

distribution while the method of Wagner and Lokke (1991) 

utilizes the log-normal distribution. The Stephen et al. 

(1985) method is known to as the triangular distribution 

(Smith and Cairns, 1993; van Leeuwen, 1990). 

In addition, the method of Kooijman (1987) estimates a 

hazardous concentration (herein the ESC) for the most 
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sensitive species in a community where the method of Van 

Straalen and Denneman (1989), like Wagner and Lokke (1991), 

and Aldenberg and Slob (1991) estimate the hazardous 

concentration for some percentage p of the species in an 

ecosystem with p = 0.05 (5%) generally accepted. Thus, the 

ecotoxicological safe level (or ESC) could theoretically 

cause adverse effects to 5% of an ecosystem's species at the 

defined allowable duration of exposure. 

Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

(1991) utilize extrapolation constants that allow straight-

forward calculation of estimates of the HC5 (or ESC) from 

mean and standard deviation of a sample of acute or chronic 

toxicity test data. The distribution model procedure of Van 

Straalen and Denneman (1989) which sets out to predict a 

concentration that protects 95% of the species in an 

ecosystem using single species toxicity data is modified by 

Aldenberg and Slob (1991) and Wagner and Lokke (1991) to 

account for the uncertainty in the Van Straalen and Denneman 

estimates. The modified constants of Aldenberg and Slob 

(1991) and Wagner and Lokke (1991) allow for the calculation 

of the one-sided 95% left confidence limit of the Van 

Straalen and Denneman HC5. This 95% confidence limit is 

always lower than the 95% certainty value calculated by Van 

Straalen and Denneman. 

Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

also derive constants which calculate the one-sided 50% 
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confidence estimate. This one-sided 50% confidence value is 

always higher than the 95% certainty value calculated by Van 

Straalen and Denneman. The one-sided 50% confidence value 

is referred to as a median HC5 estimate which is calculated 

to overpredict as often as it underpredicts the true ESC at 

p = 0.05. Because the median hazardous concentration is 

already a confidence limit, confidence intervals are not 

determined. However, the one-sided 95% left confidence 

limit of the Aldenberg and Slob (1991), and Wagner and Lokke 

(1991) extrapolation methods does serve as the estimate 

which confidently underestimates the ESC (hazardous 

concentration) by 95%. The median hazardous concentration 

(HC5) estimate predicted by the Aldenberg and Slob (1991), 

and Wagner and Lokke (1991) extrapolation methods is defined 

herein as the estimated safe concentration (ESC). 

Finally, Aldenberg and Slob (1991) introduced a 

statistical modification calculated by computer simulation 

to enlarge the reliability of the method, particularly if 

there are few data. The fewar the input data for a 

distribution model extrapolation method, the greater the 

uncertainty of the estimated safe level at the selected 

probability. 

These methods assume that the acute or chronic values 

for single test species and for all species in a community 

are stochastically independent variables with the same 

logistic distribution. It is also assumed that the toxicity 
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data entered in the model are drawn at random from the 

symmetrical probability distribution. The results of these 

extrapolation models are limited in their ability to reflect 

ambient conditions. Many variables remain unaccounted for. 

The interaction between species is just one example of such 

a variable. These methods account for direct effects to 

discrete species only, whereas ecosystems are characterized 

by many species interactions such as predator-prey 

relationships, food webs, and competition. In addition, it 

is an implicit assumption that protection of a selected 

percentage of species will sustain the structure and 

function of the aquatic ecosystem. 

The probability p = 0.05 is often selected as the 

percentage of species equating ecosystem protection 

(Aldenberg and Slob, 1991; Wagner and Lokke, 1991). 

Classification of data into taxonomic groups does not mean 

that, given the protection level of 95%, entire groups of 

species may be adversely affected by a substance. The 

selection of the protection level (e.g., 95% or 90% of the 

ecosystem's species) may not be universally accepted. While 

a 95% protection level may be viewed as overprotective, the 

5% of potentially affected species may include endangered 

species or species of ecological, commercial or recreational 

significance. 
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Exposure Assessment 

Exposure assessment is the estimation of exposure of 

indigenous species resulting from the release, fate and 

transport of the stressor(s)(USEPA, 1996). In an exposure 

assessment, a characterization of the stressor(s) and the 

ecological components is performed. Ecosystem 

characteristics affect the quantity, bioavailability and 

distribution of the chemical stressor. Ecosystem 

characteristics many include microbial biotransformation as 

well as fate and transport mechanisms such as flow rate, 

photolysis, hydrolysis and sorption. 

An organism's exposure to a chemical stressor may also 

be influenced by physical characteristics of the ecosystem. 

In an aquatic ecosystem characterization, the physical 

characteristics that effect chemical stressor concentration 

and bioavailability include precipitation, temperature and 

water chemistry parameters such as total organic carbon 

(TOC), salinity and hydrogen ion concentration (pH). The 

relevance of a characteristic depends on the ecosystem and 

the chemical nature of the stressor. In aquatic ecosystems, 

factors influencing the spatial and temporal distribution 

dynamics and the bioavailability of the chemical stressor 

are essential components of stressor characterization. 

Not only do the aforementioned factors affect the 

bioavailability of stressors in an exposure assessment, but 

comparisons to effects assessments in risk characterization 
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should be made with caution. The information gathered for 

effects assessments generally come from laboratory toxicity 

tests performed under established standardized conditions 

(i.e., pH, temperature) and do not accurately portray 

conditions affecting chemical toxicity in the environment. 

In natural aquatic ecosystems, constantly changing 

physicochemical conditions may alter the physiological 

condition of biota as well as influence the interaction 

between biota and stressor(s) (Mayer et al., 1994). For 

instance, temperature has been reported to affect chemical 

toxicity by influencing changes in respiration rates, 

chemical absorption, chemical excretion and detoxification 

(Mayer et al., 1994). 

Data analyses conducted in the exposure assessment 

should describe the source(s) of stressors, the distribution 

of stressors in the environment, and the contact or co-

occurrence of stressors with ecological receptors. The 

final report of the Aquatic Dialogue Group emphasized the 

importance of estimating pesticide (chemical stressor) 

exposure to the aquatic community (SETAC, 1994). The report 

recommended the use of computer modeling to generate spatial 

and temporal distributions of expected environmental 

concentrations of pesticides (SETAC, 1994). Further, the 

report encouraged the use of models in conjunction with 

field studies, to increase the confidence in the model 

predictions and, hence, increase confidence in the 
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environmental fate and exposure characterization (SETAC, 

1994). 

Rarely will an extensive quantity of measured ambient 

contaminant (stressor) concentrations be available. An 

assessor is fortunate if a single water column measurement 

exists for each day of known exposure. To further 

complicate exposure assessment, ambient water column 

concentrations routinely oscillate significantly over a 

period of hours (e.g., rainfall runoff, tide, contaminant 

spill incidents). 

A thorough picture of temporal stressor exposure is 

essential in development of an effective exposure assessment 

profile. To develop accurate temporal exposure profiles for 

the limited stressor(s) measured in a water column sample, 

this ecological risk assessment methodology employs fate and 

transport modeling to predict the temporal distribution of 

stressor concentrations. The resulting exposure profiles 

provide the risk assessor with a more accurate depiction of 

the magnitude and duration a stressor is found in the 

system. The exposure profiles are used in the risk 

characterization phase to quantify the duration, magnitude 

and episodic nature of the stressor exposure which exceeds 

an estimated safe concentration (ESC). 

Various environmental fate and transport computer 

models exist that can be adapted to provide the assessor 

with a temporal distribution of stressor concentration. The 



111-18 

appropriate model to use will depend on the portion of the 

environment impacted and the particular physical 

characteristics of the impacted water body. The Federal 

Insecticide, Fungicide and Rodenticide Act (FIFRA) Exposure 

Modeling Work Group (EMWG) recommends the Exposure Analysis 

Modeling System (EXAMS) and the Water Quality Analysis 

Simulation Program (WASP5) as primary surface water models 

(Wauchope, 1992). The FIFRA EMWG recommends the Groundwater 

Loading Effects of Agricultural Management Systems (GLEAMS) 

and Pesticide Root Zone Model (PRZM2) as primary runoff/soil 

erosion models (Wauchope, 1992)• 

The fate and transport model developed by Acevedo et 

al.(1997) reconstructed water column pesticide concentration 

episodes which occurred as a result of rainfall runoff. The 

concentration profiles modeled by Acevedo et al. (1997) were 

created using available ambient pesticide concentrations 

measured by Scott et al. (1990, 1993). The ambient 

pesticide measurements were collected during and after 

rainfall events which were significant enough to result in 

pesticide-contaminated agricultural runoff. The application 

of the Scott et al.(1990, 1993) field measurements by the 

Acevedo et al.(1997) method coincides with the Aquatic 

Dialogue Group recommendation for use of models in 

conjunction with field data (SETAC, 1994). 
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Risk Characterization 

The ultimate goal of risk characterization is to 

estimate the ecosystem risk from exposure to the 

stressor(s). Risk estimation involves the integration of 

exposure and effects estimates (USEPA, 1996). Risk 

estimation calculates the likelihood (or probability) of 

adverse effects to the ecosystem by integrating effects and 

exposure data. There are various approaches for estimating 

risks. In a probabilistic risk assessment, a quantitative 

or semi-quantitative estimation of the probability of 

adverse effects to the ecosystem can be determined from the 

effects and exposure assessments. However, the most common 

method is the single-point estimate of stressor exposure and 

effects, generally referred to as the quotient method. This 

method does not provide the risk manager with a measure of 

probability of ecological risk. 

Another deterrent to the reliance on the quotient 

method is that the point estimate may not reflect the 

intensity of effect or exposure pattern for the assessment. 

For instance, an acute endpoint derived from a 96-h LC50 

laboratory test using constant exposure concentrations may 

be unsuitable for assessment of reproductive effects or 

lethal effects resulting from pulsed exposures. Lastly, the 

quotient method does not provide an explicit measure of 

uncertainty such as the ability to extrapolate from tested 

species to the ecosystem of concern. 
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Probability can be factored into the estimation of risk 

when the distribution of effects (stressor response 

profile), the distribution of exposure (exposure profile) or 

both can be quantified. When the stressor(s) exposure 

distribution can be quantified, the effects point estimate 

can be compared with a cumulative exposure distribution. 

The OPPTS uses the Probabilistic Distribution Model (PDM3) 

to generate an exposure distribution. A stressor 

distribution can be compared to a toxicity test endpoint 

(LC50) to predict the number of days per year the endpoint 

concentration is exceeded (USEPA, 1988). However, this only 

provides the risk manager with a frequency of exceedance of 

a duration of the toxicity test used as the effects point 

estimate. Suter et al. (1983) also discusses comparisons 

between point estimates of effects and distributions of 

exposure. 

In addition, exposure distributions predicting the 

annual maximum 21-d mean stressor (pesticide) level have 

been plotted against chronic point estimates to approximate 

the probability that the annual maximum 21-d mean 

concentration will exceed the chronic point estimate (SETAC, 

1994). The same approximations of probable exceedance can 

be made using acute annual distributions and acute point 

estimates. 

On the other hand, when the stressor-response profile 

can be quantified as a distribution, the exposure point 
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estimate (stressor's measured environmental concentration) 

can be compared with the probability distribution of effects 

to the ecosystem (Figure 1, Step 3) (Spehar and Carlson, 

1993). A drawback to relying solely on this approach is 

that the limited exposure assessment precludes an evaluation 

of the duration, and frequency of exposure. Therefore, no 

implicit discussion of probable exposure to populations can 

be compared to the stressor-response profile. 

When the exposure aud the stressor-response profiles 

can be generated to describe the exposure and effects 

variability, a variety of different risk estimates can be 

calculated. Measured exposure distributions presented as 

frequency of observations for chemical stressors have been 

compared with effects distributions (stressor-response 

profiles) of acute or chronic toxicity test endpoints from 

different species (SETAC, 1994; Solomon et al., 1996). In 

the Aquatic Dialogue Group final report, a frequency 

distribution of atrizine measured exposure concentrations 

was compared with single-species algal toxicity data for the 

same pesticide. The degree of overlap of the curves 

indicated the probability that a certain percentage of 

species may be adversely affected (SETAC, 1994). However, 

no relationship between the duration of environmental 

exposure distribution and the duration of the single-species 

toxicity tests was performed. 
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In this risk characterization, probability of adverse 

effects (responses) occurring as a result of exposure to the 

stressor(s) is predicted. The risk characterization 

consists of integrating probabilistic stressor-response 

profiles and the exposure distribution profiles (Figure 1, 

Steps 3 & 4). The stressor-response profiles are the ESCs 

developed from the distribution methods in the effects 

assessment. The exposure profiles are the temporal 

distributions of ambient stressor concentrations predicted 

from the selected fate and transport model. 

Here, the risk assessor may employ a series of 

different techniques to compare the probabilistic stressor-

response profiles and the exposure distribution profiles. 

In the first risk estimation, a simple ratio is performed. 

The ratio of the respective measured stressor concentrations 

(point estimate exposure values) collected from field 

toxicity studies over the acute ESCs of the stressor(s) 

calculated from three probabilistic effects assessment 

methods (the probabilistic stressor-response profiles) is 

performed (Figure 1/ Step 3). The ratio of the maximum 

model-estimated stressor exposure concentrations predicted 

by the selected model simulation over the stressor's 

estimated acute ESC is also derived. Likewise, the ratio of 

the average model-estimated concentration over the estimated 

chronic ESC can be derived (Figure 1, Step 3). The ratio of 
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the ambient or model-estimated stressor concentration over 

the respective stressor ESC is termed a hazard factor (HF). 

This exercise provides the risk assessor with a simple 

unitless value. The ESC determined for a specific stressor 

represents a value that is estimated to be protective of an 

entire ecosystem by protecting a given percentage of the 

ecosystem's species. The ESC should not be confused with a 

point estimate effects concentration and, therefore, use of 

the term hazard quotient would be inappropriate. 

When the effects assessment methods used to predict the 

ESCs are set at p = 0.05, a value of 1 represents a risk to 

5% of the ecosystem's species. Actual measured or model-

estimated stressor values that equaled a stressor's ESC at 

some given p would indicate the potential for adverse 

effects to some percentage p of an ecosystem's species. 

This ratio would equate to a hazard factor (HF) of 1. 

Hazard factors are calculated as follows: 

_ Stressor ambient or modeled concentration 

Stressor Estimated Safe Concentration {ESC) at p = 0.05 

For a given stressor at p = 0.05, an HF less than one 

indicates that 5% or fewer of an ecosystem's species would 

likely be adversely effected by exposure to that stressor. 

Likewise, at p = 0.05, a stressor HF for greater than one 

indicates the potential for adverse effects to more than 5% 

of the species exposed to that stressor. The percentage of 
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species likely to be adversely affected by any given HF 

would be dependent on the representativeness of species-

specific data which constitute the distribution of species 

in the ecosystem and the percentage p selected in each 

distribution effects method used to calculate a stressor's 

ESC. 

The distribution model effects methods (Stephan et al., 

1985; Aldenberg and Slob, 1991; and Wagner and Lokke, 1991) 

calculate acute and chronic ESCs. Therefore, hazard factors 

can be derived for acute or chronic stressor-response 

profiles (acute and chronic ESCs). An acute hazard factor 

(HFa) for a given stressor estimates the percentage of 

species adversely affected by acute exposure to that 

stressor at the acute ESC concentration for the allowable 

duration of exposure to the acute ESC. For the Stephan et 

al. (1985) effects assessment method, the average acute ESC 

over a one hour period is defined as the allowable duration. 

The effects assessment methods of Aldenberg and Slob (1991) 

and Wagner and Lokke (1991) do not define the allowable 

duration of exposure to the acute or chronic estimated safe 

concentrations. 

A chronic hazard factor (HF,r) for a given stressor 

estimates the percentage of species adversely affected by 

chronic exposure to that stressor at the chronic ESC 

concentration for the allowable duration of exposure to the 

chronic ESC. For the Stephan et al. (1985) effects 
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assessment method, the average chronic ESC over a four day 

period is defined as the allowable duration of exposure to 

the stressor. 

Acute hazard factors (HFas) and chronic hazard factors 

(HFcs) should be generated for each stressor in the affected 

aquatic community. Hazard factors generated from the ratio 

of measured stressor concentrations over ESCs are called 

ambient HFs. Hazard factors generated from the ratio of 

model-estimated stressor concentrations over ESCs are called 

model-estimated HFs. Using zinc as an example, the ratio of 

the maximum model-estimated zinc concentration over the 

acute zinc ESC would be the zinc model-estimated HFa. Since 

ESCs can be developed using various effects assessment 

methods, hazard factors (HFs) must reference the method that 

was used to develop the ESC used in a ratio. 

There are several limitations to this estimation of 

risk. While acute and chronic ESCs are associated with a 

specific duration of exposure, measured and model-estimated 

stressor concentrations are not associated with specific 

exposure durations. Hazard factors are dependent on 

consistent exposure to the stressor ESC concentration over a 

given duration (i.e., that an ecosystem is exposed to the 

stressor acute ESC for one hour). Concentrations of 

contaminants in aquatic ecosystems, particularly tidally 

influenced systems, oscillate over time depending on 
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physical and chemical variables {e.g., tide, runoff, 

hydrolysis, etc.). 

Hence, the ambient HFs calculated from grab samples of 

measured stressor concentration probably do not reflect the 

true stressor concentration during the hour in which the 

grab sample was collected. Likewise, the model-estimated 

HFcs are calculated using an average simulated stressor 

concentration which was predicted to occur over a 4-day 

exposure scenario. Although the mean stressor concentration 

may be predicted, true exposure concentrations constantly 

oscillate, limiting inferences that can be drawn from 

comparing chronic ESCs with average exposure concentrations. 

Most laboratory-derived chemical-specific data are 

based on continuous exposure to relatively constant 

concentration of a chemical stressor. The ESCs developed 

from the application of the distribution effects assessment 

methods incorporate this constant. However, concentrations 

of chemical stressors in natural aquatic ecosystems 

continually undergo fluctuations. This disparity introduces 

error into attempts to calculate ambient ESCs derived from 

laboratory toxicity testing data. 

To compensate for this imprecision, a second risk 

estimation method accounts for temporal fluctuations in 

ambient stressor exposures in the water column. The 

stressor exposure distribution determined for the stressor 

using an appropriate fate and transport model provides an 



111-27 

intermittent, oscillating pattern of temporal stressor 

exposure. The simulated stressor concentrations provide the 

risk assessor with a temporal distribution of stressor 

concentrations during a given exposure event (i.e., chemical 

spill, agricultural runoff event) where only a limited 

number of actual measured values gathered during the 

exposure event are available. 

In the second risk estimation, the magnitude and 

duration of simulated stressor exposure concentrations are 

compared to various toxic threshold values (effects point 

estimates and probabilistic stressor-response ESCs). The 

product of the calculations are termed toxic exposure 

equivalents (TEEs) (Figure 1, Step 4). The TEEs are 

determined for each stressor measured during an exposure 

event. 

A TEE of one is defined as exposure to the stressor ESC 

(or other toxic effects threshold value; e.g., LC50) for the 

duration not to be exceeded as defined in the distribution 

effects assessment method used to calculate that ESC. Again 

using zinc as an example stressor, the freshwater zinc acute 

ESC for the AWQC methodology (Stephen et al., 1985) is 120 

jxg/L (at a hardness of 100 mg/L (USEPA, 1985) . According 

to Stephen et al. (1985), the one hour average acute ESC 

(which is defined as the final acute value, FAV), should not 

be exceeded more than once every three years on the average. 

Therefore, a TEE value of one would equate to exposure to 
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the acute ESC (120 (j.g/L) for one hour. Exposure to the FAV 

ESC for two hours or exposure to two times the FAV ESC (240 

jug/L) for one hour is equivalent to two zinc toxic exposure 

equivalents for the Stephan et al. (1985) effects assessment 

method. 

Chronic ESCs can also be used to calculate chronic TEEs 

for a given chemical stressor. Toxic exposure equivalents 

developed from chronic ESCs (i.e., Final Chronic Value or 

FCV) estimate the percentage of species adversely affected 

from chronic exposure to that contaminant dependent upon the 

chronic ESC and the allowable duration of exposure defined 

by the distribution effects assessment method used to 

calculate the chronic ESC (e.g., Aldenberg and Slob, 1991). 

Again, the Stephan et al. (1985) distribution effects 

assessment method used a 4 day average stressor 

concentration. The methods of Aldenberg and Slob (1991) and 

Wagner and Lokke (1991) did not recommend an allowable 

duration of exposure at the stressor ESC which would be 

protective of the ecosystem. Although chronic TEEs can be 

calculated, their use under highly variable conditions is 

not recommended (i.e., agricultural runoff, chemical spill 

conditions. 

Calculation of ESC-specific TEEs is accomplished as 

follows. The fate and transport model will estimate 

stressor concentrations at given time intervals over the 

exposure event. The shorter the duration between intervals, 
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the better the estimate of stressor concentration exceeding 

the stressor ESC for that toxicant. To calculate an acute 

ESC-specific TEE, the integration of a chemical stressor 

equal to or exceeding the acute ESC of concern, normalized 

for allowable duration of exposure, is performed. To 

calculate an chronic ESC-specific TEE, the integration of 

all model-estimated chemical stressor concentrations which 

occurred during an exposure event, normalized for allowable 

duration of exposure, is performed. The risk assessor uses 

the following steps to calculate TEEs: 

1) During a given stressor simulation event, stressor 

concentrations oscillate over time, forming "curves" 

over the duration of the exposure event as illustrated 

in Figure 2. In acute TEE calculations, for every time 

interval where a model-estimated stressor (pesticide) 

concentration equals or exceeds that stressor ESC 

(illustrated as the FAV) during the event's exposure 

duration, all pesticide concentrations are totaled to 

provide the "Area under the Curve" or AUC. The entire 

shaded area in Figure 2 graphically illustrates a 

section of a temporal stressor level profile for an 

exposure event taken from Acevedo et al. (1997). Note 

the shaded area includes all pesticide concentrations 

at predicted concentrations equal to or above the ESC, 

both above and below the ESC. This summation is 
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essentially equivalent to a mathematical interpolation. 

In Figure 2, each tick mark on the simulated stressor 

curve represents an interval with a stressor 

concentration. For example purposes, only the first 

curve is shaded, although all intervals equal to or 

exceeding an acute ESC in an exposure event are summed. 

2) The summed "AUC" for all time intervals equal to or 

exceeding the acute ESC is divided by the "acute ESC 

area" (shaded AUC with diagonal lines) to provide acute 

TEEs not adjusted for duration. 

3) In chronic TEE calculations, the TEEs were calculated 

two ways. First, chronic TEEs were calculated as acute 

TEEs (Steps 1, 2). 

4) In the second method of chronic TEE calculation, for 

all time intervals where model-estimated pesticide 

concentration occurred during the event's exposure 

duration, whether above or below the chronic ESC, the 

predicted pesticide concentrations are summed to yield 

the "AUC" (Figure 3). 

5) The "Area Under the Curve" for all time intervals in 

which model-estimated stressor concentrations occurred 

during the exposure event is divided by the chronic ESC 

to provide chronic TEEs. 

6) To relate exposure event duration to the maximum 

allowable duration for the stressor acute ESC, exposure 

event duration must be a function of the stressor ESC's 
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maximum allowable duration (i.e., for the AWQC method, 

the FAV specifies that to be protective as defined, the 

one hour average concentration should not exceed the 

FAV). For acute TEEs, total time for all time 

intervals equal to or, in exceedance of, the stressor 

acute ESC is determined. Since the acute ESC endpoint 

is only mortality, it is assumed that exposure to 

concentrations below the acute ESC for the ecosystem 

will not cause significant mortality and are below an 

acute threshold effect level. For chronic TEEs, total 

time for all time intervals with any model-estimated 

concentration is determined. Calculate the ratio of 

the total time of exceedance of the stressor ESC over 

that ESC's allowable duration of exposure. This ratio 

is multiplied by the ESC-specific TEEs (calculated in 

Steps 2-5) to yield the temporal event-specific TEEs 

for the stressor ESC, adjusted for allowable duration 

of exposure to the ESC. 

The premise of this procedure is a basic mathematical 

interpolation (AUC) normalized to a benchmark (the acute or 

chronic ESC area) and adjusted for allowable duration of 

exposure. However, actual calculations for the interpo-

lation of the AUC may be performed various ways. 
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Stressor oscillations over the duration of exposure of 

bioassays during deployment has now been factored into the 

risk estimate. Cumulative TEEs should be determined where 

multiple stressors are present and data suggest that the 

modes of action are similar for the stressors. Simulated 

stressor concentrations predicted by the fate and transport 

model which are below the ESC which is utilized in the TEE 

calculation are not included in the TEE analyses. Simulated 

stressor values below a stressor ESC for a given ecosystem 

are assumed to be below the threshold value and, therefore, 

are not expected to adversely affect the exposed community. 

The final measure of risk estimation is the prediction 

of the ecosystem's species at risk of adverse effects from 

cumulative exposure to the stressor(s) (Figure 1, Step 5). 

TEEs can be converted into cumulative stressor 

concentrations, since TEEs are a function of estimated safe 

concentrations (ESCs). Recall that the methods of Aldenberg 

and Slob (1991) and Wagner and Lokke (1991) are extrapola-

tion (distribution) methods. Stressor concentrations back-

calculated from TEEs can be applied to the appropriate 

distribution model (i.e., acute TEEs developed from an acute 

ESC for a given stressor must use the distribution model 

predicted by that stressor's toxicity data set) to predict 

the percent species at risk of adverse effects for the given 

TEE value. Using the acute zinc value of 120 /J-g/L, one TEE 

equals 12 0 pi g/L. This represents a stressor concentration 



111-35 

at which 5% of the ecosystem's species are at risk of 

adverse effects). An acute TEE of 2 equals a temporal-

corrected stressor concentration of 240 /̂ g/L. Using the 

Aldenberg and Slob (1991) distribution method, 240 //g zinc/L 

could be applied to the distribution model developed for 

acute toxicity test data to identify the percent of the 

ecosystem's species at risk to that exposure concentration. 

The percent species at risk would be greater than 5% and 

would be dependent on the distribution of available species-

specific toxicity test values that generated the 

distribution. 

Discussion 

Risk estimation determines the likelihood or 

probability of adverse effects to the affected community by 

integrating the exposure and stressor-response profiles 

developed in the exposure and effects assessments, 

respectively. The risk characterization consists of 

integrating the probabilistic stressor-response profiles 

(developed from the effects assessment methods) with the 

exposure distribution profiles (developed from the fate and 

transport modeling) to estimate predicted adverse effects. 

Acute and chronic probabilistic stressor-response profiles 

can be developed, thereby permitting the generation of acute 

and chronic risk estimates. 
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While most aquatic risk assessments generate point 

estimate comparisons of effects and exposure concentrations, 

this aquatic risk assessment method provides the risk 

manager with information not available in a simple hazard 

quotient assessment. The risk characterization integrates 

probabilistic stressor-response profiles and the exposure 

distribution profiles to produce an ecological risk 

characterization with a tenable measure of risk to the 

ecosystem. In doing so, this method generates risk 

estimates that incorporate the temporal fluctuations in 

dynamic aquatic environments. Incorporating magnitude and 

duration of stressor exposure provides the risk assessor 

with a more accurate measure of the ecological impact than 

that estimated by a hazard quotient. 

Finally, this ecological risk assessment method 

provides the risk assessor with a tool to predict the 

percent of biota in a given ecosystem impacted by the 

cumulative exposure to known stressors during a specific 

exposure event. The ability to predict the percent of an 

ecosystem's species at risk to the magnitude and duration of 

stressor exposure offers the risk assessor far greater 

information than any of the unitless values estimated by 

hazard quotients, hazard factors and toxic exposure 

equivalents. In contrast to relying on a likelihood of 

adverse effects to an affected ecosystem predicted by a 

hazard quotient, the risk estimates generated with this 
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method will provide the risk manager with a probability of 

risk to the effected ecosystem. 
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CHAPTER 4 

AN AQUATIC RISK ASSESSMENT METHODOLOGY EVALUATING STRESSOR 

MAGNITUDE AND DURATION APPLIED TO A SOUTH CAROLINA TIDAL 

STREAM COMMUNITY EXPOSED TO AGRICULTURAL RUNOFF 

Introduct i on 

The concern for conducting ecological risk assessments 

at contaminated sites is a relatively recent development. 

Historically, the EPA has emphasized the protection of human 

health over that of the environment. Although the Federal 

Insecticide, Fungicide and Rodenticide Act (FIFRA) was 

originally enacted in 1948, protection of the environment 

was not a goal of the act until the Federal Environmental 

Pesticide Control Act amendments to FIFRA in 1972. Under 

these amendments, FIFRA states that the Administrator shall 

register a pesticide if he determines that, "when used in 

accordance with widespread and commonly recognized practice 

it will not generally cause unreasonable adverse effects on 

the environment"... (PL 95396, Section 3(c)(5)(D)). 

Although the Ecological Effects Branch (EEB) in the 

Hazard Evaluation Division (HED) in the Office of Pesticide 

Programs (OPP)(now the Office of Pollution Prevention and 

Toxic Substances) developed Ecological Risk Assessment 

guidelines over a decade ago, the simple procedures outlined 
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by the EEB promoted what has become known as the quotient 

method (USEPA, 1986a; Barnthouse et al., 1986). The 

quotient method is not a probabilistic method and should 

more aptly be referred to as ecological hazard assessment. 

The majority of ecological assessments required for 

registration of a pesticide rely on a qualitative comparison 

of effects and exposure. 

In 1989, EPA Administrator William K. Reilly requested 

the EPA Science Advisory Board (SAB) to develop strategic 

options for reducing risk. In response to Administrator 

Reilly's request, the Relative Risk Reduction Strategies 

Committee (RRRSC) issued a report listing ten recommen-

dations for approaches to risk management (SAB, 1990). 

Among those recommendations, the RRRSC stated that the EPA 

should attach as much importance to reducing ecological risk 

as it does to reducing human health risk. 

In response to this SAB recommendation, the EPA 

embarked on an initiative to develop guidelines for 

ecological risk assessment. The EPA began by drawing from 

the National Academy of Science (NAS) 1983 risk assessment 

paradigm (NAS, 1983). In 1992, the EPA published the 

Framework for Ecological Risk Assessment (USEPA, 1992a). 

This guidance document has served as the basis for 

evaluating scientific data on the adverse effects of 

physical and chemical stressors on the environment for five 

years. While the framework offered three approaches for the 
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integration of stressor-response and exposure profiles, the 

approach most commonly employed continued to be the quotient 

method. 

In 1994, the Society of Environmental Toxicology and 

Chemistry issued a report that focused on risk assessment 

methods and mitigation measures specifically designed for 

aquatic ecosystems (SETAC, 1994). The document entitled, 

Aquatic Dialogue Group: Pesticide Risk Assessment and 

Mitigation, was developed by the Aquatic Risk Assessment and 

Mitigation Dialogue Group (the Aquatic Dialogue Group) under 

joint National Agricultural Chemical Association (NACA) and 

EPA sponsorship in response to OPP's plan to implement the 

new paradigm for pesticide registration (USEPA, 1992b). The 

Aquatic Dialogue Group reviewed an extensive array of 

technical issues regarding risk assessment, exposure and 

effects characterization and risk mitigation. Consequently, 

the Dialogue Group reached numerous recommendations for 

implementation of the new paradigm for pesticide 

registration and re-registration. 

In the report's first recommendation, the Aquatic 

Dialogue Group encouraged the OPP to implement integrated 

probabilistic risk assessment approaches that include both 

the probability of exposure and effects. The Aquatic 

Dialogue Group suggested that probabilistic presentation of 

risk would provide risk managers with information on the 
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degree of risk and the uncertainty associated with the 

assessment (SETAC, 1994). 

Further, the report noted that prior to the new 

paradigm (USEPA, 1992b), expected environmental 

concentrations of pesticides were represented as single 

values. Hence, the pesticide's quantitative likelihood of 

occurrence in the ecosystem was unknown. Without a 

probabilistic framework of exposure, the significant spatial 

and temporal variation of actual pesticide concentrations in 

the environment could not be evaluated. The Aquatic 

Dialogue Group strongly supported the use of computer 

simulation models to estimate pesticide exposure to aquatic 

organisms. The report stated that in order to capture the 

variability of environmental exposure concentrations, a 

probabilistic modeling approach should be used to develop 

exposure values that present a measure of the likelihood of 

occurrence in the real world (SETAC, 1994). Further, the 

report found a critical need for computer model validation. 

Finally, the report recommended that "a risk 

characterization be presented as a distribution of toxicity 

values, rather than a single point estimate, and be compared 

with the exposure probability distribution" (SETAC, 1994). 

This paper applies a probabilistic aquatic risk 

assessment method (Morton et al., draft) integrating 

probabilistic effects assessment methods with exposure 

assessment profiles simulated from fate and transport 
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modeling of agricultural runoff contaminated with pesticides 

(azinphos-methyl and fenvalerate). Further, the study 

validated the risk characterization by comparing the risk 

estimates with the in situ bioassay results from Scott et 

al. (1990, 1993) conducted during the coinciding 

agricultural runoff episodes that the exposure profiles were 

developed from. 

The Leadenwah Creek estuarine community experienced 

periodic episodes of pesticide-contaminated agricultural 

runoff from 1986 through 1989 (Scott et al., 1990, 1993). 

The objective of this study was to conduct an ecological 

risk assessment of recorded non-point agricultural runoff to 

the Leadenwah Creek, South Carolina, water column community. 

The risk assessment methodology applied to the pesticide-

exposed water column community integrated the temporal 

magnitude and duration of oscillating ambient pesticide 

concentrations in the estuarine ecosystem, as predicted by 

fate and transport modeling (Acevedo et al., 1997). 

Scott et al. (1990, 1993) conducted an extensive 

ecotoxicological study on the effects that the use in 

agriculture of three different pesticides (endosulfan, 

fenvalerate and azinphos-methyl) had on this estuarine 

community in South Carolina. Throughout their five year 

study, investigators performed in situ bioassay toxicity 

tests, collected physical data, and measured the ambient and 

sediment-sorbed concentration of pesticides in Leadenwah 
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Creek to study the effects from non-point agricultural 

insecticide runoff events. This paper applied the 

ecotoxicological aquatic risk assessment method described in 

Morton et al. (draft), using measured ambient pesticide and 

bioassay data collected by Scott et al. (1990, 1993) and the 

hydrodynamic modeling pesticide profiles of Leadenwah Creek 

agricultural runoff from by Acevedo et al. (1997). 

Methods 

The aquatic risk assessment method described in Morton 

et al. (draft) is intended for use for the water column 

community. The methodology is directed towards assessment 

of chemical stressors; it does not consider the possible 

effects of non-chemical stressors (biological or physical). 

However, the basic method could be applied to other 

ecological communities with some modifications (e.g., 

benthic community). The risk assessment method is intended 

for relatively short-term exposures (i.e., < 3 0 days). This 

methodology is not intended for use where long term or 

continuous exposure to chemical stressors exist (e.g., NPDES 

permits) since bioconcentration and bioaccumulation through 

the food chain is not addressed. 

This methodology expresses ecological risk as a 

probabilistic function of ecotoxicological effect profiles 

and environmental exposure profiles for the chemical 

stressor(s) of interest. The risk characterization method 
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provides the risk manager with a probabilistic measure of 

the potential acute and chronic ecological effects from 

exposure to chemical stressors factoring water column 

concentration and duration. 

In the traditional ecological risk assessment paradigm 

described in Framework for Ecological Risk Assessment 

(USEPA, 1992a), the basic steps involved in performing an 

ecotoxicological assessment of impacts to a community 

include: 1) problem formulation; 2) effects assessment (or 

characterization of ecological effects); 3) exposure 

assessment (or characterization of exposure) followed by 

4) risk characterization (or characterization of ecological 

effects). A schematic of the ecological risk assessment 

process presented in this paper is outlined in Figure 1. 

Problem Formulation 

Problem formulation is defined as the process for 

generating and evaluating preliminary hypotheses about why 

ecological effects have occurred, or may occur, from human 

activities (USEPA, 1996). Problem formulation is an initial 

scoping process for defining the objectives for the 

ecological risk assessment and identifying the character-

istics of the stressor(s). The problem formulation process 

reguires an evaluation of exposure and effects of the 

ecosystem of interest, including a thorough examination of 
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Figure 1. Schematic of the Ecotoxicological Aquatic 
Risk Assessment Methodology. 
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site-specific data and factors which may influence stressor 

exposure and toxicity is conducted (USEPA,1996). 

The objective of this ecological risk assessment is to 

predict the probability of adverse ecological effects from 

pesticide contaminated agricultural runoff to the water 

column community of Leadenwah Creek, SC. The chemical 

stressors for this risk assessment are the pesticides, 

azinphos-methyl and fenvalerate. A comprehensive review of 

available laboratory single species toxicity data for 

relevant species tested for exposure to the chemical 

stressor(s) of concern (azinphos-methyl and fenvalerate) was 

conducted (Figure l, Step 1). The available laboratory 

single species acute toxicity data for azinphos-methyl and 

fenvalerate are listed in Tables 1 and 2, respectively. 

Tables 3 and 4 list the available laboratory single species 

chronic toxicity data for azinphos-methyl and fenvalerate, 

respectively. 

During problem formulation, assessment endpoints are 

established. Assessment endpoints are "explicit expressions 

of the actual environmental value that is to be protected" 

(USEPA, 1992). The assessment endpoint for this study is 

the protection of the water column community. Protection of 

the water column community is determined through the 

application of distribution model methods (Morton et al., 

draft). These methods predict a stressor concentration at 
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Table 1. Acute Azinphos-methyl Saltwater Single-species 
Toxicity Testing Data. 

SPECIES DURATION 
; ENDPOINT 

SMAV* GMAV* 
0*g/L) 

REFERENCE 

Mysidopsia Jbahia 96-h LC50 0.29 0.29 Morton et al.(1997) 

Crangon cremgon 96-h LC50 0.33 0.33 Portmann and Wilson (1971) 

Palaomonet fce-s pugio 96-h LC50 1.02 - Scott et al. (1990) 

Palaemone tes pugxo 96-h LC50 1.07 - Scott et al. (1990) 

Palamoonmtms pugio 96-h LC50 1.05 1.05 Scott et al. (1990) 

Cyprinodon vari&gatus 96-h LC50 1.99 1.99 Morton et al.(1997) 

Penaeus ajztecus 96-h LC50 2.4 2.4 Menzie (1983) 

Atherlnops affinis 96-h LC50 3.4 3.4 Hemnter et al. (1992) 

Gastmrosteus aculeatus 96-h LC50 4.8 - Katz (1962) 

Gas t<aros teus aculeatus 96-h LC50 12.1 7.6 Katz (1962) 

HanidLia bmryllina 96-h LC50 22.8 22.8 Hemmer et al. (1992) 

Fundulus hcteroclitus 96-h LC50 22.7 - Fulton and Scott (1991) 

Fundulus hcteroclitus 96-h LC50 45.5 - Fulton and Scott (1991) 

Fiinctu.luii hetcroclitus 96-h LC50 28.0 - Fulton and Scott (1991) 

Functulus hoteroclitus 96-h LC50 36.9 32.2 Fulton and Scott (1991) 

Callinectas sapidus 48-h EC50 320 - Mayer (1987) 

Ca.ll±nectes sapidus 40-h EC50 550 420 Butler (1963) 

Crassostrea virginica 48-h EC50 620 620 Davis and Hidu (1969) 

Mercenaria zoercenaria 96-h LC50 860 860 Davis and Hidu (1969) 

*SMAV - Species Mean Acute Value 
bGMAV - Genus Mean Acute Value 

Table 2. Fenvalerate Acute Saltwater Single Species Toxicity 
Test Data. 

SPECIES DURATION 
ENDPOINT 

SMAV* 
<^g/D 

GMAV* 
(jug/L) 

REFERENCE 

Falaeioonetes pugio 96-h LC50 0. 003 McKenney and HamaXer(1984) 

Palaemonet&s pugio 96-h LC50 0.007 Baughman et al. (1989) 

Palaewonotes pugio 96-h LC50 0.024 Moore (1989) 

PalaemoneitGs pugio 96-h LC50 0.020 0.010 Scott et al (1990) 

MysidLopsis bahia 96-h LC50 0.008 Schimmel et al. (1983) 
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SPECIES DURATION 
ENDPOINT 

SMAV* 
<M g/U 

GMAV* 
iuq/U 

REFERENCE 

Mysidapsis bahia 96-h LC50 0.021 0.013 Borthwick and Walsh (1981) 

Crangon sep temspinosa 96-h LC50 0.04 0.04 McLeese et al. (1980) 

Corophium acherusicrum 96-h LC50 0.07 0.07 Tagatz and Stanley (1987) 

Homarus americanus 96-h LC50 0.14 0.14 McLeese et al. (1980) 

Menidia menidia 96-h LC50 0.31 0.31 Schimmel et al. (1983) 

Loires thes tenuis 96-h LC50 0.30 Clark et al. (1985) 

Leuresthes tenuis 96-h LC50 0.60 0.42 Mayer (1987) 

Magil cephalus 96-h LC50 0.58 0.58 Schimmel et al. (1983) 

Penaeus duorarum 96-h LC50 0.84 0.84 Schimmel et al. (1983) 

Menidia penisulae 96-h LC50 1.0 1.0 Clark et al. (1985) 

Atherinops affinis 96-h LC50 0.7 Hemmer et al. (1992) 

Atherincps affinis 96-h LC50 4.2 1.7 Goodman et al. (1992) 

Ni toera spinipes 96-h LC50 1. 9 1.9 Linden et al. (1979) 

AJLbumus aJLbumus 96-h LC50 2.0 2.0 Linden et al. (1979) 

Menidia bexryllina 96-h LC50 1.0 Clark et al. (1985) 

Menidia, bexryllina 96-h LC50 4.5 2.1 Hemmer et al. (1992) 

Fundulus heteroclitus 96-h LC50 1.8 Trim (1987) 

Fundulus heteroclitus 96-h LC50 2.7 Scott et al. (1990) 

Fundulus heteroclitus 96-h LC50 2.9 2.4 Scott et al. (1990) 

Cpsanus beta 96-h LC50 2.4 Clark et al. (1985) 

Ops anus beta. 96-h LC50 5.4 3.6 Schimmel et al. (1983) 

Cypri lodon va.riega.tus 96-h LC50 4.4 Mayer (1987) 

Cyprinodon va.riega.tus 96-h LC50 5.0 4.7 Schimmel et al. (1983) 

La.evicardium mortoni 96-h LC50 12.0 12.0 Tagatz and Stanley (1987) 

Neem.th.es succinea 96-h LC50 28.0 28.0 Tagatz and Stanley (1987) 

Mulinia. lateralis 96-h LC50 60.0 60.0 Tagatz and Stanley (1987) 

Brachiostoma caribaeum 96-h LC50 1,600 1,600 Clark et al. (1987) 

*SMAV - Species Mean Acute Value 
bGMAV - Genus Mean Acute Value 
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Table 3. Azinphos-methyl Chronic Single Species Toxicity 
Test Data.3 

SPECIES WATER DURATION 
ENDPOINT 

VALUE 
{pig/U 

REFERENCE 

Mysidopsis bahia Saltwater 26-d MATC 0.02 Morton et al. (1997) 

Gammarus pseudolimneaus Freshwater 30-d NOEC 0.10 Sanders (1969) 

Daphnia magna Freshwater 21-d NOEC 0.10 Dortland (1980) 

Pala&monctes kadiakensis Freshwater 20-d LC50 0.16 Sanders (1972) 

Acroneuria pacifica Freshwater 30-d LC50 0.24 Jensen and Oauf±n(1964) 

Cyprinodon variegatus Saltwater 28-d MATC 0.24 Morton et al. (1997) 

Pimerphales promelas Freshwater 22-d NOEC 0.51 Adelman et al. (1976) 

Asmllus aquatlcus Freshwater 21-d LC50 1.00 Dortland (1980) 

Pteronarcys califomica Freshwater 30-d LC50 1.30 Jensen and Gaufin(1964) 

Acroneturia lycorias Freshwater 30-d NOEC 1.36 Bell (1971) 

Ophiogomphus rupinsulemsis Freshwater 30-d NOEC 1.73 Bell (1971) 

Clooon dip torurn Freshwater 21-d NOEC 2.00 Dortland (1980) 

Eph&xoarella subvaria Freshwatefc 30 d NOEC 2.50 Bell (1971) 

Chaoboxrus crys talllnas Freshwater 21-d NOEC 4.00 Dortland (1980) 

Pteronarcys dorsata Freshwater 30-d LC50 4.90 Bell (1971) 

Hydropsyeh© b&ttoni Freshwater 30-d NOEC 4.94 Bell (1971) 

Procambairus clarki Freshwater 243d NOEC 25.0 Sklar (1985) 

Crassostrea virginica Saltwater 10-d MATC 353.0 Davis and Hidu (1969) 

aIncludes Saltwater and Freshwater Chronic Data 

Table 4. Fenvalerate Chronic Single Species Toxicity Test 
Data. 
SPECIES WATER DURATION 

ENDPOINT 
VALUE 
()Ug/L) 

REFERENCE 

Palaemon&tes puglo Saltwater 21-d MATC 0.00014 McKenney and Hamaker (1984) 

Hysidopsis bahia Saltwater 10-d MATC 0.006 Clark et al. (1989) 

Leuros thcs tenui s Saltwater 28-d MATC 0.08 Goodman et al. (1992) 

M&nidia poninsulae Saltwater 28-d MATC 0.10 Goodman et al. (1992) 

Monidla menidla Saltwater 28-d MATC 0.12 Goodman et al. (1992) 

Opsajius hot a Saltwater 

*0 i 
GO
 

CM
 MATC 0.38 Goodman et al. (1992) 

Atherinops affinis Saltwater 28-d MATC 0.22 Goodman et al. (1992) 

Cyprinodon variegatus Saltwater 28-d MATC 1.06 Dortland (1980) 
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which a selected percentage (e.g., 95% or 90% of the 

ecosystem's species) of the ecosystem's species are safe 

from acute or chronic exposure, termed the estimated acute 

or chronic safe concentration (acute or chronic ESC). 

Analysis Phase 

Effects Assessment 

The analysis phase includes two principal activities: 

characterization of exposure (or exposure assessment) and 

characterization of ecological effects (or effects 

assessment) (USEPA, 1996). Aquatic ecotoxicological effects 

assessment is the identification and quantification of the 

potential adverse effects of chemicals stressors (azinphos-

methyl and fenvalerate) on aquatic biota. 

Toxicological endpoints reported for most of the 

available chemical-specific effects data are based on 

constant exposure to relatively constant chemical stressor 

concentrations and physicochemical parameters. However, 

under natural conditions, chemical stressors and physico-

chemical parameters are variable. The risk manager must 

consider that the incongruity between the constant 

conditions of laboratory test methods for determination of 

stressor-response profiles and the variable environmental 

conditions impacting ecological response is a possible 

source of error in risk assessment. Pesticide oscillations 

in the water column and duration of pesticide exposure to 
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the affected community are two variable conditions that are 

evaluated in this risk characterization. 

The second component in an ecotoxicological effects 

assessment is the quantification of potential adverse 

effects to the impacted aquatic ecosystem biota (Figure 1, 

Step 2). The goal of effects assessment quantification is 

to develop a stressor-response profile. Probabilistic 

effects assessment methods are recommended over use of 

single-species effects data (SETAC, 1994; USEPA, 1996). 

Various probabilistic effects assessment methods are 

available which extrapolate the results of a series of 

single species laboratory toxicity tests to derive estimated 

safe concentration values for aquatic ecosystems. By 

applying the laboratory-derived aquatic ecotoxicological 

endpoints obtained from a literature review in Step 1 (e.g., 

AQUIRE) to the probabilistic effects assessment methods 

(Step 2) , a stressor concentration can be calculated which 

is predicted to protect a given percentage (95%) of the 

ecosystem's species (i.e., estimated safe concentrations or 

ESCs). 

The acute and chronic ecotoxicological endpoint data 

sets served as stressor-response profiles in the effects 

assessment. Three probabilistic effects assessment methods 

were applied to aquatic ecosystems, although additional 

methods exist. Each of the probabilistic effects assessment 

methods described below have specific terminology for the 
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predicted ecosystem safe concentrations. The value that is 

predicted to be protective of the ecosystem calculated by 

each of the effects assessment methods is herein designated 

an estimated safe concentration or ESC. Predicted acute and 

chronic ESCs will differ depending on the probabilistic 

effects assessment method employed even though the same set 

of species-specific endpoint data are applied to each 

method. Azinphos-methyl and fenvalerate estimated safe 

concentrations (ESCs) were predicted for acute or chronic 

exposure. By applying the set of acute ecotoxicological 

endpoint data for respective stressors to the effects 

assessment methods, acute ESCs were predicted for azinphos-

methyl and fenvalerate. Likewise, chemical-specific chronic 

endpoint data were applied to the effects assessment methods 

to derive chronic ESCs for each pesticide. 

The three effects assessment methods employed in this 

effects assessment are 1) the Guidelines for Deriving 

Numerical Water Quality Criteria for the Protection of 

Aquatic Organisms and Their Uses (Stephan et al., 1985); 2) 

the extrapolation method of Aldenberg and Slob (1991) and; 

3) the extrapolation method of Wagner and Lokke (1991). 

Stephan et al. (1985) criteria established by the EPA are 

intended to provide a reasonable level of protection to 95% 

of the aquatic species and their uses 95% of the time. Both 

Aldenberg and Slob (1991) and Wagner and Lokke (1991) 

calculate ecosystem ESCs termed the hazardous concentration 
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(HCp) for some percentage p of the species in the ecosystem 

such that the probability of selecting a species with an 

LC50 or NOEC smaller than p is an arbitrary small number, 

with p = 0.05 (5%) generally accepted. These type of risk 

assessment methods are generally referred to as distribution 

model or extrapolation methods. 

Other distribution methods (Kooijman, 1987; Van 

straalen and Denneman, 1989) are available which perform 

laboratory-to-field extrapolations on sets of acute or 

chronic laboratory toxicity testing data for a particular 

chemical stressor. These methods generally recommend the 

use of chronic NOEC values with some minimum number of NOEC 

values from species of various taxonomic groups of the 

affected ecosystem available for the specific compound of 

concern. Acute endpoints (i.e., 96-h LC50s) from various 

taxonomic groups may also be employed by the extrapolation 

models to determine acute ESCs (Van Straalen and Denneman, 

1989; personal communication, T. Aldenberg, 1996; RIVM, 

1993). The use of extrapolation methods as an 

ecotoxicological risk assessment tool has been generally 

well received (OECD, 1992; OECD, 1994; van Leeuwen, 1990). 

However, reviewers have recommended that validation studies 

be performed before extrapolation methods are used as a 

management tool (Smith and Cairns, 1993; van Leeuwen, 1990). 

The probability p = 0.05 is often selected as the 

percentage of species equating ecosystem protection 
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(Aldenberg and Slob, 1991; Wagner and Lokke, 1991). 

Classification of data into taxonomic groups does not mean 

that, given the protection level of 95%, entire groups of 

species may be adversely affected by a substance. The 

selection of the protection level (e.g., 95% or 90% of the 

ecosystem's species) may not be universally accepted. While 

a 95% protection level may be viewed as overprotective, the 

5% of potentially affected species may include endangered 

species or species of ecological, commercial or recreational 

significance. 

Distribution methods assume that the acute or chronic 

values for single test species and for all species in a 

community are stochastically independent variables with the 

same logistic distribution. It is also assumed that the 

toxicity data entered in the model are drawn at random from 

the symmetrical probability distribution. The results of 

these extrapolation models are limited in their ability to 

reflect ecological reality. Many variables remain 

unaccounted for. The interaction between species is just 

one example of such a variable. These methods account for 

direct effects to discrete species only, whereas ecosystems 

are characterized by many species interactions such as 

predator-prey relationships, food webs, and competition. In 

addition, it is an implicit assumption that protection of a 

selected percentage of species will sustain the structure 

and function of the aquatic ecosystem. 
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Exposure Assessment 

Exposure assessment is the estimation of exposure of 

indigenous species resulting from the release, fate and 

transport of the stressor(s)(USEPA, 1996). Characterization 

of the stressors (azinphos-methyl and fenvalerate) is 
t 

essential in determining stressor/ecosystem interactions 

(e.g., pesticide bioavailability, distribution). 

In an aquatic ecosystem characterization, the physical 

characteristics affecting chemical stressor exposure include 

precipitation, temperature and water chemistry parameters 

such as total organic carbon (TOC), salinity and hydrogen 

ion concentration (pH). The relevance of a characteristic 

depends on the particular ecosystem in question and the 

chemical nature of the stressor (i.e., azinphos-methyl and 

fenvalerate). In aquatic ecosystems, information 

influencing the spatial and temporal distribution dynamics 

and the bioavailability of the chemical stressor are 

essential components of stressor characterization. 

In addition, the information gathered for effects 

assessments generally come from laboratory toxicity tests 

performed under established standardized conditions (i.e., 

pH, temperature) and do not accurately portray chemical 

toxicity in the environment. In natural aquatic ecosystems, 

constantly changing physicochemical conditions may alter the 

physiological condition of biota as well as the interaction 

between biota and stressor(s)(Mayer et al., 1994). For 



IV-19 

instance, temperature has been reported to affect chemical 

toxicity by influencing changes in respiration rates, 

chemical absorption, chemical excretion and detoxification 

(Mayer et al. , 1994). 

Temperature, the octanol/ water partition coefficient 

(Kow) , and pH can affect the bioavailability of azinphos-

methyl and fenvalerate. The toxicity of organophosphate 

pesticides increases with temperature (Brecken-Folse et al., 

1994; Howe et al., 1994; Mayer et al., 1994). The toxicity 

of some pyrethroids has been negatively correlated with 

temperature (Mauck et al., 1976). Although some data on 

water column temperature in the exposed ecosystem (Leadenwah 

Creek) was available, attempting to adjust toxicity for the 

variable temperatures profiles in Leadenwah Creek is beyond 

the scope of this study. 

Total hardness appears to have little affect on the 

acute toxicity of organic chemicals (Mayer et al., 1994). 

Acute toxicity of two organophosphate pesticides correlated 

poorly with Kow (Mayer et al., 1994). Nonetheless, the 

bioavailability of pyrethroid pesticides should be 

influenced by the organic content in the water column, given 

the high Kow of most pyrethroids (fenvalerate log Kow = 6.2). 

However, data on suspended solids and the organic content of 

the water column in the exposed ecosystem (Leadenwah Creek) 

was not available, therefore adjustments to bioavailability 

based on sorption to organics cannot be estimated. While 
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avoidance can reduce exposure to chemicals, the in situ test 

organisms exposed to the pesticides in the Scott et al. 

(1990, 1993) runoff episodes were caged and unable to avoid 

exposure to pesticide-contaminated runoff. 

In a risk assessment, changes in ecological effects can 

be expressed as a function of changes in exposure to a 

stressor (USEPA, 1996). The final report of the Aquatic 

Dialogue Group emphasized the importance of estimating 

pesticide (chemical stressor) exposure to the aquatic 

community (SETAC, 1994). The report recommended the use of 

computer modeling to generate spatial and temporal 

distributions of expected environmental concentrations of 

pesticides (SETAC, 1994). Further, the report encouraged 

the use of models in conjunction with field studies, to 

increase the confidence in the model predictions and, hence, 

increase confidence in the environmental fate and exposure 

characterization (SETAC, 1994). 

Comprehensive exposure profiles for azinphos-methyl and 

fenvalerate in Leadenwah Creek were developed by Acevedo et 

al. (1997) using fate and transport modeling to predict the 

temporal distribution of pesticide concentrations following 

five separate agricultural runoff events. Using the ambient 

measurements of azinphos-methyl and fenvalerate sampled in 

Leadenwah Creek following rainfall events, Acevedo et al. 

(1997) modeled water column pesticide levels during the 

exposure durations in which field bioassay tests were 
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conducted by Scott et al. (1990, 1993). The fate and 

transport model used in this study was developed 

specifically to correspond with the physical characteristics 

of the Leadenwah Creek estuarine system. 

The Acevedo et al.(1997) fate and transport model 

reconstructed water column pesticide exposure episodes which 

occurred as a result of rainfall runoff from agricultural 

fields. The exposure profiles modeled by Acevedo et al. 

(1997) were created using available ambient pesticide 

concentrations from Scott et al. (1990, 1993). The ambient 

pesticide samples were collected during and after rainfall 

events which were significant enough to result in pesticide-

contaminated agricultural runoff. The application of the 

Scott et al.(1990, 1993) field measurements in development 

of exposure profiles by Acevedo et al.(1997) coincides with 

the Aquatic Dialogue Group recommendation for use of models 

in conjunction with field data (SETAC, 1994). The resulting 

azinphos-methyl and fenvalerate exposure profiles were used 

in the risk characterization phase of the ecological risk 

assessment to estimate the magnitude and duration of 

stressor exposure concentrations which exceed respective 

estimated safe concentrations (ESCs). 

Five rainfall events were modeled as individual runoff 

episodes. During each episode, Acevedo et al.(1997) 

characterized the temporal pattern of pesticide exposure by 

simulating the transport and fate of the pesticides in the 
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tidal stream. The pesticide exposure concentrations 

predicted in the baseline scenarios for each episode and 

each pesticide were used to estimate total pesticide 

exposure in the water column. The baseline scenarios were 

constructed to coincide with known periodic deployments of 

the in situ bioassay toxicity tests conducted by Scott et 

al. (1990, 1993). Several baseline scenarios encompassed 

more that one rainfall event over the course of several 

days. 

A one-dimensional transport equation with first-order 

decay was used to simulate the transport and fate of 

pesticide runoff entering the tidally influenced creek 

following a rainfall event. The first-order rate constants 

used by the fate component were calculated from half-life 

values. The modeled pesticide concentrations were dominated 

by the transport mechanism. The simulated pesticide 

concentrations followed up and down undulations that tracked 

the tidal movements. This finding suggested that the 

estuarine ecosystem would be subject to repetitive 

oscillations of pesticide exposures over several tides after 

initial pesticide runoff exposure. 

The few measured pesticide concentrations did not 

always fall on the simulated curve. The methodology 

developed by Acevedo et al.(1997) reconstructed the exposure 

events from the sparse sampling of pesticide concentrations 

measured by Scott et al. (1990, 1993) during the rainfall 



IV-2 3 

events which were significant enough to result in 

agricultural runoff. Acevedo et al.(1997) used uncertainty 

intervals (mean ± a) of the simulated curve to indicate 

potential excursions of the exposure metrics not captured by 

the field sampling. 

Results 

Risk Characterization 

The ultimate goal ot the risk characterization is to 

estimate risk to the ecosystem from exposure to the 

stressor(s). Risk estimation entails the integration of 

exposure and effects estimates (USEPA, 1996) to calculate 

the likelihood (or probability) of adverse effects to the 

ecosystem. Probability can be factored into the estimation 

of risk when the distribution of effects (stressor response 

profile), the distribution of exposure (exposure profile) or 

both can be quantified. 

In this risk characterization, probability of adverse 

effects (responses) occurring as a result of exposure to the 

stressors (pesticides) was predicted. Risk characterization 

consisted of integrating the probabilistic stressor—response 

profiles and the exposure distribution profiles (Figure 1, 

Steps 3-5). The pesticide-response profiles (distribution 

models) are developed from applying the toxicity data 

compiled in Tables 1-4 to the distribution methods in the 

effects assessment (Figure 1, Step 2). Table 5 lists the 
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estimated safe concentrations (ESCs), which represent the 95 

% concentration (p = 0.05) of each distribution model (acute 

and chronic models for azinphos-methyl and fenvalerate) 

generated by the listed effects assessment methods. 

Table 5. Acute and Chronic Estimated Safe Concentrations for 
Azinphos-methyl and Fenvalerate (One-sided 95% confidence 
intervals). 

EFFECTS ASSESSMENT 
METHOD 

ACUTE vs CHRONIC 
ESTIMATED SAFE 
CONCENTRATION (ESC) 

AZINPHOS-METHYL " 
VALUE 
(ptq/hl 

. VALUE1 • 
iMgim / 

Stephan et al. (1985) FAV Acute ESC 0.138 0.0087 

Aldenberg and Slob, p = 0.05 Acute ESC 0.082 (0.0032) 0.0108 (0.0012) 

Wagner and Lokke, p ~ 0.05 Acute ESC 0.092 (0.0046) 0.0111 (0.0015) 

Stephan et al. (1985) FCV Chronic ESC 0.022 0.0012 

Aldenberg and Slob, p = 0.05 Chronic ESC 0.026 (0.0037) 0.00037(3.9E-6) 

Wagner and Lokke, p = 0.05 Chronic ESC 0.027 (0.0046) 0.00039(6.5E-6) 

The exposure profiles are the temporal distributions of 

ambient pesticide concentrations predicted from the fate and 

transport model (Acevedo et al., 1997). 

The risk characterization employed three techniques 

(Morton et al., draft) to compare the probabilistic 

stressor-response profiles and the exposure distribution 

profiles for azinphos-methyl and fenvalerate. The first 

risk estimation involves a series of simple ratio 

calculations. The ESC determined for a specific stressor 

represents a value that is estimated to be protective of an 

entire ecosystem by protecting a given percentage of the 
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ecosystem's species. Actual measured or model-estimated 

pesticide values that equaled a respective azinphos-methyl 

or fenvalerate ESC at p = 0.05 indicate the potential for 

adverse effects to 5% of the estuarine ecosystem's species 

or a hazard factor (HF) of 1. Hazard factors are described 

in Morton et al. (draft) and are calculated as the following 

ratio: 

HF _ Stressor ambient or modeled concentration 

Stressor Estimated Safe Concentration (ESC) at p = 0.05 

For either pesticide, at p = 0.05, HFs of less than one 

indicate that 5% or fewer of an ecosystem's species should 

be adversely effected by exposure to that stressor, 

whereas, HFs greater than one indicates the potential for 

adverse effects to more than 5% of the species exposed to 

that pesticide concentration. The percentage of species in 

an exposed ecosystem estimated to be adversely affected by 

any given HF would be dependent on the representativeness of 

species-specific data which constitute the distribution of 

species for the perturbed ecosystem and the percentage p 

selected in each distribution effects method used to 

calculate a pesticide's ESC. 

The distribution model effects methods (Stephan et al., 

1985; Aldenberg and Slob, 1991; and Wagner and Lokke, 1991) 

calculate acute and chronic ESCs. As such, hazard factors 

were derived for the products of acute and chronic stressor-
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response profiles (i.e., the acute and chronic ESCs for 

azinphos-methyl and fenvalerate). An acute hazard factor 

(HFa) for a given stressor estimates the percentage of 

species adversely affected by acute exposure to that 

stressor at the acute ESC concentration for the allowable 

duration of exposure to the acute ESC. For the Stephan et 

al. (1985) effects assessment method, the average acute ESC 

over a one hour period is defined as the allowable duration. 

Although the effects assessment methods of Aldenberg and 

Slob (1991) and Wagner and Lokke (1991) do not define the 

allowable duration of exposure to the acute estimated safe 

concentration, the one hour average was used as the 

allowable duration for these distribution methods for this 

study. 

The chronic hazard factor (HFC) for each pesticide 

estimates the percentage of species adversely affected by 

chronic exposure to that pesticide at the chronic ESC 

concentration for the allowable duration of exposure to the 

chronic ESC. For the Stephan et al. (1985) effects 

assessment method, the average chronic ESC over a four-day 

period is defined as the allowable duration of exposure to 

the stressor. Again, a specified allowable chronic duration 

of exposure is not defined by the other two effects 

assessment methods. For consistency, the four-day average 

value was used as the allowable duration of exposure for 

these methods. 
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Acute hazard factors (HFas) and chronic hazard factors 

(HFcs) were generated for azinphos-methyl and fenvalerate. 

A hazard factor generated from the ratio of a measured 

pesticide concentration over the pesticide's ESC is called 

an ambient HF. Hazard factors generated from the ratio of 

model-estimated pesticide concentrations over pesticide ESCs 

are termed model-estimated HFs. The ESCs developed by the 3 

effects assessment methods are unique to the method applied 

to the available toxicity data. Therefore, each hazard 

factor (HF) identifies the effects assessment method used to 

develop the particular ESC applied in a ratio. The ESCs 

developed from the Aldenberg and Slob (1991), and Wagner and 

Lokke (1991) methods were virtually the same (Table 5), and, 

therefore, their respective hazard factors are roughly the 

same. Azinphos-methyl HFs developed from the Stephan et al. 

(1985) and Aldenberg and Slob (1991) ESCs are listed in 

Table 6. Fenvalerate HFs developed from the Stephan et al. 

(1985) and Aldenberg and Slob (1991) ESCs are listed in 

Table 7. 

Although acute and chronic ESCs are defined by a 

specific duration of exposure, grab sample measurements and 

model-estimated pesticide concentrations are not associated 

with a prescribe^ duration of exposure. Hazard factors are 

dependent on consistent exposure to the stressor ESC 

concentration over a given duration (i.e., that an ecosystem 

is continuously exposed to the stressor acute ESC for one 
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hour). Concentrations of pesticides in aquatic ecosystems 

oscillate over time, depending on physical and chemical 

variables (e.g., runoff, hydrolysis, etc.), particularly 

tidally influenced systems as in this assessment. 

Hence, the ambient HFs calculated from grab samples of 

measured pesticide concentration do not reflect the episodic 

nature of pesticide concentrations which occurred during the 

allowable duration of exposure associated with a given grab 

sample. Likewise, the model-estimated HFcs are calculated 

using an average simulated pesticide level which was 

predicted to occur over a four-day exposure scenario. 

Although the mean pesticide concentration may be predicted, 

true exposure concentrations constantly oscillate, limiting 

inferences that can be drawn from comparing chronic ESCs 

with average pesticide exposure concentrations. 

Most laboratory-derived chemical-specific data are 

based on continuous exposure to relatively constant 

concentration of a chemical stressor. The ESCs developed 

from the application of the distribution effects assessment 

methods incorporate this constant. However, concentrations 

of chemical stressors in natural aquatic ecosystems 

continually undergo fluctuations. This disparity introduces 

error into attempts to calculate ambient ESCs derived from 

laboratory toxicity testing data. 

To compensate for this uncertainty, this second risk 

estimation accounts for temporal fluctuations in ambient 
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stressor exposures in the water column (Morton et al., 

draft). The model-estimated pesticide concentrations 

(Acevedo et al., 1997) provide the risk assessor with a 

temporal distribution of pesticide concentrations during 

each exposure event (i.e., the agricultural runoff 

episodes). 

The risk characterization employed an integration 

method to account for the magnitude and duration of 

pesticide exposure (Piguxe 1, Step 4). The magnitude and 

duration of simulated pesticide exposure concentrations are 

integrated as a function of various toxic threshold values 

(effects point estimates and probabilistic stressor-response 

ESCs). The product of the calculations are termed toxic 

exposure equivalents (TEEs). The TEEs were determined for 

each pesticide measured during the five agricultural runoff 

episodes (Table 8). 

A TEE of one is defined as exposure to the stressor ESC 

(or other toxic effects threshold value; e.g., LC50) for the 

duration not to be exceeded as defined in the distribution 

effects assessment method used to calculate the ESC. 

Exposure to the acute ESC (which is defined as the final 

acute value, FAV), should not exceed one hour (Stephen et 

al., 1985). Exposure to the FAV ESC for two hours or 

exposure to two times the FAV ESC for one hour is equivalent 

to two TEEs. 
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Chronic ESCs were also used to calculate chronic TEEs 

for each pesticide. Toxic exposure equivalents developed 

from chronic ESCs {e.g., Final Chronic Value [FCV]) estimate 

the percentage of species adversely affected from chronic 

exposure to that contaminant. Chronic TEE values are 

dependent upon the chronic ESC used as the benchmark and the 

allowable duration of exposure defined by the distribution 

effects assessment method used to calculate the chronic ESC. 

The allowable duration for a chronic ESC in the Stephan et 

al. (1985) method (four-day average concentration) was 

applied to all three effects assessment methods. 

In this study, chronic TEEs are equivalent to chronic 

HFs because the allowable duration of exposure to the 

chronic ESC equals the bioassay tested exposure duration 

time (96-h)(i.e., the duration of the Scott et al. bioassay 

deployments). Therefore, when adjusting the total exposure 

for the allowable duration time in TEE calculation, the 

chronic TEE becomes a function of the average exposure 

concentration over the estimated safe concentration (ESC). 

If the deployment bioassays had been left in situ for 

greater durations or the allowable duration for a chronic 

ESC were less, chronic TEEs would not equal hazard factors. 

In any event, chronic TEEs do not account for bioconcen-

tration, biomagnification through the food chain, 

mutagenicity, teratogenicity or carcinogenicity and should 

be used with caution. 
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Calculation of ESC-specific TEEs is described in Morton 

et al., draft). The shorter the duration between intervals, 

the more accurate the pesticide estimations exceeding that 

pesticide ESC. Basically, ESC-specific TEE is calculated as 

the integration of the modeled pesticide exceeding the acute 

or chronic ESC of concern divided by that ESC and 

normalizing for duration of allowable exposure to the ESC of 

concern. Cumulative TEEs were determined where azinphos-

methyl and fenvalerate were present simultaneously since 

data suggest that the modes of action are similar for these 

pesticides (Table 9). Simulated pesticide concentrations 

predicted by the fate and transport model which were below 

the ESC which is utilized in the TEE calculation were not 

included in the TEE analyses. 

Table 9. Cumulative TEEs by referenced ESCs. 

Measurement Bioassay 

Effects Assessment Method or for TEE Deployment Percent Mortality in Field Bioassay 

Threshold Value Calculation Modeled TEEs Mysid P. pugio Penaeus sp Mummichog 

Final Acute Value Acute ESC 196b group 3 25 . 6 44 73 65 65 

Aldenberg and Slob, (p = 0.05} Acute ESC 198b gro .p i 36 . 3 44 7 3 65 65 

Wagner and Lokke, (p - 0. 05) Acute ESC 198b qioup 3 52 .2 44 7 3 65 65 

Final Chronic Value Chronic EM~ 198b group i 2. 44 3 65 65 

Aldenberg and Slob, (p = 0 . Ob ) Chronic E'X 198^ group i 4 . i 44 7 3 65 65 

Wagner and Lokke, (p •= u. 05 ) Chtonic ESC 19bh qioup i 4 . 2 44 7 3 65 65 

Mysidopsis bah is 9t>h LC5 0 1 9 8ti g L oup 0. 2 44 

Palaemonetes puqio 96h LC5 0 198u qroup 5 0. 4 73 

Final Acute Value Acute ESC 198 6 group 4 b2 .2 50 7 0 100 100 

Aldenberg and Slob, £p = 0.05) Acute ESC 198b group 4 88 .4 50 70 100 100 

Wagner and Lokke, {p = 0. 05) Acute ESC 1986 group 4 78 .0 50 70 100 100 

Final Chronic Value Chronic ESC 1986 group 4 6. 0 50 70 100 100 

Aldenberg and Slob, (p - O
 

o
 

Chronic ESC 1986 group 4 11 .5 50 70 100 100 

Wagner and Lokke, (p =» 0. 05} Chronic ESC 198b group 4 10 .9 50 70 100 100 

Mysidopsis bahia 96h LC50 1986 group 4 0. 6 50 

Palaemonetes pugio 96h LC50 1986 group 4 1. 1 70 
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Simulated pesticide concentrations below an acute ESC of 

concern were assumed to be below the threshold value for 

acute adverse effects to the estuarine community and, 

therefore, are not expected to adversely affect the exposed 

community. 

In the final risk estimation, relevant stressor 

exposure concentrations (HFs or TEEs converted to a 

representative exposure concentration) are applied to the 

appropriate statistical distribution model derived from 

Aldenberg and Slob extrapolation method to predict the 

percent of the ecosystem's species at risk (Figure 1, Step 

5). For either of the two distribution model extrapolation 

methods used to calculate saltwater ESCs (Aldenberg and 

Slob, 1991; Wagner and Lokke, 1991), the percentage of 

estuarine species at potential risk to adverse effects from 

pesticide exposure is dependent upon the distribution of 

pesticide-specific single-species acute toxicity test 

results introduced into the distribution method. The 

distribution model, predicted by the pesticide toxicity data 

set (i.e., Tables 1-4), may also be used inversely to 

estimate the risk associated with a certain stressor 

exposure concentration. 

Hazard factors (HFs) and toxic exposure equivalents 

(TEEs) were converted into stressor concentrations, since 

both are a function of an estimated safe concentration 

(ESC), the HFs simply being a ratio. The ambient or model-
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estimated stressor concentrations used to calculate HFs were 

applied to the Aldenberg and Slob distribution models for 

azinphos-methyl and fenvalerate. The percent species 

predicted at risk to cumulative maximum and average model-

estimated pesticide concentrations is listed in Tables 10 

and 11, respectively. The percent species predicted at risk 

to cumulative ambient pesticide concentrations is listed in 

Table 12. 

The TEEs are reconverted into cumulative pesticide 

exposure concentrations, by dividing a TEE by the 

corresponding ESC used to develop' the TEE, to provide the 

integrated pesticide level for the exposure event. The 

cumulative pesticide exposure concentrations were applied to 

the appropriate statistical distribution model to predict 

the percent species at risk of adverse effects to the TEE 

value. Tables 13 and 14 compare the predicted ecosystem's 

species at risk to azinphos-methyl acute and chronic TEEs, 

respectively, with the results of the coinciding bioassay 

deployment. Tables 15 and 16 compare the predicted 

ecosystem's species at risk to fenvalerate acute and chronic 

TEEs, respectively, with the results of the coinciding 

bioassay deployment. Table 17 compares the predicted 

cumulative ecosystem's species at risk to acute azinphos-

methyl and fenvalerate TEEs with the results of the 

coinciding bioassay deployment. Table 18 compares the 
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Table 10. Percent species at risk to cumulative modeled m a x i m u m 

concentrations 

Azinphos-

methyl Fenvalerate Cumulative 

% Species % Species % 3pecies % Mortality 

at Risk at Risk at Risk Mysid p. pugxo Panaaus sp Mummichog 

Model Episode/ 

Bioassay Group 

1986 / Group 1 13 .4 0 . 0 13. . 4 100 30 100 0 

1986 / Group 2 1 1 . 0 0 . 0 11. ,0 4 2 0 0 0 

1986 / Group 3 1 9 . 2 1 0 . 3 29. .5 44 73 65 65 

1986 / Group 4 1 9 . 2 1 0 . 3 29, ,5 50 70 100 100 

1988 / Group 4 1 . 5 1 4 . 5 16. ,0 4 4 0 17 3 . 3 

1989 / Group 3 2 . 2 1 6 . 7 18. . 9 100 72 48 0 

1989 / Group 4 1 . 8 1 2 . 0 13. .8 100 37 13 0 

Table 11. Percent species at risk to cumulative modeled average 

concentrations 

Azinphos-
methyl Fenvalerate Cumulative 

Bioassay Group at Risk at Risk at Risk Mysid P. pugpio Penaeus sp Mummichog 

1986 / Group 1 9 . 5 0 . 0 9 . 5 100 30 100 0 

1986 / Group 2 5 . 8 0 . 0 5 . 8 42 0 0 0 

1986 / Group 3 5 . 9 9 . 5 1 5 . 4 4 4 73 65 65 

1986 / Group 4 1 0 . 5 1 6 . 1 2 6 . 6 50 70 100 100 

1988 / Group 4 0 . 2 15 .4 1 5 . 6 4 4 0 17 3 . 3 

1989 / Group 3 0 . 5 2 1 . 5 2 2 . 0 100 72 48 0 

1989 / Group 4 0 . 6 2 4 . 5 2 5 . 1 100 37 13 0 

Table 12. Percent species at risk to cumulative m a x i m u m ambient 

concentrations 

Azinphos-
methyl Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species % Mortality 

Bioassay Group at Risk at Risk at Risk Mysid P. pug±o Penaeudr sp Mummichog 

1986 / Group 1 9 . 0 u.O 9 . 0 100 30 100 0 

1986 / Group 2 9 . 0 0. 0 9 . 0 42 0 0 0 

1986 / Group 3 1 4 . 8 9 .4 24 . 2 4 4 73 65 65 

1986 / Group 4 14 . 8 9 .4 24 . 2 50 70 100 100 
1988 / Group 4 1 . 6 1 4 . ^ 1 5 . 8 44 0 17 3 . 3 

1989 / Group 3 1 . 9 1 6 . 8 1 8 . 7 100 72 48 0 
1989 / Group 4 0 . 0 7 . 4 7 . 4 100 37 13 0 
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Table 17. Percent species at risk to cumulative Aldenberg and Slob acute 
TEEs vs field bioassay mortality 

Azinphos-

methyl Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species Percent Mortality in Field Bioassay 

Bioassay Group at Risk at Risk at Risk Mysid p. pucrio Penaeu5 so Mummichocr 

1 9 8 6 / Group 1 36 . 9 0 . 0 36, , 9 100 30 100 0 
1 9 8 6 / Group 2 2 7 . 0 0 . 0 27, .0 42 0 0 0 
1 9 8 6 / Group 3 2 8 . 9 15 . 1 44. .0 44 73 65 65 
1 9 8 6 / Group 4 41 . 1 23 . 6 64 . , 7 50 70 100 100 
1 9 8 8 / Group 4 0 . 0 26 . 6 26 . , 6 44 0 17 3 . 3 
1 9 8 9 / Group 3 0 . 0 36 . 3 36 . 3 100 72 48 0 
1 9 8 9 / Group 4 0 . 0 36. .8 36 . .8 100 37 13 0 

Table 18. Percent species at risk to cumulative Aldenberg and Slob 
chronic TEEs vs field bioassay mortality 

Azinphos-
methyl 

Model Episode/ % Species 

Bioassay Group at Risk 

Fenvalerate Cumulative 

% Species % Species Percent Mortality in Field Bioassay 

at Risk 

1 9 8 6 / Group 1 9. ,2 0 . 0 9 . 2 100 30 100 0 
1 9 8 6 / Group 2 6 . 0 0 . 0 6 . 0 42 0 0 0 
1 9 8 6 / Group 3 5 . 6 9 . 3 14 . 9 44 73 65 65 
1 9 8 6 / Group 4 10 .4 15 . 9 26 . 3 50 70 100 100 
1 9 8 8 / Group 4 0 . 0 1 5 . 6 15 . 6 44 0 17 3 . 3 
1 9 8 9 / Group 3 0 . 0 2 1 . 5 21 . 5 100 72 48 0 
1 9 8 9 / G r o u p 4 0 . 0 24 .2 24 .2 100 37 13 0 

predicted cumulative ecosystem's species at risk to chronic 

azinphos-methyl and fenvalerate TEEs with the results of the 

coinciding bioassay deployment. 

Discussion 

Comparison of ambient pesticide data with laboratory 

toxicity testing data, analysis of modeled pesticide 

concentrations (Tables 6,7), and results of the risk 

characterization (Tables 13 vs 15; 14 vs 16} indicate that 

ambient azinphos-methyl concentrations dominated toxic 
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effects during the four 1986 bioassay deployments while 

ambient fenvalerate concentrations accounted the toxicity 

observed in the 1989 bioassay deployments. Scott et al. 

(1990, 1993) reported the same findings. 

Generally, there was a positive relationship between 

observed effects among bioassay deployments and predicted 

risk estimates (e.g., HFs, TEEs, percent species at risk) 

derived from the integration of effects assessment profiles 

(i.e., ESCs) and exposure assessment profiles (i.e., model-

estimated pesticide concentrations). Only during the 1986 

group 3 and 4 deployments were simulated azinphos-methyl and 

fenvalerate predicted at concentrations elevated enough for 

calculation of cumulative risk estimates. 

However, all measures of predicting effects for the 

1988 bioassay deployment overestimated actual observed 

mortality to in situ test organisms. Based on the relation-

ships between ambient and model-estimated fenvalerate 

concentrations and the predicted risk estimates (ESCs, HFs 

and TEEs) observed among other group deployments, the 1988 

group 4 risk estimates over-predicted mortality results 

observed in the bioassays (Tables 7,8). This may be due, in 

part, to increased bioavailability of fenvalerate under 

controlled laboratory test conditions (from which ESCs are 

derived) versus field conditions. Under field conditions, 

fenvalerate's high log K„v (6.2) would promote binding to 

organic matter. The TOC content of the agricultural runoff 



IV-4 3 

associated with this rain event may have been high, thereby 

reducing fenvalerate bioavailability. Scott et al. (1990) 

provided no data on the organic content of Leadenwah Creek 

during this runoff event. This could explain the 

calculation of high risk estimates (HFs and TEEs) in 1988 

without the predicted mortality among bioassay organisms. 

This example highlights the differences between laboratory 

and field conditions as well as an area of uncertainty in 

risk predictions founded on laboratory toxicity test data. 

Hazard Factors 

Fluctuations in model-estimated pesticide 

concentrations is indicated by higher acute hazard factors 

(HFas)(azinphos-methyl, fenvalerate and cumulative) than 

chronic hazard factors (HFcs) . The HFas are calculated 

using the episode's maximum while the HFcs are calculated 

using the overall average concentration of the pesticide 

during a given deployment episode. Fluctuations in modeled 

pestj cide estimates are indicative of the episodic exposures 

which occur from agricultural and urban rainfall runoff, 

particularly in a tidally influenced system, like Leadenwah 

Creek. 

The azinphos-methyl and fenvalerate model-estimated 

acute hazard factors (HF„s) were generally higher than 

ambient HFs. This is explained by the capability of the 

Acevedo et al. (1997) model to apply fate and transport 
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variables to stream runoff conditions and thereby predict 

when maximum exposure concentrations occurred during runoff 

events which exceed a measured value. The higher model-

estimated HFas appear to relate more closely with observed 

bioassay mortality across deployment groups than ambient 

HFas (Table 6) . 

Toxic Exposure Equivalents (TEEs) 

In this study, chronic TEEs are equivalent to 

chronic hazard factors. This occurred because the allowable 

duration of exposure to the chronic ESC equals the bioassay 

deployment exposure duration (96-h) of the Scott et al. 

(1990, 1993) studies. Therefore, when adjusting the total 

exposure for the allowable duration time in TEE calculation, 

the chronic TEE becomes a function of the average exposure 

concentration over the chronic estimated safe concentration 

(ESC) (i.e., the same ratio used to calculate hazard 

factors). If the deployment bioassays had been left in situ 

for greater durations or the allowable duration for a 

chronic ESC were different, chronic TEEs would not equal 

hazard factors. 

TEEs calculated using a threshold value (e.g., the 

P. pugio 96-h LC50 or the mysid 96-h LC50) instead of an ESC 

generally compared poorly with corresponding field bioassay 

mortality. The mysid 96-h LC50 TEEs are much lower values 

ranging from 0 to 0.9 (Table 8). This is because the 
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duration concentration of concern is 96-h instead of one 

hour which is used as the duration of concern for the 

saltwater ESCs. Fifty percent mortality to field bioassay 

mysids deployed for four days would be expected when the 

mysid 96-h LC50 TEE equals one. During 1986 group 1 and 1989 

groups 3 and 4, mysids exhibited 100% mortality, and the 

mysid 96-h LC50 TEE never reached a value of one (Table 8). 

Toxic exposure equivalents (TEEs) calculated using the 

acute ESCs provided values that are approximately an order 

of magnitude greater than those developed using chronic ESCs 

(Table 9). Although the acute TEE values appear high, the 

values alone cannot be quantitatively evaluated. One can 

only say that the higher the value, the greater the 

predicted hazard. Survival of invertebrate species and the 

mummichog was observed in group deployments where TEEs 

(individual pesticide and cumulative) approached a value of 

100. While these TEE values appear excessive, no scale 

exits with which to reference an expected effect. In other 

words, if one were to attempt an to evaluate an ecosystem 

solely on TEE values, it would be impossible to discern the 

increased magnitude of ecosystem effect that 100 TEEs would 

have over 50 TEEs, other than to qualitatively state that a 

greater percentage of the ecosystem's species would be at 

risk to adverse effects. 

However, TEEs were converted to a cumulative exposure 

concentration since each TEE is a function of a respective 
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estimated safe concentration (ESC). Model-estimated 

cumulative exposure concentrations were applied to the 

appropriate distribution model of the Aldenberg and Slob 

(1991) extrapolation method (other extrapolation methods can 

be used). Plotting the cumulative exposure concentration 

from a TEE (acute or chronic) to the appropriate acute or 

chronic distribution curve (model) will provide the risk 

manager with a fixed percentage of the ecosystem's species 

at potential risk to adverse effects. 

Percent Species at Risk 

When compared to the observed bioassay deployments 

results, the percentages of ecosystem's species at risk 

predicted by exposure to cumulative (azinphos-methyl and 

fenvalerate) ambient, simulated maximum and simulated 

average concentrations appear to underestimate adverse 

effects (Table 10-12). This is notably true for those 

deployments where substantial mortality occurred (e.g., 1986 

groups 3 and 4). One could likely argue that mortality to 

all four bioassay species suggests a risk to greater than 

30% of the ecosystem's species (the greatest risk predicted 

by ambient, modeled maximum or average exposure 

concentrations). Use of the maximum model-estimated 

concentrations provided a somewhat better estimate of 

species at risk than assessment of the Scott et al. (1990, 

1993) ambient concentrations (Tables 10 vs 12). 
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The cumulative acute TEEs were better predictors of the 

percentage of the ecosystem's species at risk than 

cumulative chronic TEEs (Tables 17 vs 18), using the results 

of the bioassay deployments as a benchmark (Figure 2). The 

cumulative acute TEEs predicted 44% and 65% of the 

ecosystem's species to be at risk during the 1986 group 3 

and 4, respectively, during which bioassay deployments 

exhibited significant mortality to all four test species, 

including the mummichog ;a relatively hardy teleost) (Table 

17). The cumulative chronic TEEs only predicted 15% and 26% 

of the ecosystem's species to be at risk during the 1986 

group 3 and 4 deployments (Table 18). Where substantial 

mortality was observed among other bioassay deployments, 

predictions of species at risk compared respectably. 

However, where minimal mortality was observed among bioassay 

deployments, the cumulative acute TEEs appear to over-

predict the percentage of the ecosystem's species at risk. 

When compared to the observed bioassay deployments 

results, the cumulative acute TEEs also appear to be better 

predictors of the ecosystem's species at risk than the 

cumulative ambient or modeled maximum concentration (Figures 

3 and 4, respectively). The cumulative acute TEEs predicted 

44% and 65% of the ecosystem's species to be at risk during 

the 1986 group 3 and 4, respectively (Table 17), whereas 

cumulative simulated maximum concentration predicted only 

29.5% of the ecosystem's species to be at risk (Table 10). 
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Cumulative ambient concentrations predicted an even fewer 

percentage (24.2%) of the ecosystem's species to be at risk 

(Table 12). However, both bioassay deployments exhibited 

substantial mortality to all four test species, including 

the vertebrate, F. heteroclitus. 

A quick review of Tables 1-4 indicates that the 

distribution of sensitivities among the species exposed to 

the two pesticides suggest that the invertebrate species are 

generally among the more susceptible species. The 

mummichog, while not identified as the least sensitive 

species for either pesticide, falls out near the upper end 

of the sensitivity distribution (more resistant to exposure) 

of available toxicity test data. Comparison of the 

mortality observed among the 1986 group 4 bioassay tests 

with the placement of the field bioassay test species within 

the distribution of laboratory test endpoints supports the 

percent species predicted to be at risk using the cumulative 

acute TEEs (65%). 

The allowable duration of exposure to the acute ESCs 

used in this investigation is the one hour average 

concentration. This definition of allowable duration of 

exposure to a safe level is recommended by Stephan et al. 

(1985) effects assessment method. Given the respectable 

predictions of percent species at risk from cumulative acute 

TEEs (which factor in this allowable duration in TEE 

calculation), this risk assessment method finds the one hour 
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average concentration to be an appropriate measure of 

allowable exposure duration to the acute safe concentration. 

Conclusions 

The pesticide acute toxic exposure equivalents provided 

a better assessment of the impacted Leadenwah estuarine 

community than the ambient pesticide concentrations. In 

addition, applying the cumulative exposure concentrations 

developed from acute TEEs (developed from the modeled 

pesticide profiles) to the appropriate distribution model 

provided a better estimate of the percentage of the 

Leadenwah Creek's species at risk than the predictions 

developed by simply applying the maximum model-estimated 

concentrations. 

The acute TEEs developed in this risk assessment are a 

measure of the magnitude and duration of pesticide exposure 

predicted from the fate and transport modeling of Acevedo et 

al. (1997). The calculation of TEEs provides a procedure to 

evaluate temporal episodic exposure. Thus, this ecological 

risk assessment has demonstrated that development of 

stressor (pesticide) exposure profiles through the use of 

fate and transport modeling can be used as an effective tool 

in aquatic ecological risk assessment. Moreover, the method 

presented here of integrating (AUC procedure) pesticide 

exposure profiles in concert with the application of the 

distribution model techniques provided reasonable 
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probabilistic estimates of risk to Leadenwah Creek from 

short-term episodic exposure to chemical stressors. 

Current evaluation of a predicted safe level for an 

ecosystem (e.g., AWQC) is generally dependent on whether the 

prescribed safe concentration is exceeded on not. 

Determination based solely on exceedance of the standard 

limits the risk manager's; 1) flexibility in decision making 

and 2) information regarding the potential threat to an 

ecosystem when a criteria value is exceeded. However, this 

risk assessment methodology provides the risk manager with 

the tools to overcome these limitations. The application of 

cumulative exposure concentrations (from the integration of 

ESC exceedance [TEEs]) to distribution models, allows the 

risk manager to estimate the probability of risk to the 

aquatic ecosystem while allowing flexibility in the 

selection of a safe concentration level (i.e., p = 0.05). 

We consider this methodology to hold promise in 

predicting risk in situations where episodic acute chemical 

perturbations are assessed, such as the aquatic effects 

assessments performed by the EPA Office of Pesticide 

Programs (OPP) under FIFRA regulations. This risk 

assessment method has been validated in one estuarine 

ecosystem with limited ambient and bioassay data from the 

Scott et al. (1990, 1993) studies. We encourage additional 

validation of the Morton et al. (draft) method. 
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CHAPTER 5 

DISCUSSION AND CONCLUSIONS 

Review 

This study explored various applications of 

probabilistic risk assessment methods to an aquatic 

ecosystem adversely impacted by pesticide exposure from 

agricultural pesticide runoff. The methods are intended to 

provide a risk manager with a probabilistic measure of the 

potential adverse effects of chemical stressor exposure to 

the water column community of an aquatic ecosystem. The 

study evaluated the use of probabilistic aquatic risk 

assessment methods in conjunction with exposure probability 

determined from fate and transport modeling of pesticide 

runoff and attempted to validate these procedures through 

their application to an actual multi-year agricultural 

pesticide runoff study conducted in South Carolina by Scott 

et al. (1990, 1993). 

This chapter details the results of the risk assessment 

conducted for selected pesticide-contaminated runoff 

episodes in Leadenwah Creek, South Carolina, which occurred 

from 1986 to 1989. In addition, uncertainties and 

limitations associated with the use of this ecological risk 

assessment methodology are discussed. 
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This investigation explored various applications of 

probabilistic ecological risk assessment methods conducted 

on an estuarine ecosystem adversely impacted by pesticide 

exposure from agricultural pesticide runoff. Chapter 3 

described in detail the entire ecological risk assessment 

methodology employed in this study. The fundamental 

ecotoxicological risk assessment paradigm described in 

Framework for Ecological Risk Assessment (USEPA, 1992) 

involves four steps: 1) problem formulation; 2) effects 

assessment (or characterization of ecological effects); 

3) exposure assessment (or characterization of exposure) 

followed by 4) risk characterization (or characterization of 

ecological effects). 

In problem formulation, the first step in the process, 

objectives for the ecological risk assessment are defined 

and an evaluation of exposure and effects of the ecosystem 

of interest is conducted. The ecosystem analyzed in this 

ecological risk assessment was the water column community of 

Leadenwah Creek, South Carolina where Scott et al. (1990, 

1993) conducted comprehensive estuarine investigations 

between 1985 and 1989. Incorporating the ambient pesticide 

measurements and the bioassay results of the Scott et al. 

(1990, 1993) studies, this ecological risk assessment 

integrated a probabilistic exposure characterization method 

developed from simulation modeling (using available measured 

pesticide concentration) with probabilistic effects 
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assessment endpoints developed from published effects 

assessment methods. 

The second step in an ecological risk assessment is the 

characterization of ecological effects or ecological effects 

assessment. Ecological effects assessment describes the 

effects that are elicited by a stressor(s). In this study, 

the stressors were the pesticides measured in the 

agricultural runoff to Leadenwah Creek, azinphos-methyl and 

fenvalerate. Ecological effects assessment evaluates 

effects data to further specify the effects that are 

elicited by the stressor(s). This study examined three 

probabilistic effects assessment methods for quantification 

of predicted acute and chronic safe concentrations for 

organisms within the water column community. Safe 

concentrations were defined as those which predicted 95% of 

the ecosystem's species would be protected. The three 

methods employed were: 1) the ambient water quality criteria 

guidelines as described by Stephan et al. (1985); 2) the 

distribution model method of Aldenberg and Slob (1991) and; 

3) the distribution model method of Wagner and Lokke (1991). 

A detailed discussion of these methods is provided in 

chapters 1 and 3. 

The third step in an ecological risk assessment is the 

characterization of exposure or exposure assessment in which 

an estimation of exposure to the community biota resulting 

from the release, fate and transport of a stressor (i.e., 
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pesticide) is calculated. This investigation employed 

model-estimated pesticide exposure concentrations developed 

from simulation fate and transport modeling conducted by 

Acevedo et al. (1997). Using limited ambient pesticide 

measurements, Acevedo et al. (1997) predicted temporal 

pesticide concentrations for discrete runoff scenarios in 

Leadenwah Creek. The predicted temporal pesticide 

concentrations were used to develop pesticide exposure 

profiles that coincided with the deployment times of field 

bioassay toxicity tests conducted by Scott et al. (1990, 

1993). Field bioassay tests were deployed from 1986 through 

1989. During each year, multiple field bioassays were 

deployed. Each deployment during a calender year is 

identified as a "group" field bioassay deployment. See 

chapters 1 and 3 for additional information regarding 

exposure characterization. 

The risk characterization is performed in the final 

step of the ecological risk assessment. The goal of this 

risk characterization is to integrate the results of the 

exposure (simulated pesticide concentrations) and effects 

assessments (estimated safe concentrations) to estimate risk 

of pesticide-contaminated runoff to the Leadenwah Creek 

water column community. Risk estimation determines the 

likelihood or probability of adverse effects to the affected 

community by integrating the exposure and stressor-response 

profiles developed in the exposure and effects assessments, 
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respectively. The risk characterization consisted of 

integrating the probabilistic stressor-response profiles 

(developed from the effects assessment methods) with the 

exposure distribution profiles (developed from the fate and 

transport modeling) to estimate predicted adverse effects. 

Acute and chronic probabilistic stressor-response profiles 

were developed, thereby permitting the generation of acute 

and chronic risk estimates. 

Validation of the effects assessment methods and the 

risk characterization methods was performed by comparing the 

risk estimates to the results of the field bioassay toxicity 

tests conducted by Scott et al. (1990, 1993). The validity 

of the aquatic effects assessment methods, which predict 

estimated safe concentrations (ESCs) for azinphos-methyl and 

fenvalerate, are evaluated by comparing the ESCs with 

ambient concentrations from the Scott et al. (1990, 1993) 

studies and simulated pesticide concentrations from the 

Acevedo et al. (1997) study, where actual in situ bioassay 

toxicity test results are available. Increased mortality in 

the bioassay tests would be expected to coincide with 

ambient and simulated pesticide concentrations that exceeded 

the respective ESCs. 

In addition, another method of risk estimation was 

performed by calculating pesticide exposures incorporating 

the magnitude, duration and temporal distribution of 

pesticide exposure from agricultural runoff during defined 
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runoff episodes. The product of these risk estimations are 

called toxic exposure equivalents (TEEs). The validity of 

this risk characterization method can be evaluated by 

comparing calculated risk estimates to known in situ 

responses associated with measured and simulated pesticide 

concentrations (stressors) associated with specific runoff 

episodes. These field validations are essential to 

evaluating the applicability of the effects assessment 

methods and the risk characterization methods employed in 

this investigation. 

In the final step of risk characterization, risk 

estimates are developed as the percent of species at risk to 

the pesticide exposure calculated as the hazard factor (HF) 

or the toxic exposure equivalent (TEE) determined for a 

particular runoff event. The HFs and TEEs are converted to 

pesticide concentrations, since they are a function of an 

estimated safe concentration (ESC) for a given pesticide. 

The ambient or model-estimated pesticide concentrations used 

to calculate HFs and cumulative exposure concentrations 

derived as a function of TEEs were extrapolated to the 

appropriate stressor statistical distribution model. 

Applying these exposure concentrations to the appropriate 

distribution model provides the risk assessor with the 

predicted percent species in the estuarine ecosystem at risk 

of adverse effects. 
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Results 

Single Species Toxicity Testing Analyses 

Of the single species toxicity tests examined, the most 

acutely sensitive estuarine species to azinphos-methyl is 

the mysid, Mysidopsis bahia. A 96-h LC50 of 0.29 jUg/L was 

determined for the mysid (Morton et al.f 1997) (Appendix A). 

Scott et al. (1990) reported a 96-h LC50 of 1.0 fig azinphos-

methyl/L for the grass shrimp (Palaemonetes pugio) (Appendix 

A). The most acutely sensitive marine vertebrate specie 

were, the striped mullet, Mugil cephalus with a 96-h LC50 of 

3.2 M<?/L (Mayer 1987) and the sheepshead minnow (Cyprinodon 

variegatus) with a 96-h LC50 of 2.0 jug/L (Morton et al., 

1997). The 96-h LC50s for the mummichog, Fundulus 

heteroclitus range from 5.0 to 46 fxg/L (Fulton and Scott 

1991). Chronic azinphos-methyl toxicity values for 

estuarine organisms range from a 26-d MATC of 0.024 jug/L for 

the mysid (Morton et al., 1997) to a 10-d MATC of 353 jug/L 

for the American oyster (Crassostrea virginica) (Davis and 

Hidu 1969). A 26-d MATC of 0.24 jug/L was determined for 

C. variegatus (Appendix B)(Morton et al., 1997). 

Estuarine organisms have been shown to be more 

sensitive to acute fenvalerate exposures than freshwater 

organisms. The most acutely sensitive marine organism 

tested is the grass shrimp (P. pugio) with a 96-h LC50 of 

0.003 jug/L (McKenney and Hamaker 1984) . The P. pugio is an 

order of magnitude more sensitive to fenvalerate than the 
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most acutely sensitive freshwater species tested (the scud, 

Gammarus pseudolimnaeus, with a 96-h LC50 of 0.032 /xg/L) 

(Mayer and Ellersieck 1986). Other acutely sensitive marine 

invertebrates with reported 96-h LC50s include AT. bahia at 

0.008 /xg/L (Schimmel, et al. 1983), the shrimp, Crangon 

septemspinosa at 0.04 jug/L and the lobster, Homarus 

americanus at 0.14 nq/L (McLeese et al. 1980), and the pink 

shrimp, Penaeus duorarum at 0.84 /xg/L (Schimmel et al. 1983) 

(Appendix A). 

In laboratory toxicity tests with fenvalerate, the most 

acutely sensitive marine vertebrate species tested was the 

California grunion (Leuresthes tenuis) with a 96-h LC50 of 

0.3 /xg/L (Clark et al. 1985). Additional acutely sensitive 

saltwater vertebrate species with reported 96-h LC50 values 

include the Atlantic silverside (Menidia menidia) at 0.31 

/xg/L (Schimmel, et al. 1983), the striped mullet (AT. 

cephalus) at 0.6 /xg/L (Schimmel, et al. 1983), the tidewater 

silverside (Menidia peninsulae) at 1.0 /xg/L (Clark et al. 

1985), the inland silverside (Menidia beryllina) at 1.0 /xg/L 

(Clark et al. 1985), the Gulf toadfish (Opsanus beta) at 2.4 

/xg/L (Clark et al. 1985) and the sheepshead minnow (C. 

variegatus) at 5.0 /xg/L (Schimmel et al. 1983) (Appendix A). 

Scott et al. (1990) reported 96-h LC50 values for the 

mummichog (Fundulus heteroclitus) ranging from 1.8 to 2.9-/xg 

fenvalerate/L at 20-ppt salinity. 
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McKenney and Hamaker (1984) determined that exposure to 

0.0001 and 0.0002 Atg/L can alter the metabolic-salinity 

patterns of P. pugio, limiting the ecological hardiness of 

the organism during a critical life stage by reducing the 

organism's ability to adapt to fluctuating salinity 

conditions common to estuarine waters. The authors 

determined that exposure to 0.0032 jug/L fenvalerate for 4 

days produced significant mortality among P. pugio. 

Continual exposure to fenvalerate concentrations greater 

than 0.0008 ng/L significantly prolonged development of 

larval grass shrimp through metamorphosis. Larval exposure 

to 0.0016 ng/L fenvalerate delayed the completion of 

metamorphosis by 1.7 days and exposure to 0.0032 tig/h 

delayed completion of larval development by 2.4 days. 

In other chronic data, early life-stage (ELS) tests for 

five marine vertebrate species produced MATCs ranging from 

0.08 ng/L for the California grunion (L. tenuis) to 0.38 

jig/L for the Gulf toadfish (O. beta) (Hansen et al. 1983; 

Hansen et al. 1985) (Appendix B). 

Scott et al. (1990) conducted 6 hour pulsed dose, 

static renewal laboratory toxicity tests with azinphos-

methyl and fenvalerate. Test organisms were exposed to a 

pesticide for a six hour period and then transferred to 

uncontaminated, unfiltered seawater for 90 hours. Tests 

were conducted with adult P. pugio and F. heteroclitus. The 

author reported a 6-h pulsed dose LC50 and the maximum 
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tolerated 6-h pulsed dose (6-h MTPD). The 6-h MTPD is 

defined as the highest test concentration in which no 

mortality occurred (personal communication, Dr. Geoffrey 

Scott). The P. pugio 6-h MTPD for azinphos-methyl was 1.2 

/ug/L. The P. pugio 6-h MTPD for fenvalerate was 0.025 ng/L. 

The F. heteroclitus 6-h MTPD for fenvalerate was 6.25 ng/L. 

The toxicity of pesticide mixtures has been studied by 

numerous authors (Fulton and Scott 1991; Mayer et al. 1972; 

Macek 1975) . Results indicate that toxicity is generally 

additive and rarely greater than additive. Additive 

pesticide toxicity has been demonstrated in laboratory 

toxicity tests using endosulfan, fenvalerate and azinphos-

methyl (Fulton and Scott 1991). Hence, analyses of 

pesticide exposures evaluate additive pesticide exposure 

where appropriate. 

For all analyses, ambient pesticide concentrations 

refer to the treatment site (in Leadenwah Creek) of the 

Scott et al. (1990, 1993) studies conducted along the coast 

of South Carolina. Although endosulfan was measured in 

ambient water samples above background following rainfall 

events, simulated fate and transport modeling conducted by 

Acevedo et al., 1997 was only performed for azinphos-methyl 

and fenvalerate due to limitations of ambient endosulfan 

measurements from Scott et al. (1990, 1993). 
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Saltwater Estimated Safe Concentrations (ESCs) 

The comparisons between acute saltwater ESCs and actual 

ambient (Scott et al.; 1990, 1993) and maximum model-

estimated pesticide concentrations (Acevedo et al., 1997) 

are evaluated as acute exposure analyses. The relationship 

between chronic saltwater ESCs and average model-estimated 

pesticide concentrations reported in Acevedo et al. (1997) 

are evaluated as chronic exposure analyses. 

The log-logistic extrapolation method (Aldenberg and 

Slob, 1991) was used to calculate acute and chronic 

saltwater ESCs at the 95th (p = 0.05) percentile and the 99th 

(p = 0.01) percentile for both azinphos-methyl and 

fenvalerate (Tables E1,E21). In addition, the 95th 

percentile (p = 0.05) acute and chronic saltwater ESCs were 

determined by the log-normal distribution method (Wagner and 

Lokke, 1991) for both pesticides (Tables E1,E2). The 

saltwater Final Acute Value (FAV) and Final Chronic Value 

(FCV) were determined using the AWQC guidelines (Stephen et 

al., 1985) (Tables El, E2). Every condition specified in 

the Stephan et al. (1985) methodology was satisfied for 

determination of acute and chronic AWQC values for azinphos-

methyl and fenvalerate. 

The acute saltwater ESCs developed by applying 

laboratory single species 48-h and 96-h LC50s (Appendices A 

All Tables El to E52 are located in Appendix E 
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and B) to the extrapolation methods of Aldenberg and Slob 

(1991) and Wagner and Lokke (1991) are listed in Tables El 

and E2. Acute saltwater azinphos-xnethyl ESCs range from 

0.0054 jug/L for the Aldenberg and Slob (p = 0.01) 

extrapolation method to 0.138 yq/L for the saltwater Stephen 

et al. FAV method. Acute saltwater fenvalerate ESCs range 

from 0.00077 iitg/L for the Aldenberg and Slob (p = 0.01) 

extrapolation method to 0.0087 /xg/L for the saltwater 

Stephen et al. FAV method. The chronic saltwater ESCs 

(Table E2) were developed by applying laboratory chronic 

MATCs (when available) and NOECs to the aforementioned 

extrapolation methods. Chronic saltwater azinphos-methyl 

ESCs range from 0.0032 nq/L for the Aldenberg and Slob 

(p = 0.01) extrapolation method to 0.022 ixq/L for the 

saltwater Stephen et al. FAV method. Chronic saltwater 

fenvalerate ESCs range from 0.000023 /xg/L for the Aldenberg 

and Slob (p = 0.01) method to 0.0012 jtxg/L for the saltwater 

Stephen et al. FAV method (Table E2). 

Relationships Between Pesticide Concentrations, Toxicity 

Testing Endpoints and Bioassay Mortality 

The ratios of the ambient and model-estimated azinphos-

methyl concentration to the results of azinphos-methyl 96-h 

LC50 toxicity tests for the most sensitive marine vertebrate 

and invertebrate species are found in Table E3. The ratios 

of the ambient and model-estimated fenvalerate concentra-
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tions to the results of fenvalerate 96-h LC50s laboratory 

toxicity tests for the most sensitive marine vertebrate and 

invertebrate species are found in Table E4. Cumulative 

ambient and model-estimated ratios are listed in Table E5. 

The field bioassay toxicity tests were generally 

deployed for about 96-h which approximates the duration of 

the acute laboratory toxicity tests used in Tables. The 

average model-estimated pesticide concentrations reported 

for each field bioassay group are calculated as the mean 

pesticide concentration during the respective group's test 

deployment duration. Thus, if the ratio of the average 

simulated pesticide concentration during a given group 

deployment to the 96-h LC50 value for a sensitive species 

eguals one, approximately 50% in situ mortality would be 

expected for the species in question. No ratio for the most 

sensitive vertebrate species exceeded one for either 

pesticide for any field bioassay group deployed (Tables E3, 

E4). Even cumulative ratios, where both pesticides were 

measured during the same field bioassay deployment, did not 

exceed one (Table E5). However, significant mortality was 

observed among mummichogs (F. heteroclitus) during the 

deployment of groups 3 and 4 in 1986 (65% and 100%, 

respectively) (Tables E3-E5). In the case of the mummichog 

during the 1989 deployments, it appears that the azinphos-

methyl and fenvalerate exposure, based on the hazard 

quotient results, was insufficient to cause the observed 
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mummichog mortality. This example indicates that reliance 

on the application of the traditional hazard quotient 

(ambient concentration over a threshold value) approach does 

not necessarily provide a risk manager with accurate or 

effective information on ecosystem effects. 

The ratio of the cumulative ambient pesticide 

concentration over the most acutely sensitive marine (the 

mysid) invertebrate LC50 value during the 1986 group 1 

bioassay deployment was 0.80. Nevertheless, 100% mortality 

occurred among two species of invertebrates (mysids and 

Penaeus sp.). However, the ratio of the cumulative maximum 

model-estimated pesticide concentration over the most 

acutely sensitive marine invertebrate LC50 value during the 

1986 group l bioassay deployment was greater than 1 (1.69) 

indicating greater than 50% mortality would be predicted, as 

was observed. In this case, the fate and transport modeling 

(Acevedo et al., 1997) predicted a greater maximum exposure 

concentration and appears to provide a better estimate of 

observed effects. In addition, the ratio of the cumulative 

maximum model-estimated pesticide concentration over the 

most acutely sensitive marine invertebrate LC50 value during 

the 1986 group 2 bioassay deployment was 1.15. Use of the 

hazard quotient method using the modeling results would 

suggest approximately 50% mortality to be expected among 

mysids; 42% mortality occurred (Table E5). Again, the 

modeling predictions from Acevedo et al. (1997) provide more 
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accurate hazard quotient values than use of ambient grab 

sample pesticide measurements from Scott et al. (1990, 

1993). 

The highest ratios for ambient pesticide concentration 

and maximum model-estimated concentration over the most 

acutely sensitive marine invertebrates for cumulative 

pesticide exposure occurred during the 1988 group 4 bioassay 

deployment and the 1989 group 3 bioassay deployment (Table 

E5). Similar hazard quotient-like comparisons were 

significantly less during the 198 6 group 3 and 4 bioassay 

deployments although mortality among the deployed species 

was much greater than that observed during the 1988 group 4 

bioassay and 1989 group 3 bioassay deployments. These 

comparisons further illustrate that reliance on the basic 

hazard quotient approach present a risk manager with limited 

information on ecological risk. 

Hazard Factors (HFs) 

The maximum ambient pesticide concentration observed 

during agricultural runoffs associated with each field 

bioassay evaluated were grab samples taken at some point 

during the that group's deployment in Leadenwah Creek. The 

Scott et al. (1990, 1993) ambient measured pesticide 

concentrations are assumed to have been present for 

relatively short durations. As such, only acute hazard 

factors are calculated with ambient pesticide 
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concentrations. Ambient acute hazard factors (HFas) denote 

the ratios of maximum ambient measured pesticide exposure 

concentrations to the acute saltwater ESCs developed for a 

pesticide. 

Pesticide-specific acute and chronic model-estimated 

hazard factors (HFas and HFcs) developed from the average 

and maximum model-estimated pesticide concentrations were 

generated for pesticide exposure which occurred during each 

field bioassay deployment. Model-estimated acute hazard 

factors (HFas) denote the ratios of maximum model-estimated 

pesticide exposure concentrations to the acute saltwater 

ESCs developed for a pesticide. The chronic model-estimated 

hazard factor (HFC) is the ratio of an average model-

estimated pesticide concentration during the deployment of a 

given field bioassay to a chronic ESC for that pesticide. 

Since the duration of most field bioassay tests was four 

days, one HFC occurs when the average model-estimated 

concentration for a given pesticide for a field bioassay 

equals that pesticide's chronic ESC, for the allowable 

duration of the ESC, and represents a potential hazard to 5% 

of the estuarine species. 

For the purposes of calculating the maximum model-

estimated hazard factors, it is assumed that the maximum 

model—estimated concentration lasts for one hour during a 

field bioassay deployment. Where model-estimated exposure 

concentrations of azinphos-methyl and fenvalerate were 
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simulated for the same field bioassay, cumulative model-

estimated HFcs and HFas were generated as the sum of 

azinphos-methyl and fenvalerate HFcs and HFas, respectively, 

for each ESC. 

Since HFs developed using Wagner and Lokke (p = 0.05) 

saltwater ESCs closely approximate the HFs developed using 

Aldenberg and Slob (p = 0.05) saltwater ESCs (Table El, E2), 

only Aldenberg and Slob HFs are evaluated. Model-estimated 

and ambient HFas are generated for each of the seven field 

bioassay deployments in which simulated pesticide values 

were modeled by Acevedo ei al. (1997). Table E6 lists the 

azinphos-methyl ambient and model-estimated acute and 

chronic hazard factors. Table E7 lists the fenvalerate 

ambient and model-estimated acute and chronic hazard 

factors. 

For the FAV ESC (0.138 /ug/L) , ambient azinphos-methyl 

acute hazard factors (HFas) range from 0 to 4.25 (Table E6) . 

The model-estimated azinphos-methyl acute hazard factors 

(HFas) and chronic hazard factors (HFcs) developed from the 

FAV ESC range from 0.01 to 7.13 and 0.07 to 3.34, 

respectively (Table E6). At p = 0.05 for the Aldenberg and 

Slob ESC, ambient azinphos-methyl HFas range from 0 to 7.15 

(Table E6). At p = 0.05 for the Aldenberg and Slob ESC, 

model-estimated azinphos-methyl acute hazard factors (HFas) 

and chronic hazard factors (HFcs) range from 0.02 to 12.0 

and 0.02 to 2.83, respectively (Table E6). At p = 0.05 for 
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the Wagner and Lokke ESC, ambient azinphos-methyl acute 

hazard factors (HFas) range from 0 to 6.37 (Table E6) . For 

the Wagner and Lokke (p = 0.05) ESC, model-estimated 

azinphos-methyl acute hazard factors (HFas) and chronic 

hazard factors (HFcs) range from 0.02 to 10.7 and 0.02 to 

2.72, respectively (Table E6). 

For the FAV ESC, ambient fenvalerate acute hazard 

factors (HFas) range from 0 to 10.8 (Table E7) . The model-

estimated fenvalerate acute hazard factors (HFas) and 

chronic hazard factors (HFcs) developed from the FAV ESC 

range from 0 to 10.7 and 0 to 6.4, respectively (Table E7). 

For the Aldenberg and Slob (p = 0.05) ESC, ambient 

fenvalerate HFas range from 0 to 8.61 (Table E7) . For the 

Aldenberg and Slob (p = 0.05) ESC, model-estimated 

fenvalerate acute hazard factors (HFas) and chronic hazard 

factors (HFcs) range from 0 to 8.6 and 0 to 20.8, 

respectively (Table E7). At p = 0.05 for the Wagner and 

Lokke ESC, ambient fenvalerate acute hazard factors (HFas) 

range from 0 to 8.38 (Table E7). For the Wagner and Lokke 

(p = 0.05) ESC, model-estimated fenvalerate acute hazard 

factors (HFas) and chronic hazard factors (HFcs) range from 

0 to 8.3 and 0 to 19.7 respectively (Table E7). 

Toxic Exposure Equivalents (TEEs) 

The TEEs are calculated as a function of the magnitude 

and duration of modeled pesticide concentrations in excess 
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of a saltwater ESC (acute or chronic), relative to the 

allowable duration of exposure for that ESC and the 

estimated exposure duration. In this study, stressor-

specific TEEs are calculated for each saltwater ESCs (and 

other threshold values) according to the exposure predicted 

during each of the field bioassay deployments modeled for by 

Acevedo et al. (1997). Tables E17 through E20 tabulate TEEs 

calculated for azinphos-methyl exposure which occurred 

during the deployment of field bioassay groups 1 through 4 

in 1986 of the Scott et al. (1990, 1993) study, 

respectively2. Tables E21 and E22 tabulate TEEs for 

fenvalerate exposure to field bioassay groups 3 and 4 

deployed during 1986, respectively. 

Table E23 presents cumulative pesticide TEEs for 

exposure which occurred during the 1986 group 3 field 

bioassay deployment. Table E24 presents cumulative 

(azinphos-methyl and fenvalerate) TEEs for the 1986 group 4 

field bioassay. Table E25 lists fenvalerate TEEs calculated 

for pesticide exposures that occurred during the group 4 

field bioassay deployment in 1988. Table E26 presents 

fenvalerate TEEs for group 3 field bioassay of the first 

episode of 1989. Table E27 lists TEEs for fenvalerate 

exposure which occurred during group 4 field bioassay 

deployment in 1989. Modeled fenvalerate estimates for 1986 

2 
All bioassay group deployments refer to Scott et al. studies 
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model episode were too low to calculate fenvalerate TEEs 

using any saltwater ESCs or other threshold value for group 

1 and group 2 field bioassays. Model-estimated azinphos-

methyl concentrations for the 1988 and 1989 modeled episodes 

were too low to calculate azinphos-methyl TEEs using any 

saltwater ESCs or threshold value for any group of those 

years' field bioassays. The calculations for each TEE are 

provided in Appendices C and D. 

Discussion 

Hazard Factors (HFs) 

An ambient pesticide concentration or model-estimated 

pesticide concentration divided by the pesticide's ESC at 

some given percentage p yields the ambient or model-

estimated hazard factor (HF) for a particular field bioassay 

event for that given pesticide. For the percentage p of an 

ecosystem's species, a model-estimated HF = 1, based on a 

effects assessment ESC, identifies the predicted percentage 

of species (100 - p) not expected to experience adverse 

effects for the exposure duration of concern. 

Model-Estimated Hazard Factors 

Table E8 compares model-estimated azinphos-methyl HFas 

and HFcs using the FAV saltwater ESCs to mortality among 

field bioassay invertebrates. Effects to the invertebrates 

are compared to HFs since toxicity test data indicate that 



V-21 

invertebrates are more sensitive to both azinphos-methyl and 

fenvalerate than vertebrates and saltwater ESCs are intended 

to protect all but the most sensitive 5% of an ecosystem's 

species. Table E9 compares fenvalerate HFas and HFcs, using 

the FAV saltwater ESCs, to mortality among field bioassay 

invertebrates. Table E10 compares model-estimated 

cumulative (azinphos-methyl and fenvalerate) HFas and HFcs, 

using the FAV saltwater ESCs, to mortality among field 

bioassay invertebrates. Only during the 1986 deployment 

groups 3 and 4 were model-estimated azinphos-methyl and 

fenvalerate present at concentrations elevated enough for 

calculation of cumulative hazard factors. 

Fluctuations in model-estimated pesticide 

concentrations is indicated by the higher Stephan et al. 

HFas (azinphos-methyl, fenvalerate and cumulative) than 

Stephan et al. HFcs (Tables E8-E10). The HFas are calculated 

using the episode's maximum while the HFcs are calculated 

using the overall average concentration of the pesticide 

during the deployment episode. These fluctxiations in 

modeled pesticide estimates are indicative of the episodic 

exposures which occur from agricultural and urban rainfall 

runoff, particularly in a tidally influenced system, like 

Leadenwah Creek. The highest model-estimated Stephan et al. 

HFa (11.6) is a cumulative HFa that occurred during the 1986 

group 3 and group 4 field bioassay deployment in which 
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significant mortality was observed among all three 

invertebrate species (Table E10). 

The model-estimated azinphos-methyl HFcs (developed 

from the Stephan et al. and Aldenberg and Slob saltwater 

ESCs) compare well with observed mortality among 

invertebrate species for the 1986 field bioassay groups 1-4 

and the 1988 group 4 field bioassay (Figures F1,F2). The 

model-estimated azinphos-methyl HFas (developed from both 

the Stephan et al. and Aldenberg and Slob saltwater acute 

ESCs) delineate this same general trend (Figures F3,F4), 

with somewhat better correlation for the 1986 group 3 

bioassay. However, the 1989 field bioassay groups 3 and 4 

exhibited mortality among invertebrate species and azinphos-

methyl HFcs were determined to be zero. Assuming the model 

estimates are correct, this would suggest that the mortality 

observed during these deployments was caused by another 

pesticide (or other stressor). Conversely, model-estimated 

fenvalerate HFcs (developed from both Stephan et al. and 

Aldenberg and Slob saltwater ESCs) do not show a positive 

relationship with mortality observed among 1986 group 

bioassays and the 1988 group 4 bioassay, but do show 

significant HFcs during the 1989 bioassay groups 3 and 4, 

when mortality occurred (Figures F5,F6). 

Model-estimated fenvalerate acute hazard factors (HFas) 

(from both Stephan et al. and Aldenberg and Slob saltwater 

ESCs) generally support this trend (Figures F7,F8). These 
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data illustrate that azinphos-methyl likely dominated toxic 

effects during the four 1986 field bioassay deployments 

while fenvalerate is the likely cause of toxicity seen in 

the 1989 field bioassay deployments (Figures F9,F10). This 

supports the findings of Scott et al. (1990, 1993). 

While model-estimated fenvalerate Stephan et al. and 

Aldenberg and Slob HFcs increase from 1989 group 3 to 1989 

group 4 field bioassays, mortality among P. pugio and 

Penaeus sp decreased (Figures F5,F6). However, model-

estimated fenvalerate Stephan et al. and Aldenberg and Slob 

HFas directly correlate with the decrease in mortality among 

P. pugio and Penaeus sp from 1989 group 3 to 1989 group 4 

(Figures F7,F8). In this case, in the analysis of episodic 

contaminant exposures to ambient species, maximum model-

estimated concentrations are better predictors of observed 

adverse effects than average model-estimated concentrations. 

Based on trends in mortality among bioassay groups, 

model-estimated cumulative chronic hazard factors (HFcs) 

(Stephan et al. and Aldenberg and Slob) do not appear to be 

effective predictors of observed effects for the in situ 

test organisms (Figures Fll,F12). The cumulative model-

estimated HFcs (from Stephan et al. and Aldenberg and Slob 

ESCs) suggest that greater toxicity should have been 

observed among invertebrate test organisms during 1988 and 

1989 groups 3 and 4 than was observed in 1986 group 1. 

However, greater mortality was observed among mysids and 
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penaieds in 1986 group 1 (100% mortality to both species) 

than was observed during the 1988 and 1989 groups 3 and 4 

bioassay deployments (Figures F12,F13). The HFcs poorly 

predicted adverse effects group 4 field bioassays during 

1988 (Figures F11,F12). Also, an inverse relationship 

between mortality and model-estimated HFC values for 1989 

bioassay groups 3 and 4 is evident (Figures F11,F12). 

Model-estimated cumulative acute hazard factors (HFas) , 

for both the Stephan et al. and Aldenberg and Slob ESC 

methods, predict mortality among field bioassay organisms 

fairly well (Figures F13,F14). The field bioassay group 

with the lowest model-estimated HFas (1986, group 2) had the 

least mortality (Figures F13,F14). The inverse relationship 

observed among mortality and the chronic model-estimated 

HFcs for groups 3 and 4 of 1989 is now directly related for 

the acute model-estimated HFas (for both Stephan et al. FAV 

and Aldenberg and Slob ESCs)(Figures F11,F12 vs F13,F14). 

Overall percent mortality among the three invertebrate 

species related well with model-estimated HFas for all field 

bioassay groups with the exception of the 1988 group 4 

bioassay (Figures F13,F14). 

The model-estimated cumulative acute hazard factors 

(HFas) for the Aldenberg and Slob ESC extrapolation method 

predict overall mortality among field bioassays somewhat 

better than model-estimated Stephan et al. ESC HFas. The 

three highest model-estimated cumulative Aldenberg and Slob 
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HFas (1986 groups 3,4 and 1989 group 3) occur in the field 

bioassay groups with the greatest mortality among the 3 

invertebrate species together. The cumulative Aldenberg and 

Slob ESC HFa for the 1986 group 1 is greater than the 1989 

group 4 deployment as would be expected with 100% mortality 

observed among two bioassay species during the 1986 group 1 

deployment. However, the model-estimated cumulative Stephan 

et al. HFa for the 1986 group 1 deployment was less than the 

1989 group 4 deployment. In addition, the model-estimated 

cumulative Aldenberg and Slob ESC HFa for the 1988 group 4 

deployment overpredicts mortality to a less degree (6.7) 

than the model-estimated cumulative Stephan et al. FAV HFa 

(8.3) (Figures F13,F14). The application of the more 

sensitive azinphos-methyl acute ESC and a less sensitive 

fenvalerate acute ESC of the Aldenberg and Slob 

extrapolation method to the model-estimated pesticide 

concentrations more closely parallels the observed field 

bioassay mortality than the model-estimated Stephan et al. 

FAV saltwater ESCs (Figures F13,F14). 

Ambient Hazard Factors 

Table E14 compares ambient azinphos-methyl HFas, using 

the Stephan et al. FAV and Aldenberg and Slob saltwater 

ESCs, to mortality among field bioassay invertebrates. 

Table E15 compares ambient fenvalerate HFas, using the 

Stephan et al. FAV and Aldenberg and Slob saltwater ESCs, to 
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mortality among field bioassay invertebrates. Table E16 

compares ambient cumulative (azinphos-methyl and 

fenvalerate) HFas, using the Stephan et al. FAV and 

Aldenberg and Slob saltwater ESCs, to mortality among field 

bioassay invertebrates. 

As observed in model-estimated HFas, the ambient 

azinphos-methyl HFas illustrate that azinphos-methyl 

exposure generated adverse effects to field bioassay 

organisms during 1986 deployment groups while fenvalerate 

HFas illustrate that fenvalerate exposure accounted for 

adverse affects observed during 1988 and 1989 field 

bioassays (Figures F15,F16). Agricultural runoff to 

Leadenwah Creek during 1986 groups 3 and 4 field bioassay 

deployments contributed sufficient levels of azinphos-methyl 

and fenvalerate to calculate ambient Stephan et al. FAV and 

Aldenberg and Slob HFas for both pesticides (Figures F15, 

F16). Cumulative ambient Aldenberg and Slob HFas provide a 

better positive relationship with observed invertebrate 

bioassay mortality than ambient FAV HFas (Figure F17). 

However, as observed among model-estimated HFs, the ambient 

HFas (both FAV and Aldenberg and Slob) overestimate field 

bioassay toxicity in 1988, group 4 (Figure F17). 

Toxic Exposure Equivalents (TEEs) 

Hazard factors are used to estimate the potential for 

adverse effects to percentages of an ecosystem's species 
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based solely on a stressor's ambient, maximum modeled or 

average modeled concentration in excess of a predicted safe 

level. However, toxic exposure equivalents (TEEs) integrate 

the magnitude of stressor concentration with the duration of 

stressor exposure. The TEEs are a function of the magnitude 

and duration of modeled pesticide concentrations in excess 

of a saltwater ESC (acute or chronic), relcitive to the 

allowable duration of exposure for that ESC and the 

estimated exposure duration. 

Generally, TEEs developed from acute ESCs follow the 

same trends as acute hazard factors (HFas) across field 

bioassay groups (Figures F9,F10 vs F18,F19) (Tables 

E28,E29). Acute azinphos-methyl TEEs calculated by the 

Aldenberg and Slob method (Figure F19) are greater than the 

Stephan et al. acute azinphos-methyl TEEs (Figure F18). 

However, the acute fenvalerate TEEs calculated by the 

Stephan et al. method (Figure F19) are greater than the 

Aldenberg and Slob acute fenvalerate TEEs (Figure F20). 

This is directly related to the more sensitive azinphos-

methyl acute ESC calculated Aldenberg and Slob method while 

the Stephan et al. method predicted a more sensitive 

fenvalerate acute ESC. 

Except for the 1988 group 4 results, cumulative TEEs 

are highest during field bioassay groups with the greatest 

observed mortality among the three invertebrate species 

(1986 group 4, 1989 groups 3 and 4) (Figures F20,F21). As 
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observed with calculated hazard factors, the mortality 

observed among the 1988 group 4 bioassay organisms was well 

below what would to be expected, given the elevated 

cumulative TEEs calculated for this field bioassay 

deployment and the TEE to mortality relationships observed 

among other group bioassay deployments. 

The TEEs calculated using the Aldenberg and Slob acute 

ESCs provide more equitable values, quantitatively, between 

fenvalerate (which dominate the 1988 and 1989 episodes) and 

azinphos-methyl (which dominate the 1986 episodes) than TEEs 

calculated from the Stephan et al. FAV acute ESCs (Figures 

F20,F21). Nevertheless, TEEs calculated using all three 

acute ESC methods for both pesticides generate high TEE 

values. Survival of invertebrate species and the mummichog 

was observed in group deployments where TEEs (individual 

pesticide and cumulative) approached a value of 100. While 

these TEE values appear excessive, no scale exits with which 

to reference an expected effect. In other words, if one 

were to attempt an ecosystem evaluation solely on the TEE 

values, it is impossible to discern the increased magnitude 

of ecosystem effect that 100 TEEs would have over 50 TEEs, 

other than to say that a percentage of the ecosystem's 

species would be at risk to adverse effects.. However, TEEs 

can be converted to a concentration value since the TEE is a 

function of the estimated safe concentration (ESC). This 

chemical-specific cumulative exposure concentration can be 



V-29 

plotted to the appropriate distribution model developed from 

endpoint data applied to an extrapolation method like that 

of Aldenberg and Slob (1991). For example, plotting the 

cumulative exposure concentration for azinphos-methyl acute 

TEEs to the appropriate acute distribution curve (model) 

will provide the risk manager with a fixed percentage of the 

ecosystem's species at potential risk to the azinphos-methyl 

cumulative exposure concentration derived from the TEE. The 

results of this exercise are presented in Calculating the 

Ecosystem's Percent Species at Risk. 

Toxic exposure equivalents which were calculated using 

the chronic ESCs render values that are approximately an 

order of magnitude lower than TEEs developed using acute 

ESCs (Tables 30,31)(Figures F22,F23). 

As observed with hazard factors, the TEEs values 

calculated for fenvalerate exposure using the Aldenberg and 

Slob ESC are considerably greater than TEE values calculated 

for azinphos-methyl exposure (Figure 25). This disparity is 

not as pronounced for chronic TEEs calculated using the 

Stephan et al. ESC (Figure 24). The high Aldenberg and Slob 

chronic TEE values are most likely the result of the 

extremely low chronic ESC calculated from toxicity test 

results by the Aldenberg and Slob distribution method. 

However, with higher fenvalerate TEEs calculated for 

the 1988 and 1989 groups, one would expect considerably 

higher mortality among field bioassays for these groups. 
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This was not observed. This may be attributed to greater 

species sensitivity occurring in controlled laboratory test 

conditions verses field conditions. Under field conditions, 

fenvalerate's high log Kov (6.2) would promote binding to 

the higher organic content, thereby decreasing the 

bioavailability of the pesticide. This could explain the 

calculation of high TEE values in 1988 and 1989 without the 

predicted mortality among bioassay organisms. Likewise, 

this condition highlights the differences between laboratory 

and field conditions as well as an area of uncertainty in 

these predictions. 

The cumulative TEEs values, calculated from chronic 

ESCs (Stephan et al. and Aldenberg and Slob) not only 

correlate well with chronic hazard factors, the values are 

the same within rounding (Figures F11,F12 vs F25,F26). The 

chronic TEEs, in this case, are equivalent to chronic hazard 

factors because the allowable duration of exposure to the 

chronic ESC equals the bioassay deployment exposure (96-h). 

Therefore, when adjusting the total exposure for the 

allowable duration time in TEE calculation, the chronic TEE 

becomes a function of the average exposure concentration 

over the chronic estimated safe concentration (ESC). If the 

deployment bioassays had been left in situ for greater 

durations or the allowable duration for a chronic ESC were 

less, chronic TEEs would not equal hazard factors. 
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The 1986 group 1 chronic TEEs (developed from Stephan 

et al. and Aldenberg and Slob chronic ESCs) predict low 

adverse effects, yet mysids and penaieds both exhibited 100% 

mortality during this deployment. The chronic TEE values 

calculated from the Stephen et al. FVC are more balanced 

across groups than chronic TEEs calculated by Aldenberg and 

Slob ESCs (Figures F24,F25). Finally, the inverse 

relationship between mortality and chronic TEEs for 1989 

bioassay groups 3 and 4 is apparent (Figures F24,F25). 

Figure F26 illustrates TEEs, calculated using the mysid 

96-h LC50 as the threshold value, against percent mortality 

among mysids in the field bioassay toxicity tests. The mysid 

96-h LC50 TEEs are much lower values ranging from 0 to 0.9 

(Table E32). This is because the duration concentration of 

concern is 96-h instead of one hour which is used as the 

duration of concern for the saltwater ESCs. Fifty percent 

mortality to field bioassay mysids deployed for four days 

would be expected when the mysid 96-h LC50 TEE equals one. 

During 1986 group 1, and 1989 groups 3 and 4, mysids 

exhibited 100% mortality. Nevertheless, the mysid 96-h LC50 

TEE never even reached a value of one. During the other 

four deployments (1986 groups 2-4 and 1988 group 4), mysid 

mortality was consistently between 40 and 50% while mysid 

96-h LC50 TEEs varied from 0.1 to 0.65. In this study, 

mysid 96-h LC50 TEEs were not a good predictor of mysid 

field bioassay mortality. The mysid 96-h LC50 TEEs 
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calculated for each bioassay correlate poorly with the 

observed mortality among deployed mysids (Pearson's r = 

0.52). 

TEEs calculated using the P. pugio 96-h LC50 as the 

threshold value did not correlate well with P. pugio 

mortality among field bioassay organisms (Figure F27). The 

P. pugio 96-h LC50 TEEs calculated for each bioassay 

deployment do not correlate well with the observed mortality 

among the grass shrimp (Pearson's r = 0.31) than mysid 96-h 

LC50 TEEs (Table E33). 

Mysid 26-d MATC TEEs were calculated using 624-h as the 

duration not to be exceeded (26-d x 24-h) and the azinphos-

methyl MATC developed by Morton et al., (1997) (Table E34). 

The mysid 26-d MATC TEEs compared very poorly with mysid 

field mortality (Figure F28). Attempts to draw comparisons 

between mysid 2 6-d MATC TEEs and mortality are difficult. 

The endpoint for the mysid MATC is based on a nonlethal 

endpoint, reproduction. Presumably, a mysid 26-d MATC TEE 

greater than one would represent azinphos-methyl exposure 

sufficient to illicit reproductive effects to mysids. The 

only endpoint evaluated for in situ bioassays was mortality. 

Only the 1986 bioassay deployments are compared to mysid 

2 6-d MATC TEEs, since it has been established than azinphos-

methyl was the pesticide present in the ecosystem during 

these exposure episodes. Mysid 2 6-d MATC TEEs never 

exceeded 0.5, however, significant mortality was observed 
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during all 4 1986 bioassay deployment. Since nonlethal 

effects are more sensitive endpoints than mortality, no 

mortality would be expected when mysid 26-d MATC TEEs values 

are less than one. The mortality observed to bioassay mysids 

during 1986 would, therefore, be more likely attributed to 

elevated acute exposures. In this analysis of oscillating 

runoff events, exposure evaluation based on acute endpoints 

more accurately predicts observed in situ bioassay results 

than chronic exposure evaluation. 

Toxic exposure equivalents for fenvalerate exposure, 

derived using the P. pugio 6-h MTPD value for fenvalerate 

exposure derived by Scott et al. (1990) as a threshold 

value, compared very poorly with P. pugio field bioassay 

mortality (Figure F29) (Table E35). Scott et al. (1990) 

defined the 6-h MTPD as the highest test concentration which 

exhibited no mortality at 96-h where exposure occurred 

during the first six hours. Therefore, one 6-h MTPD TEE 

should represent a concentration in which no mortality is 

observed. The P. pugio 6-h MTPD TEEs are calculated for 

fenvalerate exposure only and therefore are only compared to 

bioassay deployments where fenvalerate was present in the 

Leadenwah Creek. The fenvalerate P. pugio 6-h MTPD TEEs did 

not correlate well with bioassay mortality among grass 

shrimp during those episodes where fenvalerate exposure was 

known to occur (Pearson's r = -0.10). This may, in part, be 

due to azinphos-methyl exposure which occurred 
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simultaneously during two bioassay deployments (1986 groups 

3 and 4). However, an inverse relationship between TEEs and 

mortality is evident for the 1989 group 3 and 4 deployments 

(Table 35) (Figure 29). Although 1.9 P. pugio 6-h MTPD TEEs 

are computed for the 1988 group 4 bioassay deployment, no 

mortality was observed among P. pugio organisms. 

Calculating the Ecosystem's Percent Species at Risk 

The extrapolation techniques described by Aldenberg and 

Slob (1991) and Wagner and Lokke (1991) estimate the 

concentration of a stressor above which the no-effect level 

for some percentage p of the ecosystem's species is 

calculated. The percentage of species to be protected is 

generally set at 95% (p = 0.05), although from a strictly 

scientific point of view, the selection of a percentage of 

species to be protected from adverse effects is arbitrary. 

Using single-species toxicity test endpoints for a 

particular stressor, the methods of Aldenberg and Slob 

(1991) and Wagner and Lokke (1991) predict an affected 

species distribution model. Setting p = 0.05, these 

extrapolation methods calculate the an estimated stressor 

concentration at the 95th percentile of the statistical 

distribution derived from the available endpoint data for a 

given stressor. The 95th percentile is the so-called 

estimated safe concentration (ESC). If an exposure 

concentration happens to equal the 95th percentile 
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concentration, the estimated hazard to the ecosystem is 

equal to 5%. Exposure concentrations below the ESC lead to 

adverse effects to less than 5% of the species while 

exposure concentrations above the ESC lead to larger percent 

of species at risk to adverse effects. The distribution 

model predicted by the stressor's toxicity data set may also 

be used inversely to estimate the risk associated with a 

certain stressor exposure concentration. 

Hazard factors (HFs) and toxic exposure equivalents 

(TEEs) were converted into stressor concentrations, since 

they are a function of an estimated safe concentration 

(ESC). The ambient or model-estimated stressor 

concentrations used to calculate HFs or the cumulative 

exposure concentrations derived as a function of a TEE can 

be extrapolated into the appropriate stressor statistical 

distribution model to predict the percent species at risk of 

adverse effects to a given HF or TEE value. 

Percent Species at Risk to Ambient, Modeled Maximum 

and Modeled Average Pesticide Concentrations 

For the two distribution model extrapolation methods 

used to calculate saltwater ESCs, the percentage of 

estuarine species at potential risk to adverse effects from 

pesticide exposure is dependent upon the distribution of 

pesticide-specific single-species acute toxicity test 

results introduced into the distribution method. When the 
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percentage p = 0.05, an HFa of one represents a toxicant 

concentration that is predicted to be acutely protective of 

95% of an ecosystem's species. However, an HFa of 3 for 

azinphos-methyl may not protect (or conversely, pose a 

hazard) to the same percent of species as an HFa of 3 for 

fenvalerate since the predicted saltwater acute ESCs are 

dependent on different toxicity test endpoint distribu-

tions. This holds true for chronic distributions as well. 

Exposure concentrations, whether model-estimated or 

measured, can be plotted to the distribution curve and a 

fixed percentage of species at potential hazard can be 

derived. Likewise, hazard factors can be converted back to 

ambient or model-estimated concentrations to identify fixed 

percentages of species of an ecosystem that are predicted to 

be protected or at potential hazard. An ambient, maximum 

model-estimated or average model-estimated concentration for 

a particular stressor (pesticide) can be applied to a 

chemical-specific distribution model (curve) determined by 

the endpoint data introduced into the extrapolation method 

to provide a predicted percent of an ecosystem's species at 

risk of adverse effects. 

For example, applying the logistic extrapolation method 

(Aldenberg and Slob, p = 0.05) to the acute azinphos-methyl 

toxicity test data (Appendix A), an azinphos-methyl HFa of 

3.4 for the estuarine community roughly equates to a 

potential acute hazard to 10% of the ecosystem's species. 
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An azinphos-methyl HFa of 22 for the estuarine community 

roughly equates to a potential acute hazard to 25% of the 

ecosystem's species while a HFa of 130 represents a 

potential hazard to 50% of the estuarine species. Applying 

the logistic extrapolation method (Aldenberg and Slob, p = 

0.05) to the acute fenvalerate toxicity test data (Appendix 

A), fenvalerate HFas of 3.3, 19, and 112 represent the 

potential acute hazard to 10%, 25% and 50% of the estuarine 

community's species. 

Percentages of species at potential chronic hazard can 

also be predicted. Applying the logistic extrapolation 

method (Aldenberg and Slob, p = 0.05) to the chronic 

azinphos-methyl toxicity test data (Appendix B), an 

azinphos-methyl HFC of 2.6 for the estuarine community 

roughly equates to a potential acute hazard to 10% of the 

ecosystem's species. For the estuarine community, azinphos-

methyl HFcs of 10.7 and 44 roughly equates to a potential 

chronic hazard to 25% and 50% of the ecosystem's species, 

respectively. Applying the logistic extrapolation method 

(Aldenberg and Slob, p = 0.05) to the chronic fenvalerate 

toxicity test data (Appendix B), fenvalerate HFcs of 3.5, 

22.7, and 146 represent the potential acute hazard to 10%, 

25% and 50% of the estuarine community's species. 

The percent of estuarine's species predicted by the 

Aldenberg and Slob (p = 0.05) extrapolation method to be at 

risk applying the ambient maximum azinphos-methyl 
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concentrations for each exposure episode to the acute 

azinphos-methyl distribution curve are compared to 

respective group bioassay mortality in Table E363. Tables 

E37 and E38 compare the percent of species at risk using the 

modeled maximum and average azinphos-methyl estimates, 

respectively, to bioassay mortality by group deployment. 

The 1986 group 4 bioassay deployment exhibited the greatest 

mortality among all four bioassay test species. For this 

group deployment, the ambient and model-estimated maximum 

azinphos-methyl concentrations (Tables E36,E37) predicted 

more species at risk than any other deployment and predicted 

more species at risk than the average model-estimated 

concentration (Table E38). However, the highest prediction 

for percent species at risk during the group 4 deployment 

was 19.2 (Table E37). With the significant mortality 

observed among all four species, including the mummichog (a 

relatively hardy vertebrate; see Appendices A and B), a 

greater percent of the ecosystem1s biota appears to have 

been at risk than predicted by ambient or model-estimated 

concentrations. 

Figure F30 illustrates the same favorable trend in 

predicted species at risk to azinphos-methyl, when compared 

to bioassay mortality during all four 1986 deployments, as 

observed among HFs. However, low predictions for species at 

3 
All species risk predictions by the Aldenberg and Slob distribution 
method. 
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risk does not compare well with mortality observed in 1989. 

This supports the Scott et al. (1993) finding that 

fenvalerate, and not azinphos-methyl, was the cause of 

mortality observed among deployed bioassays during 1989. 

Using the Aldenberg and Slob (p = 0.05) extrapolation 

method, Tables E39-E41 compare the predicteid percent of 

species at risk from ambient maximum, modeled maximum and 

modeled average fenvalerate concentrations for each group 

deployment to field bioassay mortality. Using ambient and 

maximum modeled fenvalerate concentrations to estimate 

species at risk shows a better relationship to observed in 

situ mortality than the predictions determined using the 

modeled average fenvalerate concentrations (Figure F31). As 

evident in calculated HFs and TEEs, the fenvalerate risk 

predictions during group 4, 1988 appear to greatly 

overpredict adverse effects observed among organisms during 

this deployment. 

The percent species at risk to cumulative (azinphos-

methyl and fenvalerate) exposure to modeled maximum, modeled 

average and ambient values are listed in Tables E42-E44, 

respectively. The cumulative predicted species at risk, 

based on the ambient and model-estimated pesticide concen-

trations, using the Aldenberg and Slob (p = 0.05) method 

appear to underestimate observed field bioasisay results for 

the 1986 group 4 and 1989 groups 3 and 4 (Figure F32). 
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Percent Species at Risk to Toxic Exposure Equivalents 

As with hazard factors, a toxic exposure equivalent 

(TEE) can be converted to a concentration value since a TEE 

is a function of a particular estimated safe concentration 

(ESC) for a chemical stressor. For example, multiplying an 

acute fenvalerate TEE by the appropriate acute fenvalerate 

ESC yields the cumulative exposure concentration which 

equaled or exceeded the ESC, normalized for allowable 

duration of exposure. The model-estimated cumulative 

exposure concentration can be applied to the distribution 

model (curve) predicted from the acute fenvalerate toxicity 

test data input into the Aldenberg and Slob (1991) 

extrapolation method. Any cumulative exposure concentration 

(acute or chronic) applied to the appropriate acute or 

chronic distribution curve will provide the risk manager 

with a fixed percentage of the ecosystem's species at 

potential risk to adverse effects. 

Table E45 lists, by deployment group, the acute 

azinphos-methyl TEEs (calculated using the Aldenberg and 

Slob azinphos-methyl acute ESC), the corresponding 

cumulative exposure concentration (or equivalent 

concentration), the predicted percent of species in the 

estuarine ecosystem at risk and the observed field bioassay 

mortality. Table E46 lists by deployment group, the chronic 

azinphos-methyl TEEs (calculated using the Aldenberg and 

Slob azinphos-methyl chronic ESC), the corresponding 
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cumulative exposure concentration (or equivalent 

concentration), the predicted percent of species in the 

estuarine ecosystem at risk and the observed field bioassay 

mortality. 

Table E47 lists, by deployment group, the acute 

fenvalerate TEEs (calculated using the Aldenberg and Slob 

acute fenvalerate ESC), the corresponding cumulative 

exposure concentration (or equivalent concentration), the 

predicted percent of species in the estuarine ecosystem at 

risk and the observed field bioassay mortality. Table E48 

lists by deployment group, the chronic fenvalerate TEEs 

(calculated using the Aldenberg and Slob fenvalerate chronic 

ESC), the corresponding cumulative exposure concentration 

(or equivalent concentration), the predicted percent of 

species in the estuarine ecosystem at risk and the observed 

field bioassay mortality. 

During several deployment episodes, ambient azinphos-

methyl and fenvalerate were measured concurrently at 

concentrations sufficient to calculate TEEs for both 

pesticides (1986 groups 3 and 4). Therefore, the percent of 

species at risk to azinphos-methyl and fenvalerate TEEs were 

summed. Table E49 compares the estuarine ecosystem's 

cumulative predicted percent of species at risk from acute 

azinphos-methyl and fenvalerate cumulative exposure 

concentrations to field bioassay mortality. Table E50 

compares the estuarine ecosystem's cumulative predicted 
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percent of species at risk from chronic azinphos-methyl and 

fenvalerate cumulative exposure concentrations to field 

bioassay mortality. 

For all deployments, the predicted percent of species 

at risk calculated from acute azinphos-methyl TEEs are 

always greater than the percent species at risk calculated 

from chronic azinphos-methyl TEEs. The same result is 

observed for fenvalerate acute and chronic TEEs. This is no 

surprise since acute TEEs were consistently greater than 

chronic TEEs, for both pesticides. 

Figure F33 illustrates a comparison between the percent 

species at risk to cumulative (azinphos-methyl and 

fenvalerate) Aldenberg and Slob acute TEEs and cumulative 

Aldenberg and Slob chronic TEEs. The cumulative acute TEEs 

were preferable predictors of species at risk. The acute 

TEEs predicted 44% and 65% of the ecosystem's species were 

at risk during the 1986 group 3 and 4, respectively, while 

bioassay deployments exhibited significant mortality to all 

4 test species (Table E49). Note that the higher predicted 

species risk occurred during the 1986 group 4 deployment 

when the highest mortality was observed among bioassay 

organisms. The cumulative chronic TEEs predicted only 15% 

and 2 6% of the ecosystem's species to be at risk during the 

1986 group 3 and 4, respectively (Table E50). 

Figure F3 3 shows that the predicted species at risk to 

cumulative chronic TEEs during the groups 3 and 4 of 1986 
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roughly equals the predicted species at risk during groups 3 

and 4 of 1989. However, considerably more lethality was 

observed during groups 3 and 4 in 1989, the only deployments 

with significant mortality to the mummichog. The cumulative 

acute TEEs predicted greater percent of species at risk 

during groups 3 and 4 of 1986 (Figure F33). 

The cumulative acute TEEs also appear to be better 

predictors of species at risk than the cumulative maximum 

model-estimated HFas (Figure F34) or cumulative ambient HFas 

(Figure F35). While cumulative acute TEEs predicted 44% and 

65% of the ecosystem's species were at risk during the 1986 

group 3 and 4 respectively (Table E49), cumulative maximum 

model-estimated HFas predicted 29.5% of the ecosystem's 

species to be at risk (Table 42). Cumulative ambient HFas 

predicted 24.2% of the ecosystem's species to be at risk 

(Table 44). However, both bioassay deployments exhibited 

significant mortality to all 4 test species, including the 

vertebrate, F. heteroclitus. One would likely argue that 

mortality to all four bioassay species suggests a risk to 

greater than 30% of the ecosystem's species. 

The results of evaluating the percent species at risk 

from the cumulative acute TEEs for a given deployment with 

the mortality observed are highly favorable for most of the 

runoff episodes evaluated. A review of laboratory toxicity 

tests results in Appendices A and B indicates that the 

distribution of sensitivities among the species exposed to 
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the two pesticides suggest that the invertebrate species are 

generally among the more susceptible species. In addition, 

the mummichog, while not identified as the least sensitive 

species for either pesticide, falls out near the upper end 

of the sensitivity distribution (more resistant to exposure) 

of the available toxicity test data. Comparison of the 

mortality observed among the 1986 group 4 bioassay tests 

with the placement of the field bioassay test species within 

the distribution of laboratory test endpoints supports the 

percent species predicted to be at risk using the cumulative 

acute TEEs (65%). 

Recall that TEEs are a measure of the magnitude, 

duration and episodic nature of pesticide exposure predicted 

from the fate and transport modeling of Acevedo et al. 

(1997). Thus, the development of stressor exposure profiles 

through the use of fate and transport modeling has shown to 

be an effective tool in aquatic ecological risk assessment. 

Use of the maximum model-estimated concentrations provided a 

better estimate of species at risk than the ambient 

concentrations. Moreover, calculation of acute TEEs, which 

evaluate the cumulative temporal, episodic exposure 

scenario, provided a better estimate of species at risk than 

simple analysis of the maximum model-estimated 

concentrations. 
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Bioassay Group Evaluation 

1986 Group 1 

The 1986 group 1 caged field bioassay test organisms 

were deployed at 12:00 pm on June 2, 1986, and removed from 

Leadenwah Creek at 9:00 am on June 6, 1986. Group 1 field 

test organisms were exposed to runoff from both the June 2 

and the June 4 rainfall events, having been placed in 

Leadenwah Creek 12 hours prior to the first rainfall. 

Ambient azinphos-methyl concentrations were non-detect 

immediately post rain (0.60") on June 2, 1986, but were 

detected six hours post rainfall at 0.104 jug/L (Scott et al. 

1990). Ambient azinphos-methyl concentrations were also 

detected 6 hours post June 4 rainfall (0.233 jug/L) . Scott 

et al. (1990) reported that three test species in the group 

1 bioassays exhibited mortality (P. pugio 30%; AT. bahia 100% 

and Penaeus sp 100%) (Table E8). 

Based on the Aldenberg and Slob extrapolation method, 

the maximum ambient azinphos-methyl concentration (0.23 

Mg/L) measured during the 1986 group 1 bioassay deployment 

represents a potential acute hazard to 9% of the estuarine 

ecosystem's species while the model-estimated maximum 

azinphos-methyl concentration (0.49 jug/L) represents a 

potential acute hazard to 13.4% of the estuarine ecosystem's 

species (Table E37). No potential acute hazard is 

determined during the 1986 group 1 deployment from model-

estimated fenvalerate concentrations. 
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Also using the Aldenberg and Slob extrapolation method, 

the model-estimated average azinphos-methyl concentration 

(0.06 iug/L) represents a potential chronic hazard to 9.5% of 

the estuarine biota (Table E38). No potential chronic 

hazard is determined during the 1986 group 1 deployment from 

model-estimated fenvalerate concentrations. 

1986 Group 2 

The 1986 group 2 caged field bioassay test organisms 

were deployed at 10:00 am on June 4, 1986, and removed from 

Leadenwah Creek at 9:00 am on June 8, 1986. Group 2 field 

bioassay test organisms were deployed two hours after the 

June 4, 1986, 0.78" rainfall event. Azinphos-methyl was 

detected (0.233 fj.g/L) in Leadenwah Creek samples collected 

June 4, 1986, approximately 6 hours after the rainfall 

event. The only field bioassay species which exhibited 

mortality was M. bahia (42%) (Table E9). 

The ambient concentration of azinphos-methyl (0.23 

Mg/L) measured 6 hours post June 4 rainfall is 80% of the 

mysid laboratory 96-h LC50 of 0.29 /xg/L (Table E3) and group 

2 mysids exhibited 42% mortality following 96 hours field 

exposure post June 4 rainfall. 

Based on the Aldenberg and Slob extrapolation method, 

the maximum ambient azinphos-methyl concentration (0.23 

M9/L) measured during the 1986 group 2 deployment represents 

a potential acute hazard to 9% of the estuarine ecosystem's 
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species while the model-estimated maximum azinphos-methyl 

concentration (0.33 tiq/L) represents a potential acute 

hazard to 11% of the estuarine ecosystem's species (Table 

E37) . No acute hazard is determined during the 1986 group 2 

deployment from model-estimated fenvalerate concentrations. 

Using the Aldenberg and Slob extrapolation method, the 

model-estimated average azinphos-methyl concentration (0.03 

/xg/L) represents a potential chronic hazard to 5.8% of the 

estuarine ecosystem's species (Table E38). No potential 

chronic hazard is determined during the 1986 group 2 

deployment from model-estimated fenvalerate concentrations. 

1986 Group 3 

The 1986 group 3 caged field bioassay test organisms 

were deployed at 9:00 am on June 6, 1986, and removed from 

Leadenwah Creek at 9:00 am on June 10, 1986. Rainfall 

runoff into Leadenwah Creek led to ambient concentrations of 

fenvalerate (0.032 jug/L) and azinphos-methyl (0.586 jug/L) 

that were measured from samples taken 12 hours post 9 June 

rainfall (0.90") (Scott et al. 1990). Group 3 organisms 

were exposed to ambient pesticide concentrations from the 9 

June rain runoff only for the last 12 hours of their 4-day 

toxicity test deployment. Scott et al. (1990) reported 

mortality among group 3 caged field bioassay organisms 

(P. pugio 73%; juvenile penaieds 35%; F. heteroclitus 35%; 

mysids 44%) (Table E9). 
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Note that the author (Scott et al. 1990) recorded 

missing penaied shrimp and mummichogs from group 3 test 

organisms and attributed this loss to crab attacks. Scott 

et al. (1990) did not attribute the toxicity of these caged 

field bioassay results solely to fenvalerate, but did 

suggest that caged field bioassay mortality was pesticide-

related. 

For the 1986 group 3 field bioassay deployment, the 

Aldenberg and Slob extrapolation method maximum ambient 

azinphos-methyl concentration (0.59 ng/L) represents a 

potential acute hazard to 14,8% of the estuarine ecosystem's 

species and the model-estimated maximum azinphos-methyl 

concentration (0.98 jug/L) represents a potential acute 

hazard to 19.2% of the estuarine's biota (Tables E36,E37). 

The percentage of species at potential acute hazard from the 

ambient and maximum model-estimated fenvalerate 

concentrations (0.032 and 0.038 M9/L) are 9.4% and 10.3%, 

respectively (Tables E39,E40). 

The Aldenberg and Slob extrapolation method model-

estimated average azinphos-me'hyl concentration (0.03 iig/L) 

represents a potential chronic hazard to 5.9% of the 

estuarine ecosystem's species (Table E38). Based on the 

Aldenberg and Slob extrapolation method, 9.5% of the 

estuarine species are estimated to be at potential chronic 

hazard from the average model-estimated fenvalerate 
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concentration (0.0012 M9/L) during the 1986 group 3 bioassay 

deployments (Table E41). 

1986 Group 4 

The 1986 group 4 caged field bioassay test organisms 

were deployed at 8:50 am on June 8, 1986, and removed from 

Leadenwah Creek at 9:00 am on June 12, 1986. Group 4 

organisms were placed in Leadenwah Creek 36 hours prior to 

the June 9th rainfall event and would have been exposed to 

ambient pesticide concentrations during the last 2.5 days of 

the in situ bioassay test deployment. Scott et al. (1990) 

reported mortality among the populations of grass shrimp 

(P. pugio) (70%), mysids (Af. bahia) (50%), Penaied shrimp 

(100%) and mummichog (F. heteroclitus) (100%) in the group 4 

bioassay deployments. 

Scott et al. (1990) did indicate dramatic water quality 

changes within one hour of the initial rainfall the evening 

of June 9th to water temperature (decreased 6°C), dissolved 

oxygen (decreased from 8 to <1 mg/L), pH (decreased from 8.7 

to 7.9) conductivity (decreased) and salinity (decreased 

from 28 to 10 ppt). Rapid changes observed in these 

chemical water quality parameters could have exacerbated 

pesticide-induced field bioassay effects observed during 

this modeled rain event. 

Using the Aldenberg and Slob extrapolation method for 

the 1986 group 4 field bioassay deployment, the maximum 
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ambient azinphos-methyl concentration (0.59 ng/L) and the 

maximum model-estimated azinphos-methyl concentration (0.98 

/ug/L) represent the same potential acute hazard to the 

estuarine biota as reported for the group 3, 1986 bioassay 

deployment (Tables E36,E37). 

Employing the Aldenberg and Slob extrapolation method, 

the model-estimated average azinphos-methyl concentration 

(0.074 jug/L) predicted during the 1986 group 4 bioassay 

deployments represents a potential chronic hazard to 10.5% 

of estuarine biota (Table E38). Using the Aldenberg and 

Slob extrapolation method, 16.1% of estuarine biota are 

estimated to be at potential chronic hazard from the average 

model-estimated fenvalerate level (0.003 /xg/L) (Table E41) . 

1988 Group 4 

The 1988 group 4 caged field bioassay test organisms 

were deployed at 9:00 am on June 7, 1988, and removed from 

Leadenwah Creek at 11:30 am on June 12, 1988. After greater 

than an inch of rain on June 10, 1988, Leadenwah Creek 

ambient samples were determined to have pesticide 

concentrations of endosulfan (0.024 jug/L) , azinphos-methyl 

(0.012 ng/I>) and fenvalerate (0.068 jug/L) (Scott et al. 

1990). Some mortality (44%) was observed among caged mysids 

in field bioassay testing. 

The 10 June rain event occurred about 15 hours after 

the mysids were placed in the creek. The first low tide 
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post rain occurred concomitantly with the maximum ambient 

fenvalerate concentration (0.068 /xg/L), approximately 6 

hours post rain and 21 hours after deployment of the 72-h 

mysid field bioassay test. 

The maximum ambient azinphos-methyl concentration post 

rain (0.012 jucf/L) and the average and maximum model-

estimated azinphos-methyl values, 0.0005 nq/l* and 0.0104 

fig/L respectively, represent a small fraction of the mysid 

96-h LC50 (0.29 ng/l>) (Table 3). The ratio of the 1988 

group 4 modeled maximum azinphos-methyl estimate to the FAV 

and Aldenberg and Slob (p = 0.05) saltwater ESCs produced 

HFas of 0.08 and 0.13, respectively (Table E6). These data 

suggest that both the ambient measured and model-estimated 

azinphos-methyl concentrations were too low to account for 

the mortality observed among group 4 mysids deployed in the 

caged field bioassay. 

Employing the Aldenberg and Slob extrapolation method, 

the maximum ambient azinphos-methyl concentration (0.012 

jug/L) measured during the 1988 group 4 bioassay deployment 

represents a potential acute hazard to 1.6% of the estuarine 

biota while the model-estimated maximum azinphos-methyl 

concentration (0.0104 ixg/L) represents a potential acute 

hazard to 1.5% of the estuarine ecosystem's species (Tables 

E36,E37). The percentage of species exposed during the 1988 

group 4 deployments at potential acute hazard from the 

ambient and maximum model-estimated fenvalerate 
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concentrations (0.068 and 0.071 ^g/L) are 14.2% and 14.5%, 

respectively (Tables E39,E40). 

Also employing the Aldenberg and Slob extrapolation 

method, the model-estimated average azinphos-methyl 

concentration (0.0005 ng/L) predicted during the 1988 group 

4 bioassay deployment represents a potential chronic hazard 

to 0.2% of the estuarine ecosystem's species while the 

model-estimated average fenvalerate concentration (0.003 

jug/L) represents a potential chronic hazard to 15.4% of the 

estuarine ecosystem's species (Tables E38,E41). 

Endosulfan was also measured in Leadenwah Creek sampled 

collected post 10 June rainfall. The endosulfan 

concentrations were not modeled in the 88,1 model episode. 

However, the maximum ambient endosulfan concentration post 

rain was 0.024 jug/L* The SMA7 for M. bahia, based on round-

robin laboratory 96-h LC50 tests conducted under flow-

through conditions, was determined to be 0.84 (iq/lt. The 

maximum ambient endosulfan value represents less than 3% of 

the SMAV for mysids. Thus, if the observed endosulfan 

concentrations were representative of the maximum ambient 

endosulfan concentration during that runoff, the endosulfan 

concentrations should have had minimal acute impact on the 

toxicity to M. bahia observed in the 1988 group 4 bioassay 

conducted post June 10, 1988, rainfall. 
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1989 Group 3 

The 1989 group 3 caged bioassay test organisms were 

deployed at 11:00 am on June 2, 1989, and removed from 

Leadenwah Creek at 8:00 am on June 7, 1989. The first 

significant rain event (1.92") in the S. Carolina study area 

during 1989 occurred on June 5th near midnight (Scott et al. 

1993). The maximum ambient pesticide concentrations were 

observed during the initial post rain ebb tide (4:15 am, 

June 6th) about 4 hours post rain. Ambient pesticides 

concentrations measured during the initial ebb tide included 

azinphos-methyl (0.016 /ig/L) , endosulfan (0.013 jug/L) , and 

fenvalerate (0.093 /xg/L) . Within four hours, azinphos-

methyl concentrations had dropped below detection levels 

while endosulfan and fenvalerate concentrations had fallen 

to 0.009 and 0.050 fig/L, respectively. Leadenwah Creek 

samples taken 7 hours post ebb tide found no fenvalerate and 

only 0.004 jUg/L endosulfan (Scott et al. 1993). 

The second rainfall event of 1989, which occurred 

during the afternoon of June 6, measured 1.35 inches (Scott 

et al. 1993). The maximum ambient pesticide concentrations 

measured following the second runoff event occurred 5 hours 

post June 6 rain event (approximately 6:20pm). Ambient 

fenvalerate and endosulfan concentrations were measured at 

0.04 Atg/L and 0.02 nq/h, respectively. Pesticide 

concentrations in Leadenwah Creek had fallen considerably by 

the next low tide (fenvalerate 0.022 jug/L; endosulfan 0.013 
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/xg/L) (Scott et al. 1993). Group 3 field bioassay test 

organisms were exposed to runoff from both rainfall events. 

Ambient pesticide concentrations observed at ebb tide 

after the first runoff event were; azinphos-methyl 0.016 

jttg/L, endosulfan 0.013 jug/L, and fenvalerate 0.093 /xg/L. 

The fenvalerate concentration was well within levels capable 

of generating toxic effects in acute laboratory toxicity 

tests (Table El, Appendix A). The ambient fenvalerate 

concentrations following both the first and second runoff 

events were more an order of magnitude greater than the 

concentration (0.003 jug/L) effecting significant mortality 

to the most sensitive species (P. pugio) (Appendix A), and 

the ambient fenvalerate concentration following the first 

runoff (0.093 jug/L) generates an HFa of 10.8 using the 

fenvalerate saltwater FAV. 

Among group 3 field bioassay results, mortality was 

observed among all invertebrates species; P. pugio (72%), 

Penaeus sp (48%) and M. bahia (100%). Scott et al. (1993) 

recorded no mortality to the vertebrate (F. heteroclitus) 

during the 1989 group 3 bioassay deployment. 

Employing the Aldenberg and Slob extrapolation method, 

the maximum ambient azinphos-methyl concentration (0.016 

jug/L) measured during the 1989 group 3 bioassay deployment 

represents a potential acute hazard to 1.9% of the estuarine 

ecosystem's species while the model-estimated maximum 

azinphos-methyl concentration (0.019 jug/L) represents a 
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potential acute hazard to 2.1% (Tables E36,E37). The 

percentage of species exposed during the 1989 group 3 

deployments at potential acute hazard from the ambient and 

maximum model-estimated fenvalerate concentrations (0.093 

and 0.092 jtxg/L) is 16.8% and 16.6%, respectively (Tables 

E39,E40). 

Using the Aldenberg and Slob extrapolation method, the 

model-estimated average azinphos-methyl (0.0013 nq/L) and 

fenvalerate concentrations (0.006 iiq/lJ) during the 1989 

group 3 bioassay deployment represent potential chronic 

hazards to 0.5% and 21.5% of the estuarine ecosystem's 

species, respectively (Tables E38,E41). 

1989 Group 4 

The 1989 group 4 caged P. pugio field bioassay test 

organisms were deployed at 8:00 am on June 6, 1989, and 

removed from Leadenwah Creek at 8:00 am on June 11, 1989. 

All other field bioassay test species were deployed on June 

7, 1989, at 8:00 am. Group 4 bioassay test species were 

exposed to runoff from the second and third rainfall events 

of 1989. Ambient fenvalerate and endosulfan concentrations 

observed after the second rainfall event measured at 0.04 

yug/L and 0.02 ng/L, respectively. The third rainfall event 

of 1989, which occurred during the morning of June 9th, 

1989, measured 0.62 inches (Scott et al. 1993). Immediately 

following the 9 June rainfall, low tide samples were 
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collected. Analyses of these samples revealed fenvalerate 

and endosulfan levels of 0.021 and 0.005 ng/L, respectively. 

The next ambient water samples were collected 48 hours 

later. Fenvalerate was below detection levels and 

endosulfan remained at a concentration of 0.005 iig/L (Scott 

et al. 1993). 

The maximum ambient fenvalerate concentration post 9 

June rain event (0.021 M9/L) is approximately 6.6 times the 

level causing significant mortality to the invertebrate, 

P. pugio, following acute exposure (Appendix A). This 

ambient concentration also represents 1.6 times the 96-h 

LC50 (0.013 value of M. bahia but is only 7% of the 

lowest 96-h LC50 (0.3 ng/L) for a saltwater vertebrate 

species (Appendix A). Based on toxicity test results, the 

ambient fenvalerate concentrations measured in Leadenwah 

Creek after the rain event the morning of June 9th are more 

than sufficient to evoke toxic effects to saltwater 

invertebrate organisms. However, sufficient duration of 

exposure to fenvalerate concentrations is questionable since 

ambient concentrations were below detect 48 hours later 

(Scott et al. 1993). 

Mortality was observed among the three invertebrate 

test species of the group 4, 1989 field bioassay deployment. 

The greatest mortality was observed among M. bahia (100%), 

followed by P. pugio (37%) and lastly, Penaeus sp (13%) 
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(Scott et al. 1993). No mortality was observed among F. 

heteroclitus, the vertebrate test species. 

Employing the Aldenberg and Slob extrapolation method, 

the maximum ambient fenvalerate concentration (0.021 M9/L) 

measured during the 1989 group 4 deployment represents a 

potential acute hazard to 7.4% (Table E39) of the estuarine 

species while the model-estimated maximum fenvalerate 

concentration (0.05 ng/L) represents a potential acute 

hazard to 12% of the estuarine ecosystem's species (Table 

E40). No potential acute hazard is determined during the 

1989 group 4 deployment from exposure to model-estimated 

azinphos-methyl concentrations. 

Using the Aldenberg and Slob extrapolation method, the 

model-estimated average fenvalerate concentration (0.0077 

/ug/L) represents a potential chronic hazard to 24.5% of the 

estuarine species (Table E41). No potential chronic hazard 

is determined during the 1989 group 4 bioassay deployment 

from model-estimated average azinphos-methyl concentrations. 

Following the first rainfall event, Scott et al. (1993) 

noted a significant drop in salinity (30 to <5 ppt) with 

concomitant increase in water depth, declines in dissolved 

oxygen, pH and water temperature during the post rain ebb 

tides. The significant changes in physicochemical 

parameters may have contributed to adverse effects 

attributed to the chemical stressor (fenvalerate). 
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Ecological Risk Assessment Uncertainty 

Conceptual Model Uncertainty 

Conceptual model development may account for one of the 

most important sources of uncertainty in a risk assessment. 

Where important relationships are missed or specified 

incorrectly, risks could be seriously under- or over-

estimated in the risk characterization phase. Uncertainty 

can arise from lack of knowledge on how the ecosystem 

functions, failing to identify and interrelate temporal and 

spatial parameters, not describing a stressor or stressors, 

or not recognizing secondary effects. Indeed, this 

ecological assessment has attempted to account for physico-

chemical and temporal parameters through the use of fate and 

transport modeling to predict cumulative exposure levels. 

In most cases, multiple stressors are the norm and 

their interaction a source of confounding variables, 

particularly for conceptual models that focus on a single 

stressor. While the additive toxicity to stressor exposure 

has been addressed where concomitant pesticide data was 

available, the potential impact from other stressors, 

whether biological, physical or chemical, was not addressed. 

Effects Assessment Uncertainty 

The prospective effects assessment endpoints (saltwater 

ESCs) are intended to protect populations and ecosystems. 

The effects assessment methods employ single-species 
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toxicity testing endpoints from single stressor exposures to 

construct distributions of species sensitivity for a 

particular chemical stressor. Even if the distribution of 

test species is similar to the ecosystem's true species 

distribution, the effects assessment (extrapolation model) 

methods used in this study can't account for all ecosystem 

interactions. These ecosystem interactions include 

predator-prey relationships, food webs, and competition. 

The predictive effects assessment methods assume that the 

species selected for laboratory toxicity testing will 

adequately represent the range of sensitivity of the 

ecosystem's species. In reality, there is uncertainty that 

the distributions of selected laboratory test species for 

azinphos-methyl and fenvalerate (Appendices A,B) are 

equivalent to the actual species distribution of Leadenwah 

Creek. 

The effects assessment methods also assume that 

azinphos-methyl and fenvalerate toxicity test endpoints 

(LC50, NOEC) for all types of organisms within the estuarine 

community can be described by a symmetrical probability 

distribution on a normal or logarithmic concentration scale. 

Since it is impracticable to determine this data, the degree 

to which this assumption may introduce uncertainty into the 

risk assessment can not be evaluated. Finally, another 

assumption is that the toxicity test data entered in the 

effects assessment models are drawn at random from the 
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estuarine community. This is known not to be the case. 

Species are selected for toxicity testing for many specific 

factors (e.g., ease of culturing, lifespan duration, cost of 

testing, etc.). 

Policy judgement is used to define the extent to which 

individual species should be protected (e.g., 90% vs 95% of 

the species). Although many publications have accepted the 

level of 95% species protection to characterize ecosystem 

protection, this may not be correct. The 5% of species 

predicted to be at risk may actually comprise all species of 

a particular food web or trophic level within an ecosystem. 

The loss of the most sensitive 5% could have critical 

consequences to a particular system. 

Exposure Assessment Uncertainty 

Using ESCs derived from the extrapolation effects 

assessment methods as toxicological benchmarks, model-

estimated pesticide values were generally better predictors 

of observed field bioassay mortality than the limited 

ambient pesticide measurements. However, model-estimated 

pesticide values, predicted by Acevedo et al. (1997), and 

the application values derived from these values (HFs and 

TEEs) did not consistently compare well with observed 

effects to deployed organisms or to pesticide concentrations 

which would be expected to cause adverse effects. Numerous 

variables exist which could play a role in why applications 
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of ESCs, based on model-estimated pesticide values, do not 

correlate with observed in situ bioassay results. Attributes 

specific to the fate and transport model employed by Acevedo 

et al. (1997) to predict model-estimated pesticide 

concentrations can influence the generation of predictions 

which are not representative of actual conditions. 

The baseline pesticide modeling predictions of Acevedo 

et al. (1997) were generated by introducing sufficient 

pesticide values to the model to effectively simulate the 

maximum ambient pesticide concentration measured during the 

runoff episode at the time the sample was collected. The 

fate and transport modeling assumes that measured pesticide 

concentrations (from Scott et al. 1990, 1993) were accurate 

measurements of the true ambient concentrations occurring at 

the time the samples was collected. Ecological risk 

assessment predictions have not accounted for error in the 

true magnitude of ambient pesticide concentrations. Error 

in the true magnitude of pesticide concentrations may result 

from sampling error associated with improper collection, 

storage or measurement error associated with chemical 

analysis. 

Baseline runs were founded on sparse ambient pesticide 

measurements from the Scott et al. (1990, 1993) studies. 

The Acevedo et al. (1997) modeling results rely heavily on 

the tidal influences as measured by the fluctuations in 

Leadenwah Creek salinity. The model considers the 
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relationship between other variables in the empirical model. 

However, not all variables affecting predicted pesticide 

concentrations may have been accounted for by the model. 

Site Assessment Uncertainty 

The physicochemical variables of the estuarine 

ecosystem evaluated for this study, such as rainfall runoff, 

tidal shifts, physical or chemical changes to water quality 

(or a combination of these or other variables) can influence 

bioavailability and spatial orientation of pesticides. 

Fluctuations observed in physical and chemical water 

parameters during runoff episodes in Leadenwah Creek were 

significant enough to influence the viability of aquatic 

species. For example, Scott et al. (1990) reported that the 

1.25" rainfall event of June 10, 1988, had a significant 

effect on the salinity (decreased), pH (decreased), 

temperature (decreased), and dissolved oxygen (initially 

decreased). Moore (1989) reported resulting mortality among 

caged bioassay organisms during rainfall events where a 

substantial drop in salinity (> 10 ppt decrease in 24 h) and 

water temperature (£ 5°C decrease in 24 h) occurred but that 

mortality did not occur when these parameters did not 

substantially change. Scott et al. (1990) also stressed the 

dramatic water quality changes that occurred within one hour 

of the initial rainfall the evening of June 9th, 1986 in 

which water temperature decreased 6°C, dissolved oxygen 
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decreased from 8 mg/L to less than 1 mg/L, pH decreased from 

8.7 to 7.9 and salinity decreased from 28 to 10 ppt. 

Although the control site did not experience high mortality, 

the rapid changes in physical and chemical water quality 

parameters may increase aquatic organisms' vulnerability to 

chemical stressor exposure. 

Ambient water analyses of Leadenwah Creek often 

identified multiple pesticide concentrations in the same 

ambient sample following rainfall runoff events. As a 

result, adverse effects observed in field toxicity tests 

were potentially influenced by combined pesticide exposures. 

This complicates attempts to draw inferences from 

comparisons between a given ambient pesticide concentration, 

estimated pesticide levels generated by fate and transport 

modeling (Acevedo et al. 1997), and that pesticide's 

saltwater ESC concentrations calculated from the 

extrapolation methods. 

It is known that at least one other pesticide was 

measured during some of the runoff episodes evaluated in 

this paper, endosulfan. Endosulfan has been demonstrated to 

exhibit additivity when exposed to estuarine organisms in 

the presence of fenvalerate and/or azinphos-methyl (Scott et 

al. 1990). Other contaminants may also have been present 

during runoff episodes which could have contributed to 

adverse effects to the ecosystem. 
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Laboratory toxicity testing is generally conducted with 

controlled apparatus under regular supervision. In 

laboratory tests, physical and chemical parameters are 

maintained within fixed levels and dosing is typically 

continuous. Testing is generally chemical specific and 

performed under well defined guidelines. However, the 

physical and chemical water quality conditions in Leadenwah 

Creek were known to vary radically within short periods of 

time (Scott et al., 1990). Under ambient conditions, 

exposure to conventional and non-conventional substances is 

ordinarily episodic, and rarely are species subjected to 

just one contaminant at any given time. Any of the 

aforementioned differences between laboratory exposures and 

ambient exposures could have a profound impact on effects to 

an ecosystem. Predicting the single or multiple impact of 

these variables, in addition to the potential impact from 

the measured pesticides in this South Carolina tidal creek, 

is an exceedingly complex task. 

Another variable unaccounted for is the discrepancy 

between the ambient pesticide; concentration that bioassay 

organisms were exposed to and the actual organisms' uptake 

concentrations. Uptake can be influenced by many factors 

including the bioavailability of the pesticide under the 

existing ambient conditions, an organism's rate of 

metabolism and condition. 
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Conclusions 

General Observations 

Comparison of ambient pesticide data with laboratory 

toxicity testing data, analysis of modeled pesticide 

concentrations, and results of the risk characterization 

indicate that ambient azinphos-methyl concentrations 

dominated toxic effects during the four 1986 bioassay 

deployments while ambient fenvalerate concentrations 

accounted for most of the toxicity observed in the 1989 

bioassay deployments. Scott et al. (1990, 1993) reported 

the same findings. 

Generally, there was a positive relationship between 

observed effects among bioassay deployments and predicted 

risk estimates {e.g., HFs, TEEs, percent species at risk) 

derived from the integration of effects assessment profiles 

(i.e., ESCs) and exposure assessment profiles (i.e., model-

estimated pesticide concentrations). However, all measures 

of predicting effects for the 1988 bioassay deployment 

overestimated actual observed mortality to in situ test 

organisms. Based on the relationships between ambient and 

model-estimated fenvalerate concentrations and the predicted 

risk estimates (ESCs, HFs and TEEs) observed among other 

group deployments, 1988 group 4 risk estimates predicted 

higher bioassay mortality than was observed among deployed 

organisms. 
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Hazard Factors 

The azinphos-methyl and fenvalerate model-estimated 

acute hazard factors (HFas) were generally higher than 

ambient Hfs. This is explained by the ability of the 

Acevedo et al. (1997) model to apply fate and transport 

variables to stream runoff conditions and thereby predict 

when a maximum exposure concentrations occurred during 

runoff events which exceeded maximum measured values. The 

higher model-estimated HFas appear to relate more closely 

with observed bioassay mortality across deployment groups. 

In evaluating the HFs calculated from model-estimated 

pesticide concentrations, the Acevedo et al. (1997) model-

estimated maximum concentrations are better predictors of 

the observed bioassay effects reported by Scott et al. 

(1990, 1993) than model-estimated average concentrations. 

This observation suggests that exposure to peak pesticide 

concentrations dominated the observed in situ effects to the 

Leadenwah Creek estuarine community. 

Toxic Exposure Equivalents (TEEs) 

Toxic exposure equivalents (TEEs) calculated using the 

acute ESCs provided values that are approximately twice 

those developed using chronic ESCs. Although the acute TEE 

values appear high, the values alone cannot be 

quantitatively evaluated. One can only say that the higher 

the value, the greater the predicted hazard to the 
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ecosystem's species. However, conversion of a TEE to a 

cumulative exposure concentration can provide the risk 

assessor with a predicted percent of the ecosystem's species 

at risk of adverse effects. 

TEEs calculated using other threshold values (e.g., the 

P. pugio 96-h LC50, the mysid MATC, the P. pugio 6-h MTPD) 

generally compared poorly with corresponding field bioassay 

mortality. 

Percent Species at Risk 

The percent species at risk to cumulative (azinphos-

methyl and fenvalerate) exposure to modeled maximum, modeled 

average and ambient concentrations appear to underestimate 

the observed field bioassay results for those bioassay 

deployments where substantial mortality occurred. 

Given the placement of the bioassay species in the 

pesticide distribution curves and the observed mortality in 

bioassay groups, the cumulative exposure concentrations 

developed from acute TEEs appear to be better predictors of 

species at risk than cumulative exposure concentrations 

developed from chronic TEEs. Application of the cumulative 

exposure concentrations, derived from acute TEEs, to the 

acute distribution models predicted 44% and 65% of the 

ecosystem's species to be at risk to predicted exposure 

scenarios during the 1986 group 3 and group 4 bioassay 

deployments, respectively, while the bioassays exhibited 
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significant mortality to all four test species, including 

the mummichog (a relatively hardy teleost). The cumulative 

exposure concentrations derived from chronic TEEs and 

applied to the chronic distribution models predicted 15% and 

26% of the ecosystem's species to be at risk to predicted 

exposure scenarios during the 1986 group 3 and group 4 

deployments. 

Where substantial mortality was observed among other 

bioassay deployments, respective predictions of species at 

risk compared respectably. However, where minimal mortality 

was observed among bioassay deployments, the cumulative 

acute TEEs predicted substantially fewer species at risk. 

For example, the acute TEE derived cumulative exposure 

concentrations for the 1986 group 2 exposure scenario, 

predicted 27% of the ecosystem's species to be at risk while 

mortality was observed to only one of four species in the 

1986 group 2 bioassay deployments (mysids, 42% mortality). 

Use of the maximum model-estimated concentrations 

provided a better estimate of species at risk than 

assessment of the Scott et al. (1990, 1993) ambient 

concentrations. This study has shown that development of 

stressor exposure profiles through the use of fate and 

transport modeling is an effective component in the 

assessment of ecological risk to a water column community. 

The results of this evaluation demostrate that the 

application fate and transport modeling can improve 
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predictions of episodic exposure when ambient measurements 

are sparse. 

Moreover, the method for calculation of acute TEEs, 

which assess the magnitude, duration and episodic nature of 

natural exposure scenarios through the use of the model-

estimated concentrations, provided a better estimate of 

species at risk than simple analysis of the maximum model-

estimated concentrations. The predicted percent species at 

risk using the TEE-derived cumulative exposure 

concentrations compared well with Scott et al. (1990, 1993) 

bioassay results. These results, although based on limited 

retrospective data, suggest that the prospective method 

presented in this study for probabilistic ecological 

assessment of temporal episodic exposures to chemical 

stressors shows promise. Overall, the results of evaluating 

the percent species at risk (using the Aldenberg and Slob 

extrapolation method) from cumulative acute TEEs for a given 

deployment with the mortality observed in Leadenwah Creek 

are favorable for most of the runoff episodes evaluated. 

Application of Risk Estimations 

Current evaluation of a prescribed safe level for an 

ecosystem (e.g., AWQC) is generally dependent on whether the 

prescribed value is exceeded on not. Determination based on 

solely on exceedance of the standard limits the risk manager 

in two ways; 1) flexibility in decision making and 2) 
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information regarding the potential threat to an ecosystem 

when a criteria value is exceeded. However, application of 

distribution models, which may be set to a predetermined 

safe concentration level (i.e., p = 0.05), can provide the 

risk manager with the tools to overcome these limitations. 

The ability to estimate the risk (as the fixed 

percentage of species at risk in a given ecosystem) 

associated with an ambient or model-estimated exposure 

concentration can serve as a valuable risk management tool. 

Using the chemical-specific prospective effects assessment 

methods, risk managers have the flexibility to select the 

protection (alpha) level of their choice. In addition, for 

any given ambient or model-estimated stressor concentration 

that an ecosystem has been exposed to, the risk manager can 

predict the percent of species within the affected ecosystem 

that are at potential risk to either acute or chronic 

exposure. Although the method was applied to an estuarine 

ecosystem in this study, the method may be used to predict 

ecological risk for chemical exposure to terrestrial 

communities with some modifications. 

For given ecosystems, known toxicity test data sets for 

many chemical stressors could be extrapolated using the 

effects assessment distribution methods. The chemical-

specific acute and chronic distribution models for each 

ecosystem can be stored on computer. Regulators or risk 

managers can access the chemical-specific distribution 
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models and determine the percent species at risk to any 

ambient or model-estimated concentration. Appropriate 

considerations should be taken when the community is exposed 

to multiple stressors simultaneously. 

Although risk estimation of the percent of species at 

risk provides greater information, the presentation of HFs 

and TEEs may still serve a purpose. They provide the risk 

assessor with unitless values that are often easier for risk 

managers and the public to comprehend. Use of the hazard 

factors, especially acute hazard factors (HFas) can be a 

simple and practical application of effects assessment 

profiles (i.e., ESC distribution model methods) for the 

evaluation of episodic perturbations on aquatic ecosystems. 

The risk assessor/manager can select the baseline level of 

protection for an ecosystem which would be acceptable for 

any given chemical stressor. The protective level would 

dictate the percentage of an ecosystem's species at 

potential hazard from exposure to the chemical stressor's 

estimated safe. However, the acute hazard factor provides a 

measure of ecosystem impact based solely on a moment in time 

(i.e., the ambient concentration or the model-estimated 

maximum concentration). The chronic hazard factor is based 

on an average exposure concentration which cannot account 

for short-term exposure to peak concentrations. 

The advantage of the TEE is that it's calculation 

evaluated the magnitude, duration and episodic nature of 
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exposure, normalized to the allowable duration of exposure 

for the ESC it is derived from. This evaluation permits the 

risk assessor to integrate the probability of the 

prospective effects assessment profiles and the prospective 

exposure effects profiles. In this ecological risk 

assessment for the Leadenwah Creek runoff episodes, the 

percent species predicted to be at risk derived from the 

cumulative acute TEEs calculated appears to provide the risk 

assessor with a more accurate representation of the actual 

effects observed among bioassay species exposed to the 

pesticides than prospective assessments based single point 

estimates or measured concentrations. 
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APPENDIX A 

ACUTE SALTWATER SINGLE SPECIES TOXICITY 

TEST DATA USED IN ESC CALCULATION 



A - 2 

Azinphos-methyl Acute Saltwater Single Species Toxicity Test Data. 
concentrations in ug/L 

Species Duration Endpoint SMAV* GMAV** Reference 

Mysidopsis bahia 96-hr LC50 0.29 0.29 Morton et ai. (1997) 

Crangon crangon 96-hr LC50 0.33 0.33 Portmann and Wilson (1971) 

Palaemonetes pugio 96-hr LC50 1.02 Scott etal. (1990) 

Palaemonetes pugio 96-hr LC50 1.07 Scott etal. (1990) 

Palaemonetes pugio 96-hr LC50 1.05 1.05 Scott etal. (1990) 

Cypnnodon variegatus 96-hr LC50 1.99 1.99 Morton et al (1997) 

Penaeus aztecus 96-hr LC50 2.4 2.4 Menzie (1983) 

Atherinops afffnis 96-hr LC50 3.4 3.4 Hemmer et al. (1992) 

Gasterosteus aculeatus 96-hr LC5Q 4.8 Katz (1962) 

Gasterosteus aculeatus 96-hr LC50 12.1 7.6 Katz (1962) 

Menidia berytlina 96-hr LC50 22.8 22.8 Hemmer etal. (1992) 

Fundulus heterociitus 96-hr LC50 22.7 Fulton and Scott (1991) 

Fundulus heterociitus 96-hr LC50 45.5 Fulton and Scott (1991) 

Fundulus heterociitus 96-hr LC50 28.0 Fulton and Scott (1991) 

Fundulus heterociitus 96-hr LC50 36.9 32.2 Fulton and Scott (1991) 

Callinectes sapidus 48-hr EC50 320.0 Mayer (1987) 

Callinectes sapidus 48-hr EC50 550.0 419.5 Butler (1963) 

Crassostrea virginica 48-hr EC50 620.0 620.0 Davis and Hidu (1969) 

Mercenaria mercenaiia 96-hr LC50 860.0 860.0 Davis and Hidu (1969) 
*SMAV - Species Mean Acute Value 

**GMAV - Genus Mean Acute Value 
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Fenvalerate Acute Saltwater Single Species Toxicity Test Data. 
concentrations in ug/L 

Species Duration Endpoint SMAV* GMAV** Reference 

Pafaemonetes pugio 96-hr LC50 0.0032 McKenney and Hamaker (1984) 

Palaemonetes pugio 96-hr LC50 0.0070 Baughman et al. (1989) 

Pafaemonetes pugio 96-hr LC50 0.0240 Moore (1989) 

Palaemonetes pugio 96-hr LC50 0.0200 0.0100 Scott etal (1990) 

Mysidopsis bahia 96-hr LC50 0.008 Schiimmel et al. (1983) 

Mysidopsis bahia 96-hr LC50 0.021 0.013 Borthwick and Walsh (1981) 

Crangon septemspinosa 96-hr LC50 0.04 0.04 McLeeseetal. (1980) 

Corophium acherusicum 96-hr LC50 0.07 0.07 Tagatz and Stanley (1987) 

Homarus americanus 96-hr LC50 0.14 0.14 McLeeseetal. (1980) 

Menidia menidia 96-hr LC50 0.31 0.31 Schimmel et al. (1983) 

Leuresthes tenuis 96-hr LC50 0.30 Clark etal. (1985) 

Leuresthes tenuis 96-hr LC50 0.60 0.42 Mayer (1987) 

Mugil cephalus 96-hr LC50 0.58 0.58 Schimmel etal. (1983) 

Penaeus duorarum 96-hr LC50 0.84 0.84 Schimmel et al. (1983) 

Menidia penisulae 96-hr LC50 1.0 1.0 Clark etal. (1985) 

Atherinops affinis 96-hr LC50 0.7 Hemmeretal. (1992) 

Atherinops affinis 96-hr LC50 4.2 1.7 Goodman et al. (1992) 

Nitocra spinipes 96-hr LC50 1.9 1.9 Linden etal. (1979) 

Alb urn us albumus 96-hr LC50 2.0 2.0 Linden etal. (1979) 

Menidia beryflina 96-hr LC50 1.0 Clark etal. (1985) 

Menidia beryllina 96-hr LC50 4.5 2.1 Hemmer et al. (1992) 

Fundulus heteroclitus 96-hr LC50 1.8 Trim (1987) 

Fundulus heteroclitus 96-hr LC50 2.7 Scott etal. (1990) 

Fundulus heteroclitus 96-hr LC50 2.9 2.4 Scott etal. (1990) 

Opsanus beta 96-hr LC50 2.4 Clark et al. (1985) 

Opsanus beta 96-hr LC50 5.4 3.6 Schiimmel et al. (1983) 

Cyprinodon variegatus 96-hr LC50 4.4 Mayer (1987) 

Cyprinodon variegatus 96-hr LC50 5.0 4.7 Schimmel etal. (1983) 

Laevicardium mortoni 96-hr LC50 12.0 12.0 Tagatz and Stanley (1987) 

Neanthes succinea 96-hr LC50 28.0 28.0 Tagatz and Stanley (1987) 

Mulinia lateralis 96-hr LC50 60.0 60.0 Tagatz and Stanley (1987) 

Brachiostoma caribaeum 96 hour LC50 1,600 1,600 Clark etal. (1987) 
SMAV - Species Mean Acute Value 

GMAV - Genus Mean Acute Value 



APPENDIX B 

CHRONIC SALTWATER SINGLE SPECIES TOXICITY 

TEST DATA USED IN ESC CALCULATION 



Azinphos-methyt Chronic Single Species Toxicity Test Data/ 
concentrations in ug/L 

B - 2 

Species Water Duration Endpoint Value Reference 

Mysidopsls bahia Saltwater 26 d MATC 0.024 Morton et af. (1997) 

Gammarus pseudofimneaus Freshwater 30 d NOEC 0.10 Sanders (1969) 

Daphnia magna Freshwater 21 d NOEC 0.10 Portland (1980) 

Pafaemonetes kadiakensis Freshwater 20 d LC50 0.16 Sanders (1972) 

Ac rone una pacifica Freshwater 30 d LC50 0.24 Jensen and Gaufin (1966) 

Cyprinodon variegatus Saltwater 28 d MATC 0.24 Morton etal. (1997) 

Pimephales promelas Freshwater 22 d NOEC 0.51 Adelman etal. (1976) 

Asellus aquaticus Freshwater 21 d LC50 1.00 Portland (1980) 

Pteronarcys caiifornica Freshwater 30 d LC50 1.30 Jensen and Gaufin (1966) 

Acroneuria lycorias Freshwater 30 d NOEC 1.36 Bell (1971) 

Ophiogomphus rupinsulensis Freshwater 30 d NOEC 1.73 Bell (1971) 

Cloeon dipterum Freshwater 21 d NOEC 2.00 Portland (1980) 

Ephemerefta subvaria Freshwater 30 d NOEC 2.50 Bell (1971) 

Chaoborus crystallinas Freshwater 21 d NOEC 4.00 Portland (1980) 

Pteronarcys dorsata Freshwater 30 d LC50 4.90 Bell (1971) 

Hydropsyche bettoni Freshwater 30 d NOEC 4.94 Bell (1971) 

Procambarus cfarki Freshwater 243 d NOEC 25.0 Sklar (1985) 

Crassostrea virginica Saltwater 10 d MATC 353.0 Pavis and Hidu (1969) 
"Includes Saltwater and Freshwater Chronic Data 
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Fenvalerate Chronic Single Species Toxicity Test Data. 
concentrations in ug/L 

Species Water Duration Endpoint Value Reference 

Palaemonetes pugio Saltwater 21 d MATC 0.00014 McKenney and Hamaker (1984) 

Mysidopsis bahia Saltwater 10 d MATC 0.006 Clark etal. (1989) 

Leuresthes tenuis Saltwater 28 d MATC 0.08 Goodman et al. (1992) 

Menidia peninsufae Saltwater 28 d MATC 0.10 Goodman etal. (1992) 

Menidia menidia Saltwater 28 d MATC 0.12 Goodman et al. (1992) 

Opsanus beta Saltwater 28 d MATC 0.38 Goodman etal. (1992) 

Atherinops afffnis Saltwater 28 d MATC 0.22 Goodman etal. (1992) 

Cyprinodon variegatus Saltwater 28 d MATC 1.06 Dortland (1980) 



APPENDIX C 

CALCULATION OF ESC-SPECIFIC TOXIC 

EXPOSURE EQUIVALENTS AT OR 

ABOVE ESC CONCENTRATION 
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Appendix C lists a tabular presentation of the values 
employed to calculate Toxic Exposure Equivalents (TEEs) 
using predicted pesticide concentrations at or above the 
Estimated Safe Concentration (ESC). A definition of each 
value listed in the ensuing tables is provided along with an 
explanation of how each value is used in the calculation of 
TEEs. 

Method or Threshold Endpoint: The Effects Assessment method 
or Threshold Endpoint used as the basis for calculation of 
the TEE. 

Measurement for TEE Calculation: The type of endpoint 
assessed by the Effects Assessment Method (acute or chronic) 
or Threshold Endpoint {e.g., LC50, MATC). 

Value: The estimated safe concentration, in f^g/L, determined 
by either the Effects Assessment Method or a benchmark value 
determined by the listed Threshold Endpoint. 

Increments at/above ESC: The number of incremental pesticide 
concentrations predicted by the fate and transport model 
which were at or above the Estimated Safe Concentration 
(ESC) or other benchmark value during that given bioassay 
deployment. 

ESC Area: The number of increments of predicted pesticide 
concentration at or above the ESC (or benchmark value) times 
the ESC or benchmark value during that given bioassay 
deployment. 

Total Modeled AUC: The integrated area under the curve (AUC) 
of estimated pesticide concentrations predicted by the fate 
and transport model at or above the ESC (or benchmark value) 
during that given bioassay deployment. 

Modeled AUC over ESC Area: The integrated area under the 
curve (AUC) divided by the ESC Area. 

Duration at/above ESC (hrs): The total time (in hours) where 
predicted pesticide concentrations equaled or exceeded the 
ESC or other benchmark value. 

Allowable Duration: The maximum allowable duration that the 
ecosystem may be exposed to the ESC or Threshold Value 
without adversely impacting the ecosystem. 
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TEEs: Since this interpolation only involves predicted 
pesticide concentrations equal to or above the ESC or 
benchmark value, the Toxic Exposure Equivalents are 
calculated by multiplying the Modeled AUC over ESC Area by 
the Duration at/above ESC and then dividing by the Allowable 
Duration. 

Azinphos-methyl TEEs: 

Measurement Increments Total Modeled Duration Allow-

Method or for TEE Va lue at/above ESC Modeled AUC over at/above able Bioassay 

Threshold Endpoint Calculation Ug/L) ESC Area AUC ESC Area ESC (hrs) Duration T E E S Modeled 

Final Acute Value Acute ESC 0. 138 81 11 .18 18 .89 1 . .69 15 . 1 1 25.5 86 grp 1 

Aldenberg and Slob, Acute ESC 0. 0 82 Ufa 51 22 . 57 2. . 37 22 .5 1 53.4 86 grp 1 

Wagner and Lokke Acute ESC 0. 092 109 10 . 03 21 . 99 2. .19 20 .8 1 45.6 86 grp 1 

Final Chronic Value Chronic ESC 0. 022 212 4 . 6 b 2 b .74 5. .73 42 . 4 96 2.5 86 grp 1 

Aldenberg and Slob Chronic ESC 0. 02b 19b 5. 10 26 . 37 5. 17 39 .4 96 2.1 86 grp 1 

Wagner and Lokke Chronic ESC 0. 027 194 5. 24 26 .32 5. 02 38 .8 96 2.0 86 grp 1 

Mysidopsls bahia MATC 0. 024 201 * . 82 26.50 5. 49 40 .3 624 0.35 86 grp 1 

Cyprinodon variegatus MATC 0 .24 32 7. 68 10. .32 1. 34 6. 0 672 0.01 86 grp 1 

Mysidopsls bahia 96h LC50 0 .29 22 6. 38 7. 82 1. 22 4 . 1 96 0.1 86 grp 1 

Palaemonetes puqio 96h LC50 1 .05 0 0. 00 0. 00 0. 00 0. 0 96 0.0 86 cfrp 1 

Final Acute Value Acute ESC 0. 138 40 5. 52 8. 23 1. 49 6. 8 1 10.2 86 grp 2 

Aldenberg and Slob, Acute ESC 0. 082 69 5. 66 11. .29 2. 01 12 .6 1 25.1 86 grp 2 

Wagner and Lokke Acute ESC 0. 092 6 3 5. 79 10. .79 1. 86 11 .2 1 20.9 86 grp 2 

Final Chronic Value Chronic ESC 0. 022 138 3. 04 14 . 36 4. 72 26 .2 96 1.3 86 grp 2 

Aldenberg and Slob, Chronic ESC 0. 026 127 3. 30 14 .11 4. .27 24 .2 96 1.1 86 grp 2 

Wagner and Lokke Chronic ESC 0. 02"? 1 2b 3. 40 14 .08 4. .14 23 .9 96 1.0 86 grp 2 

Mysidopsis bahia MATC 0. 024 1 3i 3. 19 14 .25 4. .47 25 .4 624 0.18 86 grp 2 

Cyprinodon variegatus MATC (J .24 13 3. U i. 67 1. .18 2. 0 672 0.01 86 grp 2 

Mysidopsis bahia 96h LC50 0 .29 2. 03 2. 18 1. .07 1. 1 96 0.01 86 grp 2 

Palaemonetes puqio 96h LC50 1 . 05 0 0. 00 0. 00 0. .00 0. 0 96 0.0 86 grp 2 

Final Acute Value Acute ESC 0. 138 21 2. 90 12 .2b 4 . .21 3. 8 1 16.0 86 grp 3 

Aldenberg and Slob, Acute ESC 0. 082 34 2. 79 13 .48 4 . .82 6. 1 1 29.3 86 grp 3 

Wagner and Lokke Acute ESC 0. 092 S3 i. .07 13 .40 4. . 37 5. 8 1 25.4 86 grp 3 

Final Chronic Value Chronic ESC 0. 022 68 1. 50 15 . 18 10 .12 12 .6 96 1.3 86 grp 3 

Aldenberg and Slob, Chronic ESC 0. 026 65 1. .69 15 .11 8. .94 11 .9 96 1.1 86 grp 3 

Wagner and Lokke Chronic ESC 0. 027 b5 1. 7b 15 .11 8. , 61 11 .9 96 1.1 86 grp 3 

Mysidopsi s bahia MATC 0. 024 h~ I • 61 15 . 15 9. .41 12 . 3 624 0.2 86 grp 3 

Cyprinodon variegatus MATC 0 .24 18 4 . . 32 11 .7fl 2. ,71 3. 2 672 0.01 86 grp 3 

Mysidopsis bahia 9bh LC50 0 .29 lb 4 . 64 11 .24 2. .42 2. 8 96 0.1 86 grp 3 

Palaemonetes puqio 96h LC50 1 . OS 0 0. 00 0. 00 0, .00 0. 0 96 0.0 86 grp 3 

Final Acute Value Acute ESC 0. 1 38 7 b 10 .49 27 .95 2. , b6 14 .3 1 38.1 86 grp 4 

Aldenberg and Slob, Acute ESC 0. 082 9b 7 „ 87 29 .87 i. .81 18 . 6 1 71.4 86 grp 4 

Wagner and Lokke Acute ESC 0. 092 92 8. «6 29 .54 3. ,49 17 .7 1 61.7 86 grp 4 

Final Chronic Value Chronic ESC 0. 022 150 3. 30 32 .41 9. ,82 29 .7 96 3.0 86 grp 4 

Aldenberg and Slob, Chronic ESC 0. 026 145 3. 77 3 2 .29 8. ,56 28 .6 96 2.6 86 grp 4 

Wagner and Lokke Chronic ESC 0. 027 144 3. 89 32 .26 8. .29 28 .4 96 2.5 86 grp 4 

Mysidopsls bahia MATC 0. 024 149 J. 58 32 .39 9. .05 29 .5 624 0.4 86 grp 4 

Cyprinodon variegatus MATC 0 .24 48 11 .52 22 .88 1. .99 8. 7 672 0.03 86 grp 4 

Mysidopsls bahia 96h LC50 0 .29 40 11 . 60 20 .81 1. .79 6. 9 96 0.13 86 grp 4 

] 9.99 9.9 JL 



Fenvalerate TEEs: 
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Method or 

Threshold Eridpoint 

Measurement 

for TEE 

Calculation 

Value 

Ug/L) 

Increments 

at/above 

ESC 

ESC 

Area 

Total 

Modeled 

AUC 

Modeled 

AUC over 

ESC Area 

Duration 

at/above 

BSC (hrs) 

Al low-

able 

Duration 

Bioassay 

TEES Modeled 

Final Acute Value Acute ESC 0.0086S 18 0. 156 0. ,456 2. 92 3. 3 1 9. 6 86 grp 3 

Aldenberg and Slob, Acute ESC 0.0108 16 0. 173 0. ,4 36 2. 51 2. 8 1 7. 0 86 grp 3 

Wagner and Lokke Acute ESC 0.0111 16 0. 178 0. ,436 2. 45 2. 8 1 6. 8 86 grp 3 

Final Chronic Value Chronic ESC 0.0012 47 0. 056 0. ,549 9. 80 8. 8 96 0. 9 86 grp 3 

Aldenberg and Slob, Chronic ESC 0.00037 56 0. 021 0, ,554 26 .76 11, .0 96 3. 1 86 grp 3 

Wagner and Lokke Chronic ESC 0.00039 56 0. 022 0. ,544 24 .95 11, .0 96 2. 9 86 grp 3 

Mysidopsis bahia 96h LCSO 0.008 19 0. 152 0, ,4 64 3. OS 3. 4 96 0. 1 86 grp 3 

Palaemonetes puglo 96h LCSO 0.003 25 0. 075 0. ,526 7. 01 4. 5 96 0. 3 86 grp 3 

Palaemonetes puqio MTPD 0.025 10 0. 250 0. ,330 1. 48 1. 8 6 0. 4 86 <jrp 3 

Final Acute Value Acute ESC 0.0086S 6 b 0. 571 1. .144 2, 00 12 .0 1 24 .1 86 grp 4 

Aldenberg and Slob, Acute ESC 0.0108 54 0. 583 i. ,034 1. 77 9. 6 1 17 .0 86 grp 4 

Wagner and Lokke Acute ESC 0.0111 53 0. 588 1. ,024 1. 74 9. 4 1 16 .3 86 grp 4 

Final Chronic Value Chronic ESC 0.0012 154 0. 185 1. ,445 7 . 81 31 .0 96 2. 5 86 grp 4 

Aldenberg and Slob, Chronic ESC 0.0003*7 207 0. (P7 1, ,4 80 19.3 42 .0 96 8. 5 86 grp 4 

Wagner and Lokke Chronic ESC 0.00039 206 0. 080 1. ,480 18 1.5 41 .9 96 8. 0 86 grp 4 

Mysidopsis bahia 96h LCSO 0.008 67 0. 536 1, , 152 2. 15 12 .2 96 0. 3 86 grp 4 

Palaemonetes puqio 96h LCSO 0.00 5 119 0. 357 0 . , 3 82 3. 8b 2 3 .0 96 0. 9 86 grp 4 

Palaemonetes puqio MTPD 0.025 10 0. 250 0. , 330 1. 20 1. 8 b 0. 4 86 4 

Final Acute Value Acute ESC 0.00865 29 0. 251 0. ,826 3 . 29 8. 6 1 28 .4 88 grp 4 

Aldenberg and Slob, Acute ESC 0.0108 25 0. 270 0. ,794 2. 94 7. 5 1 22 .1 88 grp 4 

Wagner and Lokke Acute ESC 0.0111 24 0. 266 0. ,781 2. 93 7. 2 1 21 .3 88 grp 4 

Final Chronic Value Chronic ESC 0.0012 48 0. 058 0. ,893 15 .50 15. .0 96 2. 4 88 grp 4 

Aldenberg and Slob Chronic ESC 0.00037 74 0. 027 0. ,908 33 .14 23. .5 96 8. 1 88 grp 4 

Wagner and Lokke Chronic ESC 0,00039 74 0. 029 0. ,781 31 .10 23 .5 96 7. 7 88 grp 4 

Mysidopsis bahia 96h LCSO 0.008 30 0. 240 0. ,825 3. 52 8. 6 96 0. 3 88 grp 4 

Palaemonetes puqio 96h LC50 0.003 40 0. 120 0. ,879 7. 33 12. .0 96 0. 9 88 grp 4 

Palaemonetes puqio MTPD 0.025 18 0. 450 0. ,694 1. 54 4. 9 6 1. 3 88 <?rp 4 

Final Acute Value Acute ESC 0.00865 39 0. 337 1. ,560 4. 75 12 .4 1 58 .9 89 grp 3 

Aldenberg and Slob Acute ESC 0.0108 37 0. 399 1. ,584 3. 96 11 .5 1 45 .6 89 grp 3 

Wagner and Lokke Acute ESC 0.0111 37 0. 411 1. ,584 3. 86 11 .5 1 44 .4 89 grp 3 

Final Chronic Value Chronic ESC 0.0012 59 0. 071 1. ,662 2 3 .48 19 96 4. 7 89 grp 3 

Aldenberg and Slob Chronic ESC 0,00037 75 0. 028 1. ,670 59 .87 24 .6 96 15 .3 89 grp 3 

Wagner and Lokke Chronic ESC 0,00039 75 0. 029 1. , 670 56 .81 24 .6 96 14 .6 89 grp 3 

Mysidopsis bahia 96h LCSO 0.008 40 0. 320 1. ,608 5. 03 12 .7 96 0. 7 89 grp 3 

Palaemonetes puglo 96h LCSO 0. 00 3 49 0. 147 1. .64 4 U .19 15 .6 96 1. 8 89 grp 3 

Palaemonetes puqio MTPD 0.025 27 0. 67 5 1. ,429 2. 12 8. 1 6 2. 9 89 qrp 4 

Final Acute Value Acute ESC 0.00865 83 0. 718 1, .829 2. 55 25 .0 1 63 .8 89 grp 4 

Aldenberg and Slob Acute ESC 0 . 01 0 e ~t'i 0 . 788 1. .74 2 2. 21 21 .3 1 47 .3 89 grp 4 

Wagner and Lokke Acute ESC 0.0111 68 0. ?55 1. . t>8 9 2. 24 20 . 0 1 44 . 5 89 grp 4 

Finaj. Chronic Value C'hionic ESC 0.0012 1 64 '). 197 . 088 10 . bO 52 .5 96 5. , 8 89 grp 4 

Aldenberg and Slob Chronic ESC 0.000 37 27 j •). 101 2, .150 21 . 30 93 . 0 96 20 .6 89 grp 4 

Wagner and Lokke Chronic ESC 0.00039 27 2 0. lUe 2. .15 0 20 .28 93 .0 96 19 .6 89 grp 4 

Mysidopsis bahia 9 6h LC5 0 0.008 84 0. 672 1 . 8 i"7 2. .73 25 . 3 96 0, .7 89 grp 4 

Pa 1aemonetes puqio '' toh LCSO f). 0 0 i : 20 i). ibO . Oiih 5. .57 38 .0 96 2. .2 89 grp 4 

^ - £ £ - 89 



APPENDIX D 

CALCULATION OF ESC-SPECIFIC CHRONIC 

TOXIC EXPOSURE EQUIVALENTS FOR 

TOTAL PESTICIDE EXPOSURE 
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Appendix D lists a tabular presentation of the values 
employed to calculate chronic Toxic Exposure Equivalents 
(TEEs) using all predicted pesticide concentrations, both 
above and below the Estimated Safe Concentration (ESC). 
These TEEs were calculated under the assumption that 
exposures to chronic ESCs are not threshold dependent (i.e., 
any exposure concentration, above or below the safe level, 
will contribute to adverse effects, lethal or non-lethal. 
To mathematically calculate the TEEs accounting for all 
exposure without biasing the TEE value for modeled 
increments of predicted pesticide levels below the ESC, TEEs 
were calculated differently. The principle underlying the 
final calculation is the same. A definition of each value 
listed in the ensuing tables is provided along with an 
explanation of how each value is used in TEE calculation. 

Method or Threshold Endpoint: The Effects Assessment method 
or Threshold Endpoint used as the basis of TEE calculation. 

Measurement for TEE Calculation: The type of endpoint 
assessed by the Effects Assessment Method (acute or chronic) 
or Threshold Endpoint (e.g., LC50, MATC). 

Value: The Estimated Safe Concentration, in /U.g/L, determined 
by either the Effects Assessment Method, at p = 0.05, or a 
benchmark value determined by the listed Threshold Endpoint. 

Increments with Exposure: The number of model increments 
with any estimated pesticide concentrations predicted by the 
fate and transport model during that given bioassay 
deployment. 

Maximum Modeled Value: The maximum estimated pesticide 
concentration predicted by the fate and transport model 
during that given bioassay deployment. 

Total Area: Area represented by the product of the maximum 
estimated pesticide concentration predicted by the fate and 
transport model and the total number of model increments 
with any estimated pesticide concentration during that given 
bioassay deployment. 

Total Modeled AUC: The integrated area under the curve (AUC) 
of estimated pesticide concentrations predicted by the fate 
and transport model at or above the ESC (or benchmark value) 
during that given bioassay deployment. 
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AUC Divided by Total: The cumulative integrated area under 
the curve (Total Modeled AUC) divided by the Total Area. 

Ratio Max. Modeled to ESC: The maximum estimated pesticide 
concentration predicted by the fate and transport model 
divided by the ESC (or benchmark value) during that given 
bioassay deployment. 

TEEs not Duration Adjusted: The TEES that are not adjusted 
for duration are calculated as the maximum estimated 
pesticide concentration over the ESC multiplied by the 
fraction of the Total Area to integrated area under the 
curve (or the Ratio Max. Modeled to ESC multiplied by the 
AUC Divided by Total) . 

Hours of Exposure: The total time (in hours) where any 
estimated pesticide concentrations was predicted to occur. 

Allowable Duration: The maximum allowable duration that the 
ecosystem may be exposed to the ESC or Threshold Value 
without adversely impacting the ecosystem. 

Final TEEs: The Toxic Exposure Equivalents (TEEs), 
calculated by multiplying the TEEs not Duration Adjusted by 
the Hours of Duration and then dividing by the Allowable 
Duration. 
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TABLE 1. Acute Saltwater Estimated Safe Concentrations for Azinphos-methyl and 

Fenvalerate in pg/L (One-sided 95% confidence underestimate). 

Effects Method Azinphos-methyl Fenvalerate 

Stephan et al. (1985) Final Acute Value 0.138 0.0087 

Aldenberg and Slob (1991), p = 0.05 0.082 (0.0032) 0.0108 (0.0012) 

Aldenberg and Slob (1991), p = 0.01 0.0054 0.00077 

Wagner and Lokke (1991), p = 0.05 0.092 (0.0046) 0.0111 (0.0015) 

Most Sensitive Vertebrate 2.00 0.30 

Most Sensitive Invertebrate 0.29 0.0032 

TABLE 2. Chronic Saltwater Estimated Safe Concentrations for Azinphos-methyl and 

Fenvalerate in pg/L (One-sided 95% confidence underestimate). 

Effects Method Azinphos-methyl Fenvalerate 

Stephan et al. (1985) Final Chronic Value 0.022 0.0012 

Aldenberg and Slob (1991), p = 0.05 0.026 (0.0037) 0.00037 (0.0000039) 

Aldenberg and Slob (1991), p = 0.01 0.0032 0.000023 

Wagner and Lokke (1991), p = 0.05 0.027 (0.0046) 0.00039 (0.0000065) 

Most Sensitive Vertebrate 0.24 0.08 

Most Sensitive invertebrate 0.024 0.00014 
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Table 8. Azinphos-methyl Stephan et al. Hazard Factors vs Field Bioassay Mortality. 

Azinphos-methyl Hazard Factors Developed From: Stephan et al. ESCs 

Model Episode/ Modeled Modeled 
Bioassav Group FCV HFc FAV HFa 

% Mortality Model Episode/ Modeled Modeled 
Bioassav Group FCV HFc FAV HFa Mysid P. pugio Penaeus sp 

1986/Group 1 2.91 3.55 100 30 100 

1986 / Group 2 1.48 2.42 42 0 0 

1986/Group 3 1.49 7.13 44 73 65 

1986 / Group 4 3.34 7.13 50 70 100 

1988 / Group 4 0.02 0.08 44 0 17 

1989/Group 3 0.06 0.15 100 72 48 

1989 / Group 4 0.07 0.01 100 37 13 

Table 9. Fenvalerate Stephan et al. Hazard Factors vs Field Bioassay Mortality. 

Fenvalerate Hazard Factors Developed From: Stephan et al. ESCs 

Model Episode/ Modeled Modeled 
Bioassav Group FCV HFc FAV HFa 

% Mortality Model Episode/ Modeled Modeled 
Bioassav Group FCV HFc FAV HFa Mysid P. pugio Penaeus sp 

1986 / Group 1 0.00 0.00 100 30 100 

1986 / Group 2 0.00 0.00 42 0 0 

1986 / Group 3 0.97 4.42 44 73 65 

1986 / Group 4 2.72 4.42 50 70 100 

1988 / Group 4 2.56 8.24 44 0 17 

1989/Group 3 4.93 10.73 100 72 48 

1989 / Group 4 6.36 5.81 100 37 13 

Table 10. Cumulative Stephan et al. Hazard Factors vs Field Bioassay Mortality. 

Cumulative Hazard Factors Developed From: Stephan et al. ESCs 

Model Episode/ Modeled Modeled 
Bioassay Group FCV HFc FAV HFa 

% Mortality Model Episode/ Modeled Modeled 
Bioassay Group FCV HFc FAV HFa Mysid P. pugio Penaeus sp 

1986 / Group 1 2.91 3.55 100 30 100 

1986 / Group 2 1.48 2.42 42 0 0 

1986/Group 3 2.46 11.55 44 73 65 

1986/Group 4 6.06 11.55 50 70 100 

1988 / Group 4 2.58 8.32 44 0 17 
1989 / Group 3 4.99 10.88 100 72 48 

1989 / Group 4 6.43 5.82 100 37 13 
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Table 11. Azinphos-methyl Aldenberg and Slob (p = 0.05) Hazard Factors vs Field Bioassay Mortality. 

Azinphos-methyl Hazard Factors Developed From: Aldenberg and Slob ESCs 

Model Episode/ 
Bioassay Group 

Modeled Modeled % Mortality Model Episode/ 
Bioassay Group HFc HFa Mysid P. pugio Penaeus sp 

1986/Group 1 2.47 5.98 100 30 100 

1986 /Group 2 1.25 4.07 42 0 0 

1986/Group 3 1.26 12.00 44 73 65 

1986/Group 4 2.83 12.00 50 70 100 

1988/Group 4 0.02 0.13 44 0 17 

1989/Group 3 0.05 0.25 100 72 48 

1989/Group 4 0.06 0.02 100 37 13 I 

Table 12. Fenvalerate Aldenberg and Slob (p = 0.05) Hazard Factors vs Field Bioassay Mortality. 

Fenvalerate Hazard Factors Developed From: Aldenberg and Slob ESCs 

Model Episode/ Modeled Modeled % Mortality 

Bioassay Group HFc HFa Mysid P. pugio Penaeus sp 

1986 / Group 1 0.00 0.00 100 30 100 

1986 / Group 2 0.00 0.00 42 0 0 

1986/Group 3 3.16 3.52 44 73 65 

1986/Group 4 8.89 3.52 50 70 100 

1988 /Group 4 8.38 6.56 44 0 17 

1989/Group 3 16.14 8.55 100 72 48 

1989 /Group 4 20.81 4.63 100 37 13 

Table 13. Cumulative Aldenberg and Slob (p = 0.05) Hazard Factors vs Field Bioassay Mortality. 

Cumulative Hazard Factors Developed From: Aldenberg and Slob ESCs 

Model Episode/ Modeled Modeled % Mortality 

Bioassay Group HFc HFa Mysid P. pugio Penaeus sp 

1986/Group 1 2.47 5.98 100 30 100 

1986 / Group 2 1.25 4.07 42 0 0 

1986 / Group 3 4.42 15.52 44 73 65 

1986 / Group 4 11.72 15.52 50 70 100 

1988 / Group 4 8.40 6.69 44 0 17 

1989 / Group 3 16.19 8.80 100 72 48 
1989 / Group 4 20.87 4.65 100 37 13 
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Table 14. Azinphos-methyl Acute Ambient Hazard Factors (HFa) vs Field Bioassay Mortality. 

Azinphos-methyl Ambient Acute Hazard Factors (HFa) 
Ambient Ambient 

Model Episode/ Stephan et al. Aldenberg and Slob 

Bioassay Group FAV HFa A&S HFa 
% Mortality 

Ambient Ambient 
Model Episode/ Stephan et al. Aldenberg and Slob 

Bioassay Group FAV HFa A&S HFa Mysid P. pugio Penaeus sp 
1986/Group 1 1.69 2.84 100 30 100 
1986 / Group 2 1.69 2.84 42 0 0 
1986/Group 3 4.25 7.15 44 73 65 
1986 / Group 4 4.25 7.15 50 70 100 
1988 / Group 4 0.09 0.15 44 0 17 
1989 / Group 3 0.12 0.20 100 72 48 
1989 /Group 4 0.00 0.00 100 37 13 

Table 15. Fenvalerate Ambient Acute Hazard Factors (HFa) vs Field Bioassay Mortality. 

Fenvalerate Ambient Acute Hazard Factors (HFa) 
Ambient Ambient 

Model Episode/ Stephan et al. Aldenberg and Slob 

Bioassay Group FAV HFa A&S HFa 
% Mortality 

Ambient Ambient 
Model Episode/ Stephan et al. Aldenberg and Slob 

Bioassay Group FAV HFa A&S HFa Mysid P. pugio Penaeus sp 
1986/Group 1 0.00 0.00 100 30 100 
1986/Group 2 0.00 0.00 42 0 0 
1986 /Group 3 3.72 2.96 44 73 65 
1986/Group 4 3.72 2.96 50 70 100 
1988 / Group 4 7.91 6.30 44 0 17 
1989 / Group 3 10.81 8.61 100 72 48 
1989 / Group 4 2.44 1.94 100 37 13 

Table 16. Cumulative Ambient Acute Hazard Factors (HFa) vs Field Bioassay Mortality. 

Cumulative Acute Hazard Factors (HFa) 
Ambient Ambient 

Model Episode/ Stephan et al. Aldenberg a<id Slob % Mortality 

Bioassay Group FAV HFa A&S HFa Mysid P. pugio Penaeus sp 
1986 / Group 1 1.69 2.84 100 30 100 
1986 / Group 2 1.69 2.84 42 0 0 
1986 / Group 3 7.97 10.11 44 73 65 
1986 / Group 4 7.97 10.11 50 70 100 
1988 / Group 4 8.00 6.45 44 0 17 
1989 / Group 3 10.93 8.81 100 72 48 
1989 / Group 4 2.44 1.94 100 37 13 
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Table 23. Cumulative toxic exposure equivalents (TEEs) for azinphos-methyl and fenvalerate; 

modeling episode 1986, Group 3 bioassay. 

Effects Assessment Method or 

Measurement 

for TEE 

Duration Modeled 

Values Exceed Percent Mortality in Field Bioassay 

Species of Interest Calculation Measurement (hr) TEEs Mysid P. pugio Penaeus sp Mummichog 

Final Acute Value Acute ESC 7.1 25.6 44 73 65 65 

Aldenberg and Slob, (p = 0.05) Acute ESC 8.9 36.3 44 73 65 65 

Wagner and Lokke, (p = 0.05) Acute ESC 8.6 32.2 44 73 65 65 

Final Chronic Value Chronic ESC 21.4 2.3 44 73 65 65 

Aldenberg and Slob, (p = 0.05) Chronic ESC 22.9 4.3 44 73 65 65 

Wagner and Lokke, (p = 0.05) Chronic ESC 22.9 4.2 44 73 65 65 

Most Sensitive Vertebrate 96h LC50 0.0 0.0 65 

Most Sensitive Invertebrate 96h LC50 9.1 0.5 44 73 

Mysidopsis bahia 96h LC50 6.2 0.2 44 

Paiaemonetes pugio 96h LC50 6.3 0.4 73 

Penaeus sp. 96h LC50 0.0 0.0 65 

Fundulus heteroclitus 96h LC50 0.0 0.0 65 

Table 24. Cumulative toxic exposure equivalents (TEEs) for azinphos-methyl an 

modeling episode 1986, Group 4 bioassay. 
id fenvalerai te; 

Effects Assessment Method or 

Measurement 

for TEE 

Duration Modeled 

Values Txceed Percent Mortality in Field Bioassay 

Species of Interest Calculation Measurement (hr) TEEs Mysid P. pugio Penaeus sp Mummichog 

Final Acute Value Acute ESC 26.3 62.2 50 70 100 100 

Aldenberg and Slob, (p = 0.05) Acute ESC 28.2 88.4 50 70 100 100 

Wagner and Lokke, (p = 0.05) Acute ESC 27.1 78.0 50 70 100 100 

Final Chronic Value Chronic ESC 60.7 6.0 50 70 100 100 

Aldenberg and Slob, (p = 0.05) Chronic ESC 70.6 11.5 50 70 100 100 

Wagner and Lokke, (p = 0.05) Chronic ESC 70.3 10.9 50 70 100 100 

Most Sensitive Vertebrate 96h LC50 0.0 0.0 100 

Most Sensitive Invertebrate 96h LC50 29.9 1.4 50 70 

Mysidopsis bahia 96h LC50 19.1 0.6 50 

Palaemonetes pugio 96h LC50 23.0 1.1 70 

Penaeus sp. 96h LC50 0.0 0.0 100 

Funduius heteroclitus 96h LC50 0.0 0.0 100 
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Table 28. Stephan et al. FAV Acute ESC Toxic Exposure Equivalents (TEEs) vs Field Bioassay Mortality. 

Toxic Exposure Equivalents Developed From: Stephan et al. FAV ESC 

Model Episode/ Azmphoŝothyi Fenvai.rate Cumulative 

Bioassay Group TEEs TEEs TEEs 

% Mortality Model Episode/ Azmphoŝothyi Fenvai.rate Cumulative 

Bioassay Group TEEs TEEs TEEs Mysid P. pugio Penaeus sp 

1986 / Group 1 25.5 0.0 25.5 100 30 100 

1986/Group 2 10.2 0.0 10.2 42 0 0 

1986/ Group 3 16.0 9.6 25.6 44 73 65 

1986 / Group 4 38.1 24.1 62.2 50 70 100 

1988 / Group 4 0.0 28.4 28.4 44 0 17 

1989/Group 3 0.0 58.9 58.9 100 72 48 

1989/Group 4 0.0 63.8 63.8 100 37 13 

Table 29. Aldenberg and Slob Acute ESC Toxic Exposure Equivalents (TEEs) vs Field Bioassay Mortality. 

Toxic Exposure Equivalents Developed From: Aldenberg and Slob (p = 0.05) Acute ESC 

Model Episode/ Azlnphos-methyl Fenvalerato Cl'TIUlative 

Bioassay Group TEEs TEEs TEEs 

% Mortality Model Episode/ Azlnphos-methyl Fenvalerato Cl'TIUlative 

Bioassay Group TEEs TEEs TEEs Mysid P. pugio Penaeus sp 

1986/Group 1 53.4 0.0 53.4 100 30 100 

1986 /Group 2 25.1 0.0 25.1 42 0 0 

1986 / Group 3 29.3 7.0 36.3 44 73 65 

1986 / Group 4 71.4 17.0 88.4 50 70 100 

1988 / Group 4 0.0 22.1 22.1 44 0 17 

1989 / Group 3 0.0 45.6 45.6 100 72 48 

1989 / Group 4 0.0 47.3 47.3 100 37 13 
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Table 30. Stephan et al. FCV Chronic ESC Toxic Exposure Equivalents (TEEs) vs Field Bioassay Mortality. 

Toxic Exposure Equivalents Developed From: Stephan et al. FCV Chronic ESC 

Model Episode/ Azinphos-methyl Fanvalerate Cumulative 

Bioassay Group TEEs TEEs TEEs 

% Mortality Model Episode/ Azinphos-methyl Fanvalerate Cumulative 

Bioassay Group TEEs TEEs TEEs Mysid P. pugio Penaeus sp 

1986/ Group 1 2.8 0.0 2.8 100 30 100 

1986/Group 2 1.5 0.0 1.5 42 0 0 

1986/Group 3 1.4 0.9 2.3 44 73 65 

1986/Group 4 3.3 2.7 6.0 50 70 100 

1988 / Group 4 0.0 2.6 2.6 44 0 17 

1989/Group 3 0.0 5.0 5.0 100 72 48 

1989 / Group 4 0.0 6.5 6.5 100 37 13 

Table 31. Alderiberg and Slob Chronic ESC Toxic Exposure Equivalents (TEEs) vs Field Bioassay Mortality. 

Toxic Exposure Equivalents Developed From: Aldenberg and Slob (p = .05) Chronic ESC 

Model EpiSOde/ Azinphos-methyl Fen valerate Cumulative 

Bioassay Group TEEs TEEs TEEs 

% Mortality Model EpiSOde/ Azinphos-methyl Fen valerate Cumulative 

Bioassay Group TEEs TEEs TEEs Mysid P. pugio Penaeus sp 

1986/Group 1 2.4 0.0 2.4 100 30 100 

1986 / Group 2 1.3 0.0 1.3 42 0 0 

1986 / Group 3 1.2 3.1 4.3 44 73 65 

1986 / Group 4 2.8 8.7 11.5 50 70 100 

1988 / Group 4 0.0 8.4 8.4 44 0 17 

1989 / Group 3 0.0 16.3 16.3 100 72 48 

1989 / Group 4 0.0 21.0 21.0 100 37 13 
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Table 32. Cumulative Mysid 96h LC50 Toxic Exposure 
Equivalents vs Mysid Field Bioassay Mortality 

Cumulative Toxic Exposure Equivalents (TEEs) 
Developed From: Mysid 96h LC50 

Model Episode/ Cumulative % Mortality 

Bioassay Group TEEs Mysid 

1986/Group 1 0.2 100 

1986 / Group 2 0.11 42 

1986/ Group 3 0.25 44 

1986 / Group 4 0.65 50 

1988/Group 4 0.38 44 

1989/Group 3 0.75 100 

1989/ Group 4 0.94 100 

Table 33. Cumulative P. pugio 96h LC50 Toxic Exposure 
Equivalents vs P. pugio Field Bioassay Mortality 

Toxic Exposure Equivalents (TEEs) Developed From: 
P. pugio 96h LC50 

Model Episode/ Cumulative % Mortality 

Bioassay Group TEEs P. pugio 

1986 / Group 1 0 30 

1986 / Group 2 0 0 

1986 / Group 3 0.38 73 

1986 / Group 4 1.1 70 

1988 / Group 4 1 0 

1989 / Group 3 2 72 

1989 / Group 4 2.6 37 
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Table 34. Mysid 28d Azinphos-methyl MATC Toxic Exposure 
Equivalents vs Mysid Field Bioassay Mortality. 

Mysid 28d Azinphos-methyl MATC TEEs vs Mysid 
Field Bioassay Mortality 

Model Episode/ Mysid % Mortality 

Bioassay Group MATC TEES Mysid 

1986 / Group 1 0.4 100 

1986/Group 2 0.2 42 

1986/Group 3 0.2 44 

1986/Group 4 0.5 50 

Table 35. P. pugio 6h Fenvalerate Maximum Tolerated Pulse Dose 
(6h MTPD) Toxic Exposure Equivalents vs P. pugio Field Bioassay Mortalit 

P. pugio 6h Fenvalerate Maximum Tolerated Pulse Dose 
(6h MTPD) TEEs vs P. pugio Field Bioassay Mortality 

Model Episode/ P. pugio % Mortality 

Bioassay Group 6h MTPD TEEs P. pugio 

1986 / Group 3 0.04 73 

1986/Group 4 0.13 70 

1988 / Group 4 0.12 0 

1989/Group 3 0.24 72 

1989 / Group 4 0.3 37 
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Table 36. Percent Species at Risk to Ambient Azinphos-methyl Applying Acute Distribution Data to Aldenberg 
and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Ambient % Species % Mortality 

Bioassay Group Maximum at Risk Mysid P. puglo Penaeus sp Mummlchog 

1986 / Group 1 0.233 9.0 100 30 100 0 

1986 / Group 2 0.233 9.0 42 0 0 0 

1986/Group 3 0.586 14.8 44 73 65 65 

1986/Group 4 0.586 14.8 50 70 100 100 

1988 / Group 4 0.012 1.6 44 0 17 3.3 

1989/Group 3 0.016 1.9 100 72 48 0 

1989/ Group 4 0.000 0.0 100 37 13 0 

Table 37. Percent Species at Risk to Modeled Maximum Azinphos-methyl Applying Acute Distribution Data to 
Aldenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Modeled % Species % Mortality 

Bioassay Group Maximum at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986/Group 1 0.4900 13.4 100 30 100 0 

1986/Group 2 0.3335 11.0 42 0 0 0 

1986/ Group 3 0.9844 19.2 44 73 65 65 

1986 / Group 4 0.9844 19.2 50 70 100 100 

1988 /Group 4 0.0104 1.5 44 0 17 3.3 

1989 / Group 3 0.0209 2.2 100 72 48 0 

1989/ Group 4 0.0149 1.8 100 37 13 0 

Table 38. Percent Species at Risk to Modeled Average Azinphos-methyl Applying Chronic Distribution Data to 
Aldenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Modeled % Species % Mortality 

Bioassay Group Average at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986 / Group 1 0.0641 9.5 100 30 100 0 

1986 / Group 2 0.0325 5.8 42 0 0 0 

1986 / Group 3 0.0327 5.9 44 73 65 65 

1986/Group 4 0.0735 10.5 50 70 100 100 

1988/Group 4 0.0005 0.2 44 0 17 3.3 

1989 / Group 3 0.0013 0.5 100 72 48 0 

1989 / Group 4 0.0015 0.6 100 37 13 0 
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Table 39. Percent Species at Risk to Ambient Fenvalerate Applying Acute Distribution Data to Aidenberg 
and Slob (p = 0.05} Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Ambient % Species % Mortality 

Bioassay Group Maximum at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986/ Group 1 0.000 0.0 100 30 100 0 

1986 / Group 2 0.000 0.0 42 0 0 0 

1986 /Group 3 0.032 9.4 44 73 65 65 

1986/Group 4 0.032 9.4 50 70 100 100 

1988 / Group 4 0.068 14.2 44 0 17 3.3 

1989 / Group 3 0.093 16.8 100 72 48 0 

1989 / Group 4 0.021 7.4 100 37 13 0 

Table 40. Percent Species at Risk to Modeled Maximum Fenvalerate Applying Acute Distribution Data to 
Aidenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Modeled % Species % Mortality 

Bioassay Group Maximum at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986/Group 1 0.0000 0.0 100 30 100 0 

1986/Group 2 0.0000 0.0 42 0 0 0 

1986/ Group 3 0.0380 10.3 44 73 65 65 

1986 / Group 4 0.0380 10.3 50 70 100 100 

1988/Group 4 0.0709 14.5 44 0 17 3.3 

1989 / Group 3 0.0923 16.7 100 72 48 0 

1989 /Group 4 0.0500 12.0 100 37 13 0 

Table 41. Percent Species at Risk to Modeled Average Fenvalerate Applying Chronic Distribution Data to 
Aidenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Modeled % Species % Mortality 

Bioassay Group Average at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986/ Group 1 0.0000 0.0 100 30 100 0 

1986/Group 2 0.0000 0.0 42 0 0 0 

1986 / Group 3 0.0012 9.5 44 73 65 65 

1986/Group 4 0.0033 16.1 50 70 100 100 

1988 / Group 4 0.0030 15.4 44 0 17 3.3 

1989 / Group 3 0.0060 21.5 100 72 48 0 

1989/Group 4 0.0077 24.5 100 37 13 0 
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Table 42. Percent Species at Risk to Cumulative (Azinphos-methyi and Fenvalerate) Modeled Maximum Concentrations Applying Acute 
Distribution Data to Aldenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk 

% Mortality 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk Mysid P. puaio Penaaus sp Mummichog 

1986 / Group 1 13.4 0.0 13.4 100 30 100 0 

1986/Group 2 11.0 0.0 11.0 42 0 0 0 

1986 /Group 3 19.2 10.3 29.5 44 73 65 65 

1986 / Group 4 19.2 10.3 29.5 50 70 100 100 

1988 /Group 4 1.5 14.5 16.0 44 0 17 3.3 

1989 /Group 3 2.2 16.7 18.9 100 72 48 0 

1989 / Group 4 1.8 12.0 13.8 100 37 13 0 

Table 43. Percent Species at Risk to Cumulative (Azinphos-methyi and Fenvalerate) Modeled Average Concentrations Applying Chronic 
Distribution Data to Aldenberg and Slob (p * 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk 

% Mortality 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk Mysid P.puQio Panaeus sp Mummichog 

1986 / Group 1 9.5 0.0 9.5 100 30 100 0 

1986 / Group 2 5.8 0.0 5.8 42 0 0 0 

1986 / Group 3 5.9 9.5 15.4 44 73 65 65 

1986 /Group 4 10.5 16.1 26.6 50 70 100 100 

1988/Group 4 0.2 15.4 15.6 44 0 17 3.3 

1989 / Group 3 0.5 21.5 22.0 100 72 48 0 

1989 / Group 4 0.6 24.5 25.1 100 37 13 0 

Table 44. Percent Species at Risk to Cumulative (Azinphos-methyi and Fenvalerate) Ambient Concentrations Applying Acute 
Distribution Data to Aldenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk 

% Mortality 

Azinphos-methyi Fenvalerate Cumulative 

Model Episode/ % Species % Species % Species 

Bioassay Group at Risk at Risk at Risk Mysid P. pugio Penaeus sp Mummichog 

1986 / Group 1 9.0 0.0 9.0 100 30 100 0 

1986 / Group 2 9.0 0.0 9.0 42 0 0 0 

1986 / Group 3 14.8 9.4 24.2 44 73 65 65 

1986 / Group 4 14.8 9.4 24.2 50 70 100 100 

1988/Group 4 1.6 14.2 15.8 44 0 17 3.3 

1989 / Group 3 1.9 16.8 18.7 100 72 48 0 

1989/Group 4 0.0 7.4 7.4 100 37 13 0 
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Table 45. Percent Species at Risk to Aldenberg and Slob Acute Azinphos-methyl TEEs Applying Acute Distribution Data 
to Aldenberg and Slob (p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Acute Equivalent % Species % Mortality 

Bioassay Group TEEs Concentration at Risk Mysid P. pus/to P9M9US SP Mummlchog 

1986/Group 1 53.4 4.379 36.9 100 30 100 0 
1986/Group 2 25.1 2.058 27.0 42 0 0 0 

1986/Group 3 29.3 2.403 28.9 44 73 65 65 
1986/Group 4 71.4 5.855 41.1 50 70 100 100 
1988 / Group 4 0.0 0.000 0.0 44 0 17 3.3 
1989/Group 3 0.0 0.000 0.0 100 72 48 0 

1989/Group 4 0.0 0.000 0.0 100 37 13 0 

Table 46. Percent Species at Risk to Aldenberg and Slob Chronic Azinphos-methyl TEEs Applying Chronic Distribution 
Data to Aldenberg and Slob (p = 0.05) Extrapolation Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Chronic Equivalent % Species % Mortality 

Bioassay Group TEEs Concentration at Risk Mysid P. pugio Penaeus sp Mummlchog 

1986/Group 1 2.4 0.061 9.2 1 100 30 100 0 

1986/Group 2 1.3 0.034 6.0 42 0 0 0 
1986/Group 3 1.2 0.031 5.6 44 73 65 65 
1986/Group 4 2.8 0.073 10.4 50 70 100 100 
1988/Group 4 0.0 0.000 0.0 44 0 17 3.3 
1989 / Group 3 0.0 0.000 0.0 100 72 48 0 
1989/Group 4 0.0 0.000 0.0 100 37 13 0 

Table 47. Percent Species at Risk to Aldenberg and Slob Acute Fenvalerate TEEs Applying Acute Distribution Data to 
Aldenberg and Slob {p = 0.05) Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Acute Equivalent % Spccies % Mortality 

Bioassay Group TEEs Concentration at Risk Mysid P. pugio P9M9US SP Mummlchog 

1986/Group 1 0.0 0.000 0.0 100 30 100 0 

1986/Group 2 0.0 0.000 0.0 42 0 0 0 
1986/Group 3 7.0 0.076 15.1 44 73 65 65 
1986/Group 4 17.0 0.184 23.6 50 70 100 100 
1988/Group 4 22.1 0.239 26.6 44 0 17 3.3 
1989/Group 3 45.6 0.492 36.3 100 72 48 0 

1989/Group 4 47.3 0.511 36.8 100 37 13 0 

Table 48. Percent Species at Risk to Aldenberg and Slob Chronic Fenvalerate TEEs Applying Chronic Distribution Data to 
Aldenberg and Slob (p = 0.05) Extrapolation Extrapolation Method vs Field Bioassay Mortality. 

Model Episode/ Chronic Equivalent % Species % Mortality 

Bioassay Group TEEs Concentration at Risk Mysid P. pugio P9M9US SP Mummlchog 

1986 / Group 1 0.0 0.0000 0.0 100 30 100 0 
1986/Group 2 0.0 0.0000 0.0 42 0 0 0 
1986/Group 3 3.1 0.0011 9.3 44 73 65 65 
1986/Group 4 8.7 0.0032 15.9 50 70 100 100 
1988/ Group 4 8.4 0.0031 15.6 44 0 17 3.3 
1989/Group 3 16.3 0.0060 21.5 100 72 48 0 
1989 / Group 4 21.0 0.0078 24.2 100 37 13 0 
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F-15 

B J H p 3 | e p o i / \ | e A R B i n i u n o 

CM O 

• • • 

UL CO 

x 
a 
</> 

I (0 
E? 
J 

"8 
2 

• 

O 
o 

o 
00 

o 
CO 

o 
1̂* 

o 
CM 

A j p i J O i M % 



F - 1 6 

B d H q ° I S P U B 6 j s q u 0 p i v l u a j q u i v 

© t o I 
(/) 
3 
"5. 
£ 

I 
I 
</> 00 < 

I s 

* 

o 
o 

o 
co o 

CD 
O O 

CM 

A j u e y o i / N j % 



F - 1 7 

B J H A V J |B j a u e q d a i s l u s j q i u v 

UL W 

1 
1= 
4> 
2 
E < 
"5. £ 

• 

E < 

• 
o/0 



F-18 

e d H tus.iqujv aAj}e|nuino 

I 
W 

E 
3 o 

E 
3 

• 

o 
o o 

CO 
o 
CO 

o o 
CM 

/4!|eyoiM % 



F - 1 9 

s}U0|BAmb3 ajnsodxg o.ixox 

LU (O 

ID 
IS 

4> 
a 

\\ 
•5. # 

* 
8* 
<0 3 
IS 
2 
0) 
£L 

o 
o 

o 
00 

o 
CO 

o o 
CM 



F - 2 0 

s j u a i B A j n b g s j n s o d x g o p c o i 

W 
UJ 
HI 

b 

B 

3 
CT 

LU 

£ 
=3 
W 
O 
CL 

l 3 
o 

*5< 
o 

h -

o 
CO 
UJ 
<D 
=J 
O < 

£ 
€ 
O 

2o 
$ 

CO 
.2 

o ^ 
O 0) 

ii IT 
3 § 
XI 
. 2 
CO 
XJ c 
(0 

E? 
0) 

-Q 
c 
0 

"O 

O) 

O) 

(0 
s 

* 
£ 
3 

t 
£ 
i 

£ £ 
o 
5 
# 

O 
O 

O 
oo 

o 
CD 

O o 
<N 

A M I B ^ o i a j % 



F-21 

sjueiBAmbg ejnsodxg O.IXOJL 

ll. uu 

o 
o o 

00 
o 
CO 

o 
CM 

A*!|BIJOW % 



F-22 

s } u a | B A m b 3 a j n s o d x g o p c o i 

D ) W 

O 
O 

O 
0 0 

o 
CD 

O o 
CM 

A h i b j j o i a i % 



F-23 

sjuajBAinbg ajnsodxg oixoj. 

</) 
LU 
111 
b 

ja 
c 
0) 
CO > 
*3 
cr 
LU 
<D 

0) 
O 
CL 

fit 

•S-S 
O o 

O 
(O 
LU 
O 

8 
03 
O 

O DQ 

^ 2 
O 

O g 
LL ^ 

*5 

C 
03 
-C 
CL 
s 
(/) 

c\i 
CM 

=J O) 

' m m m m$mm. 

w m m m m 

> o 

5 

* 
s 

"5, 
€ 

I 
£ 
g 
o 
2 

£ 

o 
o 

o 
00 

o 
CO 

o 
Tfr 

o 
C\| 

/4!|bijo|AI % 



F - 2 4 

s j u a i e / u n b g a j n s o d x g o j x o j . 

o 
o o 

00 
o 
CO 

o o 
CM 

/ t y i e y o i f l % 



F - 2 5 

s^uaiEAinbg ejnsodxg opcox 

w/mmmm, 

wmmmm 
wmm^m 

o 
o o 

CO CO 
o 
<N 

i 
E 
3 

O 

* 
i 
£ 
o 2 

£ 
€ 
I 
o 



F-26 

sjuaieAmbg djnsodxg ojxox Ui 
•g 
m 
00 

I 

< O 

* 
£ 
£ 
I 

8-

o 
o o 

00 
o 
CO 

o 

Aj||B}J0n o/o 

o 
CM 



F - 2 7 

A«|BUO|/\| % 

o >, 
R q 
° 8 

CO 
0 O 
& IS 

00 CO 
D D O 

SJUAIBAINBG EJNSODXG OIXOJL 

CM 



F-28 

Al!|B^0lA| % 

W 
LLI 
UJ 

b & 
C 

£ 
CO > 
=3 

cr 
UJ 
<D 

85 &| 
UJ 5 
.2 >* 
5< CD 

,2 U 
^ <0 
g> .o 
•.p CD 

2 
<D 

J2 
13 

E 
3 o o 

6) 
o _ 
m q. 
O 
-J Q. 

§ 2 
o> 
o 
"5) 
3 Q. 

N. 
CM 
<D 
L_ 
=3 
O) 

£ 
€ 
I 
>. 

CD 
O 
D) 

CO in 
(N 

<N in 

siu8|BAinb3 ajnsodxg cmxojl 



F - 2 9 

A4j|B}J0kM % 

<D « 

TJ LU 

CO CO 04 
O O O O 

s}U8|BAmb3 Qjnsodxg okoj. 



F - 3 0 

A j i | e y o | / \ | % 

(/> 

CD CO 

W O 

Q) C L 

£ 
I 
o 

S 
* 

>> 

OQ 
.2 

U J 
LU 
H 
Q 

O . 
h -
S 

<D 
O 

" § » 
Q . 

a! 

C O < N T -

s j u a i B A j n b g a m s o d x a o j x o i 



F-31 

>|S|y ib sapads juaojaj 

i n n ; 

• 

5 

f 
Q. 
3 
8 
O 
<0 

5 * 
"D 
'£ 

s 

£ 
1 s 

a. D 
2 
O 

o oo o CO o 
CM 

Ajpijoiai % 



F- 32 

j j a y ; e s e p s d s j u a o j a d 

2 u . 

CL LO 

O 
O 

O 
CO 

o 
CO 

o 
Tj" 

o 
CM 

^ ! | B y o ^ \ i % 



F-33 

>)S|y j b s a p a d s l u e o j a j 

•8 X ) BJ 
fo S tr 

0) m 
+2 CD 

I 
CO O . -r, 
o cl y 

co m 

E < 

• 
"8 

• 

/ty|eyo|/\j % 



F-34 

ijsjy je s a p a d g j u a o j e d 

0 Cw 

I 

O 
o 

o 
00 

o 
CD 

O 
CM 

Ajjieyoifl % 



F-35 

>)Sjy jb sapads lueojad 

I 

*lpyoiA| % 



F - 3 6 

>jsjy ;b saioads juaojad 

I D) "O 

Aj!|BlJOiAJ % 



APPENDIX G 

GLOSSARY OF TERMS 



G-2 

GLOSSARY OF TERMS 

Acute - Means a stimulus severe enough to rapidly induce an 
effect. In aquatic toxicity tests, an adverse effect 
observed in 96 hours or less. 

Acute Hazard Factor - The ratio of an exposure concentration 
or a maximum model-estimated concentration over an 
ecosystem's estimated safe concentration (ESC) for a given 
exposure event. The ratio will be dependent on the method 
used to calculate the acute ESC. 

Additivity - The characteristic property of a mixture of 
stressors that exhibits a total adverse effect equal to the 
arithmetic sum of the effects of the individual stressors. 

AUC - The "Area Under the Curve." The AUC is the predicted 
temporal pesticide concentrations developed by the fate and 
transport modeling reported in Acevedo et al. (1997) that 
coincide with the bioassay toxicity test deployments from 
Scott et al. (1990, 1993). 

Bioaccumulation - The process by which a compound (stressor, 
if adverse effects are associated with exposure) is taken up 
by an organism, both from food sources and water. 

Bioassay - Is a toxicity test used to evaluate the relative 
potency of a stressor or mixture of stressors on living 
organisms. In this study, bioassay refer to in situ 
toxicity testing. 

Bioavailability - The measure of the physicochemical access 
that a stressor has to the biological processes of a living 
organism. The less the bioavailability of a stressor, the 
less the adverse effect on the exposed organism. 

Bioconcentration - The process by which a compound 
(stressor, if adverse effects are associated with exposure) 
is absorbed into a living organism from water and 
concentrated in the tissues. 

Chronic - Means a stimulus that lingers or continues for a 
relatively long period of time. Chronic should be 
considered a relative term which depends on life span of an 
organism. 
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Chronic Hazard Factor - The ratio of an average model-
estimated concentration over an ecosystem's chronic 
estimated safe concentration (ESC) for a given exposure 
event. The ratio is dependent on the method used to 
calculate the chronic ESC. 

Community — An assemblage of populations of different 
species within a specified location in space and time (USEPA 
1996). 

Cumulative Exposure — A process that involves consideration 
of "the aggregate exposure to the target community caused by 
the accumulation of risk from multiple stressors." 

Cumulative Exposure Concentration — The product of a 
chemical-specific TEE and an estimated safe concentration 
(ESC). Note that the method-specific ESC employed to 
calculate the TEE of interest must be used in this 
evaluation. The cumulative exposure concentration is 
applied to the chemical-specific Distribution Model to 
predict the ecosystem's Percentage of Species at Risk. 

Distribution Method - A type of effects assessment method 
which statistically estimates an estimated safe 
concentration (ESC) for some percentage p of the species in 
an ecosystem such that the probability of selecting a 
species with an toxicity endpoint smaller than p is an 
arbitrary small number, with p = 0.05 (5%) generally 
accepted. Using acute toxicity test data (i.e., LC50s) in 
the distribution method, the estimate will be for protection 
of the ecosystem to acute exposure. Using chronic toxicity 
test data (i.e., NOECs) in the distribution method, the 
estimate will be for protection of the ecosystem to chronic 
exposure. Also referred to in the literature as an 
Extrapolation Method. 

Distribution Model - The chemical-specific statistical 
distribution of effects concentrations derived from the 
chemical-specific laboratory toxicity testing endpoints 
applied to a distribution method. The concentration 
statistically predicted at p = 0.05 by the laboratory 
toxicity testing data applied to the method is referred to 
as the ecosystem's estimated safe concentration (ESC). 
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Ecological Risk Assessment —The process that evaluates the 
likelihood that adverse ecological effects may occur or are 
occurring as a result of exposure to one or more stressors 
(USEPA 1996). 

Ecosystem — The biotic community and abiotic environment 
within a specified location in space and time. 

Effects Assessment — A portion of the analysis phase of 
ecological risk assessment that evaluates the ability of a 
stressor to cause adverse effects under a particular set of 
circumstances (USEPA 1996). Also referred to in the 
literature as characterization of effects. 

Effects Assessment Method — A method used in the analysis 
phase of ecological risk assessment that evaluates the 
ability of a stressor to cause adverse effects to a 
community under a particular set of circumstances. The 
effects assessment methods used in this study statistically 
evaluate community effects through the extrapolation of 
community-specific single-species toxicity tests. 

Estimated Safe Concentration (ESC) - An estimate of a 
stressor exposure concentration that is likely to be without 
an appreciable risk of adverse effects for a community. 
Using probabilistic effects assessment methods (distribution 
methods), the estimated safe concentration is predicted for 
some percentage p of the species in an ecosystem such that 
the probability of selecting a species with an LC50 or NOEC 
smaller than p is an arbitrary small number, with p = 0.05 
(5%) generally accepted {i.e., 95% of the ecosystem's 
species are predicted to be protected from acute exposure to 
the acute ESC; 95% of the ecosystem's species are predicted 
to be protected from chronic exposure to the chronic ESC). 

Exposure — The contact or co-occurrence of a stressor with a 
receptor. 

Exposure Assessment — A portion of the analysis phase of 
ecological risk assessment that evaluates the interaction of 
the stressor with one or more ecological entities (USEPA 
1996). Also referred to in the literature as 
characterization of exposure. 
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Exposure Assessment Method — A method used in the analysis 
phase of ecological risk assessment that evaluates the 
interaction of the stressor with the community. The 
exposure assessment method used in this study is a fate and 
transport model which predicts the temporal exposure to the 
community. 

Exposure Profile — The product of characterization of 
exposure in the analysis phase of ecological risk 
assessment. The exposure profile summarizes the magnitude 
and temporal patterns of exposure for the scenarios 
described in the fate and transport model. 

Final Acute Value (FAV) - An estimate of the concentration 
of a stressor corresponding to a cumulative probability of 
5% in the acute toxicity values of all genera for which 
acute data on the stressor were evaluated. 

Hazard Assessment — This terra has been used to mean defining 
a margin of safety or quotient by comparing a toxicologic 
effects concentration with an exposure estimate. 

Hazard Factor - The ratio of an exposure concentration or a 
model-estimated concentration over an ecosystem's estimated 
safe concentration (ESC) for a given exposure event. The 
ratio will be dependent on the method used to calculate the 
ESC. See also Acute Hazard Factor and Chronic Hazard Factor. 

Hazard Quotient - The ratio of a single stressor exposure 
concentration to a single species endpoint. 

Lowest obsexrved effect Concentration (LOEC) — The lowest 
level of a stressor evaluated in a test that causes 
statistically significant differences from the controls. 

Maximum Acceptable Toxic Concentration (MATC) — For a 
particular ecological effects test, this term is used to 
mean the geometric mean of the NOEC and the LOEC for a 
particular test. The geometric mean is also known as the 
chronic value. 

Median Lethal Concentration (LC50) — A statistically or 
graphically estimated concentration that is expected to be 
lethal to 50% of a group of organisms under specified 
conditions and duration. 



G-6 

No Observed Effect Concentration (NOEC) — The highest 
concentration of a stressor evaluated in a test that does 
not cause statistically significant differences from the 
controls at a specific time of observation. 

Population — An aggregate of individuals of a species within 
a specified location in space and time. 

Receptor - The receptor is the ecological component exposed 
to the stressor. The receptor may refer to organisms, 
populations, communities, and ecosystems (USEPA 1996). 

Risk Characterization — A phase of ecological risk 
assessment that integrates the exposure and stressor 
response profiles to evaluate the likelihood of adverse 
ecological effects associated with exposure to the 
stressor(s). 

Ecosystem's Percentage of Species at Risk - Derived by 
applying the chemical-specific cumulative exposure 
concentration to the appropriate chemical-specific 
distribution model. 

Stressor - A stressor is any physical, chemical, or 
biological entity that can induce an adverse response 
(USEPA, 1996). Stressors may be chemical (e.g., toxics such 
as pesticides), physical (e.g., dams or suspended 
sediments), or biological (e.g., exotic [zebra mussel] or 
genetically engineered organisms). 

Stressor-response Profile — The product of effects 
assessment (characterization of ecological effects) in the 
analysis phase of ecological risk assessment. The stressor-
response profile summarizes the data on the effects of a 
stressor and the relationship of the data to the assessment 
endpoint. In this study, the stressor-response profile is 
the distribution model predicted from the effects assessment 
method with the 95 percentile of the distribution model 
equivalent to the estimated safe concentration. 

Toxic Exposure Equivalent (TEE) - The ratio of the 
integrated cumulative stressor exposure concentration over 
the estimated safe concentration normalized for the 
estimated safe concentration's defined allowable duration of 
exposure. In this study, the cumulative stressor exposure 
concentration is computed as the integrated magnitude and 
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duration of simulated stressor exposure concentrations for a 
given exposure event. Using an acute ESC, one calculates 
the exposure event's acute TEE; using a chronic ESC, one 
calculates the exposure event's chronic TEE. 

Toxicity Test - A procedure to determine the toxicity of a 
chemical stressor using living organisms. A toxicity test 
measures the degree of effect on exposed organisms of a 
specific chemical stressor under specified conditions and 
duration. 
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