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CHAPTER 1 

 GENERAL INTRODUCTION 

Biodiversity and Ecosystem Function 

An ecosystem is a biological community in a given area, consisting of all living 

organisms and the abiotic environment in which they interact.  Ecosystems are of great economic 

value as humans are dependent on the goods and services ecosystems provide (Costanza et al. 

1997). The extent of these goods and services range from provisioning services (e.g. food, 

freshwater, fiber) to regulating (e.g. water purification, air quality regulation, climate control) 

and cultural services (e.g. spiritual, recreational, aesthetics) (MEA 2005). Despite a growing 

consensus of the importance of Earth’s ecosystems and their contribution to human well-being, 

many ecosystems are continually being degraded or altered. It has been estimated that human 

have altered ecosystems more in the past 50 years than any time in human history (MEA 2005). 

In particular, freshwater ecosystems are extremely vulnerable to physical loss and degradation 

due to changes in land use, spread of infrastructure, hydrologic modification, and global climate 

change (MEA 2005). 

Ecosystem functioning is a broad term for all biotic and abiotic processes that maintain 

an ecosystem and the goods and services they provide (Hooper et al. 2005, Reiss et al. 2009). 

Ecosystem functioning can be measured multiple ways (e.g. stability, resistance to invasion), but 

is commonly measured as changes in energy and matter through biological processes of 

organisms (Reiss et al. 2009). Hence, biodiversity which encompasses the genetic, taxonomic, 

functional, and ecological diversity of organisms over space and time (MEA 2005, Reiss et al. 

2009, Woodward 2009), is a common currency to assess the ability of an ecosystem to function.  

However, global biodiversity is currently declining, with estimated extinction rates a thousand 
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times higher than observed in fossil records (MEA 2005). Species loss has been attributed to 

anthropogenic activities such as habitat destruction/alteration, introduction of non-native species, 

overexploitation, and climate change (MEA 2005). In light of the current biodiversity crisis, 

research has been directed towards understanding the influences of biodiversity on ecosystem 

functioning (hereafter BEF).   

Key Developments in BEF Research 

The study of BEF is not entirely new to science, at least dating back to Darwin’s 

observations of higher productivity with increased plant species richness (Tilman et al. 1996) or 

early agricultural intercropping to increase overall yield of selected crops (Naeem et al. 2002). 

However, it was not until the 1990s that research aimed specifically at relationships between 

biodiversity and ecosystem functioning arose and generated much interest and debate among 

ecologists (Loreau et al. 2002). Following a conference of ecologists in Bayreuth, Germany, in 

1991, experimental, theoretical, and observational research began to rapidly emerge in scientific 

literature (Balvanera et al. 2006). Figure 1 depicts key developments in BEF research over the 

past two decades that are particularly relevant to this research.  

Pioneering BEF experiments manipulated species richness (number of species present) to 

examine effects on response variables associated with or related to primary production (Naeem 

et al. 1994, Tilman et al. 1996; but see Hooper and Vitousek 1997 for inclusion of species 

identity). These experiments demonstrated that ecosystem processes (i.e. primary production) 

can be positively affected by increases in plant species richness. Valuable as these studies were, 

Huston (1997) brought to light the importance of considering underlying factors (i.e. abiotic and 

biotic variables, functional diversity, interactions among species, and sampling effects) that 

could influence observed relationships between biodiversity and ecosystem functioning. As a 

result, incorporation of nonrandom species loss, patterns derived from natural assemblages, 
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species interactions, trophic complexity, and ecosystem multifunctionality began to be 

considered more explicitly in conceptual and experimental research (Reiss et al. 2009).   

Traditional BEF experiments manipulated biodiversity by randomly selecting the desired 

number of species from the species pool (Gross and Cardinale 2005, Naeem 2008) or simulated 

species loss randomly (Raffaelli 2004). In nature, however, communities are organized by biotic 

and abiotic factors creating natural variations in biodiversity from local to global scales (Bracken 

et al. 2008). Furthermore, species loss is often nonrandom, with unequal extinction risks based 

on population size, trophic position, and the environmental sensitivity of an organism (Gross and 

Cardinale 2005). A few recent studies have explicitly examined ecosystem responses to ordered 

losses of biodiversity. Bracken et al. (2008) experimentally examined the effects of ammonium 

uptake rates in random vs. nonrandom assemblages (based on field observations) of seaweed. 

Nonrandom (natural) assemblages exhibited a positive relationship between species richness and 

ammonium uptake rate, whereas no effect was observed between uptake rates and random 

diversity changes. Bracken et al. (2008) concluded experiments using natural assemblages can 

yield very different responses in ecosystem functioning from those using randomly constructed 

assemblages. Similarly, Zavaleta and Hulvey (2004) found in naturally occurring plant 

assemblages, invasibility increased as species richness decreased based on realistic loss of 

species (i.e. nested order of variation in species richness and species abundance). These findings 

differed from previous research at the same site that randomly reduced species richness while 

holding the number of functional groups constant. Zavaleta and Hulvey (2004) attributed 

increased invasibility in realistic biodiversity loss scenarios to loss of functional traits which 

promoted the invader’s ability to establish. These studies illustrate the importance of considering 

how nonrandom species loss can influence the relationship between biodiversity and ecosystem 
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functioning, either directly through loss of key functional traits or indirectly by altering 

interactions among remaining species (Cardinale et al. 2009).   

Within a natural community, the relative abundances of taxa often differ based upon 

abiotic and biotic constraints. As a result, the distribution of functional traits among species also 

varies, depending on which species are present and their relative abundances. However, 

dominance (degree in which a species abundantly prevails over other species) and evenness 

(distribution of relatively equal abundances across species in an assemblage) are components of 

biodiversity which are rarely used in BEF research (Hillebrand et al. 2008, Woodward 2009). 

Research incorporating these components can yield novel insights in comparison to studies using 

equal species abundances since the relative abundance of a species will often change prior to loss 

of a species (Hillebrand et al. 2008). For instance, Dangles and Malmqvist (2004) observed 

greater leaf processing in streams dominated by a few macroinvertebrate species compared to 

streams with more even distributions of species. A possible explanation may be traits (i.e. 

shredding ability) of the dominant species contributed more to leaf breakdown than traits of rare 

species (Hillebrand et al. 2008). Contrastingly, Mattingly et al. (2007) observed greater 

community production (i.e. total biomass) with increasing evenness in grassland plant 

communities. Although these experimental studies and others (see Hillebrand et al. 2008) have 

contrasting results (i.e. positive or negative effects with evenness), these studies nevertheless 

show communities and processes can be strongly influenced by altered dominance or evenness.   

To date, most BEF experiments (>90%) have focused on a single trophic level, 

comprised of an average of seven species (Cardinale et al. 2009). Duffy et al. (2007) discussed 

the need for a multi-trophic perspective in BEF theory and experiments, and suggested an 

integration of food web/trophic ecology with BEF studies. As this merger of disciplines is still in 
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its infancy, strong general trends between trophic complexity and ecosystem processes have not 

been elucidated (but see Hillebrand and Cardinale 2004). However, it seems reasonable to expect 

observed BEF relationships within a single trophic level likely oversimplify mechanisms and 

processes observed in naturally functioning ecosystems containing multiple trophic levels and 

trophic interactions. For instance, trophic cascades have been well documented and their effects 

can alter ecosystem processes within and across trophic levels (Pace et al. 1999, Borer et al. 

2005). Furthermore, loss of entire functional groups will likely have strong ecosystem effects 

(e.g. Slade et al. 2007). Since most BEF experiments have explored mechanisms within a single 

trophic level, the majority of these being primary producers, incorporating multiple trophic levels 

may shift the focus from linear food chains to more complex food web interactions (Duffy 2002). 

Food web properties such as connectance (i.e. proportion of possible trophic links among taxa) 

and trophic guild composition may also be useful in predicting community and ecosystem 

responses in complex multitrophic ecosystems (Reiss et al. 2009, Woodward 2009). 

Ecosystem functioning can be quantified by numerous measures of stocks and rates. As 

mentioned, many BEF studies have been conducted using plant assemblages and a single process 

(i.e. above-ground biomass, nutrient retention) has been used to infer overall ecosystem 

functioning. However, investigating multiple ecosystem processes and responses may better 

depict the multifunctionality of an ecosystem (Hector and Bagchi 2007, Gamfeldt et al. 2008). 

Recent studies suggest that the multifunctionality of an ecosystem likely depends on a greater 

number of species (Gamfeldt et al. 2008, Zavaleta et al. 2010). As species likely vary in their 

contribution to specific ecosystem processes, the investigation of multiple ecosystem responses 

is necessary in diverse multitrophic assemblages. 

New Frontiers in BEF Research 
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Previous research has advanced our understanding on BEF in several ways, such as the 

importance of functional diversity, trophic complexity, and realistic losses in biodiversity. As 

highlighted by recent reviews (Reiss et al. 2009, Woodward 2009) the necessary next step is to 

integrate food web ecology and consider ecosystem mulitfunctionality while exploring the 

effects of nonrandom species loss from diverse, multitropic ecosystems. Most of our knowledge 

of BEF comes from well studies systems (i.e. grasslands) while, relatively few studies have 

explored BEF relations in freshwater ecosystems, which have experienced faster declines in 

biodiversity than both terrestrial and marine biodiversity (Jenkins 2003). Furthermore, tropical 

ecosystems, despite their high diversity and increasing imperilment, have been greatly 

underrepresented in BEF studies to date (Solan et al. 2009, Schmid et al. 2009). Here I use data 

from long-term field surveys from diverse, tropical lagoons to identity natural scenarios of 

biodiversity loss, and experimentally examine the effects of nonrandom loss of biodiversity on 

ecosystem structure and functioning. 
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CHAPTER 2 

 BIODIVERSITY LOSS BY EXTIRPATION OF RARE SPECIES AFFECTS STRUCTURE 
AND FUNCTION IN MULTITROPHIC TROPICAL FLOODPLAIN LAGOON 

ECOSYSTEMS 

 

Abstract 

Experiments with realistic scenarios of species loss from multitrophic ecosystems may 

improve insight into how biodiversity affects ecosystem functioning. I examined effects of 

nonrandom species loss on functioning of multitrophic tropical floodplain lagoons. Lagoons 

were replicated using 1000 L mesocosms and realistic biodiversity scenarios were developed 

from long-term field surveys. Treatments replicated sequential loss of rare species which occur 

across all trophic levels of these complex food webs. Species loss significantly affected multiple 

components of ecosystem structure and function. Loss of rare species led to convergence in fish 

assemblage structure in some treatments due to differing patterns of mortality, including strong 

effects attributed to intraguild predation. Overall, ecosystem metabolism, nutrients, and 

primary/secondary production increased over time but varied in rate and magnitude among 

treatments. These results suggest that although rare species may comprise minor components of 

communities, their loss can have profound effects across multiple components of diverse 

multitrophic ecosystems. 

Introduction 

Humans have altered and transformed ecosystems more in the past 50 years than any time 

in human history (MEA 2005). Furthermore, global biodiversity is currently declining at a rate a 

thousand times faster than observed in fossil records (MEA 2005). Understanding specific ways 

that biodiversity loss affects ecosystem structure and function is a pressing concern and an area 

of rapid research growth (Hooper et al. 2005, Srivastava and Vellend 2005, Duffy 2009, 
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Woodward 2009). Seminal biodiversity and ecosystem functioning studies were primarily 

conducted in temperate, terrestrial ecosystems focused on diversity within a single trophic level 

using randomly constructed assemblages (Balvanera et al. 2006). In general, these studies 

suggest a positive relationship exists between biodiversity and ecosystem functioning, yet this 

relationship can vary among ecosystem types and ecosystem processes (Hooper et al. 2005, 

Balvanera et al. 2006). However, some have criticized if these studies realistically portrayed 

natural ecosystems (Srivastava and Vellend 2005, Duffy 2009). 

BEF studies may improve realism by incorporating abundance, evenness, and interactions 

among species in a manner similar to that observed in nature (Woodward 2009). Despite a rapid 

growth in BEF research, few studies have experimentally manipulated diversity in multitrophic 

systems (~7% of studies reviewed by Balvanera et al. 2006) even though natural ecosystems can 

be diverse within and among trophic levels (i.e. horizontal and vertical diversity, sensu Duffy et 

al. 2007). Furthermore, as species richness and trophic diversity increases, so does the number of 

potential direct and indirect interactions (Downing and Leibold 2002). Understanding how 

multitrophic systems respond to biodiversity loss is vital as changes in one component of the 

food web may have ramifications throughout the rest of the food web (e.g. Downing 2005, Duffy 

et al. 2005, Duffy et al. 2007). 

Several recent empirical and modeling studies have incorporated realism by explicitly 

testing effects of nonrandom species loss on ecosystem structure and function (Zavaleta and 

Huvley 2004, McIntyre et al. 2007, Srinivasan et al. 2007). Species loss is often nonrandom and 

can be influenced by body size, trophic position, rarity, and tolerance to stressors (McKinney 

1997, Purvis et al. 2000). Furthermore, species identity and the order in which species are lost 
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can lead to different effects on trophic interactions and community structure (Solan et al. 2004, 

Zavaleta and Huvley 2004, McIntyre et al. 2007, Srinivasan et al. 2007). 

In particular, rarity (defined here as low abundance), can be a good predictor of 

extinction risk (McKinney 1997, Purvis 2000). However, loss of rare species on ecosystem 

functioning has yielded mixed results due in part to the relative contribution of rare species to the 

particular ecosystem process measured (Lyons and Schwartz 2001, Smith and Knapp 2003, 

Solan et al. 2004, McIntyre et al. 2007). These previous studies evaluated a single ecosystem 

process, and therefore may not have been able to detect the realized contribution of rare species 

to ecosystem multifunctionality. Expanding the number of processes measured in an experiment 

may better depict the multifunctionality of an intact community and its influence on ecosystem 

structure and function over time (e.g. Hector and Bagchi 2007, Gamfeldt et al. 2008, Reiss et al. 

2009, Zavaleta et al. 2010, Carey and Wahl 2011a). 

The few studies cited above indicate there is promise in using natural multitrophic 

assemblages as the framework to experimentally test ecosystem responses of nonrandom species 

loss in a manner that can provide direct and realistic insight into community processes and 

ecosystem functioning (Hooper et al. 2005, Woodward 2009). As this research area continues to 

develop, it is important to also consider specific ecosystem types that are currently under-

represented in BEF research. Tropical and freshwater ecosystems are highly diverse, strongly 

affected by human activities, and increasingly imperiled (MEA 2005, Dudgeon et al. 2006, 

Darwall et al. 2008, Jelks et al. 2008) yet to date have received little attention (Balvanera et al. 

2006, Solan et al. 2009, Schmid et al. 2009). 

Here I present findings from a mesocosm experiment in which I tested the influence of 

nonrandom species loss on the functioning of tropical floodplain lagoon ecosystems. Mesocosms 
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represented isolated floodplain lagoons and fish diversity treatments were based on long term 

community data. These diverse experimental ecosystems include complex multitrophic 

interactions among taxa (i.e. within fish assemblages) and across the aquatic community (e.g. 

fish, zooplankton, and phytoplankton), providing insight into interactions within (competitive 

effects) and across (consumptive effects) trophic levels. This study builds on previous BEF 

research by testing effects of realistic scenarios of nonrandom species loss in a complex 

multitrophic system, and expands the scope of such studies to species-rich and under-represented 

ecosystems of the Neotropics. The main objectives of this study were to (1) investigate the effect 

of sequential loss of rare species on community and ecosystem responses over time in tropical 

floodplain lagoons, and (2) identify direct trophic interactions within these experimental food 

webs by which biodiversity treatments affected ecosystem function. 

Materials and Methods 
Study System 
 

This research was conducted in the upper Paraná River floodplain, Brazil.  The Paraná 

River is the tenth largest river in the world in annual discharge (5.0 x 108 m3 per yr) and fourth in 

drainage area (2.8 x 106 km2) (Agostinho et al. 2004). The upper third of the Paraná River Basin 

(891,000 km2) is contained almost completely within Brazil, including Brazil’s most densely 

populated region (Agostinho et al. 2004). The upper Paraná River basin is extensively 

impounded, with the last free-flowing stretch located between Porto Primavera Reservoir and 

Itaipu Reservoir (Figure 2). This 230 km reach is accompanied by a wide floodplain (≤ 20 km) 

on the west margin and experiences a relatively predictable seasonal flood pulse influenced by 

several important free-flowing tributaries (e.g. Ivinheima and Baia Rivers) from December 

through April. The upper Paraná floodplain is strongly affected by the consequences of basin-

wide impoundments and other human activities, including alterations of inundation dynamics, 
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community structure and ecosystem processes (Agostinho et al. 2004, Thomaz et al. 2004, 

Hoeinghaus et al. 2007, 2008, 2009). The functioning of the floodplain is critical for 

maintenance of regional biodiversity with approximately 4,500 species, including 1,514 

periphyton and phytoplankton, 866 zooplankton, 774 terrestrial plant, 337 ichthyoparasite, 315 

benthic invertebrate, 295 bird, 170 fish, 155 aquatic macrophyte, 60 mammal, and 59 amphibian 

and reptile species utilizing the floodplain (Agostinho et al. in press). 

Fish Assemblages of Isolated Floodplain Lagoons  
 

The Upper Paraná River Floodplain Long Term Ecological Research (LTER) program 

has intensively studied biological, geophysical, and social aspects of the floodplain for more than 

a decade (Thomaz et al. 2004). Fish assemblage data from floodplain lagoons collected as part of 

the LTER program were used to identify patterns of species relative abundances. Data include 

fish samples collected by seine (standardized by effort) in isolated floodplain lagoons (n = 11) 

from 2000 to 2007. Isolated lagoons are distinguished from connected lagoons by the absence of 

a connection to the river during the low water period. Colonization occurs only during the high 

water period when the floodplain is inundated, and population dynamics are driven by factors 

occurring within each lagoon (i.e. no immigration or emigration) following isolation with 

declining water levels. Only samples from austral spring were considered to coincide with our 

study period and seasonality of lagoon isolation (i.e. low water season). Individual fishes (n = 

7447) representing 59 species were weighed and measured. Species richness of individual 

lagoons ranged from 3 to 19 ( X = 10). Based on these data, we identified 18 species as our high-

diversity endpoint (sensu Naeem 2008) that comprise 82% of the total abundance of all fishes 

sampled and 47% of the total biomass of species with mean standard length (SL) < 20 cm (see 

Table 1). Although a few larger species occur in low abundance and contribute to large portions 



12 

of residual biomass, seasonal flooding and isolation limits occurrence of these species to 

sporadic encounters in few lagoons. The 18 species included in the experiment represent the 

majority of ecomorphological diversity observed in floodplain fish assemblages, including seven 

trophic guilds (Table 2) with various methods of resource capture and diet within and among 

guilds. Together, the 18 species comprise a complex food web with a high expected degree of 

connectivity (Figure 3). 

To identify patterns of relative abundance, species were ranked and ordered according to 

their observed abundances by lagoon for each year. Species presence varied temporally among 

lagoons in this dynamic system, and species not present in a particular lagoon were assigned the 

median rank between the number of species present in that lagoon and the total number of 

species observed during the collection period. This prevented a highly abundant species in a 

single lagoon from inflating its abundance across all lagoons over time. Each species rank was 

then summed across lagoons over time to identify species that consistently occurred in most or 

all lagoons and with high relative abundances. Next, a rank abundance curve was generated 

based on the observed abundances of all species across all lagoons and time (Figure 4 A). Based 

on this curve, sequentially nested subsets of the high-diversity endpoint (18 species; Figure 4 B) 

were used as experimental treatments representing sequential loss of rare species (Figure 4 C; see 

Experimental Design below).  

Experimental Venue  

Twenty-four 1000 L cylindrical mesocosms (1.0 m high, 1.4 m in diameter) located at the 

Upper Paraná River Floodplain LTER field station were used as experimental units representing 

isolated lagoons. Individual mesocosms were placed in a 6 x 4 design and randomly assigned to 

treatments. Mesocosms were filled with river water and sandy substrate from the upper Paraná 
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River adjacent to the floodplain. This stretch of the upper Paraná River is oligotrophic from 

reduced sediment and nutrient transport caused by upstream impoundments, in contrast with 

isolated floodplain lagoons that generally have higher nutrient, phytoplankton and zooplankton 

concentrations during the low water period due to local processes (e.g. decomposition of aquatic 

and riparian vegetation, resuspension of sediment by wind; Thomaz et al. 2004). To better 

simulate conditions found in isolated lagoons, 0.5 g of fertilizer and a slurry of phytoplankton 

(450 mL) and zooplankton (380 mL) taken from natural lagoons were added to each mesocosm. 

Following these additions, average initial concentrations of variables of interest among 

mesocosms resembled natural isolated lagoons: total phosphorus  (44 µg/L ± 35), total nitrogen 

(694 µg/L ± 99), phytoplankton (measured as chlorophyll a concentration, 12.8 µg/L ± 7.3), and 

zooplankton (15375 individuals/m3 ± 7828) (Thomaz et al. 2004). To provide structure, floating 

macrophytes of similar size (Eichhornia crassipes and Pistia stratiotes, standardized for size 

among treatments) and clay bricks with 6 hollow partitions were added to each mesocosm. Shade 

cloth (50% light penetration) covered all mesocosms and represented natural riparian reduction 

of direct solar irradiance. Mesocosms were open for aerial colonization by macroinvertebrates, 

however we did not quantify macroinvertebrates abundance or diversity in this study. Fishes 

were collected by seine, gillnet, and electrofishing, and were placed in holding tanks prior to 

stocking to ensure survival and acclimation to experimental conditions.  

Experimental Design  
 

Experimental assemblages were structured based on losses of rare species using species 

ordered summed rank abundances. Species richness was sequentially reduced by four species 

with each treatment, ranging from 18 to 2 species (Table 3), and a no fish species treatment was 

included as a control. Due to logistical constraints, reduction of four species was used to 
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encompass species loss from this species-rich assemblage across various trophic positions with 

each subsequent treatment. To isolate the effect of biodiversity loss, we controlled for abundance 

(65 individuals per mesocosm) and evenness at each treatment level by proportionally 

distributing individuals from those species excluded to remaining species such that the slope of 

the rank-abundance curve (i.e. evenness) was maintained constant (Figure 4). Thus, the 

experimental assemblages maintain natural patterns of dominance and rarity observed in an 

average lagoon, while isolating the effect of sequential loss of rarer species. Due to the wide 

variety of body sizes of species included, we were unable to maintain biomass constant at the 

same time as abundance and evenness, therefore we accounted for potential effects of biomass 

among treatments by including it as a covariate in analyses. The experiment ran for three weeks 

and each treatment was replicated four times.  

Community and Ecosystem Responses Over Time 

Nine components of ecosystem structure and function were measured as response 

variables: fish assemblage structure, nutrient concentrations (total phosphorus and total 

nitrogen), phytoplankton density, zooplankton density, whole ecosystem metabolism [gross 

primary production (GPP) and net primary production (NPP)], benthic organic matter (BOM), 

and macrophyte biomass. All response variables were measured weekly except for fish 

assemblage structure and macrophyte biomass which were measured at the end of the 

experiment. Water samples (500 mL) were taken from the center of each mesocosm (0.5 m 

depth) and analyzed for total phosphorus and total nitrogen using standard techniques 

(Mackereth et al. 1978, Zagato et al. 1981, Clescheri et al. 1999). Additional water samples (250 

mL each) were taken from each mesocosm at five evenly distributed locations 30 cm below the 

water’s surface and pooled to form a 1.25 L sample from which phytoplankton (measured as 
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chlorophyll a) and zooplankton were quantified. Each pooled sample was homogenized and 250 

mL was filtered onto a 47 μm glass fiber filter for quantification of chlorophyll a concentration 

using standard spectrophotometric techniques (Golterman 1978). Remaining water (1 L) was 

filtered (64 μm sieve) and a 10% subsample was taken to estimate zooplankton density (number 

of individuals per m3). GPP and NPP were calculated from diel oxygen curves (Bott 2006) 

measured in the same location of each mesocosm over a 24 h period using a handheld YSI 85 

dissolved oxygen probe. BOM was estimated as organic content ash free dry mass (AFDM) from 

a sediment core sampled from an a priori determined quadrat within each mesocosm using a 

plastic Petri dish (diameter 8.5 cm; Teixeira and Kutner 1962). Macrophyte biomass was 

estimated as the dry weight for each species at the end of the experiment.   

Statistical Analyses 

As fish assemblages during our study were subject to multitrophic interactions, I 

compared final fish assemblage structure in each mesocosm at the end of the experiment using 

non-metric multidimensional scaling (NMDS) in R (R Development Core Team 2010). The 

analysis was conducted using Bray-Curtis similarities calculated from the species relative 

abundance by replicate matrix.  Treatment effects on macrophyte biomass were compared using 

one-way ANCOVA with fish biomass initially included as a covariate. However, fish biomass 

was a nonsignificant covariate (F1,17 = 0.150, p = 0.703), therefore analysis was performed using 

one-way ANOVA. The seven weekly-measured response variables were analyzed using mixed 

model, repeated measures ANOVA (rmANOVA) in SPSS 17.0. Mesocosms were treated as a 

random effect, treatment was the fixed effect, and fish biomass was included as a time-varying 

covariate (see below). An unstructured covariate matrix was used based on the lowest Akaike’s 

information criterion (AIC) value when testing against other covariate matrices. A Shapiro-Wilk 
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(α = 0.05) test confirmed normality of residuals to meet the assumptions of ANOVA (Kéry and 

Hatfield 2003). When normality was violated, response variables were transformed to approach 

normality. Several response variables violated normality of residuals when viewed over the 

entire study period, due to varying responses of treatments over time. Therefore, normality of 

residuals was confirmed at each time step for all response variables, with a few exceptions. 

Fish biomass was included as a time-varying covariate to test for treatment effects after 

controlling for differences in biomass. Initial and final fish biomass were estimated based on 

species length-weight regressions calculated using the above-mentioned LTER data for fishes 

collected in isolated lagoons, and supplemented with measurements of individuals collected as 

part of this experiment. Fish biomass during the experiment (days 7 and 14) was estimated using 

an exponential decay function (y = ae-bx) as resources were expected to decrease exponentially, 

rather than in a linear fashion throughout the experiment. This assumption is supported by trends 

among response variables indicating resource competition among lower trophic levels at the 

beginning of the experiment, and because predation of lower trophic levels was assumed to be 

maximized at the start of the experiment based on prey density. 

Direct Trophic Interactions Among Response Variables 

Strong direct trophic interactions exist among many of the response variables measured 

in this study. To investigate possible mechanisms driving observed variation in response 

variables over time, a second series of covariate analyses representing direct trophic interactions 

were explored using every possible covariate combination and analyzed using mixed model, 

rmANOVA. A backward selection approach was used to exclude models with nonsignificant 

covariates. Best-fitting models were then selected based on the lowest AIC value (Burnham and 

Anderson 2002). In order to use macrophyte biomass as a time varying covariate, values were 
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estimated in a manner similar to fish biomass using initial and final dry mass, except that a linear 

model was used to estimate growth over time (Henry-Silva et al. 2008). Initial macrophyte 

biomass was estimated as the combined average dry weight for each species, similar in size to 

those stocked in experimental mesocosms.  

Results 

Community and Ecosystem Responses Over Time 

Fish assemblages changed over time due to mortality from predation and competition. 

Although not statistically significant (ANOVA p = 0.111), mortality appeared to increase with 

species richness, corresponding with an increase in the number of piscivores present (Figure 5). 

However, a decrease in mortality was observed in the 18 species richness treatment even though 

this treatment had the highest number of piscivores present. In this treatment, intraguild 

predation by Serrasalmus marginatus (piranha) on Acestrorhynchus lacustris (smallscale pike 

characid) resulted in a decrease in the overall predation rate in this treatment (the piranha 

consumed the caudal fin of this piscivorous species at the beginning of the experiment, resulting 

in mortality in three of the four replicates). Some mortality was also observed in treatments that 

lacked piscivores (i.e. 2 and 6 species treatments), which I attribute to competition for limiting 

resources early in the experiment. Although our experimental design does not allow for direct 

evaluation of competitive interactions, I noted some individuals of algivorous and 

zooplanktivorous species appeared emaciated early in the experiment when fish densities were 

highest (i.e. before mortality) and algae and zooplankton densities were lowest. Ordination of the 

final species relative abundance by replicate matrix using NMDS indicated mortality affected the 

relative similarity in assemblage structure among treatments, and that among treatment variation 

generally exceeded within treatment variation (Figure 5). Specifically, these changes in 
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assemblage structure over the duration of the experiment resulted in three groupings: 2 and 6 

species treatments, 10 and 14 species treatments, and the 18 species treatment alone (Figure 5).   

Nutrient concentrations, phytoplankton density, zooplankton density, and whole 

ecosystem metabolism generally increased over time, and typically had higher values in more 

diverse treatments (10, 14 and 18 species) when compared to less diverse treatments (0, 2 and 6 

species; Figure 6). Fish biomass had significant effects on all response variables, but after 

controlling for fish biomass we found significant effects of species diversity on all response 

variables, with the exception of BOM and macrophyte biomass (Table 4). Nitrogen and 

phosphorus concentrations were significantly different among treatments (P < 0.001) and over 

time (P < 0.001), and had significant treatment by time interactions. Phytoplankton and 

zooplankton densities differed among treatments (P = 0.012 and P < 0.001, respectively), and 

zooplankton differed over time (P < 0.001). Whole ecosystem metabolism (GPP and NPP) 

differed significantly among treatments and over time, and had significant treatment by time 

interactions. No treatment effects were observed for BOM, and macrophyte biomass did not 

differ among treatments for either species (E. crassipes; F5,18 = 1.507,  P = 0.237) and P. 

stratiotes; F5,18 = 0.586, P = 0.710) or their combined weight (F5,18 = 1.504,  P = 0.238). 

Direct Trophic Interactions Among Response Variables 

 Total fish biomass alone best explained the differences in nitrogen concentration among 

treatments (Table 5), with significant treatment and time effects and a treatment by time 

interaction (P < 0.001, P < 0.001, and P = 0.001, respectively; Table 6). Phytoplankton density 

alone as covariate and the model run with no covariates had similar AIC values with similar 

significant main effects. For phosphorus concentration, phytoplankton and zooplankton densities 

as covariates (P = 0.014 and P = 0.006, respectively) was the best-fitting model (Table 5), with 
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significant treatment and time effects and a treatment by time interaction (all P < 0.001; Table 6). 

However, next best-fitting models included zooplankton density alone and phytoplankton density 

alone as covariates with similar main effects. Zooplankton density alone (P = 0.052) best 

explained responses of phytoplankton density among diversity treatments (Table 5), with 

significant treatment and time effects observed (both P < 0.001; Table 6). For zooplankton 

density, the model excluding covariates best explained responses among diversity treatments 

(Table 5), with significant treatment and time effects (P = 0.005 and P < 0.001 respectively; 

Table 6). The next best-fitting model for zooplankton density included phytoplankton as a 

covariate (P = 0.030) with similar main effects. The best fitting model for BOM did not include 

any covariates (Table 5), with a significant time effect observed (P < 0.001; Table 6). There were 

no significant covariates for any model of macrophyte biomass. 

Discussion 

Nonrandom loss of rare fish species from our diverse multitrophic ecosystem affected 

various aspects of ecosystem structure and function. Differences in mortality among treatments 

resulted in convergence of assemblage structure among some treatments. In general, more 

specious assemblages (10, 14, and 18 fish species) were associated with higher nutrient 

concentrations, phytoplankton and zooplankton densities, and whole ecosystem metabolism 

when compared with less diverse assemblages (0, 2 and 6 fish species). After accounting for the 

potential influence of fish biomass, loss of diversity significantly influenced all measured 

ecosystem responses with the exception of BOM and macrophyte biomass. In this system, losses 

of fish diversity affected ecosystem structure and function via both bottom-up and top-down 

processes. Collectively, these results suggest loss of rare species can have profound effects 

across multiple components of a diverse multitrophic ecosystem.   
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The observed convergence of fish assemblages over time and their associated influences 

on ecosystem function reveal that species interactions in multitrophic systems may yield similar 

outcomes from different starting conditions. This finding may provide insight into possible 

ecosystem effects of biotic homogenization. Extirpation of species may result in functional 

homogenization of local communities, which in turn may reduce overall ecosystem functioning 

and stability due to species-specific contributions and interactions (Olden et al. 2004, Clavel et 

al. 2011). Alteration of natural flow regimes can greatly alter biotic conditions and community 

structure, promoting homogenization and the invasion of non-native species (Poff et al. 1997, 

Dudgeon 2000, Poff et al. 2007, Júlio Jr. et al 2009, Carlisle et al. 2011) and consequently 

threatening global biodiversity and ecosystem functioning (Vörösmarty et al. 2010). As the upper 

Paraná River is heavily impounded, our nonrandom scenarios of biodiversity loss may reflect 

decreased probability of rare species to colonize isolated floodplain lagoons during the flood 

season and possible homogenizing trajectories as a result of species loss or exclusion. 

Fish diversity strongly influenced ecosystem functioning, but the nature of the effects 

differed among ecosystem responses. Although general trends of increased nutrients and 

primary/secondary production were observed over time, the rate and magnitude of increase 

throughout the experiment varied among diversity levels. This illustrates the use of multiple 

responses to describe ecosystem structure and function is essential in multitrophic systems (e.g. 

Zavaleta et al. 2010, Carey and Wahl 2011a). A single joint metric of ecosystem responses has 

been proposed to examine overall functioning (Hector and Bagchi 2007, Gamfeldt et al. 2008). 

However, as species richness decreased in our experiment, species were lost across different 

positions in the food web and choosing to analyze the response variables separately allowed for 
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investigation of specific mechanisms by which biodiversity loss influences ecosystem function 

throughout the food web.  

Losing species across different positions of the food web may explain why certain trophic 

guilds did not influence ecosystem responses in a strong top-down manner. Trophic cascades 

have been observed in several studies manipulating species richness (Finke and Denno 2005, 

Byrnes et al. 2006, O’Gorman et al. 2008). However, the analysis revealed differences in 

phytoplankton and zooplankton densities among treatments were not related to algivore or 

zooplanktivore biomass. Remaining diversity within trophic levels with reductions in species 

richness may have dampened the effects of species loss on overall ecosystem function through 

compensation dynamics and food web complexity (Pace et al. 1999, Borer et al. 2005).  

Remineralization of nutrients through heterotrophy is a key component of nutrient 

cycling (Vanni 2002). Within this system, fish diversity had strong effects on the availability of 

nutrients, even after accounting for differences in fish biomass among treatments. Predators can 

exert strong influences on nutrient cycling directly though excretion, egestion, and the 

translocation of nutrients and indirectly through non-lethal predator-prey interactions (Vanni 

2002, Schmitz et al. 2010). Furthermore, complementarity among species through niche 

partitioning and facilitation can result in overall greater utilization of resources and higher 

productivity (Duffy et al. 2003, Cardinale et al. 2007, Allan et al. 2011). Since a negative 

correlation exist between body size and mass-specific nutrient excretion rate (Vanni 2002), 

resource complementarity among smaller-bodied intermediate consumers may have driven 

differences in nutrient concentrations among diversity treatments. Similar to previous studies 

(Vanni 2002), zooplankton density appeared to influence phosphorus concentrations; however, 
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after accounting for zooplankton densities strong diversity effects among treatments were 

observed.  

Species identity can strongly influence different components of ecosystem functioning 

such as nutrient cycling (Vanni et al. 2002, McIntyre et al. 2007), nitrogen uptake (Kahmen et al. 

2006, Bracken et al. 2008), belowground community composition (Wardle et al. 2003) and pest 

suppression (Straub and Snyder 2006). Because the aim was to explore realistic scenarios of 

biodiversity loss in highly diverse multitrophic ecosystems, I knowingly made a trade-off 

between high species richness in this study and a fully factorial design.  This trade-off means 

species identity cannot be fully disentangled from diversity effects. However, one species that I 

can interpret as having strong ecosystem effects is the piranha that exhibited strong ecosystem 

effects via intraguild predation.   

Early intraguild predation of the piranha on the smallscale pike characid in the 18 species 

treatment may explain the rapid increase in nitrogen at the beginning of the experiment, followed 

by a lower rate of increase then a decrease at the end of the experiment (similar trend observed 

for whole ecosystem metabolism as well as a phytoplankton’s rapid increase followed by a 

plateau throughout the remainder of experiment). Furthermore, overall lower mortality was 

observed in the 18 species treatment with the pike characid and piranha together, compared to 

the 14 species treatment where the pike characid was present in the absence of piranha. This 

supports the argument that the pike characid may be superior in exploiting prey resources when 

compared to the intraguild predator piranha (Polis and Holt 1992). This may be particularly true 

in this experiment as the piranha often consumes portions of fish tissue and fins and less 

frequently consumes whole fishes, coupled with long periods of retention of food items in the 

stomach (Almeida et al. 1998). These results support the idea that species identity and intraguild 
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predation in diverse predator assemblages can heavily influence the structure and function of an 

ecosystem (Finke and Denno 2005). It is worth noting the piranha S. marginatus is non-native to 

the upper Paraná River floodplain and has increased in abundance at the expense of the less 

aggressive native piranha S. maculatus (Júlio Jr. et al. 2009). If native S. maculatus were still the 

dominate piranha and therefore included in this experiment, I may have observed different 

responses such as the onset or presence of intraguild predation and resulting ecosystem effects. 

Other examples of the strong influence of a single species on ecosystem functioning has 

been observed in the Neotropics. Small et al. (2011) found a small characid (Astyanax aeneus) to 

be a keystone phosphorus recycler in nutrient-poor streams via phosphorus input from terrestrial 

subsidies. Stoichiometric traits of the phosphorus rich armored catfish (Loricariidae) have also 

been shown to influence algae biomass and stoichiometry through direct consumptive effects and 

nutrient-mediated indirect effects (Knoll et al. 2009). Furthermore, phosphorus sequestration by 

Loricariids has the potential of limiting primary production or altering algal community 

composition (Hood et al. 2005, Knoll et al. 2009). As these assemblages contained species 

closely related to those mentioned above (i.e. Astyanax altiparanae and Loricariichthys 

platymetopon), possible countervailing interactions may have arisen between the provisioning of 

phosphorus by A. altiparanae and sequestrating of phosphorus by L. playtmetopon. Although 

difficult to discern, it is likely that L. playtmetopon had greater influences on phosphorus 

concentrations as terrestrial subsides available to A. altiparanae in this system are expected to be 

less than those observed in natural isolated lagoons (e.g. greater riparian vegetation). 

Despite these examples of the disproportionate influence of a species on a single or a few 

ecosystem processes, the multifunctionality of an ecosystem likely depends on multiple species 

contributing to different functions (Hector and Bagchi 2007, Gamfeldt et al. 2008, Zavaleta et al. 
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2010). Previous studies incorporating nonrandom loss of rare species yielded mixed results due 

in part to the relative contribution of rare species to the ecosystem process measured (Lyons and 

Schwartz 2001, Smith and Knapp 2003, Solan et al. 2004, McIntyre et al. 2007). As mentioned, 

the relative contribution of a species to overall functioning may diminish as multiple ecosystem 

functions are considered. In this experiment, loss of rare species resulted in significant 

differences in multiple components of the food web indicating decreases in fish diversity, even 

by loss of rare species, can collectively influence the overall structure and functioning of 

multitrophic ecosystems.   
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CHAPTER 3 

 ECOSYSTEM RESPONSE TO EXPERIMENTAL FOOD WEB COLLAPSE IN TROPICAL 
FLOODPLAIN LAGOONS 

Abstract 

Species loss from upper trophic positions or loss of entire functional guilds will likely 

have important consequences for ecosystem functioning due to cascading direct and indirect 

effects. I experimentally examined how sequential loss of upper trophic position species 

influences the functioning of multitrophic tropical floodplain lagoons. Lagoons were replicated 

using 1000 L mesocosms and realistic biodiversity scenarios were developed based on data from 

long-term field surveys. Sequential loss of species occupying upper trophic positions 

significantly influenced multiple ecosystem responses including changes in fish assemblage 

structure, nutrient concentrations, and zooplankton density. Contrary to predicted top-down 

effects from the ordered removal of upper trophic positions, I did not observe strong cascading 

effects throughout the food web. The highly connected food web structure in this system and 

relative balance between top-down and bottom-up processes likely suppressed cascading effects. 

Although loss of species from specific functional roles should facilitate predictive understanding 

of ecosystem consequences, I observed complex and dynamic responses to food web collapse 

that did not follow expectations. Consequences of biodiversity loss in highly connected 

multitrophic ecosystems may be difficult to predict as ecosystem responses will likely deviate 

from simplified food chain dynamics or from patterns that emerged from single trophic level 

studies. 

Introduction 

Ecosystems are typically diverse within and among trophic levels (i.e. horizontal and 

vertical diversity, sensu Duffy et al. 2007) therefore examining consequences of biodiversity loss 
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in multitrophic ecosystems should improve understanding of relationships between biodiversity 

and ecosystem functioning (Duffy et al. 2007, Reiss et al. 2009). In particular, loss of upper 

trophic position species is predicted to have important consequences for ecosystem functioning 

due to cascading direct and indirect effects (Paine 1980, Power et al. 1996, Duffy 2002, Duffy et 

al. 2007). For instance, the addition or removal of a predator has been shown to induce strong 

top-down influences on community and ecosystem processes across various ecosystem types 

(Power et al. 1985, Carpenter et al. 2001, Estes et al. 2011).   

Loss of biodiversity in complex multitrophic systems will likely deviate from linear 

responses in simplified food chains or single trophic levels as changes in complex food webs 

may have unpredictable direct and indirect effects (e.g. Downing 2005, Duffy et al. 2005, Duffy 

et al. 2007). However, few studies have experimentally manipulated diversity in multitrophic 

systems (~7% of studies reviewed by Balvanera et al. 2006) with many previous studies focused 

on biodiversity in temperate, terrestrial ecosystems within a single trophic level. Using 

multitrophic assemblages incorporates species interactions throughout multiple components of 

the food web (i.e. competition and predation) and may allow greater insight into naturally 

functioning ecosystems (Duffy et al. 2007, Reiss et al. 2009).   

In addition to using multitrophic assemblages, BEF studies may further improve realism 

by investigating the effects of nonrandom species loss on ecosystem structure and function 

(Zavaleta and Huvley 2004, McIntyre et al. 2007, Srinivasan et al. 2007). As species loss is often 

nonrandom, experimental designs that consider factors that make a species vulnerable to 

extinction or extirpation such as rarity, trophic position, body size, and tolerance to stressors may 

better depict real-world reductions in biodiversity (McKinney 1997, Purvis et al. 2000, Raffaelli 

2004). Species with higher trophic positions may be particularly vulnerable to extirpation 
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because of dependency on production in lower trophic levels, small population sizes, long 

generation times and human exploitation (Pimm et al. 1988, Duffy 2002, Petchey et al. 2004, 

Olden et al. 2007). In light of global trophic downgrading (sensu Estes et al. 2011), BEF 

experiments investigating the potential effects of species loss from upper trophic positions are 

particularly relevant. Furthermore, species loss in relation to specific functional traits or loss of 

particular trophic guilds may lead to predictable ecosystem responses based on food web 

dynamics (Petchey et al. 2004, Slade et al. 2007). Therefore, incorporating associated food web 

properties (e.g. connectance, trophic guild composition) may help predict community and 

ecosystem responses in complex multitrophic ecosystems (Reiss et al. 2009, Woodward 2009).  

Here I present results from a mesocosm experiment in which I investigate the effects of 

nonrandom loss of fish diversity on ecosystem functioning of tropical floodplain lagoons. 

Mesocosms represent isolated lagoon ecosystems established with realistic fish assemblages 

based on long-term survey data. Treatments were comprised by sequential reductions of fish 

diversity based on loss of upper trophic position species, and provide insight into interactions 

within (competitive effects) and across (consumptive effects) trophic levels of these complex 

food webs. Measures of ecosystem multifunctionality included nutrient concentrations, primary 

production, and secondary production. Furthermore, expanding multitrophic studies to diverse 

and complex, yet greatly underrepresented, ecosystems such as in the tropics can help broaden 

understanding of BEF relationships across ecosystem types. The main objectives of this study 

were to investigate the effect of sequential loss of upper trophic position species on community 

and ecosystem responses over time and identify direct trophic interactions within these 

experimental food webs by which biodiversity treatments affected ecosystem function. 

Materials and Methods 
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Experimental Design 

As described in chapter 2, the same LTER fish assemblage data and chosen 18 fish 

species were used to establish realistic diversity treatments based on species loss by ordered 

trophic position. Starting from the top of the food web, species richness was sequentially reduced 

by four species with each treatment, ranging from 18 to 2 species (Table 7). A sixth treatment 

was established as a control with no fish species. For species with the same trophic position, 

rarer species based on their summed rank abundance were excluded first. To isolate the effect of 

biodiversity loss, I controlled for abundance (65 individuals per mesocosm) and evenness at each 

treatment level by proportionally distributing individuals from those species excluded to 

remaining species such that the slope of the rank-abundance curve (i.e. evenness) was 

maintained constant (Figure 4). Thus, these experimental assemblages exhibit natural patterns of 

dominance and rarity observed in an average lagoon, while isolating the effect of sequential loss 

species by trophic position.  Due to the wide variety of body sizes of species included, I was 

unable to maintain biomass constant at the same time as abundance and evenness, therefore 

accounted for potential effects of biomass among treatments by including it as a covariate in 

analyses. The experiment ran for 18 days and each treatment was replicated four times.  

The experimental venue (described in chapter 2) consisted of twenty-four 1000 L 

cylindrical mesocosms which were used for experimental units representing isolated lagoons. As 

previously mentioned, to better simulate conditions found in isolated lagoons, 0.5 g of fertilizer 

and a slurry of phytoplankton (450 mL) and zooplankton (380 mL) taken from backwater 

lagoons were added to each mesocosm. Following these additions, average initial concentrations 

of variables of interest among mesocosms resembled natural isolated lagoons: total phosphorus 

(15 µg/L ± 10), total nitrogen (850 µg/L ± 92), phytoplankton (3.9 µg/L ± 2.8), and zooplankton 
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(6739 individuals/m3 ± 4769) (Thomaz et al. 2004).  To provide structure, floating macrophytes 

of similar size (3 Eichhornia crassipes and 1 Pistia stratiotes) and clay bricks with 6 hollow 

partitions were added to each mesocosm. 

Connectance 

Expected effects of species loss on food web structure were represented by food web 

connectance. Connectance (C) was calculated as the number of realized links (L) divided by all 

possible links using the formula C = 2L/[S(S-1)], where S is the number of species (Warren 

1994). This was performed for the food web discerning individual fish species (hereafter species 

web; Figure 3) as well as for species grouped into trophic guilds (hereafter trophospecies web; 

Figure 7). Connectance was calculated for two levels of classification: 1) all links – primary and 

secondary diet items; and 2) primary links – primary diet items only (secondary diet items 

excluded; Table 1). Diet data used to compile the food web were from previous studies of this 

system (Table 1 and references therein), i.e. not quantified from the experimental mesocosms. 

Community and Ecosystem Response Variables 

Eight components of ecosystem structure and function were measured as response 

variables: fish assemblage structure, nutrient concentrations (total phosphorous and total 

nitrogen), phytoplankton density, periphyton density, zooplankton density, benthic organic 

matter (BOM), and macrophyte biomass. All response variables were measured weekly except 

for fish assemblage structure and macrophyte biomass which were measured at the end of the 

experiment. The same methodology was employed for collection and analysis of these response 

variables as described in chapter one with the addition of periphyton density measured as the 

accumulation of algae on semi-porous clay bricks. Clay bricks (19.5 x 9.5 cm) were scraped 

using a wire brush and the algae slurry was filtered onto a 47 μm glass fiber filter for 
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quantification of chlorophyll a concentration as done for phytoplankton. Gross primary 

production and net primary production were not quantified in this experiment as reliable 

measurements of these variables could not be obtained due to overcast weather conditions 

towards the end of the experiment. 

Analytical Design 

The same analytical procedures described in chapter one were used to analyze all 

response variables: 1) non-metric multidimensional scaling to compare final fish assemblage 

structure in each mesocosm at the end of the experiment 2) rmANOVA with fish biomass as a 

time-varying covariate to test for treatment and time effects and treatment by time interactions 

among the remaining six response variables, and 3) a second series of covariate analyses 

(rmANOVA) representing direct trophic interactions to further investigate possible mechanisms 

driving observed variation in response variables over time. As with the first experiment, an 

unstructured covariate matrix was used for based on the lowest Akaike’s information criterion 

(AIC) value when testing against other covariate matrices. A Shapiro-Wilk (α = 0.05) test 

confirmed normality of residuals to meet the assumptions of ANOVA (Kéry and Hatfield 2003). 

When normality was violated, response variables were transformed to approach normality. 

Several response variables violated normality of residuals when viewed over the entire study 

period, due to varying responses of treatments over time. Therefore, normality of residuals was 

assessed and confirmed for all response variables at each time step, with few exceptions. 

Results 

Connectance 

 Differences in connectance were observed between the species and trophospecies webs, 

however, general patterns in relationship with species richness were similar (Figure 8). 
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Connectance rapidly decreased with increasing species richness then stabilized or increased in 

the 18 species treatment in the species web and the 14 and 18 species treatments in the 

trophospecies web. Furthermore, the magnitude between values calculated for all links and 

primary links only tended to increase with increasing species richness.  

Community and Ecosystem Responses Over Time 

Fish assemblages changed over time due to mortality from predation and competition.  

Mortality among 2, 6, 10, 14 species richness treatments were not statistically different, however 

mortality was significantly greater in the 18 species richness treatment (Tukey’s HSD; p < 0.05; 

Figure 9) that contained all three piscivores. In addition to consumption of smaller-bodied 

species at lower trophic positions, we observed intraguild predation by the piranha S. 

marginatus. In two of the four replicates, the piranha consumed the caudal fin of the pike 

characid A. lacustris resulting in mortality. Some mortality was observed in treatments that 

lacked piscivores. Although the experimental design does not allow for direct evaluation of 

competitive interactions, I attribute mortality in these treatments primarily to competition 

because dead individuals often appeared emaciated and resource levels were lower at the 

beginning of the experiment. Ordination of the final species relative abundance by replicate 

matrix using NMDS indicated fish assemblage structure of replicates among treatments remained 

distinct, and in fact becoming more distinct from other treatments in the case of the 18 species 

treatment despite some within treatment variation resulting from mortality (Figure 9). 

Nutrient concentrations, phytoplankton density, and periphyton density generally 

increased over time, while zooplankton density remained relatively stable until the final 

sampling date (with the exception of the control and 18 species richness treatment) and BOM 

generally decreased over time (Figure 10). Fish biomass had significant effects on nutrient 
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concentrations and phytoplankton densities, marginally significant effects on zooplankton 

densities (P = 0.059), and no effect on periphyton and BOM (Table 7). After controlling for fish 

biomass, nitrogen and phosphorus concentrations were significantly different among treatments 

(P = 0.001 and P < 0.001, respectively) and phosphorus differed over time (P = 0.017; Table 8). 

No treatment effects for phytoplankton and periphyton densities were observed, but both differed 

over time (P < 0.001) and periphyton had a significant treatment by time interaction (P = 0.038; 

Table 8). Zooplankton densities were significantly different among treatments and time (both P < 

0.001; Table 8). No treatment effects were observed for BOM and macrophyte biomass did not 

differ among treatments for E. crassipes (F5,17 = 1.832,  P = 0.160), but significant treatment 

effects were observed for P. stratiotes and the combined weight of both macrophyte species 

(F5,17 = 4.298, P = 0.010 and F5,17 = 3.811, P = 0.017, respectively).  

Direct Trophic Interactions Among Response Variables 

 Total fish biomass, phytoplankton density, and zooplankton density best explained the 

differences in nitrogen concentration among treatments (Table 9) with significant treatment and 

time effects and a time by treatment interaction (P < 0.001, P = 0.005, and P = 0.007, 

respectively; Table 10). For phosphorous concentration, zooplankton density as a covariate 

(Table 9) was the best-fitting model with significant treatment and time effects (both P < 0.001; 

Table 10).  The next best-fitting models with similar main effects included no covariates and 

total fish biomass alone as a covariate (Table 9). The best-fitting model for phytoplankton 

density included phosphorus concentration and zooplankton density as covariates and had a 

significant time effect (P < 0.001; Table 10). Differences in periphyton density were best 

explained by algivore biomass, detritivore/algivore biomass, and zooplankton density (Table 9) 

with significant treatment and time effects and a time by treatment interaction (P = 0.032, P < 
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0.001, P = 0.038, respectively; Table 10). Zooplankton, BOM and macrophyte biomass either 

had no significant covariates or the best-fitting model did not include covariates. For these 

response variables, differences among treatments could not be attributed to specific direct trophic 

interactions.  

Discussion 

 Nonrandom loss of fish species based on trophic position influenced several aspects of 

ecosystem structure and function. Food web connectance decreased with increasing species 

richness then increased for the 18 species treatment. Mortality was significantly higher in the 

most specious treatment and altered the final assemblage structure. In general, nutrient 

concentrations and primary production increased over time, while BOM decreased and 

zooplankton density remained relatively constant with the exception of the 18 species treatment 

and the control. After accounting for the potential influence of fish biomass, consistent time 

effects were observed among ecosystem responses with significant diversity effects for nutrient 

concentrations and zooplankton density. Despite losing biodiversity in an ordered top-down 

manner, we did not observe anticipated cascading effects of biodiversity loss on ecosystem 

function. The highly connected food web structure in this system coupled with the balance 

between top-down and bottom-up processes and functional redundancy likely contributed to 

ecosystem patterns observed in this study. 

Often viewed as separate disciplines, food web ecology and associated food web 

properties may help explain patterns observed in BEF research (Woodward 2009). For example, 

increased food web complexity (e.g. connectance) may dampen cascading effects as multiple 

pathways of direct (i.e. consumption) and indirect effects are prevalent throughout complex food 

webs (Strong 1992, Borer et al. 2005, Finke and Denno 2004). Early food web studies suggested 
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that connectance should decrease with increasing species richness (Pimm 1982). However, more 

recent research argued this generality is not necessarily supported; connectance may be 

independent or even positively correlated with species richness (Winemiller 1989, Warren 1994). 

I found that connectance decreased with increasing species richness, although the rate of 

decrease slowed as richness increased, until finally connectance increased for the 18 species 

treatment. The high variability in mortality among prey species and trophic guilds across 

replicates (species; SD = 0.5-3.3, trophic guilds; SD = 0.10-0.21) supports the classification of 

the piscivores in this study as generalist consumers and highly connected in the food web. High 

connectance and the broad diet breadth of piscivores may be expected to dampen cascading 

effects as a single prevalent top-down pathway was not evident.  

Grouping organisms based on shared predators and prey resources (i.e. trophospecies or 

functional groups), although sometimes criticized, can be instructive in understanding food web 

dynamics and may provide insight to ecosystem functioning (Naeem 1998, Downing 2005). 

Based on connectance and trophic guild composition, the 10 and 14 species treatments may be 

expected to have similar values for the measured ecosystem response variables, whereas the 

control, 2, 6, and 18 species treatments should differ greatly from each other and from the 10 and 

14 species treatments. Despite complex interactions over time, most response variables show 

evidence of this pattern. These trends are consistent with the argument that greater functional 

differences among organisms will equate to greater effects on ecosystem processes (Lawton et al. 

1999). However, Downing (2005) found that functional group composition did not significantly 

influence several freshwater ecosystem processes. She suggested this may have resulted from 

broad classification of trophic groups (aquatic macrophytes, periphyton grazers, invertebrate 

predators) whereas species defined in more narrow groups will tend to have more similar direct 
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and indirect effects on ecosystem processes. Using metrics to define functional composition may 

provide addition clarity into BEF relationships that are not confounded by a priori functional 

grouping or lumping of species (Petchey et al. 2009). 

Trophic cascades have been well documented in a variety of biological communities and 

ecosystem types (Pace et al.1999), often with predictable and strong top-down effects in the 

presence or absence of a predator (Power et al. 1985, Carpenter et al. 2001, Estes et al. 2011). In 

the 18 species treatment containing piscivores, the above mentioned increased connectance may 

have prevented the occurrence of a strong trophic cascade (e.g. piscivore < zooplanktivore < 

zooplankton < phytoplankton). However, food web structure alone may not fully explain how 

interactions between bottom-up and top-down processes have the potential to influence overall 

ecosystem functioning.   

In this study, ecosystem responses reflect bottom-up effects (i.e. nutrient 

remineralization) in addition to top-down effects (i.e. consumption) that may have contributed to 

the suppression of cascading events. For example, high zooplankton densities in the 18 species 

treatment likely resulted from greater proportional mortality of zooplanktivorous fishes (i.e. the 

release of zooplankton in the presence of piscivores) when compared to the 10 and 14 species 

treatments. At the same time, consumers can produce strong nutrient-mediated bottom-up effects 

(Vanni 2002). Remineralization of nutrients by fishes and increased excretion from higher 

zooplankton densities likely exerted countervailing bottom-up forces. This interpretation is 

supported by the covariate analysis (fish biomass and zooplankton densities were significant 

covariates for nutrients) and elevated phosphorus concentrations in the 18 species treatment.  

Furthermore, we observed intraguild predation between piscivores, and this antagonistic 

interaction has been shown to weaken trophic cascades (Finke and Denno 2004). These results 
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may explain the lack of clearly distinguishable responses among adjacent trophic levels and the 

lack of diversity effects for phytoplankton and periphyton densities. Additionally, among the 

remaining diversity treatments, the lack of strong top-down effects of other trophic guilds in the 

absence of piscivores emphasizes the difficulties in discerning predictable ecosystem responses 

via removal of upper trophic levels from complex ecosystems. 

In addition to food web structure and top-down and bottom-up processes, functional 

redundancy among fish species across treatments may explain the lack of diversity effects 

observed for phytoplankton /periphyton densities and BOM. Studies have suggested functional 

redundancy among organisms may provide “biological insurance” to environmental perturbation 

through compensatory dynamics (Naeem 1998, Joner et al. 2011). As species richness was 

reduced and species were lost among trophic guilds, two of the three primary consumer guilds 

were conserved across all diversity treatments (excluding the no fish control). Species-specific 

contributions to ecosystem processes cannot be fully disentangled in our experiment; I 

purposefully chose a complex multitrophic design for the above-mentioned reasons knowing that 

this prohibited a fully factorial experiment (which would require 262 143 treatments!). That 

limitation aside, we suggest primary consumers in this study may have utilized resources in a 

similar manner or were able to functionally compensate for loss of individuals within or among 

species of the same guild, which would result in diminished diversity effects among basal 

resources (Blake and Duffy 2010, Colón-Gaud et al. 2010). Yet for stable coexistence among 

species, perfect functional redundancy is rare (Loreau 2004) and species likely influence other 

ecosystem processes differently over varying temporal and spatial scales despite functional 

similarity (e.g. Duffy et al. 2001). For example, ecology stoichiometry can greatly vary among 

taxa (Vanni et al. 2002) and potential stoichiometeric differences among primary consumers 
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could have contributed to the overall observed differences in nutrient concentrations among 

treatments. Thus using multiple ecosystem responses is essential in complex food webs as the 

multifunctionality of an ecosystem likely depends on multiple species contributing to different 

functions (Gamfeldt et al. 2008, Zavaleta et al. 2010). 

Several multitrophic studies have shown mechanistic interpretation of diversity’s 

influence on ecosystem functioning (Bruno and O’Connor 2005, Griffin et al. 2008, Carey and 

Wahl 2011b). However, identifying general patterns emerging from biodiversity loss from 

multitrophic ecosystems has challenged ecologists over the past decade (Duffy et al. 2007). As 

described in chapter one, I found that biodiversity significantly influenced ecosystem 

metabolism, nutrients, and primary and secondary production. Here, loss of diversity via food 

web collapse under a different nonrandom extinction scenario, led to complex and dynamic 

responses among ecosystem processes. These results suggest nonrandom species loss (despite 

species loss from specific functional roles and food web positions) from complex highly 

connected food webs can lead to unpredictable ecosystem responses deviating from patterns 

observed in single trophic level studies.  
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CHAPTER 4 

CONCLUSIONS 

Collectively, these two experiments illustrate that nonrandom species loss can 

significantly influence the structure and function of diverse multitrophic ecosystems. Loss of 

diversity resulted in complex and dynamic responses among ecosystem components via top-

down and bottom-up processes throughout the aquatic food web.  Based on the mechanism in 

which species were lost, ecosystem components responded in different manners. Loss of rare 

species significantly affected all ecosystem response variables with the exception of benthic 

organic material. Complementarity among intermediate consumers likely contributed to diversity 

effects observed among nutrient concentrations due to mass specific excretion rates. Astyanax 

altiparanae and Loricariichthys platymetopon may have also influenced differences in nutrient 

concentrations among treatments through the provisioning or sequestration of phosphorus, 

respectively. Intraguild predation in the most specious treatment also had strong ecosystem 

effects by lowering overall mortality influencing nutrient cycling and primary production.   

Loss of species based on trophic position also influenced ecosystem structure and 

function; however, diversity effects were less prominent when compared to loss of rare species.  

Despite losing species in an ordered top-down fashion or loss of entire trophic guilds, strong 

trophic cascades were not observed.   This is likely due to the connectivity of the food web and 

generalism exhibited by piscivorous species as a single strong top-down pathway was not 

prevalent in this system.  Countervailing top-down (consumptive) and bottom-up (nutrient 

remineralization) processes were also evident and may explain the lack of diversity effects 

observed in phytoplankton and periphyton densities. Furthermore, functional redundancy among 

primary consumers may have also led to the lack of diversity effects in primary production.  
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Similar experiments investigating species loss in tri-level aquatic pond food webs 

(Downing and Leibold 2002, Downing 2005) found that species richness likely influenced 

ecosystem responses by directly and indirectly altering the abundance of other unmanipulated 

functional groups which in turn have potentially large ecosystem effects. As species richness 

decreased in both of these experiments, direct and indirect interactions among remaining species 

and their resources have the potential to influence ecosystem functioning that may not be 

predicted by single trophic level studies. Mechanisms such as the sampling or complementarity 

effects often described in single trophic level experiments may diminish in complex food webs 

where numerous and dynamic trophic interactions are present (Downing 2005).  Additional 

multitrophic BEF studies are greatly needed to enhance our understanding of biodiversity’s role 

and the interactions within and among trophic levels in naturally diverse ecosystems. 

To address specific mechanisms in which species from multitrophic ecosystems influence 

overall multifunctionality, researchers can investigate subsystems or modules within a food web. 

Using food web modules consisting of a set of interacting species and resources, pathways of 

energy flow and interactions within the food web may be more easily discerned (McCann 2012). 

The goal of a module approach is to take different components or modules of a food web and 

ultimately assemble the whole web. We may better understand the complex and dynamic nature 

of these lagoon ecosystems by conducting experiments with specific food web modules and 

collectively take these results to determine relationships between biodiversity and ecosystem 

function across this complex food web. Such modules may include the piranha species S. 

marginatus and S. maculatus in the presence of other piscivores and prey fish assemblages.  As 

strong ecosystem effects were observed as a result of the intraguild predation of S. marginatus on 

A. lacustris, investigating the interactions between S. marginatus and S. maculatus and the 
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strength of intraguild predation may provide additional insight into the competitive abilities and 

consumptive effects between these species and resulting influences on ecosystem dynamics. 

Additionally, zooplankton densities appeared to have strong effects on nutrient cycling in both 

experiments.  Specifically addressing changes in zooplankton densities and composition in the 

presence or absence of zooplanktivore species may further clarify the relative strength of top-

down and bottom-up processes observed in isolated lagoon ecosystems.  Lastly, identifying the 

potential countervailing nutrient effects of Astyanax species and species of family Loricariidae 

may provide a mechanistic understanding of the role certain species can exert and their influence 

on nutrient cycling and other ecosystem processes. 

The temporal and spatial components of an experiment has been shown to influence the 

relationship between biodiversity and ecosystem functioning (Bengtsson et al. 2002, Stachowicz 

et al. 2008). During isolation (~ 3 months), local biotic and abiotic processes govern community 

and ecosystem dynamics within each lagoon. When the floodplain is inundated (i.e. high water 

season), these local dynamics are reset. In addition, small flood pulses during the low water 

phase and indirect groundwater connection have the potential to influence ecosystem processes 

within the isolation period (Thomaz et al. 2004). Extending the study duration may have revealed 

additional dynamics among ecosystem responses, however, the duration and spatial 

compartmentalism of these experiments provides insight into time-dependent ecosystem 

responses among these dynamic lagoon ecosystems. Yet conducting such BEF experiments via 

whole lagoon manipulations, investigators could increase the spatial complexity of these 

ecosystems to provide a more holistic understanding of species loss and their potential influence 

on the structure and function of multitrophic tropical ecosystems. 
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Collectively these experiments demonstrate how different realistic scenarios of 

biodiversity loss can influence the structure and function of trophic floodplain lagoon 

ecosystems. These experiments add to the greatly needed expansion of BEF research to 

underrepresented ecosystems such as the Neotropics. The high diversity and increasing 

imperilment necessitates our understanding of how biodiversity can influence these complex 

ecosystems. By incorporating non-random species loss in multitrophic ecosystems, we may 

better predict the importance of direct and indirect trophic interactions among species and 

resources and their influence on overall ecosystem multifunctionality. 
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TABLE 1. List of species present from community sampling data1 from isolated lagoons in the upper Paraná River floodplain (n = 13) 

during 2000-2007 austral springs. Species above the dashed line represents the pool of species (n = 18) used in experimental 

mesocosms.  Eighteen species represent 82% of the total abundance and 47% of total biomass of individuals with mean SL >20 cm. 

Species 
Sum Rank 
Abundance

Total 
Abundance

Rank 
Biomass 

Total 
Biomass 

(g) 
Mean SL 

(cm) 

Mean St 
Dev SL 

(cm) 
Serrapinnus sp. 12 1 1046* 20* 450* 2.26 0.24 
Astyanax altiparanae 2 778 4 2695 4.24 1.45 
Moenkhausia aff. forestii 3 623 19 498 2.73 0.50 
Hyphessobrycon eques 4 420 28 199 2.40 0.38 
Aphyocharax anisitsi 5 575 26 264 2.62 0.36 
Steindachnerina insculpta 6 444 3 3217 5.52 2.18 
Psellogrammus kennedyi4 7 861* 8* 1626* 3.04 0.60 
Loricariichthys platymetopon 8 129 6 2327 9.38 6.16 
Roeboides descalvadensis 9 420 15 932 4.74 1.11 
Hoplias aff. malabaricus 10 57 2 5938 14.70 7.18 
Serrapinnus sp. 26 n/a 327 31 151 2.48 0.33 
Characidium aff. zebra 11 82 39 37 2.69 0.64 
Serrapinnus notomelas2 12 123* 38* 42* 2.29 0.58 
Moenkhausia bonita5 13 102* 36* 72* 2.65 0.34 
Acestrorhynchus lacustris 14 54 9 1555 11.67 3.85 
Aphyocharax dentatus3 15 161 34 100 2.91 0.78 
Steindachnerina brevipinna 16 165 11 1480 5.95 2.33 
Pyrrhulina australis 17 68 41 32 2.59 0.46 
Serrasalmus marginatus 18 26 30 168 3.93 3.37 
Cichlasoma paranaense 19 120 10 1545 5.17 2.18 
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Bryconamericus stramineus 20 219 25 286 4.13 0.63 
Hyphessobrycon sp. 21 70 40 33 2.74 0.41 
Pimelodella gracilis 22 85 24 328 6.38 1.74 
Leporinus lacustris 23 32 22 377 5.72 3.09 
Brachyhypopomus cf. pinnicaudatus 24 43 33 104 8.43 2.42 
Gymnotus spp. 25 17 18 565 16.66 7.03 
Cyphocharax nagellii 26 12 37 63 4.62 1.81 
Hoplosternum littoral 27 23 5 2344 14.01 2.23 
Crenicichla britskii 28 5 46 16 4.58 1.69 
Leporinus obtusidens 29 6 14 1200 15.60 8.91 
Laetacara sp. 30 55 32 127 3.51 0.81 
Aphyocharax sp 13 31 14 53 4 2.43 0.33 
Hoplerythrinus unitaeniatus 32 6 16 921 18.33 4.04 
Satanoperca pappaterra 33 35 45 16 1.92 0.45 
Astronotus crassipinnis 34 4 7 1991 20.55 2.44 
Synbranchus marmoratus 35 3 51 8 --- 0.00 
Apareidon affinis 36 3 56 2 3.10 0.95 
Characidium sp. 37 3 57 1 2.37 0.76 
Catathyridium jenynsii 38 3 27 218 7.33 7.94 
Pamphorichthys sp. 39 5 58 1 1.90 0.57 
Prochilodus lineatus 40 189 1 15106 13.09 2.15 
Eigenmannia trilineata 41 4 43 24 12.75 3.15 
Sternopygus macrurus 42 2 54 2 6.90 0.85 
Odontostilbe sp. 43 6 55 2 2.15 0.64 
Astyanax schubarti 44 2 44 17 6.40 0.85 
Hoplias sp. 2 45 1 29 183 21.00 --- 
Potamotrygon cf. motoro 46 2 13 1303 22.00 1.41 
Astyanax aff. fasciatus 47 2 50 9 7.60 0.00 
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Myloplus tiete 48 1 52 6 5.00 --- 
Pterygoplichthys anisitsi 49 1 17 677 32.20 --- 
Serrasalmus maculatus 50 1 23 328 19.60 --- 
Cyphocharax modestus 51 2 42 32 7.35 0.21 
Pseudoplatystoma corruscans 52 3 12 1384 32.37 9.02 
Parauchenipterus galeatus 53 1 48 11 6.70 --- 
Hoplias sp. 1 54 1 21 448 30.00 --- 
Pimelodella avanhandavae 55 1 49 9 9.00 --- 
Salminus brasiliensis 56 1 --- --- --- 0.00 
Metynnis lippincottianus 57 2 47 15 5.50 0.42 
Hypostomus ancistroides 58 1 35 99 15.00 --- 

 
Nomenclature follows Graça, W. J. and C. S. Pavanelli, editors. 2007. Peixes da planície de inundação do alto rio Paraná e áreas adjacentes. Editora do 
Universidade Estadual de Maringá, Maringá, Brazil  
1 Data taken from the Upper Paraná River Floodplain Long Term Ecological Research program  
2 Taxonomic ambiguity among Serrapinnus species early in the data set likely caused misidentification between Serrapinnus notomelas and Serrapinnus sp. 1 
Therefore, species exchanged positions based on current observed abundances in isolated lagoons  
3 Taxonomic ambiguity among Aphyocharax species early in the data set likely caused misidentification between Aphyocharax dentatus and Aphyocharax sp. 1 
Therefore, species exchanged positions based on current observed abundances in isolated lagoons  
4 Replaced Moenkhausia aff. intermedia due to captive sensitivity of this species. Psellogrammus kennedyi is similar in ecology and size and currently found in 
and abundances similar to Moenkhausia aff. intermedia  
5 Replaced Hemigrammus marginatus due to captive sensitivity of this species. Moenkhausia bonita is similar in ecology and size and currently found in and 
abundances similar to Hemigrammus marginatus  
6 Species removed for no longer found in isolated lagoons  
* Value is reflective of species it replaced  
--- No information 
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 TABLE 2. Diet composition and trophic guild classification of 18 species used in experimental manipulations based on peer-reviewed 

research and primary literature*. Black and grey fill represent primary and secondary diet item, respectively. 

 
 

 

 

 

 

 

 

 

 

      

       1 Diet and trophic guild classification based on congener  

     * Diet data from (1) Correâ et al. 2009 (2) Crippa et al. 2009 (3) Pelicice and Agostinho 2006 (4) Peretti and Andrian 2004 (5)Russo  and 

       Hahn. 2006 (6) Graça and Pavanelli 2007 (7) Thomaz et al. 2004a (8) Esteves et al. 2008 (9) Benine et al. 2004 

Species Trophic guild
Zoo-

plankton 

Aquatic/ 
terrestrial 

insects Fishes Algae
Higher 
plants

 
Detritus/
sediment

Serrapinnus sp 11 algivore
Astyanax altiparanae insectivore
Moenkhausia forestii zooplanktivore/insectivore
Hyphessobrycon eques zooplanktivore
Aphyocharax anisitsi zooplanktivore/insectivore
Steindachnerina insculpta detrivore/algivore
Psellogrammus kennedyi zooplanktivore/insectivore
Loricariichthys platymetopon detrivore
Roeboides descalvadensis zooplanktivore
Hoplias aff. malabaricus piscivore
Characidium aff. zebra insectivore
Serrapinnus notomelas algivore
Moenkhausia bonita insectivore
Acestrorhynchus lacustris piscivore
Aphyocharax dentatus zooplanktivore/insectivore
Steindachnerina brevipinna 1 detrivore/algivore
Pyrrhulina australis insectivore
Serrasalmus marginatus piscivore
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TABLE 3. Species composition and trophic guild assignment comprising each experimental diversity treatment based on loss of rare 
species. Values for each species at each diversity level are stocking abundances in experimental mesocosms. In the most specious 
treatment (n =18), the species rank abundance curve are proportional to community sampling data from isolated lagoons scaled down 
to 65 individuals (see FIG. 4). In subsequent treatments, species are excluded based on their summed rank abundance, fitted to the 
original abundance curve (holding 65 individual constant) by proportional addition of individuals to remaining species to maintain the 
natural pattern of dominance and rarity. Trophic guild assignment is based on previous research (see TABLE 2): (A) algivore, (D) 
detrivore, (D-A) detrivore/algivore, (I) insectivore, (P) piscivore, (Z) zooplanktivore, (Z-I) zooplanktivore-insectivore.  

Species
Trophic 
Guild

Rank 
Abundance

No. species 0 2 6 10 14 18
No. feeding guilds 0 2 5 7 7 7
Serrapinnus sp. 1 45 27 18 13 10 A 1
Astyanax altiparanae 20 16 12 10 8 I 2
Moenkhausia forestii 10 10 9 8 Z-I 3
Hyphessobrycon eques 5 7 7 6 Z 4
Aphyocharax anisitsi 4 6 5 6 Z-I 5
Steindachnerina insculpta 3 3 5 4 D-A 6
Psellogrammus kennedyi 3 4 4 Z-I 7
Loricariichthys platymetopon 2 3 4 D 8
Roeboides descalvadensis 2 2 3 Z 9
Hoplias aff. malabaricus 2 2 2 P 10
Characidium aff. zebra 2 2 I 11
Serrapinnus notomelas 1 2 A 12
Moenkhausia bonita 1 1 I 13
Acestrorhynchus lacustris 1 1 P 14
Aphyocharax dentatus 1 Z-I 15
Steindachnerina brevipinna 1 D-A 16
Pyrrhulina australis 1 I 17
Serrasalmus marginatus 1 P 18

Diversity Level
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 TABLE 4. Mixed model, repeated measures ANOVA with fish biomass as a covariate 

(extirpation of rare species).  Significant results in bold (α = 0.05).   

 
Response 
variable  Transformation Effect nDF dDF F P 
nitrogen log10 treatment 5 17.7 18.7 <0.001 
  time 3 24.5 13.4 <0.001 
  treatment x time 15 18.3 4.6 0.001 
  fish biomass 1 17.5 50.3 <0.001 
       
phosphorus log10 treatment 5 17.7 12.7 <0.001 
  time 3 24.8 24.8 <0.001 
  treatment x time 15 18.1 7.4 <0.001 
  fish biomass 1 17.6 15.4 0.001 
       
phytoplankton log10 treatment 5 16.7 4.2 0.012 
  time 3 19.7 1.8 0.180 
  treatment x time 15 17.4 1.7 0.145 
  fish biomass 1 18.5 5.9 0.025 
       
zooplankton log10 treatment 5 18.2 12.2 <0.001 
  time 3 22.5 14.0 <0.001 
  treatment x time 15 17.7 0.9 0.583 
  fish biomass 1 17.3 40.9 0.000 
       
GPP log10 treatment 5 17.4 29.3 <0.001 
  time 3 23.5 38.5 <0.001 
  treatment x time 15 17.9 16.9 <0.001 
  fish biomass 1 17.5 27.3 <0.001 
       
NPP none treatment 5 17.6 6.4 0.001 
  time 3 24.3 11.9 <0.001 
  treatment x time 15 18.2 8.8 <0.001 
  fish biomass 1 17.3 5.6 0.030 
       
BOM none treatment 5 18.1 2.1 0.120 
  time 3 23.4 11.7 <0.001 
  treatment x time 15 18.5 0.9 0.607 
    fish biomass 1 17.5 4.8 0.042 
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TABLE 5. Model selection for direct trophic interaction models among response variables using 

Δi Akaike’s information criterion (Δi AIC = AICi – AICmin) (extirpation of rare species). Model 

variables include: (fb) total fish biomass, no covariate, (phyto) phytoplankton, (zb) biomass of 

zooplanktivorous fishes, and (zoo) zooplankton. Δi AIC values in bold indicate best fitting model 

and values in italics indicate next best fitting models based on Burnham and Anderson (2002) 

level of empirical support (Δi = 0-2 substantial, 4-7 considerably less, > 10 essentially none). 

 
 
 

Response Variable Model Δi AIC 
nitrogen fb --- 
 phyto 0.9 
 no covariate 2.1 
phosphorus phyto,zoo --- 
 zoo 1.6 
 phyto 2.5 
 no covariate 6.6 
 fb,phyto,zoo 6.7 
 fb,phyto 7.4 
 fb,zoo 8.0 
 fb 10.9 
phytoplankton zoo --- 
 no covariate 0.3 
zooplankton no covariate --- 
 phyto 1.3 
 zb 3.8 
 phyto,zb 5.0 
BOM no covariate --- 
 zoo 11.8 
macrophyte biomass no covariate --- 
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TABLE 6. Food web driven responses among variables using mixed model, repeated measures 

ANOVA (extirpation of rare species).  Significant results in bold (α = 0.05). Marginal significant 

in italics. 

 
 

Response variable  Transformation Effect nDF dDF F P 
nitrogen log10 treatment 5 17.7 18.7 <0.001 
  time 3 24.5 13.4 <0.001 
  treatment x time 15 18.3 4.6 0.001 
  fish biomass 1 17.5 50.3 <0.001 
       
phosphorus log10 treatment 5 18.9 25.3 <0.001 
  time 3 19.5 34.0 <0.001 
  treatment x time 15 17.6 10.8 <0.001 
  phytoplankton 1 37.1 6.6 0.014 
  zooplankton 1 26.3 9.0 0.006 
       
phytoplankton log10 treatment 5 18.6 12.5 <0.001 
  time 3 19.9 10.3 <0.001 
  treatment x time 15 15.8 1.7 0.167 
  zooplankton 1 41.8 4.0 0.052 
       
zooplankton log10 treatment 5 18.0 4.9 0.005 
  time 3 18.0 15.7 <0.001 
  treatment x time 15 18.0 1.1 0.388 
       
BOM none treatment 5 18.0 1.5 0.226 
  time 3 18.0 11.0 <0.001 
  treatment x time 15 18.0 0.9 0.621 
       
macrophyte biomass none treatment 5 660.3 0.8 0.536 
  time 3 262.8 57.9 <0.001 
    treatment x time 15 262.8 0.6 0.900 
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 TABLE 7. Species composition and trophic guild assignment comprising each experimental diversity treatment ordered by trophic 
position. Values for each species at each diversity level are stocking abundances in experimental mesocosms. In the most specious 
treatment (n =18), the species observed rank abundance curve are proportional to community sampling data from isolated lagoons 
scaled down to 65 individuals (see FIG. 4). In subsequent treatments, species are excluded based on trophic position, and where 
applicable, rarity based on species summed rank abundance. Abundance is held constant (65 individuals) by proportional addition of 
individuals to remaining species to maintain the natural pattern of dominance and rarity. Trophic guild assignment based on previous 
research (see TABLE 2): (A) algivore, (D) detrivore, (D-A) detrivore/algivore, (I) insectivore, (P) piscivore, (Z) zooplanktivore, and 
(Z-I) zooplanktivore/insectivore 

 
Species

Trophic 
Guild

Rank 
Abundance

No. species 0 2 6 10 14 18
No. trophic guilds 0 2 4 6 6 7
Serrapinnus sp 11 45 27 18 13 10 A 1
Steindachnerina insculpta 20 10 3 5 4 D-A 6
Astyanax altiparanae 16 12 10 8 I 2
Loricariichthys platymetopon 5 2 3 4 D 8
Serrapinnus notomelas 4 2 2 2 A 12
Steindachnerina brevipinna 1 3 2 1 1 D-A 16
Moenkhausia forestii 10 9 8 Z-I 3
Hyphessobrycon eques 7 7 6 Z 4
Aphyocharax anisitsi 6 5 6 Z-I 5
Psellogrammus kennedyi 3 4 4 Z-I 7
Roeboides descalvadensis 2 3 Z 9
Characidium aff. zebra 2 2 I 11
Moenkhausia bonita 1 2 I 13
Aphyocharax dentatus 1 1 Z-I 15
Pyrrhulina australis 1 I 17
Hoplias aff. malabaricus 1 P 10
Acestrorhynchus lacustris 1 P 14
Serrasalmus marginatus 1 P 18

Diversity Level
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TABLE 8. Mixed model, repeated measures ANOVA with fish biomass as a covariate (food web 

collapse).  Significant results in bold (α = 0.05).  Marginal significant in italics. 

 
Response 
variable  Transformation Effect nDF dDF F P 
nitrogen none treatment 5 15.9 7.9 0.001 

time 3 22.4 1.6 0.228 
treatment x time 15 18.2 1.9 0.095 
fish biomass 1 16.0 33.0 <0.001 

phosphorus log10 treatment 5 15.3 18.1 <0.001 
time 3 20.9 4.2 0.017 
treatment x time 15 17.4 0.7 0.774 
fish biomass 1 16.0 16.3 0.001 

phytoplankton none treatment 5 15.6 1.4 0.269 
time 3 24.5 15.2 <0.001 
treatment x time 15 17.9 1.6 0.157 
fish biomass 1 16.0 6.5 0.022 

periphyton none treatment 5 16.2 0.4 0.860 
time 3 23.1 17.2 <0.001 
treatment x time 15 17.4 2.4 0.038 
fish biomass 1 16.0 0.3 0.570 

zooplankton sqrt treatment 5 15.8 21.2 <0.001 
time 3 21.3 9.9 <0.001 
treatment x time 15 16.1 1.0 0.513 
fish biomass 1 16.1 4.1 0.059 

BOM none treatment 5 15.8 0.3 0.919 
time 3 20.0 6.6 0.003 
treatment x time 15 17.1 1.9 0.103 

    fish biomass 1 16.0 0.1 0.725 
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TABLE 9. Model selection for direct trophic interaction models among response variables using 

Δi Akaike’s information criterion (Δi AIC = AICi – AICmin) (food web collapse). Model variables 

include: (a) algivore biomass, (da) detritivore-algivore biomass, (fb) total fish biomass, no 

covariate, (n) nitrogen, (p) phosphorus, (peri) periphyton, (phyto) phytoplankton, (zb) biomass of 

zooplanktivorous fishes, and (zoo) zooplankton. Δi AIC values in bold indicate best fitting model 

and values in italics indicate next best fitting models based on Burnham and Anderson (2002) 

level of empirical support (Δi = 0-2 substantial, 4-7 considerably less, > 10 essentially none)  

 
Response Variable Model Δi AIC 

nitrogen fb,phyto,zoo --- 
fb,zoo 6.1 

peri,zoo 22.3 
zoo 24.6 
fb 30.7 

no covariate 50.2 
phosphorus zoo --- 

no covariate 1.2 
fb 1.7 

fb,zoo 6.3 
fb,m 7.1 

phytoplankton p,zoo --- 
p 17.1 

zoo 26.7 
no covariate 43.5 

n 47.2 
periphyton a,da,zoo  --- 

da,zoo 10.2 
a 20.4 

no covariate 29.9 
zooplankton no covariate --- 

BOM no covariate --- 
a 7.4 

macrophyte biomass no covariate --- 



53 

TABLE 10. Food web driven responses among variables using mixed model, repeated measures 

ANOVA (food web collapse).  Significant results in bold (α = 0.05).  Marginal significant in 

italics. 

 
Response variable  Transformation Effect nDF dDF F P 
nitrogen none treatment 5 16.4 11.9 <0.001 

time 3 20.4 5.9 0.005 
treatment x time 15 16.9 3.5 0.007 
fish biomass 1 14.3 35.6 <0.001 
phytoplankton 1 13.7 13.9 0.002 
zooplankton 1 17.2 20.2 <0.001 

phosphorus log10 treatment 5 17.9 14.3 <0.001 
time 3 18.8 17.4 <0.001 
treatment x time 15 14.6 0.6 0.825 
zooplankton 1 17.8 18.7 <0.001 

phytoplankton none treatment 5 19.1 2.2 0.092 
time 3 20.7 46.9 <0.001 
treatment x time 15 16.9 1.9 0.096 
phosphorus 1 14.6 23.0 <0.001 
zooplankton 1 35.9 9.5 0.004 

periphyton none treatment 5 12.0 3.6 0.032 
time 3 16.1 23.5 <0.001 
treatment x time 15 12.5 2.8 0.038 
algivore biomass 1 14.9 8.4 0.011 
detritivore/algivore biomass 1 13.9 5.3 0.037 
zooplankton 1 27.5 5.5 0.027 

zooplankton sqrt treatment 5 13.6 17.6 <0.001 
time 3 13.8 13.3 <0.001 
treatment x time 15 13.7 2.4 0.054 

BOM sqrt treatment 5 17 0.3 0.918 
time 3 17 16.9 <0.001 
treatment x time 15 17 1.9 0.098 

macrophyte biomass sqrt treatment 5 23.4 7.5 <0.001 
time 3 23.1 14.5 <0.001 
treatment x time 15 23.1 2.6 0.020 
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FIG. 1. Timeline of BEF research. Please note that this timeline in not inclusive, and only contains primary information relevant to 

goals and objectives of the current study.
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FIG. 2. Location of the upper Paraná River and its floodplain, associated environmental 

protection areas. The floodplain extends up to 20 km from the western margin of the Paraná 

River, primarily in the area of influence of the Ivinheima and Baia rivers.  
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FIG. 3. A hypothesized food web of the 18 species chosen for experiments based on known trophic relationships (see TABLE 2). The 

width of black, white, and gray bars for each fish species represent square root abundance, log10 mean biomass of individuals (g), and 

the square root mean body size (cm) of individuals from community sampling data, respectively. The number for each species is its 

ordered sum rank abundance (TABLE 1).   
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FIG. 4.  A) Rank abundance curve of 59 fish species  derived from community sampling data 

from isolated lagoons in the upper Paraná River floodplain (n = 11) during 2000-2007 austral 

springs. Species to the left of the dashed line represent the pool of species (n = 18) used in 

experimental mesocosms. B) Proportional rank abundance curve of the 18 most abundant species 

used to base stocking abundances for experimental mesocosms. C) Projected stocking 

abundances for 18 species richness treatment (total 65 individuals per mesocosm).   
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FIG. 5. Non-metric multidimensional scaling of fish assemblages by treatment (extirpation of rare species). Initial treatments indicated 

by open symbols with dot and dash line represent changes from initial to final assemblages. Bottom center; overall mortality at the end 

of the experiment. 
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FIG. 6. Response variables over time averaged across treatment replicates (extirpation of rare 

species). Error bars indicate the standard deviation among replicates. 
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FIG. 7. Hypothesized food web grouping fish species based on trophic guild.  Solid lines indicate primary diet items 

and dash lines indicate secondary diet items (TABLE 2). 
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FIG. 8. Connectance for species food web (A) and trophospecies food web (B) 
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FIG. 9. Non-metric multidimensional scaling of fish assemblages by treatment (food web collapse). Initial treatments indicated by 

open symbols with dot and dash line represent changes from initial to final assemblages. Top left; overall mortality at the end of the 

experiment. Note due to minimal mortality initial and final fish assemblages of 2 and 6 species treatments did not change. 
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FIG. 10. Response variables over time averaged across treatment replicates (food web collapse). 

Error bars indicate the standard deviation among replicates.
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